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Stream restoration Renkumse Beekdal. Photo: Hanneke Keizer-Vlek.
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7 Synthesis 

This synthesis starts with explaining why there is a need for biological 
assessment in addition to assessment based on physical and chemical water 
quality variables. Although the answer to this question is obvious to most 
scientists, water managers are asking this question more and more. In the 
second paragraph, an overview of the lessons that can be learned from the 
development of biological assessment systems in the past is provided, as well 
as which aspects of the developmental process require explicit choices that 
need to be considered thoroughly. The third paragraph discusses the lack of 
diagnostic power of current biological assessment systems. The fourth 
paragraph discusses how the results from the chapters on the variability, 
accuracy, and cost of individual metrics can be applied to guide (1) the process 
of standardizing sampling and sample processing and (2) the process of metric 
selection in the development of biological assessment systems. The fifth 
paragraph deals with the implications of the results from the previous chapters 
for the design of cost-effective monitoring programs. This paragraph addresses 
the possibility of applying both probability sampling (random selection of sites) 
and a less time-consuming ‘Quick Scan’ method for sampling and sample 
processing in the Netherlands. In the sixth paragraph, the development of  
‘new’ tools for biological assessment using species traits is discussed. This 
paragraph addresses whether species traits can improve the diagnostic power 
of biological assessment systems, reduce their variability, and make broader 
geographic application possible. In the final paragraph I address whether 
conservation ecologists can benefit from monitoring performed for the 
purpose of the biological assessment of surface waters and make future 
monitoring programs more cost-effective. 
 
Biotic versus abiotic assessment of aquatic ecosystems 
 
Water managers in the Netherlands keep raising the question: “Why do we still 
apply very costly bioassessment methods instead of measuring based on 
measurements of the physical and chemical water quality variables on which 
they were based?” Numerous authors have explained the problems associated 
with assessments based on water quality variables (e.g., BOD, nutrients, heavy 
metals) (e.g., Karr, 1981; De Pauw & Vanhooren, 1983; Courtemanch et al., 
1989; Harris & Silveira, 1999; Barbour et al., 2000). The most important 
arguments in favor of biological assessment are (1) that it takes into account 
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the combined effects of different stressors, (2) the measurement of effect as 
opposed to problem, i.e. due to biotic interactions and/or varying abiotic 
circumstances, the ecological impact may differ from what is expected based 
on previous studies, 3) that it incorporates water quality history, i.e. short-term 
events that have an ecological impact may be missed by monitoring water 
quality variables, (4) it can be used to determine the ecological success of 
restoration or management that cannot be revealed by physical and chemical 
data alone (Clews & Ormerod, 2009), (5) in Europe the Water Framework 
Directive (WFD) has set goals expressed in terms of biological variables, and 
(6) it is not the abiotic condition, but the biological effect, society notices, i.e. 
eutrophication is only noticed when blue-green algae start to appear. 

On the other hand, most methods that have been applied to develop 
biological assessment systems do not make use of the potential benefits of 
biological assessment. A popular method for designing biological assessment 
systems has been to post-classify sites based solely on a selection of abiotic 
variables and to select biological indicators/metrics that best discern between 
these different classes (e.g., Barbour et al., 1996; Fore et al., 1996; Thorne & 
Williams, 1997; Johnson et al., 2006). When post-classification is based solely 
on abiotic variables, monitoring can be restricted to these abiotic variables as 
long as the costs of biological monitoring are higher. To determine the cost 
associated with monitoring abiotic variables, the time span and frequency of 
monitoring should be taken into account. For example, post-classification 
might have been based on the average phosphate concentrations resulting 
from monthly sampling of phosphate concentrations during one year.  

In most cases in the Netherlands, multiple stressors exert their 
influence on the macroinvertebrate community. Many studies have shown that 
variation in the composition of the biological community remains, for a large 
part, unexplained by the abiotic variables considered in aquatic monitoring 
programs. For example, Murphy & Davy-Bowker (2006) showed that abiotic 
variables explain only 26% of lotic macroinvertebrate assemblage composition 
across England and Wales. Sandin & Johnson (2004) showed that only 22% of 
the variation in species data across Swedish streams could be explained by 
environmental variables, and Jyväsjärvi et al. (2009) reported this percentage as 
29% for 55 minimally disturbed Finnish lake basins. This is due to the fact that 
community composition is partly the result of stochastic mechanisms related to 
differential colonization/extinction dynamics after disturbance (Chase, 2010; 
Verdonschot, 2012). However, we might not be measuring the appropriate 
abiotic variables at the appropriate temporal and/or spatial scale. Continuous 
measurements of oxygen concentrations, for example, might give better insight 
into cause–effect relationships than monthly measurements of oxygen 
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concentrations. For this reason, the biological assessment system proposed in 
Chapter 2 does not use only abiotic variables for post-classification, but is 
based on expert knowledge of both biotic and abiotic variables. The post-
classification was based on multivariate analysis (a combination of clustering 
and ordination), which was used to develop a cenotypology that describes 
different water types and their stages of degradation (Verdonschot & Nijboer, 
2000). A cenotype is a group of samples with similar macroinvertebrate 
composition and environmental conditions. Environmental variables can refer 
to natural circumstances (water type) or a certain degree of degradation. The 
establishment of cenotypes facilitates the assignment of quality classes to the 
sites. To determine the degradation stage (quality class) of each cenotype, the 
macroinvertebrate community composition and values for the environmental 
variables of each cenotype were used for interpretation by expert judgment. Of 
course this approach to post-classification also has flaws, including that it lacks 
objectivity. However, any technique applied to assess the ecological quality of a 
site based on biotic variables or abiotic variables will lack complete objectivity. 

To improve biological assessment systems in the future, we need to 
gain better understanding of ecosystem functioning by detecting causal 
mechanisms. In addition to observational data collected by water authorities in 
routine monitoring programs, we need experimental data to elucidate potential 
cause-effect linkages (e.g., Adams & Greeley, 2000; King & Richardson, 2004). 
When collecting these data, more focus should be placed on measuring on  
different temporal scales as opposed to current monitoring programs (e.g., 
more continuous measurements) and on abiotic variables that are not part of 
current routine monitoring programs (e.g., discharge). After the major drivers 
of community composition have been elucidated, it will be clear as to whether 
it is more cost-effective to monitor abiotic or biotic variables (or a 
combination of both). The costs associated with research necessary to gain a 
better understanding of ecosystem functioning are often considered to be too 
high. However, people tend to forget that incorrect assessment might (1) 
require very costly restoration measures or (2) have detrimental ecological 
consequences. In the Netherlands, 4.2 billion euros will be spent on the 
restoration of surface waters by 2027 in order to achieve the goals of the 
WFD. However, due to a lack of knowledge on river restoration (Palmer et al., 
2007; Feld et al., 2011), we do not know whether these restoration measures 
will guarantee achievement of the goals set by the WFD. This issue has also 
been raised by Ferraro & Pattanayak (2006) in relation to the investments made 
in biodiversity conservation; they stated, ”For far too long, conservation 
scientists and practitioners have depended on intuition and anecdote to guide 
the design of conservation investments.” 



 Chapter 7 

173 

Lessons learned from biological assessment systems developed in the 
past 
 
The discussion on how to collect samples from macroinvertebrate 
communities and assess their ecological state has been extensive, and it is still 
undecided. The major issues that have been raised concerning sampling and 
sample processing are:  
 sampling one habitat versus multiple habitats (e.g., Kerans et al., 1992; 

Carter & Resh, 2001);  
 sampling riffles versus pools (e.g., Kerans et al., 1992; Rosenberg & 

Resh, 1993); 
 qualitative versus quantitative sampling (e.g., Mackey et al., 1984; Storey 

et al., 1991; Kerans et al., 1992; Metzling et al., 2003); 
 fixed count subsample size (e.g., Growns et al., 1997; Doberstein et al., 

2000; King & Richardson, 2002; Ostermiller & Hawkins, 2004). 
 

Issues related to index development are: 
 the taxonomic resolution of identification (e.g., Resh & Unzicker, 1975; 

Hawkins & Norris, 2000; Bailey et al., 2001; Verdonschot, 2006; 
Chessman et al., 2007; Jones, 2008); 

 assessment based on single metrics versus mulitmetrics, multivariate 
analyses, and other community based approaches (Lücke & Johnson, 
2009; Hawkins et al., 2010); 

 whether to include rare taxa in analysis (e.g., Cao et al., 1998; Cao & 
Williams, 1999; Marchant, 1999; Cao et al., 2001; Marchant, 2002; 
Nijboer & Schmidt-Kloiber, 2004). 

 
The conclusions drawn from these issues seem to be conflicting in a 

number of cases for different reasons. First, these studies were performed 
under different environmental conditions (different ecoregions, countries, 
water types). A metric, such as the number of Ephemeroptera, Plecoptera, and 
Trichoptera (EPT), may better discern between reference and degraded sites in 
a geographic region or stream type with many EPT species than in a region or 
stream type where species diversity is naturally relatively low. Second, the 
different studies had different objectives and compared different assessment 
methods. For example, a big difference may exist between the ‘best’ method to 
describe the complete macroinvertebrate community or the ‘best’ method to 
discern between unimpaired and impaired sites based on the number of 
Ephemeroptera, Plecoptera, and Trichoptera. However, the main problem is 
that all of the mentioned studies focused on accuracy instead of variability (a 
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measure of precision). In Chapter 3 I explain that accuracy refers to the 
closeness of a measurement to its true value (Norris et al., 1992). Several 
authors have stressed the importance of both accuracy and precision in 
biological assessment (e.g., Resh & Mc Elravy, 1993; Norris et al., 1992). Resh 
& Mc Elravy (1993) stated that “conclusions regarding impact too often have 
been based on significant differences in main-effect means that really resulted 
from the influence of either covariate factors or sampling bias, or both”. 
However, this remains inevitable as long as we do not completely understand 
ecosystem functioning. Given the fact that an average sample only contains 
50% to 64% of the taxa actually present at a site at a given moment in time, 
and only 25% to 37% of the taxa present at a site during the course of a year 
(Verdonschot, 1990; Vlek, 2006), an accurate sample is utopia. Moreover, we 
will never know whether differences in community composition are the result 
of impact, measurement error, or some other environmental variable/biotic 
interaction we did not measure. Until we have completely unraveled ecosystem 
functioning, bioassessment will always include some form of subjectivity. 
Barbour & Gerritsen (1996) stressed that, when assessing ecological quality for 
biological monitoring purposes, it is not necessary to catch all organisms or 
taxa present at a site (accuracy). Accuracy is important in the sense that the 
same sampling and sample processing method should be applied for 
assessment purposes because differences in accuracy between methods may 
result in different bioassessment results. However, as long as the same method 
is applied at all sites, and this combination has been proven to discern signal 
(sensitivity to anthropogenic stress) from noise (variability), accuracy is a non-
issue. Instead, the discussion should focus on variability to assure the validity 
of conclusions.  

When developing an assessment system, methodological choices are made 
concerning sampling and sample processing, either consciously or 
unconsciously. From a financial perspective, it is impossible to test the 
consequences of each methodological choice and combination of choices in 
the process of developing an assessment system. A more pragmatic approach is 
to use the data you have to assess ecological status (post-classification) and 
then develop an assessment system weighing costs and performance 
(sensitivity and variability). Post-classification or the definition of pristine 
conditions is the first step in the process of developing an assessment system. 
The data used for post-classification should be based on species data and a 
relatively extensive sampling method (full count) to minimize the loss of 
information beforehand. The second step encompasses the selection of 
appropriate indices to discern between signal and noise. During this step, it 
might become evident that family level data suffice to develop an assessment 
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system with adequate power to detect human impact. After selecting an 
appropriate assessment method, the effects of applying alternative sampling 
and sample processing methods can be tested in terms of accuracy (Chapter 5) 
and variability (Chapters 3, 4, and 6). Importantly, the results are intertwined; 
for example, the choice to perform family level identification may be more 
variable for a metric counting the number of Trichoptera taxa compared to a 
metric counting the number of Gastropoda taxa. Most likely, there are several 
solutions with equal performance.  
 
Considerations for developing an assessment system 
 
Many choices are made during the process of developing an assessment 
system, ranging from the definition of reference conditions to the number of 
quality classes discerned. All of these different choices influence the outcome 
of the development process. When developing an assessment system it should 
be made clear how different choices might have affected the results of the 
development process. Therefore, I have listed some important issues that 
should be considered prior to developing an assessment system. The list will 
make it easier to understand the often conflicting conclusions from existing 
studies, and will hopefully stimulate researchers to make more explicit choices 
and communicate these choices when developing assessment systems.  
 
Water type 
 
One of the major difficulties associated with developing assessment systems is 
that macroinvertebrate community composition correlates with both human-
induced changes and natural gradients in environmental variables. To prevent 
an assessment from being confounded by a natural gradient in environmental 
variables, it should be developed at the appropriate spatial scale. In many cases, 
a priori classifications, such as ecoregions or stream order, have been used to 
partition natural variation (Hawkins et al., 2010). However, a priori 
classifications are often ineffective at accounting for much of the natural 
variation in community composition (e.g., Hawkins et al., 2000; Heino & 
Mykra, 2006). Therefore, the appropriate spatial scale should be determined by 
analyzing both biotic and abiotic data prior to developing an assessment 
system, as shown in Chapter 2. In an ideal world, macroinvertebrate data from 
pristine sites could be analyzed to determine whether differences in community 
composition/metric values exist between different water types/geographic 
regions. If so, different assessment systems could be developed for the 
different water types. When (sufficient) data from pristine sites are lacking, it 
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would be possible to determine which environmental variables are important in 
explaining macroinvertebrate community composition, and then hypothesize 
whether these can vary under reference conditions in different geographic 
regions. It should be kept in mind that water chemistry, for example, is not 
only related to human interference, but can also be strongly related to surface 
geology. As mentioned in Chapter 2, the spatial scale applied should be at the 
level where all sites within one water type only differ in their degree of 
degradation. However, this might result in a situation where data availability is 
too low to develop a reliable assessment system. This appeared to be the case 
in the Netherlands, where stream width was correlated to macroinvertebrate 
community composition (Chapter 2) and it was not possible to develop 
separate assessment systems for the different steam orders. In cases like this, 
the choice between data availability and performance of the assessment system 
should be balanced. 
 
Reference conditions 
 
Since the introduction of the WFD, the definition of ‘reference condition’ has 
received a lot of attention because of the requirement to determine the 
ecological status of a water body by assessing its deviation from the reference 
condition. Particularly in countries where pristine conditions are lacking, the 
question of how ’to construct’ theoretical community composition given 
pristine conditions has been asked. Several options for how to do this were 
addressed by Nijboer et al. (2004): the use of historic data, the use of data from 
other geographical areas, the use of paleolimnological data, the use of existing 
knowledge on ecology and biogeography of species, and the use of models. 
Instead of ‘constructing’ theoretical communities, we should ask what the risk 
is of using best available sites as the end-point for assessment. For obvious 
reasons, it is not very likely that reference conditions will be ‘created’ in the 
future in countries where reference conditions are currently lacking. However, 
it should be made explicit that the reference condition in a system is lacking, 
for example, by including a quality class ‘high ecological status’ that will never 
be reached given the current situation. Of course the use of best available sites 
should only be recommended in cases where these sites still comply with at 
least good ecological status as described in the WFD. Notably, the end-point 
of assessment, whether this is the ‘reference condition’ or the best available 
sites, is a shifting baseline due to natural stochastic processes and less obvious 
forms of anthropogenic stress on the large spatial scale, resulting in 
atmospheric deposition of contaminants and climate change. This implies that 
end-points have to be monitored and adjusted regularly. 
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Classification/degradation gradient 
 
To develop an assessment system, the ecological status of the sites in the 
dataset has to be determined (classification). Many studies describe the 
development of an assessment system based on impacted sites versus sites that 
are not impacted (e.g., Barbour et al., 1996; Fore et al., 1996; Thorne & 
Williams, 1997; Johnson et al., 2006), though some cases do not clearly 
describe how impact is defined. The definition is important for two reasons. 
First, it is important whether the degradation gradient is based on abiotic 
variables or a combination of biotic and abiotic variables. Classification solely 
based on abiotic variables introduces a risk that the biotic conditions do not 
correspond to the abiotic conditions. This phenomenon can often be observed 
after restoration (e.g., abiotic conditions are restored but the biotic condition is 
still degraded due to, for example, migration barriers or ‘unknown’ abiotic 
variables that were not considered). Thus, the biological assessment system 
proposed in Chapter 2 is based on both biotic and abiotic variables. Second, 
one should realize that when non-impacted is described as ‘pristine’ and 
impacted as ‘devoid of life’, it will be much easier to discern between (five) 
quality classes compared to situations in which data from pristine conditions 
and very degraded conditions are lacking. This could explain the differences in 
performance between different biological assessment systems. In theory, it 
would be best to study a metric’s response across the full range of possible 
stress (Hawkins et al., 2010). However, in the Netherlands, as in many other 
countries around the world, reference sites are lacking. In cases where 
reference sites or severely impacted sites are lacking, this should be made 
explicit as it is in Chapter 2.  
 
Number of quality classes 
 
When developing a bioassessment system, the number of quality classes the 
system should be able to discern should be taken into account. For example, 
the WFD distinguishes between five ecological quality classes. The boundary 
between moderate and good ecological status is of main importance, (i.e., 
below good ecological status, restoration measures have to be taken to 
improve ecological status). When a system has to discern between less quality 
classes, there is a smaller chance of misclassification. The only problem is that 
a system based on two quality classes cannot detect changes in ecological 
quality in the lower part of the degradation gradient. When developing a 
bioassessment system, the ability to discern between more quality classes has to 
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be balanced against the greater chance of misclassification, as at each class 
boundary there is a chance of misclassification. This balance may vary 
depending on the water type. Regardless of the number of quality classes, it is 
essential that all classes discerned reflect ecological boundaries or an ecological 
gradient (see next paragraph). 
 
Class boundaries and metric response 
 
Class boundaries for individual metrics can be set in two different ways: (1) 
based on statistical rules or (2) based on the ecological response to 
degradation. Examples of the first option are: dividing the 95-percentile of all 
sites by four (Ohio Environmental Protection Agency, 1987; DeSohn, 1995), 
the 50- and 10-percentile of all reference locations (Roth et al., 1977), or 
dividing the 15- or 75-percentile of all reference locations (Barbour et al., 1996; 
Royer et al., 2001). Obviously, this is not good scientific practice. First, it 
implies that each metric responds to degradation in the exact same way. 
Second, it rules out the use of metrics that do not exhibit a linear response to 
environmental degradation. Most publications on the development of 
bioassessment systems only consider metrics that exhibit a linear response to 
anthropogenic stress because it is easy to test for. By not considering other 
types of responses (e.g., unimodal, threshold, bimodal), some potentially 
sensitive metrics might be overlooked. Niche theory assumes response curves 
to be symmetric Gaussian-shaped unimodal curves (Austin, 2007). Class 
boundaries should be based on metric responses to anthropogenic stress, 
whether this response is linear, unimodal, bimodal, or occurs at threshold 
levels. Also, when setting class boundaries, the width of the different quality 
classes might differ and the gradient should only span the ecologically relevant 
range. For example, a pH value below 3 or above 10 is not part of the 
ecologically relevant range for the macroinvertebrate community. 
 
Single metrics versus multimetrics, predictive models, and/or multivariate 
approaches 
 
Several studies have focused on whether single metrics, multimetrics, 
predictive models, or multivariate clustering or ordination should be used for 
assessment purposes. In many cases, improper arguments are used to value 
one method over the other. For example, Lücke & Johnson (2009) concluded 
that multivariate analysis or multimetric indices are superior to single metric 
approaches for detecting the effects of nutrient enrichment. However, the 
single metrics applied in the study were not based on Swedish data, which the 



 Chapter 7 

179 

approaches were tested against, but the multimetric index and multivariate 
approach were. Another example is a study by Hawkins et al. (2010), who 
concluded that multimetric index responses to stress saturate at intermediate 
levels of stress, whereas O/E indices that describe the departure of taxonomic 
composition from that expected under reference conditions do not. They 
explained this as follows: “multimetric indices are calibrated against both 
reference sites and degraded sites, whereas O/E indices are calibrated against 
only reference sites.” Therefore, Hawkins et al. (2010) and Lücke & Johnson 
(2009) were not talking about different metrics, but different techniques used 
to develop an assessment system. Metric and methodological techniques (e.g., 
predictive models, multivariate analysis) are two different things and should 
clearly be separated in order to make objective choices regarding metric 
selection. The performance of metrics can only be judged when the same 
techniques are used for data analysis, or vice versa. Considering the different 
techniques used to develop assessment systems, I think that ‘a posteriori’ or ‘a 
priori’ classification (both in terms of ecological quality and reference stream 
types) will define the outcome of the development process. Only metrics that 
show obvious patterns between quality classes will result in a reliable quality 
assessment system, irrespective of the techniques used. 

The concept of a multimetric index comprising several metrics and 
integrating information from the ecosystem, community, population, and 
individual levels was introduced by Karr (1981, 1991). Karr & Chu (1997) 
stated, “The best, most comprehensive, and accurate multimetric indices 
explicitly embrace several attributes of the sampled assemblage, including taxa 
richness, indicator taxa or guilds (e.g., tolerant and intolerant groups), health of 
individual organisms, and assessment of processes (e.g., as reflected by trophic 
structure or reproductive biology)”. Karr (1981) advocated the use of a 
multimetric index to assess overall biotic integrity. However, in an 
environment where multiple stressors exert influence, a diagnostic assessment 
system to determine the cause of degradation is essential. Therefore, the ideal 
assessment system should not only use multiple metrics, but these metrics 
should exhibit a stressor-specific response. In this way, water managers will be 
provided with a tool to make adequate decisions regarding the restoration of 
surface waters and that will stress the need to gain a better understanding of 
the link between metrics/indicators and ecosystem processes (Van Riel & 
Verdonschot, in preparation). 
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Metrics based on ecological preferences 
 
Especially in Europe, metrics based on ecological preferences (e.g., substrate 
preferences, preferences for current velocity, saprobic preferences) have been 
regularly applied/tested during the development of assessment systems. The 
assessment system described in Chapter 2 also includes some metrics based on 
ecological preferences, but before applying metrics based on ecological 
preferences the information content of the accompanying autecological 
database should be checked. When preferences can only be assigned to 20% of 
the species in a sample, this might result in misleading conclusions considering 
metric variability.  
Validation –Validation should be a major issue of concern. In the Netherlands 
we have two bioassessment systems that are currently being used to assess the 
ecological quality of surface waters: EBEOSWA and ‘KRW maatlatten’. The 
second was developed for the purpose of the WFD, but the systems have 
never been properly validated. To properly validate a biological assessment 
system, it has to be tested against an ‘external’ dataset, i.e., a dataset other than 
the one used to develop the system. The macroinvertebrate samples from this 
‘external’ dataset have to be post-classified using the same method applied to 
the samples from the original dataset. Next, the quality class resulting from 
post-classification should be compared to the quality class indicated by the 
biological assessment system. 
 
Biological assessment as a diagnostic tool 
 
Apart from the general assessment of ecological status, water authorities would 
benefit from a system that enables them to identify the cause of an observed 
change in ecological quality or the reason surface water fails to meet the 
ecological quality objectives. Especially in countries where often several 
stressors exert their influence on ecological quality (e.g., the Netherlands), a 
diagnostic system is essential. Unfortunately, most of the bioassessment 
systems in use today cannot serve as diagnostic tools. Although several studies 
have used a multimetric approach to develop an assessment system, they use 
this approach to ‘better’ indicate general degradation rather than to assess the 
separate effects of individual stressors. 

Indices initially developed to detect organic pollution and/or 
eutrophication pollutants (e.g., BMWP score) have been widely applied as 
indicators of degradation in general. Not only different forms of pollution, but 
also modifications in flow pattern or river habitat structure, can decrease index 
scores, which makes it difficult to identify the cause(s) of this score (Clews & 
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Ormerod, 2009). A reduction in the index score by stressors other than organic 
pollution might be explained by the fact that other major stressors can also 
influence oxygen concentrations in the water. For example, reduced flow will 
result in lower oxygen concentrations, as will a lack of trees in the riparian zone 
due to increased water temperature (e.g., Burton & Likens, 1973; Rutherford et 
al., 2004; Wilkerson et al., 2006). 

The majority of existing bioassessment systems were developed to 
detect organic pollution (Friberg et al., 2006). Friberg et al. (2009) stressed the 
importance of developing indices related to hydromorphological degradation. 
Their view is based on the extensive literature on linkages between the in-
stream physical environment and benthic macroinvertebrates. However, 
Friberg et al. (2009) found only relatively weak relationships between various 
measures of hydromorphological stress and commonly used macroinvertebrate 
assessment tools. Lorenz et al. (2004a) developed an index to detect the impact 
of hydromorphological degradation, the German Fauna Index. Although this 
index shows a strong correlation with hydromorphological degradation 
(R2=0.67), it is almost as sensitive to organic pollution (R2=0.55). This 
suggests that organic pollution and hydromorphological degradation are not 
the variables driving community composition, but that both stressors (at least 
in part) are influencing the same variable (i.e., the oxygen concentration), 
which is driving macroinvertebrate community composition. It is imperative 
that we unravel the primary drivers of macroinvertebrate community 
composition (e.g., oxygen concentration, shear stress, biotic interaction) at the 
appropriate temporal and spatial scales. The only way to do this is to combine 
observational data and data from experimental work. The development of 
bioassessment systems has been based primarily on observational data. 
However, observational data are only suited for detecting general patterns and 
correlations (data on primary drivers at the appropriate temporal and spatial 
scale are usually lacking). Experimental datasets are required to confirm 
whether correlations derived from observational data actually represent cause-
effect relationships.  

Although Friberg et al. (2009) and Lorenz et al. (2004a) implied to have 
studied hydromorphological degradation, the environmental variables 
considered in their studies mainly relate to the morphology of streams, not the 
hydrology. Apart from the Lotic-invertebrate Index for Flow Evaluation 
(LIFE) developed by Extence et al. (1999), no attempt has been made to assess 
hydrologic degradation. Although the LIFE method is very valuable in the 
sense that it provides the opportunity to relate several hundreds of flow 
variables to the macroinvertebrate community, it also has two important 
disadvantages. First, the LIFE method is designed to reflect the faunal 
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responses to ‘flow conditions’ and their change over time, not for the sole 
purpose of biological assessment. This means that the interpretation of LIFE 
scores is not straightforward, limiting its applicability in biological assessment. 
Second, Extence et al. (1999) stated that “a link exists between poor habitat 
quality and depressed LIFE scores”, which means that the LIFE methodology, 
although developed to study changes in flow, also responds to at least one 
other stressor, namely habitat quality. 

Apart from hydrological and morphological variables, toxic substances 
(e.g., heavy metals, pesticides) are hardly ever considered in European 
biological assessment systems. Toxic substances are considered in risk 
assessment studies, but their effects are mainly based on laboratory tests on 
individual species or solely on chemical endpoints without accounting for 
assemblage-level consequences. Biological assessment of heavy metal pollution 
is more common in the USA, Australia, and New Zealand. This difference is 
probably related to the magnitude of heavy metal pollution. A study by Peeters 
et al. (2001), however, showed that elevated contaminant concentrations of 
polycyclic aromatic hydrocarbons, trace metals, oil, and polychlorinated 
biphenyls are significantly associated with differences in the macroinvertebrate 
food web structure in the Rhine-Meuse Delta of the Netherlands. This 
suggests that it would be a good idea to combine expertise from both research 
areas to develop diagnostic tools in bioassessment. 

To develop a stressor-specific biological assessment system remains a 
major challenge, especially since the variation in macroinvertebrate community 
composition remains, for a large part, unexplained by the abiotic variables 
considered in aquatic monitoring programs. This is due, in part, to stochastic 
mechanisms related to differential colonization/extinction dynamics after 
disturbance (Chase, 2010; Verdonschot, 2012). Merovich & Petty (2010) 
suggested that metacommunity dynamics might prevent a strong 
correspondence between macroinvertebrate community composition and the 
water quality template in the Monongahela River basin of West Virginia, 
despite the localized effects of water chemistry. However, the fact remains that 
we might not be measuring the appropriate abiotic variables at the appropriate 
temporal and/or spatial scale. Diagnosing specific water-quality stressors will 
remain difficult until we have completely unraveled ecosystem functioning, 
including the effects of species interactions (e.g., competition, predation), 
invertebrate dispersal, and assemblage dynamics on a watershed scale. For 
example, many studies have indicated that (biological) restoration might fail 
without the presence of near-natural and undisturbed sites within range of the 
dispersal capacity of source populations (e.g., Brooks et al., 2002; Muotka et al., 
2002; Parkyn et al., 2003). 
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Sources of variation 
 
In Chapter 6, three different sources of variation are distinguished: temporal 
variation, spatial variation, and remaining variation. Remaining variation 
describes a combination of different sources of variability, such as analytical 
variation, variation at smaller temporal scales (e.g., within season), and 
variation at smaller spatial scales (e.g., within site). For practical reasons, 
remaining variation is referred to as within-site variation and defined as the 
inability of a sampling and sample processing technique to capture all 
organisms present at a site at a certain moment in time. In this paragraph the 
different sources of variation and their relative importance to overall variability 
are discussed, as well as their implications for the development and application 
of assessment systems.  
 
Temporal variation 
 
We can discern temporal variation on the scale of days up to decennia. In most 
studies related to biological assessment, among-seasons and/or inter-annual 
variation have been studied. Seasonal variation can cause differences in metric 
values between months (Chapter 4; Alvarez-Cabria et al., 2010), and seasonal 
variation can result in highly variable metric values (Chapter 4; Trigal et al., 
2006; Johnson et al., 2012). The magnitude of seasonal variation varies greatly 
depending on the metric, as well as the stream type studied (Clarke et al., 
2006a) and the level of degradation (Johnson et al., 2012). To solve the issue of 
seasonal variation, samples from different seasons can be combined to gain 
more reliable estimates of ecological status (Clarke et al., 2002), or sampling 
can be standardized to a single season for the purpose of biological assessment 
(e.g., Kappes et al., 2010). Many studies have addressed the issue of which 
season is most suitable for sampling in relation to bioassessment; advice varies 
depending on the stream type and stressor studied. 

Studies on inter-annual variation have shown relatively low variation in 
metrics directly or indirectly related to the number of taxa compared to metrics 
based on (relative) abundance (e.g., Robinson et al., 2000; Hämäläinen et al., 
2003; Trigal et al., 2006). Many studies on inter-annual variation were not 
directly related to bioassessment issues and/or variation, but showed a 
frequent occurrence of rare taxa (e.g., Resh et al., 2005) as we did in Chapter 6. 
This indicates that the inclusion of rare taxa can influence metric variability. 
Boulton et al. (1992) showed that variation among years can also depend on 
the season during which samples were collected, i.e. autumn macroinvertebrate 
assemblages differed considerably among years compared to spring 
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assemblages, which were ‘consistent’ among years. In general, inter-annual 
variation, as well as seasonal variation, will most likely vary depending on the 
stream type studied and the level of degradation. Hämäläinen et al. (2003) 
showed few correlations between community variation and single 
environmental variables or their inter-annual variation. This suggested that the 
relatively high observed variation in invertebrate communities is stochastic in 
nature or driven by biotic interactions rather than by the abiotic environment. 
However, as mentioned before, we might not be measuring the appropriate 
abiotic variables at the appropriate temporal and spatial scale. To develop 
metrics that exhibit less temporal variation, we need to gain a better 
understanding of what is driving both seasonal and inter-annual variability. Are 
environmental variables, such as precipitation, temperature, and discharge, 
driving temporal variation in the composition of macroinvertebrate 
communities? Also, what is the role of biotic interactions and/or stochastic 
processes? The next challenge will be to unravel how anthropogenic 
disturbance affects seasonal variability. 

Unfortunately, unlike seasonal variation, inter-annual variation cannot 
be ‘solved’ through standardization. A potential solution is described in 
Chapter 6. The results from the study described in Chapter 6 suggest that, 
although variation among years can be high for individual sites within a 
drainage ditch network, inter-annual variation might be negligible when 
assessment is performed on the larger spatial scale of a drainage ditch network. 
However, assessment on larger spatial scales poses completely different 
problems, especially in terms of the design of monitoring programs.  

Verdonschot (2012) also suggested that variation in macroinvertebrate 
species composition might be reduced by monitoring and assessing on a larger 
spatial scale. He refers to meta-population and metacommunity theory (Levins, 
1969; Wilson, 1992; Hanski, 1999) to explain this phenomenon; although 
species may become extinct locally (i.e., habitat patch level), on a larger spatial 
scale (i.e., drainage ditch network) the species survives due to a continuous 
exchange of individuals between ditches within the drainage ditch network 
(regional species pool). However, meta-population and metacommunity theory 
might not be the sole explanation for the reduced inter-annual variation on a 
larger spatial scale. In most studies, what is called inter-annual variation is in 
fact a combination of inter-annual and within-site variability (as described in 
the next paragraph). Therefore, collecting replicate samples from the same 
ditch/streams may reduce inter-annual variation as much as collecting more 
samples from several ditches within a drainage ditch network. To design a 
cost-effective monitoring program that provides reliable answers to the 
questions raised, it is essential to gain insight into what extent the different 
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sources of variation (natural temporal, natural spatial, and within-site 
variability) contribute to overall variability.  
 
Within-site variation 
 
Within-site variation is the result of an inability of a given sampling and sample 
processing method to sample the complete community present at a site at a 
certain moment in time. Verdonschot (1990) showed that a macroinvertebrate 
sample from a stream contains, on average, 50% of the taxa present at a site at 
a given moment in time. Within-site variation will vary depending on the 
sample and sample processing method applied. The magnitude of within-site 
variation can be influenced in many ways by adjusting the sampling and sample 
processing protocol. In Chapter 3 we studied the effects of sample size on 
variability. Apart from sample size being a source of variation, the main issues 
addressed in the literature are subsample size, differences between operators 
(sorting and identification errors), and subsample size. 
 
Sample size 
 
The implications of reducing the physical size of a sample, as opposed to the 
number of replicates, have hardly been studied. In Chapter 3 we show that 
within-site variability can be decreased by increasing physical sample size. To 
decrease the variability in metric values from 20% to 10%, doubling the sample 
size is required for most combinations of habitat and metric.  
 
Operator/sorting and identification errors 
 
The relative contribution of operator differences to overall within-site 
variability remains unclear. On the one hand, Furse et al. (1981) and Mackey et 
al. (1984) found some differences in taxon yield and community composition 
between operators. Mackey et al. (1984) concluded that qualitative differences 
in the fauna may be more important than the number of taxa collected, as all 
four operators collected approximately the same number of taxa. On the other 
hand, Clarke et al. (2002) showed that inter-operator influences on sample 
values are negligible (4–12% of total sampling SD). However, these results 
were based on family-level metrics. Clarke et al. (2002) suggested that the 
minor contribution of inter-operator differences to overall within-site 
variability results from the use of a standardized sampling and sample 
processing protocol by trained staff. 
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Although opinions on the importance of operator differences vary, the 
importance of applying standardized protocols and training personnel should 
be stressed, especially in the Netherlands, where personnel collecting 
macroinvertebrate samples are not trained and the sampling and sample 
processing methods are not standardized. In the Netherlands “standardization” 
is only suggested through the use of a handbook. In practice the handbook is 
either not applied or allows multiple approaches for sampling and sample 
processing. From personal experience it is apparent that a sample collected by 
one institute could contain twice as many species as a sample collected from 
the same site and month by another institute. This difference is most likely 
related to differences in sampling and sample processing, as opposed to 
differences between operators. 

A sorting audit in a study by Haase et al. (2010) revealed that 29% of 
the specimens and 21% of the taxa had been overlooked by the primary 
analyst. An identification audit in the same study found that 30% of taxa 
differed between the primary analysts and auditors. These differences resulted 
in a different final biological assessment for 16% of the samples. Another 
study by Haase et al. (2006) and a study by Stribling et al. (2008) showed a 
considerable amount of operator-related sorting and identification error. The 
results of these studies stress the importance of implementing quality control 
mechanisms in macroinvertebrate monitoring and of training personnel 
involved with processing macroinvertebrate samples.  
 
Subsample size 
 
Several studies have shown that variance can be reduced by sorting a larger 
proportion of the sample (fixed fraction) (Petkovska & Urbanic, 2010) and/or 
collecting more individuals from the samples (fixed count) (Doberstein et al., 
2000; Lorenz et al., 2004b). However, subsampling variance can vary widely 
depending on the combination of stream type and metric (Clarke et al., 2006a; 
Petkovska & Urbanic, 2010).  
In regards to the sources of variability that contribute to within-site variability, 
both Fore et al. (2007) and Clarke et al. (2006a) showed that variation due to 
subsampling can be high. Fore et al. (2007) reported that laboratory 
subsampling (100 individuals) accounted for approximately 49% of the 
variation in Stream Condition Index (SCI) values between same site, same year 
visits. Clark et al. (2006a) reported that the percentage of subsampling variance 
in the overall variance between replicate samples varied between 3% and 100% 
depending on the stream type (subsample fixed fraction and minimum of 700 
individuals). However, comparing results from studies on subsample variance 
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is difficult because they depend on the number of individuals collected (fixed 
count) and/or the fraction sorted (fixed fraction). 
 
Spatial variation 
 
Based on the information in Chapter 5, we determined that approximately 50% 
of all variation in values for a specific metric, i.e. the number of indicator 
species values, was due to natural spatial variation between sites within a 
drainage ditch network; the other 50% was a combination of inter-annual 
variability and within-site variability. Seasonal variation and operator variability 
where not included in this study due to stratification. By combining these data 
with unpublished data, it was possible to estimate replicate sampling variability, 
which was calculated based on five replicate samples collected from two 
different ditches included in the study mentioned in chapter 5 (var 0.89 and 
1.67). Replicate sampling variability would explain between 32% and 60% of 
variability, respectively. The difference in replicate sampling variability between 
the two sites is the result of a difference in the average number of indicator 
species. However, how useful this information is can be questioned given that 
the proportion of variance explained by different sources varies extensively 
depending on the metric (Carlisle & Clements, 1999). 
 
Conclusions 
 
Based on the current literature it is very difficult to gain insight on the extent to 
which the different sources of variation (i.e., natural spatial, natural temporal, 
and within-site variation) contribute to overall variation. For example, most 
studies that considered seasonal variation looked at a combination of seasonal 
and within-site variation. Thus, what is noted as seasonal variation could in fact 
be within-site variation. Only a few cases used variance partition to separate 
the different sources of variability. Carlisle & Clements (1999) showed that the 
proportion of variance explained by different sources (site, season, year, and 
interaction terms) varies extensively depending on the metric. However, their 
‘site term’ in the variance partition included both natural variation and 
variation due to different ecological quality at the sites. Carlisle & Clements 
(1999) did show relatively high statistical power for richness measures (total 
number of taxa, number of Ephemeroptera, Plecoptera, and Trichoptera taxa, 
and number of Ephemeroptera taxa) compared to metrics based on (relative) 
abundance.  

To develop an assessment system, it is not crucial to know the different 
sources of within-site variability. As long as overall variation due to natural 
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temporal, natural spatial, and within-site variability is known, we can determine 
metric performance. For all of the different sources of within-site variation, 
they are only important when within-site variability is large compared to 
natural temporal and spatial variation and the range in metric values among 
sites of varying quality (Clark et al., 2006a). When within-site variation appears 
to be relatively large, the different sources of within-site variability should be 
determined. For example, if within-site variability appears to be primarily the 
result of subsampling variance, the variability can be reduced by sorting more 
individuals from the sample or sorting a larger fraction of the sample. As 
previously discussed, sorting and identification errors during sample processing 
are common. This automatically implies that the implementation of quality 
control mechanisms in macroinvertebrate monitoring and training personnel 
involved with processing macroinvertebrate samples will reduce within-site 
variation. In cases where natural temporal variation is high, there are several 
options to deal with it. First, in the case of seasonal variation, it is possible to 
standardize sampling to a single season or to combine samples from different 
seasons. Second, increasing sample size is an option as, in many cases, the 
variation described as temporal in the literature is in fact the inability to collect 
all taxa present at a site. The third option is to develop metrics that are less 
responsive to variables driving temporal variation in the composition of 
macroinvertebrate communities. 

When developing an assessment system, variability is not the only 
important issue that needs to be considered. The cost associated with sampling 
and sample processing and the sensitivity of the assessment system to 
anthropogenic stress are also important. To weigh these different aspects, 
information is required regarding the variability of different metrics on 
different temporal and spatial scales. In an ideal world, the selection of metrics 
for the development of an assessment system would be based on labor-
intensive sampling and sample processing methods as applied in the studies 
described in Chapters 3-5. By collecting samples over a 5-m length and 
completely sorting the samples, variation due to sampling and sample 
processing is minimized (Chapter 3) and an optimal situation is created to 
study the ability of a metric to separate ‘signal’ (responsiveness to stress) from 
‘noise’ (variation). Replicate samples should be collected to gain insight into 
within-site variability, and samples from pristine sites should be collected to 
establish natural temporal and spatial variability. After a metric is proven to be 
capable of separating signal from noise, it can be determined whether less 
time-consuming sampling and sample processing methods may be adequate to 
achieve similar accuracy and variability. Unfortunately, in the Netherlands, 
assessment systems, such as EBEOSWA, EKO, AQEM, and the KRW 
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maatlatten, have traditionally been based on samples collected by different 
water authorities. The fact that sampling and sample processing methods vary 
between water authorities and the time invested in the collection and 
processing of samples by water authorities is relatively low (compared to the 
methods applied in Chapters 3-5) means higher variability and a risk of not 
discerning signal from noise.  

Given the extensive sampling and sample processing method that was 
applied, the information on variability described in Chapters 3, 4, and 6 can 
serve as a starting point for metric selection. As already discussed, metric 
variability varies depending on, among other factors, the stream type, season, 
and sampling and sample processing method. In line with other studies, we 
have shown that, despite the ‘variability in variation’, metrics based on 
(relative) abundance are generally variable. This does not automatically mean 
that these metrics based on (relative) abundance cannot be used for assessment 
purposes. For example, the assessment system described in Chapter 2 
incorporates several metrics based on (relative) abundance. Because this 
assessment system works with discrete class boundaries and a combination of 
several metrics to discern one quality class from all others, the final assessment 
result is less variable. In addition, several other aspects should be considered 
when selecting metrics for assessment purposes: 1) the sensitivity of a metric to 
anthropogenic disturbance, 2) the number of quality classes the assessment 
system should discern, and 3) the rate of misclassification that is deemed 
acceptable. 
 
Design of cost-effective monitoring programs 
 
The design of monitoring programs is very complex, especially when 
monitoring serves multiple (unknown) objectives. Many authors have stressed 
the importance of clearly formulated objectives prior to designing monitoring 
programs (e.g., Cullen, 1990; Box, 1996; Field et al., 2007). An example of a 
clear objective is the aim to detect a 20% change in biological water quality 
within 5 years with a power of 0.8 and a significance level of 0.05. Such 
quantified objectives make it possible to develop an effective monitoring 
program that provides reliable answers to the questions that are raised (Vos et 
al., 2000). These specifications focus solely on statistical power (as opposed to 
diagnostic power). However, without clear objectives, monitoring might turn 
into an uncontrolled desire to collect more data (Hellawell, 1991) and/or the 
collected data will not provide the required information to meet the 
objective(s).   
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In the Netherlands, we collect large amounts of ecological data from 
surface waters (sampled sites per square meter), probably because the 
Netherlands is the 27th most densely populated country in the world. The 
majority of the ecological data are collected by water authorities. In most cases, 
clear objectives for monitoring are lacking. Water authorities distinguish 
between ‘routine monitoring’, which is the routine collection of samples at the 
same sites at a pre-determined frequency (in most cases somewhere between 
twice a year and once every 4 years), and ‘project-based monitoring’, which is 
all sampling that is not routine. However, in many cases the data do not seem 
to meet any purpose; in many cases they are not used for analysis or they 
appear after collection to be unsuited for the purpose for which they were 
collected. An example of this is the lack of proper monitoring of restoration 
management (e.g., Bernhardt et al., 2007; Feld et al., 2011). Remarkably, 
applied sampling techniques and assessment methods often do not differ 
between the two types of monitoring. 

There are two major problems with the way data are being collected in 
the Netherlands: (1) the data collected by individual water authorities are being 
used by policy makers to make statements about the ecological quality of all 
surface waters in the Netherlands and (2) the WFD requires an assessment of 
the ecological state of the level of a water body. Both of these approaches 
require an unbiased estimate of the ecological water quality at a higher spatial 
scale than the sites at which the samples are being collected. The selection of 
sample sites by water authorities is based on their assumed representativeness, 
their relationship to point source pollution, and their downstream position in 
the catchment, in combination with practical matters such as accessibility. This 
method of site selection is called non-probability sampling. The problem with 
non-probability sampling is that statistically based inferences about trends on 
higher/lager spatial scales cannot be made (Edwards, 1998; Stoddard et al., 
1998; Parr et al., 2002). Unknown or ignored selection bias can result in 
erroneous conclusions. Probability sampling is well suited to eliminate 
selection bias as, by construction, every site has a known non-zero probability 
of being selected (Cochran, 1977). Olsen et al. (1999) studied sampling 
programs in the United States and found that terrestrial resource programs 
predominately used probability sampling and aquatic resource programs used 
site criteria. Currently, I am aware of only one aquatic monitoring program 
based on probability sampling: Environmental Monitoring and Assessment 
Program (EMAP). EMAP is applied across a large geographic area of the 
western United States.  

Because we are obliged in the Netherlands to make inferences at water 
body/national level, we need to apply probability sampling to draw statistically 
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sound conclusions. People tend to be afraid of the costs associated with 
probability sampling, which is not surprising as temporal and spatial variation 
in ecological data can be high (Chapters 4 and 6). However, this reasoning is 
shortsighted and focuses on the short-term economic benefits instead of 
looking at the money that can be saved in the long run when probability 
sampling is implemented. How much money is spent each year on ecological 
monitoring? Some of these data are never used for analysis and some of the 
data are used to draw erroneous conclusions due to associated bias. Thus, 
ecological degradation may go unnoticed or costly, but unnecessary, restoration 
measures may be applied. What about the 4.2 billion euros that will be spent in 
the Netherlands over the next few years on restoration measures in order to 
meet the standards set by the WFD? At the moment no scientific proof is 
available that these measures will have the desired ecological effects. Apart 
from the indirect long-term cost savings of probability sampling, there are 
other ways to reduce the costs associated with current monitoring programs. In 
both the United States and many European countries, sampling and sample 
processing methods are far less time consuming than the methods applied in 
the Netherlands. In the United States, these methods are referred to as Rapid 
Bioassessment Protocols (RBPs). The use of RBPs has been criticized in the 
past (Cao et al., 1998; Courtmanch, 1996; Doberstein et al., 2000), but most of 
the critical remarks have been directed at accuracy, not variability, and at using 
another sample and sample processing method in combination with a known 
metric and/or assessment system. As long as a ‘Quick Scan’ method can be 
developed that assigns ecological quality scores in accordance with post-
classification of the sites, accuracy is not really an issue. 

The ‘Quick Scan’ method is a combination of an assessment system 
and a sampling and sample processing method. To develop a ‘Quick Scan’ 
method, the considerations in developping an assessment system, presented 
earlier in the synthesis, should be taken into account. With the development of 
a ‘Quick Scan’ method based on, for example, identification at the family level 
and fixed-count subsamples, or based on a single taxonomic group (e.g., 
Tricoptera), monitoring would be much cheaper. This relatively cheap method 
can then be used in a probability sampling scheme to scan larger regions for 
ecological problems without collecting information on abiotic variables. This 
‘Quick Scan’ can partly replace routine monitoring by water authorities (only 
status monitoring). When ecological status at certain sites is classified as at 
risk/failing to meet the objectives, then operational monitoring should be 
applied on the local scale/site level using diagnostic tools to determine the 
problem. The information from the ‘Quick Scan’ can also be used to draw 
inferences at the level of the water body and/or national level for statutory 
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purposes, as it is based on probability sampling. To achieve the above, a sound 
diagnostic tool also has to be developed.  
In this paragraph I focused on the design of monitoring programs for the 
purpose of status monitoring and did not consider the monitoring of trends. 
Parr et al. (2002) stated, “The detection of environmental change arising from 
large-scale long-term monitoring programs has been of proven value in 
warning politicians and the public about dangers to the environment and in 
informing policy responses”. Parr et al. (2002) seemed to overlook the fact that 
most long-term monitoring programs are set up after there were already signals 
that something had gone wrong, usually related to a reduction in ecosystem 
system services (e.g., fisherman who notice they are catching fewer fish). Thus, 
the warning is usually in hindsight (Vaughan et al., 2001). This does not mean 
that monitoring is not necessary to prove something is wrong. Many authors 
state that long-term monitoring can serve as an early-warning function. 
However, this is only possible when the variability of the measured entity is 
low, otherwise it will take years to detect a trend. An example of this is 
mentioned by Peterman (1990); he refers to a study by De la Mare (1984), who 
showed that, due to high variability, there is a 69% chance that a 50% decline 
in whale abundance over a period of 20 years would go undetected. Given the 
variability in the metrics used for assessment purposes in aquatic systems 
(Chapters 3, 4, and 6), it is not likely that current biological systems can 
function as an early-warning system. In the Netherlands, samples are collected 
once every 6 years for the purpose of the WFD, so there is no chance of any 
early warning. However, long-term monitoring is essential for the generation of 
hypotheses on ecosystem change and the variables driving this change. 
However, when long-term monitoring is applied, it should be clear that the 
observational data can only provide a hypothesis of the probable cause of 
ecosystem change based on correlations. The data do not provide information 
on underlying cause-effect mechanisms.  

When probability sampling is applied at the regional level, we can also 
make inferences at the national level. Another option is to develop a separate 
national monitoring program based on probability sampling. In many 
European countries, such a national monitoring program is in place, though 
they are not based on probability sampling. The advantage of a national 
monitoring program is that the whole process from the design of the 
monitoring program to data analysis and reporting is performed by a single 
institute. This makes it easier to develop a high-quality monitoring program 
because, among other things, it is easier to apply standardized protocols and 
quality assessment procedures. The question remains whether we want to 
assess trends in ecological water quality at the national level. Does probability 
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at the national level of sampling provide us with all the answers we need? 
Probably not, because when a downward trend in ecological quality is observed 
we need to know the cause and whether this is a general trend or the result of a 
downward trend in certain areas/water bodies. The only way to solve this issue 
is to base sampling by water authorities on probability sampling, then we can 
make inferences at the national and regional levels based on one network of 
sites. 

 
Why species traits are not the Holy Grail in bioassessment 
 
Following the extensive work of Statzner and colleagues (e.g., Dolédec & 
Statzner, 1994; Usseglio-Polatera et al., 2000; Statzner et al., 2001; Statzner et 
al., 2004), recent publications advocate the use of species traits in 
bioassessment (Culp et al., 2011; Van den Brink et al., 2011). Van den Brink et 
al. (2011) distinguished between biological traits and ecological traits. Biological 
traits consist of life-history characteristics, such as fecundity, oviposition, and 
body size, whereas ecological traits consist of the preferences of an organism, 
such as stream velocity, pH, salinity, and saprobity (Van den Brink et al., 2011).  
The major strengths of applying species traits for bioassessment purposes that 
are often mentioned in the literature are: 

1. Mechanistic linkages of biotic responses to environmental conditions, 
allowing use as diagnostic tools (e.g., Poff, 1997; Statzner et al., 2001). 

2. The trait composition of communities is more uniform over 
geographic scales than their taxonomic composition (e.g., Charvet et 
al., 2000; Statzner et al., 2001; Statzner et al., 2005). 

3. More seasonal and inter-annual stability compared to taxonomic 
measures (Bêche et al., 2006). 

 
I want to explain why, in my view, these are not ‘strengths’.  
 
re 1: The link between traits and functional processes might seem obvious, but 
it still has to be proven. For example, Culp et al. (2011) provided a table with 
trait-stressor linkages based on published studies. One of these linkages was 
the relationship between clinger taxa and sediment deposition described by 
Pollard & Yuan (2010), i.e., clinger abundance decreases with increasing 
sediment deposition. The explanation for this linkage seems obvious; increased 
sediment deposition reduces the availability of hard bottom substrates and, as a 
result, the percentage of clinger individuals declines. However, the described 
relationship is based on observational data/regression. Also, Pollard & Yuan 
(2010) noticed that the percentage of clinger individuals is not specific or 
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limited to the sediment gradient; adding additional environmental covariates 
changed the regression coefficients. This example shows that there is no 
difference in the approach for the selection of trait metrics compared to 
taxonomically based metrics for the purpose of biological assessment. Also, the 
trait stressor-linkages provided by Culp et al. (2011) based on studies by Tullos 
et al. (2009) and Poff & Allan (1995) were based solely on observational data.  
 
re 2: To advocate the application of species traits in bioassessment, two 
arguments are often made. The first argument is based on the “habitat 
template concept” as described by Southwood (1977), which assumes that the 
presence of a species indicates that it possesses the ecological strategy 
necessary to cope with environmental conditions at the site (Culp et al., 2011). 
This argument is used to stress the value of traits to provide mechanistic 
linkages. The second argument is the implied uniformity of trait composition 
over geographic scales; Statzner et al. (2001) showed stability in a measure of 
functional condition based on multiple biological traits between stream types 
under natural circumstances. The studied streams ranged from large rivers in 
France to a glacier-fed high mountain stream in the Caucasus. Remarkably, 
advocates of the species traits approach base their reasoning on these two 
arguments, as they are clearly contradictive. According to the habitat template 
concept, differences in environmental circumstances between stream types 
should result in different ecological strategies. According to the second 
argument, different geographic regions are characterized by uniform trait 
composition.  
 
re 3: Ecological trait metrics (e.g., stream velocity preferences, saprobic 
preferences) have been applied extensively in Europe and not been shown to 
be less or more variable than taxonomic composition metrics. We showed that 
seasonal variability is not lower or higher for ecological trait metrics compared 
to taxonomic metrics (Chapter 4). Variability depends on the stream type 
studied, the metric used, and the method (protocol) used for sampling and 
sample processing (Chapters 3 and 4; Clarke et al., 2006a, 2006b). Culp et al. 
(2011) referred to Bêche et al. (2006) when they stated that “biological traits 
appear to be more stable than taxonomic composition”. Bêche et al. (2006) 
studied the overall trait profile, i.e. a combination of 16 biological traits, 
including body shape and life span. The important questions are whether this 
overall trait profile can be used to assess the ecological quality of surface water 
and whether it can be applied to indicate the cause of ecological impairment 
when it occurs. 
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In addition to discussing whether the mentioned ‘strengths’ ascribed to traits 
really exist, many authors have mentioned difficulties associated with the 
application of trait information (e.g., Nijboer, 2006; Culp et al., 2011): 
 
 Population variation in traits is ignored in trait databases (Culp et al., 

2011). In trait databases, a static value (trait value) is assigned to each 
taxon, e.g., taxon x prefers polysabrobic conditions as indicated by trait 
value x. There are several ways variations in trait values can occur. 
First, trait values for a species can vary depending on the larval stage 
and/or size of the organism. For example, Sagnes et al. (2008) showed 
that aquatic insect larvae can exhibit different hydraulic habitat use 
while growing. Second, Southwood (1977) suggested that local events 
may make a habitat very adverse and population dynamics atypical, 
especially near the edge of a species’ range. Therefore, trait values may 
vary depending on the biogeographical region. Schröder et al. (2013) 
showed that habitat preferences for a species can differ between 
lowland and mountain streams. Third, in many studies traits are linked 
to genera or families instead of species. Nijboer (2006) discussed that 
this might result in errors in assigning the affinity to trait categories for 
both ecological and biological traits.  

 Low availability of trait data, both in terms of geographical and 
taxonomical coverage, and in terms of the number of traits (e.g., Van 
den Brink et al., 2011; Verdonschot, 2012). 

 The division of traits into categories is artificial and the way categories 
are defined will influence the performance of species trait analysis 
(Nijboer, 2006).  

 Including all relevant traits while excluding apparently irrelevant traits 
(Nijboer, 2006). 

 Applicability of trait modalities to all taxa (Culp et al., 2011). 
 Lack of standardization of nomenclature (Baird et al., 2011) and lack of 

uniformity between different existing trait databases. 
 

In general, advocates of species traits seem to ‘forget’ that traits are prone 
to exactly the same problems as taxonomic composition metrics. For example, 
Verberk (2008) stated that, based on findings by Nijboer (2006), complex 
methods (e.g., multivariate analysis techniques) used in biological assessment 
might lead to different conclusions depending on the subjective choices made 
during data analysis. An example of such a choice is whether to include rare 
species in data analysis. However, the choice of whether to include rare species 
in trait analyses will most likely also lead to different conclusions. Although 
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traits might not be the Holy Grail for bioassessment, there is no reason to 
believe that they cannot be applied for the purpose of bioassessement systems 
after the current issues with trait information/databases have been resolved. 
However, traits that respond to anthropogenic stress in a causal way 
(preferably stressor-specific traits to increase diagnostic power) will have to be 
identified first. At the very least, trait information is essential to gaining a better 
understanding of ecosystem functioning, provided that trait information is 
gathered at the species level. 
 
Conservation ecology versus biological assessment 
 
As stated in the introduction, monitoring for the purpose of biological 
assessment has a completely different focus compared to monitoring for the 
purpose of biodiversity conservation. Whether samples collected for the 
purpose of assessing the ecological quality of surface waters can also be used to 
provide conservation managers with information on individual species is an 
interesting question when attempting to make future monitoring programs 
more cost-effective. Thomas (2005) recommended that conservation 
organizations take advantage of existing monitoring schemes to monitor 
changes in aquatic biodiversity.  

To estimate trends in population dynamics based on abundance, 
monitoring applied in existing monitoring schemes is not feasible for rare or 
common aquatic invertebrates. Measured aquatic invertebrate densities are 
basically too variable due to their patchy distribution. For the same reason, 
most biological assessment systems do not incorporate metrics based on 
abundance. If they do incorporate a metric based on abundance, it will most 
likely be based on relative numbers (e.g., percentage of individuals with a 
preference for polysaprobic conditions). Whether it is possible to monitor 
changes based on presence-absence data is not clear. In the case of rare 
species, the answer to this question is no; especially in the case of rare species, 
large numbers of sites must be monitored to detect changes in the frequency of 
collection of individual macroinvertebrate species due to restoration measures 
or anthropogenic disturbance (Chapter 6). Unfortunately, conservation 
managers are most interested in these rare species. The required monitoring 
effort automatically implies that data collected by water authorities in 
biomonitoring programs developed to meet the requirements of the WFD will 
not meet the requirements of conservation managers in relation to the Habitat 
Directive/Natura 2000 network, among others. When interested in individual 
species, sampling methods will have to be adjusted to target these specific 
species and drastically increase the frequency of collection (probability of 
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detection) of these species to make monitoring more cost-effective. Even if the 
probability of detection is increased, it remains to be seen whether long-term 
monitoring of rare aquatic invertebrate species can help protect rare species. 
There are two reasons for this. First, it is necessary to detect population 
declines at an early stage to prevent extinction (Burbidge et al., 2007), which 
has proven to be difficult, even in the case of common species. There are many 
examples of studies in which large monitoring programs were not able to 
detect trends in population dynamics within a time frame of 5 years. A study 
by Maxwell & Jennings (2005) showed that the chance to detect a <20% 
change in the numerical abundance of adult fish after 5 years, with data 
resulting from the English bottom trawl survey, was high for abundant species, 
but very low for less abundant and vulnerable species. A study by Van Strien et 
al. (1997) reported that the British butterfly monitoring scheme using a 10-year 
detection period detected a change in population size of less than 25% with a 
probability of 80% in only two out of 51 species. Second, aquatic invertebrate 
monitoring is an invasive technique that requires the removal of individuals 
from their habitat, often killing them for the purpose of identification. This 
would be unacceptable, especially in case of rare species.  

Given the detection of a 40% change, monitoring common aquatic 
invertebrate species (frequency of collection ≥ 0.7) on the regional scale might 
be deemed acceptable in terms of cost; i.e., this will require less than 50 
monitoring sites (Chapter 6). Nijboer & Verdonschot (2004) reported that the 
frequency of collection at the national level is far lower than the frequency of 
collection within a region. Data collected from 7608 sites between 1980 and 
1988 by water authorities in the Netherlands differed between six distribution 
classes based on the percentage of sites with occurrences of a certain taxon. 
The highest class (abundant taxa) considered species that occurred in at least 
12% of the sampled sites. A collection frequency of 0.12 would mean sampling 
more than 880 sites at two points in time to detect a 40% change in the 
frequency of collection (α = 0.05 and β = 0.2) (Fig. A.2., Appendix Chapter 6). 
As it takes between one and three days to collect and process a 
macroinvertebrate sample, it is unlikely that the cost associated with 
monitoring aquatic invertebrates at 880 sites would be deemed acceptable in 
the Netherlands. Even if it is acceptable and a change in population dynamics 
can be detected, a national monitoring program does not provide answers to 
the questions regarding which area experienced change and what caused the 
change to occur.  

Nielsen et al. (2009) promoted the use of common species in long-term 
monitoring programs by arguing that even small proportional declines in the 
abundance of common species can significantly alter ecosystem structure, 
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function, and services, as suggested by the work of Gaston & Fuller (2008). 
However, selecting common species that will respond to anthropogenic stress 
and/or are indicators of ecosystem integrity remains a challenge. Otherwise, 
what is the point of monitoring common species apart from their intrinsic 
value?  

In the Netherlands, there is one group of aquatic invertebrates 
monitored not only by water authorities, but also by conservation managers in 
a long-term national monitoring program: the Odonata. Remarkably, no one 
seems to have combined the information collected by conservation managers 
on the adult stage of the species with the information from water authorities 
on the distribution of the larvae. Combining this information might result in 
unexpected findings. For example, adult specimens of the Leuccorhinia 
albifrons dragonfly were found near Heerenveen between 2000 and 2012 
(www.libellennet.nl), whereas the larvae have only been recorded near 
Waalwijk (2005) and Venray (1998) (www.piscaria.nl). Surprisingly, adult 
specimens were also recorded in Brabant prior to 1980 (www.libellennet.nl).  

Given the results from Chapter 6, I would advise against monitoring 
individual freshwater macroinvertebrate species, especially since it is not an 
option to involve volunteers in the monitoring of freshwater 
macroinvertebrate larvae due to the specific expertise required for 
identification, unlike national monitoring programs for birds and butterflies. 
However, it is clear that the more ‘pristine’ (small) freshwater habitats are 
currently underrepresented in water authority monitoring programs. From a 
conservation perspective, such waters are far more interesting than water 
bodies of ‘average’ ecological quality. Not only are these ‘pristine’ (small) 
freshwater habitats often more susceptible to stressors, they also harbor a 
relatively large number of rare species. An example is springs, which are 
sensitive to falling groundwater levels and small-scale changes in land use. 
Therefore, more focus should be placed on monitoring these more ‘pristine’ 
(small) freshwater habitats. 
 
Concluding remarks 
 
The issues raised in the synthesis can be summarized as follows:  
 
 The development of a biological assessment system for surface waters 

should be based on both biotic and abiotic variables, despite the fact 
that this introduces some form of subjectivity and circularity, especially 
in countries where pristine conditions are lacking for surface waters.  
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 When the development of a biological assessment system is based 
solely on abiotic values (calibration/post-classification) it is just as 
useful to measure these abiotic variables as long as the cost of 
biological monitoring is higher. 
 

 Only when we have further unraveled ecosystem functioning can we 
decide whether it is more cost-effective to monitor biotic or abiotic 
variables to assess ecological quality, i.e., biological monitoring might 
prove to be more cost-effective than continuously monitoring a large 
suite of physical and chemical variables. At the moment, however, 
variation in biological community composition remains mostly 
unexplained by the abiotic variables considered in aquatic monitoring 
programs. 
 

 To improve biological assessment systems and develop diagnostic 
tools, we need to gain a better understanding of ecosystem functioning 
by detecting causal mechanisms.  
 

 We need experimental data to determine whether correlations derived 
from observational data represent cause-effect relationships. When 
collecting these data, more focus should be placed on measuring on 
different temporal scales as opposed to current monitoring programs 
(e.g., more continuous measurements) and on abiotic variables that are 
not part of current routine monitoring programs (e.g., discharge), but 
potentially are major drivers of ecosystem processes. 
 

 Accuracy is important in the sense that the same sampling and sample 
processing method should be applied for assessment purposes, as 
differences in accuracy between methods may result in different 
bioassessment results. However, as long as the same method is applied 
at all sites, and this combination has been proven to discern signal 
(sensitivity to anthropogenic stress) from noise (variability), accuracy is 
a non-issue. Instead, the discussion should focus on variability to 
assure the validity of conclusions. 
 

 Variability in metric values varies between stream types, season 
(sampling date), and sampling and sample processing method. 
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 Species traits are not the Holy Grail for biological assessment, but they 
are essential to gain a better understanding of ecosystem functioning 
and, as a result, the development of diagnostic tools. 
 

 Data collected by water authorities in biomonitoring programs 
developed to meet the requirements of the WFD will not meet the 
requirements of conservation managers. When interested in population 
dynamics of individual species, sampling methods will have to be 
adjusted to target these specific species and drastically increase the 
frequency of collection (probability of detection) of these species in 
order to make monitoring more cost-effective.  
 
Finally, I want to stress that we should not forget that high variability is 

not solely an issue of biology. Although variation in biological data can be high, 
temporal and spatial variation in physical and chemical variables can also be 
high (e.g., Veeningen, 1982). We should face the issue of high variability by 
gaining a better understanding of ecosystem functioning and unraveling cause-
effect mechanisms, as well as by developing more cost-effective sampling and 
sample processing methods. A short-term solution to reduce variability and 
improve the performance of current assessment systems in the Netherlands 
would be to implement quality assurance and quality control procedures that 
have been successful in the United Kingdom. In addition to training personnel 
in sampling and sorting and performing audits of identification and sorting, 
additional standardization of the sampling and sample processing protocol is 
required, especially in terms of sorting effort. In the long run, water managers 
need to consider applying probability sampling to draw statistically sound 
conclusions at the water body/national level. Probability sampling in 
combination with a relatively cheap sampling and sample processing method 
for assessing ecological status (‘Quick Scan’ method) will result in more cost-
effective monitoring programs. 
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