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Chapter 1

Introduction

This introduction gives a broad overview of the terminology and classification of perfluoroalkyl acids (PFAAs) (1.1), the physico-chemical properties (1.2), sources and environmental
fate (1.3), precursors of PFAAs (1.4), human exposure, serum levels and guideline values
(1.5), removal of PFAAs from water (1.6), justification of the research (1.7), objectives of the
thesis (1.8) and research questions (1.9) are discussed. Chapter 2 reviews the presence of
PFAAs in surface, ground and drinking water and the removal of PFAAs from water.

1.1 PFAAs: Terminology and classification
The work performed in this thesis focusses on PFAAs (see Table 1 and Figure 1). These
compounds are part of a larger group of chemicals named the poly and perfluoroalkyl
substances (PFASs). PFASs consist of non-polymers and polymers. Non-polymers receive
by far the largest deal of scientific attention while the polymers are commercially more
interesting and produced in larger volumes.
Non-polymers consist of the PFAAs, perfluoroalkane sulfonyl fluorides (POSFs), perfluoroalkane sulfonamides (FOSAs), perfluoroalkane sulfonamidoethanols (FOSEs), perfluoroalkyl iodides and perfluoroalkyl aldehydes and the polyfluoroalkyl substances:
perfluoroalkane sulfonamido derivatives, fluorotelomer (FTOH) based compounds. They
have a hydrophilic group such as a carboxylate or a sulfonate and a hydrophobic poly or
per-fluorinated carbon chain of varying length (Figure 1 and Table 1). In general in the
environment PFASs can be ionized, and consequently they are water soluble (e.g. PFAAs
such as perfluorooctanoic acid (PFOA)) or they can be neutral, and volatile, such as the
fluorotelomer alcohols (FTOH).
The polymers consist of the fluoropolymers (carbon only with fluoride directly attached,

Figure 1 Structure of a PFAA (perfluorooctanoate, PFOA) with the hydrophobic tail and hydrophilic head group
shown

e.g. polytetrafluoroethylene (PTFE)), perfluoropolyethers (carbon and oxygen backbone
with fluorines directly attached to carbon) and the side-chain fluorinated polymers.
(Buck et al., 2011).
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Table 1 Overview of the PFAAs studied in this thesis

Acronym

Analyte

molecular structure

Perfluorocarboxilic acids
PFBA
Perfluorobutanoic acid
PFPeA
Perfluoropentanoic acid
PFHxA
Perfluorohexanoic acid
PFHpA
Perfluoroheptanoic acid
PFOA
Perfluorooctanoic acid
PFNA
Perfluorononanoic acid
PFDA
Perfluorodecanoic acid
PFUdA
Perfluoroundecanoic acid
PFDoA
Perfluorododecanoic acid
PFTrDA
Perfluorotridecanoic acid
PFTeDA
Perfluorotetradecanoic acid

C3F7COOH
C4F9COOH
C5F11COOH
C6F13COOH
C7F15COOH
C8F17COOH
C9F19COOH
C10F21COOH
C11F23COOH
C12F25COOH
C13F27COOH

Perfluorosulfonic acids
PFBS
Perfluorobutane sulfonic acid
PFHxS
Perfluorohexane sulfonic acid
PFOS
Perfluoroocatane sulfonic acid
PFDS
Perfluordecane sulfonic acid

C4F9SO3H
C6F13SO3H
C8F17SO3H
C10F21SO3H

PFBS

Fluorotelomer alcohols
4:2 FTOH 4:2 Fluorotelomer alcohol
6:2 FTOH 6:2 Fluorotelomer alcohol
8:2 FTOH 8:2 Fluorotelomer alcohol
10:2 FTOH 10:2 Fluorotelomer alcohol

C6F9H4OH
C8F13H4OH
C10F17H4OH
C12F21H4OH

6:2 FTOH

PFBA

PFAS have been used in a broad variety of applications since the 50s of the 20th century
because of their excellent thermal, biological and chemical stability and outstanding
water, dirt and fat repellent and surface tension lowering inducing properties in the
products used (Kissa, 2001). Examples are the water proofing of textiles such as jackets
and carpets (mainly the FTOHs, FOSAs and FOSEs), aqueous film forming foams (AFFF),
paints, photo paper, and food packaging materials (FTOH based polymers). (Dinglasan
et al., 2004; Kissa, 2001)
PFAS are exclusively anthropogenic chemicals produced via two distinct production pathways: electrochemical fluorination (ECF) and fluorotelomerization (iodide oxidation, olefin
oxidation, and iodide carboxylation). The ECF production process, used for the majority of
the perfluorocarboxylic acids (PFCAs) from 1947 to 2002, yields a large number of
branched isomers. After the discontinuation of the ECF production process in 2002 by the
3M company in North America (production in China still continues), the fluorotelomerization processes was mainly used to manufacture fluorotelomer alcohols and PFCAs. Fluorotelomerization mainly yields even chain length perfluorinated iodides used as starting
material for the FTOHs and PFCAs production. (Buck et al., 2011; Prevedouros et al., 2006)
Environmental presence of PFAAs was discovered in the early 2000 years as a result of
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the use, production and disposal of fluorinated surfactants and polymers. PFAAs were
found to be present in different environmental matrices such as oceans, rivers, biota,
serum (Hekster et al., 2003; Giesy and Kannan, 2001).
1.2 Physico-chemical properties of PFAAs
The reason why PFAS are used in a wide array of industrial and consumer products
stems from their peculiar and particular physico-chemical properties. The basis of the
peculiar characteristics lies in (i) the high electronegativity of fluorine, the most electronegative atom on the Pauling scale (χ = 4). The high electronegativity of the Fluoride
atom explains the highly polarized Cδ+–Fδ- bond and large dipole moment. (ii) The electronic configuration of fluorine (1s22s22p5), consisting of three lone pairs and one nonbonding electron in the second (outer) shell. Hence the fluorine atom needs only one
electron to fill its outer shell and comply with the octet rule. The strong polarity suppresses the lone pair donation ability which one might expect on the basis of the electronic configuration. The consequence being that the fluorine mainly interacts with its
surrounding via dipole and electrostatic interactions. (iii) The excellent match between
the 2s and 2p orbital of fluorine and carbon. This results in the strong C-F bond (with
∆H ≈ 407 kJ/mol) and an effective shielding of the carbon atoms in a fully fluorinated
carbon chain. (O’Hagan, 2008)
The acid dissociation constant of the different PFAAs is a subject of much debate because
its importance as input parameter in risk-assessment models (Goss, 2008). The pKa determines the environmental behavior of PFAAs to a large extent. Figure 2 shows the
Log(pKa) of PFCAs available in the literature. The large standard deviation in the center of
Figure 2 corresponds to perfluorooctanoic acid (PFOA) for which a large number of varying experimental data is available. Figure 1 depicts PFOA at an environmental relevant pH
(about pH 7 in surface water and drinking water), at which the PFCA molecules are completely deprotonated. This is very important for the environmental fate of PFAAs since the
ionic head greatly contributes to the solubility of the PFAA molecule (see Prevedouros et
al., 2006). In a very recent paper Vierke et al. (2013) showed experimentally that pKa’s of
the PFCAs are less than 1.6 and those of PFSAs less than 0.3.

Figure 2 PFCA carbon chain
length plotted against mean reported log(pKa) values. The large
standard deviation at chain
length 7 is caused by the deviation in the literature data available. For shorter and longer chain
PFCAs fewer data points are available and therefore no error bars
can be given. Data taken from the
review by Krop et al. (in prep).
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Another important chemical parameter in determining the environmental fate of a chemical is the octanol-water partitioning coefficient (Kow). The Kow is used in environmental
risk assessment models since it has been shown that partitioning in different environmental matrixes (sediment and biota) is governed by the hydrophobicity of a chemical.
When a chemical is hydrophobic it will partition to the octanol phase, while a hydrophilic chemical will tend to move towards the water phase. The determination of
such parameters for PFAAs has been source of controversy since the surfactant-like behavior of PFAAs causes them to move to interfaces, thus with the tail in the octanol and
the ionic-head into the water and because of formation of emulsions at higher PFAA
concentrations during experiments. In order to be able to describe hydrophobic interactions de Voogt et al (2012) introduced alternative hydrophobicity parameters. These
were measured on a HPLC system with a C18 column as a proxy for the octanol. Chapter
7 elaborates in depth on the role of the head and the tail in adsorption of PFAAs.

1.3 Sources and environmental fate
Direct sources of PFAAs to the environment include release of a specific PFAA as such.
An example is the release of PFAAs from a fluoro-polymer production factory (via WWTP
or air stacks) where PFAAs are used as processing aids (Prevedouros et al., 2006). Another example is the leaching of PFAAs, present as residuals or integral part of the formulation, from industrial or consumer products (e.g. AFFF). Indirect sources of PFAAs to
the environment comprise degradation of precursor compounds to a specific PFAA. Precursor compounds have been defined as any compound which contains a perfluoroalkyl
moiety with the formula CF3(CF2)n- (with n > 2) which is directly bonded to any other
chemical moiety other than a fluorine, chlorine or bromine atom1. In principle all compounds containing such a completely fluorinated moiety can potentially be degraded to
PFAAs, making the number of potential candidates quite large. The degradation of FTOH
or POSF based chemicals (see Chapter 1.4), and fluoropolymers to PFAAs in the environment, human blood serum, and other matrices are specific examples (Ellis et al., 2004;
Dinglasan et al., 2004; Young and Mabury, 2010).
Sources leading to the presence of PFAAs in the environment have been discussed by
Prevedouros et al. (2006). Similarly for POSF based chemicals (precursors of PFOS) an
overview is given by Paul et al. (2009). Environmental loads of PFOS calculated from environmental monitoring data, (110-10.000 t in oceans; 4-800 t in freshwater; 3-340 t in
sediments) corresponds to the estimated amounts released into the environment via direct and indirect sources (3.200-7.300 t) (Prevedouros et al., 2006). It is difficult to assess the current state of these numbers since a great deal of effort has been placed into
the reduction of emissions from fluorochemical production plants in recent years. For
perfluorooctane sulfonyl fluoride a total production of 122.500 t (including waste) has
been reported for the period 1950 to 2006 (Paul et al., 2009) and it was estimated that
450-2.700 t was released into the environment via WWTP (sum of direct and indirect
sources). The main environmental sink was estimated to be the oceans with a calculated
total load of 235-1770 t based on measured oceanic concentrations. This corresponds
fairly well to the emission estimates. POSF is the major raw material for the production
of PFOS, and derivatives: polyfluoroalkyl phosphate esthers (PAPs), and Acrylate
monomers (Buck et al., 2011). Since the publication of these reviews, PFOS
1

-Definition based on the Environment Canada website: http://www.ec.gc.ca/ese-ees/default.asp?lang=En&n=370AB133-1
Main difference being the length of n which is defined to be 6 or 7 by environment Canada.
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was placed on the Stockholm convention annex B list in 20092. In anticipation 3M (the
main producer) had phased out PFOS in Europe and North America in 2002 already.
Similarly for the PFCAs, under the PFOA stewardship programme initiated by the US-EPA,
the production shifted from mainly PFOA (C7), PFDA (C9) and PFUnA (C11) yielding synthesis routes to PFBA (C3) and PFHxA (C5) yielding production processes (to be voluntarily completed by 2015)3 (with Cn the number of CF2 units). Little quantitative
information on the changes in production processes is available yet, however production
of POSF was increased dramatically in China after the ban in Europe and North America
from about 30 t in 2001 to 200 t in 2006 (Lim et al., 2011; Buck et al., 2011).
As a result of the shifts in production and emission in North America and Europe, concentrations of PFOA, PFOS and longer chain PFAAs have been observed to decrease in
human serum (see section 1.5) and in the environment (Butt et al., 2007). As an example, Figure 3 shows the rapid environmental decrease of PFOS in Guillemot eggs after
the European phase out of PFOS (Holmström et al., 2005). In contrast to the decrease of
PFOS and PFOA, the short chain alternatives such as PFBA, PFBS and PFHxA have been
observed to increase in North America and Europe. In China concentrations of PFOS
have been observed to increase (see Chapter 1.5).

Figure 3 PFOS concentration in Guillemot eggs with two year moving average shown
(data from Holmström et al., 2005).

2
3

- http://chm.pops.int/Convention/ThePOPs/TheNewPOPs/tabid/2511/Default.aspx
- http://www.epa.gov/oppt/pfoa/pubs/stewardship/
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1.4 Precursors of PFAAs
When comparing the influent and effluent PFOA concentrations in water from a wastewater treatment plant (WWTP), an increase in the effluent of PFOA concentrations is
often observed and has been reported to be significant in several papers (Sinclair and
Kannan, 2006; Loganathan et al., 2007). An example is the PFOA increase from 83 ng/L
to 155 ng/L reported by Loganathan et al. (2007). More dramatic increases of up to 50
times the influent concentration have been observed in WWTP effluents (Dauchy et al.,
2012). Invariably although not proved, the increase is attributed to the (bio)degradation
of “precursor compounds” during the activated sludge treatment step. Figure 4 gives a
compilation of influent vs. effluent data from a series of sampled WWTP influents and
effluents. It shows that about 80% of the data points are above the 1:1 line and, consequently, demonstrates that formation of PFCAs occurs in WWTPs. The potential precursors responsible for this phenomenon are numerous and remain a source of scientific
interest (e.g. the current German Umweltbundesamt precursor project aiming at identifying PFOA precursors in wastewater).

Figure 4 Influent and effluent PFOA concentration (ng/L). Dotted line shows the 1:1 relation between influent and
effluent, data compiled from (Boulanger et al., 2005; Schultz et al., 2006; Loganathan et al., 2007; Becker et al.,
2008; Bossi et al., 2008; Kunacheva et al., 2011; Pan et al., 2011).

The degradation of (residual) monomers used for side-chain fluorinated polymer production, has been postulated to be part of the indirect sources and pathways to environmental and human exposure of PFAAs. Despite the large amount of fluorine containing
polymers produced little quantitative and qualitative information is available on their
contribution to (indirect) PFAA input in the environment. This is a key uncertainty in assessing the sources of PFAAs to the environment. It was reported that 33 fluoropoly-
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mers, side-chain fluorinated polymers and perfluoropolyethers manufacturing sites in the
world together have a total global production capacity of about 144000 t in 2002
(Prevedouros et al., 2006).
Fluoropolymer degradation studies seem to focus on the side-chain fluorinated polymers
consisting of fluorotelomers (eg. fluorotelomer alcohols, fluorotelomer acrylates, fluorotelomer iodides and fluorotelomer olefins which degrade to PFCAs) (see Figure 5 for
an example) or POSF based moieties (e.g. N-EtFOSEs which degrade to PFSAs).
Biodegradation studies with side-chain fluorinated polymers have been performed by
Russell et al. (2008) and Washington et al. (2009) who observed low degradation rates.
The differentiation between the degradation of precursors to PFAAs and the leaching of
residual PFAAs originally present in the polymer (see e.g. Dinglasan et al., 2004) from
the fabric/material is almost impossible to make and was a problem in both studies. The
degradation of polyfluoroalkyl substances (non-polymer) substances such as FTOHs, has
been studied more extensively. Although the degradation of PFAAs should theoretically
(based on the thermodynamics) be possible (Parsons et al., 2008), no evidence of -CF2chain degradation of PFAAs has been published yet.
Degradation pathways of PFAA precursors such as 8:2 FTOH (see Table 1 for structure),
have been extensively studied (Wang et al., 2005a). Precursor compounds containing a variety of functional groups (hydroxyl, ester) and C2H4 moieties (the FTOHs) are prone to
(bio)degradation into PFAAs or other degradation products. Froemel and Knepper (2010)
summarized metabolic pathways for polymers and FTOH degradation. Fluorotelomer based
polymers are suspected to be hydrolyzed at the ester linkage between the monomer and
carbon backbone of the chain (see Figure 5). Typically for a hydrolysis reaction an –OH
group will add to the C of the carbonyl group and a proton to the O creating an alcohol: a
FTOH (not shown in Figure 5). This in turn will be degraded by well known pathways: oxidation of the alcohol to the corresponding aldehyde, followed by formation of the carboxylic acid and the unsaturated carboxylic acid (Washington et al., 2009). After this step,
several pathways have shown to yield different PFAAs (Wang et al., 2005b).

Figure 5 Hypothesized degradation process of a side-chain fluorinated acryl polymer.
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1.5 Human exposure, serum levels and guideline values
Dermal exposure, dietary intake, dust intake, in- and out-door air, drinking water intake,
consumer articles and precursors are human exposure pathways to PFAAs (Vestergren and
Cousins, 2009). Dietary intake has been shown to be the most important pathway, particularly fish and other seafood and vegetables as main contributors for PFOS and only vegetables as main contributors for PFOA (EFSA, 2012; Perfood, 2013; Klenow et al., 2013).
The relative importance of drinking water to total exposure depends on the concentrations
used for the exposure modelling and will vary for the different PFAAs and geographical locations studied. Noorlander et al. (2011) calculated that an assumed drinking water concentration of 9 ng/L of PFOA already was responsible for 55% of the total human
exposure. Vestergren and Cousins (2009) found that concentrations of PFOA in drinking
water of 40 ng/L only contributed to about 10% of human exposure. Contributions of
water intake to the total exposure have thus been shown to vary and are often depending
on the local water contamination. For PFOA it has been shown that an approximate 100:1
ratio exists between serum and water concentrations, when drinking water is the major
source of exposure (Post et al., 2012). Thus an increase of 1 ng/L in water will cause and
increase of 0.1 ng/mL in serum.
It has been shown that the human body burden of PFAAs, reflected in the average serum
concentrations found worldwide, is stemming from exposure to PFAAs and exposure to precursor compounds which can be metabolized into PFAAs (D’eon and Mabury, 2011a and
2011b; Vestergren and Cousins, 2009). In a comprehensive review by Post et al. (2012) average background values between 2 and 8 ng/mL serum in the industrialized world were reported. For occupationally exposed humans concentrations above 100 ng/mL have been
reported. After the PFOS and PFOA phase out (see section 1.3) human serum concentrations
of PFOS and PFOA have decreased in Europe and North America as shown in Figure 6, while
concentrations have increased in Asian countries (namely China). Increase of PFOS and PFOA
concentrations in human blood was observed in China by Chen et al. (2009). New short
chain alternatives to the PFOA and PFOS have been observed to increase in human serum.
Figure 6 shows the increase of PFHxS and PFBS.
Half-lives of PFAAs in humans have been found to increase with increasing chain length,
where the sulfonic acids had longer half-lives (e.g. PFOS = 8.7 y) than the carboxylic
acids (PFOA = 4.4 y). Possibly biodegradation of precursors compounds could have
caused the long half-lives (Burris et al., 2002). The long half-lives of PFOA and PFOS in
serum are stemming from their partitioning to the liver and serum primarily where they
are bound to the albumin and other proteins (Jones et al., 2003; Han et al., 2003). Short
chain PFAAs have been shown to have a much shorter half-life: 75 h for PFBA (Chang et
al., 2008). Half-lives reported for other species, e.g. monkeys, are remarkably shorter
(Lau et al., 2007; Lieder et al., 2009).
Based on a risk assessment performed by the European Food Safety Agency (EFSA) in
2008 tolerable daily intakes (TDI) of 150 ng/kg bw/day and 1.5 μg/kg bw/day for PFOS
and PFOA, respectively were proposed (Johansson et al., 2009). The Minnesota Department of Health proposed a TDI of 2.8 μg/kg bw/day for PFBA (Wilhelm et al., 2010). Observed acute toxicological endpoints (based on rat and monkey toxicity data mainly) for
PFOS were effects on the liver and thyroid, and for PFOA effects on the liver, fetal development, reduction in red blood cell numbers, and immune system changes. Chronic toxic-
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Figure 6 Temporal trends of human serum concentrations of PFHxS and PFOS on the (left axis) and PFBS (right
y-axis), data taken from Glynn et al (2012).

ity data have so far only been obtained from experiments with rats and it was argued
that toxicology outcomes described above and used for the derivation of guideline values
might not represent the most sensitive endpoints (Grandjean and Budtz-Jørgensen, 2013).
Guideline values for drinking water concentrations differ per country in general and are
derived assuming a 10% or 20% source contribution to the TDI from water (2 L intake
per day, average body weight 70 kg). The German drinking water commission (TWK,
2006) calculated a lifelong health based guideline value of 300 ng/L for the sum of
PFOA and PFOS. The US-EPA (Environmental Protection Agency) developed provisional
health advisories of 400 and 200 ng/L for PFOA and PFOS respectively. The state of
New-Jersey, USA determined a lower guidance value of 40 ng/L for PFOA (EFSA, 2008).
In Northern Europe guideline values were proposed based on immunotoxicity response
in a birth cohort from the Faroe islands. It was shown that a benchmark response of
5% was obtained at serum concentrations of 1.3 ng/mL for PFOS and 0.3 ng/mL for
PFOA (Grandjean and Budtz-Jørgensen, 2013). Wilhelm and co workers (2010) proposed
a drinking water guideline value of 7 μg/L which was based on a NOAEL of 6.9 mg/kg
bw. Although no guideline values are available for all the short chain PFAAs, PFBS,
PFBA and PFHxA have a much lower toxicity than the longer chain PFAAs such as PFOA
and PFOS (Wilhelm et al., 2010).
Official environmental quality standards (EQS) from the EU are not available yet for PFOS.
The Dutch RIVM proposed a tentative values of 0.65 ng/L for PFOS (Moermond et al., 2010)
which is lower than the average background concentrations of PFOS encountered in European surface waters (see Chapter 2 for PFOS concentrations in European surface waters).
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1.6 Removal of PFAAs from water
Investigation into the removal of PFAAs from water started as a result of calamities
where aqueous film forming foams containing PFOS were mixed with water. An example is the fire that occurred at a refinery in Missouri, USA where 1.1 million gallons of
AFFF contaminated wastewater was generated and stored because no remedial technology to remove PFOS from the contaminated water was available yet. In this case
the Fire Fighting Foam Coalition (AFFC)4 was able to bring officials in contact with
employees to assist with the remediation of the wastewater. A trailer system with
two pressure vessels containing 5000 pounds each of granular activated carbon
(GAC) was able to treat the wastewater in 15 days. Another well known example of
such a remediation action occured at the Buncefield oil depot in the UK where an explosion occured in December 2005 (Atkinson et al., 2008). These examples illustrate
the first specific use of GAC for the removal of PFOS and related substances from
water. In the present time GAC still remains the main technology for removal of
PFAAs from water or wastewater. Removal technologies known to remove PFAAs to a
better extent such as reverse osmosis or nano filtration (Tang et al., 2006) are not
used on a large scale since they are expensive. The removal of PFAAs from water is
investigated in much more detail in this thesis, see Chapter 2 (review), Chapter 5
(behavior of PFAAs during drinking water treatment) and Chapter 7 (adsorption behavior of PFAAs).

1.7 Justification of the research
Although the science of PFAAs started in the 1950s already (Kissa, 2001) the environmental scientific interest only arose in the new millennium. The first comprehensive studies (e.g. Giesy and Kannan, 2001; McLachlan et al., 2007; Hekster et al., 2003) and
reports (e.g. de Voogt et al., 2006) dealt with the levels of PFAAs in different environmental compartments. As the information on human exposure pathways grew larger it
was shown that human exposure through the diet and drinking water can be important.
However, the origins of PFAAs in the diet remained obscure. As a consequence of this
observation, the European PERFOOD project5 was initiated where the origin of the PFAAs
in the diet and the diet’s contribution (including drinking water) to the total human
body burden was assessed. In this thesis the presence of PFAAs in drinking water and
their corresponding origins were assessed.

1.8 Objectives of the thesis
At the start of this work it was known that PFAAs were present in surface waters, and
that there was a relation between observed raw water concentrations and corresponding
drinking water concentrations (Takagi et al., 2008). However, scientific papers provided
very few insights into the actual sources of PFAAs to the groundwater or surface waters
used for drinking water production. Furthermore the actual behavior of PFAAs within the
drinking water treatment works was often considered as a “black box”. The general objective of the present thesis was to gain insight in the presence and the behavior of
PFAAs in the drinking water production process. Studying the sources to drinking water,
concentrations of PFAAs in drinking water, and the behavior of PFAAs during drinking
water treatment were the aim of the first part of this thesis. Based on the knowledge
4
5

www.fffc.org acces date 30-7-2013
www.perfood.eu accessed 24-08-2013
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gained from the first part, novel materials that can be used for the removal of PFAAs
from drinking water were investigated.

1.9 Research question
Overall the following research questions were formulated:
1.

To what extent are PFAAs present in the water resources used for drinking water
production and what are the origins of these compounds?

Chapter 2 reviews in depth the presence of PFAAs in European surface waters, groundwater and drinking water together with the removal technologies applied in drinking
water production. Chapter 3 tracks the sources of PFAAs to groundwater and shows
which sources are important for drinking water. Chapter 4 addresses the sources of different PFAAs to surface waters and infiltrated rainwater in a sandy dune infiltration area.

2. What is the influence of the drinking water production processes and beverage
production processes on the PFAAs present in the raw drinking water?
In Chapter 5, the behavior of PFAAs during the different treatment steps of a drinking
water treatment plant is studied. This Chapter investigates the removal of different
PFAAs in relation to the nature of the head group and the length of the fluorinated carbon chain. In Chapter 6 the sources of PFAAs to high consumption tap-water based beverages is investigated.

3. How can the removal of PFAAs from drinking water be optimized on the basis of the
physical-chemical characteristics of PFAAs and the nature of sorbent materials?
In Chapter 7 the potential of traditional and novel sorbent materials to remove PFAAs
from water are investigated.
In Chapter 8 a Synthesis and Outlook of the work is presented.
The work described in this thesis was carried out at the KWR Watercycle Research Institute and the University of Amsterdam-IBED within the framework of the EU-FP7 project
PERFOOD, the TTIW-cooperation framework of Wetsus, centre of excellence for sustainable water technology and the European Marie Curie Research Fellowship Programme.
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Chapter 2

Literature review: Perfluoroalkyl acids in European
surface waters, groundwaters and drinking waters.

Published as book chapter in: In “Polyfluorinated Chemicals and Transformation Products”. T.P. Knepper and F.T. Lange (eds.). Handbook of Environmental Chemistry 17:
73-102. Springer-Verlag Berlin Heidelberg (Germany).

Eschauzier, C., de Voogt, P., Brauch, H-J., Lange, F.T.
2012. Polyfluorinated chemicals in European surface waters, ground- and drinking waters.
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Abstract
Perfluoroalkyl acids (PFAAs), especially short chain fluorinated alkyl sulfonates and carboxylates, are ubiquitously found in the environment. This paper aims at giving an overview of PFAA concentrations found in European surface, groundwaters and drinking
waters and the behavior of these compounds in the drinking water treatment steps.
Main sources of PFAAs to the water environment are municipal and industrial wastewater treatment plants. Treated landfill leachate also showed to be an important source of
PFAAs to surface waters. Existing data suggest central and south European rivers to
have higher concentrations and mass discharges of PFAAs than Northern European countries. However, this conclusion might be an artifact due to differences of monitoring activities in different regions.
High PFAA levels in groundwater are often restricted to some contaminated areas, e.g.,
due to illegal waste deposition on agricultural land or in the vicinity of a fluoropolymer
producing factory. Sites with former fire-fighting activities are also potential “hotspot”
areas. Concentrations encountered in drinking water remain fairly low on average. Typical concentrations are in the low ng/L with the exception of highly contaminated areas,
like in the rivers Möhne and Ruhr in Germany. The concentrations encountered in drinking water depend on the treatment technologies used to purify the water. Drinking
water prepared with activated carbon or reversed osmosis will in general contain lower
concentrations in tap water than in the raw water. However, the efficiency of water treatment depends much on the local boundary conditions.
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2.1 Introduction
Perfluoroalkyl acids (PFAAs; where all hydrogens in the alkyl chain are substituted for
fluorine), in particular short chain perfluoroalkyl sulfonates and carboxylates, are ubiquitously found in the environment. Their persistence, and the bioaccumulative and toxic
properties of some members of this compound class have instigated a considerable
scientific, public and governmental concern and interest (Hekster et al., 2003). PFAAs
are found from the low ng/L to the low μg/L range in different types of environmental
samples, such as surface waters (Skutlarek et al., 2006; McLachlan et al., 2007; Moody
et al., 2002), groundwater (Moody et al., 2003; Murakami et al., 2009a), drinking water
(Ericson et al., 2009; Ericson et al., 2008), sea water (Ahrens et al., 2009a; Yamashita et
al., 2005), sediments (Higgins and Luthy, 2006; Becker et al., 2008), biota (Furdui et al.,
2008; Butt et al., 2008; Dai et al., 2006), food items (Vestergren and Cousins, 2009) and
blood serum (Kannan et al., 2004). This paper reviews the presence of polar PFAAs in
surface waters, groundwater and drinking water in Europe.
Although severe environmental concern arose not until the 1990s, the manufacture and
processing of the diverse classes of fluorochemicals started about 60 years ago. The
role they take in our everyday life has become increasingly important. They are used in
a wide range of products and processes because of their unique properties. Differing
surfactant properties of the various head groups and carbon skeleton chain lengths
make that these surfactants are produced and used in many forms, for example for fluoropolymer synthesis and aqueous film forming foams (AFFFs). Furthermore, derivatives
like esters and sulfonamides are used for leather, paper and textile finishing, as well as
for impregnation of food packaging. It is the specific properties such as water, fat and
dirt repellence, thermal and chemical stability, microbial inertness, and surface tension
lowering that make PFAAs interesting for a multitude of commercial applications (Kissa,
2001).
Recent actions taken by authorities in order to prevent further environmental contamination have led to several reductions in environmental emissions in the immediate past or
near future. The voluntary initiative launched in 2006 by manufacturing industries to reduce emissions of perfluorooctanoic acid (PFOA) to the environment by 95% until 2010
(2000 as baseline year) is one example6. Although involved western industries aim at
stopping PFOA emissions from products or facilities by 20156, one should be aware that
the phase-out of emissions does not entail global production stop. Recently, perfluorooctane sulfonate (PFOS) has been classified as a persistent organic pollutant (POP) by
the Stockholm convention7. Also a restrictive regulation on the use of PFOS in Europe
has been accepted by the European Parliament in 2006 (EU, 2006). According to the directive industries which cannot operate without PFOS are bound to use the best available techniques (BAT) to reduce emissions to the environment (EU, 2006) and consumer
products (semi-finished products or articles) may not contain more than 0.1 wt% of
PFOS. The short-chain perfluorobutane sulfonyl fluoride (PBSF) and its derivatives were
introduced by the 3M Company to replace the C8 homologues (Olsen et al., 2008). The
C4 compounds are less bioaccumulative and toxic, but remain persistent in the environment. Prevedouros et al. (2006) distinguished two types of sources to the environment:
direct and indirect sources.
Direct sources involve the use of consumer products (e.g. leaching from water and stain
6
7

U.S. Environmental Protection Agency: 2010/2015 PFOA Stewardship Program. http://www.epa.gov/oppt/pfoa/pubs/stewardship/ (02-02-2011)
Stockholm convention on POPs. http://chm.pops.int/Programmes/NewPOPs/The9newPOPs/tabid/672/language/en-US/Default.aspx (02-02-2011)
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repellents), manufacture and use of PFAA salts and fluoropolymers (such as polytetrafluoro ethylene, PTFE) and especially the use of AFFFs (associated with high levels of
non-branched and branched perfluorohexanoic acid (PFHxA), PFOA, perfluorohexane sulfonate (PFHxS), PFOS (Moody et al., 2002 and 2003; Schultz et al., 2004)), and 6:2 fluorotelomer sulfonate (6:2 FTS). In general, the actual discharge into the environment will
occur via industrial or municipal waste water treatment plants (WWTPs) (Sinclair et al.,
2006; Boulanger et al., 2005; Bossi et al., 2008), via direct emission to air, or through
an AFFF (Moody et al., 2002 and 2003) or industrially contaminated area. In summary,
known anthropogenic activities, which can release significant quantities of PFAAs, are industrial WWTPs (depending on the activities), landfill leachate WWTPs (Eggen et al.,
2010; Bush et al., 2010), (former) AFFF training areas and (former) landfills. These “hot
spots” have been related to elevated surface waters, groundwaters and drinking water
contamination in several areas (see below).
Indirect emissions are caused by atmospheric degradation of precursor compounds. Atmospheric degradation of precursors is likely the major source of pollution in remote
areas (Ellis et al., 2004; Loewen et al., 2008). Municipal WWTP effluents, and infiltration
of urban runoff and leaching piping (Murakami et al., 2009 a and b) are probably the
major source of diffuse pollution to rivers and groundwater aquifers.
This paper aims at giving an overview of PFAA concentrations found in European surface
waters, groundwaters and drinking waters. Furthermore, an overview of characteristic
sources of PFAAs to the environment is given. Because peer-reviewed literature available
on the presence and behavior of PFAAs in European groundwaters and drinking water is
still scarce some “grey literature” was also included, such as reports and websites of official institutions. Where necessary, data from outside Europe were also used to illustrate specific contamination examples for which no data exist in Europe.
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Table 1 PFAAs in different European rivers (arithmetic mean values in ng/L; n.d. = not detected; < LOQ = below limit of quantification)
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2.2 PFAA concentrations in surface waters in Europe
A number of surface waters in Europe have been shown to contain PFAAs as anthropogenic trace pollutants (Table 1). Concerning sources of surface water contamination,
WWTPs play an important role. Municipal, industrial (Boulanger et al., 2005; Bossi et al.,
2008; Loganathan et al., 2007) and treated landfill leachate WWTP effluents (Eggen et
al., 2010; Bush et al., 2010) have been proved to discharge PFAAs and to increase environmental concentrations in rivers and also in groundwater aquifers (see Chapter 2.3.
“PFAAs concentrations in groundwater”). One study (Pistocchi and Loos, 2009) was able
to correlate the mass-flow of PFOA and PFOS to the number of inhabitants in a watershed indicating that municipal WWTPs certainly contribute to PFAAs discharges into the
environment. However, beyond a discharge threshold of PFOA of 0.5 tons per year this
relation did not hold anymore. An increased influence of point sources was expected to
be an explanation. PFAA concentrations in the European rivers are discussed in rough
geographical order from North to South.

2.2.1 Northern Europe.
The available reports about PFAAs in Nordic surface waters present relatively low concentrations in comparison with the rest of Europe (Table 1). The low population density
and fewer industrial activities in Scandinavian countries compared to central Europe
could explain the lower concentrations found in the North of Europe. One study, in
which Norwegian lake water was analyzed (n = 4), found low concentrations of PFAAs.
PFOA was measured at the highest concentration of 8.2 ng/L and the PFOS concentration was 0.48 ng/L (Kallenborn et al., 2004). In Swedish rivers and lakes McLachlan et
al. (2007) reported concentrations below 0.36 ng/L for PFHpA, PFOA, and PFOS and Lien
et al. (2006) reported average PFOA and PFOS concentrations of 1.7 and 1.9 ng/L respectively around Örebro (see Table 1).

2.2.2 Central Europe.
The Rhone, Rhine, Danube, and Po rivers have the highest discharges of the European
rivers considered (between 810 and 2200 m3/s at sites sampled for PFAA analyses) and
also high PFAA concentrations, thus generating a considerable mass flux of PFAAs even
at low water contamination levels.
Concentrations of PFAAs in the Rhine river have been monitored extensively in Germany
and in the Netherlands as can be seen in Table 1. Background values for most PFAAs
are in the low ng/L range, i.e. <10 ng/L. Mainly PFBA and PFBS are found in high concentrations in the Rhine and PFOA and PFOS in other rivers. Other short chain PFAAs (<C9)
are found to be present but often in low concentrations.
Many of the measurements in the Rhine catchment area are done by AWBR (Association
of Waterworks Lake Constance-Rhine), ARW (Association of Waterworks in the Rhine
River Basin), and RIWA (Association of River Water Supply Companies). The concentrations reported from the different locations on the Rhine river are discussed below from
the upper Rhine to the lower Rhine including tributaries. For clarity purposes Figure 1
shows the catchment area of the Rhine river with important confluents.
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Figure 1 Catchment area of the river Rhine, tributaries discussed in the text are shown.
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Figure 2 PFBA and PFBS concentrations (in ng/L) in the Rhine river at Düsseldorf (km 732.1) from 2006 to 2010;
data from ARW (2009) and Lange et al (2007a) and complemented with recent data.

Figure 3 PFBS concentrations (in ng/L) across the Rhine river (left and right bank and centre at May 8, 2006)
(Lange et al., 2007a) .

In autumn 2006 a maximum PFBS concentration of 2900 ng/L was measured in the upper
Rhine within a period of about two weeks (Lange et al., 2007a). This high level was a
consequence of a contamination in the Aare river in Switzerland before the confluence
with the Rhine due to a still unknown temporary emission into the Aare catchment area.
At the Dutch-German border at Lobith high concentrations of PFBA and PFBS were observed in 2008 with average concentrations (monthly grab samples during one year) of 70
and 47 ng/L respectively (RIWA, 2008). It was proved that one WWTP discharging industrial wastewater in the lower Rhine in Germany around Leverkusen was responsible for an
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increase of PFBA and PFBS concentrations from the low ng/L range (<5 ng/L) to 117±40
and 45±30 ng/L after the WWTP (Möller et al., 2009). The ARW (2009), which reported on
different PFAA concentrations at Mainz, Köln and Düsseldorf-Flehe, observed the same increase in concentrations (Figure 2 and Figure 3). Concentrations of PFBA and PFBS in Mainz
and Köln were low throughout the year 2008 (Table 1) whereas mean concentrations in
Düsseldorf-Flehe were 90 and 71 ng/L for PFBA and PFBS, respectively. Earlier analysis in
spring 2006 by Skutlarek et al. (2006) found a PFBS concentration of 15 ng/L in the lower
Rhine around Duisburg, which is situated downstream of Leverkusen. This level was within
the typical range of PFBS concentrations in the Rhine during the sampling period and
much lower compared to the concentrations found by the ARW (2009) and Möller et al
(2009) in 2008. Overall, the concentration of PFBS and PFBA in the lower river Rhine
seems to be relatively high compared to other PFAAs. Especially for PFBS a further increase can be expected as the short chain PFAAs will be increasingly used in the future.
The fact that the spontaneous PFBS concentration increase downstream of Leverkusen is
caused by a point source can be clearly identified by the distribution of PFBS in the
cross section of the Rhine river (Figure 3), which indicates an emission at the right bank
of the river and a complete mixing across the section further downstream until the German/Dutch border at Bimmen/Lobith.
The influence of individual point sources was also indirectly shown at another sampling
site at the river Rhine in Cologne (Figure 4a), where the correlation between the PFOA
and PFOS concentration and the reciprocal river discharge was not significant due to the
influence of numerous point sources. This is contrary to what was observed in the river
Elbe (see Figure 4b).
In North Rhine-Westphalia, Germany, in May 2006 the application of an illegally contaminated so-called soil improver on agricultural land was detected and caused the release
of large quantities of PFAAs into the Möhne catchment area, a tributary of the Ruhr
river. The Ruhr river, which confluences with the Rhine river, became highly contaminated mainly with PFOA and some other PFAAs (Skutlarek et al., 2006). Sampling in the
Rhine downstream of the Ruhr and Rhine confluence showed low PFAA concentrations
(∑PFAAs = 41 ng/L), whereas in samples collected from the river Möhne very high concentrations around Heidberg: ∑PFAAs = 4385 ng/L and around Bestwig ∑PFAAs =
4268 ng/L were observed. Monitoring at regular time intervals by the local authorities
since 2006 and a sampling campaign in 2008 showed a maximum total PFAA concentration in the Möhne just upstream of the confluence with the river Ruhr of 309 ng/L
(PFBA, PFPeA, PFHxA and PFOA dominated) (Möller et al., 2010). This is considerably
lower than the maximum concentrations Skutlarek et al. reported in 2006. Apparently,
PFAA concentrations in surface waters in the river Möhne catchment are steadily decreasing with time.
Further downstream in the Netherlands, in the Lekkanaal, average (n = 30) annual concentrations of PFOA and PFOS were below 30 ng/L for each compound in the period
2006-2009 (RIWA, 2007; 2008; 2009 and 2010) (Figure 5). Linear-regression analysis
shows a significant decreasing PFOS concentration trend over the last three years
(P=0.0198; despite a low r2 of 0.179), which is probably due to the PFOS production
stop in 2002.
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Kwadijk et al. (2010) who analyzed surface water samples (n = 21) collected across the
Netherlands observed concentrations between 6.4 and 290 ng/L for PFBS with the highest
concentration measured in the Rhine river at Lobith. This corresponds fairly well to the
measurements performed by AWBR, RIWA and ARW (see above). PFOA was measured between 6.5 and 43 ng/L and PFOS between 4.7 and 32 ng/L. Measurements performed for
the PERFORCE project (de Voogt et al., 2006) resulted in average concentrations of 19
and 28 ng/L for PFOA and PFOS, respectively, in the Dutch part of the Rhine river, which

Figure 4a PFOA and PFOS concentrations (in ng/L) in the Rhine river at Cologne (km 684 left bank) in 2006
(upper figure) and b in the Elbe river at Scharfenberg (km 76, right bank) in 2006 (lower figure) (DVGW, 2007).
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Figure 5 Concentration of PFOA (in ng/L) in the Rhine river at Lekkanaal (nieuwegein, the Netherlands) sampled
in the period from 2006 to 2008 (based on RIWA 2007, 2008 and 2009).).

corresponds to the findings of Kwadijk et al. (2007). However, locations were not specified in this report. Other PFAAs measured in the PERFORCE project were reported to be
below the LOQ, which at the time of analysis (2005) were still high (e.g. 23 ng/L for
PFBS).
In the Netherlands a sprinkler installation at the WWTP of Amsterdam Schiphol airport
accidently released large amounts of AFFF containing PFAAs in July 2008. The contaminated water was collected, diluted and discharged into a WWTP in the area, which
discharges its effluent into the surrounding ditches and canals. A following monitoring
campaign conducted by the Dutch government showed peak concentrations in the North
Sea canal (location Halfweg) of PFOS of 1300 ng/L which decreased to 100 ng/L after two
months. The PFAA profiles observed in the surrounding surface waters showed a large
contribution of PFOS, PFHxS, and PFBS to ΣPFAA, which is typical for AFFF contaminations (van Leeuwen, 2009).
In the river Elbe at Scharfenberg, downstream of the city of Dresden, Germany, the concentrations of PFOA and PFOS (sampled in 2006) correlate fairly well with the reciprocal
river discharge (see Figure 4b). This correlation is a clear indication that the relatively low
concentrations observed in the river are dominated by diffuse sources (DVGW, 2007).
Two further publications report on the concentrations of PFAAs along the Elbe river (Ahrens et al., 2009 b and c). The mass flow of PFAAs in the Elbe river is rather low compared to the Rhine and Po rivers as a result of the lower concentrations and the lower river
discharge (±300 m3/s). Predominating substances measured in 2007 were (mean concentrations measured along the river Elbe) PFHxA with 3.4 ng/L, PFOA with 7.6 ng/L, PFBS
with 2.3 ng/L and PFOS with 1.6 ng/L (Ahrens et al., 2009 b). A subsequent sampling
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campaign performed a year later revealed the same predominating substances in lower
concentrations except for PFOS, which was higher than in 2006. Its mean concentration
was 6.4 ng/L around Hamburg (Ahrens et al., 2009c). Furthermore, from Figure 4b), which
represents a situation with predominating diffuse PFAAs inputs, PFOS to PFOA ratio of of
3:1 can be deduced, at least for measurements in Germany in 2006. Larger deviations
from this rule of thumb indicate an important contribution of point sources to PFAS pollution.
Such a situation is the high concentrations found in the river Alz in Germany in 2007 in
the vicinity of a fluoropolymer manufacturing facility (Hangen et al., 2010). Surface water
samples8 (n=20) showed a maximum total PFAAs concentration of 8000 ng/L from which
7.500 ng/L were from PFOA. Downstream, in the Inn and Danube concentrations of
100 ng/L and 50 ng/L PFOA were measured, respectively. For groundwater and drinking
water concentrations see the corresponding sections. Loos et al. (2009) found high concentrations of PFOA on one occasion in the Krka river in Slovenia (up to 1371 ng/L). Although concentrations encountered seemed high, the flow of the river was relatively
small (50 m3/s) compared to the main European rivers. In the Seine river in France PFOA
(McLachlan et al., 2007) and PFOS (Loos et al., 2009) concentrations of 8.9 and 97 ng/L
were measured, respectively.
The mass discharge of PFAAs into European rivers was shown to correlate with the population (below a threshold of 0.5 tons per year) of the catchment and thus partly explain the higher concentrations encountered in populated areas (Pistocchi et al., 2009).
The measured concentrations are usually highly variable in space and time, such as
measured in the Rhine river, making data verification difficult if not impossible.

2.2.3 Southern Europe.
Several studies reported high concentrations of PFOA in the Po river, Italy. Loos et al.
(2008) observed a mean concentration of PFOA of 89 ng/L with a maximum of 337 ng/L
and McLachlan et al. (2007) reported a mean concentration of 200 ng/L. Recent sampling in the Po watershed showed that several fluoropolymer manufacturing plants located around the city of Alessandria and further downstream around the confluence of the
Po and Bormida rivers are the main sources of PFAA pollution (Valsecchi et al., 2009). In
Catalonia, Spain, PFAAs concentrations found in the Ebro, Cortiella, and Francoli rivers
were highest for PFOA (24.9 ng/L) and PFOS (5.9 ng/L), both in the river Francoli (Ericson et al., 2008).

2.2.4 Western Europe (United Kingdom).
Following an explosion at the Buncefield oil depot in December 2005, considerate
amounts of fire fighting foams containing PFOS were released to the surrounding surface
waters next to the hazardous site. Monitoring data from the Buncefield area, reported by
the Environment Agency in the United Kingdom (UK)9, show relatively low continuous
concentrations of PFOS in surface waters in the vicinity of the depot area over time after
the accident. Groundwater in the immediate vicinity of the explosion site appeared more
heavily polluted with PFAAs. In 2007 an extensive monitoring program was started to
8
9

http://www.lfu.bayern.de/analytik_stoffe/analytik_org_stoffe_perfluorierte_chemikalien/index.htm (02.02.2011),
http://www.environment-agency.gov.uk/homeandleisure/pollution/water/89141.aspx (02.02.2011),
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asses 19 different drinking water treatment locations (raw water, some treatment steps
and drinking water) throughout England. Locations selected for sampling were typically
areas in the vicinity of an airstrip, industrial area, or known polluted sites (sewage
discharge, Buncefield). This survey reported maximum concentrations of 370 ng/L and
<11 ng/L for PFOA and PFOS, respectively, in surface waters (Atkinson et al., 2008).

2.2.5 Eastern Europe.
A study in Poland reported low concentrations of PFAAs in surface waters in the North
of Poland and the Baltic Sea (Rostkowski et al., 2009). In Southern Poland one sampling location was reported to have average concentrations of 152, 106 and 31 ng/L for
PFOS, PFHxS, and PFHxA, respectively. At the other locations PFAAs were measured
below 18 ng/L including PFBS and PFOA.

2.3 Concentrations of PFAAs in groundwater
Little information is available on background concentrations of PFAAs in European
groundwater or in groundwater from other parts of the world. However, from “grey” literature it can be concluded that typical sources of groundwater contamination are contaminated fertilizers (soil improver or sewage sludge), percolating AFFFs, infiltrating
surface waters (e.g. bank filtrate), and, possibly, leaching landfills or diffuse urban pollution (leaking sewers and surface runoff). Since the remediation of contaminated soils is
expensive and, generally, hardly any remediation of the sites is performed, leaching of
PFAAs into the environment for a long period of time is likely and should be taken seriously regarding the extent of the contamination at sites severely polluted with PFAAs.
Due to the scarcity of PFAAs data in groundwater aquifers some examples from outside
of Europe are also compiled in this section in order to describe the relevant input
pathways. Groundwater treatment facilities often have a less pronounced multi-barrier
treatment system compared to surface water treatment and adsorption is not a powerful
removal mechanism for short chained PFAAs (see Chapter 3 and 4 of this thesis). Therefore, PFAAs present in groundwater can travel relatively easily through the pertaining
water treatment systems and may thus give rise to human exposure.

2.3.1 PFAAs in groundwater at severely polluted sites
In Bavaria, Germany, since 2007 groundwater samples (n = 97) have been analyzed
from the near vicinity of the industrial area Gendorf (around the village of Emmerting),
which was also known as a surface water hot spot of the small river Alz (Hangen et al.,
2010). In this area groundwater contamination with PFOA (especially the Alztal aquifer)
was up to 7000 ng/L10 (Wasserwirtschaftsamt, 2009). The groundwater pollution was revealed through the presence of PFAAs in the drinking water of the region, and aquifers
used as source water were found to contain up to 4300 ng/L of PFOA in the Inn-Salzachgruppe (see also drinking water section). This contamination is known to stem from the
emission of PFOA used as an emulsifier in the production of fluoropolymers. Nowadays,
PFOA is substituted by an alternative PFAAs. However, the identity of this substitute is
confidential information.
Another contamination in German groundwater was detected in 2009 in the catchment of a
10

www.gendorf.de (22.11.2007)

33

waterworks of the RheinEnergie AG near Cologne. The source of the contamination was identified to be a fire brigade training area and a site contaminated with AFFFs. ΣPFAAs reached
levels up to 4000 ng/L with PFOS and PFHxS prevailing. The PFAAs pattern was as follows:
PFOS (>80%), PFHxS (8-12%), PFHxA (3-4%), PFBS (1-3%) and PFOA (1-2%) (Wilhelm et al.,
2010). PFAA concentrations in the drinking water were reduced by blending with clean raw
water and subsequent removal using granular activated carbon filtration.
In North Rhine-Westphalia, Germany, the local water supplier in Lippstadt closed down
the groundwater waterworks Eikeloh in October 2006 when the sum of PFOS and PFOA
exceeded 500 ng/L. After the installation of GAC filters in February 2007 the waterworks
could be re-opened. It appeared that the source of contamination was the application of
soil improver (Wilhelm et al., 2010).
Surface water influence on groundwater quality was also observed in the neighbourhood
of the creek Rheder Bach in North Rhine-Westphalia, which is contaminated with PFAAs
by emissions from the local municipal WWTP receiving industrial wastewaters of two
PFAA emitting companies. In the creek concentrations of 1100 ng/L for PFOA and
360 ng/L for PFOS were measured11. In the groundwater the sum of PFOA and PFOS was
279 ng/L, close to the guidance value of 300 ng/L for drinking water, given in a recommendation of the German Umweltbundesamt (UBA)12.
Another well documented case study (not in Europe) is the PFAA contamination around
a landfill site where production waste from a perfluorochemicals manufacturing plant
was dumped. In 2004 it appeared that PFAAs were present in groundwater in local municipal and private wells in Oakdale (situated south of one of the landfills) (Ferrey et al.,

Figure 6 Concentrations of PFAAs in a groundwater well in Oakdale used for drinking water purposes, USA (courtesy
of the Minnesota Department of Health, personal communication with Chad Kolstad).
11
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http://www.nrw.de/presse/pft-im-rheder-bach-gefunden-2119/ (02.02.2011),
http://www.nrw.de/presse/verursacher-der-pft-belastung-in-rhede-gefunden-2176/ (02.02.2011),
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2009; Cheng et al., 2010) (Figure 6) and in local tap water at concentrations above US
EPA’s Provisional Health Advisories (PHA) levels (see drinking water section). A GAC treatment plant was installed and filtration began at the end of 2006 in order to remove
PFAAs from the drinking water (Bartell et al., 2010). Given low groundwater velocity in
general, a contaminated site will cause problems by dispersing slowly and remaining
present for possibly tens of years (e.g. Moody et al., 2002). Figure 6 shows that concentrations of different PFAAs only slightly decrease over a time range of several years.
Sources still existed for the given data and are currently being remediated.
The release of fire-fighting foams due to fires, accidental releases, or fire-fighting trainings is known to cause contaminations of groundwater in often high concentrations
(Schultz et al., 2003; Moody and Field, 2000; Levine et al., 1997; Wilhelm et al., 2010).
Moody and co-workers (2003) found rather high concentrations of four PFAAs in 10 different groundwater wells at an Air Force base in Michigan, U.S.A. Maximum concentrations amounted to 120000 ng/L for PFHxS, 110000 ng/L for PFOS, 20000 ng/L for PFHxA,
and 105000 ng/L for PFOA.
Recent monitoring in the UK also revealed the presence of PFOA and PFOS in groundwater used for drinking water production. The source of this contamination was either pollution incidents (e.g. Buncefield explosion) or the vicinity of a local source such as an
airstrip (Atkinson 2008; Rumsby et al., 2009). Maximum PFOA and PFOS concentrations
found in groundwater (i.e. influent of the drinking water treatment station) in this monitoring campaign were 230 ng/L and 152 ng/L, respectively.
Another contaminated site in the UK is the Jersey airport, where the “Airport Fire and
Rescue Service” released significant quantities of AFFFs to the environment by firefighting trainings. The highest concentration of PFOS measured was 98000 ng/L, however, concentrations up to 10000 ng/L could still be measured in 2009 (Rumsby et al.,
2009).
The analysis of landfill effluents collected in Finland and Norway resulted in a maximum
concentration observed for ΣPFAAs of 1537 ng/L (Kallenborn et al., 2004). In landfill effluents from 22 sites in Germany a maximum concentration of ΣPFAAs of 13000 ng/L was
observed (Busch et al., 2010). Although effluents of modern landfills are often collected
and treated nowadays, many former landfills leach percolate water to groundwater aquifers and are a potential source of PFAAs to drinking water wells. It might be reasonable
to assume that the concentrations leached into the environment would have been in the
same order of magnitude as encountered in collected leachate.

2.3.2 Monitoring campaigns for PFAAs in groundwater
In 2006 in the state of Baden-Württemberg, Germany, 46 selected groundwater wells
with potential PFAAs contamination were analyzed13. These wells were selected either
due to a known direct or indirect impact of wastewater, e.g. from a sewage treatment
plant site, due to known leakages in the sewer system, or due to surface water infiltration. Additional wells were chosen which were located near sites where PFAAs had been
applied, such as paper finishing and electroplating plants. Additional samples were
taken from wells situated downstream of landfills or from sites where in the past there
had been a major fire or regular fire-fighting trainings, i.e. at an industrial site and at a
military airbase. In spite of the expected pollution, at approximately 80% of the sites selected ΣPFAA (18 compounds) was below 50 ng/L. Therefore, it was concluded that there
13

http://www.lubw.baden-wuerttemberg.de/servlet/is/30330/grundwasser_ueberwachung_ergebnisse_2006.pdf?command=
downloadContent&filename=grundwasser_ueberwachung_ergebnisse_2006.pdf (16.02.11)
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is no significant spatially conclusive and comprehensive contamination of groundwater
in the state of Baden-Württemberg. The highest concentration was measured at a
groundwater well close to the Rhine river, where a PFBS concentration of 2.5 μg/L was
analyzed. This could be understood in terms of the high temporal PFBS concentration in
the upper Rhine valley at the time of sampling (see Section 2.2.2).
The analysis of 51 different groundwater samples in Bavaria, Germany, (excluding the
Gendorf area mentioned above), in 2007 showed that at 13 sites PFAAs were found.
PFOA and PFOS concentrations ranged between 0.6–4.1 ng/L and <1–20 ng/L, respectively. Groundwater contamination was mainly associated by infiltration of river water for
drinking water production14. The results from a small sampling campaign in Dutch
groundwater used for drinking water production showed the presence of PFOA at 68
and 44 ng/L at two out of five sites sampled. At one site a concentration of PFNA of
14 ng/L was observed. It has to be noted that LOQs in this study where relatively high
i.e., in the 10–20 ng/L range (Mons et al., 2007).
To the best of our knowledge, the leaching of surface runoff and from sewer pipes has
not been studied in Europe. One Japanese paper reports on the contamination of
groundwater in the city of Tokyo (Murakami et al., 2009a). PFHpA, PFOA, PFNA, and
PFOS, were present in the following concentrations ranges: <0.1-20, 0.47-60, 0.1-94 ng/L,
and 0.28-133 ng/L, respectively. Surface runoff, wastewater leaching from sewer pipes,
and in one sample infiltrating river water appeared to be the sources of the contaminations. This could be denoted as diffuse urban pollution.

2.4 PFAAs in drinking water
2.4.1 Occurrence of PFAAs in drinking water
Low levels of PFAAs are regularly found in drinking waters across Europe. The relationship between elevated surface water or groundwater concentrations of PFAAs on the one
hand and drinking water concentrations of PFAAs on the other was established in several papers and research programs15 (DVGW, 2007). Drinking water from polluted areas,
especially near airstrips, where spills or continuous emissions had occurred, contains
elevated PFAA concentrations. Exposure assessment studies have concluded that both
food and drinking water can be major exposure pathways to humans (Vestergren and
Cousins, 2009; Tardiff et al., 2009). It was also shown that contaminated drinking water
yields higher blood plasma concentrations of PFOA in humans (Holzer et al., 2009; Wilhelm et al., 2009; Emmett et al., 2006). The consumption of drinking water was estimated to give <0.5% and 16% of the total human exposure to PFOS and PFOA, respectively
(EFSA, 2008). However, data used for this assessment were limited in the concentrations
of specific dietary items available for the assessment.
Concentrations of individual PFAAs have been detected in drinking water in several studies. Statistical evaluation of 121 drinking water samples from 99 different origins in
Germany and Switzerland (Lange et al., 2007b), demonstrated that a number of analyzed polar to medium polar PFAAs were frequently present in drinking water samples,
even if highly contaminated areas were excluded (Figure 7).
14
15

http://www.lfu.bayern.de/analytik_stoffe/analytik_org_stoffe_perfluorierte_chemikalien/index.htm (02.02.2011).
www.perfood.org (02.02.11)
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Figure 7 Percentage of positive samples including and excluding the heavily contaminated Ruhr/Möhne area (non
published data representation by F. T. Lange, TZW).

This finding reflects that PFAAs are often present in drinking waters at very low levels
and that the contaminated areas do not necessarily contribute to a large extent to the
number of positive findings. This can be explained in part by the low LOQs reached nowadays by the analytical methods applied.
It was also observed that the severely contaminated sites do not contribute substantially to the median concentration of all 121 samples. This can be seen when comparing
Figure 8 a) and b). Figure 8 a) depicts the median concentration of the 121 measured
samples with the outliers (mainly the contaminated sites) outside the error bars. Upon
removing the values related to contaminated sites the median concentrations do not
change much (Figure 8 b). This indicates that in the majority of the locations sampled
measured concentrations are low and that only in few cases guideline values locally can
be exceeded.
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Figure 8 Boxplot of PFCA and PFSA concentrations in drinking water (data of 2006) a) including known hot spot
samples (upper figure) and b) excluding known hot spot samples; black dots represent outliers (mostly polluted
sites) (lower figure) , line within the box represents 50th percentile (median); box delimits 25th and 75th percentiles; bars indicate 10th and 90th percentiles; results <1 ng/L were taken as 0 ng/L in the calculation (DVGW, 2007).
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A study in Catalonia, Spain, showed the presence of PFAAs in tap water with maximum
concentrations of 57, 69, and 58 ng/L for PFOA, PFBS, and PFOS, respectively. Concentrations of other PFAAs were below 10 ng/L (PFHxA, PFHpA, PFNA, PFDA, PFUnDA,
PFDoDA, PFTDA, PFHxS, PFOS, and PFOSA) (Ericson et al., 2009). Another study measured tap water concentrations in Sweden near Örebro and found concentrations of
1.3 ng/L PFOA and 0.3 and 0.8 ng/L PFOS (Lien et al., 2006). Loos et al. (2007) found
several PFAAs in tap water in the vicinity of Lake Maggiore in Italy. Only PFOA (2.4 ng/L)
and PFOS (8.1 ng/L) were found in concentrations above 1 ng/L (PFBA and PFBS were
not measured). Surrounding surface waters contained comparable PFAA concentrations
(see above), indicating that the water treatment used did not efficiently remove the
PFAAs. In a Belgian study (D’hollander et al., 2009) it was observed that in tap water
samples from three different communities in Flanders (Antwerp, Waasland and Gent;
with n = 4), the median concentration of PFOS (3.4 ng/L) was the highest of the PFAAs
analyzed, followed by PFOA and PFHxS (both 1.1 ng/L). The other PFAAs (PFBA, PFHxA,
PFNA, and PFBS) analyzed were invariably below 1 ng/L, except for PFHxA for which a
LOD of 1.8 ng/L was reported. One recent study in Norway reported concentrations of
PFHxA, PFOA, PFHxS, and PFOS of 0.36, 1.45, 0.11, and 0.20 ng/L, respectively (Haug et
al., 2010).
The concentrations levels mentioned in the previous paragraph are regarded as low.
Drinking water which is produced in the vicinity of a PFAA-contaminated area has often
higher concentrations compared to background areas. For example, the drinking water
levels from waterworks situated in the Ruhr catchment area, which have been monitored
closely since the detection of a high PFOA contamination in 2006 (Skutlarek et al.,
2006) following the application of a contaminated soil improver to agricultural land (see
section 2.2.2), have amounted up to levels sometimes above the precautionary value of
100 ng/L recommended for the sum of PFOA and PFOS concentrations. Timelines (since
2006) of PFOA and PFOS concentrations as well as for their combined concentration can
be retrieved from16.
In Southern Germany another area is known where environmental emissions of PFOA
caused drinking water contamination. In the Altötting District (Bavaria) drinking water
has been (and still is) monitored for PFAAs from 2006 to 200917 following discharges
from a fluoropolymer factory using PFOA in the production process. Concentrations of
PFOA between the LOD (1 ng/L) and 410 ng/L were reported. PFOS was not detected
above 4 ng/L in these regions. At three locations in the Altötting area a consistent increase between 2006 and May 2009 (Figure 9) was observed. At several occasions the recommended health based orienting value for drinking water of 300 ng/L for the sum of
PFOA and PFOS (TWK, 2006) was exceeded. The variation in the mixing of the different
waters obtained from the different pumping stations possibly causes the temporal increase in concentrations at high level tank Vogled seen in Figure 9 around April 2009. In
November 2009 activated carbon filters were installed in order to remove the contamination from the water. So far known this has reduced PFOA concentrations in water considerably, however no measurements and/or levels were available at time of publication.

16
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http://www.pft.lua.nrw.de/owl/GIS/exhibit/pft_tw.php?exhibit-use-local-resources#2 (02.02.2011)
http://www.lgl.bayern.de/gesundheit/umweltmedizin/perfluorierte_tenside_altoetting.htm (02.02.2011)
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Figure 9 Concentration of PFOA in Bavarian (Germany) drinking water from the Inn-Salzach group (high level tank „Vogled“ and transition point Marktl) and the communities of Burgkirchen and Emmerting (high level tank Eschalberg).

A monitoring study on the presence of PFOA and PFOS in tap water from 20 sites across
England was carried out in the course of 2007 (Atkinson et al., 2008). PFOS was found
at four sites at relatively constant levels over time. The highest levels of PFOS (162 ng/L)
were observed south of Cambridge in groundwater near an airstrip, confirming that airstrips are a potential source of PFAAs to the environment. One other sampled site was
near the Buncefield site where a series of large explosions followed by a big fire occurred in oil storage tanks in December 2005 and was fought with large volumes of AFFFs.
It appeared that the groundwater pumping station in the vicinity of the explosion site
providing raw water for drinking water supply was contaminated with PFAAs. Although
activated carbon treatment was included in the water treatment, concentrations in the
effluent from the station amounted to 66 ng/L for PFOA and 45 ng/L for PFOS in one occasion. According to Atkinson et al. (2008), the activated carbon beds were not regenerated for some years, which seem to be a reasonable explanation for the relatively high
levels of PFAAs encountered in the drinking water. Temporal and spatial variations
across the sites were relatively high. Minimum and maximum concentrations measured
were between 25 and 370 ng/L of PFOA, meaning that the guidance value (tier 1) of
300 ng/L for PFOA levels in drinking water set by the DWI (2009) was exceeded on one
occasion, which triggers further monitoring and consultation with local health authorities.
Another case of drinking water contamination by PFOS was found in the vicinity of an
airstrip in East Anglia in England. PFHxA, PFOA, PFHxS, and PFOS concentrations in the
source water varied around 500, 1000, 1500, and 2500 ng/L over a measuring period of
two years. In order to remove PFAAs from the raw water activated carbon filters were installed. To increase removal efficiencies, water/GAC contact times were increased from
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30 min to between 65 and 110 min and regeneration frequency was increased from biennial to annual (5500 bed volumes between regeneration). PFOS was readily removed
from the raw water and effluent PFOS concentrations were generally below the LOQ of
100 ng/L (Markall, 2008). PFHxA was the first compound to break through after approximately 2000 bed volumes and was the least readily removed compound. PFOA, PFHxS,
and PFOS showed breakthrough after more than 5500 bed volumes.
A similar behavior of PFAAs was well documented in a drinking water treatment plant in
Oakdale, USA. The tap water produced in this plant, the influent water of which is contaminated with PFAAs (see Section 2.3 and Figure 10), has been monitored extensively
over the past few years. From Figure 10 it can be concluded that the short chained
PFBA, PFPeA, and PFHxA are not well retained by the treatment plant. This can be seen
at early 2007 and early 2009 when the PFAAs break through the GAC filter. By the end
of 2008 the GAC was regenerated and fresh GAC retained PFAAs well for a short period
of time. Other PFAAs (PFBS, PFHxS and PFOS) were not detected in the treatment plant
effluent drinking water.

Figure 10 PFBA, PFPeA, and PFHxA concentrations in the combined GAC effluent of a drinking water production plant
in Oakdale, USA (courtesy of the Minnesota Department of Health, personal communication with Kolstad Chad).

After several pollution incidents became known, guideline values have been set in the
recent past by the Drinking Water Inspectorate (DWI) of England and Wales, the German
Drinking Water Commission and by authorities in the USA. A review of these values was
given by Rumsby et al. (2009). However, guideline values vary between countries. For
example, for a lifelong exposure the combined PFOS and PFOA concentrations of
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300 ng/L should not be exceeded in Germany (TWK, 2006) whereas individual values of
300 ng/L for PFOA and 300 ng/L for PFOS are used as the lowest guidance levels of a
three-tiered system in the UK, where minimum action has to be taken by monitoring and
consultation with the local health professionals (DWI, 2009). Recently, provisional health
related indication values (HRIV) were also proposed for short chain PFAS, e.g. 3000 ng/L
for PFBS and 7000 ng/L for PFBA (Wilhelm et al., 2010).

2.4.2 Behaviour of PFAAs during drinking water preparation
In order to reduce the PFAAA concentrations of contaminated raw waters below the recommended health based values different options exist. The removal efficiency of the
different PFAAs from water during treatment is strongly dependent on the type of treatment processes used and on the chain length and nature of head groups of the PFAAs.
Depending on the applied treatment, it was found that PFAAs may be present up to the
same level in the drinking water as in the source water. This finding demonstrates that
PFAA removal efficiencies in the drinking water treatment process in general are low
(Loos et al., 2007; Quinones and Snyder, 2009). Different studies showed that there are
not only problems with groundwater sources, but also a correlation between surface
water and tap water from the same region (Lien et al., 2006; Takagi et al., 2008). Natural processes like river bank filtration or dune filtration are ineffective (Eschauzier et al.,
2010). Lange et al. (2007a) studied the concentrations of PFAAs in the Rhine and compared them to concentrations after river bank filtration. Typical concentrations were in
the low ng/L range and riverbank filtration did not remove the PFAAs. This has recently
been confirmed by a survey of influent and effluent concentrations of several drinking
water treatment plants in the USA (Quinones et al., 2009) and in pre-treated infiltrated
Rhine water in dune areas used as a treatment step in the drinking water production
where water had travel times up to 18 years (Eschauzier et al., 2010).
As described in part above, at present, technical measures taken in order to remove the
PFAAs from the raw water are almost invariably the use of GAC filters. The order of
breakthrough of PFAAs is increasing with decreasing chain length and appears to be faster for carboxylates than sulfonates.
In a recent study, which analyzed influent and effluent concentrations from drinking
water treatment plants, it was concluded that only the treatment plants with membrane
filtration removed PFAAs efficiently (Quinones and Snyder, 2009). However, PFAAs analyzed did not include compounds with carbon chain lengths shorter than C6, thus not revealing the removal capacity for, e.g., PFBA and PFBS at process scale. The generation
of a concentrated waste stream when membrane filtration is used and the relatively high
operation costs make this treatment method not widely used yet in the drinking water
treatment process.
The description in the literature of the different processes and sorption parameters still
is vague and sometimes contradicting. However, it appears that the regeneration rate of
GAC columns and the contact time of the water with the activated carbon are important
parameters in the efficient removal of PFAAs from water.

42

2.5 Summary
The presence of PFAAs at a base level of contamination due to pollution from diffuse
sources and global/continental distribution may occur nowadays. The background level
in many European rivers has been known for some years. The source of PFAAs in the
environment can usually be traced to a discharging factory, accidental spill or wastewater treatment plant.
PFAA concentrations in the Central and Southern European rivers, such as in Italy, Germany, The Netherlands, and UK, generally seem to be higher than in Northern Europe.
This is well illustrated when levels reported for the Scandinavian countries and Northern
Poland are compared. However, this conclusion might also be an artifact due to the situation that in some countries more analyses were carried out than in others, and thus
the possibility of hot spot identification is higher. The rivers Po, Rhine and Seine appear
to be the major rivers in Europe discharging PFAAs into the oceans. The reports generally focus on the presence of PFOA and PFOS in the environment. However, as a result
of substitution of C8 by C4 PFAA and polyfluorinated telomer compounds, respectively,
it is expected that concentrations of the substitutes or their metabolites will increase in
the environment. Unfortunately, PFBA and PFBS have been monitored only scarcely thus
far.
Concentrations in drinking waters remain on average fairly low. Drinking water produced
from raw water extracted in the vicinity of a PFAA spill tends to be contaminated. As for
the removal of PFAAs during drinking water preparation several conclusions can be
drawn. In practice, two technologies known to remove PFAAs also used in the drinking
water treatment process are membrane and activated carbon filtration. The difference in
PFAA baseline concentrations in drinking water will depend on the technologies used in
different treatment plants. Drinking water prepared by a treatment which does not include GAC filtration or reverse osmosis will generally contain higher PFAAs levels in the
case contaminated water is used as source water.
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Chapter 3

Perfluoroalkyl acids in groundwater and
drinking water: Identification, origin and mobility
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Abstract
Human exposure to perfluoralkyl acids (PFAAs) occurs primarily via the dietary intake
and drinking water can contribute significantly to the overall PFAAs intake. Drinking
water is produced from surface water and groundwater. Waste water treatment plants
have been identified as the main source for PFAAs in surface waters and corresponding
drinking water. However, even though groundwater is an important source for drinking
water production, PFAAs sources remain largely uncertain. In this paper, we identified
different direct and indirect sources of PFAAs to groundwater within the catchment area
of a public supply well field (PSWF) in The Netherlands. Direct sources were landfill leachate and water draining from a nearby military camp/urban area. Indirect sources were
infiltrated rainwater. Maximum concentrations encountered in groundwater within the
landfill leachate plume were 1.8 μg/L of non branched perfluorooctanoic acid (L-PFOA)
and 1.2 μg/L of perfluorobutanoic acid (PFBA), sum concentrations amounted to 4.4 μg/L
total PFAAs. The maximum concentration of ΣPFAA in the groundwater originating from
the military camp was around 17 ng/L. Maximum concentrations measured in the
groundwater halfway the landfill and the PWSF (15 years travel distance) were 29 and
160 ng/L for L-PFOA and PFBA, respectively. Concentrations in the groundwater pumping
wells (travel distance > 25 years) were much lower: 0.96 and 3.5 ng/L for L-PFOA and
PFBA, respectively. The chemical signature of these pumping wells corresponded to the
signature encountered in other wells sampled which were fed by water that had not
been in contact with potential contaminant sources, suggesting a widespread diffuse
contamination from atmospheric deposition.
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3.1 Introduction
The presence of perfluoroalkyl acids (PFAAs) in human blood in relation to drinking
water contamination has been shown in scientific papers in the recent years (e.g. Emmett et al., 2006; Wilhelm et al., 2009). Although groundwater constitutes one of the
major drinking water resources, surprisingly little is known about the sources of PFAAs
to groundwater.
PFAA such as perfluorooctanoic acid (PFOA) and perfluorooctane sulfonate (PFOS) are
examples of fully fluorinated organic chemicals with a carboxylic or a sulfonic head
group. The exceptional strength of the C-F bond makes these compounds resistant to
heat and chemical or microbial attack. Due to their hydrophobic alkyl chain (de Voogt et
al., 2012) and their hydrophilic charged heads, this class of compounds behaves like
surfactants in the environment. PFAAs were found in human serum, and human exposure pathways and the corresponding risks have been investigated in the past decennia.
The exposure to PFAAs occurs primarily via dietary intake (Vestergren and Cousins,
2009). In a recent Dutch study , approximately 55% and 33% of the total daily intake of
PFOA and PFOS was estimated to originate from the consumption of drinking water, assuming drinking water concentrations of 9 and 7 ng/L, respectively (Noorlander et al.,
2011). This high contribution to the daily intake calls for an assessment of PFAAs sources to drinking water.
In the Netherlands, drinking water is produced from surface water (approx. 40%) and
groundwater (60%). Waste water treatment plants (both municipal and industrial) have
been identified as the main source for PFAAs in surface water (Ahrens et al., 2009; Becker et al., 2008; Bossi et al., 2008), yet sources for PFAAs in groundwater remain largely
uncertain. Among the potential point sources are landfills (Busch et al., 2010) and infiltrated aqueous film forming foams (AFFF) used at fire brigade training sites (Moody et
al., 2003). Leaks from sewer pipes and infiltration of urban surface runoff water are potential diffuse sources (Murakami et al., 2009a and 2009b). Finally, rainwater, that contains PFAAs due to scavenging airborne PFAAs or precursors, is also known to affect
groundwater concentrations (Eschauzier et al., 2010).
In the present study, we attempted to identify direct and diffuse sources of PFAAs to
groundwater within the catchment area of a public supply well field (PSWF) in the Netherlands. To that end we first used hydrogeochemical characteristics in order to relate
groundwater samples to their possible origins. Secondly we analysed the PFAAs in the
samples. Finally, by combining these two data sets we apportioned the PFAAs present in
the groundwater to potential above ground sources present in the area. Several potential PFAAs sources were present within the catchment area, including a former landfill, a
former military camp, a commercial/industrial estate and an urban agglomeration. Samples were taken and analyzed for PFAAs together with a large set of inorganic compounds (Table S4 in the supporting information (SI)). Samples included groundwater,
abstracted raw water and drinking water.
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Figure 1 Cross section of the studied area, with filters sampled, landfill, wells and groundwater
flow direction. See SI Figure S1 for details of the well locations and treatment station.

3.2 Materials and Methods
3.2.1 Study area
The study area is a groundwater recharge area, located in the central part of The Netherlands. The local groundwater is used to produce drinking water, with aeration and rapid
sand filtration as the only treatment steps. Within the catchment area, several potential
PFAA sources are present. Potential point sources are a former landfill (in the southern
part), a military camp and a small commercial/industrial area (see Figure 1). The landfill
was in use from 1972 to 1995, has a thickness of 21 m, surface area of 0.08 km2 and
contains both household and construction waste. After closure in 1995, the landfill was
covered with an impermeable layer (sealant) and a green layer of plants and trees. No
drainage layer and leachate collection system are installed in the landfill. The military
base included an air force base and military camp. Potential diffuse sources are a ribbon
development (urban) area and atmospheric deposition. The majority of the catchment
area is covered by woods and no agriculture and surface water infiltration takes place in
the infiltration area. Road runoff from the ribbon development might be a possible diffuse source. Sewage water from the ribbon development was collected in cesspits until
1987, from which it leached into the soil. From 1987 onwards, houses and enterprises
along the ribbon development were connected to the sewage network.

3.2.2 Hydrology and hydrochemistry
The catchment area is located on a sandy plane along an ice pushed ridge, originating
from the Saalien ice age. The area is well drained, surface runoff is absent, and the entire precipitation surplus infiltrates towards the deeper groundwater. The groundwater
flow is dominated by the PSWF, which abstracts about 9 Mm3 of groundwater yearly. A
south-to-north cross section is presented in Figure 1, providing insight into the geohydrology and hydrochemistry of the area. Three aquifers are distinguished, yet a continuous clay layer is present only between aquifers 2 and 3. The chemical water types
largely coincide with the three aquifers. The first aquifer comprised of fresh, oxic, relatively young groundwater, with a moderate alkalinity. The water quality in this aquifer
may vary considerably over short distances, owing to the complex groundwater flow patterns in these ice-pushed sediments and multitude of anthropogenic inputs. In general,
in this aquifer, two water types may be distinguished: pristine and anthropogenically influenced groundwater. Indicators for anthropogenic influences are, amongst others, elevated levels of nitrate, ammonium, chloride, sulfate, sodium, potassium and boron.
Groundwater in aquifer 2 originates from aquifer 1, but differs in the redox state (iron reducing versus oxic). Soil organic matter is assumed the most important reductant. Water
in aquifer 3 is sulfate reducing, and has a slightly higher alkalinity and calcium content
than aquifer 2, indicating further reduction and calcite dissolution.
At the PSWF, groundwater is abstracted from aquifers 1 (upper and lower part) and 2.
Water abstracted from the second aquifer also contained a vast amount of water originating from aquifer 3, due to upcoming of this water towards the production wells. On
average, the produced drinking water originates for ca 51% from aquifer 1, 44% aquifer
2, and 5% aquifer 3. After breakthrough, the leachate from the landfill will eventually
contribute to about 0.3% of the total amount of water abstracted at the PSWF, which
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corresponds well with the landfill’s area (about 0.08 km2) relative to the total recharge
area (21.6 km2) (Schipper and Wendt, 2002a and 2002b).

3.2.3 Sampling
Samples were taken in January 2011 in new 1 L polypropylene (PP) bottles and stored in
a coolbox. Samples were stored at 4 ˚C until analysis (within 2 weeks after sampling).
Bottles were flushed with 3 times MeOH and three times sampled water respectively before taking a sample. Groundwater was sampled from two observation wells (OW1 and
OW2) downstream of the potential PFAA sources, along a south-to-north transect, parallel to the direction of groundwater flow. In addition, samples were taken from two pumping wells attracting water from the south (wells 1 and 2), four reference pumping wells
which abstracted pristine groundwater (wells 3 to 5), the raw water before treatment
and, finally, the drinking water. The first observation well (OW1) was located directly
downstream of the former landfill, with the upper filters positioned in the landfill’s leachate plume, while the lower filters were supposedly under influence of the military
camp, commercial/industrial area and the ribbon development. The second observation
well (OW2) was located between OW1 and the pumping wells of the public water supply
well field, at some 15 years travel time from OW1. Travel time between the landfill and
the PWSF has been modeled to be 51 years, and breakthrough of the landfill leachate in
pumping wells 1 and 2 is expected around the year 2026 (Schipper and Wendt, 2002a
and 2002b). Wells 3 to 5 were sampled as reference wells. An overview of the location
of the well field and observation wells, including the different filters sampled, is provided in Figure 1.

3.2.4 Chemical analysis
Inorganic and organic parameters analysis
In addition to PFAAa, samples were analyzed for a large set of inorganic parameters, aiding to the identification of the sources of the groundwater sampled. Analyses of inorganic chemistry included all macro parameters, as well as about 50 (mostly trace)
elements measured by ICP-MS, and the stable isotopes 2H and 18O of H2O, and 34S of
SO4. In addition to these data, we examined data from the extensive PSWF monitoring
campaign, which has been ongoing since 1978 (OW2 since 2001). This data comprised a
diverse set of organic and inorganic compounds, both for pumping and observation
wells.
PFAA analysis and quantification
PFAA analyzed, corresponding internal standards used and the transitions used in the
LC-MS/MS method are show in the SI tables S1 and S2. PFAA analyses methods and
chemicals used were explained and reported in detail in ref (Eschauzier et al., 2012a).
Briefly, approximately 500 mL of sample was carefully weighed in a three times pre-washed (with methanol and sample water) new PP bottle. 13C-labeled Internal Standards (IS)
were added (Table S1 in the SI) and samples were run over a preconditioned (4 mL of
0.1% NH4OH in MeOH) solid phase extraction cartridge (Oasis WAX 6cc, 30 μm particle
size, Waters, Milford, USA) using a vacuum manifold. SPE cartridges were washed with 2
mL 40/60 MeOH/Water solution and eluted with twice 500 μL of 3% NH4OH. The extract
was collected in a PP vial. Concerning PFOA and PFOS, two concentrations are reported:
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of the branched homologues (B-PFOA) and of the non branched homologues (L-PFOA),
see reference (Eschauzier et al., 2012a) for a detailed discussion on the quantification of
the branched isomers without a reference standard (elaborates on the uncertainties due
to the different response factors of linear and branched isomer reference standards). The
SI provides further details on quality assessment and control, see SI table S3 for LOQs,
overall recovery of the mass labeled IS and field blank concentrations. Details on the
LOQ calculations are given in the SI. Internal validation of the analytical method used
for showed a <10% relative standard deviation of the analysis results of a batch of 6 similar samples. Besides, our laboratory participated in the international PERFOOD interlaboratory exercises with satisfactory outcomes (z-scores < 2).
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3.3 Results and discussion
This section is structured as follows. First, using the data of the inorganic and organic
chemistry, the groundwater samples taken were traced back to their source (section
3.3.1). Second, the observed PFAA concentrations are discussed and linked to the contaminant sources (section 3.3.2). Third, the possible impact of PFAAs on drinking water
quality of the PWSFs is discussed.

3.3.1 Hydrology and hydrochemistry: linking water samples to their source
According to the hydrological modeling studies of the area by Schipper and Wendt,
(2002a; 2002b), the former landfill, military camp, commercial/industrial area and ribbon
development were all within the catchment area of the pumping wells 1 and 2. Observation wells OW1 and OW2 were placed downstream of these potential PFAA sources, parallel to the direction of groundwater flow. Hydrological modeling is an important and
helpful tool in defining catchment areas and groundwater flow paths, yet in general it is
not accurate enough to exactly link water samples from observation wells to their
source. Here, additionally, we used the hydrochemical fingerprint of the water samples
to trace the samples back to their source.

OW 1: current water quality
OW1 is located directly downstream of the former landfill (Figure 1). Samples were taken
at 5 depths, ranging from 33 to 131 meters below the surface. Groundwater sampled
from filters OW-f01 (33 m depth) and f03 (65m) contained elevated levels of a large
amount of hydrogeochemical parameters such as: electrical conductivity, sodium, potassium, chloride, hardness (Ca2+ and Mg2+), bicarbonate, phosphate, ammonium, methane,
total organic carbon, and chemical oxygen demand 34S isotope and trace metals like barium (factor 43), cobalt, lithium and nickel (Christensen et al.,2001) and finally temperature (Kjeldsen et al., 1998). Table S4 lists the concentrations measured and the factor of
difference between the landfill leachate plume (f03) and the average deeper ground
water filters f04, f05 and f06. Elevated levels of all these parameters are typical of landfill leachates (Christensen et al., 2001). The high methane concentration in f03 (1.5 mg/L)
compared to the deeper filters (e.g. 0.015 mg/L in f04 i.e. a factor 100) indicates that the
plume has reached the methanogenic phase, and is deeply anoxic (see Figure 2). Also
the temperature, in the filters f01 and f03 was between 16 and 18 °C, whereas a temperature of about 11°C is common for groundwater in this area (elevated temperatures are
related to the active decomposition of the organic compounds present in the leachate).
The chloride-to-bromide ratio was also used as a tracer, which is a reliable tracer that
does not interact with the aquifer matrix (see Figure 2). The [Cl ]/[Br-] was much lower in
the leachate plume (178 and 128 for f01 and f03 respectively) compared to the deeper
filters (317 and 342 for f05 and f06 respectively).
In contrast to the upper filters, groundwater sampled from OW1-f04 (88 m depth) and
f05 (109 m) was suboxic with relatively high nitrate contents of 14-18 mg NO3-/L. Clearly,
this water did not originate from the landfill, yet the nitrate levels could be an indication
for anthropogenic contamination. Another indicator was the chloride level, which was
between 40 and 80 mg/L (Figure S4). While this is much lower than in the upper filters,
it is much higher than in pristine groundwater from this area, which has chloride levels
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of <15 mg/L. Filter f06 (131 m depth) also has elevated chloride levels (46 mg/L), but
lacks nitrate. This was due to the redox conditions at this depth (iron reducing); any nitrate originally present was reduced to N2.

Figure 2 Depth profile of the CH4 and the [Cl ] / [Br ] ratio in OW1 and OW2.

Several screenings for organic contaminants executed by the operating drinking water
company from the 1990s onwards indeed revealed the anthropogenic contamination of
the deeper filters f04 to f06. Solvents like chloroethanes and chloroethenes (several
types, including tetrachloroethene aka PER) have been detected, in concentrations as
high as 900 μg/L (PER in f04). In addition, the pesticide 2,6-dichlorobenzamide was detected in all three filters, in a screening study in 2008 (de Jonge and Klijn, 2011). The
source(s) of these contaminants must be located upstream (south) of the former landfill,
with the ribbon development (sewage water draining from cesspits), the small commercial/industrial area and the military camp being potential candidates. In the recent past,
solvents like PER have been widely used by the military to clean equipment, which
seems a likely explanation for the extraordinary high levels of solvents detected in OW1f04 to f06.

OW2: pollution sources
Hydrogeochemical parameters or water quality data for OW2 are provided in table S4.
Relating these water samples to their sources (landfill, military camp, commercial area,
ribbon development) is more complicated than for OW1, due to the longer travel distance (>15 years) between source area and observation well. Biogeochemical interactions
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with the aquifer matrix (retardation) are one reason, mixing of the groundwater or diverted flow due to ice pushed hills are a second possible reason. This mixing is enhanced
by the complex groundwater flow patterns in the ice-pushed sediments of the upper
aquifer. Also, the landfill and its leachate may change over time from (sub)oxic to anoxic
or even methane producing (Christensen et al., 2001). This change in leachate composition (which also is true for OW1-f01 and f03) further complicates the tracing at OW2.
However, using the inorganic fingerprints from OW1, it was shown that water sampled in
filters OW2-f03 (61 m depth) and f04 (69 m depth) originated (at least in part) from the
landfill. This was indicated by the relatively low chloride-to-bromide ratios in OW2-f03
and f04 (142 and 109 respectively) which was in the same range as those of OW1-f01
and f03 (178 and 128 respectively) (see Figure 2) and the chemical oxygen demand in
f03 and f04. The methane levels recorded at OW2-f04 were lower (0,099 mg/L) than at
OW1-f01 and f03 (0,22 and 1,5 mg/L respectively) but still elevated compared to the
lower filters (e.g. f12 where methane was 0,010 mg/L). Also the relatively high contents
of chloride at f04 (123 mg/L), total organic carbon (TOC) at f04 (4.9 mg/L), and the chemical oxygen demand (9 and 12 mg/L) in f03 and f04 respectively are indicators for
landfill leachate contamination.
Note that many of the other characteristic parameters for landfill leachate (at OW1) have
lost their significance at OW2, assumingly due to interactions with the soil matrix (oxidation by iron (hydr)oxides, sorption of (heavy) metals, ion exchange).
Water sampled from the deeper filter OW2-f10 (126 m depth) originated from the military
camp and/or commercial/industrial area, as indicated by the breakthrough of chloroethanes and chloroethenes in this filter since 2003. As discussed earlier, these solvents were
typical for the water leaching from the military camp / commercial/industrial area and
have not been detected in the landfill leachate. The deeper filter OW2-f12 (147 m depth)
was selected as a reference, and was not under influence of any contaminant source. Finally, the origin of water sampled from OW2-f7 (92 m depth) remained ambiguous. The
relatively low chloride-to-bromide (124) may indicate that this water originated from the
landfill, yet these findings are not supported by other hydrogeochemical parameters
such as the chemical oxygen demand which was <5 mg/L.

Pumping wells
Water quality data at pumping wells 1 and 2 did not show any signs of landfill leachate.
This confirmed the hydrological modeling (Schipper and Wendt, 2002a and 2002b): the
arrival of the leachate at the PSWF is estimated to be around the year 2026. However,
the chemical tracers would have likely lost their significance at the pumping wells, due to
the strong dilution (the maximum contribution of landfill leachate in a suspected pumping well would be around 6%). At pumping well 1, the solvents 1,1,1-trichloroethane, 1,1dichloroethene and trichloroethene were detected at two occasions, both in 2005, with
concentrations ranging between 0.7 and 11 μg/L. In screenings before (2001-2004) and
after (2006-2009) these compounds were not detected. Chloroethane and chloroethene
are typical for water originating from the military camp. However, breakthrough of these
compounds in OW2 (10 years distance from the pumping wells 1 and 2) was not until
2003 and it is thus not possible that this water had reached pumping well 1 already in
2005. This suggests an additional unknown source in the area.
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Water samples taken and their pollution/hydrological source
Table 1 summarizes the above results, providing an overview of the origin of the water
sampled from the different filters. Using the chloride concentration or the chloride-tobromide ratio from OW1-f01 and f03 it should be possible to calculate the dilution of the
water sampled in OW2-f03 and f04. Judging from the current chloride-to-bromide ratios,
no dilution of these samples occured. However, for a correct comparison, the ratio at
OW1 fifteen years ago should be used. Unfortunately bromide data from 1995 were not
available and chloride data from 1995 showed a large difference between OW1-f01 (80
mg/L) and f03 (450 mg/L), indicating a higher level of contamination from the landfill.
Using these numbers, dilution of the water sampled at OW2-f03 and f04 was between
1.6 and 9, and between none and 5 times, respectively (assuming a chloride background
level of 50 mg/L). This gives an indication that the shifts in concentrations observed can
be attributed to dilution.
Table 1 Origin of water sampled, as deduced by chemical fingerprinting. For abbreviations see a.

Sample

Screen
depth (m)

Source

Indicators

% LF
plume

OW1-f1

33

LF

EC, TOC, COD, ammonium, methane

100

OW1-f3

65

LF

EC, TOC, COD, ammonium, methane

100

OW1-f4

88

MC, UA

nitrate, chloride, chloroethane and
chloroethene

0

OW1-f5

131

MC, UA

nitrate, chloride, chloroethane and
chloroethene

0

OW1-f6

109

MC, UA

chloride, chloroethane and
chloroethene

0

OW2-f3

60

LF

chloride-to-bromide ratio, COD

10 – 70

OW2-f4

69

LF

chloride-to-bromide ratio, chloride,
TOC, COD, methane

20 – 100

OW2-f7

92

?

OW2-f10

126

MC, UA

OW2-f12

147

?
chloroethane, chloroethene

0

PW1

-25 to -35

LF, MC, UA

hydrological modeling

0

PW2

-32 to -58

LF, MC, UA

hydrological modeling

0

PW3 to 5

-28 to -57
average

reference

hydrological modeling

0

hydrological modeling

0

drinking
water

a

LF = landfill; MC = military camp; UA = urban area, including commercial/industrial area and ribbon development. %LF plume = percentage of water originating from landfill plume, at moment of sampling. EC = electrical
conductivity, TOC = total organic carbon, COD = chemical oxygen demand.
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3.3.2 PFAAs in the observation and pumping wells
The concentrations of PFAAs measured in the observation and pumping wells are shown
in table 2. High concentrations of ΣPFAAs were observed in the landfill leachate, both at
OW1-f01 and f03 and further downstream at OW2-f03 and f04. Maximum concentrations
were as high as 4400 ng/L at OW1-f03 and 235 ng/L at OW2-f04. The lower filters at
OW1, with water originating from the military camp/commercial/industrial area, showed
much lower concentrations, yet PFAAs were measured with a maximum Σconcentration
of 17 ng/L (OW1-f05). At OW2-f10, the ΣPFAAs concentration of this water was 38 ng/L.
OW2-f12 was the filter with lowest concentrations and is not expected to be directly impacted by the sources identified in table 1. Finally, the ΣPFAAs concentrations at pumping wells 1 and 2 were between 2.8 and 5.0 ng/L, which are in the same range as
concentrations found in the reference pumping wells 3-5.
Three main sources of PFAAs identified in section 3.1 are discussed in the following
order: landfill leachate; military camp /urban area and atmospheric deposition.

Landfill leachate source
The PFAAs encountered in OW1-f01 and f03 and OW2-f03 and f04 originated from the
landfill leachate (see 3.3.1). The ∑PFAAs level observed in these filters ranged between
74 and 4400 ng/L with PFOA being the most abundant followed by PFBA, PFHxA and
PFHpA. The PFAAs concentrations in the landfill plume present in OW1-f01 and f03 are
similar to PFAAs concentrations encountered in other landfills. The analysis of three
landfill WWTP effluents in the Netherlands (not infiltrated in the subsoil) showed similar
maximum ∑PFAAs concentrations of 4466±1068 ng/L and a pattern of PFAAs of:
PFBA>PFOA>PFHxA>PFHpA (Eschauzier and de Voogt, 2012c). The maximum total amount
of PFAA (∑PFAAs = 4400 ng/L) is also in reasonable agreement with untreated landfill
leachate collected in another study (not infiltrated in the subsoil), where the total averaged PFAAs concentration of six different sites was 6100 ng/L (Busch et al., 2010). Another study (Eggen et al., 2010) showed measured PFAAs levels and patterns which
differed considerably than the present study. PFHxA was present in the same range as
this study and PFOA was present in much higher concentrations in (OW1-f03) the present study (1800 ng/L vs. 767 ng/L in Eggen et al (2010)). The major differences were
PFBA levels below LOQ and a PFOS concentration of 2920 ng/L. In the present study,
PFBA was present at 1200 ng/L and, surprisingly, PFOS (sum of branched and non branched isomers) was found to be present only in relatively low concentrations in the landfill leachate in OW-f01 (9.6 ng/L) and OW1-f03 (110 ng/L) (not shown in table 2). PFHxS
and PFBS were also found in the same range as PFOS in OW1-f01 and f03, see table 2.
The difference in the composition is expected to originate from differences in waste
composition between the different landfills.

Table 2 PFAA concentrations (ng/L) encountered in the observation and pumping wells. PFOS concentrations are not
listed since only OW1-f3 showed elevated PFOS concentrations. Average of the duplicate extraction (n=2) and analysis together with corresponding range given between brackets. (∑PFAA is the sum of the individual concentrations
listed in the table)

56

57

-126

-147.5

-25 to
-35

-32 to
-58

-35 to
-57

-28 to
-38

-32 to
--47

OW2f10

OW2f12

Well 1

Well 2

Well 3

Well 4

Well 5

5.2

6.4

6.5

1.3

3.5

3.2
(<LOQ-6.4)

20
(13-26)

19
(18-20)

-92

2.8
(2.6-2.9)

OW2-f7

-131

OW1-f6

12
(9.7-15)

160
(110-214)

-109

OW1-f5

6.6
(3.7-9.5)

-69

-88

OW1-f4

1200
(1010-1280)

OW2-f4

-65

OW1-f3

150
(76-244)

60
(58-62)

-33

OW1-f1

PFBA

OW2-f3

Depth
(m)

Sample

0.7

0.7

0.8

0.22

0.41

0.4
(<LOQ-0.8)

5.3

7
(6.2-7.4)

18
(17-19)

4.3
(4.2-4.5)

0.7
(0.6-0.7)

0.6

<LOQ

<LOQ

<LOQ

<LOQ

<LOQ

2.5
(1.7-3.2)

5.0
(4.4-5.4)

9.9
(8.0-12)

2.0
(1.7-2.2)

<LOQ

0.5
(<LOQ1.2)

<LOQ

0.9
(0.5-1.5)

1.2
(<LOQ-1.3)

320
(214-318)

20
(20-21)

PFHpA

570
(506-670)

56
(44-70)

PFHxA

0.7

0.8

0.5

1.1

0.96

<LOQ

<LOQ

<LOQ

0.20

<LOQ

<LOQ

1.3
(1.3-1.5)

5.5
(4.9-6.2)
0.5
(0.2-0.8)

3.4
(3.0-4.2)

7.4
(6.9-7.9)

1.4
(1.3-1.4)

0.3

<LOQ

<LOQ

320
(237-384)

12
(9.6-13)

B-PFOA

11
(9.5-13)

29
(28-31)

6.0
(5.8-6.2)

1.7
(1.6-1.8)

1.3
(1.0-1.6)

0.7
(0.5-1.0)

1800
(1420-2060)

59
(54-63)

L-PFOA

<LOQ

<LOQ

<LOQ

<LOQ

<LOQ

<LOQ

<LOQ

<LOQ

<LOQ

<LOQ

0.1
(0.1-0.2)

0.1
(<LOQ-0.2)

0.1
(<LOQ-0.1)

<LOQ

<LOQ

PFNA

<LOQ

<LOQ

<LOQ

<LOQ

<LOQ

0.1

3.4
(2.8-3.8)

5.6
(4.7-7.5)

8.7
(7.9-9.7)

<LOQ

1.6
(1.6-1.7)

2.1
(1.7-2.6)

3.9
(3.8-4.0)

91
(62-104)

18
(17-20)

PFBS

<LOQ

<LOQ

<LOQ

<LOQ

<LOQ

<LOQ

0.4
(0.3-0.4)

0.7
(0.6-0.8)

1.5
(1.3-1.8)

0.3

0.06
(<LOQ-0.07)

<LOQ

0.03
(<LOQ-0.04)

99
(89-107)

11
(11-12)

PFHxS

6.6

7.9

7.8

2.8

5.0

4.2

38

52

235

74

7.3

17

12

4400

326

ƶPFAA1

Such as stated PFOS was not observed in any of the other observation or pumping
wells sampled. This can be explained by the immobility of PFOS due to a higher Kd (15)
(Enevoldsen and Juhler, 2010) and higher hydrophobicity (de Voogt et al., 2012) relative
to the other PFAAs listed in table 2 (e.g. Kd PFOA = 1.1 ( Enevoldsen and Juhler, 2010)).
Another possibility is that PFOS was not present in the source material in the landfill or
used in the catchment area sampled. A study in Tokyo, Japan observed a higher concentration of PFOS in groundwater contaminated by road runoff and leaking sewers (Murakami et al., 2009a). Since PFOS was only measured in OW1-f03 it is not discussed in the
rest of the paper.
Although different studies showed that landfill leachate is a source of PFAAs to the environment, including surface waters or groundwater, the actual sources of PFAAs within
the landfills remains unknown. Probably the degradation of fluoropolymeric materials
(Buck et al., 2011) plays an important role. Due to the presence of dehalogenating bacteria in the landfill leachate plume, degradation of PFAAs could possibly take place in
the plume where high concentrations prevail (Parsons et al., 2008) but are considered
unlikely (Sáez et al., 2008).
Although a large number of samples were taken in the present study, the sampling was
not repeated over time, therefore statistical analysis of the profiles using ANOVA was
not possible or futile, and the concentration pattern should therefore be taken as indicative. The PFAAs concentration patterns of the five most abundant PFAAs (all being carboxylic acids) are presented in Figure 3. Absolute concentrations are relatively high
(Table 2) and the relative abundance patterns of OW1-f01 and f03 are shown in Figure
3A and 3B respectively. The difference between both figures shows the heterogeneity of
the landfill leachate. In Figure 3B a relatively high abundance of L-PFOA is found followed by PFBA and PFHxA. B-PFOA and PFHpA were present in the lowest abundance. The
order of abundance for all analytes in the landfill leachate (OW1-f03) is as follows: LPFOA>PFBA>PFHxA>B-PFOA>PFHpA>PFHxS> PFBS>PFOS. In another study (Busch et al.,
2010) (with n=20) the order of abundance of PFAA was: PFBA >PFHxA >PFBS >PFOA
>PFHpA >PFOS >PFHxS, which is different than the present landfill leachate where L-PFOA
is present in the highest relative concentration. This is possibly caused by different starting material where the PFAA leach from.
While the OW 1 sample showed distinct PFAAs contributions from the separate sources
based on the hydrogeochemical finger printing (see 3.3.1) (landfill and military
camp/urban area), OW 2 shows a more diffuse PFAA pattern such as explained in 3.3.1.
Additionally processes affecting initial leachate composition (rain input and waste arrangement variations within the landfill) may impact the profile: changing leaching behavior
or changing leachate origin from within the landfill. However, organic and inorganic tracers, such as chloride and TOC, present in OW 2 show that water from OW2-f03 and f04
are constituted for a major part of landfill leachate. This is also reflected in the PFAAs
concentration levels (ΣPFAAs 150 ng.L-1).
The difference between the relative abundance pattern in OW1-f03 (Figure 3B) and OW2f03 and f04 (Figure 3C) is the shift from PFOA dominating the profile to PFBA dominating the profile. If retardation were the dominating variable determining the
environmental fate one would expect the following relative abundance profile in the
landfill: PFBA>PFHxA> PFHpA>PFOA (provided equal initial concentrations). In practice
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Figure 3 Mean analyte contribution (standard deviation of duplicate extraction and analysis shown) to the ∑PFAA
concentrations (ng.L-1) in OW 1 (A, B and D); OW2 (C and E) and pumping wells 1 to 5 (F and G). ∑PFAAs, is the sum of
PFBA, PFHxA, PFHpA, L-PFOA and B-PFOA.
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concentrations of PFOA will have been higher than PFBA due to known production volumes. This is reflected in Figure 3B. However, the difference in hydrophobicity is thus
large (more than two orders of magnitude) that by the time groundwater arrived at
OW2-f03 and f04 the mobility of the PFAAs plays a more important role than initial starting concentrations (Higgins and Luthy, 2006). This phenomenon has been observed before in several studies (Eschauzier et al., 2010; Higgins and Luthy, 2006). The increase in
PFBA abundance can thus explained by differences in sorption: the smaller molecular
volume of the PFBA molecule compared to PFOA leads to a smaller gain in free energy
for PFBA to adsorb and, hence, greater mobility compared to PFOA. The higher mobility
of PFBA would therefore explain the higher contribution to sum concentrations in Figure
3C. A similar pattern is observed for the perfluorosulfonates, PFOS was not detected
anymore in OW2-f03 and f04 while PFHxS (OW2-f03 and f04) and PFBS (OW2-f04) were
detected in low concentrations (Table 2).

PFAA pattern of water draining from military camp /urban area
Deeper in the soil at OW1-f04 to f06, ΣPFAA concentrations were 10±5 ng.L-1 with PFBA,
PFBS and PFOA dominating (Figure 3D). PFHxS was found at very low concentrations
and PFBS slightly higher (Table 2). The practice of fire fighting training sessions by the
army in the past (up to 2008) is a potential source to the groundwater. It is known that
aqueous film forming foams used in fire fighting in the past contained large amounts of
PFAA such as PFOA, PFHxA (Moody et al., 2003). PFBA was not found to be present in
different fire fighting foams analyzed recently (Place and Field, 2012).
The relative PFAA abundance pattern in water from OW1-f04, f05 and f06 shows a different profile than that of OW1-f03 (Figure 3B). In the deeper groundwater PFBA (Figure
3D) is more abundant than PFOA (compare to Figure 3B). Branched isomers of PFOA
were absent (B-PFOA<LOQ). As explained in 3.3.1 the sources of the contaminations in
OW1–f04, f05 and f06 must lay upstream (south) of the former landfill. The ribbon development (sewage water draining from cesspits), the small commercial area and the military camp are potential candidates, as showed by the presence of the pesticide
2,6-dichlorobenzamide and PER.
Several PFAAs were present in water from the deeper filters in OW 2-f7, f10 and f12
(Table 2). The organic tracers (chloroethanes and chloroethenes) discussed in section
3.3.1 show that PFAAs present in f10 are originating from the military camp/urban development ribbon. Comparison of the relative abundance profile in OW1-f04 and f06 (Figure
3D) with that of OW2-f10 (see Figure 3 E) only shows a small difference for B-PFOA.
PFHxS is below LOQ and PFBS is found in concentrations around 3.4 to 8.7 ng/L, again
showing that the shorter chain PFAAs travel faster than the longer chain PFHxS.

PFAA pattern in pumping wells: atmospheric input?
While the presence of landfill leachate and thus the corresponding PFAAs concentrations
and patterns observed in OW1 and 2 are explained by tracers and modeling exercises,
the presence of PFAAs in the pumping wells remains unexplained so far. The absolute
concentrations in water from pumping wells 1 and 2 were much lower than those observed in OW 1 and 2 (Table 2) (however still higher than the LOQ which was based on the
av. field blank plus 10 times the stdev of the field blanks). The relative abundance pat-
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terns observed in OW1-f04 to f06 do show similarity with the PFAAs relative abundance
pattern in the pumping wells 1 and 2 (Figure 3F). Since the hydrological modeling that
predicts that the breakthrough of landfill contaminated water in the PWSF is estimated
to occur after 2026 (see 3.2.3), the landfill is not expected to be the source of the observed profile in Figure 3G. Although the pumping wells 3 to 5 were selected as reference because the aquifers were not suspected to be in contact with the known sources
in the area, we did encounter low concentrations of PFAAs (Table 2). Since the PWSF
and its surroundings (including military camp and ribbon development) are exclusively
recharged by atmospheric input, possibly the infiltration of diffusely contaminated rainwater such as observed by (Armitage et al., 2009; Eschauzier et al., 2010) gives rise to
background concentrations encountered in the pumping wells. Atmospheric deposition
of PFBA, PFHxA and PFOA and subsequent infiltration is a possible explanation for the
observed PFAA. Possibly, infiltration of street runoff into the underground contributed to
the background PFAAs contamination as well as potentially leaking sewer pipes, both
sources were observed before (Murakami et al. 2009b). Although it is difficult to differentiate between these three diffuse sources it can be stated that urban ribbon development is relatively small in surface area compared to the size of the infiltration area.
This is an important conclusion regarding diffuse background contamination from atmospheric deposition. The possibility of an atmospheric source of PFAAs is corroborated by
the age of the water in the pumping wells sampled, where 20 to 30 % of the water
pumped by the pumping wells had a calculated water age of 20 to 30 years. Since
PFAAs have been produced for over 50 years, atmospheric transport, deposition and
subsequent infiltration may be responsible for the low background concentrations encountered in reference pumping wells 3 and 5. Another possible explanation for the
background contamination is the presence of fluoropolymer or PFAAs containing sampling materials which leach out PFAAs in the water sampled. However, leaching tests
with new polytetrafluoroethylene and polyvinylidene fluoride tubes (both containing
fluoropolymers) have shown that the potential amount leached from tubing at environmentally relevant temperatures is very low (<1 pg/m of tube) (Eschauzier et al., 2013).
Tubings used for the pumping wells and observation wells consist of polyvinylchloride
and are not expected to contain PFAAs The use of field blanks accounted for possible
contamination present in the containers (not likely since containers were new and prewashed with MeOH and the sampled water three times each).

3.3.3 Impact on drinking water quality
A “back on the envelope calculation” shows that for the drinking water at the pumping
station the concentrations will rise in the future. With a maximum of 0.3% of the total
production water from all pumping wells originating from the landfill, a concentration of
about 0.003 x 4371 ng.L-1 = 13 ng.L-1 would be expected, in case that 0.3 % of leachate
could be mixed with groundwater on volume basis, in the drinking water (4371 ng.L-1 is
the sum PFAAs in OW1 f03). This is higher than the concentrations encountered currently
in the pumping wells, yet still in the same range as average concentrations observed in
drinking water in the Netherlands (Noorlander et al., 2011). However, this small exercise
shows that the future PFAAs concentrations in the groundwater will totally depend on
the 0.3% number and calculated concentration should therefore be taken as indicative.
Breakthrough of the leachate is expected around 2026, though retardation of the longer
chained compounds (e.g. PFOA) may cause these compounds to breakthrough later. Alt-
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hough the Netherlands do not have guideline values for the presence of PFAAs, these
concentrations remain well under the German safe lifelong exposure provisional guideline value (300 ng/L for the sum of PFOA and PFOS) (TWK, 2006).
The importance of groundwater contamination by “former” landfills in The Netherlands
is difficult to assess since no large scale sampling campaign has taken place. In The Netherlands only, more than 1000 former landfills are present with some 50 of them present in the vicinity of groundwater abstraction areas. Since 60% of the drinking water is
produced from groundwater in The Netherlands, it is possible that more sources are, or
will become impacted. Only one small sampling campaign (n=5) showed the presence of
68 and 44 ng/L of PFOA in groundwater used for drinking water production at two locations. In Germany, Bavaria where different large sampling campaigns (∑n=97) were carried out in suspected areas the overall levels of contamination were found to be low in
general (Eschauzier et al., 2012b). The relative importance of groundwater contamination
compared to surface water contamination from WWTP with respect to overall contamination of drinking water is hard to assess since little data are available. However, the treatment of drinking water produced from surface water is more thorough than water
produced from groundwater. As such PFAA present in groundwater will more likely end
in the drinking water than PFAAs present in surface water.
In the PSWF under study, the high leakage of PFAAs from the nearby landfill was not likely to cause problems in the drinking water, due to strong dilution in the pumped
water and long travel time in the aquifer. Future work will have to include the sampling
of groundwater having no recent anthropogenic impact (older than 100 years) as an appropriate reference material.

3.4 Conclusions
The presence of different sources of PFAAs and its repercussion for the groundwater
quality and, ultimately drinking water quality were demonstrated in the present study.
We identified a former landfill and a military camp / urban area as important, direct
sources of PFAAs contamination in groundwater. The use of inorganic and organic tracers proved to be a valuable tool in assessing the sources of PFAAs. After breakthrough
of the landfill leachate, the sum concentration of PFAAs in the drinking water produced
at the PSWF will amount some 13 ng.L-1. This is in the same range as current average
concentrations of PFAAs observed in drinking water in the Netherlands.
Supporting Information
Supplementary data to this chapter can be found online at:
http://dx.doi.org/10.1016/j.scitotenv.2013.04.066.
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Chapter 4

Perfluoroalkyl acids in infiltrated river Rhine water
and infiltrated rainwater in coastal dunes
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Abstract
Different studies have shown that surface waters contain perfluoroalkyl acids (PFAAs) in
the low ng/L range. Surface waters are used to produce drinking water and PFAAs have
been shown to travel through the purification system and form a potential threat to
human health. The specific physicochemical properties of PFAAs cause them to be persistent and some of them to be bioaccumulative and toxic in the environment. This
study investigates the evolvement of PFAAs concentrations in Rhine water and rainwater
during dune water infiltration processes over a transect in the dune area of the western
part of The Netherlands. The difference between infiltrated river water and rainwater in
terms of PFAAs composition was investigated. Furthermore, isomer profiles were investigated. The compound perfluorobutanesulfonate (PFBS) was found at the highest concentrations of all PFAAs investigated, up to 37 ng/L in infiltrated river water (71±13% of
ΣPFAAs). This is in contrast with the predominant occurrence of perfluorooctanoic acid
(PFOA) and perfluorooctanesulfonate (PFOS) reported in literature. The concentrations of
PFBS found in infiltrated river Rhine water were significantly higher than those in infiltrated rainwater. For perfluorohexanesulfonate (PFHxS) the opposite was found: infiltrated
rainwater contained more than infiltrated river water. The concentrations of PFOA, perfluorohexanoic acid (PFHxA), perfluoroheptanoic acid (PFHpA), PFBS, PFOS, and PFHxS
in infiltrated river water showed an increasing trend with decreasing age of the water.
The relative contribution of the branched PFOA and PFOS isomers to total concentrations of PFOA and PFOS showed a decreasing trend with decreasing age of the water.

66

4.1 Introduction
Perfluoroalkyl acids are composed of fully fluorinated carbon chains of varying length
and a sulfonic, carboxylic, or phosphonic headgroup. They are an important subgroup of
the PFAAs. The specific properties of PFAAs such as water, fat, and dirt repellency, microbial inertness, thermal stability, and surface tension lowering make these compounds
extremely interesting for commercial and industrial usage. They occur as active ingredients or residuals in a wide range of products such as nonstick cookware, clothing, carpets, paints, and food packaging (Kissa, 2001). The presence of PFAAs at the ng/L or
μg/kg level in different environmental compartments such as surface waters (McLachlan
et al., 2007), oceans (Yamashita et al., 2005), air (Barber et al., 2007; Ellis et al., 2004),
sediments (Higgins et al., 2005), biota (Conder et al., 2008), and human blood serum
(Kannan et al., 2004) has instigated a considerable scientific interest in the past decade.
Extensive studies discovered that several PFAAs are extremely persistent (Sáez et al.,
2008), bioaccumulative (Conder et al., 2008), and toxic (Hekster et al., 2003). Direct
emission of PFAAs to the environment occurs via the use and manufacture of PFAAs
salts and fluoropolymers and the use of Aqueous Film Forming Foam (AFFF; generally
associated with high levels of perfluorohexanoic acid (PFHxA), perfluorooctanoic acid
(PFOA), perfluorohexane sulfonate (PFHxS), and perfluorooctane sulfonate (PFOS))
(Moody et al., 2003). Spraying of and leaching from water and stain repellents on consumer/industrial products also form a direct emission source. Indirect distribution in the
environment occurs via atmospheric degradation of fluorotelomer products by hydroxyl
radicals or leaching from these products (Moody et al., 2003; Prevedouros et al., 2006).
Once present in the environment, spreading mainly occurs via surface waters, ocean currents, or through atmospheric transport of precursor compounds (Ellis et al., 2004; Prevedouros et al., 2006; Armitage et al., 2009; Schoeib et al., 2006). To the best of our
knowledge, from the PFAAs found in nature, only PFBS, PFOS, PFOA, perfluorononanoic
acid (PFNA; especially in Japan), and the fluorotelomer alcohols are known to be directly
used or produced. The other chain lengths observed in the environment are therefore
mostly originating from indirect sources (fluoropolymer industry) or may be formed in
production processes such as Electro Chemical Fluorination (ECF) as reaction impurities.
The ECF manufacturing pathway, yielding a mixture of nonbranched and branched isomers with different chain lengths (C4-C9 and possibly higher), has mostly been replaced
(in Europe and the United States, major exception: the C4 chemistry) by a telomerization
method based on fluorotelomer iodides which mainly yields straight carbon chains (Prevedouros et al., 2006). The occurrence of PFAAs in surface waters, which are used for
the production of drinking water, is a known exposure pathway for humans (Vestergren
and Cousins, 2009). PFAAs were observed in drinking water prepared from contaminated
river water from the Ruhr area in Germany (Skutlarek et al., 2006), ranging from 22 to
519 ng/L for PFOA and from 3 to 22 ng/L for PFOS. In this case, PFAAs concentrations
detected in drinking water supplies prepared from riverbank filtration and artificial recharge did not significantly differ from those found in surface waters (Skutlarek et al.,
2006). Lange et al. (2007a) also concluded that riverbank filtration and artificial groundwater recharge did not remove C4-C8 chained PFAAs during filtration. In another study
(Loos et al., 2007), concentrations of different PFAAs found in Lake Maggiore, Italy were
almost identical to the concentrations found in tap water from the same area. The tributary rivers to this lake hardly contained PFAAs, however, whereas rainwater in this area
contained higher amounts of PFAAs than lake water, suggesting an atmospheric source
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of PFAAs (Loos et al., 2007). Dutch river waters that may serve as a drinking water resource are known to contain PFAAs, ranging from <5 to 43 ng/L (Mons et al., 2007).
Little is known, however, about the presence and behavior of these compounds in the
Dutch drinking water preparation cycle.

Figure 1 Age distribution and water flow of recharged Rhine water transported from river Rhine to Leiduin by pipeline, and wells sampled (circled nos.) in the cross section (transect). Water flow follows the arrows, from left to right.
Figure used with permission from the author (Stuyfzand, 1993).

In the Western part of The Netherlands, pretreated water from the river Rhine is infiltrated at various sites in the coastal dunes, recovered after 40-100 m of aquifer passage in
30-135 days, and post-treated to produce drinking water. The dune locations provide an
ideal opportunity to study the behavior of PFAAs in a coastal sandy aquifer system,
which on the one hand is recharged artificially through basins filled with river Rhine
water, and on the other hand is recharged naturally by rainwater. The purpose of the
present study is to analyze the profiles of nonbranched and branched PFAAs in infiltrated river water samples along a transect of varying age of the water, and to compare
these two profiles in infiltrated rainwater. This comparison of both groundwater types is
expected to reveal differences in sources and pathways of PFAAs.
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4.2 Materials and Methods
4.2.1 Chemicals
The nonlabeled calibration standards and the isotopically labeled internal standards perfluorocarboxylates (PFCAs) and perfluorosulfonates (PFSAs) were obtained from Wellington Laboratories (Ontario, Canada). A list with abbreviations of the nonlabeled and
labeled standards is shown in Table S1 of the Supporting Information (SI). Materials
used for sample treatment and analysis included C18 SPE Sep-Pak Vac 3 cm3 (500 mg)
cartridges (particle size 55-105 μm, pore size 125 Å) from Waters (Wexford, Ireland);
Acrodisc LC13 GHPPall 0.2 μm filters from Pall Corporation (New York); 30 mL polypropylene (PP) tubes with screw cap and 2-mL glass vials from Supelco (Bellefonte, PA).
Methanol of ULC/MS grade was obtained from Biosolve (Valkenswaard, Netherlands).

4.2.2 Sampling Area
The sampled field site is located near the North Sea coast to the south of the village of
Zandvoort in the Western part of The Netherlands, about 30 km west of Amsterdam. The
municipality of Amsterdam uses the dune area for producing drinking water from river
Rhine water for its inhabitants. The river water, after pretreatment by coagulation and
rapid sand filtration, is infiltrated in the dunes via shallow basins. Once infiltrated, this
water slowly moves through sandy and silty deposits to the recovery systems (drains,
wells, canals). There is no mixing with original dune groundwater (rain fed), except for
very narrow interfaces. Along the studied transect, the long distance between the infiltrating supply canal and draining canal (Van der Vliet canal) allows rainwater to form a
water body (lens) on top of the laterally migrating Rhine infiltrate (see Figure 1). The
spatial distribution of this lens, the narrow transition zone, and underlying Rhine infiltrate has been carefully mapped by using various tracers like Cl- (Table S7 in SI), the Cl/Br- ratio and 18O isotope of the water molecule (Stuyfzand, 2003). Both water bodies
have been sampled using conventional PVC piezometers and PE miniscreens, which
were installed about 28 years ago. The water sampled has been dated in an earlier survey (1981) by using chloride and tritium as environmental tracers. The resulting age distribution of the water is shown in Figure 1. This age distribution is expected to
approximate the current situation because in 2007 both the hydraulic pressure distribution and the shape of the dune water lens on top of the infiltrated body of river Rhine
water were practically identical to those in 1981. The transect sampled in this study is
located at a distance of approximately 2 km east from the North Sea shore.

4.2.3 Water Analysis
One-liter water samples were taken in the spring of 2008 from six wells along a transect
(with a maximum travel time of ~18 yr) in the dune infiltration area at two different
depths corresponding to either the infiltrated river water body or the rainwater body
(n=2 for each well). The wells are equipped with a series of mini-filters at regular intervals enabling sampling of water at different depths. Samples were collected in 1 L green
glass bottles (cleaning protocol given in SI) using a hand pump, and directly transported
to the laboratory for analysis. Approximately 100 mL of the water sample was weighed
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in an Erlenmeyer flask. Aliquots of 6400 ng of the mass labeled internal standards
(PFCAs: C6, C8, C9-C12 and PFSAs: C8) were subsequently added (see SI for recovery
calculations and Table S1 for mass labeled surrogate-analyte combination). C18 SPE cartridges were conditioned by eluting with 10 mLof methanol and 10mLof nanopure water,
consecutively. The water sample was subsequently transferred to the cartridge by gravitational flow (a rate of one drop per second approximately), the eluate was discarded
and the cartridge was then dried under a gentle N2 flow. The compounds retained on
the SPE cartridge were desorbed with 10 mL of methanol into a 30 mL PP tube (prerinsed with methanol). The PP tube was placed on a water bath at 45°C and the extract
was evaporated to 1 mL under a constant N2 flow. Finally, the solution was filtered
through an Acrodisc LC 13 GHP Pall (flushed with 1 mL of methanol) into a 2-mL vial
(prerinsed with methanol). The PP tube was washed with 500 μL of methanol and this
was added to the vial. The samples were stored at 4 °C prior to analysis. The PFAAs
were analyzed by injecting 20 μL of the extract into a high-performance liquid chromatograph (HPLC; with a LC-20AD XR pump, a SIL-20A autosampler, and a SCL-10A VP system controller; Shimadzu, Kyoto, Japan) connected to a tandem mass spectrometer
(4000 Q Trap; Applied Biosystems, Toronto, Canada) operating in the negative ionization
mode. The mass transitions applied are shown in Tables S2 and S3 of the SI. In general
transition 1 corresponds to decarboxylation for the carboxylic acids, and to the formation of SO3- for the sulfonic acids. Branched PFOS and PFOA were identified on the
basis of the ratio of the response (area) of mass transitions (M2:M1) of the isomer peak
(acceptance criterion: within range of (0.2-0.3), and the retention time (0.04 min). A further condition was that both the isomer peak(s) and the nonbranched compound should
have peak heights higher than 10× the signal-to-noise ratio (S/N). The mass transition
ratios alone do not allow for branched isomer quantification. No pure branched isomers
were available at the time of analysis for the calibration; therefore,we estimated the
concentrations of branched isomer assuming a response factor similar to that of the
nonbranched isomer. Although we are aware that this may lead to biased quantification
of the nonbranched isomer, the main purpose for doing so was to compare the relative
levels of branched isomers between samples. When branched isomers standards became
available the identity of the branched isomers was later confirmed by injecting branched
isomers of PFOA and PFOS (see SI Figure S9). Throughout the paper when PFOA or
PFOS are discussed, the mixture of branched and nonbranched PFOA and PFOS is
meant, unless explicitly mentioned otherwise (as in the isomer contribution section). An
ACE 3 C18-300 column (ID 2.1 mm; length 150 mm; Advanced Chromatography Technologies, Aberdeen, Scotland) with a particle diameter of 3 μm was used for the separation
and held at a temperature of 30 °C. The precolumn used for lowering the background of
PFAAs from the HPLC system was a Pathfinder 300 PS C18 column (ID 4.6 mm; length
50mm; Shimadzu, Duisburg, Germany) with a particle diameter of 3.5 μm,placed before
the injection valve. Gradient elution with a flow of 0.2 mL/min was applied with the following solvent composition: A, 40:60 methanol/water and B, 95:5 methanol/water (both
with 5 mM ammoniumacetate). After an equilibration time of 8 min, the solvent composition decreased from 100% at the start of the analysis to 20% A at 8 min and further
decreased to 0% A at 17 min. The solvent composition increased after 20 min to 100% A
again until 22 min. For comparative purposes samples were collected in the fall of 2008
from the adjacent Dutch coastal zone of the North Sea (n=8) and from fresh surface waters in The Netherlands (n=12). The analysis of these samples followed the same protocol as described above and detailed results of this sampling campaign are reported
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elsewhere (Möller et al., 2010). The anion analysis (SO42-, NO3-, Cl-) was performed on a
CFA system (Auto Analyzer, Skalar, Breda, Netherlands). Cations (Na+, Mg2+) were determined by ICP-OES (OPTIMA 3000XL Perkin-Elmer, Norwalk, CT); see Table S7 in the SI
for the results. A quality control description is included in the SI.

4.3 Results and Discussion
Analysis of the water samples revealed that PFAAs are present in infiltrated Rhine water
and in infiltrated rainwater (for PFAAs concentrations, see Table 1 and Tables S4 and S5
in the Supporting Information). The predominant PFAAs found in the analyzed water are
PFBS, PFHxS, PFOS, and PFOA.

4.3.1 Infiltrated Rhine Water Body
The results in Table 1 show that PFBS is the most abundant component (mean: 24 ng/L)
in infiltrated Rhine water. PFOS was found at concentration levels between 0.3 and 28
ng/L, with the majority of the samples below 5 ng/L. Concentrations of PFHxA, perfluoroheptanoic acid (PFHpA), and PFOA were found to be less: <0.3-2.5 (PFHxA), 0.3-0.7
(PFHpA), and 2.1-11 ng/L (PFOA). Finally, PFHpS, perfluorodecane sulfonate (PFDS), perfluoropentanoic acid (PFPeA), perfluoroundecanoic acid (PFUnA), perfluorododecanoic
acid (PFDoA), perfluorotridecanoic acid (PFTrA), and perfluorotetradecanoic acid (PFTeA)
were present either at very low concentrations close to or below the corresponding
LOQs. The River Rhine is the likely source of these PFAAs and is therefore considered
the primary source of PFAAs found in infiltrated surface water of the dunes. Skutlarek et
al. (2006) found similar high concentrations of PFBS in the Rhine river, whereas levels of
PFOA and PFOS were reported to be higher than those in the present study. Lange et al.
(2007a) also found high PFBS concentrations in the river Rhine and attributed these to a
plausible point source on the lower Rhine in Germany. High PFBS levels were also observed in other sampling campaigns; see Table 1. Quinete et al. (2009) reported PFOA
and PFOS concentrations in the river Rhine which are lower than those observed in the
present study (Table 1). Previously reported mean concentrations by McLachlan et al.
(2007) in Rhine water of PFHxA, PFHpA, and PFOA amounted to 18, 1.8, and 12 ng/L respectively. Hence, the concentrations measured in the present study in the infiltrated
river Rhine water correspond fairly well to available literature data. Increasing trends
were observed for nonbranched PFHxA, PFHpA, PFOA, PFBS, PFHpS, and PFOS along the
transect (data and statistics shown in SI, Figure S8 and Table S8) with decreasing travel
time of the water. Increased production of PFAAs over time or sorption to soil over time
are possible explanations of these patterns.

4.3.2 Infiltrated Rainwater Body
Concentrations of PFAAs in infiltrated rainwater are highly variable across the transect
(Table 1 and Table S5 in SI) and dominated by PFHxS and PFOA (see Table 1). The mean
concentrations of PFBS, PFOS, perfluorooctane sulfonamide (PFOSA), PFHxA, and PFHpA
were all less than 2.4 ng/L. In rainwater from remote American locations similar concentrations of PFCAs were found (Scott et al., 2006) except for PFOA, for which levels ranged between <0.5 and 3.1 ng/L. Liu et al. (2009) reported higher concentrations of PFOA,
PFHpA, and PFOS in rainwater and lower concentrations of PFHxS. Possible contamina-
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Table 1 Comparison of arithmetic mean concentrations (in ng/L; Standard Deviation Shown)
of PFAAs in all infiltrated river and rainwater wells with reported monitoring data.

ion pathways to the infiltrated rainwater body are atmospheric deposition (Young et al.,
2007; Stock et al., 2007) due to transport of PFAAs and/or oxidation of precursors, or
marine aerosol deposition (as the distance of the sampling area to the North Sea shore
is approximately 2500 m). A possible contribution from sea spray is however considered
unlikely because the PFAA concentration patterns in North Sea water and infiltrated rainwater differ considerably (see Figure 2). Moreover, if the infiltrated rainwater body would
be impacted by the North Sea spray one would expect a correlation between chloride
concentrations and one of the major compounds (such as PFOS) in the North Sea water
profile. No such relationship was apparent. Therefore, it is likely that PFAAs found in the
infiltrated rainwater body mainly originate from atmospheric deposition.

Figure 2 Mean analyte contribution (standard deviation shown) to the ∑PFAAs concentrations (ng/L) in infiltrated
river water (n=12), Dutch freshwater (n=12), infiltrated rainwater (n=12), and Dutch coastal North Sea water (n=8)
with number of samples within brackets. ∑PFAAs, sum of PFHxA, PFHpA, PFOA, PFBS, PFHxS, and PFOS.
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4.3.3 Comparison of Levels and Abundance Patterns of PFAAs
Concentrations of ΣPFAAs (i.e., sum of PFHxA, PFHpA, PFOA, PFBS, PFHxS, and PFOS)
found in infiltrated Rhine water tend to be somewhat higher than those found in infiltrated rainwater (see Table 1). For individual PFAAs important differences are observed
both for the absolute concentration levels and their relative contribution to ΣPFAAs. The
concentration patterns in Figure 2 present the mean analyte percentages of six PFAAs in
the two water bodies sampled. For comparison the patterns of Dutch surface waters and
North Sea water from adjacent areas are also shown. Figure 2 shows that infiltrated river
water, Dutch fresh surface waters, and to some extent North Sea water have relatively
comparable concentration patterns (major components PFBS, PFOS, PFOA), while infiltrated rainwater clearly is dissimilar (major: PFHxS, PFOA). The most obvious differences
between the two infiltrated water bodies are (i) the relative contribution of PFBS in infiltrated Rhine water (71±13% of ΣPFAAs) that is significantly different (P=0.0025; Student’s t test) from the contribution found in the infiltrated rainwater pattern (13±20% of
ΣPFAAs), and (ii) the contribution of PFHxS which accounts for 45±25% of the ΣPFAAs
in infiltrated rainwater, whereas this is only 3±1% in infiltrated river water (P=0.0328).
The differences between the absolute concentrations of PFBS and PFHxS in the two
water bodies (see Table 1) were also statistically significant. The compounds PFOA and
PFOS account for 13±6% and 8±11%, respectively, of the total PFAAs concentrations in
infiltrated Rhine water in the present study. The percentage contribution of PFHxA,
PFHpA, PFOA, PFBS, and PFHxS to the total PFAAs present in infiltrated river water samples is very similar to the percentages found in Dutch surface waters. This indicates that
the PFAA contribution does not change even after pretreatment and infiltration of water
from the river Rhine. The contribution of PFOS to total PFAAs in Dutch fresh surface
water is however much higher compared to that in infiltrated river water. The observed
patterns and trends of PFAAs in infiltrated water compared to source waters are the result of several fate mechanisms, the most important of which are: (i) emissions over
time, (ii) preferential sorption (of longer chained PFAAs), and (iii) degradation of precursors (Murakami et al., 2009a; Washington et al., 2009). The occurrence of PFBS found in
high concentrations in relatively old infiltrated Rhine water is somewhat unexpected because the production of PFBS was increased after the voluntary ban of PFOS in 2002.
The results suggest that PFBS sources were already discharging into river waters before
2002. Skutlarek et al. (2006) also reported PFBS to be the major component in the
Rhine river and selected tributaries (53±19% of ΣPFAAs) followed by PFOS and PFOA
(38±21% and 6±7% of tot ΣPFAAs). Despite the ban on PFOS production, the concentrations of PFOS in infiltrated river water increase with decreasing water age (see Table
S4 in SI). In the dune area, sorption of PFOS to soil probably plays amoreimportant role
than emission reduction. It is known that sorption of PFAAs increases with increasing
chain-length (Murakami et al., 2009; Higgins and Luthy, 2006), hence it can be inferred
that PFOS will adsorb more strongly than PFBS and PFHxS. The design of the present
study does not allow any firm conclusions to be drawn on the role of degradation of
precursors during air transport. It has been postulated that aerobic degradation of precursors can take place in soils leading to increased concentrations of PFOS and PFOA
(Murakami et al., 2009a; Washington et al., 2009). For other carbon chain-lengths no
such information is available and therefore no conclusions can be drawn at this stage
on the influence of degradation on the overall patterns observed.
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4.3.4 Contribution of Isomers
Changes in the concentrations of nonbranched and branched isomers of PFOA and PFOS
over time were evaluated semiquantitatively in this study. Because the branched isomers were quantified using the same response factor as the nonbranched PFAAs, one
should consider the concentrations rather relatively than quantitatively. The data obtained from infiltrated river water have been used because this transect covers a long time
component (up to 18 years, cf. Figure 1). Resolved isomer peaks and coeluting branched
isomers of PFOA and PFOS are observed in all chromatograms of samples analyzed in
this transect (see SI Figure S1 to S7 for example chromatogram). In Figure 3 the branched and nonbranched isomer concentrations for each duplicate sample of PFOA and
PFOS are presented versus the distance traveled in the transect. In the infiltrated rainwater bodyno shifts in isomer profiles are apparent along the transect for PFOA and
PFOS. This was expected because atmospheric deposition is assumed to be equal over
the relatively small area sampled. In infiltrated river water, concentrations of the nonbranched and branched PFOA and PFOS isomers (Figure 3) show an increasing trend
with decreasing age or decreasing distance from the infiltration point. This effect is more
pronounced for PFOS than for PFOA (see SI Figures S10 and S11 and Table S8 for regression analysis). The relative contribution of branched isomers of PFOA and PFOS increases with increasing age of the infiltrated water (Figure 3). The introduction of branched
PFOA and PFOS isomers to the environment is mainly expected to originate from the
ECF process. The change of ECF to telomerization-related PFOA production in 2002
would eventually lead to a steady reduction of branched isomers from surface waters in
the near future (De Silva and Mabury, 2006). This would mean that the relative contribution of the nonbranched PFOA becomes more important toward present time. This is indeed observed: the relative abundance of nonbranched PFOA isomers appears to
increase with decreasing age of the water sampled. When the mean contribution of the
branched isomers to total PFOS in the several water bodies samples is compared (using
one way ANOVA with a Scheffe post hoc in SPSS v18), it appears that contributions are
significantly different between seawater (38±26%) and the two surface water bodies: infiltrated river water (83±17%) and Dutch freshwaters (63±5%). Within the infiltrated
river water and Dutch freshwater bodies no significant difference was observed (see
Table S9 in the SI for P values). Houde et al. (2008) found similar percentages of branched PFOS isomers in lake Ontario water: 43-57%. Apart from changes in emissions over
time, isomer profiles may change as a result of stronger sorption of certain isomers. One
of the possible explanations is that branched isomers are more hydrophilic (e.g., because of a lower molecular volume requiring less energy to create a cavity in water)
than nonbranched, resulting in a larger part of the branched isomers remaining in solution.
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Figure 3 Concentrations of nonbranched and branched isomers of PFOA (top panel) and PFOS (bottom panel)
along the transect sampled in infiltrated river water body (Distance 0 is the infiltration ditch; water flows from
left to right (see Figure 1), corresponding with young water to aged water)..

4.3.5 Environmental Relevance
The fate and behavior of PFAAs in the environment remain complicated to assess. The
results from the present study show that various water bodies may become contaminated by PFAAs from different sources. PFOA and PFHxS observed in infiltrated rainwater
are likely to originate from atmospheric transport of precursors. Why PFHxS is more dominant than, e.g., PFOS in infiltrated rainwater is unclear. Data on PFHxS are scarcer
than those on PFOS. Sorption to particles of the C8 is stronger than of the C6 compound and may in part explain the differences observed. The increasing trends of PFAA
levels observed in infiltrated river water over time reflect increasing emissions along the
river Rhine, despite the ban on ECF production of PFOS in Europe and North America.
The major components of the PFAA pattern in observed infiltrated river water (PFBS,
PFOA, and PFOS) are all known to be emitted by point sources such as sewage and
wastewater treatment plants. However, no differentiation in the following important pro-
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cesses can be made yet: sorption, degradation, formation from precursors, changes in
emissions and input over time, as congener specific information on such processes is
lacking. As far as the drinking water production is concerned, based on the results of
this study it can be inferred that fast and slow sand filtration will not remove PFAAs. It
is estimated that drinking water consumption from sources near or in contaminated
areas is one of the most important exposure pathways of PFAAs for humans. One
human biomonitoring study concluded that exposure to PFOA via drinking water can
lead to 4- to 8-fold higher blood serum levels compared to unexposed groups (Wilhelm
et al., 2009). As for the Dutch drinking water practice, margins to existing guideline values that have been shown to be approached in heavily contaminated areas (Schriks et
al., 2010) are sufficiently large in the case of PFOA and PFOS in the area sampled.

Supporting Information
Supplementary data to this chapter can be found online at: http://pubs.acs.org.
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Abstract
The behavior of polyfluoralkyl acids (PFAAs) from intake (raw source water) to finished
drinking water was assessed by taking samples from influent and effluent of the several
treatment steps used in a drinking water production chain. These consisted of intake,
coagulation, rapid sand filtration, dune passage, aeration, rapid sand filtration, ozonation, pellet softening, granular activated carbon (GAC) filtration, slow sand filtration, and
finished drinking water. In the intake water taken from the Lek canal (a tributary of the
river Rhine), the most abundant PFAAs were PFBA (perfluorobutanoic acid), PFBS (perfluorobutane sulfonate), PFOS (perfluorooctane sulfonate), and PFOA (perfluorooctanoic
acid). During treatment, longer chain PFAAs such as PFNA (perfluorononanoic acid) and
PFOS were readily removed by the GAC treatment step and their GAC effluent concentrations were reduced to levels below the limits of quantitation (LOQ) (0.23 and 0.24 ng/L
for PFOS and PFNA, respectively). However, more hydrophilic shorter chain PFAAs (especially PFBA and PFBS) were not removed by GAC and their concentrations remained constant through treatment. A decreasing removal capacity of the GAC was observed with
increasing carbon loading and with decreasing carbon chain length of the PFAAs. This
study shows that none of the treatment steps, including softening processes, are effective for PFAAs removal, except for GAC filtration. GAC can effectively remove certain
PFAAs from the drinking water cycle.The enrichment of branched PFOS and PFOA isomers relative to non branched isomers during GAC filtration was observed during treatment. The finished water contained 26 and 19 ng/L of PFBA and PFBS. Other PFAAs were
present in concentrations below 4.2 ng/L The concentrations of PFAAs observed in finished waters are no reason for concern for human health as margins to existing guidelines are sufficiently large.
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5.1 Introduction
PFAAs (perfluoroalkyl acids) are composed of a fully fluorinated alkyl chain of varying
length in combination with a sulfonic, carboxylic, or phosphonic headgroup. This compound family is a subgroup of the larger family of polyfluoroalkyl substances (PFASs)
(Kissa, 2001; Buck et al., 2011). These compounds show high persistence in the environment and some are bioaccumulative and capable of inducing developmental toxicity
(Lau et al., 2007). Polarity and aqueous solubility of the PFAAs increase with decreasing
carbon chain length. Perfluoroalkyl substances have been detected in drinking water at
concentrations typically in the low ng/L range (Ericson etal., 2008; Lange et al., 2007a;
Rumsby et al., 2009), with occasionally higher concentrations (lower μg/L level) in some
contaminated areas (Skutlarek et al., 2006). These findings suggest that PFAAs are not
or poorly removed during drinking water treatment. Since the exposure of humans to
PFAAs occurs partly via drinking water (Vestergren and Cousins, 2009; D’Hollander et
al., 2010),information is needed about their presence in drinking water and their removal
during treatment processes. The relationship between PFAAs in source and drinking
water was shown in several studies by sampling both the influent of the treatment and
the produced finished drinking water. A positive correlation between both concentrations has been observed (Takagi et al., 2008; Lien et al., 2006), with levels detected in
the raw water sometimes being identical to those in the produced drinking water (Quinones and Snyder, 2009; Loos et al., 2007). The relationship between levels of PFAAs in
source and drinking water depends on the number and types of treatment steps in between. The role of the individual treatment steps at the operational plant scale in the removal of PFAAs has not been assessed in peer reviewed literature, with the exception of
efficacy of GAC for perfluorooctanoic acid (PFOA) and perfluorooctane sulfonate (PFOS).
It appears that the treatment technology most frequently applied for the removal of
PFAAs from contaminated water is granular activated carbon filtration (GAC) (Wilhelm et
al., 2010). However contradicting reports can be found on the efficacy of GAC treatment
(Rumsby et al., 2009). Fresh GAC is known to remove most PFAAs homologues with
alkyl chains longer than those of PFOA or perfluorobutanoic acid (PFBS) from the water
at the batch scale (Ochoa-Herrera and Sierra-Alvarez, 2008; Yu et al., 2009). In practice,
GAC either does not appear to be effective in removing PFAAs (Shivakoti et al., 2010;
Quinones and Snyder, 2009) or only during a limited period of time (Wilhelm et al.,
2010). Almost invariably, these conclusions are based on the measurement of PFOA and
PFOS only. The use of membrane technology, such as reverse osmosis (RO) and nano
filtration (NF), to remove PFAAs from water has been shown to be successful for PFAAs
with an alkyl chain longer than perfluoropentanoic acid (PFPeA) and perfluoropentane
sulfonate (PFPS) (Loi-Brugger et al., 2008; Steinle-Darling and Reinhard, 2008; Tang et
al., 2006). Despite these results, the implementation of membrane technology in drinking water treatment remains low due to operational costs and the problem of concentrate (or brine) disposal. The present work aims at evaluating the efficacy of removing
PFAAs from raw source water by the various treatment steps operating in a full scale
drinking water production site. Apart from PFOA and PFOS, this study focusses on the
behavior of other PFAAs, in particular short-chained PFAAs for which little information
exists other than that they are difficult to remove by common treatment techniques including GAC (Wilhelm et al., 2010). To this end, the concentrations of PFAAs were quantified directly prior to and immediately after each treatment step. This study is the first
to investigate isomer-specific behavior during treatment. We hypothesize that only the
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GAC treatment step will remove PFAAs. The removal rates will depend on the loading of
the GAC filters, which imply that increasingly aged GAC filters will show a decreasing removal capacity regarding PFAAs.

5.2 Materials and methods
5.2.1 Water Treatment
The source of drinking water for the city of Amsterdam (Netherlands) is the Lek canal,
which is fed by river Rhine water. After intake (70 million m3/y), water is pretreated (coagulation and rapid sand filtration) at Nieuwegein and then transported by pipeline (±40
km) to the western part of The Netherlands (Leiduin) where the water is slowly filtered
through dunes (Eschauzier et al., 2010). After reabstraction, the water is further treated
using rapid sand filtration, softening, ozonation, GAC filtration, and slow sand filtration
to produce the finished drinking water. In the process scheme of Leiduin, a two-stage
carbon filtration is applied. Out of a total of 40 filters of 58 m2 area * 2.5 m depth, 20
filters are used as first stage filters and the other 20 are used as second stage filters
(see SI, Figure S9). All filters are operated with an empty bed contact time (EBCT) of 20
min, resulting in a total EBCT of 40 min. Each newly installed filter is employed initially
as a second stage filter and is switched to the first stage after 15 months of operation.
After another 15 months, the carbon is reactivated and is put back into service as a second stage filter. Hence, the carbon is reactivated once every 2.5 years, which corresponds to a maximal total loading of 80 m3 H2O/kg GAC. The carbon used is Norit ROW
0.8S (density 330−360 kg/m3). During the carbon filtration process, the DOC content is
reduced from 2 to 1 mg/L C at a pH of 8.1 (saturation index 0.25−0.45) and a water
hardness of 1.5 mmol Ca2+ per L. Sampling Campaign. A total of 54 samples were collected in January and September 2010. During the first sampling round, one grab sample
was taken at the following treatment steps: intake in Lek canal (source water), effluent
of the coagulation step, effluent of the first rapid sand filtration, effluent of the dune
passage, effluent of the second rapid sand filtration, influent of the first GAC filtration,
effluent of the first GAC, effluent of the second GAC, and the finished drinking water. In
the second sampling round, the same sampling points were resampled approximately
every two hours during a period of 10 h, with a total number of between 2 and 6 samples collected at each sampling point (see Table 1), thus reflecting the hourly variation
in concentrations. From the total set of samples thus obtained (2−6 replicates from 10
points), for each sampling point a single sample was selected in such a way that it corresponded to sampling of the same parcel of water (taking into account the hydrological
sretention time, cf. Table S1). This allowed us to follow the fate of the PFAAs throughout
the entire purification plant. In order to specifically evaluate GAC regeneration dependence, during the second sampling round additional samples from effluents of individual
GAC filters with differing lifetimes (preloadings) were taken. A detailed description of the
drinking water production process from surface water from the Lek canal to finished
water and sample locations is presented in the SI Figures S1 to S4). All samples were
collected in 1 L polypropylene (PP) containers which were prerinsed with methanol three
times and then oven-dried at 70 °C. Before sampling, bottles were thoroughly rinsed
three times with sampled water. Sampling points consisted of stainless steel taps with
stainless steel tubing running continuously (never closed) for all but one sampling loca-
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tion (intake) where sample was taken directly from the surface water stream. Samples
were transported to the laboratory and conserved at 4 °C until extraction; samples were
extracted within two weeks after collection. The chemicals used and the method of analysis are described in the SI. The amount of sample extracted was 250 mL, this proved
to be an optimum in the work so far, but apparently not for the samples of the September sampling round.

5.2.2 Quality control
All samples were extracted in duplicate. The first set collected in January 2010 was also injected in duplicate. Because injection duplicates did not show large deviations (average:
10%; stdev: 9%), the samples collected in September 2010 were injected singularly. Concentrations reported in Table 1 are the average of both sampling campaigns unless explicitly stated otherwise. Quantification of all measurements was performed with a linear
eleven point calibration line (with r2 > 0.99 for all analytes). Samples were all quantified
within the linear dynamic range (0.07 to 140 pg absoluteinjected) of the calibration line
(see Figure S6 in SI). Analyte concentrations were corrected for total procedural recovery
of the mass labeled internal standards (SI Table S4). LOQs are given in SI Table S2. Anaytes were identified and quantified using the criteria reported in our previous study
(Eschauzier et al., 2010). Blank samples of the PP sampling bottles were prepared in the
laboratory by filling a bottle of 1 L with doubly distilled water to test for possible contamination occurring during each sampling round. The analysis of the blank samples followed
the same procedure that was used for the other samples. Average concentrations in the
field blanks (given in Table S2 of the SI) were constant, and comparable with previous
sampling campaigns (Eschauzier et al., 2010). Procedural blanks were analyzed for each
batch of samples. Injection of methanol in between approximately every 10 sample injections did not show contamination and flushed the system clean. LOQs were calculated according to the method described in footnote e of Table S2 of the SI. Because at the time
of analysis no isotope labeled standards of branched isomers of PFOA and PFOS were
available, special attention had to be given to the identification of the branched isomers.
Under the experimental conditions used, branched isomers elute prior to the peak of the
non branched homologue. Branched isomers coeluted in a single peak in the case of PFOA
and in two distinct peaks in the case of PFOS. Since the earliest eluting peak of branched
PFOS never contributed more than 5% to the total peak response of all branched isomers
(see Figure S8 of the SI), for the calculation of branched to non branched ratios only the
second eluting peak was used. The isomers were identified on the basis of retention time
(with a ± 0.3 min window); the presence of transitions one and two (see SI); and by looking at the ratio of both transitions (tr1/tr2) which was significantly different for the branched and the non branched isomers: tr1/tr2 L-PFOA 1.3; stdev 0.1; tr1/tr2 B-PFOA 0.8;
stdev 0.2; tr1/tr2 L-PFOS 1.6; stdev 0.5; and tr1/tr2 B-PFOS 4.1; stdev 0.6. The concentrations of branched PFOA and PFOS isomers were quantified assuming they have a response
factor similar to that of the non branched isomers. Although this may lead to biased quantification of the branched isomers, the main purpose was to compare the relative levels of
branched isomers between samples. Statistics used. Statistical tests were performed using
SPSS v.16.0 (www.spss.com) unless explicitly stated otherwise. Concentration increases
and decreases for each analyte between different locations sampled were tested with a
one-way ANOVA and a Games-Howell post hoc test (with p < 0.5) after testing for normality (with a Kolmogorov−Smirnov test) within the sampled location groups.
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5.3 Results and discussion
The analysis of water samples in the different drinking water production steps showed
the presence of PFAAs in all samples analyzed. First, we will discuss the overall set of
data generated by the two sampling campaigns that are reported in Table 1.

5.3.1 PFAA concentrations
In general, the finished drinking water contained short chained PFBA, PFPeA, PFHxA,
PFOA, PFBS, and PFHxS; while longer chained PFAAs such as PFNA and PFOS were well
removed from the drinking water (Table 1). The concentrations of PFAAs along the drinking water treatment show that most treatment processes do not remove perfluoroalkyl
acids from the water. Concentrations of PFBA and PFBS ranged from <9.5 to 52 ng/L and
from 11 to 42 ng/L respectively (see Table 1). The averages of the other analytes measured: PFPeA, PFHxA, PFHpA, PFOA, PFNA, PFDA, PFHxS, and PFOS ranged between <LOQ
and 18 ng/L. Because the recoveries for PFBA were rather low, the concentrations should
be taken as indicative. Comparatively low PFBA recoveries are not uncommon in these
types of samples and have been reported before (Möller et al., 2009). Concentrations of
PFAAs in the intake water found in this study are similar to results reported by the RIWA
in 2009 (RIWA, 2010) in the river Rhine at Lobith (Dutch-German Border) (see Table 1
and SI S8) and by Möller et al (2010) for the river Rhine. The relatively high concentrations of PFBA and PFBS measured in the river Rhine and in the Lek canal have been attributed to an industrial point source upstream in the German part of the Lower Rhine.25
The concentration levels and relative abundances of the various PFAAs in water from the
sampling location Lobith (RIWA,2010) were similar to those of water taken in the Lek
canal (using MANOVA analysis with a Wilks’s lambda post hoc test (α = 0.28)); indicating that the concentration pattern found in the source water in the present study is similar to that of the river Rhine. Monitoring results published on a regular basis during
the period 2007−2009 by the RIWA (2008, 2009, 2010) on PFOA and PFOS in the Lek
canal showed that their concentrations at this intake location do not fluctuate much
over the years (e.g., PFOS in Figure S5 and Table S9 of the SI). Although the yearly
averages of PFBA and PFBS concentrations in the river Rhine at Lobith are similar to the
intake concentrations, they exhibit a much larger variability in concentration levels than
those of PFOA and PFOS. This is reflected in the variability in PFBA and PFBS levels in
the pretreatment steps (see Table 1). Although a decrease is observed for PFBA in the
coagulation step (see Table 1), this decrease appears to be non significant (α = 0.904
and α = 0.412, respectively, ANOVA) and can be attributed to the large variability in the
influent concentrations and the analytical uncertainty. Rapid and slow sand filtration treatment steps as well as dune filtration through sandy aquifers did not remove PFAAs to
any appreciable extent. This is in agreement with previous studies where riverbank filtration through sandy soils (Stuyfzand, 1993; Lange et al., 2007a) and dune passage
(Eschauzier et al., 2010) did not remove PFAAs. PFAA concentrations in the finished drinking water were highest for PFBA and PFBS, with maxima of 33 and 24 ng/L max, respectively (Table 1). PFPeA, PFHpA, PFOA, and PFHxS were present at concentrations
varying between 0.43 and 4.4 ng/L (Table 1). The concentrations of PFAAs observed in
the finished water in the present study are highly similar to those in tap water in the
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Average concentrations of samples collected in sampling campaigns one and two. For comparative purpose, PFAAs concentrations in surface
waters and drinking water from other studies are included. na = not analyzed; b Median values reported; c LOQs were not given in the source
reference d See SI Table S2 for LOQ derivations

a

Table 1 Concentrations of PFAAs (arithmetic mean in ng/L with range in brackets) encountered in different sampled processes

city of Amsterdam measured elsewhere (Ullah et al., 2011).This indicates that the concentrations in the finished drinking water and in tap water do not differ much. Tap water
from other European countries has been shown to contain comparable concentrations of
PFAAs. When comparing the concentrations of PFAAs in finished drinking water and in
the intake water, rather than using intake water data, data of effluents from the dune infiltration (see Table 1) were used. This was done because of the lag time involved between the influent of the dune area and the effluent of the dune area, which is between
30 and 135 days on average (Eschauzier et al., 2010). The decrease in the total concentration of PFAAs observed between the effluent dunes (77±3.3 ng/L) and the finished
water (60±3.0 ng/L) is a result of the decreases of PFOA, PFNA, PFHxS, and PFOS. This
is in contrast to results reported by Quinones and Snyder (2009) who found that compound specific concentrations were similar in influent and effluent (even for PFOS) when
GAC filtration was used. In the present study the shorter chain PFAAs, i.e., <C8, were
found to dominate the total PFAA concentrations, in particular in the finished water. The
concentrations encountered in drinking water are in general in the low ng/L range. This
is similar to results from other studies which reported concentrations in the same order
of magnitude (Eschauzier et al., 2011).

5.3.2 Hydrological Retention Time
As mentioned in the Materials and Methods section one series of grab samples in the
second sampling round took into account the hydrological retention time of a parcel of
water flowing through the treatment plant. This allows better visibility of the processes
occurring during the water treatment. Concentrations from this series of the second sampling round only are shown in Figure 1; the pretreatment (graphs A and C) and post-treatment (graphs B and D) are represented separately due to the lag time involved in the
filtration (see Materials and Methods section water treatment and Eschauzier et al
(2010)). The concentrations of PFAAs shown in Figure 1 remain constant during the first
three treatment steps (Figure 1 A,C) except for PFBA and PFBS. We have no definitive
explanation for this observation so far. If removal due to coagulation would have occurred, then a relationship between the alkyl chain length and removal efficiency would be
expected; this is however not the case as longer chained PFAAs levels remained constant throughout the pretreatment steps. Possibly, the low and variable recovery of
PFBA could be a reason for the non explainable behavior. In the post-treatment (Figure
1B,D), all analyte levels remain constant over the first four treatment steps. Ozonation
clearly does not affect the concentrations of PFAAs. This is in agreement with batch experiments (Schröder and Meesters, 2005) and can be explained by the strength of the
C−F bond in PFAAs (Vecitis et al., 2009). The persistence of PFAAs toward ozonation is
further supported by the use of perfluoroalkyl acids as enhancers in advanced oxidation
processes (e.g., Vecitis et al., 2009; An et al., 2002). The water softening step, by addition of caustic soda (NaOH), which is the treatment process that is applied between effluent ozonation and influent GAC, did not show any appreciable removal of PFAAs. A
significant decrease was observed for PFOS after the first GAC passage, indicating that
little GAC capacity is needed for the removal of PFOS (only one filtering step is needed,
see figure 1D). In the second GAC filter, a significant decrease of the concentration was
found for PFOA, PFNA, PFHxS indicating that more capacity (GAC filtration step 1 and 2)
is needed for the removal of these homologues. The concentration of PFOS also decreased further to below the LOQ in the second treatment step. From Figure 1D it can be
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Figure 1 Concentrations of PFAAs (ng/L) (sampled in September 2010) during water pretreatment in Nieuwegein
(A and C), and during water postdune infiltration treatment at Leiduin (B and D). Data shown are from the sampling series that accounts for the hydrological retention (see Methods section for further details). Error bars represent the standard deviation of the duplicate extraction of one sample.

seen that PFNA, PFDA (shown in Table 1), PFOS and PFHxS are completely removed during GAC treatment, while PFOA only decreases about 50% after the GAC filtration. The
removal of long-chained PFAAs has also been observed in other studies Hansen et al.,
2009; Wilhelm et al., 2009; Takagi et al., 2008). The increase in PFBS concentration observed in Figure 1D is possibly due to the desorption of previously adsorbed PFBS which
may be displaced by highly sorptive matrix components that compete for active sorption
sites. The same effect was also shown in soil columns experiments, where short chain
PFAAs were desorbed by additional input of a longer chain PFAAs to the columns (Kawaguchi, 1990; Gellrich et al., 2011). A difference in matrix effects as an explanation for
different recoveries in GAC influents and GAC effluents is quite unlikely, as the major
matrix interferences in the water have already been removed prior to the GAC filtration
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and the microcontaminants that are present in influents (and mostly absent in the effluent due to the GAC adsorption) do not influence the recovery of PFAAs. Finally, we cannot rule out that variability is introduced as a result of using 13C-PFHxS instead of
13
C-PFBS as internal standard.

5.3.3 GAC Performances
Since the GAC treatment steps did prove efficient in the removal of certain PFAAs, additionally the effluents of six individual GAC filters were sampled to gain insight in the
processes during filtration. To that end, two types of GAC filter categories were sampled:
filters with relatively short lifetimes (497−580 days) and filters with long lifetimes
(894−937 days), which correspond to moderately and highly loaded GAC filters, respectively. The sampling would potentially show: (i) if PFAAs removal was determined by GAC
preloading, then a relation between filter loading and removal efficiency would be expected; (ii) if a difference in adsorption capacity between the PFAAs exists, different removal efficiencies are expected for the same filter loading such as seen in the paragraph
above. The results of the sampling of the different filters showed that for PFBA, PFPeA,

Figure 2 Relative concentrations (ratio of concentration in GAC filter effluent: concentration in GAC influent’ of
branched PFOS (B-PFOS), non branched PFOS (L-PFOS) and PFHxS against GAC loading. Samples (n=6) taken
in Sept 2010 of the individual GAC beds. Loads were calculated using the total water flow in the GAC filtration
step divided by the total amount of beds multiplied with the age of the sampled GAC bed.
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PFHxA, PFOA, and PFBS the relative concentrations (C/C0) observed after passage of the
moderately loaded GAC filters are equal to those of the highly loaded GAC filters (Table
S8 of the SI). This finding indicates that these PFAAs are not well removed by the operating GAC filtration and that breakthrough of these compounds had already occurred
(confirmed in table 1). On the opposite, PFDA is completely removed and concentrations
after passage of both the moderately and the heavily loaded GAC filters are <LOQ. For
PFOS (both the branched and nonbranched isomers) and PFHxS, the more highly loaded
filters (older age) show a higher relative concentration (i.e., closer to one) than the moderately loaded filters. This is confirmed by the regression analysis of the data in Figure
2 which show a significant (p < 0.05) correlation (r2 = 0.68; 0.86 and 0.90, respectively).
This result indicates that there is a relation between filter loading and removal efficiency: younger filters do remove more PFAAs. The relative concentration of PFHxS after
passage of the highly loaded GAC bed amounted to a value higher than one (see Figure
2), suggesting desorption of possibly previously sorbed PFHxS. In column experiments
competitive displacement of shorter chain PFAAs has been observed and explained as
being the result of competition with longer chain PFAAs (Gelrich and Knepper, 2011).
The breakthrough of short-chain PFAAs (PFBS and <C8 for the carboxylates) can be attributed to their lower adsorption capacity to GAC in combination with the running lifetime
of the GAC. Lower sorption of shorter chain PFAAs (i.e., ≤ C8) has been observed before
in batch studies with sediments in Higgins et al (2006). The results show that the adsorption coefficient decreases by 0.50 to 0.60 log units with each −CF2− group less in
the molecule and by an additional 0.23 log units for the perfluorocarboxylates as compared to the perfluorosulfonates. As can be seen in Table 1 at the operational level we
indeed observe that with decreasing chain length sorption decreases and that perfluorosulfonates do adsorb more strongly than perfluorocarboxylates with the same fluorocarbon chain length. One study (Ochoa-Herrera and Sierra-Alvarez, 2008) which determined
the Freundlich isotherm constant of PFOA, PFBS, and PFOS to GAC at the batch scale,
found KF [(mg PFAA/g sorbent)(mg PFAA/l)−n] values of 9.3 < 11.8 < 41±15 for PFBS, PFOA,
and PFOS, respectively. In another study, a similar relation between Kf and chain length
was reported Hansen et al., 2009). In the present study, we indeed see that the removal
efficiency increases in the same order. Also, the monitoring of treatment plant effluents
at a contaminated site in Oakdale, U.S. showed that order of breakthrough occurred
from short to longer chain PFAAs: PFBA, PFPeA, and PFHxA, respectively (Eschauzier et
al., 2011). Finally, in a monitoring campaign near a contaminated site which investigated
the behavior of PFAAs after the installation of GAC filters, it was found that PFHxA <
PFBS < PFHxS < PFOS was the order of breakthrough (no other PFAAs were reported).
Although we do not differentiate in the order of breakthrough for the short chain PFAAs
(i.e., PFBS and PFHxA), Figure 2 shows that PFHxS has a faster breakthrough than PFOS.
In future research, it is recommended to start monitoring breakthrough of ionic acids
such as PFAAs shortly after GAC beds have been newly installed.
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5.3.4 Behavior of Isomers
The percentages of branched isomers relative to the total (sum branched and non branched) PFOA and PFOS concentrations were calculated for each of the treatment processes. As mentioned above, the percentages should be taken as indicative since the
absolute quantification of isomers is based on response factors of the non-branched isomers. It was found that the behavior of branched PFOS and PFOA homologues in GAC
filter beds is different from that of the non branched compounds. The percentage of
branched PFOA remained constant throughout the process from dune passage to effluent first GAC filtration: 9% (stdev = 1%). In the effluent of the second GAC filter, however, the branched PFOA accounts for 21% (stdev = 3%) of the total PFOA concentration.
A similar but more pronounced pattern is seen for PFOS. Between the dune passage and
influent GAC the averaged branched PFOS contribution is 41% (stdev = 2%). After the
first GAC treatment step, the contribution increases to 62% (stdev = 3%). After the second GAC treatment, both the non branched and the branched isomers drop to below
the LOQ. This is also confirmed by Figure 2 which shows that the slope of relative concentration vs loading relationship for the branched PFOS is 2.8 times higher than that of
the nonbranched PFOS, indicating that the non-branched PFOS is more adsorbable than
the branched PFOS. We conclude that the non-branched homologues of both PFOA and
PFOS absorb more strongly to the GAC than the branched isomers. Earlier studies on the
adsorption behavior of isomers found a decreasing sorption capacity with increased degree of branching (Belfort, 1979). A possible explanation is the molecular volume of the
different branched isomers being smaller leading to a smaller Gibbs free energy gain
from adsorption than the non branched isomer (Wang et al., 2011).

5.3.5 Environmental Relevance.
The present study shows that the removal of short chain PFAAs such as PFBA and PFBS
from drinking water is problematic. It is expected that PFBS and PFHxA will become
more abundant in the future as they are as a compound or part of, slowly replacing
PFOS and PFOA as a result of reductions in emissions and production volumes of the
latter two PFAAs due to implemented guidelines (Prevedouros et al., 2006). Although
short chain compounds are less bioaccumulative and toxic than longer chain PFAAs they
are persistent in the environment and are considered undesirable in drinking water. The
reported PFAAs in this work are therefore relevant for precautionary reasons. It is expected that the adsorption capacity of GAC filters for polar compounds, such as PFBA (typically breakthrough of more than 10% prior to a load of 50 m3 H2O/kg GAC), decreases
to virtually zero after one year standing time. This is also observed for polar compounds
such as, e.g., clofibric acid which was shown to have a breakthrough at about 17 m3/kg
(Ternes et al., 2002).In order to reduce the concentrations of these compounds in drinking water, the option of reducing of the emissions from certain point sources (like the
PFBA/PFBS point source on the lower Rhine (Möller et al., 2010) would appear more efficient than to spend money for a more frequent exchange of GAC in a number of waterworks. The preferential sorption of the nonanched isomer compared to the branched
isomers is an interesting finding which indicates the presence of isomer specific mechanisms in the environment that could potentially have repercussions for existing risk models. No definitive European guidelines for the concentrations of PFAAs in drinking water
currently exist. The concentrations of PFOA and PFOS in finished water observed in the
present study are far below German provisional health-based guideline values for safe
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lifelong exposure (determined by the German Drinking Water Commission) (TWK, 2006),
at 0.3 μg/L for the sum of PFOA and PFOS. Recently published proposed provisional guideline values for PFBA (7 μg/L) and PFBS (3 μg/L) are not exceeded by the concentrations of these compounds observed in finished water in the present study. This also
holds for the Provisional Health Advisories from the U.S. Environmental Protection
Agency of 0.4 and 0.2 μg/L for PFOA and PFOS, respectively, in drinking water (EPA,
2009). These values are in agreement with the recommended health-based drinking
water concentrations of 0.04 μg/L calculated by Post et al. (2009) if one takes into account the correction factor for subchronic to chronic exposure. Concentrations observed
are no reason for concern for human health as the margins to the existing provisional
healthguideline values for the different PFAAs remains sufficiently high and the risk quotients remain low.

Supporting Information
Supplementary data to this chapter can be found online at: http:// pubs.acs.org.
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Abstract
This study investigates the presence and sources of perfluoroalkyl acids (PFAAs) in tap
water and corresponding tap water based beverages such as coffee and cola collected in
the city of Amsterdam, The Netherlands. Exposure pathways studies have shown that
low concentrations of PFAAs in tap water already may pose a high contribution to daily
human exposure.
Tap water samples (n=4) had higher concentrations of PFAAs than the corresponding
post-mixed cola (n=4). The lower PFAAs levels in the cola were attributed to the pre-treatment of tap water in the mixing machines and dilution with cola syrup. In coffee samples from a coffee machine perfluorooctanoic acid (PFOA) at 4 ng/L was the dominating
analyte (n=12). The concentrations of PFHpA, PFOA and non branched PFOS were found
to be significantly higher in manually (self) brewed coffee than in the corresponding tap
water (n=4). The contribution from short-chain PFAAs analogues could not be quantified
due to low recoveries. Leaching experiments at different temperatures were performed
with fluoropolymers-containing tubes to investigate the potential of leaching from tubes
used in beverage preparation (n=16). Fluoropolymer tubes showed leaching of PFAAs at
high (±80 ºC) temperature but its relevance for contamination of beverages in practice
is small. The specific contribution from perfluoropolymer tubing inside the beverage preparation machines could not be assessed since no information was available from the
manufacturers.
The present study shows that although different beverage preparation processes possibly affect the concentrations of PFAAs encountered in the final consumed product, the
water used for preparation remains the most important source of PFAAs. This in turn has
implications for areas where drinking water is contaminated. Tap water based beverages
will possibly be an additional source of human exposure to PFAAs and need to be considered in exposure modeling.
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6.1 Introduction
Perfluoroalkyl acids (PFAAs) are organic compounds with fully fluorinated alkyl chains
and a negatively charged acidic head group. These compounds are thermally and biologically stable, which make them interesting for a variety of industrial applications and
products. PFAAs were used, as such or as part of a polymer, in the past decades for surface treatment, paper coatings and performance chemicals (Buck et al., 2011).
Important subgroups of PFAAs are perfluoroalkane carboxylic acids (PFCAs) and perfluoroalkane sulfonic acids (PFSAs). Within these classes of compounds perfluorooctanoic
acid (PFOA) and perfluorooctanesulfonic acid (PFOS) are the analytes most frequently
studied. They have been found to be persistent in the environment, and in some cases
bioaccumulative and toxic (Hekster et al., 2003). Several PFAAs have been found in drinking water (Eschauzier et al., 2012a) and different environmental compartments such as
surface water (Eschauzier et al., 2012a), biota and human blood serum (Kannan et al.,
2004).
Recently many studies have focused on PFAAs exposure pathways to the human population including food (Fromme et al., 2007), house dust, air and tap water (Vestergren and
Cousins, 2009). It was estimated that when assuming a tap water concentration of PFOA
of 9 ng.L-1, the intake via water would amount to 55% of the total daily Dutch PFOA intake (Noorlander et al., 2011). However, concentrations of PFAAs in tap water have been
shown to exhibit a large variability which depends on contamination sources to the respective regions. For example concentrations of PFOA range between 0.6 and 6.6 ng.L-1
and PFOS between 0.1 and 11 ng.L-1 in background contaminated tap water from different European countries (Skutlarek et al., 2006). In regions nearby point sources like
highly industrialized zones or agricultural areas, such as the contaminated Ruhr area in
Germany, the values range between 22 and 519 ng.L-1 for PFOA and 3 and 22 ng.L-1 for
PFOS (Skutlarek et al., 2006). Tap water produced from surface water will often have a
background contamination while tap water produced from ground water is often PFAA
free (Eschauzier et al., 2012b).
The presence of PFAAs in tap water (Eschauzier et al., 2012b) and their high contribution
to human exposure leads to the question whether tap-water based beverages, do contain PFAAs, and if so what are the sources. In beer, concentrations of PFOA of <0.8– 20
ng.L-1 and PFOS of <1.3–39 ng.L-1 (D’Hollander et al., 2009), and in tea a value of 9.5
ng.L-1 PFOA (Haug et al., 2010a) have been reported. Overall the available data is scarce
and these studies do not discuss the potential sources. Given the possible high exposure through tap water, more research is required to predict the human exposure to
PFAAs through tap-water based beverages.
Tap-water based beverages may also contain additional PFAAs due to sources other
than the tap water they contain. Potential sources include the natural ingredients (e.g.
coffee beans, tea leaves, barley), industrial beverage processing, beverage contact materials or home preparation (Begley et al., 2005 and 2008; Dolman and Pelzing, 2011). During the preparation process, beverages can be exposed to fluoropolymer materials like
tubing in automatic beverage dispensers. PFAAs used as a process aid in the production
of these polymers (e.g. polytetrafluoroethylene, PTFE; perfluoro methyl alkoxy, MFA) can
potentially leach from the tubing during use. The use of side-chain fluorinated polymers
to provide water repellency to paper cups is another potential source of these compounds to tap-water based beverages. One problem in assessing the source of these
compounds is that automats are often a ‘‘black box’’ regarding composition of the tu-
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bing and the ingredients used for the preparation of the beverages.
The purpose of this study was to investigate the presence and sources of PFAAs in high
consumption beverages. Therefore postmixed cola (which is prepared mechanically from
syrup and aerated tap water), and brewed coffee obtained from coffee machines were
analyzed for the presence of 18 different PFAAs. Additionally hot water from the coffee
automats, manually brewed coffee and tap water used to prepare the post-mixed cola
was analyzed to determine possible concentration differences. To verify if PFAA residuals
can migrate from fluoropolymer materials into beverages, three different tubes approved
by the US-Food and Drug Administration were tested for leaching.

6.2 Materials and methods
6.2.1 Sampling locations
Samples were taken for two purposes, viz. to monitor concentrations in tap water, cola
and coffee prepared with beverage dispensers, and to track possible sources of the
PFAAs in the beverages. Sampling took place between February and April 2011 at various locations (cafés, universities and supermarkets) in Amsterdam, The Netherlands.
From two locations brewed coffee (n = 2) and hot water from coffee machines (n = 2)
as well as the tap water used (n = 2) for preparation were collected to track the source
of the PFAAs to coffee. Furthermore twelve brewed coffee samples (n = 12) from different coffee machines for a general screening were collected from all over the city. Additionally coffee beans from four of these locations were collected to manually brew coffee
(n = 4). It was not possible to open the beverage preparation machines to check the tubing used, manufacturers and operators were unwilling to cooperate on this matter. Also
post-mixed cola was collected (n = 4) together with corresponding tap water and an additional three cola samples from different parts of town. The post-mixing process consists of purification of tap water through an ion exchanger. Afterwards the water is
mixed with concentrated cola syrup (4/5:1 water:syrup). Samples from tap water that
had not undergone the purification that was used for the mixing were also collected
from the restaurants. All samples were collected into PP bottles. The sample size ranged
from 1 L for water to 0.3–0.6 L for cola and coffee. After collection the samples were
stored at 5 ˚C and extracted in duplicate within 2 weeks.

6.2.2 Leaching experiments
Prior to usage each tube was cleaned at 40 ˚C according to the manufacturer’s protocol
(http://www.boni-schlauch.de/de/produkte/234) (see SI for protocol). After cleaning the
tubes were cut into pieces of approximately two m length. With each kind of tube two
experiments with different liquids were conducted: one to mimic cold alcoholic beverages and one to mimic hot non-alcoholic beverages. In the Commission regulation (EU)
No 10/2011 (European Commission, 2011) several beverage stimulants are proposed. A
mixture of thanol:water 2:8 represents beverage simulant C which is assigned for beverages that have a hydrophilic character, are able to extract hydrophilic substances and
have an alcohol content of up to 20%. This includes, e.g., water, clear fruit or vegetables juices, coffee, tea and beer. It was decided to test simulant C at 5 ˚C to mimic the
cold alcoholic beverage since this is the temperature at which soft drinks are provided
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by dispensers. For the non-alcoholic hot beverages rather than simulant C it was decided to use plain water. This was done because the experiment was performed at 80 ˚C
which is the temperature of hot beverages from the coffee and tea machines. Experimental run time was set to 24 h, which represents an unrealistic time scenario since during normal operation the beverages are in contact with the tubes for a few minutes
only. However, we aimed at testing a worst case scenario. One L of simulant C was
pumped during 24 h through a 2 m tube made of MFA, PTFE or ethylene propylene
diene monomer (EPDM) connected end to end via a Norprene tube to the peristaltic
pump. This experiment was performed in a coolingroomat 5 ˚C. For the second series of
experiments 1 L water was flushed during 24 h through the tube. The water was heated
up to 80 ˚C in a water bath. For every experiment a new piece of tube was used. Each
experiment was done in duplicate and the liquid extracted in triplicate. Extraction and
analysis procedures were similar to those applied to the other samples. The method
blank for each experiment was determined by performing leaching experiments with only
the Norprene tube. Both branched and non-branched PFOS were analyzed. In the paper,
when referring to PFOS we refer to the non-branched PFOS.

6.3 Results and discussion
The presence of PFAAs in the different beverages analyzed will be discussed first; subsequently potential sources and results of the leaching experiments performed will be discussed for coffee and cola respectively.

6.3.1 Concentrations in beverages
Tap water. The tap water analyzed in this study is the raw water used for the preparation of post-mixed cola and brewed coffee from coffee machines. The levels of PFAAs
observed in four tap water samples (a limited number of samples were analyzed since
the values obtained confirmed the levels we had analyzed in previous studies) closely
resembled each other as demonstrated by the relatively low standard deviation of the
mean values, cf. Table 1. This is not surprising, as the samples were collected in Amsterdam, which is served by a single water company using a single production location. The
levels of PFAAs correspond fairly well to previously analyzed tap water from the city of
Amsterdam (Eschauzier et al., 2012a). The most abundant analyte was PFBA at an average concentration of 15 ng.L-1. The elevated concentrations of PFBA and PFBS in the
river Rhine, stem from a known industrial point source (Möller et al., 2010). As river
Rhine water is the source water for the Amsterdam drinking water, these polar PFAAs
cannot be removed completely during water treatment, are present in the tap water and
constitute a comparatively high background (Eschauzier et al., 2012a). The concentrations found are within the range of tap water concentrations reported in other European
countries (D’Hollander et al., 2010; Eschauzier et al., 2010, 2012b; Haug et al., 2010).
Cola. The results of the analysis of cola extracts are shown in Table 1. In the post-mixed
cola samples (n = 6) seven PFAAs were detected. Again, like in the corresponding tap
water, the most abundant compounds were PFBA and perfluorobutanesulfonic acid
(PFBS) with mean concentrations of 11±4.0 ng.L-1 and 7.9±5.0 ng.L-1, respectively. Perfluoropentanoic acid (PFPeA), perfluorohexanoic acid (PFHxA), and perfluoroheptanoic
acid (PFHpA) were found at lower concentration levels: 2.0±0.55 ng.L-1 (PFPeA),

97

0.89±0.77 ng.L-1 (PFHxA), and 0.37±0.26 ng.L-1 (PFHpA). PFOS (0.37 ng.L-1) was detected in one cola sample only. Other analytes were present in concentrations close to or
below the corresponding LOQs.

Table 1 Averagec concentrations of PFAAs in tap water, post-mixed cola and brewed coffee from coffee machines
(in ng.L-1; standard deviation and range shown).
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Analyte peak areas could not be quantified in the coffee samples due to strong matrix effects;
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b
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Coffee and hot water from coffee machines. The most abundant PFAA in brewed coffee
from automatic coffee machines (n = 12) was PFOA with concentrations ranging from
<3.1 to 8.0 ng.L-1. Concentrations of other PFAAs ranged between <0.11 and 2.4 ng.L-1 for
PFHpA, <0.11–2.6 ng.L-1 for perfluorodecanoic acid (PFDA), <0.06–9.8 ng.L-1 for PFBS and
<0.3–1.6 ng.L-1 for PFOS. The peak areas of PFBA, PFHxA and perfluorhexanesulfonic acid
(PFHxS) could not be quantified in brewed coffee samples due to strong matrix effects.
Concentrations of PFAAs in brewed coffee from coffee machines are shown in Table 1.
The concentrations of PFAAs detected in hot water were similar to those in the corresponding tap water (see Table 2). Such as observed in Section 6.3.1, concentrations in
tap water were similar to those encountered previously in tap water from Amsterdam
(Eschauzier et al., 2012a).
6.3.2 Sources of PFAAs
Coffee from coffee machines. As shown in the previous section, PFAAs are present in the
water-based beverages analyzed. Individual concentrations of PFAAs in the brewed coffee from each single location (n = 12) were individually compared with the average concentrations of tap water used for its preparation (n = 4) with a paired student t-test.
This was done so because the tap water for all the coffee machines was from one single
source. In coffee from coffee machines concentrations of PFHpA, PFOA and PFOS were
significantly higher (Paired student t-test, α≤0.05) than the concentrations of these compounds in the tap water used for their preparation. In this paper we hypothesized and
investigated three simultaneously active possible sources to coffee prepared by coffee
machines: (i) tap water used, (ii) coffee beans used and (iii) food contact materials in
the beverage preparation machine.
(i) Tap water. The PFAAs found in tap water provide a starting contamination of the beverage to be produced. The background or base contamination of a beverage in general
will therefore be a result of the tap water concentration which is used to prepare the beverage (see Table 2). As will be explained further, this was observed for the coffee and
cola. This has implications for areas where tap water is contaminated and subsequently
used as drinking water and for the preparation of tap-water based beverages in automated machines.
(ii) In coffee brewed from beans taken from the coffee machines investigated (i.e. similar
beans), PFHpA, PFOA, PFDA, PFBS and PFOS were detected (see Table 2 manually brewed coffee column). The dominating analyte was PFOA at a level of 9.0–9.7 ng.L-1. PFBS
was found in higher concentration in the blank (Table 2) than in the analyzed water, we
have currently no explanation for this finding. In manually brewed coffee significantly
higher (α≤0.05) concentrations were found of PFOA, PFDA and PFOS compared to tap
water used for its preparation. The results show that the coffee beans as a raw material
itself provide an additional source of contamination that is not caused by water and filter paper used.
(iii) To test for possible contamination from tubings used in beverage preparation, different tubes were tested for their leaching behavior. The results from the leaching experiments performed are shown in figure 1. For coffee only figure 1A is relevant since these
show the leaching experiments at 80˚C which is the water temperature used in coffee
machines.
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Table 2 Concentrations of PFAA (ng/L) in hot water samples and corresponding tap water and in manually brewed coffee and procedural blanks for
brewed coffee.

Figure 1 Results from the tube leaching experiments (A, B and C) and the concentrations of PFAAs in tapwater,
corresponding prepared cola and modeled cola (D). Concentrations of PFAAs in water having been in contact
with either Norprene tube (blank), MFA tube, PTFE tube or EPDM tube for 24 h at 80˚C (A) and 5˚C (B). Fig. 1C
shows PFAA concentration in first cleaning solution (4 L of 0.1 M NaOH and 0.1 M NaCl in water) which has been
in contact with the four tubes tested during 90 min at 40˚C (C). Graph D shows concentrations of PFAAs in tap
water (n = 4), cola (n = 4) and modeled cola from the city of Amsterdam. Note different scales of y-axis. PFBA
could not be quantified in tube leaching experiments due to low recoveries (See Table S4 SI).

Analysis of the extracts from the tube experiments with PTFE and MFA tubing conducted
at 80 ˚C revealed higher concentrations than in the method blank (Norprene tube). For
each analyte the leaching rate was calculated by dividing the absolute amount leached
from the tubes (i.e. leached amount in 1 L minus amount in blank) by the surface area
of the inner tube and the time the experiment was run, giving a leaching rate in
pg.min-1.m-2. The samples obtained from the MFA tube experiment at 80 ˚C showed leaching rates of: PFPeA (38 pg.min-1.m-2), PFHxA (19 pg.min-1.m-2), PFHpA (13 pg.min-1.m-2),
perfluorononanoic acid (PFNA) (6.6 pg.min-1.m-2), PFOS (14 pg.min-1.m-2) and branched
PFOS (7.3 pg.min-1.m-2) (see Fig. 1A for the concentrations). The PTFE tubing showed the
highest single compound increase (PFOA), and leaching rates of: PFOA (55 pg.min-1.m-2)
PFHxA (5.2 pg.min-1.m-2), and PFHpA (9.5 pg.min-1.m-2). The EPDM tube did not show an
increase of any analyte, this was expected as the tube was a non-fluoropolymer tube,
and therefore no leaching rates were calculated.
As will be shown in the section on cola (below), at temperatures of 5˚C no leaching was
observed in any of the tubes tested. Apparently the higher temperatures are important
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for leaching of PFAAs from tubing. This is confirmed by the MFA data in Fig. 1C which
show that the MFA tube cleaning step (40˚C) leads to high leaching rates of PFAAs:
PFPeA (452 pg.min-1.m-2), PFHxA (139 pg.min-1.m-2), PFHpA (156 pg.min-1.m-2), PFOA (72
pg.min-1.m-2), and PFNA (98 pg.min-1.m-2). One can conclude that the MFA tube leaches at
higher temperatures than 5˚C. Moreover, since leaching rates are much higher at 40 ˚C
than at 80˚C, most of the PFAAs are expected to leach out during the initial required
cleaning step (see Section 6.2.2) before use of tubing for beverage dispensing. PFOA is
known to be used as a process aid during the production of fluoropolymers (Kissa, 2001)
and is therefore likely to be a residual in those materials. The amount of PFOA present in
a fluoropolymers is largely dictated by its heat-curing history. However, during the PFOA
manufacturing other PFAAs are formed as byproducts and these can be present in fluoropolymers as well (Prevedouros et al., 2006). The contribution of fluoropolymer (especially
PTFE) to background concentrations of PFAAs in analytical instruments such as LC-MS/MS
was observed and described before (Yamashita et al., 2004). The leaching experiments
show that the length of the time period the tubes have been in use appears to be important for the leaching rate. After a certain period of time the available PFAAs are expected
to have leached out completely from the tube polymers. This issue was not investigated
here. Furthermore, a differentiation between pure residuals on the one hand and products resulting from e.g. hydrolysis of ester bonds (e.g. acrylates) by the hot liquid on
the other would be an interesting subject of further study.
The setup used for leaching experiments represents a worst case scenario; in practice
the coffee is only in contact with a piece of tubing of about 50 cm maximally for about
one min maximally. Assuming an amount of coffee of 0.25 L; a 2 m pre cleaned (according to manufacturer standards) PTFE tube with an internal surface area of 0.075 m2
(i.e. surface area from our experiments) and a contact time of 1 min this would mean an
added absolute amount of 1.1 pg PFOA to one cup of coffee. This simple calculation
shows that the theoretical absolute amount of PFAAs leaching from machine- tubes into
hot beverages is very low.
A second method to show leaching of PFAAs to beverages was to sample hot (tea)
water prepared in a coffee machine. The sampled hot water provides a matrix-free sample that has been in contact with the tubing inside the coffee machine. The analysis and
comparison of tap and hot water from the coffee machines did not show any significant
difference. This indicates that in the sampled coffee machines the third potential contamination source, viz. the tubing system inside the machine, did not contribute to PFAAs
in brewed coffee. The concentrations of PFAAs in tap water (used for the hot water preparation) samples and the corresponding hot water from coffee machines are presented
in table 2.
Summarizing the coffee section, the following statements can be made. Three possible
sources to the coffee were identified and verified: (i) tap water; (ii) coffee beans or (iii)
the tubing present inside the machine (although the composition of the tubing inside
the beverage preparation device is unknown). Hot water samples delivered by the coffee
machines showed concentrations similar to the corresponding tap water samples, indicating the importance of tap water as a source and the negligible contribution from contact with internal tubing. Although fluoropolymer containing tubes were shown to leach
PFAAs when heated to temperatures between 40 and 80˚C, analysis of hot water delivered by coffee machines showed that no actual leaching occurred. This is probably due to
short contact times, use of non fluoropolymer-containing tubing (which could not be verified) and, possibly, the age of the tubes in case of fluoropolymer containing materials,
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where all potential PFAAs may already have leached out. The coffee beans themselves
were shown to contribute to the overall concentrations of PFOA, PFOS and PFDA in the
brewed coffee.
Cola from post-mixed cola. The concentrations of PFAAs found in post-mixed cola, as
compared to the corresponding tap water (n = 4) that was used to prepare the cola,
were significantly (α≤0.05; paired student t-test) different for PFBA, PFHxA, PFHpA,
PFOA, PFHxS and branched PFOS. The concentrations of these compounds were invariably lower in cola than in tap water. Concentrations of PFBS, PFPeA and PFNA were also
lower in post-mixed cola compared to the corresponding tap water but not statistically
significant (α≥0.05). Overall the concentrations of PFAAs in cola were seen to decrease
during the post-mixing process when compared to the tap water used for this purpose
(see Fig. 1D). The decrease in the finished cola compared to tap water can be attributed
to (i) tap water used, (ii) concentrated cola used and (iii) beverage contact materials in
the beverage preparation machine: ion exchangers and tubes.
(i) Similar to coffee from coffee machines, the tap water used is an important background to the measured concentration in cola. This can be seen in Fig. 1D where the tap
water and cola concentrations do have a similar relative abundance profile.
(ii) The post-mixed cola is prepared from 1 part syrup and 4–5 parts aerated tap water
which itself is purified with an ion exchanger prior to mixing. Both processes can lead to
a reduction of the concentrations of PFAAs in the end cola. The mixing of cola syrup
with water will dilute the concentrations of the PFAA in the final product, whereas the
ion exchanger may selectively remove certain PFAAs (see point iii). The concentrations
of the analytes in cola were compared to the corresponding concentrations in tap water
in Fig. 1D (and Table 1). This showed that concentrations of PFAAs in tap water are
about 1.2 times higher than in cola for PFBA, PFPeA and PFOA (Table 1). Other analytes:
PFHxA, PFHpA, PFNA, PFBS showed a higher ratio (Table 1) indicating that more than
20% was removed. Possibly both processes play a role simultaneously for these compounds. For PFOS no conclusions can be drawn since its concentration is below the limit
of quantitation.
(iii) In the preparation of cola from tap water, two different contact materials are used:
ion exchanger and tubing. The ion exchanger possibly removes PFAAs from the tap
water which would lead to a lower concentration in the cola. Anion exchangers are
able to remove PFAAs from aqueous solutions at medium pH. Examples are the solid
phase extraction cartridges like the OASIS-WAX or STRATA-XAW (Bäuerlein et al.,
2012). These are weak anion exchangers that are used for example to extract PFAAs
from environmental samples prior to analysis. Other examples are the removal of
PFOS from wastewater by anion exchange resins (Deng et al., 2010) or from water
(Xiao et al., 2012).
Finally, the leaching experiments at 5˚C showed no difference between the investigated
tubes and method blank (Norprene) (Fig. 1B). Here, the background tap water concentration was the main source of the analytes detected. The present data show that under
these conditions no PFAAs are migrating into the liquid passing through the tubes.
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6.4 Conclusions
Different PFAAs have been found in post-mixed cola, brewed coffee from coffee machines and tap water at the ng.L-1 level. Sources to the beverages and impact of the preparation of the beverage were investigated.
The most important conclusion from this paper is that coffee collected from coffee machines contained significantly higher concentrations of PFHpA, PFOA and PFOS than the
corresponding tap water. Also significantly increased concentrations of PFOA, PFDA and
PFOS were found in manually brewed coffee. The increase of concentrations of PFOA
and PFOS in the manually and machine brewed coffee compared to the tap water used
has been shown to originate from the coffee beans.
PFAAs can leach out of fluoropolymer containing tubes into hot water when contact time
is long (24 h in this study). In practice, such tubes may therefore pose an additional exposure source to hot beverages when fluids are left overnight in the tubings or when
the tubings are new. However, as calculated above for PFOA and a PTFE tube, the absolute contribution from leaching out of the three polymers tested to the total amount of
PFAAs in the drink will be very low.
The cola in post-mixed preparations showed lower concentrations than the tap water
used for its preparation. A combination of the dilution step and the purification step inside the cola dispenser are responsible for the observed reduction. The contribution of
fluoropolymers from beverage contact materials to the concentrations of PFAAs in cold
beverages that come into contact with such materials was shown to be negligible even
in a worst case scenario (i.e. 24 h exposure).
The results of this study show that, besides tap water, tap-water based beverages do
form a potential additional source of human exposure. Currently tap-water based beverages are not taken into account in human exposure modeling, e.g. (Trudel et al., 2008)
who assumed the intake due to water based beverages to be zero. Depending on the
quantities consumed, the additional exposure could be important. (Vestergren and Cousins, 2009) showed that low concentrations of PFAAs in drinking water already can contribute to significant human exposure.
As main and final conclusion, this study shows that different beverage preparation processes can increase or decrease the overall concentrations of PFAAs encountered in the
final consumer product, but that the source water used for preparing the beverages is
the most important source of PFAAs. Consequently, in the assessment of human exposure of PFAAs via the diet it is important to take into account the significant contribution of tap-water based beverages.

Supporting information
Supplementary data to this chapter can be found online at:
http://dx.doi.org/10.1016/j.chemosphere.2012.06.070.
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Chapter 7

Removal of perfluoroalkyl acids from water:
investigation into the relevant sorbent and
sorbate properties.

Eschauzier, C.; van der Roest, E.; Krop, H.B.; Kok, W. Th.; de Voogt, P.

In preparation
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Abstract
Perfluoroalkyl acids (PFAAs) and especially short chain PFAAs are often not well removed during drinking water production processes. In the studies described in this paper
the removal of short chain PFAAs (C3-C8) from water using different sorbent materials
(WAX, MAX, C18-modified silica, HLB, Al2O3 and Fe(OH)3) was investigated and a simple
adsorption model based on thermodynamics is proposed. The distribution of PFAAs between water and the sorbents investigated ( K D ) was determined with self-packed columns using an HPLC-MS/MS setup. It was shown that sorbents possessing a large
number of anion exchange sites (quaternary N-atoms), such as the commercially available sorbents WAX and MAX, show a much higher adsorption affinity (about 287 fold) for
the short-chained PFAAs (PFBA and PFPA) than the hydrophobic sorbents such as C18modified silica and HLB. With the former materials an electrostatic adsorption mechanism occurs which is much stronger than the hydrophobic interaction of the short chain
(such as perfluorobutanoic acid) to C18 or HLB (selected as a proxy for activated carbon). Only with PFAAs with a chain length ( nCF ) higher than 9 the affinity of the selected hydrophobic sorbents exceeds that of WAX or MAX. It is shown that the contribution
to the free energy of adsorption from each CF2 unit ( ΔΔGS0 ) is similar for each type of interaction (electrostatic or hydrophobic) independent of the adsorbent used. Adsorption
of PFAAs to Al2O3 and Fe(OH)3 is weaker and did not show a clear chain length dependency ( ΔΔGS0 ~ 0) and probably follows a different adsorption process than with C18,
HLB, MAX and WAX.
2
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7.1 Introduction
Perfluoroalkyl acids (PFAAs) are surfactants composed of a completely fluorinated alkyl
chain (C3 to C14) and a functional head group which is often a carboxylic or a sulfonic
acid. At environmentally relevant pH values PFAAs are deprotonated (Goss, 2008; Vierke
et al., 2013) and their hydrophobicity increases with increasing fluorocarbon chain length
(de Voogt et al., 2012). PFAAs have been found to be persistent in the environment and
are therefore present in different environmental matrices such as biota, air and surface
waters (Hekster et al., 2003). It was found that, depending on the alkyl chain length
(with 7 -CF2- units or more, e.g., perfluorooctanoic acid (PFOA, C7) and perfluorooctanesulfonic acid (PFOS, C8)), PFAAs are potentially toxic and bioaccumulative. This instigated a voluntary phase out of PFOA emissions to the environment and a ban of PFOS in
the European Union and the United States as well as a shift from the producing industries to shorter more polar PFAAs such as perfluorobutanesulfonate (PFBS), perfluorobutanoic acid (PFBA, C3) and perfluorohexanoic acid (PFHxA, C5) (US-EPA, 2006).
Human exposure modeling studies have shown that the exposure to PFAAs primarily occurs via the diet (Vestergren and Cousins, 2009). Drinking water intake is potentially a
major contributor and the presence of PFAAs can therefore be regarded as unwanted.
The relation between source water (groundwater or surface water) and corresponding
drinking water shows that PFOA is not effectively removed during drinking water or beverage preparation processes (Eschauzier et al., 2012a; Eschauzier et al., 2013a; Eschauzier et al., 2013b; Takagi et al., 2008).
Removal processes relevant in drinking water treatment such as ozonation, sand filtration, water softening, and coagulation have been shown not to affect PFAAs concentrations during drinking water preparation (Eschauzier et al., 2012a). The main water
treatment technologies that can remove PFAAs from water have been shown to be reversed osmosis (RO) (Tang et al., 2006; Thompson et al., 2011) and granular activated carbon filtration (GAC) (Eschauzier et al., 2012a). While RO works on the basis of diffusion
of molecules through a semi-permeable membrane, GAC works on the basis of adsorption and biodegradation processes. Experiments showed that RO removes 95% of PFAAs
with a MW ≥300 (Steinle-Darling and Reinhard, 2008), with 60-80% rejection for perfluoropentanoic acid (PFPA). PFBA was not included in the experiments. Concerning GAC treatment, breakthrough of the short chain PFAAs such as PFBA or PFHxA is often much
faster than the longer chain PFAAs such PFOA (Eschauzier et al., 2012b). Due to the
well-known persistence of PFAAs, it is not expected that during GAC filtration (typically
with a contact time of 20 min (Eschauzier et al., 2012a)) PFAA biodegradation takes
place. This is currently the most widely used technique to remove longer chained PFAAs
from drinking water in contaminated sites (e.g. (Wilhelm et al., 2008)). Several reviews
about treatment methods in general for PFAAs in water (with a focus on PFOA and
PFOS) have been published (Rayne and Forest, 2009; Vecitis et al., 2009).
Overall little information is present in the literature on the removal of short chain PFAAs
such as PFBA, PFPA, PFHxA, PFBS and perfluorohexanoic sulfonate (PFHxS) from water.
The aim of the studies discribed in this paper was to gain insight in the chemical properties that govern PFAA adsorption processes and to use this knowledge to select suitable sorbents which can potentially be applied as a high affinity adsorbent in drinking
water treatment. This paper is the first to report on the adsorption affinity of a series of
six PFAAs (with 3 to 8 –CF2- units and a carboxylic acid head group) to five different
commercially available sorbents (although not in bulk quantities) ranging from polar
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(ion-exchangers) to apolar (hydrophobic material) and discusses the PFAA adsorption
behavior to the surface investigated.

7.2 Materials and methods
7.2.1 Method
In order to determine the affinity of the PFAAs for the sorbent materials tested, a distribution coefficient was determined with an adsorption isotherm. The adsorption isotherms in this study were generated using an HPLC-MS/MS setup. The retention time
first moment (tR) in min of an analyte injected on a column with a sorbent material, corrected for the dead volume (see supporting info (SI) for its determination) and multiplied with the flow rate (Q in mL/min) gives the retention volume for one measurement
(VR in mL). This volume, divided by the total mass (m in g) of the column sorbent gives
the adsorption coefficient ( K D ) in mL/g for a specific eluent composition.
(1)

KD =

(t R − t0 ) * flow
msorbent

Because no elution occurred of the analyte injected with pure water as the mobile
phase, methanol was used as organic modifier. When the ln( K D ) values obtained with
different organic modifier contents in the mobile phase were plotted against the volume
fraction of methanol (φ ) straight lines were obtained that could be extrapolated in
order to estimate the ln( K D,0 ) with 100% water.
(2)

ln ( K D ) = φ ⋅ nCF + ln( K D ,0 )
2

A dimensionless ( K D,0 ) could not be calculated since the density of the investigated
sorbent materials was not available.
The 95% prediction interval of extrapolation to( K D,0 ) was calculated from the regression
and is shown in the error bars in the results section.
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7.2.2 Theory
In terms of the adsorption processes, the measured K D,0 is composed of a molecular interaction contribution, K L , the Langmuir adsorption constant, and a system contribution
of the number of available sorption sites of the adsorbent, CSmax , respectively. When CS <<
CSmax Equation3 can be derived (Bäuerlein et al. 2011, Istok et al. 1999).
(3)

K D ,0 = K L ⋅ CSmax

A high K D,0 can therefore be achieved when both K L and CSmax are high. The free energy
of adsorption of a PFAA with nCF groups, ΔGs0 (nCF ) can then be expressed into a molecular contribution from K L , ΔGs0 (nCF ) and a system contribution from CSmax according to Eq 4:
2

2

2

(4)

(

ΔGs0 (nCF ) = − R ⋅ T ⋅ ln K
2

nCF2
D ,0

) = − RT (ln K

nCF2
L

) − RT ln Csmax = ΔGL0 ( nCF ) − RT ln Csmax
2

where R is the gas constant, T the temperature in Kelvin.
0
If it is assumed that ΔGs0 (nCF ) is composed of a contribution of the head ( ΔGL ,head ) and
0
of the tail of the surfactant ( ΔGL ,tail ) then in sorption experiments with a homologue series of PFAAs the contribution of the head is constant while the variation is found in the
contribution of the tail. Equation 4 can then be modified into equation 5:
2

(5)

ΔGs0 (nCF ) = ΔGL0,head + ΔGL0,tail ( nCF ) − RT ln Csmax
2

2

Depending on the type of interaction of the surfactant with the surface, either electrostatic ( ΔGs0,elect ) or hydrophobic ( ΔGs0,hydr ), the contribution of each free enthalpy factor of
adsorption at the right hand side of Eq 5 is different.
For an electrostatic adsorption where the head of the surfactant is adsorbed to the adsorbent (head-adsorbent) and the tail points in the water (tail-water) (see Figure 1A):
(6a)

ΔGs0,elect (nCF ) = ΔGL0,head − surf + ΔGL0,tail − water ( nCF ) − RT ln Csmax
,elect
2

2

For a hydrophobic adsorption where the tail is adsorbed to adsorbent (tail-adsorbent)
and the head points into the water (head-water)(see Figure 1B):

(

)

(6b) ΔGs ,hydr ( nCF2 ) = ΔGL ,head − water + ΔGL ,tail − surf nCF2 − RT ln Cs ,hydr
0

0

0

max

For a series of sorption experiments of PFAAs with varying nCF it can then be derived
0
that ΔGs (nCF ) is a function of nCF . For the different types of interaction, assuming that
the contribution of each CF2 group is equal, equations 6a and 6b can be rewritten to
equations 7a and 7b:
2

2

2

For electrostatic adsorption:
(7a)

ΔGs0,elect (nCF ) = ΔGL0,head − surf + ΔΔGL0,tail − water (CF2 ) * nCF − RT ln Csmax
,elect
2

2

For hydrophobic adsorption:
(7b) ΔGs0,hydr ( nCF ) = ΔGL0,head − water + ΔΔGL0,tail − surf (CF2 ) * nCF − RT ln Csmax
, hydr
2
2
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Figure 1 Two possible mechanisms of adsorption of a PFAA molecule, A electrostatic and B hydrophobic.

If ΔΔGs0 (CF2 ) is constant but varies for the different types of interaction than a plot of
− R ⋅ T ⋅ ln( K D ,0 ) vs. nCF will lead to a straight line with a slope that varies only for the type
of interaction while the intercept gives information on the electrostatic (head) contribution to the sorption process only since in this case the contribution of the tail in ΔGs0 (nCF )
has reduced to zero ( nCF = 0 ). Thus testing different adsorbents for a series of PFCAs
will lead to a set of parallel lines when only one type of interaction occurs. However,
when electrostatic and hydrophobic adsorption processes take place simultaneously on
the same sorbent it is also expected that a straight line is found but the value of the
slope is then in between the extreme ones with only one type of interaction.
2

2

2

To verify that the contribution of ΔΔGs0 (CF2 ) in Eq 7a and 7b is constant, the following
reasoning is applied. The difference in the free enthalpy of adsorption of a PFAA with
nCF and n +1CF in the experimental set-up can be derived from the measured values of
K D,0 as follows from Eq 8),
2

2

(

) (

(

(8) ΔΔG 0 (CF ) = ΔG 0 (( n + 1) ) − ΔG 0 ( n ) = − R ⋅ T ⋅ ln K n +1CF2 − − R ⋅ T ⋅ ln K nCF2
s
s
s
CF2
2
CF
D ,0
D ,0
2

Since in the experimental set-up CSmax is constant its contribution in this difference cancels and ΔΔGs0 (CF2 ) depends on the contribution of the molecular interaction process
only. ΔΔGs0 (CF2 ) is composed of an entropy and an enthalpy contribution Eq 9:
(9) ΔΔG 0 (CF ) = ΔΔH 0 (CF ) + T ΔΔS 0 (CF )
S
2
L
2
L
2
Independent of the type of interaction (either electrostatic or hydrophobic) the contribution of T ΔΔS L0 (CF2 ) to ΔΔGs0 (CF2 ) always increases with increasing length of the number of
fluorinated carbon atoms because the number of degrees of freedom of the molecule
increases when more atoms are present. In a first approximation this increment is considered to be constant and in the same order of magnitude for fluorinated and hydrogenated alkanes (Aranow and Witten, 1958). However the contribution of ΔΔH L0 (CF2 ) to
ΔΔGs0 (CF2 ) depends on the type of interaction. In case of an electrostatic adsorption
process ΔΔH L0,elect (CF2 ) is the enthalpy of interaction between the CF2 group and water
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))

since the head of the PFAA is involved in the interaction process. For the hydrophobic
adsorption process ΔΔH L0,hydr (CF2 ) is the enthalpy of interaction of the CF2 group with the
adsorbent since in this case the tail is involved in the sorption process. It is this difference in interaction that is the cause of the variation of the value of the slope determined experimentally.

7.2.3 Chemicals and materials used
Methanol ULC/MS (Biosolve, Valkenswaard, The Netherlands); sub-boiled water (in-house
produced); ammoniumacetate (NH4 AcO ; 99,999%, metals basis, Aldrich). Chemicals injected: PFBA (97%, SigmaAldrich); perfluoropentanoic acid (PFPA, 99%, Aldrich), perfluorohexanoic acid (PFHxA), perfluoroheptanoic acid (PFHpA, 98%, Aldrich), PFOA (96%,
Aldrich) and perfluorononanoic acid (PFNA, 97%, Aldrich); Thiourea; Acetone; Metformine. Sorbents used: WAX (Weak Anion Exchanger, Waters, USA); HLB (Waters, USA),
MAX (Waters, USA); HLB; Al2O3 (0.063-0.200 mm, Merck, Darmstadt, Germany); silicium
carbide (SiC) (Alfa Aesar, Germany) and Fe(OH)3.
7.2.4 Column materials
A C18 column (Pathfinder 300 PS; internal diameter 4.6 mm; length 50mm; particle diameter 3.5 μm; Shimadzu, Duisburg, Germany) was the only commercially available readymade
column that was used. Other sorbent materials were not available as commercial columns,
and were either packed from powdered material or from particles obtained from dismantled
SPE cartridges. Stainless steel HPLC columns were filled with either HLB; WAX; MAX; Al2O3
or Fe(OH)3. In the case of the WAX and MAX materials, columns were filled with a 1:99
(w:w) mixture of WAX or MAX and SiC. See Table 1 for an overview of sorbent properties.
Table 1 Relevant properties of the sorbents tested. Information from packaging or contact with manufacturer if
not stated otherwise.
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Columns were weighed before and after filling to measure the exact amount of material
added. The inertness of SiC was checked by injecting PFBA and PFOA and observing no
retention of the analytes, that eluted with the void peak corresponding to the dead volume of the column. This confirmed the total inertness of the SiC carrier material used,
as was also confirmed by Bäuerlein et al. (2012). All materials had a particle size in the
same order of magnitude: 30-75 μm, except for C18 (3 μm), which can be important for
the adsorption process (Zhang et al., 1999). Columns were conditioned prior to use during 2 h with a 60:40 MeOH:H2O flow of 0.2 mL/min. Column temperatures were maintained at 30 ˚C in a column oven.

7.2.5 Experimental setup
Solutions in methanol were made for each compound with a concentration range of 5.0
– 503 ng/mL (8 levels), which were stored at -20˚C to prevent any evaporation of methanol. 5 μL of the solution was injected (with a SIL-20A autosampler) into a HPLC system with a LC-20AD XR pump, and a SCL-10A VP system controller (Shimadzu, Kyoto,
Japan). Solution injected had a methanol fraction ( φMeOH ) of 0.6 (stock/H2O) to improve
the chromatographic peak shape (tests showed that the influence of the φMeOH of the injected mix was <15% on calculated K D ).
The LC system was run in isocratic mode with a flow of 0.2 mL/min and mobile phase
consisting of varying mixtures of methanol and sub-boiled water (40%; 45%; 50%; 55%;
60%; 70% and 80%) containing 0.2 mM NH4 AcO. Measuring time depended on the φMeOH
and chain length of the PFAAs, and varied from 5 min to 60 min. Analytes were detected
with a tandem mass spectrometer (4000 Q Trap; Applied Biosystems, Toronto, Canada)
operating in the negative ionization mode. Mass transitions applied for all analytes measured are shown in the SI.
The standard deviation from the average retention time from a multiple injection of one
standard was low, e.g. C18 column with average t R was 5.849±0.088 min. In the experiments, a minimum of four different concentrations were analyzed in duplicate, so a minimum of eight results per PFAA per t R per sorbent material were determined in order to
obtain an acceptable repeatability of the t R . Since K D is independent of the concentration, the different concentrations injected were in fact replicates, and thus averaged to
calculate one final K D . Since PFAAs are deprotonated at environmental relevant pH
(about 7), the pH was not a variable during the experiments.
The concentrations injected were all within the linear dynamic range of the LC-MS/MS
system used. Within this range no influence of the concentration on the retention time
(and thus on the K D ) was observed, only the response (area) of the peak increased.
This is due to the surplus of sorption sites available which means that in the linear
range, i.e. at low concentrations, the equilibrium is independent of the PFAA concentration. The K D values obtained at different fractions methanol were extrapolated back to
100 % water using a linear fit and a 95% confidence interval (de Voogt et al. 2012). An
example of such a graph is shown in Figure 2, with HLB as a sorbent and the linear fits
used for the back extrapolation to 0% MeOH (see Table S3 of the SI for the R2 of all
PFAA functions per sorbent). De Voogt et al. (2012) showed that for PFAA on C18 the k’
(capacity factor) vs. φMeOH relationship is linear in MeOH:H2O systems.
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Adsorption of PFAAs to the polypropylene walls of the injection vials in the autosampler
was checked by repeated injections from one vial with intervals of approximately one h
during twelve h and showed to be non-existent. A polyethylene glycol (PEG) septum

Figure 2. Plot of the relationship between ln( K D ) for Oasis©-HLB vs.φMeOH and the corresponding linear regression lines.

with a PTFE liner was used to prevent evaporation of methanol from the vials due to
punching of the needle (was checked). The autosampler was kept at 10°C to further prevent MeOH to evaporate.
Statistical analysis and data analysis were performed using excel.

7.3 Results and discussion
In the present section first the validation of the data is discussed. Next, the plots of ΔGs0
with nCF are discussed, to understand which characteristics of the material cause
a large ΔGs0 .
2

7.3.1 Validation
In order to validate the results of the present study the capacity factor: log(k´) was determined, which can easily be calculated from the data obtained (see equation 10). The
log(k´)C18 thus obtained were compared with results from de Voogt et al. (2012) who
performed similar measurements on the retention of PFAAs on C18 and also extrapolated to 100% water (no K D,0 was determined in that study however).
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(10)

k'=
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−1
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A comparison between the log k´0 (the log k´ at φ = 0) obtained from this study and
those from ref. (de Voogt et al. 2012) is shown in Figure 3. As expected, the results from
de Voogt et al. show that the pH has no significant effect on the log k´ values indicating
the absence of an electrostatic interaction between C18 and the PFAAs in the investigated pH range and therefore assuming that only a hydrophobic interaction occurs. The
absolute log(k´) values obtained in the present study do not coincide with the results
from de Voogt et al. (2012). It is expected that the different C18 properties ( CSmax ), instrumental setup and operational parameters play a role. However, the slopes from the
ln k´0 = n * -CF2- + b are similar: 0.581 for the average slope from the de Voogt study
and 0.58 from the present study. These results show that the interaction energy of a CF2- moiety with the C18 materials in both experiments is exactly the same and
reproducible.

Figure 3 Comparison of the relationship between number of fluorinated C atoms and values of Log(k´0) of PFAAs
at φ=0 derived from experiments performed on a C18 column, with values at pH 2.2; 5.2 and 7.6 published by de
Voogt et al. (2012).

7.3.2 Free energy of adsorption onto sorbents
The extrapolated ln ( K D,0 ) values obtained at φ = 0 were converted into ΔGs0 (in kJ/mol)
according to eq 4. A plot of ΔGs0 values vs. the number of -CF2-groups for different adsorbents is shown in Figure 4. The adsorbents tested are discussed in order of increasing polarity. Finally, the relations between the different materials are discussed.
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Figure 4 Plot of the number of -CF2- units of the sorbate vs. ΔGs (in kJ/mol) for the six different sorbent materials.
The error bars represent the 95% confidence interval from the extrapolation to φ = 0 . Kaolinite data were taken
from the literature (Xiao et al., 2011).
0

C18.
The interactions of the C18 material and the PFAA molecule are expected to have an
only hydrophobic character (van der Waals interactions) and to occur between the tail of
the PFAAs, and the alkyl chains of the C18 material. No electrostatic interactions of the
head with the C18 material are expected since the AEC and the IEC of C18 material are
non-existent. This is also apparent from eq (7), since the value of ΔGs0 at nCF = 0 the is
calculated to be positive +7.0±6.2 kJ/mol. The free energy of sorption, ΔGs0 , increases
with increasing number of –CF2– units within the PFAAs homologue series studied but
the increment depends on the type of interaction. In this experimental set-up it is expected that PFAA with nCF ≥ 3 will lead to ΔGs0 <0 and therefore to adsorption and this adsorption strength/affinity increases when increasing nCF . Thus longer chain PFAAs, such
as PFOA ( ΔGs0 = -25 Kj/mol) are shown to adsorb better than shorter PFAAs such as
PFBA ( ΔGs0 = -6.1 Kj/mol).
0
The free energy of transfer of PFAA from octanol into water ( ΔGOW
) was calculated
using the model predicted Kow data (using Sparc) from Arp and co-workers (Arp et al.,
0
2006). The ΔGs,C18
for PFHxA, PFHpA and PFOA of -18; -21 and -25 Kj/mol measured in
0
this study corresponded almost exactly to ΔGOW
of -17; -21; -25 Kj/mol for PFHxA, PFHpA
and PFOA respectively. The similarity of the structure of octanol and C18 material and
consequently a similar type of interaction is a likely explanation for this agreement.
2

2

2

HLB
is a neutral polymer with aromatic and an amide groups (see Figure S1 in the SI).The ad0
sorption experiments show that the ΔGs of PFBA to PFOA are slightly higher than those
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obtained for the C18 material, indicating a lower affinity of the PFAA for the HLB than for
the C18. The value of the intercept is 5.5±6.3 kJ/mol, less than of C18 (7.0±6.2 kJ/mol),
but not significantly different and still a positive value. Similarly as for C18 it is expected
that PFAAs with nCF ≥ 3 will lead to ΔGs0 <0 and therefore to adsorption to HLB.
2

WAX
The WAX polymer has two different types of adsorption sites. The first is formed by the
positively charged quaternary N- atoms (pKa ≈ 6)18 which can have electrostatic interactions with the negatively charged head groups of PFAAs (AEC = 7.23*10-7 mol.m-2). Secondly the apolar matrix of the WAX (which is similar to HLB) can interact with the
hydrophobic tail of the PFAAs, and these interactions would be hydrophobic in character
(see Figure 5 for molecular structure). Experimental results show that the interactions of
the head group with WAX ( ΔGhead equals -13±4.0 kJ/mol), are much lower (although not
significantly) than those of e.g. C18 (7.0±6.2 kJ/mol) (factor 1.9). This demonstrates that
the interaction of the head group of PFAAs (deprotonated carboxyl) with the positively
charged N-atoms in WAX is high, despite the pKa of 6 which means that the N-atom is
not fully charged at pH 7.
The overall ΔGs0 on WAX is much more negative for all PFAAs analyzed, e.g., PFBA has a ΔGs0
=-20 vs. -6.1 for C18; which is a factor 3.3 higher (mainly caused by the interactions of
the head group). This shows that potentially a much higher removal of short chain
PFAAs from water can be achieved with WAX than with a C18 type of sorbent.

Figure 5 Visualization of the interactions between WAX and PFOA.

MAX
MAX is a polymer with two different types of adsorption sites, the first consisting of permanently charged quaternary N-atoms and the second an apolar matrix similar to HLB.
The mean value of ΔGhead on this sorbent amounts to -9,6 kJ/mol (see Table 2), caused by
18

http://www.waters.com/waters/en_NL/Oasis-Sample-Extraction-Products/nav.htm?locale=en_NL&cid=513209 accessed 17-06-2013
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the coulombic interactions with the positively charged quaternary N-atoms. Although the
charge on the nitrogen is permanent, the ΔGhead of MAX is higher (and thus weaker) than
that observed for the WAX sorbent (-13±4.0 kJ/mol), that does not have a permanent
charge due to its pKa of about 6. An explanation for the higher interaction of the head
group could be the number of positively charged atoms per polymer-moiety. WAX has
two N-atoms for each monomer, while MAX only has one (see Figure S2 in the SI). Despite the weaker adsorption affinity of MAX (a higher ΔGs0 ) than WAX, the interactions of
the head combined with the possibly moderate interaction of the tail makes both ion exchange polymers very suitable as sorbents for both short and long chain PFAAs. This is
also reflected in the overall ΔGs0 which shows that the Gibbs free energy of sorption of
the MAX polymer is similar to WAX and much more negative than C18 and HLB (see Figure 4 and Table S4 in the SI).

Al2O3 and Fe(OH)3
Interestingly, the adsorbents Al2O3 and Fe(OH)3 show that upon increasing nCF , the slopes hardly deviate from 0. In this case the simple model proposed leading to a slope of
~ -2.6 for the electrostatic interaction and a slope of ~-4.2 for the hydrophobic interaction (see Table 2) does not seem to be appropriate. Deviating adsorption behavior of linear alkyls sulfonates with metal oxides Fe(OH)3 and Al2O3 has been observed before
(Matthijs and De Henau, 1985) and no explanation was stated in this case to. Possibly
the simple physical adsorption process is not valid for these type of metal oxides since
these oxides have the possibility to exchange ligands. If the PFAAs would behave as ligands exchanged with the hydroxyl-ions attached to the Al3+ or Fe3+ ion the observed
adsorption with increasing concentration of the LAS-anion (Matthijs and De Henau,
1985) can be explained. However, such an adsorption behavior is less relevant for removing PFAAs from relevant water systems.
2

7.3.3 Differential free energy of adsorption: ΔΔGS0
0
The mean values of the intercepts ( ΔGhead
with 95% CI of the extrapolation) and slopes
0
(the ΔΔGS ) of the relationships plotted in Figure 4 for each sorbent material are presen0
ted in Table 2. The confidence intervals of the ΔGhead
values that were derived from eq. 5
extrapolated to nCF = 0 are relatively large since the extrapolation is based on only five
or six data points; this also holds for the confidence intervals of the values of ΔΔGS0 .
However since PFAAs with fluorinated carbon chains shorter than that of PFBA are gasses instead of liquids, and longer PFAAs (i.e. nCF ≥ 9 ) have too long retention times in
the chromatographic system applied, these homologues could not be tested experimen0
tally. Unlike the values of ΔΔGS0 , the values of ΔGhead
are depending on the CSmax , thus a
comparison between sorbents can only be made in a relative sense and not on the binding energies involved.
2

2

Table 2 shows that the slopes - ΔΔGS0 -, of the hydrophobic materials C18 (-4.7±1.1 kJ/mol)
and HLB (-4.0±1.1 kJ/mol) (and also octanol) are not significantly different from each
other. This observation indicates that in these adsorption processes only a hydrophobic
interaction is involved. The HLB polymer structure also contains amide groups that may
be available for sorption. However, given the similarity of the of slopes ( ΔΔGS0 values) of
HLB and C18, it is unlikely that under the experimental conditions applied any interac-
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tion occurs with the amide group. The slopes, ΔΔGS0 of the interaction between PFAAs
and WAX, MAX and kaolinite are also not significantly different from each other but significantly different from the slopes of HLB, C18 and octanol. Based on the molecular
0
structures of WAX and MAX, and the ΔGhead
it is expected that in these cases only an electrostatic interaction occurs. Thus the different types of interaction leads to different values of the slopes ΔΔGS0 .
The ΔΔGS0 of octanol of -4.7 kJ/mol based on the modeled data from Arp et al. (2006) is
exactly similar to that of C18 and could be explained by the similarity of the structure of
octanol and C18 material. This finding shows that hydrophobic interactions are the driving force in the adsorption process of PFAAs onto C18 and HLB. In addition, adsorption
data of PFAAs onto kaolinite, a zeolite clay (Figure 4) taken from Xiao
et al. (2011), using the lowest Na+ concentration (log [Na+] = 10-3.00 mol/L) from that
study, show that the slope of the relationship is equivalent to the one obtained for WAX
and MAX indicating that an electrostatic sorption process prevails. The electrostatic repulsion of the PFAAs head and the negatively charged kaolinite is counterbalanced by
the presence of cations e.g. Na+ and the increase of ΔS with each additional CF2 group.
In the experimental set-up with kaolinite [Na+] remains constant and only for nCF > 7, ΔGs0
becomes negative indicating that sorption will occur. It was shown by Xiao et al. (2011)
that for a specific PFAA, sorption will increase when the sodium concentration increases.
The authors interpreted this as a decrease in the size of the electric double layer, leading to a more positive layer formed by the sodium ions and thus a more favorable condition for anions like PFAAs to adsorb to kaolinite. Finally, the slope ΔΔGS0 of organic
matter (OM) (-3.4 Kj/mol, cf. Table 2) is exactly in between the values of the hydrophobic and the electrostatic interactions. This indicates that for this type of organic matter a
fraction of the PFAAs is adsorbed electrostatically and another
hydrophobically. Contrary to WAX and C18 this organic matter has two different sorption
sites with more or less similar sorption affinity.
2

0
Table 2 Mean values of the intercepts with the y-axis ( ΔGhead
) and slopes ( ΔΔGS0 ) of the ln KD vs. nCF2
relationships shown in Figure 4.
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7.4 Discussion and relevance for the water cycle.
Sorbents with a positively charged functional group such as WAX and MAX have a higher affinity for the short chain PFAA than hydrophobic materials (such as C18 and HLB).
For example one can compare the adsorption affinity of WAX( ΔGs0 = -21 Kj/mol) and C18
( ΔGs0 = -7.1 Kj/mol) in terms of removal of PFBA with nCF of 3:
2

⎧⎪ - ( -21 − ( -7.1) ) ⎪⎫ 287 (at room temperature)
(11) KWAX
= exp ⎨
⎬ ≈
KC
R ⋅T
⎪⎩
⎪⎭
18

The values in Table 2 indicates also that only beyond nCF = 9 - 10 the affinity of C18 will
be higher than WAX. This value of n can be found after equating Eq 7a and 7b for WAX
and C18 respectively. The point where hydrophobic interactions between adsorbent and
the PFAAs become more important than the electrostatic ones is around PFNA/PFDA.
This shows that if short chain PFAAs need to be removed from water, an anion exchanger will work better. Using Al2O3 or Fe(OH)3 as adsorbents is not advisable since these
adsorbents show a low affinity to adsorb any PFAAs at environmentally relevant concentrations.
2

The specific surface area (SSA) of WAX, C18, HLB and MAX is larger than 60 m2/g. On assuming a density of 1 g/cm3 the Volume SSA (VSSA) exceeds the value of 60 m2/cm3
which indicates that according to the EU definition of nanomaterials19 these adsorbents
are called nanomaterials. Above the value of 60 m2/cm3 the fraction of the surface phase
compared to the bulk phase increases significantly for the material and consequently the
free enthalpy of such a system. Zhang has derived a formula for this increase but quantified it for purely spherical material with a single diameter (Zhang et al., 1999). The fraction of the material in the surface phase is quite high for WAX with SSA values
exceeding 800 m2/g but not for C18. Therefore it is expected that the high sorption affinity of WAX is partly due to the increase of the free enthalpy of the nanoform of WAX.
This variation has not been taken into account in the values of the intercept in Table 2.
However in general one can state that the adsorption affinity of the same material also
increases when more of the material is found in the nanoform apart from the fact that
such a large increase in surface area also increases the value of CSmax in Eq 3 and consequently K D,0 .
Finally, experiments were performed with pure compounds in solution. In a drinking
water purification process the effects of competing matrix constituents such as natural
organic matter will have to be taken into account. The results of the present study can
be used to better select and perhaps design adsorbents that could specifically remove
charged polar PFAAs and similar anions from raw water.

19

http://eur-lex.europa.eu/LexUriServ/LexUriServ.do?uri=CELEX:32011H0696:EN:NOT accessed 24-08-2013
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7.5 Conclusions
The work performed in this paper shows that for the removal of short chain PFAAs such
as PFBA, PFPA and PFHxA anion-exchangers such as WAX or MAX are well suited, and
an electrostatic removal mechanism is responsible for the adsorption. The adsorption
energy per nCF , the slope in Figure 4 or - ΔΔGS0 - has been shown to be constant for each
type of adsorption behavior: electrostatic and hydrophobic. Finally, from a water quality
point of view this paper concludes that removal of PFAAs from water with ion-exchangers is an promising technique for the removal of short chain PFAAs from drinking
water.
2
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Chapter 8 Synthesis and outlook
The work performed and presented in the preceding chapters had as common identifier
the behavior of PFAAs in the drinking water production cycle environment.

8.1 Synthesis
Research question 1:
To what extent are PFAAs present in the raw water sources used for drinking water production and what are the source of these compounds?
The literature review performed in Chapter 2 and the work performed in all the chapters
of this thesis showed that PFAAs, and especially PFOA and PFOS, are present at a base
level in the low ng per liter range in most water sources used for the production of drinking water.The literature shows that the majority of the work was and is still focussed
on PFOA and PFOS only, while short chain PFAAs often are not analyzed. It was observed that in the case of an environmental spill (use of aqueous film forming foams at an
airport or contaminated sludge on agricultural land) or a point source (wastewatertreatment plant, factory), surface water or groundwater concentrations can increase dramatically. Central and Southern European rivers such as the rivers Po, Rhine and Seine
appear to be the major rivers in Europe discharging PFAAs into the oceans. The PFAAs
of highest interest are PFOA and PFOS, however, as a result of substitution of C7-C8
chemistry by C3-C4 perfluorinated and polyfluorinated telomer compounds, the concentrations of the substitutes or their metabolites have been shown to increase in the environment. This was observed in the surface water samples analyzed in this thesis
(Chapter 4), but also in the surface water monitoring results of the Dutch government
and several other scientific publications (e.g. Moeller et al., 2010). Unfortunately, PFBA
and PFBS still are monitored only scarcely thus far. The work performed in this thesis
shows that these short chain PFAAs are not removed during water treatment and therefore are a problem for drinking water companies that use surface waters as a source of
water.
In all groundwater samples analyzed in this thesis, concentrations were usually much
lower than those observed in surface waters. However, still little information on groundwater concentrations of PFAAs is available in the literature. While surface water treatment for the production of drinking water in the Netherlands is very thorough and will
remove PFAAs to a large extent, groundwater treatment is usually much simpler (e.g. aeration, rapid sand filtration). In the case of an unknown contamination of the groundwater this can lead to high concentrations in drinking water so that occasionally the
existing German provisional guideline value (300 ng/L for the sum of PFOA and PFOS)
can be exceeded. It was shown that point sources such as a fire fighting practice areas
(especially near airports), and former landfills (Chapter 3) can be important sources of
PFAAs to groundwater. However, their impact on overall water quality will often be low
due to strong dilution in the extracted water and long travel times in the aquifer such as
shown in Chapter 3. The results from the present study show that groundwater bodies
may become contaminated by PFAAs from different sources. Overall, the allocation of
sources of PFAAs in groundwater is complicated due to the simultaneous processes occurring such as sorption, degradation, formation from precursors, changes in emissions
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and input over time (Chapter 4). The coupling of PFAA concentrations to different inorganic and organic tracers was shown to be successful in identifying origin and processes
affecting concentrations. It was observed several times (Chapters 3 and 4) that infiltrated rainwater can be contaminated with PFAAs and this can be a source of diffuse background contamination observed in drinking water prepared from groundwater. PFAAs
observed in infiltrated rainwater are likely to originate from atmospheric transport of
precursors. The relative importance of groundwater contamination compared to surface
water contamination with respect to overall contamination of drinking water is hard to
assess since little monitoring data are available. The fact that little information is available on PFAAs concentrations in groundwater compared to surface water is disproportional since 60% of the Dutch drinking water is produced from groundwater.
In cases where groundwater appeared to be contaminated with PFAAs, the mitigation
approach has been either to mix the water with clean water or to shutproduction wells
from contaminated locations. In the Netherlands only, more than 1000 former landfills
exist of which 50 in the vicinity of groundwater abstraction areas. Virtually no monitoring data are available on the presence of PFAAs in drinking water produced from these
locations. Large scale monitoring would seem appropriate in order to gain more knowledge on the contamination of drinking water produced from groundwater from these
abstraction areas.
As for the Dutch drinking water practice, margins to existing guideline values that have
been shown to be approached in heavily contaminated areas (such as the Moehne area
reported by Skutlarek et al., 2006) (Schriks et al., 2010) are sufficiently large in the case
of PFOA and PFOS in the groundwater abstraction areas sampled in this thesis.

Research question 2:
What is the influence of the drinking water production process and beverage production
processes on the PFAAs present in the raw drinking water?
The work in this thesis showed that concentrations of different PFAAs in surface waters
correlate well to the corresponding drinking water concentrations, indicating that the removal of certain PFAAs was unsatisfactory. This was also observed in other parts of the
world such as Japan, America and Australia as shown in scientific publications (e.g. Takagi et al., 2008; Quinones and Snyder, 2009; Thompson et al., 2011).The experimental
studies performed in the literature focus in general on the removal of PFOA and/or PFOS
only, not investigating the short chain PFAAs such as PFBA or PFPA. The work in this
thesis shows that short chain PFAAs need to be included in future studies.Sampling
campaigns and experiments performed in this thesis showed that behavior of PFAA
throughout drinking water treatment is varying for the different homologues investigated. The results in Chapter 5 show that most treatment steps in the purification process
(coagulation, pellet softening, sand filtration, ozonation, slow sand filtration) do not remove PFAAs. Longer chain PFAAs such as PFOS and PFNA will be readily removed with
GAC while the shorter chain PFAAs such as PFHxA, PFBA and PFBS will not or only partly
be removed. A decreasing removal capacity of the GAC was observed with increasing
carbon loading and with decreasing carbon chain length of the PFAAs creating an enrichment of short chain PFAA in drinking water. It is expected that PFBS and PFHxA will be-
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come more abundant in Europe in the future as they are slowly replacing C7-C8 chemistry as a result of reductions in emissions and production volumes of PFOA and PFOS
due to voluntary phase out, legal restrictions and emission reduction programs. PFAA removal efficiencies of the individual GAC filters were shown to depend on the age of the
applied carbon filters. Branched isomers of PFOA and PFOS were removed to a lesser
extent than non-branched isomers, creating an enrichment of the branched PFOS and
PFOA in the drinking water.
In a broader context it is generally observed that little removal of the PFAAs present in
raw water occurs. Exceptions being treatment plants where the GAC was refreshed
shortly before sampling or treatment plants where a Membrane system was used. However, membrane filtration is not often used due to the high operational costs in general
(fouling of the membranes, disposal of the brine and electricity). In contaminated areas
remediation of the water quality often consists of the placement of activated carbon filters, which are regenerated more often than in non-contaminated areas.
The results from Chapter 6 demonstrate that the level of contamination by PFAAs of
water based beverages depends on the contamination level of the ingredients used. The
most important contribution is the source water itself. This means that for areas where
surface water is used for drinking water production the chances of a higher beverage
contamination will be larger than in an area where groundwater is used for the drinking
water production. Leaching experiments with different fluorine containing polymeric tubing materialsshowed that the absolute contribution from leaching out of the three polymers tested to the total amount of PFAAs in the drink will be very low. Consequently, in
the assessment of human exposure of PFAAs via the diet it is important to take into account the contribution from tap-water based beverages.

Research question 3:
How can the removal of PFAAs from drinking water be optimized based on the basis of
the physical-chemical characteristics of PFAAs?
In Chapter 5 it was shown that short chain PFAAs, e.g. PFBA, PFPeA and PFHxA are
often not removed from drinking water. Adsorbent materials where selected on the basis
of the physicochemical properties of the PFAAs (hydrophobic tail and the hydrophilic
charged head). It was shown that materials consisting of a large number of anion exchange sites (e.g. positively charged N-atoms) and an apolar matrix are well suited for
the removal of short chain PFAAs and are thermodynamically favourable. Hydrophobic
adsorbents have a less favourable free energy of adsorption for PFBA and PFPeA than
WAX and MAX indicating that for the removal of the short chain PFAAs anion exchangers
will be much better suited than hydrophobic materials such as activated carbon, however due to the high price its use in the short term future is still unlikely. It was shown
that the sorption process was predominantly governed by the interaction between head
group and sorbent, and the tail and sorbent. The adsorbentia investigated possibly can
be used for other negatively charged polar compounds such as ibuprofen which are increasingly present in surface waters used for drinking water production.
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8.2 Outlook
In order to answer the “so what” question and understand the relative importance of
the presence of PFAAsin drinking water, overall human exposure combined with a
human risk assessment has to be taken into account. As shown in the literature (e.g.
Domingo, 2012; Vestergren and Cousins, 2009; Haug et al., 2010), human exposure to
PFAAs is dominated by dietary intake. Fish and meat are two important diet constituents
for the longer chain PFAAs: PFOS and longer for the sulfonates and PFNA and longer for
the carboxylates (e.g. Vestergren et al., 2012 and Haug et al., 2010). However, to complicate matters, it was shown that exposure can vary significantly from region to region
and between the different PFAAs (Haug et al., 2010; Vestergren et al., 2012; Perfood,
2013). Concerning the human exposure via drinking water, overall PFOA and PFOS exposure in areas with background contaminated drinking water will be low (Vestergren et al,
2012), and only become a problem with elevated concentrations (e.g. hotspots) (Perfood, 2013). However, in the case of short chain PFAAs a different scenario can be expected. The increased polarity of the short chain PFAAs will cause these to be present
to a lesser extent in dietary items(than meat and fish) and to a larger extent in water.
Indeed it was shown that human exposure to PFHxA, PFHpA and PFHxS is originating
from drinking water to a much larger extent than PFOA and PFOS (Vestergren et al.,
2012). Concerning the human risk assessment, margins to Tolerable Daily Intake (TDI)
values, which are only available for PFOA and PFOS (EFSA, 2008), remain large. On this
basis one could conclude that further monitoring of the presence of PFAAs in drinking
water in areas not suspected of PFAAs contamination is not necessary.
However, these conclusions are based on the TDI values derived from extensive laboratory studies on the toxicology of PFOA and PFOS to rats and monkeys (EFSA, 2008). Observed end-points are amongst others enlargement of the liver, thyroid adenomas, and
immunotoxic effects. It is not the scope of this work to discuss the modes of action of
PFOA and PFOS; for details see the review by Lau et al. (2007). Extrapolation of toxicological data obtained from animal laboratory experiments to risks posed to humans in
the form of a TDI is complicated by the large variation (Melzer and co-workers, 2010) of
the toxicokinetic profile between species (see also section 1.5: half-lives). The large discrepancy between species is also illustrated by the large difference between environmental quality standards for PFOS (0.65 ng/L) and current drinking water guideline
values (300 ng/L for sum PFOS and PFOA in Germany for example). Epidemiological studies, which seek relations between concentrations of PFOA and/or PFOS and
observed/reported pathologies, provide a direct relationship between PFAAs exposure
and human pathologies. Several studies are described in the literature where PFOA or
PFOS exposurein cohorts (occupationally or geographically due to a hotspot area) is related to pathologies such as thyroid diseases (Melzer et al., 2010), reduced semen quality (Vested et al., 2013), immunotoxicity (Grandjean and Budtz-Jørgensen, 2013) or liver
function biomarkers (Gallo et al., 2012). Interestingly, the study performed by Grandjean
and Budtz-Jørgensen (2013), with a cohort of children exposed to background levels,
shows that a benchmark dose response of 5%20 corresponded to benchmark dose levels
in serum of 1.3 ng/mL for PFOS and 0.3 ng/mL for PFOA. This level for PFOA is low compared to average PFOA serum concentrations of 2-8 ng/mL (Post et al., 2012). Drinking
20

“The concentration of a substance that is associated with an incidence of risk/effect of 5%” taken from

http://www.epa.gov/ncea/bmds/bmds_training/appendices/glossary.htm#bmd
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water exposure limits derived from these data by Grandjean and Budtz-Jørgensen (2013)
show that current drinking water guideline values can be several hundred fold too high
and therefore need to be revised. Indeed, when one takes into account an approximate
100:1 ratio between serum and water concentrations (see Introduction 1.5) and one uses
these to derive drinking water levels (assuming a 20% exposure contribution from drinking water instead of 100% as was used by Grandjean and Budtz-Jørgensen (2013),from
the benchmark dose level of 0.3 ng/mLin serum a drinking water value of 15 ng/L can
becalculated for PFOA.
As for the short chain PFAAs only one provisional drinking water guideline value has
been derived for PFBA so far (Wilhelm et al., 2010). This value of 7-8.5 μg/L was derived on the basis of the toxicokinetics of PFBA in the human body and in Cynomolgus
monkeys. These value are 20-25 times higher than the proposed drinking water guideline of PFOA. Grandjean and Budtz-Jørgensen (2013) proposed a safe level in drinking
water of PFOA of 15 ng/L. If we use the same factor of 20-25, a provisional guideline
value of 300 to 375 ng/L would result for PFBA, which is considerably lower than the
value proposed by Wilhelm et al. (2010). Although it is generally believed that the toxicity of PFAAs is chain-length dependent (e.g. Olsen et al., 2009; Bijland et al., 2011), recent publications do show that for short and long chain PFAAs different modes of action
may be relevant (Naile et al., 2012).
Regarding i) The uncertainties associated with PFAAs toxicology and the corresponding
drinking water guideline values derived; ii) PFAAsbeing recalcitrant in drinking water treatment; and iii) monitoring results of PFAAs in drinking water sometimes approaching
these provisional guideline values, it is recommended to include the regular determination of PFAAs, in particular short chain PFAAs, in national monitoring programs.
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Samenvatting
Perfluoralkylzuren (PFAAs) bestaan uit een volledig gefluorideerde koolstof-keten met
een variabele ketenlengte en een geladen kop (een sulfon- of carboxylzuur) (zie Figuur 1
Hoofdstuk 1). De meest bekende PFAAs zijn perfluoroktaanzuur (PFOA) en perfluoroktaansulfonaat (PFOS). Deze stoffen worden veel toegepast in industriële- en consumptiegoederen vanwege hun water-, vet- en vuilafstotende eigenschappen en hun microbiële
en chemische stabiliteit. PFAAs zijn te vinden in Gore-Tex jassen, pizzadozen, brandblusschuimen en als toevoegingen in verf. Dezelfde eigenschappen die van deze stoffen een
industrieel succes maken, zorgen er helaas ook voor dat ze in het milieu persistent, bioaccumulatief en in sommige gevallen toxisch zijn. Ze zijn inmiddels in veel verschillende
milieucompartimenten zoals grond, oppervlaktewater, lucht en humaan bloed te vinden.
Omdat PFAAs ook in humaan bloed worden gevonden hebben wetenschappers de humane blootstellingsroutes van deze stoffen onderzocht. Dieet en drinkwater bleken twee
belangrijke routes te zijn. In Nederland bijvoorbeeld, zorgen indicatieve drinkwaterconcentraties van slechts 7 en 9 ng/L voor PFOA en PFOS voor respectievelijk 55% en 33%
van de gemiddelde dagelijkse inname van deze stoffen. In Duitsland is de veilige levenslange grens voor de concentraties van PFAAs in drinkwater gesteld op 300 ng/L voor de
som van PFOA en PFOS. Voor andere PFAAs, zoals perfluorobutaanzuur (PFBA) en perfluorobutaansulfonaat (PFBS), geldt een maximale voorlopige richtlijn van 7000 en 3000
ng/L. Door recente regelgeving is het gebruik van PFOS in de EU verboden en de emissies van PFOA zijn sterk teruggedrongen door vrijwillige afspraken met producerende en
gebruikende industriëen. Daarom zijn nu vervangers voor PFOA en PFOS in gebruik, respectievelijk PFBA, perfluorhexaanzuur (PFHxA) en PFBS. Hoewel deze vervangers minder
toxisch zijn, blijven ze even persistent in het milieu en is het monitoren van hun aanwezigheid in drinkwater wenselijk.
PFAA concentraties in grondwater zijn over het algemeen lager dan in oppervlaktewater
(zie Hoofdstuk 2). Echter, doordat de zuivering van grondwater een stuk eenvoudiger is
dan oppervlakte water dient de kwaliteit van het grondwater in de buurt van potentiële
bronnen in de gaten gehouden worden. In het geval van een onbekende vervuiling is de
kans dat PFAAs niet uit het bronwater verwijderd worden zeer groot en kan dit mogelijkerwijs tot een overschrijding van de Duitse limiet van 300 ng/L voor de som van PFOA
en PFOS leiden. Uit het onderzoek beschreven in hoofdstuk 3 van deze dissertatie,
waarin de herkomst van PFAAs in grondwater wordt onderzocht, blijkt dat de voornaamste puntbronnen naar grondwater voormalige stortplaatsen en brandweeroefenterreinen
zijn waar PFAAs-houdend blusschuim wordt gebruikt (vooral in de buurt van vliegvelden) en dat de voornaamste diffuse bron van PFAAs voor grondwater geïnfiltreerd regenwater is. De uiteindelijke impact van puntbronnen op geabstraheerd grondwater zal
over het algemeen klein zijn door de sterke verdunningen in het grondwater en de lange
reistijden van het water. De precieze PFAAs herkomst en bronnen naar het grondwater
blijken moeilijk aan te wijzen door de gelijktijdig optredende processen van PFAA adsorptie aan de bodem matrix, mogelijke degradatie, formatie uit precursorcomponenten,
en veranderingen in emissies en input in de tijd. Het gebruik van organische en anorganische tracers om de herkomst van PFAAs te bepalen in grondwater bleek een succesvolle methode te zijn (zie Hoofdstuk 3). Gezien het belang van grondwater in de
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drinkwaterproductie, in Nederland wordt 60% van het drinkwater uit grondwater gewonnen, en de marginale beschikbare informatie over PFAAs concentraties in het grondwater
wordt aanbevolen de grondwaterkwaliteit te monitoren op een grotere schaal dan thans
gebeurt.
De concentraties van PFAAs in drinkwater in verschillende Europese landen variëren van
lage ng/L tot enkele tientallen ng/L. Incidenteel komen concentraties van enkele μg/L
voor in gebieden waar een puntbron aanwezig is zoals een voormalige brandweeroefenterrein op een vliegveld, of een vuilstort. Deze gegevens suggereren dat PFAAs die aanwezig zijn in het bronwater niet altijd effectief worden verwijderd tijdens de
drinkwaterzuivering. De relatie tussen de aanwezigheid van PFAS in de drinkwaterbron
(oppervlakte- of grondwater) en in het drinkwater zelf is aangetoond in verschillende
studies. Soms zijn de concentraties in het drinkwater zelfs identiek aan die in de bron.
Om een idee te krijgen van de relevante waterzuiveringsstappen voor de verwijdering
van PFAAs uit bronwater zijn er watermonsters genomen tussen de verschillende zuiveringsstappen van het drinkwaterproductieproces van een van de grootste drinkwaterzuiveringsinstallaties van Nederland: Waternet. De resultaten van hoofdstuk 4 en 5 lieten
zien dat van de verschillende zuiveringsprocessen: inname, coagulatie, snelfiltratie
(voorzuivering), duinpassage, snelfiltratie (nazuivering), ozonisatie, pelletontharding, actieve koolfiltratie, langzame zandfiltratie alleen actieve koolfiltratie (GAC) PFAAs verwijderde. De GAC filtratie stap liet een duidelijke afname zien van de lange keten PFAAs.
Perfluornonaanzuur (PFNA) en PFOS worden duidelijk verwijderd tijdens GAC. De meer
wateroplosbare, kleinere verbindingen zoals PFBA en PFBS worden niet verwijderd en de
concentraties blijven redelijk constant over de nazuivering. Dit werd bevestigd door bemonstering van individuele actieve koolfiltratiebedden. Een afname van adsorptiecapaciteit ten aanzien van PFHxS en PFOS werd gevonden bij een toenemende standtijd van
deze bedden. Perfluorodecaanzuur (PFDA) werd zowel bij korte als lange standtijden
goed verwijderd, op de overige PFAS had de standtijd geen invloed.
Voor de toekomst is het te verwachten dat PFBA-, PFBS- en PFHxA- concentraties in
drinkwater zullen stijgen door toename in gebruik als gevolg van veranderende regelgeving en vrijwillige veranderingen van productieprocessen en de slechte verwijderbaarheid van de korte ketens gedurende het zuiveringsproces.
Hoofdstuk 6 laat zien dat de contaminatie van met kraanwater bereide dranken afhangt
van de contaminatie van de ingrediënten die gebruikt worden en niet van het contact
met de materialen in de bereidingsmachines. Bij cola en koffie uit automaten bleek het
kraanwater zelf de belangrijkste bron voor aanwezigheid van PFAAs in de bereide drank
te zijn. Materialen (zoals PTFE) die tijdens de bereiding gebruikt worden en in contact
komen met de drank bleken via lek-experimenten absoluut gezien weinig over te dragen
aan de bereide dranken. Voor het bepalen van humane blootstelling wordt aanbevolen
de consumptie van dranken in acht te nemen.
Uit Hoofdstuk 5 bleek dat de korte keten PFAAs, zoals PFBA, PFPA en PFHxA vaak niet
goed verwijderd worden tijdens de waterzuivering. Daarnaast blijkt uit de literatuur dat
de nadruk van het bestaande onderzoek naar de verwijdering van PFAAs uit water op de
verwijdering van PFOA en PFOS ligt. Weinig aandacht wordt geschonken aan de korte
ketens terwijl de aanwezigheid ervan in het milieu al aan het toenemen is. Het doel van
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het werk uitgevoerd in Hoofdstuk 7 was dan ook om nieuwe zuiveringsstappen te ontwikkelen die als focus hadden de verwijdering van korte keten PFAAs uit drinkwater.
Daarom zijn er op basis van de fysisch-chemische eigenschappen van PFAAs (hydrofiele
geladen kop en hydrofobe staart) een aantal adsorbentia geselecteerd. De resultaten lieten zien dat ionenwisselaars zoals de commercieel verkrijgbare OASIS-WAX en MAX zeer
geschikt zijn voor de verwijdering van korte keten PFAAs. Hierbij is de interactie tussen
de geladen kop van de PFAAs en de positief geladen quaternaire ammonium sorptieplekken zeer sterk. Hydrofobe adsorbentia zoals C18 materiaal en OASIS-HLB bleken geschikter te zijn voor lange keten PFAAs waarbij de hydrofobe keten de meeste interactie
heeft met het oppervlak van het sorbent.
Daar humane toxikologische onderzoeksresultaten van PFAAs in de wetenschappelijke literatuur wisselend zijn, drinkwater richtlijnen die gebaseerd zijn op epidemiologische
studies een lagere grenswaarde hebben; en de huidige waterzuiverings methodes niet
alle PFAAs uit water kunnen halen, wordt er op grond van de resultaten van deze thesis
aanbevolen deze stoffen te blijven monitoren, nieuwe waterzuiveringsmethodes verder
te ontwikkelen en bestaande grenswaardes te herzien.
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Resumé
PFAAs have been found to be present at a baseline level of ng/L in European surface
waters and groundwaters. Although much less information is available on the presence
of PFAAs in groundwater, concentrations in groundwater tend to be lower than concentrations in surface waters. Point sources to groundwater are former landfills and fire
fighting practice areas and the main diffuse source is the infiltration of PFAAs contaminated rainwater. In order to unravel the sources of PFAAs to groundwater, different organic and inorganic tracers can be used. Since groundwater is treated to a much lesser
extent for the production of drinking water, if PFAAs are present in the groundwater
they will most certainly pass through the treatment. More monitoring of groundwater abstraction areas is therefore recommended for the drinking water companies.
The relationship between the concentration of PFAAs in source water and drinking water
has been shown in several papers. The different treatment steps used such as coagulation, pellet softening, sand filtration, ozonation, slow sand filtration do not remove or
affect PFAAs concentrations. Only the granualar activated carbon treatment step has
been shown to be able to remove longer chain PFAAs whereas short chain PFAAs such
as PFBA and PFBS are not removed during treatment.
PFAAs present in tapwater based beverages have been shown to be mostly originating
from the ingredients used and not from food contact materials. In the beverages studied
(cola, coffee) the tapwater used determined the PFAAs contents of the beverage produced to a large extent. Consequently beverages might provide additional sources of exposure to humans.
The removal of PFAAs from water by affinity adsorption was studied using two types of
materials: hydrophobic (C18 like materials) and electrostatic (anion-exchangers). For the
removal of short chain PFAAs such as PFBA, PFPA and PFHxA, anion-exchangers such as
WAX or MAX are well suited, and an electrostatic removal mechanism is responsible for
the adsorption. Longer chain PFAAs are better removed by hydrophobic materials such
as OASIS-HLB or C18 like materials. The studied materials are extremely promising for
the removal and it is recommended to develop the knowledge gained to a bench scale
treatment installation in order to test the removal efficiencies at a larger scale.
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AFFF
ARW
AWBR
AFFF
BAT
DWI
EFSA
EPA
FOSA
FOSE
FTOH
GAC
HRIV
LOQ
PAP
PBSF
PFAA
PFAS
PFBA
PFBS
PFCA
PFHxA
PFHxS
PFHpA
PFNA
PFOA
PFOS
PHA
POP
POSF
PTFE
RIWA
TDI
TZW
UBA
WWTP

6:2 Fluorotelomer Sulfonate
Aqueous film forming foam
Association of Waterworks in the Rhine River Basin
Association of Waterworks Lake Constance-Rhine
Aqueous Film Forming Foam
Best Available Technique
Drinking Water Inspectorate (UK)
European Food Safety Authority
Environmental Protection Agency (USA)
Perfluoroalkane sulfonamides
Perfluoroalkane sulfonamidoethanols
Fluorotelomer alcohol
Granular Activated Carbon
Health Related Indication Values
Limit of Quantitation
polyfluorinated alkyl phosphate esthers
Perfluorobutane Sulfonyl Fluoride
Perfluoroalkyl acid
Perfluoroalkyl substances
Perfluorobutanoic Acid
Perfluorobutanoic Sulfonate
Perfluorocarboxylic acid
Perfluorohexanoic Acid
Perfluorohexanoic Sulfonate
Perfluoroheptanoic Acid
Perfluorononanoic Acid
Perfluorooctanoic Acid
Perfluorooctane Sulfonate
Provisional Health Advisories
Persistent Organic Pollutant
Perfluorooctanesulfonyl fluoride
Polytetrafluoro Ethylene
Association of River Water Supply Companies
Tolerable daily intake
DVGW Water Technology Center
(Technologiezentrum Wasser)
Federal Environment Agency (Germany)
Waste Water Treatment Plant
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