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Chapter 1
General Introduction

Polycyclic aromatic hydrocarbons (PAHs) are molecules composed of two or
more fused aromatic rings, either benzene and/or cyclopentene rings. Apart
from on-ring substitutions resulting in e.g. oxygenated, hydroxylated,
chlorinated, nitro- a n d / o r amino-PAHs, a wide variety of atoms can be
incorporated in the aromatic rings, as for example sulphur atoms and nitrogen
atoms (Newsted and Giesy, 1987). Although these heterocyclic PAHs
outnumber the non-substituted homocycles (Kuhn and Suflita, 1989), they
receive relatively little attention in toxicological studies.
Part of the above mentioned on-ring substitutions are due to chemical
transformation and degradation of polycyclic aromatic compounds through a
variety of processes. In the aquatic environment, photooxidation, chemical
oxidation, and biological transformation by bacteria, fungi, algae and animals
are of primary importance. Abiotic PAH transformation has been reviewed by
Kochany and Maguire (1994), and also much research has been done on
biotransformation by bacteria (Kuhn and Suflita, 1989; Bollag and Kaiser, 1991),
fungi (Muncnerova and Augustin, 1994; Sutherland et al., 1998), algae
(Warshawsky et al., 1995; Dijkman et al., 1997), and animals, both vertebrates
(McMurtrey and Knight, 1984; Warshawsky et al., 1996) and invertebrates
(Livingstone and Farrar, 1984; Lee, 1988; ). The role of biotransformation often
is to reduce toxicity by enhancing the water solubility of a toxicant and thereby
facilitating excretion. In many cases, however, especially in carcinogenicity and
mutagenicity studies, metabolites have shown to be more reactive than their
parent compounds (e.g. Warshawsky, 1992). Hence, metabolism not only
greatly enhances the number of toxic compounds, but may also alter the mode
of toxic action.

S.
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All organic toxicants, including PAHs, induce narcosis, or baseline toxicity,
to some extent. Many studies have shown that narcosis is strongly related to the
lipophilicity of the compound, often expressed as the n-octanol-water partition
coefficient (Kow) (Könemann, 1981; De Voogt et al., 1988; Swartz et al., 1995;
Chen et al., 1997; Schultz and Bearden, 1998). However, compound specific
modes of action (i.e. other than narcosis) cause deviations from such
relationships, as has clearly been demonstrated for closely related compounds
such as isomers: although they show little differences in lipophilicity, toxicity of
isomers may differ several orders of magnitude (Walton et al., 1983; Wood et
a l , 1983; Kumar et al., 1989; Kraak et al., 1997b). This observation challenges the
use of refined structure-activity relationships.
Apart from narcosis, PAHs can affect different biological endpoints:
reproductive effects (e.g. Van Brummelen et al., 1996), genotoxicity, teratogenicity and carcinogenicity have been identified (e.g. Warshawsky, 1992).
Most research, however, focuses on only one endpoint. It is obvious that this
complicates, if not prevents, the search for relationships between the different
types of effect. Attempts have been made to predict chronic toxicity from acute
test results (Kenaga, 1982; Mayer, 1990; Länge, 1998; Roex, 1999). Such predictions inherently assume a similar kind of action during both acute and chronic
exposure. Hence, deviations from such predictions are usually explained by
other, more specific effects that are expressed at lower exposure concentrations
during a longer exposure time. Morphological deformities and life cycle effects
are manifested only after a long period of time (Chang et al., 1984; Taylor et al.,
1993; Postma and Davids, 1995; Van Brummelen et a l , 1996). Yet, the majority
of ecotoxicological studies concerns acute experiments at relatively high doses:
only 155 of a total of 1194 items on PAHs in the AQUIRE toxicological database
deal with parameters for growth, development, reproduction, population
and/or community effects (http:/www.epa.gov/ecotox; July, 1999).

Objectives
The highly diverse structure of PAHs urges the need for exploring new
aspects of their toxicity. Therefore, the aim of the present thesis was to analyse
the different aspects of PAH toxicity by evaluating the different kinds of
biological effects that azaarenes (nitrogen heterocycles) can exhibit and to relate

General Introduction

these effects to the structure of the compounds. Due to their similarity in
structure, comparison of isomer toxicity is attempted to find key factors
determining biological effects. Furthermore, biotransformation products,
responsible for some of the toxicity of both homocyclic and heterocyclic PAHs,
are analysed in different biological species. Traditionally, adverse effects of
PAHs are quantified by determining narcotic effects, i.e. baseline toxicity. In the
present thesis, however, genotoxicity, developmental disturbances and lifecycle changes are quantified as well. Subsequently, molecular properties are
used to relate the different aspects of azaarene toxicity to their molecular
structure. Through a baseline toxicity (narcosis) model, the first step towards a
fully computational analysis of azaarene toxicity mechanisms are undertaken.

N
Figure 1.1. The azaarene acridine (left) and its homocyclic analogue anthracene (right).

Heterocyclic Compounds
Two thirds of the 4 million known organic compounds are heterocyclic
(Kuhn and Suflita, 1989). Azaarenes are such a group of heterocycles,
containing one nitrogen atom in place of a carbon atom (Fig. 1.1). Apart from
their natural origin (e.g. as alkaloids; Kaiser et al., 1996), azaarenes are formed
and released into the environment by incomplete combustion of fossil fuels, in
spills or effluents of several industrial activities, oil drilling, refining and
storage (Kochany and Maguire, 1994) and coal tar distillation (Pereira et al.,
1983). Azaarenes are also associated with wood preservation (Pereira et al.,
1983; Adams and Giam, 1984) and pesticide use (Kuhn and Suflita, 1989). The
emission of PAHs, including azaarenes, to the atmosphere has increased greatly
during the last century. Historical records of PAHs in soil and sediment from
rural areas and in ice from sites as remote as Greenland document the widespread environmental contamination which has occurred (Jones et al., 1989;
Sanders et al., 1993; Kawamura et al., 1994). Blumer et al. (1977), Wakeham
(1979), Furlong and Carpenter (1982), and Bleeker et al. (1996) detected elevated
azaarene concentrations in marine and freshwater sediments. In addition, Van

g
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Genderen et al. (1994) and Kozin et al. (1997) demonstrated the occurrence of
azaarenes in freshwaters in the Netherlands.
For the present study, a group of eleven azaarenes were selected, ranging
from 2 to 4-ringed structures, including metabolites and isomers (Fig. 1.2).
5-ringed and larger compounds were not chosen, because their low water
solubility (Pearlman et al., 1984) makes them less significant in aquatic
toxicology. The chosen compounds are quinoline, a two-ringed structure, four
three-ringed isomers (acridine, phenanthridine, benzo [ƒ] quinoline, and
benzo|7z]quinoline), and two four-ringed isomers (benz[a]acridine and
benz[c]acridine). With this series, the role of the number of rings and other size
related parameters in inducing toxicity can be investigated, as well as the
differences between isomers. Furthermore, two three-ringed metabolites were
chosen: 9(10H)-acridone and 6(5H)-phenanthridinone, metabolites of acridine
and phenanthridine respectively, and isomers of each other. Finally, the isomers
benzo[g]quinoline-5,10-dione and benz[g]isoquinoline-5,10-dione were chosen,
of which the latter was found to be highly teratogenic in crickets, while the
former was not teratogenic at all (Walton et al., 1983) (Fig. 1.2).

N
quinoline

benzo[/]quinoline

phenanthridine

~N'
H
9(10H)-acridone

^

benzo[h]quinoline

O

Q

Ö
benzo[g]quinoline
5,10-dione

benz[g]isoquinoline5,10-dione

~N' ^O

H
6(5H)-phenanthridinone

Figure 1.2. Selected azaarenes, used in this study.
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This study fits into a continuing effort of the Amsterdam Research Institute
for Substances in Ecosystems to elucidate environmental fate and toxicity
mechanisms of azaarenes, involving determination of azaarene concentrations
in sediments (Kozin et al v 1997), assessment of azaarene toxicity towards algae
(Van Vlaardingen et al., 1996; Wiegman et al., 1998) and invertebrates (Kraak et
al., 1997a) and explaining differences in azaarene fate and toxicity by structureactivity relationships (De Voogt et al., 1991; Kraak et al., 1997b).

Transformation
Transformation of azaarenes takes place through abiotic (Kochany and
Maguire, 1994) as well as biotic processes. Biotransformation is necessary to
prevent a rapid build-up of toxic lipophilic compounds in the organism, and
usually involves the attachment of a polar group to enhance the water solubility
of the compound and therewith facilitating excretion.
In the natural environment micro-organisms play an important role in
biotransformation of azaarenes (Bak and Widdel, 1986; Berry et al., 1987; Pereira
et al., 1987ab; Pereira et al., 1988ab; Kuhn and Suflita, 1989; Bollag and Kaiser,
1991). Under both aerobic and anaerobic conditions, micro-organisms are able
to degrade azaarenes, resulting in hydroxylated and oxygenated products. Such
biodégradation, however, appears to be restricted to smaller azaarenes such as
pyridine (Kuhn and Suflita, 1989; Kaiser et al., 1996), indole, quinoline and
isoquinoline (Bak and Widdel, 1986; Shukla, 1986; Pereira et al., 1988b; Schwarz
and Lingens, 1994; Kaiser et al., 1996), and benzoquinolines (Pereira et al.,
1988b; Knezovich et al., 1990; Kaiser et al., 1996). Similar results are reported for
fungi (Sutherland et al., 1994ab; Sutherland et al., 1998).
In contrast to the extensive studies on microbial degradation of azaarenes,
only few data are available for (aquatic) invertebrates, algae, or vertebrates. Fish
have been shown to transform quinoline into hydroxylated metabolites (Bean et
al., 1985), zebra mussels can transform acridine into acridone (Kraak et al.,
1997a), and also for algae acridine metabolism has been reported (Dijkman et
al., 1997).
Although transformation products have been identified in sediments (Pereira
et al., 1987b), the role of metabolites in the environmental effects of organic
compounds is scarcely studied. Yet, it is clear that the (geno)toxic effects of a

10,
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compound cannot be assessed without considering the effects of its metabolites.
As several mutagenicity and carcinogenicity studies have shown, azaarenes
often show no effect until they are metabolically activated, resulting in several
transformation products, including dihydrodiols and diol epoxides (e.g. Chang
et al., 1984; Kumar et al., 1989; Wood et al., 1989; Warshawsky et al., 1992).
Furthermore, in a toxicity study (Kraak et al., 1997a) zebra mussels
demonstrated their ability to metabolise acridine to acridone, resulting in a
decrease in toxicity. Using the Mutatox™ genotoxicity assay, however, acridone
was determined to be much more genotoxic than its parent compound acridine
(Klamer, 1996). These observations clearly stress the significance of
biotransformation in the fate and (eco)toxicology of azaarenes.

Different Biological Endpoints
Any organic chemical, including azaarenes, can exhibit a narcotic effect if it is
sufficiently accumulated in biological membranes (Könemann, 1981; Hermens,
1989). More specific effects, however, can occur at lower exposure
concentrations (cf. Musch, 1996), especially during chronic exposure. De Maagd
(1996) and Van Brummelen et al. (1998) proposed to classify four modes of
action of PAHs in (aquatic) organisms: 1. apolar narcosis, 2. toxicity after
photochemical activation by UV light, 3. biochemical activation leading to
genotoxicity, teratogenicity and/or carcinogenicity and 4. reproductive effects.
For azaarenes data on each of these modes of action are scarce and fragmentary.
LC50 values for azaarenes have been determined for only a few aquatic
macroinvertebrate species, among which daphnids (Southworth et al., 1978;
Parkhurst et al., 1981; Newsted and Giesy, 1987), midges (Chironomus tentans;
Cushman and McKamey, 1981), copepods (Diaptomus clavipes; Cooney and
Gehrs, 1984) and the zebra mussel Dreissena polymorpha (Kraak et al., 1997ab).
Also some results are reported on amphibians (Rana pipiens; Birge and Cassidy,
1983; Xenopus laevis; Davis et al., 1981).
Several PAHs, among which azaarenes, strongly absorb sunlight, especially
in the UV region. This may lead to photochemical transformation by two
different modes of reactions: photosensitization and photomodification (Veith
et al., 1995; Huang et al., 1997). In photosensitization reactions, PAHs in excited
state induce formation of singlet oxygen or other extremely toxic radicals (Veith
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et al., 1995; Krylov et al., 1997). Photomodification structurally alters PAHs to a
variety of products, mainly oxygenation products (often better soluble in
water). Many of these photomodification products appeared to be more toxic
than parent PAHs (Ren et al., 1994; McConkey et al., 1997; Wiegman et al.,
1998).
Biochemical activation has been studied extensively in relation to
mammalian and bacterial genotoxicity and carcinogenicity, but only
teratogenicity studies have focussed sometimes on invertebrates (e.g. Walton,
1983), and (partly) aquatic species (e.g. Dumont et al., 1979).
Especially long-term effects such as reproduction are hardly studied
(Parkhurst et al., 1981). In contrast, upon long-term exposure, particularly
reproductive effects and biochemical activation leading to developmental
disturbances, become more important. In absence of a proper identification and
toxicity assessment for the many compounds involved, one may speculate that
such compounds contribute to poorly identified effects in the environment.
These effects could include the local extinction of species as well as alterations
of life-cycles of invertebrates and a higher incidence of cancer in fish and man
in strongly urbanised areas.

Test Organisms
Chironomus riparius
At least 15,000 different species of the dipteran family Chironomidae are
distinguished, inhabiting a wide variety of freshwater lakes and streams
throughout the world (Armitage et al., 1995). The life-cycle of chironomids
includes an egg stage, four larval stages, a pupal stage, normally all in the
aquatic environment, and an terrestrial adult stage (Fig. 1.3). After swarming
and mating females deposit egg masses at the water surface, usually attached to
some kind of substrate, either natural such as plants or artificial such as bridges.
First instar larvae are principally planktonic, but in most species second to
fourth instars inhabit the upper layer of the sediment, in which they build
protective tubes from small particles (Armitage et al., 1995).
In this study the species Chironomus riparius has been used. The larvae of this
species prefer eutrophic and organic enriched waters (Armitage et al., 1995) and
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are also frequently found in rivers or canals affected by effluents of sewage
treatment plants (Köhn and Frank, 1980; Davies and Hawkes, 1981). C. riparius
is an opportunistic species: it is among the first macro-invertebrates to colonise
streams during temporary periods of eutrophication or organic enrichment
(Gower and Buckland, 1978). This opportunistic behaviour is facilitated by its
multivoltine life cycle, on our latitude at least three generations a year in
organically enriched rivers (Gower and Buckland, 1978). However, in a prairie
pond in Canada, univoltine life cycles were observed, due to a shorter ice-free
period (six months) and relatively low food abundances (Rasmussen, 1984). At
20 °C a complete life cycle can be completed within three weeks, but at 12 °C
this takes twice as long (Gower and Buckland, 1978). Due to this short life cycle
C. riparius can easily be cultured in the laboratory (Credland, 1973).

Figure 1.3. Life cycle of Chironomidae displaying the egg stage, the four larval instars, the
pupal stage and the terrestrial imago (adopted from Timmermans, 1991).

Because of its world-wide distribution and because it is easy to handle in the
laboratory, many toxicological studies have been performed with C. riparius
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(637 items in the AQUIRE toxicological database; http://www.epa.gov/ecotox;
July, 1999). This enables the comparison of results from this study with
literature data. The midge has also been used in ecological studies (Heinis, 1993;
Van de Bund, 1994) and it has proven to be useful for monitoring purposes
(Grootelaar et al., 1995; Stuijfzand, 1999). Adaptation strategies of C. riparius to
metals have also been studied extensively (Postma, 1995; Groenendijk, 1999).
In the present study, a laboratory culture was used, which has been
maintained at the Department of Aquatic Ecology & Ecotoxicology since 1986 at
20 °C (16:7 h light:dark regime, separated by 0.5 h twilight), originating from
larvae from a small experimental pond of the University of Amsterdam. To
minimise the risk of inbreeding, egg masses were regularly exchanged with
other Dutch laboratory cultures of C. riparius. In addition, the culture was
constantly maintained at a large population size.
Fluctuating
asymmetry
Fluctuating asymmetry (FA) is defined as the occurrence of random
differences between the phenotypic values of characters on the left and right
sides of a normally bilaterally symmetrical individual organism (Van Valen,
1962). It has frequently been suggested that FA can be a reliable index of genetic
or environmental health and of the effects of different types of stress (Leary and
Allendorf, 1989; Parsons, 1992). In chironomids FA has been proven to be a
good measure for environmental stress, such as metal contamination (Janssens
de Bisthoven et al., 1998; Groenendijk, 1999), insecticide contaminants (Clarke
et al., 1995), and co-occurring toxicants (PAHs, PCBs and metals; Van Urk et al.,
1992). Research on the chironomid C. plumosus has shown that reproductive
fitness can also be influenced by FA: females of this species prefer to mate with
more symmetric males (McLachlan and Cant, 1995).
For an reliable demonstration of FA, other forms of asymmetry normally
occurring in certain animal populations, should be excluded (Palmer and
Strobeck, 1986; Palmer, 1994; Swaddle et al., 1994). The first of these is
antisymmetry, which is due to negative interaction between sides. This type of
asymmetry is found for example in fiddler crabs (Ilea spp), where the large
signalling claw of the males occurs at an equal frequency on the left and right
sides in a population. Another form of asymmetry that can seriously interfere
with FA is directional asymmetry. This form of normal development is for

Chapter 1

14.

example occurring in humans where the right gonads are normally larger than
those on the left (cf. Leary and Allendorf, 1989).
In the present thesis, FA was used as a measure for developmental
disturbances in C. riparius larvae exposed to azaarenes (Chapter 6). The
character for FA analysis chosen was the number of teeth on the comb-like
pecten epipharyngis (Fig. 1.4), one of the larval mouthparts, situated at the
anterior part of the larval head capsule.

Figure 1.4. Pecten epipharyngis of Chironomus riparius situated at the anterior part of the larval
head capsule. A: normal pecten epipharyngis; B: deformed pecten epipharyngis with fused
teeth (adapted from Vermeulen, 1995).

The Mutatox™ test
To evaluate the genotoxic potential of azaarenes, the Mutatox™ test was
used (Chapter 5). In this genotoxicity test a dark variety of the normally
luminescent bacteria Vibrio fisheri is used. Under influence of genotoxicants the
luminescent ability can be restored (Ulitzur, 1986; Johnson, 1992). This
restoration can theoretically be achieved by three independent events (Ulitzur,
1986): (1) blocking the formation of the repressor, i.e. altering its or the operator
site's structure, (2) inactivating the repressor of the luminescence system, and
(3) changing the physical configuration of the DNA, thus allowing unrepressed
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transcription of the luciferase operon. Blocking of the repressor is expected
from direct mutagens (Ulitzur, 1986). Different DNA-damaging agents and
DNA synthesis inhibitors seem to act through their ability to trigger the "SOS
functions" that involve the inactivation of the luminescence system's repressor
(Weiser et a l , 1981). Finally, DNA-intercalating agents act via the most potent
and rapid way of restoring the luminescence by changing the physical
configuration of the DNA (Ulitzur, 1986). Direct and indirect genotoxicity can
be distinguished by incubation with or without a S9-enzyme-preparation, but in
this thesis (Chapter 5), only direct genotoxicity is presented.
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Figure 1.5. Example of the determination of the LOEC for a test compound.

To quantify the genotoxicity of compounds, a Lowest Observed Effect
Concentration (LOEC) can be determined. This concentration is defined as the
concentration at which the light response is 4 times that of the control response
(Fig. 1.5).
The fact that three different kinds of genotoxic activity can be scored within
one test, makes this test favourable above other genotoxicity tests, such as the
SOS Chromotest and the often used Ames test. Furthermore, in general the
Mutatox™ test was shown to be more sensitive than the SOS Chromotest
(Legault et al., 1994), and also mutagenicity in the Ames test was well predicted
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(93 % of the cases tested) by the Mutatox™ test (Legault et al., 1994). In
addition, the Mutatox™ assay is more rapid to perform and, as a result, costs
less (Johnson, 1992).

Outline of the Thesis
The present study analyses the different aspects of azaarene toxicity by
evaluating the different kinds of biological effects that these compounds can
exhibit. Biotransformation and isomerism receive special attention. Structureactivity relationships are used to examine the toxicological mechanisms
involved.
In Chapter 2 and 3 of this thesis metabolism of azaarenes is studied in a
variety of aquatic organisms. Chapter 2 focuses on identification and quantification of 9(10H)-acridone and 6(5H)-phenanthridinone as major metabolites
of, respectively, acridine and phenanthridine in experiments with several
invertebrates and algae. Chapter 3 compares the capacity to transform
phenanthridine between an invertebrate (the midge Chironomus riparius) and a
fish (Cyprinus carpio).
Chapters 4 to 6 focus on different aspects of the toxicity of azaarenes. Each of
these chapters focuses on a different (eco)toxicological endpoint: acute toxicity
(narcosis), genotoxicity and life cycle parameters.
In Chapter 4 96 h LC50 values are estimated for midge larvae (Chironomus
riparius) exposed to seven azaarenes: quinoline, acridine, phenanthridine,
benzo[/]quinoline, benzo [h] quinoline, benz[a]acridine, and benz[c]acridine (Fig.
1.2), which include four three-ringed isomers and two four-ringed isomers. In
addition, relationships between LC50 and molecular descriptors were sought to
gain insight into the mechanism of acute toxicity.
In Chapter 5 the Mutatox™ test is used to evaluate the genotoxic potential of
both the non-substituted azaarenes used in Chapter 4 and the two metabolites
acridone and phenanthridone, which enables comparison between isomers
(including the metabolite pair) as well as the role of metabolism. Again
relationships are sought with molecular descriptors and, furthermore, a
comparison is made between the genotoxicity and the acute toxicity as reported
in Chapter 4.
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Chapter 6 completes the section on toxicity with a study on chronic effects of
azaarenes on the midge Chironomus riparius, using developmental disturbances
and day of emergence as parameters. Six three-ringed azaarenes were selected:
acridine and phenanthridine, together with their metabolites acridone and
phenanthridone, and in addition the isomers benzo[#]quinoline-5,10-dione and
benz[g]isoquinoline-5,10-dione. Thus, comparisons could be made between
isomer pairs and between parent-metabolite pairs. Finally, a comparison was
made between the chronic toxicity data and the toxicity and genotoxicity data
from Chapters 4 and 5.
In the last part of the thesis (Chapter 7), a molecular mechanics approach is
used to study the interactions of all eleven azaarene molecules (Fig. 1.2) with
the phospholipid bilayer of a biological model membrane. After placing each
azaarene molecule separately in a bilayer model, constructed from sixteen
l,2-dimyristoyl-sn-glycero-3-phosphorylcholine molecules, interacting energies
were calculated and relationships between these energies and (geno)toxicity
parameters were sought.
Finally, in Chapter 8, overall conclusions are summarised and implications
for risk assessment are outlined.
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Chapter 2
Formation and Identification
of Azaarene Transformation
Products from Aquatic
Invertebrate and Algal
Metabolism

Abstract
The metabolism of two azaarenes, viz. acridine and phenanthridine, by aquatic
organisms was studied in short-term and chronic laboratory tests. The identity
of metabolites observed in the test waters was investigated with different
analytical methods, including HPLC, GC and hyphenated LC- or GC-MS. The
Zebra mussel (Dreissena polymorpha), one green alga species (Selenastrum
capricornutum) and periphyton or bacteria transformed acridine into 9(10H)-acridinone. Phenanthridine was transformed into 6(5H)-phenanthridinone by
midge (Chironomus riparius) larvae. The findings indicate that closely related
isomers may undergo species specific biotransformation. It was concluded that
keto-metabolites are major products in aquatic fate of benzoquinolines, which
may be overlooked in the risk assessment of parent compounds. This study
illustrates the typical problems with, as well as the potency of, chromatographic
methods in the elucidation of metabolic routes of organic contaminants.
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Introduction
Nitrogen heterocyclic aromatic hydrocarbons or azaarenes appear both in
natural and anthropogenic sources, such as fossil fuels, tars and synthetic oils.
As a result of combustion processes and accidental spills, azaarenes have been
released into the environment. They have been detected in automobile exhaust
(Hagemann et al., 1983), ambient air (Adams et al., 1982) and air particulate
matter (Brocco et al., 1973). The presence of azaarenes in marine and lake
sediments has also been shown (Blumer et al., 1977; Wakeham, 1979) and they
were detected in low concentrations in Dutch river sediments (Kozin et al.,
1997).
Metabolism of polyhomocyclic aromatic hydrocarbons (PAHs) by invertebrates is well documented in the literature (Schoeny et al., 1988; Warshawsky et
al., 1995). PAHs may either be activated to reactive intermediates or detoxified
as a result of metabolism. Which of these processes may occur depends on
physicochemical properties of the PAH as well as on characteristics of the
organisms concerned and environmental, nutritional and physiological factors
(Buhler and Williams, 1988). In the presence of UV light, toxicity of PAHs can
be enhanced up to several orders of magnitude (Newsted and Giesy, 1987),
probably as a result of activated oxygen species.
Abiotic transformations of azaarenes in the aquatic environment have been
reviewed (Kochany and Maguire, 1994), but much less is known about their
biotransformation. In mammalian liver microsomes, several metabolites of
acridine and phenanthridine have been identified or their identity proposed
(McMurtrey and Knight, 1984; LaVoie et al., 1985; McMurtrey and Welch, 1986).
Mutagenicity of azaphenanthrenes using the Salmonella assay has been shown
to result in formation of dihydrodiols and N-oxides (Adams et al., 1983). Fungi
have been shown to transform acridine into mono or dihydroxylated
(Sutherland et al., 1994a), and quinoline and isoquinoline into N-oxidated
metabolites (Sutherland et al., 1994b). Quinoline transformation has also been
reported for bacteria (Pereira et al., 1988; Bollag and Kaiser, 1991) and fish (Bean
et al., 1985), major products being hydroxylated metabolites.
Obviously, the information on azaarene biotransformation is still fragmentary and especially experimental data on invertebrates and algae are lacking.
Therefore, the purpose of the present work was to assess the ability of
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invertebrates and algae to transform azaarenes and to elucidate the identity of
unknown metabolites observed in acridine and phenanthridine toxicity tests
with mussel (Dreissena polymorpha) (Kraak et al., 1997a), algae (Scenedesmus
acuminatus and Selenastrum capricornutum) (Van Vlaardingen et al., 1996) and
midge larvae (Chironomus riparius) (Bleeker et al., 1998). The present work
focuses on the practical problems and solutions encountered in the elucidation
of metabolite identities.
This work fits in a continuing effort to elucidate azaarene environmental fate
and toxicity mechanisms involving determination of azaarene concentrations in
sediments (Kozin et al., 1997), assessment of azaarene toxicity and genotoxicity
towards invertebrates (Bleeker et al., 1998; Bleeker et al., 1999) and explaining
differences in azaarene toxicity by structure-activity relationships (De Voogt et
al., 1991; Kraak et al., 1997b).

Materials and Methods
Chemicals
Phenanthridine (99 %) and acridine (97 %), 9(10H)-acridinone (99 %) and
6(5H)-phenanthridinone (98 %) were obtained from Sigma-Aldrich, Zwijndrecht, The Netherlands. Acridine was further purified by adsorption chromatography on aluminiumoxide. All solvents used were of HPLC grade, and all
other chemicals of analytical grade quality.
Toxicity
experiments
The experiments with mussels, algae and midge larvae have been described
in detail elsewhere (Van Vlaardingen et a l , 1996; Kraak et a l , 1997a; Bleeker et
al., 1998). The experiments with midge consisted of short term (96 h), semichronic (12 d) or chronic (4-5 w) toxicity tests. Experiments with algae lasted for
7 days. Experiments with mussels consisted of short-term (48 h) and chronic
(i.e. 10 weeks) tests. In the chronic midge test water and toxicant were renewed
every 7 d, and in the chronic mussel experiments every 48 h. During these
experiments midge larvae were fed with commercial food (a suspension of
Tetraphyl and Trouvit in water), and mussels were fed with alga S. acuminatus.
In all tests, organisms were exposed to dissolved concentrations of the
azaarene, which were added to the medium either directly, by way of organic
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carrier (DMSO), or by using a generator column technique. Actual concentrations of the azaarene were monitored by RP-HPLC at regular intervals.
HPLC monitoring
Azaarene and metabolite concentrations were monitored directly by RPHPLC in centrifuged water samples from exposure experiments with algae,
mussels or chironomid larvae. A sample volume of 20 |il was injected onto a
150 x 4.6 mm Lichrosorb RP18 5 |0.m (Merck) column (using a 3 x 3 mm guard
column containing the same stationary phase), operated at 40 °C. Both fluorescence (Kratos Spectroflow 980) and UV (Applied Biosystems 785) detection
were applied. For fluorescence excitation and UV absorption, a wavelength of
254 nm was used. For registration of signals at fluorescence emission
wavelengths over 310 nm, a cut-off filter was applied. The mobile phase
composition was maintained at 80/20 (v/v) acetonitrile/water (for phenanthridine) or 80/20 methanol/phosphates buffer (for acridine). Samples were
eluted at a flow rate of 1.0 ml.min"1 using a Gynkotec 480 pump.
GC-MS
In this study GC-MS was used as the initial method for confirmation of
metabolite identities. Sample extracts were redissolved in ethyl acetate and
injected in a HP5890/KRATOS Concept-s MACH 3 HRGC/HRMS system
(Kratos) with cold on-column injection. A 60 m x 0.25 mm (film: 0.25 |im) DB-5
(J&W) capillary column was used. The transfer line was maintained at 250 °C.
The mass spectrometer was operated in the EI mode using selected ion
monitoring at the following conditions: ionisation energy 70 eV, ion source
temperature 250 °C, analyser pressure 1.10"7 torr, scan time 1.02 s.
The temperature of the GC oven was programmed from 70 °C to 200 °C at
30 °C/min and from 200 °C to 250 °C at 5 °C/min. The following ions, corresponding to parent and (possible) metabolites, were monitored: 179.07/180.08,
151.06/152.06 (for acridine and phenanthridine), 195.07/196.07, 167.07/168.08
(monohydroxybenzoquinolines and their tautomers), 211.06/212.07 (dihydroxybenzoquinolines, hydroxyacridones) and 213.08/214.08 (benzoquinoline dihydrodiols). No quantitative analysis was performed.
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LC-MS
The LC-MS was used after initial attempts to identify an unknown
metabolite by GC-MS failed (see results section) and the LC-MS instrument
became available at that time. The LC system consisted of a HP 1090 gradient
system for delivering the mobile phase (0.4 ml/min) equipped with a Rheodyne
six-port switching valve. The analytical column was a 250 mm x 4.6 mm I.D.
stainless-steel column packed with Supelcosil LC-18-DB, 5 urn deactivated-base
C-18 material. The PROSPEKT - automated cartridge exchange, solvent
selection and valve switching unit, with its solvent delivery unit, was used for
sample trace enrichment. The preconcentration was carried out on 10 x 2.0 mm
I.D. cartridges packed with 15-25 um PLRP-S (Polymer Laboratories, Church
Stretton, UK) styrene-divinylbenzene copolymer. The wavelength of a HP 1050
ultraviolet diode-array detector was set as 210 ran with 10 nm bandwidth.
A Hewlett Packard 5989 A MS Engine, equipped with a dual EI/CI ion
source and high-energy dynode, was connected to the LC column outlet via an
HP 58990 particle beam (PB) interface. All data were acquired on the DOSbased HP Vectra 486/66 computer using MS ChemStation software. The MS ion
source block temperature was set at 250 °C and that of the quadrupole analyser
at 100 °C. The scan range was from m / z 65 to 350 amu at scan rate of
0.6 scans/second. The desolvation chamber temperature of the PB interface was
set at 70°C and the helium nebuliser pressure at 35 psi.
After background subtraction the mass spectrum of each compound was
compared with those in the (NIST and Wiley) libraries.
The PLRP-S precolumn was flushed at 5 ml/min with 5 ml of methanol and,
next, 5 ml of HPLC-grade water prior to preconcentration. Subsequently, a
40 ml sample was preconcentrated at a flow of 4 ml/min. The analytes trapped
on the precolumn were then desorbed in the forward flush mode with
acetonitrile-water at a flow rate of 0.4 ml/min and on-line transferred to the
C-18 analytical column. The actual separation of the analytes was carried out
using a 45-min linear gradient of acetonitrile-water mixture beginning from
10/90 (v/v) to 95/5 (v/v); this was held isocratically for another 10 min. The
non-destructive UV DAD detector was positioned on-line in front of the PB-MS.
All steps of analysis, including conditioning of the precolumn, preconcen-
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tration, separation and detection by both detectors, were performed in a fully
automated way.
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Figure 2.1. Relative concentration of acridine vs. time plots from exposure experiments with
algae. Squares: control experiment. Circles: S. acuminatus experiment. Diamonds: S. capricornutum experiment. Error bars represent standard deviation from 3 replicate experiments.
Dotted lines are linear point-to-point extrapolations

Results
Acridine

experiments

Fig. 2.1 shows the concentration vs. time course for acridine from exposure
experiments with two species of algae and a control experiment. As can be seen,
S. capricornutum exhibits a significant decline of the aqueous acridine
concentration, whereas in S. acuminatus the decline is negligible compared to
the control. HPLC chromatograms of samples from the test solutions of the
experiments with S. capricornutum invariably showed, besides the peak of
acridine, an earlier eluting peak with unknown identity. In samples taken at the
end of the experiment (days 6 and 7), the peak area of the unknown peak was
less than in samples taken earlier during the experiment.
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Figure 2.2. Reversed phase LC-FLU chromatogram of a sample of test water taken from the
chronic experiment with mussels exposed to acridine. Acridine (tR = 3.67) is preceded by a
metabolite (tR = 2.47). For conditions, see Materials and Methods section.

Neither in short-term experiments with mussels nor in short-term or chronic
(6 w) experiments with midge larvae metabolism of acridine was observed. In
the chronic experiments with mussels, it was observed that disappearance of
acridine from the medium started after three weeks, concurrent with a recovery
of initially reduced filtration rates of the mussels. Fig. 2.2 shows a
chromatogram obtained with the monitoring HPLC method of an aqueous
sample from the chronic experiments with mussels exposed to acridine, taken
just before the water and toxicant renewal. As can be seen, besides the acridine
peak, an unknown peak is observed with a relatively high response in
fluorescence mode and a shorter retention time, suggestive of a metabolite. In
the UV mode the same peak was observed, but with a response much less than
that of acridine. Within a 48 h-renewal period, the acridine concentration in the
test water decreased significantly. All acridine had disappeared after 48 h. Since
the aquaria used in the chronic mussel experiments not only contained mussels
but also periphyton and bacteria, which grow on glass walls and mussel shells,
we also tested the metabolic capacity of these organisms in control treatments
without mussels. Here, metabolism was also observed, but started only after
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week 9. From one test solution at the end of the chronic experiment mussels
were taken out of the aquarium, and water and toxicant were renewed once
more. Again a significant decrease in acridine concentration was observed
(Kraak et al., 1997a) although still some acridine was present after 48 h.
Apparently bacteria or periphyton or both were able to degrade acridine.
To assess the identity of the unknown metabolite observed in the RP-HPLC
chromatograms, initially it was decided to use the GC-MS technique. To that
end aqueous samples taken from the algae and mussels experiments were first
liquid/liquid extracted with dichloromethane (DCM). DCM was preferred to
n-hexane since acridine is poorly soluble in the latter. DCM was also found to
lead to higher recoveries for acridine than diethyl ether (100-110 % vs. 50-55 %,
respectively). The DCM extracts had to be solvent exchanged because of its
poor solvent effect performance in split/splitless injection. Initially, two
solvents were selected for this purpose: cyclohexane and toluene, since it was
expected that the metabolite would have a structure and, consequently,
properties resembling those of acridine, which is soluble in these solvents.
Thus, extracts were pre-screened by GC/FID to evaluate the suitability of these
solvents. In all extracts that were examined, whether redissolved in cyclohexane
or toluene, invariably two peaks were observed in the chromatograms. These
peaks appeared to correspond to acridine and DMSO. The latter had been used
as the carrier solvent in the tests. To exclude possible discrimination effects of
the injection technique, the redissolved samples were also injected by an oncolumn technique. Again, only peaks of acridine and DMSO were observed and
no metabolite peak was present.
Referring to the introductory section, it was expected that the metabolite
could be a hydroxylated product of acridine. Direct gas chromatography of
hydroxylated polyaromatic compounds usually results in poor chromatography. Therefore the extracts were derivatised with acetic acid anhydride
according to standardised textbook procedures into acetylated products, which
can be chromatographed easily. However, extracts thus treated were found to
contain no peaks at all.
These practical problems prompted us to focus further attempts regarding
structure elucidation of the metabolite on LC-MS analysis. Initially an off-line
procedure was used, consisting of a liquid/liquid extraction of 2.5 ml of
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aqueous test solution with DCM, followed by solvent exchange into methanol.
The methanol extract was injected in the LC-MS. The resulting chromatogram
showed two peaks. The mass spectra of these peaks corresponded to acridine
and to DCM.
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Figure 2.3. Total ion chromatogram of on-line LC-PBMS analysis of test water from the chronic
experiment with mussels exposed to acridine. For conditions, see Materials and Methods
section.

Since DCM would be present in all samples as it was used in the 1/1
extraction step, further attempts were made with an on-line procedure
(Slobodnik et al., 1996). On-line LC-MS enabled us to refrain from elaborate
solvent extractions of the test solutions. Instead, by using the preconcentration
set-up described in the methods section, the sample could be used in aqueous
form and subsequently concentrated on-line to arrive at sufficiently high
concentrations to allow for MS detection.
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To this end 40 ml of the test solution from a mussel experiment was
introduced into the system. The resulting total ion chromatogram (TIC) is
shown in Fig. 2.3. The TIC shows two major and three minor distinct peaks.
Through comparison with the available particle beam-MS spectral library peak
1 could be identified as acridine, peak 2 as 9(10H)-acridinone, also known as
acridone, peak 3 as DMSO and peak 4 as 4,4'-(l-methylethylidene)bisphenol.
Peak 5 could not be identified unequivocally due to its complicated mass
spectrum.
The identity of the metabolite was confirmed by preparing solutions of
acridone and injecting these into the LC system used for monitoring. Acridone
is known to possess a relatively high fluorescence response factor (Acheson and
Orgel, 1956) and to be poorly soluble in organic solvents like n-hexane, isooctane, cyclohexane or toluene.
Phenanthridine

experiments

Experiments with phenanthridine were carried out with midge larvae only.
Short-term toxicity experiments were carried out at different

toxicant
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concentrations. In these experiments the time course of the dissolved
phenanthridine concentration invariably showed a steady decrease during the
experiment. The relative disappearance of phenanthridine from the test
medium in experiments with different nominal concentrations is shown in
Fig. 2.4. Maximum disappearance is shown to occur at a nominal concentration
of0.16mg/l.
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Figure 2.5. Relative disappearance of phenanthridine in test waters during semichronic (12 d)
exposure experiments with midge larvae. Open squares, control experiment; black squares,
midge experiment. Dotted lines represent polynomial fit.

Semichronic experiments showed that phenanthridine

disappeared

completely from the test medium after 11 d, whereas in the control treatment a
decrease of no more than 10 % in the concentration of phenanthridine was
observed (see Fig 2.5).
HPLC chromatograms of the test solutions revealed one peak of unknown
identity. A plot of the FLU response of metabolite vs. time is shown in Fig. 2.6.
Apparently, the concentration of the unknown compound increases with
decreasing phenanthridine concentration up to a certain maximum followed by
a decline with time.
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Considering the identity of the metabolite of acridine found in the
experiments described above, the possibility that its analogue, i.e. 6(5H)phenanthridinone (phenanthridone) had been formed out of phenanthridine
was investigated first. To that end stock solutions of phenanthridone were
prepared and analysed by RP-HPLC. The resulting chromatograms showed a
peak with a capacity factor equal to that of the unknown compound observed
in chromatograms from test solutions.
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Next, the test water from the semichronic experiment at t = 166 h was
extracted with «-hexane and concentrated to enable further analysis by HRGCHRMS. Contrary to acridine, the gas chromatography of phenanthridine is less
hampered by solubility problems and solute<->stationary phase interactions.
Fig. 2.7 shows selected ion monitoring traces of the concentrated sample extract,
monitoring ions 195.07 (M+), 196.07 ([M+l]+), 167.07 ([M-CO]+) and 168.08 ([MCO+l] + ). Retention times of the peaks as well as abundance ratios of selected
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ions matched those of a standard solution of phenanthridone. It was therefore
concluded that the identity of the metabolite was phenanthridone.

Discussion
Acridine
The poor solubility of acridone in several organic solvents explains why the
initial attempts to analyse the metabolite by GC failed. The metabolite was
either extracted incompletely by the 1/1 extraction procedure with DCM, or did
not dissolve in the solvent used for GC. Decomposition as a cause for its
absence in GC runs can be ruled out since a standard solution in ethyl acetate
does show a peak in GC-FID.
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Figure 2.7. High resolution GC-MS of a test water sample extract from a semichronic
experiment with midge larvae exposed to phenanthridine. For conditions, see Materials and
Methods section.
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The initial quest for the identity of the metabolite was somewhat hindered by
the fact that in RP-HPLC runs of some sterile control samples a peak eluted
with a retention time similar to that of the metabolite. It was found that in some
batches of commercial acridine, acridone can be present as a contaminant in
significant concentrations (up to several percents). Purifying acridine stock
solutions through adsorption chromatography using alumina solved this
problem.
Although a fairly well documented compound (Acheson and Orgel, 1956),
acridone has not been mentioned in the literature as a major metabolite in
transformation studies. This is somewhat surprising given the fact that
oxidation at position 9 is not unlikely due to the relatively low electron density
at this carbon atom compared to any other C atom in the acridine (Acheson and
Orgel, 1956). Acridone was suggested already in 1904 as a possible product of
metabolism of acridine by rabbits (Fiihner, 1904). In studies with rat liver
homogenates acridone has been observed as a minor metabolite (McMurtrey
and Knight, 1984; McMurtrey and Welch, 1986). One of the reasons for the
relatively poor attention given to acridone in earlier studies may be that
acridone is an intermediate in the overall metabolic breakdown of acridine.
Although in the present study other acridine-related metabolites were neither
observed in HPLC nor in LC-MS runs, we have indeed observed a decline in
acridone concentrations after an initial increase in both the algal and in the
chronic mussel experiments.
Phenanthridine
The identity of the metabolite appearing in the phenanthridine experiments
was unambiguously confirmed by comparing retention times on HPLC of
standard solutions of isomers, e.g. hydroxyphenanthridines and phenanthridine-N-oxide. The latter has been identified as a major metabolite in
mammalian in vitro tests (LaVoie et al., 1985).
A possible explanation for the optimum observed in the relative %
disappearance of phenanthridine from the medium (Fig. 2.4) at different
nominal short-term test concentrations, may be that at lower concentrations
substrate limitation has occurred. At higher concentrations the metabolic
process may start to get inhibited by the toxicant itself.
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In the semichronic experiment phenanthridine disappeared completely when
midge larvae were present in the test vessel. The influence of food supply
(which is essential in longer lasting tests) during the semichronic tests was also
investigated. To this end a separate treatment with food only was performed.
After 11 days 70 % of the initial toxicant concentration had disappeared. This
experiment showed that bacteria (growing on the midge food) were also able to
transform phenanthridine, similar to the findings for acridine in chronic mussel
experiments. HPLC runs of this experiment showed a metabolite peak having
the same retention time as the metabolite observed in the extract of the midge
experiment. It may be concluded that both bacteria and midge larvae are
capable of transforming phenanthridine into phenanthridone.
The decrease observed in the metabolite peak area with time (Fig. 2.6) after
the initial increase indicates that phenanthridone itself may be further degraded
during the experiment by the larvae. In the separate food experiment described
above, it was found that further transformation of phenanthridone did not
occur. Hence the bacteria were not able to further degrade phenanthridone or
did this only at a very low rate of transformation.
High-resolution MS was used in order to help in the identification of the
actual metabolite. This technique enables one to distinguish fragments due to
the loss of CH 2 N (m/z: 28.016) (which is common in MS of benzoquinolines)
from those due to loss of CO (m/z: 27.995) from the molecular ion (see Fig. 2.7).
Since the latter loss was actually observed, the presence of an oxygen atom in
the molecule was confirmed.
Phenanthridone, like acridone, has been found as a minor metabolite only in
mammalian studies (Benson et al., 1983; LaVoie et al., 1985). In the present
study, none of the other metabolites mentioned in mammalian studies (LaVoie
et al., 1985) were found in the test waters. Although in the present work only
the test water has been analysed, and the detection limits of our methods for
e.g., dihydrodiol derivatives may have been high (as no standards were
available of these derivatives), we believe that one can conclude that the ketoderivatives are major metabolites in the aquatic invertebrate breakdown route
of azaarenes.
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Concluding Remarks
This study has shown that lower aquatic organisms possess the capacity to
transform azaarenes into keto-derivatives. Until now, to our knowledge, this
type of metabolite has not been identified as a major product of
biotransformation. Oxygen insertion is usually mediated through Cytochrome
P450 coenzymes (Ortiz de Montellano, 1995), which therefore are likely to be
present in the organisms studied.
Risk assessment of azaarenes is usually based on the parent compounds.
From the present study it appears that this may have to be extended to
metabolites. The assessment is further complicated by the apparent outcome of
our studies that closely related compounds like isomers exhibit species specific
biotransformation possibilities. Recent findings of our group (Bleeker et al.,
1999) that the keto-metabolites may be more genotoxic than the parent
azaarenes underline the importance of these statements.
This work is an example of a quest typical for metabolism studies, showing
the experimental difficulties the analyst may encounter. It has shown that LCMS and on-line preconcentration may be instrumental in the identification of
transformation products from NPAHs formed by aquatic biota.
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Chapter 3
Comparative Metabolism of
Phenanthridine by Carp
(Cyprinus carpio) and Midge
Larvae {Chironomns riparius)

Abstract
Abiotic transformation of azaarenes in the environment has been analysed
extensively, but metabolism is less well described. Large differences in the
metabolism of azaarenes, however, have been noted in different aquatic species.
Therefore, metabolism of phenanthridine was studied in separate experiments
with midge larvae and carp. In both experiments, 6(5H)-phenanthridinone
(phenanthridone) was found as a major metabolite, although in the midge
experiment this metabolite was principally formed by bacteria growing on the
food. Phenanthridone itself was further degraded to non-observed compounds
in both experiments, due to bacteria and midges acting together in the midge
experiment, and by carp in the fish experiment. Internal concentrations of
phenanthridine and phenanthridone were non-detectable in the midge larvae,
but concentrations of both compounds in carp organs suggest a major role of
bile and liver. Since phenanthridone did not account for all phenanthridine loss,
it was suggested that, apart from phenanthridone degradation, also other
metabolic pathways may play a role. From this study it is clear that metabolism
is an important factor in determining the effects of azaarenes and should,
therefore, not be neglected in risk assessment.
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Introduction
The major part of research on polycyclic aromatic hydrocarbons (PAHs) has
been focused on homocyclic compounds. However, two thirds of the aromatic
compounds known are heterocyclic (Kuhn and Suflita, 1989), having in-ring
substitutions of oxygen, sulphur, and/or nitrogen. Azaarenes are such a group
of heterocycles, containing one nitrogen atom. This makes them better soluble
in water than their homocyclic analogues (Pearlman et al., 1984), and therefore,
perhaps also more bioavailable. Although partly of natural origin (e.g. as
alkaloids; Kaiser et al., 1996), the majority of the azaarenes found in the
environment is from anthropogenic sources, originating from, for instance,
combustion of fossil fuels (Santodonato and Howard, 1981), or wood
preserving industry (Adams and Giam, 1984). Their presence has been shown
in air (Santodonato and Howard, 1981), in groundwater (Pereira et al., 1987),
and in both marine and freshwater environments (Blumer et al., 1977; Van
Genderen et al., 1994; Kozin et al., 1997).
Our recent studies have demonstrated that metabolism of azaarenes may
alter their toxicity. Whereas the biotransformation of acridine into acridone (De
Voogt et al., 1999) led to a significant reduction of its toxicity to zebra mussels
(Kraak et al., 1997) and midge larvae (Bleeker et al., 1999b), the genotoxicity
appeared significantly enhanced (Bleeker et al., 1999b). These significant
changes in toxicity and in biological endpoint that is affected, stress the
importance of biotransformation for the environmental fate and (eco)toxicity of
azaarenes.
Abiotic transformations of azaarenes in the aquatic environment have been
reviewed (Kochany and Maguire, 1994), but information on azaarene
biotransformation is less well documented (De Voogt et al., 1999). A diversity of
organisms can transform azaarenes, ranging from bacteria (Bollag and Kaiser,
1991) and fungi (Sutherland et al., 1994ab) to algae (Van Vlaardingen et al.,
1996; Dijkman et al., 1997), mussels (Kraak et al., 1997), and fish (Bean et a l ,
1985). Strong species specificity, however, occurs between compounds that can
or cannot be biotransformed. Zebra mussels have been found to transform
acridine (Kraak et al., 1997), but such metabolism has not been found for midge
larvae (Bleeker et al., 1999a). Indications were found that midge larvae were
capable of transforming phenanthridine, one of the isomers of acridine, into
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6(5H)-phenanthridinone (Bleeker et al v 1996; De Voogt et a l , 1999). Furthermore, Dijkman et al. (1997) showed that only one out of the seven algal species
tested was capable of acridine metabolism.
Although in previous studies (Bleeker et al., 1996; De Voogt et al., 1999)
indications were found that midge larvae are able to transform phenanthridine,
no conclusive evidence could be presented. The present study, therefore, aims
to identify the separate contributions of bacterial and larval metabolic activity
to the biotransformation process. In addition, carp (Cyprinus carpio) were
exposed to phenanthridine in order to compare invertebrate with vertebrate
metabolism. Since it is assumed that metabolism of phenanthridine into
phenanthridone is mediated through Cytochrome P450 coenzymes (De Voogt
et al., 1999), it is expected that fish are better capable of transforming
phenanthridine into phenanthridone, due to their higher levels of Cytochrome
P450, as well as the higher inducible activity of these coenzymes (Livingstone,
1998).

Materials and Methods
Midge experiment
Laboratory reared midge larvae (Chironomus riparius) (Postma, 1995) were
exposed to phenanthridine in three different concentrations (0.3, 0.8 and
3.0 uM). All concentrations, including a control, were tested in triplicate. The
experimental set-up consisted of 180 ml glass jars containing 100 ml of Dutch
Standard Water (DSW), a moderate buffering artificial salt solution
(demineralised water with 200 m g / L CaCl 2 H 2 0, 180 m g / L MgS0 4 -H 2 0,
100 m g / L NaHC0 3 , and 20 m g / L KHC0 3 ; pH = 8.2), comparable with Dutch
surface waters (Nederlands Normalisatie Instituut, 1980).
To avoid co-solvents, phenanthridine was added to the water using a
generator column derived stock solution according to Bleeker et al. (1998). The
stock solution concentrations in the present experiments varied between 44.4
and 69.0 uM, so dilutions were made to obtain the desired exposure
concentrations. Actual azaarene concentrations were determined by analysing
water samples (2.5 ml) taken at 1,2,4,8,16,24,48, 72,96,120, and 168 h, both in
the first and in the second week of the experiment. Water samples were
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centrifugea (3000 rpm) and 1 ml of the supernatant was injected in HPLC and
eluted with an isocratic mixture of 80 % acetonitrile (HPLC grade, Rathburn)
and 20 % water (HPLC grade, J.T. Baker). Both fluorescence detection
(excitation X = 254 nm and emission X > 354 nm) and UV detection (X = 254 nm)
were used for detecting phenanthridine and phenanthridone. All HPLC
measurements were performed according to Bleeker et al. (1998).
Three times a week 1 ml of uncontaminated food suspension was added
from a stock, composed of 1 g of a fishfood mixture (TetraphyhTrouvit, 1:20
w / w ) in 20 ml DSW, supplying food ad libitum. The jars were constantly
aerated, covered with plastic foil and kept under a 22 ± 1 °C and 16:8 h
light:dark regime. The experiment lasted for 14 days and after 7 days water and
toxicant were renewed. Food was not renewed, because it was used as sediment
in which the larvae made protective tubes. Therefore, renewal of the food
would have caused too much stress to the larvae. Three different treatments
were used for each exposure concentration: DSW with toxicant (to check for
loss of toxicant due to abiotic factors), DSW with toxicant and food (to check for
loss of toxicant due to binding to the food and due to metabolism by bacteria
growing on the food), and DSW with toxicant, food and midge larvae (to
analyse the metabolic capacity of the midge larvae). In the latter treatment 50
first instar larvae (< 24 h old) were used per jar. At the end of the experiment
midge larvae were collected and stored at -70 °C until further analysis.
Fish

experiment

The carp (Cyprinus carpio) were obtained from the Fish Culture and Fisheries
Group of the Wageningen Agricultural University (Wageningen, The Netherlands). They were exposed to a higher concentration series (0.4, 3.2, and
13.8 uM) than the midge larvae, since in general fish are less sensitive to
toxicants due to their size. All concentrations, including a control, were tested
in duplicate. The set-up consisted of 4.5 L glass aquaria filled with 3 L of DSW
and containing three fish (2.5 - 3 cm, ca. 4 weeks old). The aquaria were covered
with glass plates to minimise evaporation and aerated constantly. Light and
temperature were identical to the midge experiments. Total exposure time was
14 days and water was renewed after 7 days. Fish were fed daily with
uncontaminated fourth instar chironomid larvae, five per fish during the first
week and seven per fish during the second week, to compensate for the growth
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of the fish. The midge larvae were consumed very rapidly (within minutes), so
it was reasonable to assume that they would not have influenced the toxicant
concentrations in the water and remained uncontaminated until consumption.
Water samples were taken at 1, 2, 4, 8, 16 24, 48, 72, 96, 120 and 168 h in both
weeks of the experiment and measured using HPLC (see above). At the end of
the experiment fish were killed in ice water, weighed and dissected to enable
separate internal concentration measurements of different parts of the fish. Bile,
kidney, liver, gills, and the remainder of each fish were stored separately at
-70 °C until further analysis.
Analysis of phenanthridine and
phenanthridone
For determining phenanthridine and phenanthridone concentrations, midge
larvae and fish organs were extracted with ethyl acetate (glass distilled grade)
using Soxhlet extraction. To achieve detectable azaarene concentrations, the
triplicate treatments from the midge experiment and the duplicate treatments
from the fish experiment were pooled. 400 uL hexachlorobenzene was added as
internal standard. The extract (ca. 30 ml) was concentrated under a nitrogen
flow and cleaned using an adsorption chromatographic column. This column
consisted of 2.2 g of Si0 2 -H 2 0 and 1 g of NaS0 4 . Elution/fractionation was
executed with 5 ml of hexane and 15 ml of ethyl acetate. The last 10 ml (analyte
fraction) was concentrated to about 400 uL. 1 uL of each sample was analysed
using GC-LRMS (Hewlett Packard 5890GC with Hewlett Packard 5970 MSD
HRGC/LRMS system with on-column injection). A 30 m x 0.32 mm (film
0.25 urn) DB-5 (J&W) capillary column was used with helium as carrier gas. Prepressure was 5 psi and the transfer line was maintained at 250 °C. The
temperature gradient of the GC furnace went from 80 °C to 250 °C at a rate of
20 °C per min.

Results
Survival in the midge experiment (ca. 30 %) was less than could be expected
from the LC50 for phenanthridine (Bleeker et al., 1998), most likely due to
damage during transfer of the larvae into the test jars. This low survival,
however, was not dose-dependent and since surviving larvae grew normally, it
is assumed that the low survival did not influence the metabolism. In the fish
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experiment all fish exposed to the highest phenanthridine concentration
(13.8 uM), started to float within one hour after start of the experiment and died
within 24 h. All other fish survived.
150
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192
time (h)

bacteria only
i—
phenanthridine
t- phenanthridone

240

288

bacteria & midges
—D—
phenanthridine
- o- phenanthridone

Figure 3.1. Phenanthridine and phenanthridone concentrations in test water during midge
experiments at three different exposure levels, plotted versus time, with midge larvae absent
(black symbols) and present (open symbols). The upper panel of each graph (square symbols,
straight line) shows the phenanthridine concentrations (% of the initial concentration) and the
lower panel of each graph (round symbols, dotted line) shows the phenanthridone concentrations (also as % of the initial phenanthridine concentration). In the upper right corner of each
graph the average initial exposure concentration is given. The arrow on the time scale indicates
the time of water renewal. Error bars represent the standard deviations.
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Figure 3.2. Phenanthridine and phenanthridone concentrations in test water during the fish
experiments at three different exposure levels, plotted versus time. The upper panel of each
graph (black square symbols, straight line) shows the phenanthridine concentrations (% of the
initial concentration) and the lower panel of each graph (open round symbols, dotted line)
shows the phenanthridone concentrations (also as % of the initial phenanthridine concentration). In the upper right corner of each graph the average initial exposure concentration is
given. The arrow on the time scale indicates the time of water renewal. Error bars represent the
standard deviations. At the highest exposure concentration all fish died after 24 h.
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Abiotic loss of phenanthridine in all cases was less than 10 % over a period of
7 days as was observed in the control experiments. Fig. 3.1 shows the decrease
of phenanthridine and the increase of phenanthridinone over time during the
midge experiment, for the treatments with and without midge larvae. The
values shown are corrected for the abiotic loss of phenanthridine, hence all
phenanthridine disappearance is due to metabolic activity. For all three
exposure concentrations it is clear that midge larvae did not enhance the
degradation of phenanthridine, in addition to the bacteria growing on the food.
Furthermore, the transformation proceeded faster in the second week,
compared to the first week, due to growth and/or adaptation of the bacteria.
At the lowest phenanthridine exposure no detectable concentrations of
phenanthridone were found, but from the other two phenanthridine exposures
it is clear that a larger proportion of phenanthridine shows up as phenanthridone in the second week, compared to the first week.
The highest phenanthridone concentration found in the experiments was
about 40 % of the initial molarity of phenanthridine, although all phenanthridine disappeared, suggesting that either phenanthridone was further
degraded in non-detected compounds or phenanthridine was transformed into
other non-detected products, apart from phenanthridone. The further
degradation of phenanthridone is indicated by the decreasing phenanthridone
concentrations at the end of the experiments and seemingly enhanced by midge
larvae.
Fig. 3.2 shows the results for the fish experiment, indicating clearly that carp
are capable of transforming phenanthridine into phenanthridone. Even at the
highest phenanthridine exposure detectable amounts of phenanthridone were
found, although the fish died within 24 h. Again only a portion of the
disappearing phenanthridine has been detected as phenanthridone, so also in
the fish experiments other (non-identified) products are likely to be formed,
either from phenanthridine or from phenanthridone.
Neither phenanthridine nor its transformation product phenanthridone was
found in phenanthridine-exposed midges. Table 3.1 shows the internal
concentrations observed in the fish. Recoveries, based on the internal standard
hexachlorobenzene were 76 ± 14 % (average ± s.d.), and azaarene concentrations were corrected accordingly. Although all concentrations were low
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(often below detection limits; see Table 3.1), some observations can be made. In
general, phenanthridone concentrations are always higher than those of
phenanthridine, except for fish exposed to the highest phenanthridine
concentration (13.8 pM), in which phenanthridine concentrations always exceed
those of phenanthridone. At low exposure concentrations, phenanthridone
levels are high in bile and liver, compared to other tissues. At the highest
exposure concentration, both the parent compound phenanthridine and its
degradation product phenanthridone appear to show up in all tissues. In this
latter case, especially kidneys show extreme phenanthridine levels.

Table 3.1. Internal concentrations of phenanthridine (phe) and phenanthridone (pho) in different
organs of the fish. If concentrations were below detection limit, this is indicated by < followed by
the detection limit. For the 'rest' fraction, detection limits were 0.01 and 0.06 pmol/mg for phe
and pho, respectively.

initial exposure concentration (uM phenanthridine)
0.4
3.2
13.8
phe

pho

phe

pho

phe

pho
36.9
44.1
17.4
4.0

bile (pmol/organ)

<1.5

15.3

<1.5

11.6

57.3

kidney (pmol/organ)
liver (pmol/mg)
gills (pmol/mg)

<1.5
<1.0
<0.1

<6.8
8.4
<0.5

<1.5
3.2
<0.1

<6.8
19.3
5.4

0.4

0.8

0.1

0.2

501.4
55.9
88.3
41.2

rest (pmol/mg)

3.3

Although the low concentrations caused some difficulties, an attempt was
made to come up with a molar based azaarene balance in fish and water. A
rough estimation showed that most of the phenanthridine loss in water (> 90 %)
could not be accounted for, except for the highest exposure concentration,
where only about 15 % of the dissolved phenanthridine could not be accounted
for (detection limits in the water are 0.06 and 0.05 uM for phenanthridine and
phenanthridone, respectively).

Discussion
In the present study, biotransformation of phenanthridine into phenanthridone has been found, which is in agreement with previous studies (Bleeker
et al., 1996; Bleeker et al., 1999a; De Voogt et a l , 1999) and confirms the impor-

52.

Chapter 3

tant role of ketones in the metabolic pathway of azaarenes (De Voogt et al.,
1999). From the present study, however, it is clear that midge larvae are not
responsible for the observed biotransformation. Hence, the bacteria growing on
the midge food are principally responsible. Microbial oxidation of azaarenes
has been demonstrated extensively (reviewed by Kaiser et al., 1996), but to our
knowledge microbial oxidation of phenanthridine has not been reported
previously. Yet, phenanthridone has been shown to be a minor metabolite in
mammalian studies (Benson et al., 1983; LaVoie et al., 1985). The microbial
transformation of phenanthridine may be similar to that of acridine, which
involves an anaerobic mechanism in which acridine is transformed to
9-hydroxyacridine (Knezovich et al., 1990). Such a mechanism has also been
found for the anaerobic transformation of quinoline, a two-ring azaarene
(Pereira et al., 1988). In our study, however, it is more likely that an aerobic
mechanism is involved, since the constant aeration provides high oxygen levels
throughout the experiment. Therefore, the oxygen of 6(5H)-phenanthridinone is
most likely originating from dissolved oxygen, in contrast with the anaerobic
mechanism described above, in which the oxygen is taken from water
molecules.
The maximum yield of phenanthridone in the experiments accounted for
only about 40 % of the disappeared phenanthridine. Abiotic loss, e.g. binding to
the food particles, could play a role, but other processes may be more
important. Phenanthridone is clearly further degraded into yet unknown
compounds, indicated by the decrease of phenanthridone concentrations near
the end of the experiment. The low phenanthridone yield may also be caused
by phenanthridine transformation via other metabolic pathways. For acridine
and quinoline indications have been found that, apart from the heterocyclic
part, the homocyclic part of the condensed ring structure can also undergo the
initial oxidative attack (Knezovich et al., 1990), which, of course, results in other
initial transformation products. In several mutagenicity and carcinogenicity
studies with benzoquinolines (e.g. Adams et al., 1983; McMurtrey and Knight,
1984; Kandaswami et al., 1987), for instance, metabolic activation often leads to
dihydrodiols, diol epoxides and other derivatives in which the homocyclic parts
are attacked.
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The further metabolism of phenanthridone proceeded faster when midge
larvae were present together with the bacteria that grow on the food,
suggesting that, although midge larvae do not contribute to the phenanthridine
metabolism, they are able to transform phenanthridone. Analogous to
mammalian studies (e.g. LaVoie et al., 1985), it may be expected that transformation products of phenanthridone include dihydrodiols and diolepoxides.
In the present study, however, such compounds were not detected, since both
the invertebrate and the fish experiments were focussed on detecting
phenanthridone.
From the experiment with carp it is clear that these fish are able to transform
phenanthridine. Even under severe stress, as at the highest, extremely toxic
exposure concentration, detectable amounts of phenanthridone were found
within 24 h of exposure. Similar to observations in the midge experiments, the
phenanthridone concentrations do not explain all phenanthridine disappearance: in this case only about 15 % of the initial molar phenanthridine concentration has been found as phenanthridone. Although in these experiments
abiotic factors can not be ruled out, they are likely to be similar or even less
important than in the midge experiments, since glass and water surfaces are
relatively small due to the larger water volume used in comparison to the
midge experiments. Furthermore, at the 3.2 uM exposure, after an initial
increase in phenanthridone concentration a decrease was observed, especially
during the first week (Fig. 3.2), indicating that also in the fish experiments
phenanthridone is further degraded. This is supported by the large percentage
of phenanthridine loss that cannot be accounted for in a tentative molar
balance. Similar to the midge experiments, however, other processes may play a
role resulting in different (non-detected) biotransformation products, either
from phenanthridine or phenanthridone. In experiments with rainbow trouts
exposed to quinoline, 8- and 5-hydroxyquinolines were identified as the major
transformation products (Bean et al., 1985). Hence such products may also be
formed in our fish experiment, especially when considering that in
mutagenicity studies with benzoquinoiines hydroxylated compounds were
found as major metabolites (e.g. Adams et al., 1983).
In the midge larvae neither phenanthridine nor phenanthridone were
detected. Hydrophobic compounds, among which all sorts of aromatic
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compounds, will accumulate mostly in hydrophobic parts (e.g. lipids) of an
animal (Van Wezel et al., 1996). Since the lipid content of Chironomus riparius is
low (1.6 ± 0.4 %; Legierse, 1998), this may be an explanation for not detecting
azaarenes in midge larvae. For chlortion, an organophosphorous pesticide,
Legierse (1998) reported a BCF value for Chironomus riparius that was about 2 to
3 times less than that of the water flea Daphnia magna although the lipid content
of D. magna is about one third of that of C. riparius. In addition, the elimination
rate constant for C. riparius was about twice that for D. magna (Legierse, 1998),
indicating that C. riparius can efficiently eliminate aromatic compounds. Midge
larvae, therefore, like the fish, may eliminate at least a substantial portion of the
accumulated phenanthridine and phenanthridone, probably facilitated by the
reduced azaarene concentrations near the end of the experiment.
Internal concentrations in fish suggest a highly efficient metabolism of
phenanthridine in which bile and liver play a major role, indicated by highest
phenanthridine and phenanthridone concentrations in these organs. This
supports the assumption that P450 mixed function oxygenase systems are
involved (De Voogt et al., 1999), since most MFO activity in fish is localised in
the liver (Lindstrom-Seppa et al., 1981). At the highest exposure concentration,
however, toxicity of phenanthridine was too high, which strongly decreased the
efficiency of the metabolism. This was not only shown by the 100 % mortality,
but also by high concentrations of both phenanthridine and phenanthridone in
all organs (Table 3.1). These observations suggest that for these young carp both
the LC50 and the EC50 for phenanthridine are between 3.2 and 13.8 uM
phenanthridine, which is similar to that of midge larvae (96 h LC50 = 3.4 uM;
Bleeker et al., 1998).
Comparing fish metabolism of azaarenes with that of midge larvae, the
major difference is that fish are able to transform phenanthridine, while midge
larvae are not. This further supports the assumption that cytochrome P450 is
involved in the initial oxidation of phenanthridine to phenanthridone, since the
cytochrome P450 system in fish is more efficient than that in midge larvae
(Livingstone, 1998). In the case of phenanthridone transformation, it is hard to
compare efficiencies of both species, since in the midge experiments the role of
bacteria cannot completely be excluded.
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In uptake studies with fish bioconcentration factors (BCFs) are often
calculated, because of their importance in risk assessment models. In the
available models, however, the compound tested has to fulfil certain conditions.
It should either be non-toxic (Banerjee et al., 1984), and/or not be transformed
during the experiment (Banerjee et al., 1984; Sijm and Van der Linde, 1995). For
phenanthridine, however, neither of these requirements is met, and consequently no BCFs could be calculated. This stresses the importance of including
(bio)transformation in risk assessment and BCF modelling.
Furthermore, in previous studies (Bleeker et al., 1999b) it was shown that
metabolites may affect different biological endpoints, compared to their parent
compounds, indicating that metabolism is an important factor in (eco-)
toxicology. We, therefore, argue that, conform the risk assessment for pesticides
and insecticides, metabolism cannot be ignored in the risk assessment for
PAHs.
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Chapter 4
Comparative Ecotoxicity of
NPAHs to Larvae of the
Midge Chironomns riparins

Abstract
Acute toxicity of seven azaarenes (NPAHs) has been determined using larvae of
the midge Chironomus riparius. Clear dose-response relationships for mortality
of first instar larvae were observed, but surviving larvae grew equally well as
the controls. LC50 values (96 h) for a two-ringed structure (quinoline), four
three-ringed structures (acridine, phenanthridine, benzo[/]quinoline and
benzo[/z]quinoline) and two four-ringed structures (benz[a]acridine and
benz[c]acridine) were generally one order lower than the few values reported
for other aquatic species in the literature. Dibenz[fl,z']acridine, a five-ringed
structure, was not acute toxic at its maximum dissolved concentration. Acute
toxicity increased with increasing number of aromatic rings of the compound;
accordingly correlations between the LC50 values and size, shape and topologyrelated molecular properties were strong. However, between the four
benzoquinoline isomers tested also differences in toxicity were observed:
acridine was significantly more toxic than the other benzoquinoline isomers
tested. This is most likely caused by transformation of acridine under UV light,
indicated by a HOMO-LUMO gap in the highly phototoxic region, a high
correlation between isomer toxicity and heat of formation and a low recovery of
acridine in the water during the experiment.
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Introduction
Nitrogen in-ring substituted polycyclic aromatic hydrocarbons (NPAHs),
analogues of parent polycyclic aromatic hydrocarbons (PAHs), contain one or
more nitrogen atom(s) in place of a carbon atom. Apart from their natural
origin (e.g. as alkaloids), NPAHs are formed and released into the environment
by incomplete combustion of fossil fuels, in spills or effluents of several
industrial activities, oil drilling, refining and storage (Kochany and Maguire,
1994) and coal tar distillation (Pereira et al, 1983). N-heterocycles are also
associated with wood preservation (Pereira et al, 1983) and pesticide use (Kuhn
and Suflita, 1989).
Van Genderen et al. (1994) demonstrated the occurrence of some NPAHs in
freshwaters in the Netherlands and Blumer et al. (1977), Wakeham (1979),
Furlong and Carpenter (1982) and Bleeker et al. (1996) detected NPAHs in
marine and freshwater sediments. Despite the potentially carcinogenic,
mutagenic, teratogenic and (geno)toxic activity of certain chemicals within the
group of NPAHs (Davis et al., 1981; Santodonato and Howard, 1981; Walton et
al., 1983), acute toxic effects have been studied in only a few aquatic
macroinvertebrate species, among which daphnids (Southworth et al., 1978;
Newsted and Giesy, 1987; Johnson et al., 1990), the midge Chironomus tentans
(Cushman and McKamey, 1981), the calanoid copepod Diaptomus clavipes
(Cooney and Gehrs, 1984) and the zebra mussel Dreissena polymorpha (Kraak et
al., 1997ab). For all these species, acridine and quinoline are often the only
compounds tested. Thus, a reliable hazard assessment for this family of
compounds is hampered by a lack of toxicity data, while also differences in
toxicity are hardly understood. The aim of this study was therefore to
determine the acute toxicity of seven different NPAHs, ranging from a tworinged structure to a five-ringed structure. It was attempted to relate differences
in toxicity to molecular properties, such as molecular surface area or volume,
connectivities, charge distribution or dipole moment and also correlations with
physico-chemical properties like partition coefficients (e.g., n-octanol/water or
Henry's law constant) and chromatographic retention were analysed (De Voogt
et al., 1988; De Voogt et al., 1990; De Voogt et al., 1991).
The midge Chironomus riparius was used as a test species, representing a
most abundant group of insects in freshwater ecosystems. They are a major
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food source for fish and other vertebrate and invertebrate predators and thus
occupy an important position in aquatic food webs (Pinder, 1986). Because
chironomid larvae live in close contact with the sediment, which shows
accumulation of NPAHs, they may be exposed to these toxicants via water and
via ingestion of sediment.

Materials and Methods
All experiments lasted for 96 hours and were carried out under static
conditions in an incubator at 20 ± 2 °C. A 16/8 h light/dark regime was
provided. An experimental treatment consisted of fifty newly hatched first
instar larvae, originating from a laboratory culture, placed in a glass vessel
(180 ml) containing 100 ml Dutch Standard Water (DSW) (Nederlands
Normalisatie Instituut, 1980). They were fed 1 ml of a solution of grounded
Trouvit and Tetraphyl® in DSW (10 g and 0.5 g, respectively, in 200 ml). During
the experiments the vessels were covered with transparent plastic foil. The
average actual concentrations of the toxicants tested were for quinoline 0.92,
1.86, 4.27, 8.51 and 18.94 mg/L, for acridine 0.013, 0.032, 0.076, 0.152 and
0.301 m g / L , for phenanthridine 0.030, 0.069, 0.166, 0.287, 0.476, 0.970 and
2.119 mg/L, for benzo(ƒ]quinoline 0.042, 0.101, 0.233, 0.496 and 0.922 mg/L, for
benzo[fr]quinoline 0.332, 0.644, 1.311 and 2.602 m g / L , for benz[a]acridine
0.0007,0.0017,0.0057,0.0123 and 0.0237 mg/L, for benz[c]acridine 0.0037, 0.0073
and 0.0130 mg/L, and for dibenz[a,z']acridine 0.012 mg/L.
For each compound, the series of concentrations (including two controls)
was tested in triplicate, except for quinoline, which was tested in duplo and
dibenz[a,z']acridine, which was tested once at maximum dissolved aqueous
concentration (0.012 mg/L).
At the start of each experiment the length of at least 20 newly hatched larvae
was measured and after 96 h surviving larvae were counted and their length
measured. Survival was expressed as percentage of the mean of the two
corresponding controls. For each compound, LC50 values based on average
actual azaarene concentrations in the water (see below) with 95 % confidence
limits were estimated. Survival values were plotted against corresponding
actual toxicant concentrations in the water. With the computer program
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KaleidaGraph® (Abelbeck Software 1993) the following equation (Haanstra et
al., 1985) was fitted through the dose-response plots:
Y=
1 +

e (b*(X-a»

in which Y = survival (%), c = survival in control (set to 100 %), a = log LC50
(mg/L), b = slope and X = log concentration (mg/L).
EC50 values for growth were not calculated, because exposed larvae that
survived, tended to grow the same as under control conditions (average 1.1 vs.
1.2 mm in 96 h, respectively).
All compounds were added to the water once at the start of the experiment,
using stock solutions. A quinoline stock solution was made by dissolving 40 mg
quinoline in 1 L DSW, resulting in a stock solution concentration of 40 mg/L.
For all other compounds tested, stock solutions were made using the following
generator column technique: each compound was dissolved in methanol, to
which chromosorb GAW (60-80 mesh; Chrompack) was added, after which the
methanol was evaporated using nitrogen gas flow in an incubator at 50 °C. The
toxicant-loaded chromosorb was placed in a 30 cm high glass column. One litre
DSW was pumped into the bottom side of the column by a peristaltic pump
(Gilson minipuls 2) and left the column at the top where it was stored in a flask.
To prevent photodegradation, the column and flask were wrapped in
aluminium foil. This method resulted in the following stock solution
concentrations: 34 mg/L for acridine, 32 mg/L for phenanthridine, 26 m g / L for
benzo[/]quinoline, 36 m g / L for benzo[/z]quinoline, 0.30 m g / L for benz[a]acridine, 0.05 m g / L for benz[c]acridine, and 0.012 mg/L for dibenz[fl,z]acridine.
The purity of the compounds was 97 % for quinoline and acridine (Aldrich),
98 % for phenanthridine (Aldrich), 99+ % for benzo[f]quinoline (Janssen), 97 %
for benzo[/z]quinoline (Janssen) and 99+ % for benz[a]acridine, benz[c]acridine
and dibenz[a,z']acridine (European Community Bureau of Reference).
Water samples (2.5 ml) were taken after 1 h and after 96 h to determine
actual NPAH concentrations in the water. After centrifugation (3000 rpm,
10 min.) 1 ml of the supernatant was taken for analysis by High-Performance
Liquid Chromatography (HPLC), using fluorescence detection (Kratos
Spectroflow 980) for the (di)benzacridines and UV detection (Applied
Biosystems model 785) for the other compounds. A 150*4.6 mm LiChrosorb
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5 pm RP-18 analytical column was used with a 4 * 4 mm LiChrosphere 5 urn
RP-18 guard-column. The column temperature was maintained at 30 ± 1 °C and
20 pi of each sample was automatically analysed. The flow of the mobile phase
was 1 ml/min. Quinoline was detected at a wavelength of 220 nm and was
eluted with a mixture of 65 % methanol (J.T. Baker Analyzed HPLC Reagent,
min. 99.8 %) and 35 % 13.4 mM phosphate buffer (Merck, 1.0998 Titrisol® pH
7.00 ± 0.02). Acridine, phenanthridine, benzo\j\quinoline and benzo[/z]quinoline
were detected at a wavelength of 254 nm after elution with a mixture of 80 %
methanol and 20 % phosphate buffer (acridine and benzo[/]quinoline) or a
mixture of 80 % acetonitrile (J.T. Baker Analyzed HPLC Reagent, min. 99.9 %)
and 20 % water (J.T. Baker Analyzed HPLC Reagent) (phenanthridine,
benzo[/z]quinoline). The benzacridines were detected at an excitation wavelength of 285 nm and an emission wavelength of > 354 nm and eluted with a
mixture of 80 % acetonitrile and 20 % water. Dibenz[a,z]acridine was detected at
an excitation wavelength of 299 nm and an emission wavelength of > 354 nm
and eluted with a mixture of 90 % acetonitrile and 10 % water.
From the toxicant concentrations in the water samples, the average actual
concentrations and start concentrations (at t = 0 h) were calculated using
integral calculus. An exponential decrease of toxicant concentrations in the
water was therefore assumed. Recovery was defined as the quotient of the
average actual concentration during the 96 h exposure period and the actual
concentration at the start of the experiment.
Based on the concept that to elicit a biological effect, a chemical has to cross
membranes and interact with one or more receptors and that, therefore, both
hydrophobic and electronic forces may play a role, hydrophobicity-related and
electronic molecular parameters were selected which may describe the
transport and partition process(es) involved. Since photo-induced toxicity
and/or transformation may also be involved when considering NPAHs (see
below), parameters related to the reactivity of the compound were also
included.
Correlation coefficients were calculated between the estimated log based
LC50 values and the following molecular descriptors: molecular volumes (Vol)
and surface areas (SA), valence-connectivity-indices for path orders 3, 4 and 5
(x3p/ x4p, %5p), dipole moments (D) and energies of the lowest unoccupied and
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highest occupied molecular orbits (LUMO and HOMO), which reflect the
ionisation potential (IP) and electron affinity (EA) respectively. In several
studies, good correlations were found between acute toxicity of organic
pollutants and octanol-water partition coefficients, KoW (Könemann, 1981; Veith
et al., 1983). Therefore, these coefficients were also incorporated in this study,
together with molecular connectivities, volumes and surface areas, which
highly correlate with KQW values (De Voogt et al., 1988).

1

10
100 0.01
0.1
1
10
100
concentration (mg/L)
Figure 4.1. Survival (%) during the 96 h experiments of first instar larvae of Chironomus riparius
at different concentrations of quinoline (Qui), acridine (Acr), phenanthridine (Phe), benzofr]quinoline (BfQ), benzo[/i]quinoline (BhQ), benz[a]acridine (BaA) and benz[c]acridine (BcA) in
the water, plotted as percentage of the corresponding controls. The lines represents the curvefit after Haanstra et al. (1985).

Comparative Ecotoxicity of NPAHs

65.

Log KoW values are taken from Med Chem's ClogP model. Vol and SA were
calculated by the SAVOL programme using cartesian co-ordinates obtained
after optimisation of the molecular geometry by a molecular mechanics
modelling method (MM1 option in MOP AC). Van der Waals radii used for
hydrogen, aromatic carbon and nitrogen were 1.01, 1.77 and 1.50 (10' 10 m),
respectively. Atom-atom distances used were: C-H, 1.084; C-C, 1.395; C-N, 1.338
(10-10 m). A solvent radius of zero was assumed. D, IP and EA were calculated
by the semi-empirical quantum mechanical AMI method using the same
optimised molecular conformations (MM1 option in MOP AC). This program
also generates heats of formation. Valence connectivity indices for path orders
3, 4 and 5 were calculated by the CFUNC-programme. Regression was
calculated with the computer program KaleidaGraph® (Abelbeck Software,
1993).

Results and Discussion
Fig. 4.1 shows the survival of first instar larvae of Chironomus riparius at
different concentrations of the NPAHs in the water as percentages of the
corresponding controls. Survival in the controls always exceeded 80 %. Clear
dose-response relationships were observed for the effects of all toxicants, except
for dibenz[a,z']acridine. From these results, LC50 values and their 95 % confidence limits were calculated (Table 4.1). EC50 values for growth could not be
calculated because surviving exposed larvae tended to grow the same as under
control conditions (average 1.1 vs. 1.2 mm in 96 h, respectively).
All LC50 values in this study are based on actual toxicant concentrations in
the water, but big differences were observed between the recoveries of the
different compounds (Table 4.1). Recoveries of more than 80 % were found for
quinoline, phenanthridine, benzo[/Jquinoline and benzo[/î]quinoline, while for
acridine and the two benzacridines recoveries reached only 48 % and about
25 %, respectively. The recovery percentages clearly reflect the increasing
lipophilicity in the tested series of nitrogen heterocyclic compounds. Especially
in the case of the relatively lipophilic benzacridines, concentrations in the water
dropped rapidly, probably caused by sorption to the glass, food (present as
dissolved and particular organic matter) and midge larvae. When dealing with
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such poorly water-soluble compounds, the uptake of toxicants via food is likely
to become a relevant accumulation pathway (Carvalho et al., 1995). LC50 values
based on actual toxicant concentrations in the water therefore underestimate
the total exposure. Measuring concentrations of toxicants in the midge larvae,
and expressing effect-concentrations as lethal body burdens (LBB) seems a
promising alternative.

Table 4.1. Recovery (%) ± standard deviations and calculated effect concentrations (96 h LC50;
mg/L). 95 % confidence limits are given between brackets.

recovery (%)

96 h LC50 (mg/L)

Quinoline

90.4 ± 4.2

4.8967 (3.0800 - 7.7849)

Benzo[f]quinoline

96.3
85.7
93.2
48.1
25.2

0.8312(0.3815-1.8108)
0.6131 (0.5172-0.7267)
0.6059 (0.4988 - 0.7360)
0.0714 (0.0612 - 0.0833)

Phenanthridine
Benzo[/i]quinoline
Acridine
Benz[a]acridine
Benz[c]acridine

±10.2
± 9.2
± 2.8
± 8.2
± 8.6

22.3 ± 6.2

0.0153(0.0138-0.0169)
0.0069 (0.0067 - 0.0072)

Table 4.2 presents the calculated molecular descriptors for the seven NPAHs
tested. Except for the dipole moment, all descriptors are highly correlated
(r > 0.9) with the observed toxicity (log based values) (e.g. Fig. 4.2). All
correlation coefficients presented in this study are calculated using mean LC50
values and the values of the molecular descriptors. Because the standard errors
of the LC50 values could not be incorporated in the calculation of the correlation
coefficients, no unequivocal significance of the regression lines could be
assessed, and is therefore not presented. However, taking the low standard
errors of LC50 values for most compounds tested into account, these correlation
coefficients are sufficiently precise for the purpose of this study.
For dibenz[fl,f]acridine, a five-ringed structure, no effect was observed at its
maximum dissolved concentration. The actual average exposure concentration
of dibenz[a,z] acridine could not be calculated because the concentration after
96 h in the water was below detection limits of the HPLC system.
Quinoline, a two-ring structure, is significantly less toxic than acridine,
phenanthridine, benzo[ƒ]quinoline and benzo[fo]quinoline, all three-ringed
structures (p < 0.05). Benz[a]acridine and benz[c]acridine are significant more
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toxic than each of the three-ringed compounds (p < 0.05). This increase in
toxicity with an increase in number of rings, appears to be a general pattern for
the acute toxicity of N-heterocycles. Acridine was more toxic than quinoline for
Chironomus tentans (Cushman and McKamey, 1981; Millemann et al., 1984),
Daphnia magna (Millemann et al., 1984), Gammarus minus and Physa gyrina
(Millemann et al., 1984) and benz[a]acridine was more toxic than acridine for
Daphnia pulex (Southworth et al., 1978). The increase in toxicity coincides with
an increase in lipophilicity, facilitating membrane crossing and bioaccumulation and hindering excretion. These processes are affected by hydrophobic
and electronic forces, as well as the size and shape of the molecular structure,
indicated by high correlations between electronic-, size- and topology-related
molecular properties (e.g. log

BCQW,

molecular volume, surface area and con-

nectivities) and observed toxicities of the NPAHs tested.
Table 4.2. Values of molecular descriptors and their correlation with toxicity data. Qui: quinoline;
BfQ: benzo[/]quinoline; Phe: phenanthridine; BhQ: benzo[r>]quinoline; Acr: acridine; BaA:
benz[a]acridine; BcA: benz[c]acridine; r: correlation coefficients with corresponding (log based)
96 h LC50 values; Vol: Molecular volumes; SA: surface areas; HF: heats of formation; D: dipole
moments; HOMO: highest occupied molecular Orbitals; LUMO: lowest unoccupied molecular
orbitals; x3p, x 4 P. X5P- 3rd, 4th and 5th order path valence indices; Kow: octanol-water partition
coefficient.

Qui
BfQ
Phe
BhQ
Acr
BaA
BcA
r

Vol

SA

HF

D

122.24
165.97
165.99

143.07

52.24

1.87

185.98
186.17

69.28
68.07

166.05
166.21
210.36
211.23

186.73
187.47
230.40
231.11

68.46
77.19
92.45
91.53

1.96
2.06
1.54

0.94

0.94

0.98

HOMO LUMO

Z3p

Z4p

X5p

logK™

1.02

0.66

-9.18
-8.88
-8.98

•0.47
-0.60
-0.60

1.51
2.51
2.50

1.83
1.81

1.30
1.28

1.83
1.92
1.43

-8.75
-8.57
-8.62
-8.54

-0.55
-1.04
-1.00
-0.98

2.50 1.81
2.43 1.72
3.43 2.53
3.41 2.51

1.29
1.24
1.88
1.87

2.03
3.20
3.20
3.54
3.41
4.59
4.59

0.42

0.90

0.91

0.92

0.92

0.95

0.91

LC50 values for Chironomus riparius exposed to quinoline, acridine and
benz[fl]acridine are much lower than those found in the literature for other
species (e.g. Southworth et al., 1978; Cushman and McKamey, 1981; Millemann
et al., 1984). These differences may be caused by differences in test species, but
also differences in exposure time and life-stage can play an important role.
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Cushman and McKamey (1981), for example, used fourth instar Chironomus
tentans larvae, while in the present study first instar larvae were used. Williams
et al. (1986) demonstrated that first instar midge larvae are lOOOx more sensitive
to metals than fourth instar larvae and Walton (1980) determined that acridine
was highly toxic to cricket {Acheta domesticus) eggs but not toxic to nymphs or
adults. Therefore, differences in sensitivity between life-stages is the most likely
explanation for the low LC50 values for C. riparius compared to the strongly
related C. tentans. In accordance we found that NPAH exposed larvae once
surviving grew unimpaired later on.

0.001
50

70

80

100

heat of formation
Figure 4.2. Relationship between the 96 h LC50 (mg/L) for Chironomus riparius midge larvae
and the heat of formation values (kcal/mol) for seven NPAHs.

Acridine was ten times more toxic than the three other benzoquinolines
tested (p < 0.05), while toxicities of phenanthridine, benzo[/z]quinoline and
benzo[/]quinoline did not differ significantly (p < 0.05). Benz[c]acridine is
significantly more toxic than benz[a]acridine (p < 0.05). Explaining differences
in toxicity between isomers by molecular descriptors requires that they are of
sufficient statistical quality and distinctive enough to obtain significantly
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different values for isomers. Most descriptors, however, were insufficiently
discriminating between isomers, although correlation with toxicity of the whole
series of compounds (two to four ring) tested was high. Dipole moment and
electron affinity discriminated most, but did not provide a good explanation for
the big differences in the observed effects for the whole series of compounds
tested (Table 4.2). Acute toxicity of NPAHs is well described by heat of
formation values (high correlation and high discriminating power) (Fig. 4.2;
Table 4.2). The difference in toxicity between acridine and the other
benzoquinolines coincides with a significant difference in heat of formation.
Combined with the low recovery of acridine, this may indicate that acridine is
being transformed. Acridine is known to be metabolised by the zebra mussel
into 9(10H)-acridone (Kraak et al., 1997a). However, because no acridone was
found in the water samples at the end of the present experiments,
transformation into another compound than acridone should be considered.
Photo-induced toxicity also plays an important role in eliciting toxic effects of
NPAHs. Studies with a variety of aquatic species have shown that (N)PAHs can
be orders of magnitude more toxic in the presence of UV light (Bowling et al.,
1983; Newsted and Giesy, 1987). Photo-induced toxicity is the result of
competing processes, such as stability and light absorbance, which interact to
produce a complex relationship between toxicity and chemical structure.
Mekenyan et al. (1994) described a relation between photo-induced toxicity and
the HOMO-LUMO gap. Differences in linearity of aromatic polycycles have
strong influence on the HOMO-LUMO gap. Mekenyan et al. (1994) demonstrated that PAHs exhibiting photo-induced toxicity were consistently within a
HOMO-LUMO gap "window" of 7.2 ± 0.4 eV. The two benzacridines and
acridine, being the most toxic NPAHs in the series of compounds tested in this
study, with HOMO-LUMO gaps of 7.6 and 7.5 eV respectively, fall into this
highly phototoxic region. All other compounds tested, with HOMO-LUMO
gaps between 8.2 and 8.7 eV, are thus classified as chemicals for which phototoxicity is of no concern. Because the HOMO-LUMO gap of acridine falls in the
highly phototoxic region and because a high correlation between formation
heat values and toxicity was observed, degradation of acridine, under influence
of UV light, may have taken place. This may explain why acridine was the most
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toxic of all benzoquinolines and why recovery of acridine in the experiments
was low.
In contrast quinoline is reported to be degraded easily by micro-organisms
(Pereira et al, 1988; Aislabie et al., 1994; Sutherland et al., 1994) and fish (Bean et
al., 1985), and also degrades rapidly in sunlight (Kochany and Maguire, 1994),
but the recovery for quinoline in these experiments (Table 4.1) was high,
showing that degradation does not occur under these conditions.
For the algae Scenedesmus acuminatus acridine was also significantly more
toxic than the other three benzoquinolines (Van Vlaardingen et al., 1996),
possibly also caused by photo-activation. In contrast to algae and midges,
mussels are protected against UV light by their valves, preventing photoinduction. Consequently, for the zebra mussel Dreissena polymorpha a different
order of toxicity for the four benzoquinolines was observed: phenanthridine
was significantly more toxic than acridine (Kraak et al., 1997b), confirming the
vital role of short-waved light in modifying the toxicity of polyaromatic
compounds.
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Chapter 5
Toxic and Genotoxic
Effects of Azaarenes:
Isomers and Metabolites

Abstract
Heterocyclic PAHs and their metabolites can show toxic, mutagenic,
carcinogenic and teratogenic effects. In this study, a relation between toxic and
mutagenic effects, and chemical structures of nitrogen substituted polycyclic
hetero-aromatic hydrocarbons was sought using seven azaarenes and two
azaarene metabolites. Survival of first instar larvae of the midge Chironomus
riparius was determined to measure toxicity. Mortality increased with
increasing number of aromatic rings of the compound, but metabolism of
acridine and phenanthridine to 9(10H)-acridone and 6(5H)-phenanthridinone,
respectively, strongly decreased toxicity. However, acridone was the most
genotoxic of the azaarenes tested in the Mutatox™ test. Although mortality and
genotoxic activity are well described by molecular descriptors relevant to
bioaccumulation, in both cases exceptions are found on this general rule, even
between isomers. Furthermore, it is shown that metabolism of azaarenes
changed the impact on different biological endpoints, clearly putting severe
limitations on environmental standards solely based on the narcotic effects of
parent PAHs.
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Introduction
Hazard assessment for polycyclic aromatic hydrocarbons (PAHs) is mostly
based on the narcotic effects of homocyclic compounds (e.g. Ministry of Transport, Public Works and Water Management, 1997). Substituted compounds
and degradation products receive little attention. Furthermore, studies on other
biological endpoints are scarce, although PAHs are known to induce mutagenic, teratogenic, and carcinogenic effects and direct toxicity (e.g. Davis et al.,
1981; Santodonato and Howard, 1981; Walton et al., 1983).
The relatively low numbers of studies on heterocyclic substances are in
contrast with the number of heteroaromatics: two-thirds of the 4 million known
organic compounds are heterocyclic (Adrian and Suflita, 1994). Their availability to organisms may be higher than that of their homocyclic analogues,
because their higher water solubility can imply higher water concentrations.
Azaarenes are such a group of heterocycles, containing one nitrogen atom in
place of a carbon atom. Apart from their natural origin (e.g. as alkaloids), azaarenes are formed and released into the environment by incomplete combustion
of fossil fuels, in spills or effluents of several industrial activities, oil drilling,
refining and storage (Kochany and Maguire, 1994) and coal tar distillation
(Pereira et al., 1983). N-heterocycles are also associated with wood preservation
(Pereira et al., 1983) and pesticide use (Kuhn and Suflita, 1989). They have been
identified in freshwaters (Van Genderen et al., 1994) and in both freshwater and
marine sediments (Blumer et al., 1977; Wakeham, 1979; Furlong and Carpenter,
1982; Bleeker et al., 1996).
Acute toxic effects of azaarenes have been studied in only a few aquatic
macroinvertebrate species (Bleeker et al., 1998; Cooney and Gehrs, 1984;
Johnson et al., 1990; Kraak et al., 1997b). For several species, acridine and quinoline are often the only compounds tested. Therefore, in previous experiments,
the acute toxicity of a group of azaarenes was tested, which ranges from the
two-ringed quinoline to two four-ringed benzacridines (reported in Bleeker et
al., 1998) (Fig. 5.1).
Azaarenes have been shown to be degraded or metabolised by both microorganisms and higher organisms (e.g. Bean et al., 1985; Berry et al., 1987;
Bleeker et al., 1996; Dijkman et al., 1997; Kraak et al. 1997a; Lemke and
Kennedy, 1997), often leading to detoxification (e.g. Bleeker et al., 1996), but
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metabolism can also increase (geno)toxicity (e.g. Möller, 1994). The present
study aims at gaining more insight in the differences in the type and level of
adverse biological effects of azaarenes and their degradation products, and
relating molecular properties of the compounds with their effects. Therefore,
two metabolites of the benzoquinolines acridine and phenanthridine, 9(10H)acridone and 6(5H)-phenanthridinone, respectively, were tested (Fig. 5.1). These
metabolites were chosen, because they were formed in laboratory experiments
(Kraak et al., 1997a; Bleeker et al., 1996) and have also been found in the field
(Pereira et al., 1987). Toxicity of azaarenes and their corresponding metabolites
is compared with their genotoxicity.

phenanthridine benzo[/]quinoline

benz[a]acridine

benzo[/?]quinoline

benz[c]acridine

9(10H)-acridone

6(5H)-phenanthridinone

Figure 5.1. Structures of the compounds used.

Genotoxicity of various azaarenes has been determined using the Ames test
(reviewed in Santodonato & Howard, 1981). Since then, however, several new
and more sensitive genotoxicity tests have been developed, like the Mutatox™
test (Ulitzur, 1982). Therefore, genotoxicity was determined of the compounds
previously (Bleeker et al., 1998) and presently tested for toxicity, using the
Mutatox™ test.

Materials and Methods
Acute

toxicity

The acute toxicity of quinoline, acridine, phenanthridine, benzo[/]quinoline,
benzo[/z]quinoline, benz[a]acridine and benz[c]acridine was reported previous-

78.

Chapter 5

ly (Bleeker et al., 1998). In addition, the present study involves the metabolites
9(10H)-acridone and 6(5H)-phenanthridinone, which were tested in acute
toxicity tests with chironomid larvae.
These experiments lasted for 96 h and were carried out according to Bleeker
et al. (1998).
The compounds were added to the water once, at the start of the experiment,
using stock solutions. Stock solutions were made using a generator column
technique (Bleeker et al., 1998). This method resulted in a stock solution
concentration of 0.56 uM for 9(10H)-acridone and of 0.41 uM for 6(5H)phenanthridinone. The purity of the compounds was 99 % for 9(10H)-acridone
(Aldrich) and 97 % for 6(5H)-phenanthridinone (Aldrich). 9(10H)-acridone and
6(5H)-phenanthridinone were tested at maximum water solubility only (0.56
and 0.41 uM respectively). Each compound (including controls) was tested in
triplicate. Survival in experimental treatments was expressed as percentage of
the mean of the two corresponding controls.
Water samples to determine actual azaarene concentrations in the water
were taken and measured by HPLC according to Bleeker et al. (1998).
Fluorescence detection (Kratos Spectroflow 980) was used at an excitation
wavelength of 254 nm and emission wavelengths of > 354 nm. The flow of the
mobile phase was 1 ml/min and the compounds were eluted with a mixture of
80 % acetonitrile and 20 % water. Average actual concentrations, start
concentrations (at t = 0 h), and recoveries were calculated according to Bleeker
et al. (1998).
Genotoxicity
The Mutatox™ test was used for testing genotoxicity. Azaarene stock
solutions were made in acetone (Mallinckrodt, nanograde quality). Concentrations of these solutions differed for each compound: for quinoline it was 276
uM, for acridine 56.8 uM, for phenanthridine 19.4 uM, for 6(5H)phenanthridinone 23.3 uM, for benzo[/]quinoline 0.12 uM, for benzo[/z]quinoline 116 uM, for 9(10H)-acridone 0.59 uM, for benz[a]acridine 0.0855 uM and for
benz[c]acridine 0.1868 uM. 10 pi of these stocks were added to 500 pi of the
bacteria media used. The Mutatox™ tests were run in dilution series according
to the supplier's protocol (Microbics Corp.). A nine-fold 1:1 (v:v) dilution series
was made in Mutatox™ direct media. This series was incubated for 24 h at
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27 + 0.1 °C. Light levels were recorded at intervals of 1 h between 10 and 24 h.
Lowest observed effect concentrations (LOEC) were defined as the lowest
concentration at which the light levels are at least 4 times higher than those in
the controls (Klamer et al v 1997).
Molecular descriptors
To elicit a biological effect, a chemical has to cross membranes and the
cytosol, and interact with one or more receptors, and consequently both
hydrophobic and electronic forces may play a role. Therefore, hydrophobicityrelated and electronic molecular parameters were selected, which may describe
the transport and partition process(es). Since photo-induced toxicity a n d / o r
transformation may also be involved when considering azaarenes (Bleeker et
al., 1998), parameters related to the reactivity of the compound were also
included.
Correlation coefficients were calculated between molecular descriptors and
both the estimated log based LC50 values for midges and LOEC values in the
Mutatox™ test. The following molecular descriptors were used: molecular
volumes (Vol) and surface areas (SA), dipole moments (D) and energies of the
lowest unoccupied and highest occupied molecular orbits (LUMO and HOMO),
which reflect the electron affinity (EA) and ionisation potential (IP), respectively. Log Kow was also incorporated, because in several studies, good
correlations were found between acute toxicity of organic pollutants and
octanol-water partition coefficients, K„w (Könemann, 1981; Veith et al., 1983; De
Voogt et al., 1988).
Log K „ values are taken from the ClogP model provided by the
Environmental Science Center of Syracuse Research Corporation (internet:
http://esc.syrres.com/~ESC/ kowexpdb.htm). Vol and SA were calculated by
the SAVOL program using Cartesian co-ordinates obtained after optimisation
of the molecular geometry by a molecular mechanics modelling method (MM1
option in MOPAC). Van der Waals radii used for hydrogen, aromatic carbon
and nitrogen were 1.01, 1.77 and 1.50 (10 10 m), respectively. Atom-atom
distances used were: C-H, 1.084; C-C, 1.395; C-N, 1.338 (1010 m). A solvent
radius of zero was assumed. D, IP and EA were calculated by the semiempirical quantum mechanical AMI method using the same optimised
molecular conformations (MM1 option in MOPAC). This program also
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generates heats of formation. Regression was calculated with the computer
program KaleidaGraph® (Synergy Software, 1997). Because acridone and
phenanthridinone can be present both in keto- and in enol-form, for both forms
molecular descriptors were calculated.

Results and Discussion
Acute

toxicity

The two metabolites, 9(10H)-acridone and 6(5H)-phenanthridinone, were not
toxic to Chironomus riparius at maximum water solubility (4.8 and 3.5 uM,
respectively) (Table 5.1), while for the parent compounds (acridine and
phenanthridine, respectively) clear dose response curves were observed (Table
5.1; Bleeker et al., 1998). These resulted in LC50 values of 3.42 uM for
phenanthridine and 0.40 uM for acridine. Clearly, metabolites of the two parent
compounds show a strongly decreased toxicity (Table 5.1). To understand why
oxidation of the parent compound decreases toxicity so much, more insight in
the mechanism of toxicity is necessary.
Table 5.1. Toxicity and genotoxicity of azaarenes (effect concentrations in |jM).

Quinoline
Benzo[fjquinoline
Phenanthridine
Benzo[/i]quinoline
Acridine
Benz [a]acridine
Benz [cjacridine
9(10H)-acridone
6(5H)-phenanthridinone

TOXICITY

GENOTOXICITY

LC50 (95 % confidence intervals)

LOEC

37.9119 (23.8464 - 60.2733)

88.0250

4.6379(2.1287-10.1038)
3.4209 (2.8858 - 4.0548)
3.3808(2.7832-4.1067)

>0.12
1.2340
2.5440

0.3984 (0.3415 - 0.4648)
0.0667 (0.0602 - 0.0737)
0.0301 (0.0292-0.0314)

1.8830
0.0101
>0.19
0.0050
4.4080

>4.8
>3.5

Molecular descriptors could be a promising tool to gain this insight, since the
narcotic effect of azaarenes was found to correlate well (r > 0.9) with their
chemical structure (Bleeker et al., 1998). For the metabolites, however, no LC50
could be calculated, so correlations with acute toxicity could not be examined.
Alternatively, theoretical LC50 values, above maximum water solubility, have
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been calculated for the metabolites, based on the previously determined
relationship between molecular descriptors and LC50 values (Bleeker et al.,
1998).
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Figure 5.2. Estimated LC50 values for the metabolites, based on the relationship between
log Kovv and LC^, without taking acridine into account, considering this to be the exception (as
argued by Bleeker et al., 1998).

Size parameters, such as molecular volume and surface area, showed high
correlations with LC50 values of parent azaarenes (Bleeker et al., 1998), but when
such parameters are used to predict toxicity of the metabolites they appeared to
be insufficient: LC50 values calculated for the metabolites were in the range of
concentrations tested, while the highest concentrations tested showed no effect
at all. However, when log Kow is used in the calculations, the theoretical LC50
values are in agreement with the experimental data (Fig. 5.2). Some care,
however, should be taken in this respect. Both metabolites show tautomerism
and because large differences can occur in molecular properties between the
keto- and the enol-form, also their toxicity can differ strongly. It can be argued
that in aquatic systems the best soluble tautomer-form will be the dominant
one. Based on log Kow values, this would be the enol-form for acridone, and the
keto-form for phenanthridinone. Further evidence for the dominance of these
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tautomer forms may be found in the theoretical LC50 values of the metabolites.
These are only in agreement with experimental data when the enol-form of
acridone and the keto-form of phenanthridinone are considered. In contrast,
LCS0 calculations based on log Kow values of the other tautomers, result in LC50
values far below water solubility (Fig. 5.2), which have experimentally been
proven to be wrong. These results and calculations indicate that, in agreement
with previous studies (Könemann, 1981; Veith et al., 1983), octanol-water
partition coefficients are quite reliable predictors for toxicity of organic
pollutants, in this case suggesting that the low toxicity of the metabolites is
caused by a decrease in bioconcentration factor.
Genotoxicity
While toxicity was tested on midges, the Mutatox™ test uses bacteria to
assess genotoxicity. Since also the mode of action differs for mortality and
genotoxicity, differences may be expected between the sensitivity of these
different biological endpoints (shown in Table 5.1). Like for mortality,
genotoxicity increases with the number of rings of the compound, but
exceptions to this general rule occur more often. From the parent azaarenes,
quinoline was the least, and benz[a]acridine the most genotoxic, with the threeringed structures in between (benzo[fo]quinoline < acridine < phenanthridine)
(Table 5.1). However, benzo [ƒ] quinoline and benz[c]acridine did not show any
genotoxicity at the highest concentrations tested (0.12 and 0.19 uM,
respectively) (Table 5.1), most likely due to the low concentrations at which
these compounds were tested. The results imply that benz[c]acridine was at
least 20 times less genotoxic than benz[a]acridine (Table 5.1). This is in contrast
with results obtained by Wood et al. (1983), who found a more or less similar
mutagenicity for both compounds using the Ames test, in which a different
bacteria species (Salmonella typhimurium) is used. Hence, these differences in
results may be explained by the difference in test organism, and therewith
differences in test conditions and genetic endpoint. It stresses, however, the
uncertainties involved when genotoxicity is determined using one test species
only.
The difference in genotoxicity between the two benzacridines in our study
cannot easily be explained by molecular descriptors, because only two fourringed compounds were tested and benz[a]acridine shows higher values for all
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descriptors calculated, except for the estimated log Kow (Table 5.2). However,
these estimated log Kow values should be handled with care, because in
benz[c]acridine the nitrogen atom is shielded by the benzene rings, and
therefore this compound can be expected to be more hydrophobic than its
isomer, resulting in a higher log Kow value for benz[c]acridine (cf. Nielsen et.al.
1997). This also explains the lower LC50 of benz[c]acridine compared to benz[a]acridine (Table 5.1; Bleeker et al., 1998). The shielding effect in benz[c]acridine
may also result in more mutagenic derivatives compared to benz[a]acridine.
7-methylbenz[c]acridine for example, was shown to be 3 fold more mutagenic
than its isomer 12-methylbenz[a]acridine (as reviewed by Warshawsky, 1992).
In our study, however, the reactive site of the molecule should be around the
nitrogen atom, since benz[c]acridine is less genotoxic than benz[a]acridine.
Table 5.2. Molecular descriptors of azaarenes and their correlation with genotoxicity. Vol:
molecular volume; SA: molecular surface area; Kov»: octanol-water partition coefficient; HF: heat
of formation (kcal); D: dipole moment (D); IP: ionisation potential (eV); EA: electron affinity (eV);
r: correlations with LOECgenotoxiclty.

Vol
Quinoline
Benzofflquinoline
Phenanthridine
Benzo[/>]quinoline
Acridine
Benz[a]acridine
Benz[c]acridine
Acridone"
Acridone0
Phenanthridinone"
Phenanthridinonec
r"
r*
r'
1

SA

log K,,,,

121.95
165.97

143.05
185.98

166.03
166.10
166.25
210.19

186.25
186.70
187.50
230.41

210.35
173.51
173.43
174.45
173.25

231.06
195.70
196.54
195.58
195.50

0.79

0.80
0.95
0.99

0.96
0.99

HF

D

IP

a

2.03
3.43a
3.48a
3.43a

52.1167
69.0352
67.9297
68.1384

1.876
1.959
2.065
1.529

3.40a
4.49
4.49
2.84
5.28
3.59
2.70

77.0543
92.1936
91.2963
34.1309
22.2254
25.0385
16.6438

1.840
1.906
1.441
2.079
4.227
1.473
3.249

8.736
8.575
8.624
8.545
8.377
8.475
8.761
8.723

9.183
8.877
8.971

0.60
0.96

0.17
0.62

0.08
0.11

0.79
0.66

0.97

0.96

0.15

0.70

EA
0.468
0.594
0.603
0.559
1.041
0.992
0.981
1.011
0.471
0.583
0.636
0.77
0.70
0.69

these are literature values, others are calculated; b enol-form of the molecule; c keto-form of
the molecule; d correlations without considering benzo[r]quinoline (BfQ) and benz[c]acridine
(BcA) (acridone in enol-form and phenanthridinone in keto-form); e correlations without considering BfQ, BcA and acridone (phenanthridinone in keto-form); * correlations without considering BfQ, BcA and the metabolites.
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The response of the Mutatox™ test to the metabolites was complex:
genotoxicity of phenanthridinone is similar to that of the three-ringed parent
structures, while acridone, isomer of phenanthridinone, is by far the most
genotoxic of all compounds tested (Table 5.1). To gain more insight in the
genotoxicity of the azaarenes and their metabolites, correlations with molecular
descriptors were studied. For these correlations it was assumed that the
metabolites were present as their most water soluble tautomer, i.e. acridone in
enol-form and phenanthridinone in keto-form.
Since genotoxic compounds by definition interact with DNA, it can be
expected that genotoxicity can be described by either reactivity or transport
related molecular descriptors or both. If the role of molecular reactivity is the
key factor for genotoxicity, then electronic descriptors (electron affinity,
ionization potential and dipole moment) can considered to be the best
descriptors for genotoxicity. This hypothesis, however, is in contrast with the
low correlation coefficient observed between dipole moment and genotoxicity
(Table 5.2, r d ). Even when homogeneity of the test compounds is improved by
ignoring the metabolites (Table 5.2, rf), correlation does not improve. Although
electron affinity and ionization potential show reasonable correlations with
genotoxicity, better results are obtained with size and transport related
descriptors, especially when the metabolites are not considered (Table 5.2, r').
If the transport through the cell membrane and the cytosol is the limiting
factor, size related parameters, such as volume and surface area, and also the
more macroscopic octanol-water partition coefficient, should show good
correlations with genotoxicity. When genotoxicity of the whole group of
compounds is correlated with these parameters, results are poor (Table 5.2, r d ).
However, when acridone is not taken into account, correlations strongly
increase (Table 5.2, r e ), suggesting that for the other compounds transport
through the cell is indeed a limiting factor, and emphasising the exceptional
genotoxicity of acridone. We therefore conclude that the mode of genotoxic
action for acridone is significantly different from that of the other compounds.
In the Mutatox™ test, restoring the luminescence of the repressed dark
mutant can theoretically be achieved by three independent events (Ulitzur,
1986): (1) blocking the formation of the repressor, i.e. altering its or the operator
site's structure, (2) inactivating the repressor of the luminescence system, and
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(3) changing the physical configuration of the DNA, thus allowing unrepressed
transcription of the luciferase operon. The first mode of action is expected from
direct mutagens (Ulitzur, 1986). The second event was found to be associated
with the activity of different DNA-damaging agents and with the action of
DNA synthesis inhibitors, which seem to act through their ability to trigger the
"SOS functions" that involve the inactivation of the luminescence system's
repressor (Weiser, et al., 1981). DNA-intercalating agents act via the most
potent and rapid way of restoring the luminescence by changing the physical
configuration of the DNA (Ulitzur, 1986). In this respect, azaarenes in general
may induce genotoxicity by interacting with the repressor (either blocking or
inactivating it), while acridone might be the only DNA-intercalating agent. This
is suggested not only by the relative short time of response, but also by the fact
that especially this molecule is very similar to the nucleotide bases of DNA,
with a nitrogen atom at one side of the atom and an oxygen atom, capable of
forming hydrogen bonds, at the opposite side. In addition, the structure of the
keto-form of acridone is very similar to the nucleotide bases of DNA,
suggesting that this is the most genotoxic tautomer of this compound. Further
prove for this hypothesis can be found in the improvement of the correlation
between genotoxicity and log Kow when acridone is in the keto-form instead of
being in the enol-form (r = 0.97 vs. rd = 0.60 in Table 5.2).
We conclude that both toxicity and genotoxicity of azaarenes are overall well
described by transport related molecular descriptors (especially log Kow). In
both cases, however, exceptions can be found on this general rule, most likely
due to a difference in mode of action. Multiple regression techniques might be a
helpful tool in clarifying this difference. The present study showed that
metabolism of azaarenes causes significant changes (both enhancing as well as
decreasing) in the level of impact on different biological endpoints, even
between isomers. This clearly puts severe limitations on environmental
standards solely based on the narcotic effects of parent compounds. Therefore,
we suggest that also other biological endpoints, especially genotoxicity, are
incorporated in environmental hazard assessments for hetero-aromatic
compounds.
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Chapter 6
Effects of Exposure
to Azaarenes on Emergence
and Mouthpart Development in
the Midge Chironomus riparins
(Diptera: Chironomidae)

Abstract
Adverse effects of azaarenes on emergence and mouthpart development of the
midge Chironomus riparius were analysed using six closely related three-ringed
isomers and metabolites. Effects on growth rate were examined by comparing
the average day of emergence of exposed midges with that of controls.
Fluctuating asymmetry (FA) in the pecten epipharyngis was examined as a
measure of developmental abnormality. Delayed emergence was found at
concentrations as low as 2 % of the acute LC50, so emergence day appears to be
a useful sensitive parameter to quantify life cycle effects. No differences in FA
were found between exposed and control larvae, although in other studies all
compounds have been proven to be genotoxic. The differences in the genotoxic
and FA-inducing properties of these compounds indicate that different
mechanisms are involved in expressing these adverse effects. This study also
illustrates that the choice of the morphological parameter strongly influences
the results of developmental disturbance analyses, and thus the risk
qualification of a potentially hazardous compound.
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Introduction
Azaarenes are derivatives of polycyclic aromatic hydrocarbons in which one
carbon atom is substituted by a nitrogen atom. They can be of natural origin
(e.g. alkaloids; Kaiser et al., 1996), but high environmental concentrations in the
field result from human activities such as combustion of fossil fuels
(Santodonato and Howard, 1981), wood preserving (Adams and Giam, 1984;
Pereira et al., 1987), mining and chemical manufacturing (Kaiser et al., 1996),
and coal-tar processing (Pereira et al., 1983). Azaarenes have been identified in
air (Santodonato and Howard, 1981), marine and freshwater environments
(both in sediments and water columns) (Blumer et al., 1977; Van Genderen et
al., 1994; Kozin et al., 1997), and in groundwater (Pereira et al., 1987). The
presence of the electronegative nitrogen atom makes azaarenes more water
soluble than their homocyclic analogues (Pearlman et al., 1984), which may
increase their significance (mobility, bioavailability, etc.) in aquatic environments.
Although their environmental distribution is documented to some extent,
relatively little is known about the ecotoxicology of azaarenes compared to the
relatively well-studied PAHs. These toxicity data are usually the basis for
environmental quality criteria and risk or hazard assessment. To date, however,
no environmental norms exist for heterocyclic PAHs in Dutch environmental
law (Ministry of Transport, Public Works, and Water Management, 1994). In
addition, research on aquatic species has often been restricted to acute toxicity
testing, while chronic toxicity, genotoxicity and teratogenicity are often ignored,
in contrast to mutagenic and carcinogenic risks of these compounds evaluated
for humans (e.g. Warshawsky, 1992). Furthermore, compounds considered to
be safe based on acute toxicity data may exhibit adverse chronic effects when
other biological endpoints are examined. Bleeker et al. (1999), for instance, have
shown that although 9(10H)-acridone is not toxic in a 96 h Chironomus riparius
test, it is highly genotoxic when tested with the Mutatox™ test. Since 9(10H)acridone is a metabolite of the acute toxic azaarene acridine (Kraak et al.,
1997a), metabolism clearly enhances the diversity of biological effects of PAHs.
Although progress is being made in the study of metabolism of heterocyclic
aromatics (Kaiser et al, 1996; Warshawsky, 1992) and

structure-effect

relationships (De Voogt et al., 1988; Roghair et al., 1994; Bleeker et al., 1998), the
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mechanisms involved in the adverse toxic effects are still poorly understood.
This makes it difficult to predict the consequences of metabolism for the level
and type of adverse biological effect. Furthermore, the large differences in
effects observed between isomers of azaarenes (Bleeker et al., 1998; Bleeker et
al., 1999; Kraak et al., 1997b) give rise to additional problems.
To clarify the role of metabolism and differences between isomers in
expressing long-term effects, in the present study midge larvae were subjected
to life cycle exposure to six three-ringed azaarenes, including isomers and
metabolites. The chosen compounds have been shown to induce acute, chronic
and genotoxic effects in freshwater invertebrates (Kraak et al., 1997a; Bleeker et
al., 1998). One of the chosen compounds (benz[^]isoquinoline-5,10-dione) was
highly teratogenic to crickets (Acheta domesticus), resulting in extra antenna,
extra eyes, and even complete extra heads, while exposure to its isomer
(benzo[g]quinoline-5,10-dione, also incorporated in this study) did not result in
teratogenic effects at all (Walton et al., 1983), further emphasising the selectivity
of isomers as well.
Literature on induction of morphological abnormalities by organic
compounds in the field is scarce and in most cases related to co-occurring
chemicals. For example, Van Urk et al. (1992) and Janssens de Bisthoven et al.
(1998) showed that the frequency of mentum deformities in

Chironomus

increased with increasing sediment contamination (metals, PAHs and PCBs).
Furthermore, malformations in fish from the Rhine (Slooff, 1982) and birds from
Lake Michigan (Larson et al., 1996) were related to elevated levels of organic
contaminants (PAHs, PCBs and insecticides).
Morphological abnormalities in chironomids are becoming common
bioindicators of anthropogenic stress in aquatic systems and are being used
more and more in ecological risk assessments and evaluations (e.g. Bird, 1994;
Canfield et al., 1994). Chironomids from polluted sites are characterised by
greater fluctuating asymmetry index values than those from unpolluted sites,
not only for metals or organic pollution, but also for complex mixtures of
various types of pollution (e.g. Vermeulen, 1995; Janssens de Bisthoven, 1995;
Groenendijk et al., 1998). The ecological significance of deformities in mouth
parts, such as the pecten epipharyngis, could be an impact on the organisms
fitness in the field, reducing growth rate or reproduction, especially in areas
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where food (organic matter) is limited. Van Urk and Kerkum (1986) and
Janssens de Bisthoven et al. (1998) demonstrated that larvae with deformed
mouthparts indeed showed a delay in development.
In this study developmental delay and morphological abnormalities
(fluctuating asymmetry) were chosen as endpoints in an experimental set-up
where both parameters could be studied in the same animals. Developmental
delay was expected to be influenced at concentrations below acute (narcotic)
toxicity. In addition, morphological abnormalities were expected to be induced
primarily by the compounds characterised as genotoxic in other studies
(Warshawsky, 1992; Bleeker et al., 1999).

Materials and Methods
Experimental set-up
At the start of the experiment 3 half egg masses of Chironomus riparius,
containing ca. 200 eggs each, were placed in each of four glass jars (180 ml)
containing 100 ml Dutch Standard Water (DSW), a moderate buffering artificial
salt solution (demineralised water with 200 m g / L CaCl 2 -H 2 0, 180 m g / L
M g S 0 4 H 2 0 , 100 m g / L NaHC0 3 , and 20 mg/L KHC0 3 ; pH«8.2), comparable
with Dutch surface waters (Nederlands Normalisatie Instituut, 1980). Two jars
contained the azaarene being tested (Fig. 6.1; for exposure concentrations see
the Azaarene concentrations in water section below) and the other two served as
controls. On the fourth day, when the larvae had hatched, 0.5 ml of food
suspension was added from a stock, composed of 1 g of a fishfood mixture
(Tetraphyl®:Trouvit, 1:20 w / w ) in 20 ml DSW. After one week, 100 second
instar larvae from the original 2 jars were placed in 5 new jars (20 larvae/jar),
which contained 100 ml DSW and 0.4 g shredded cellulose as an artificial
substrate. Midges in these jars were fed the same food suspension three times a
week, 0.5 ml per feeding in the first week, 1 ml in the second, and 1.5 ml for the
rest of the experiment, providing food ad libidum during the whole
experiment. Water was continuously aerated and renewed once a week, and
plastic wrap was placed over the jars to prevent evaporation. The light: dark
regime was 16:8 h, and temperature was held constant at 20 °C by placing the
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jars in a waterbath. From the fourteenth day onwards, cages were placed on the
jars to catch emerging adults.

acridine

9(10H)-acridone

benzo[g|quinoline5,10-dione
O

phenanthridine

6(5H)-phenanthridinone

benz[£f]isoquinoline5,10-dione

Figure 6.1. Structures of the azaarenes tested.

Azaarene concentrations in water
The chosen compounds (Fig. 6.1) were the isomers acridine (ACR) (Aldrich,
purity 97 %) and phenanthridine (PHE) (Aldrich, 99+ %), and their respective
metabolites 9(10H)-acridone (ACO) (Aldrich, 99 %) (Kraak et al., 1997a) and
6(5H)-phenanthridinone (PHO) (Aldrich, 98 %) (Bleeker et al., 1999), and the
isomers benzo[g]quinoline-5,10-dione (BQD) (synthesised at the Department of
Organic and Inorganic Chemistry of the Vrije Universiteit Amsterdam, purity
99 %) and benz[#]isoquinoline-5,10-dione (BID) (Aldrich, 99 %). To reach
concentrations near the maximum water solubility, toxicants were dissolved
using a generator column technique (Bleeker et al., 1998), in which compounds
are dissolved in organic solvent, to which chromosorb GAW (Chrompack) is
added. The solvent is then evaporated under a nitrogen flow, followed by
slowly pumping water over the chromosorb, enabling the toxicant to dissolve in
the water. The organic solvent ethyl acetate ('Baker Analysed'® HPLC Reagent,
99.6 %, J.T. Baker) was used for ACO and PHO, while the other compounds
were dissolved in methanol ('Baker Analysed'® HPLC Reagent, 99.8 %, J.T.
Baker). For further details, see Bleeker et al. (1998). The generator column
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produced stock solutions with the following concentrations: 95.6 uM for ACR,
4.5 uM for ACO, 36.5 uM for PHE, 6.5 uM for PHO, 19.6 uM for BID, and
13.7 uM for BQD. Based on acute toxicity data (Bleeker et al., 1998; Bleeker et
al., 1999), concentrations were chosen which induced no acute lethal effect
(LC10). For ACO and PHO pure stock solutions were used, for ACR the nominal
concentration chosen was 0.85 uM, for PHE 0.56 uM, for BID 0.19 uM, and for
BQD 4.78 uM. To calculate the actual exposure concentration, water samples
were taken at the start and at the end of the experiment (including egg
exposure), and before and after water renewal. These samples were analysed
with HPLC (according to Bleeker et a l , 1998), and from these data the average
actual exposure concentrations were calculated, assuming an exponential
decrease with time between two renewals. All compounds were eluted with
80 % acetonitrile (HPLC Grade, Rathburn) and 20 % water (Analysed HPLC
Reagent, J.T. Baker), except for BID (60 % acetonitrile and 40 % water). ACR,
PHE, BID and BQD were measured using UV-detection (X = 254 nm; BID:
X - 230 nm). ACO and PHO were measured using fluorescence detection
(excitation: X = 254 nm; emission: X > 354 nm). Average actual azaarene concentrations in the water were 0.208 ± 0.017 uM for ACR, 2.441 ± 0.292 uM for ACO,
0.190 ± 0.004 uM for PHE, 3.451 ± 0.172 uM for PHO, 0.064 ± 0.003 uM for BID,
and 3.185 ± 0.167 uM for BQD. In the PHE exposures small amounts of its
metabolite PHO (0.038 ± 0.005) were also found.
Emergence
During the emergence period, midges were collected and sexed daily. From
these data the average time to emergence was calculated separately for each
sex, to see if sex-based differences appeared, apart from the previous observed
protandry (e.g. Danks, 1978). Significance of the difference between the time to
emergence for the exposed and control midges was determined using a student
t-test. Survival was defined as the total number of emerging midges. Since
fluctuations in day of emergence may occur in time, all data on exposed midges
were compared to corresponding control midges.
Analysis

offlu.ctua.ting

asymmetry

After emergence was complete, fourth instar head capsules were collected
for analysis of the mouth parts and placed overnight in a 10 % KOH (Merck)
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solution to remove any remaining non-chitinous material in the capsules. The
head capsules were then placed in glacial acid (99 %, Sigma) for 15 minutes to
neutralise the KOH, and rinsed twice with ethanol (96 %). Any remaining tissue
attached to head capsules after the clearing process, such as remains of the
intestinal tract or parapodia, were removed using a small blade. Finally, the
head capsules were rinsed once in Euparal grün (Chroma-Gesellschaft) and
mounted, ventral side up, on a microscopic slide in Euparal grün.
Fluctuating asymmetry (FA) was determined in the pecten epipharyngis, a
comb-like mouthpart structure situated in the anterior area of the larval head
capsule. The difference in the number of teeth between left and right sides has
been proven to be a good measure for environmental stress in Chironomidae
(Janssens de Bisthoven, 1995; Groenendijk et a l , 1998; Clarke, 1993). The centre
of the pecten epipharyngis was determined by an indentation on the anterior
side of the pecten. The tooth or pair of teeth in the middle of this indentation
served as the division point between right and left. FA scoring was carried out
'blind' (i.e. without knowing whether the organisms scored were control or
exposed larvae) by two individuals independently. Head capsules regarded to
be unscorable by one or both of the scorers were excluded from analysis.
In this study FA was defined as the sum of the squared signed differences
between left and right, divided by the number of individuals (FA = [R-L] 2 /N).
This FA index is recommended for small sample sizes if FA is independent of
character size or character size variation is small relative to variation in FA, and
there is neither directional asymmetry nor antisymmetry (Palmer and Strobeck,
1986). Before calculating FA indices, the assumptions on which these indices are
based were tested.
As suggested by Palmer (1994) for meristic traits, a likelihood ratio (g-test;
Sokal and Rohlf, 1995) comparing the counts in each asymmetry class and the
counts in each class of deviations between replicates was used to yield an
estimate of the statistical significance of the between-sides variation relative to
counting error. To make this g-test possible (i.e. to avoid zero values), all counts
were increased by 1. In addition, a two-way ANOVA was performed to confirm
that the variation in R-L exceeded the variation in replicate counts (Palmer,
1994). Since both tests showed that counting error was relatively small, in
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further analyses the average number of teeth of the replicate countings was
used.
Considering size dependence, regression analyses between absolute size
differences (IR-LI) and mean character size ([R+L]/2) were performed. If a
relationship was found, size variation was compared with FA to check whether
size-scaling was necessary. Since in all cases size variation (S) was relatively
small

(S/VFA

< 10; Palmer and Strobeck, 1986), size-scaling was considered

unnecessary.
To test whether one side contained significantly more teeth than the other, a
one-sample t-test was used to determine the significance of a departure from
the mean of (R-L) from an expected mean of zero (as is the case when both sides
have the same number of teeth). Departures from normality were determined
by calculating significance of skew and kurtosis, using a one-sample t-test
(expected mean of zero). The significance of the difference in FA between
control and exposed midges was tested using an F-test, which is considered to
be the most powerful in this case (Lehman, 1959).

Results
For all compounds average measured azaarene concentrations in the water
were below acute effect levels (Bleeker et al., 1998; Bleeker et al., 1999) except
for acridine, for which the concentration was similar to the acute LC10. This
generally resulted in high survival in both control (av. ± s.d.: 81.3 ± 7.0 %) and
exposure treatments (93.8 ± 6.1 %), except for the BID and BQD experiments
(control: 30.4 ± 17.7; exposure: 29.6 ± 15.7 %). This implies that emergence
results for BID and BQD may be questionable. Sampling of the head capsules,
however, did show most larvae (> 80 %) had reached the fourth instar stage,
indicating that most of the mortality occurred in the fourth instar and/or pupal
stage and, therefore, mortality did not interfere with FA analysis. In all
experiments, in both controls and exposures, females emerged significantly
(p < 0.05) later than males. All compounds tested caused a significant (p < 0.05;
PHO p < 0.1) delay in emergence time for both males and females, except for
PHE exposed female midges (p = 0.98) (Fig. 6.2). The delay in emergence in the
BID and BQD trials relative to controls, was much higher (about five times)
than that in the other exposures.
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Figure 6.2. Average day of emergence of male (left panel) and female (right panel) midges.
Open bars represent control midges and black bars exposed midges.

Table 6.1 shows that the difference between the number of teeth on the right
and left sides was independent of the total number of teeth on the pecten
epipharyngis (probability of the slope > 0.05), except for ACO and PHO
exposed midges, but in these cases size variation was relatively small compared
to FA. In general (except for BID exposed larvae), no directional asymmetry
was observed. BID exposure induced a highly significant directional
asymmetry (t-test, p = 0.003; Table 6.1, R-L): when differences occurred (35
individuals), in most cases (24 individuals) more teeth were observed on the left
side than on the right side. Since the controls in both the BQD and the PHE
experiments showed deviations from normality (as indicated by a significant
skew a n d / o r kurtosis, Table 6.1) these controls were not used for FA
comparison. In these cases, FA indices of the exposed midges were compared
with BID and PHO controls, respectively. These latter experiments were
performed in the same period and the controls of neither BQD nor PHE showed
a significant difference from those of BID and PHO, respectively (t-test,
p > 0.05). With this in mind, FA indices showed no clear differences between
control and exposed midges in either of the experiments.
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Discussion
Emergence
The significant delays in time to emergence in 11 out of 12 trials occurred at
very low exposure concentrations, which induced no acute effects (2-10 % of
acute LC50 in most cases; Bleeker et a l , 1998; Bleeker et al v 1999). Kenaga (1982)
found that acute to chronic ratios (acute LC50 to chronic NOEC) for fused-ring
aromatics, including PAHs, were always below 10, while in the present study
effects are found at concentrations as low as 2 % of the acute LC50, indicating
that an acute to chronic ratio would be consistently larger than 10. This might
be due to the fact that acute high doses of a toxicant provoke narcosis, while
chronic low doses induce other, more specific effects (Musch, 1996). In risk
assessment the standard safety factor of 10 is often used for extrapolation from
acute to chronic effect concentrations (Van Leeuwen and Hermens, 1995), which
clearly underestimates the chronic effects found for azaarenes in this study. In
addition, the isopod Porcellio scaber exposed to different concentrations of
benzo[fl]pyrene showed no significant effects on growth in the first seven
weeks, while after nine weeks growth was significantly (p < 0.05) reduced (Van
Brummelen and Stuijfzand, 1993). Comparable results were found for the
isopod Oniscus asellus exposed to five different PAHs (Van Brummelen et al.,
1996). In these experiments not only growth was affected, but the number of
brood pouches as well (Van Brummelen et al., 1996). These observations clearly
demonstrate the importance of chronic toxicity tests for reliable hazard
assessment, preferably including complete life cycles of test organisms. The
present study indicates that time to emergence of insects is a very suitable and
sensitive chronic sublethal parameter for quantifying the effects of PAHs, as has
previously been observed for metals (Nebeker et al., 1984; Postma et al., 1995).
Considering the lack of acute toxicity of the metabolites ACO and PHO at
maximal water solubility, it might have been concluded that metabolism of
ACR and PHE neutralises toxicity (Bleeker et al., 1999). The present life cycle
experiments, however, showed that these metabolites also delay emergence.
This is in agreement with the acute to chronic ratio theory that chronic effects
often occur below acute effect concentrations (Kenaga, 1982).
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Table 6.1. Descriptive data of FA analysis (presented as suggested by Palmer, 1994).
N: number of pecten epipharyngis scored; R+L/2: character size; Size dependence: determined
by regression of IR-LI against (R+L)/2 and expressed here as the slope; R-L: right minus left
differences; skewness and kurtosis describe the shape of R-L frequency distributions; MSm:
measurement error mean square; of: non-directional asymmetry; df: approximate degrees of
freedom for non-directional asymmetry after partitioning out measurement error; FA: fluctuating
asymmetry index.

Treatment"

N

ACR-c
ACR-e

29
34
21
34
65
43
47
68
48
52

ACO-c
ACO-e
PHE-c
PHE-e
PHO-c
PHO-e
BID-c
BID-e
BQD-c
BQD-e

56
45

(R+L)/2
Mean ± se

Size dependence
(se, prob.)

6.12 ±0.13
6.04 ±0.16

-0.01 (0.23, 0.96)
0.09(0.13,0.47)

6.73
6.68
6.18
5.92
5.66
5.81

±0.13
±0.11
±0.10
±0.13
±0.15
±0.11

0.16(0.21,0.45)
-0.30(0.15,0.04)
0.08(0.10,0.47)

6.10
6.10
6.10
6.36

±0.11
±0.14
±0.11
±0.12

-0.12(0.13,0.35)
0.02(0.11,0.85)
-0.22(0.10,0.02)
0.03(0.15,0.84)
-0.07(0.13,0.57)
-0.22(0.14,0.11)
-0.11 (0.13,0.41)

Treatment"

Skew
± se

Kurtosis
±se

MS m "

ACR-c

-0.32 ±0.43

ACR-e
ACO-c

-0.03 ±0.40
0.37 ±0.50

1.54 ±0.85
-0.55 ± 0.79
-0.92 ± 0.97

ACO-e
PHE-c
PHE-e
PHO-c
PHO-e
BID-c
BID-e
BQD-c
BQD-e

0.46 ±0.40
-0.98 ±0.30
-0.44 ±0.36
0.32 ±0.35
0.25 ±0.29
-0.17 ±0.34
-0.32 ±0.33
1.13 ±0.32
-0.13 ±0.35

0.04 ± 0.79
0.93 ± 0.59
-0.15 ±0.71
0.24 ± 0.68
-0.13 ±0.57
0.51 ± 0.67
-0.30 ± 0.65
2.22 ± 0.63
-0.38 ± 0.69
B

(R-L)
Mean ± se
-0.17 ±0.21
0.18
0.07
0.10
-0.09

±0.17
± 0.20
±0.15
±0.11

0.08 ±0.18
-0.06 ±0.16
0.01 ±0.14
0.19
-0.47
0.07
0.11

±0.15
±0.16
±0.16
±0.15

IR-LI
Mean ± se
0.76 ±0.16
0.76 ±0.11
0.74 ±0.12
0.63 ±0.10
0.60 ± 0.08
0.94
0.77
0.82
0.67
0.94
0.72

±0.11
±0.11
± 0.09
±0.11
±0.12
±0.11

0.78 ±0.10

of"

dfb

FA
Mean ± se

0.060

0.62

0.051
0.036

0.48
0.41

25.46
29.72
18.34

1.29 ±0.44
1.02 ± 0.22
0.82 ± 0.20

0.029
0.075
0.064

0.35
0.37
0.67

30.39
52.50
38.22

0.71 ±0.19

0.066
0.109
0.036
0.315
0.054

0.55
0.57
0.50
0.50
0.53

40.85
55.65
43.77

1.14 ±0.26
1.24 ± 0.21
1.05 ±0.24

28.73
49.74

0.033

0.53

41.36

1.38 ± 0.28

1.08 ± 0.20

' c = control midges; e = exposed midges; computed using replicate measurements to partition
out measurement error, all other values are computed after taking average of replicate
measurements.
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The more delayed emergence in BID and BQD trials, which also showed high
mortality in late developmental stages, may be caused by a water renewal
during (moulting to) pupal stage, a stage vulnerable to physical disturbances
(Postma et a l , 1995).
Morphological

abnormalities

The use of fluctuating asymmetry as a measure for developmental stability
and genetic stress are generally accepted (Parsons, 1990; McLachlan and Cant,
1995; Vermeulen, 1995; Rabitsch, 1997; Groenendijk et al., 1998), but because of
the many assumptions involved which result in a complicated statistical
analysis, data from different FA studies are nearly impossible to compare
quantitatively (Palmer, 1994). Therefore, in this study we followed the primer of
Palmer (1994) to provide data which could be compared quantitatively with
other studies. However, since these data are scarce in the literature, in this
paper comparisons are also made with less well documented FA values.
Control FA-values in the present experiments (average 1.10; excluding the
non-normally distributed PHE and BQD controls), are highly comparable to
values for organisms found in a clean river (average 0.92; Groenendijk et al.,
1998). In azaarene exposed midges (excluding the directional asymmetric BID
exposed midges) no significant differences were found with the corresponding
controls. In contrast, in midges from a metal-contaminated river in Belgium FA
values were considerably higher (1.40-1.91, average 1.70; Groenendijk et al.,
1998). Furthermore, chironomids from sites contaminated with nitrates,
phosphates, ammonia, methanol and suspended matter showed even higher
FA-values (2.05 and 2.83 for the two sites examined; Clarke 1993).
The reason for the significant directional asymmetry in BID exposure is
unclear, but it is most likely due to a type I error because preliminary results on
the same compound (unpublished data) did not show this type of asymmetry
after exposure to similar concentrations. Furthermore, this kind of asymmetry
has never been reported in pecten epipharyngis of Chironomus riparius before
(Janssens de Bisthoven, 1995).
The absence of fluctuating asymmetry in azaarene exposed midges was
unexpected. Considering that the development of such abnormalities may
imply damage at the DNA level, it was tempting to predict that most of the six
compounds would elicit developmental disturbances, because all compounds
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were proven to be genotoxic to a certain degree in the Mutatox™ test (Bleeker
et al., 1999 and Table 6.2) and, if tested, in the Ames test as well (Warshawsky,
1992). However, this was not the case. Genotoxicity (Bleeker et al., 1999) and
developmental disturbances (this study) proved to be unrelated. Because
genotoxicity is related to DNA damage, this may indicate that developmental
disturbances observed in the midge are not. This is in accordance with recent
results from Vermeulen et al. (1997), who presented evidence that increased
levels of deformation in C. riparius are the result of disturbance of epidermal
growth during moulting events, rather than being classical teratogenic effects.
In contrast, Groenendijk et al. (1998) suggested that there could be some
heredity of FA effects. In that study, however, direct DNA-damage was not
studied, so their results might also be explained by hormonal disturbances in
parent generations, rather than by DNA-damage. Further supporting evidence
for the observations of Vermeulen et al. (1997) may be found in a comparison of
results from the present study with results from Walton et al. (1983). These
authors demonstrated strong teratogenicity of BID in crickets, in contrast to the
lack of induction of morphological abnormalities in the midge C. riparius in the
present study. Apparently, highly genotoxic or teratogenic compounds do not
necessarily induce morphological abnormalities like FA. Thus, the choice of
morphological parameter strongly affects the outcome of developmental
disturbance analyses, and thus the risk qualification of potentially hazardous
compounds.
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Chapter 7
Membrane-Azaarene
Interaction: A Preliminary
Molecular Mechanics Approach

Abstract
Narcotic effects are the result of toxicant-induced membrane disturbances.
Relationships between narcosis and hydrophobicity (log Kow) of toxicants are
well established. However, especially when isomers are involved, not all
toxicant-specific differences may be explained. We argue, therefore, that more
detailed, mechanism-based investigations of toxicant-membrane interactions
may be necessary. The present study investigates the interactions between a
computationally constructed model membrane and a selection of azaarenes
(as model substances). The membrane model was constructed from 16
l,2-dimyristoyl-Stt~glycero-3-phosphorylcholine molecules forming a bilayer.
Membrane-azaarene interaction energies were then calculated from solvation
energies to evaluate the importance of three different regions in the membrane:
in the polar headgroup, between the alkyl chains, and between the two layers.
Finally, a QSAR approach was used to compare the resulting energies with
previously measured toxicity data. Significant energy differences between the
compounds were only found in the headgroup and between the layers. Of these
two regions, the headgroup seems to be the most important for narcosis,
resulting in significant relationships between interaction energies and narcosis.
Although log Kow shows still higher correlation coefficients, it is less successful
in predicting narcosis for isomers. Furthermore, log Kow values are less
informative in terms of mode of action than solvation energies are. In addition,
the membrane model used is a simplified model. A further improvement of the
membrane model may, therefore, perform better than the log Kow model. Thus,
based on the preliminary results presented here, the approach used is a
promising tool in predicting narcosis.
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Introduction
In an organism chemicals partition between hydrophilic compartments like
cytosol, hydrophilic proteins and extracellular fluid, and hydrophobic
compartments like organellar and plasma membranes, hydrophobic proteins
and storage fat. Hydrophobic compounds will accumulate mostly in the
hydrophobic parts, including the cell membrane, the first hydrophobic part that
an extracellular compound encounters (Van Wezel et al., 1996). Compounds
entering the membrane can partition through the bilayer directly (Jin and
Hop finger, 1996) or bind to some kind of receptor that either facilitates or
hampers membrane partitioning (Franks and Lieb, 1990). This may either result
in or oppositely prevent bioaccumulation and toxicity. The receptors can occur
in five different regions: in the extracellular fluid, attached to the outer
membrane surface, embedded within the bilayer, attached to the inner
membrane surface, or in the cell lumen (Jin and Hopfinger, 1996).
For narcosis, a type of toxicity believed to result from membrane
disturbance, relationships with hydrophobicity of the compounds are well
known. The hydrophobicity is often expressed by the n-octanol-water partition
coefficient

(Kow) (Könemann, 1981; Veith and Broderius, 1990). Such

relationships, however, may not explain all toxicant specific differences in
narcotic effects, especially when isomers are involved (Bleeker et al., 1998). We
argue, therefore, that more detailed, mechanism-based investigations of
toxicant-membrane interactions may be necessary.
In this study azaarenes were chosen as model toxicants. Azaarenes are a
group of polycyclic aromatic hydrocarbons in which one in-ring carbon atom is
substituted by a nitrogen atom. As a result azaarenes are more water soluble
than their homocyclic analogues (Pearlman et al., 1984). This may increase their
ecotoxicological significance, especially in aquatic environments. In a series of
recent studies (Bleeker et al., 1998; Bleeker et al., 1999ab) the toxicity and
genotoxicity of members of this group of compounds have been reported.
For the azaarenes a first attempt to explain toxicity using toxicant-membrane
interactions was conducted by (Kraak et al., 1997), who suggested that isomer
differences in toxicity towards zebra mussels were caused by differences in the
way the compounds fitted between the alkyl-chains of the phospholipids. These
chains, however, are only part of the membrane lipids. Since azaarenes are
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reasonably hydrophilic, the polar headgroup of the phospholipid may be a
much stronger barrier for these compounds than the alkyl chains, because the
azaarenes will dissolve better in the polar region, which may hamper further
diffusion. Furthermore, a third region can be distinguished within a biological
membrane, i.e. between the two bilayers (Jin and Hopfinger, 1996). The
importance of each of these regions depends on the location of the toxicant
receptor (e.g. a membrane protein). For instance, if the receptor is located
between the bilayers, the toxicant has to pass through both the head group and
the alkyl chains in order to reach the receptor, so the more difficult this is, the
less toxic the compound will be.
The aim of the present study was to evaluate the role of diffusion in narcosis,
together with other types of interactions between membranes and azaarene
substrates. To that end a computational approach was used. First, a membrane
model was constructed from available crystallographic data, based on
l,2-dimyristoyl-src-glycero-3-phosphorylcholine (DMPC) (Pearson and Pascher,
1979; Hauser et al., 1981), one of the main phospholipids in biological
membranes (Downer, 1985). Next, interaction energies were calculated to
evaluate the importance of three different regions that can be distinguished in
the DMPC bilayer model for membrane-substrate interaction. Finally, the
resulting energies were compared in a QSAR approach with previously
measured toxicity data.

Methods
Azaarene optimisation
The following azaarenes were selected for the study: quinoline (QUI),
acridine (ACR), phenanthridine (PHE), benzo[ƒ]quinoline (BFQ), benzo[/z]quinoline (BHQ), benz [a J acridine (BAA), benz[c]acridine (BCA), benz[g]isoquinoline-5,10-dione (BE)), benzo[g]quinoline-5,10-dione (BQD), acridone, both
in enol (ACOe) and keto form (ACOk), and phenanthridinone, also in both
tautomeric forms (PHOe and PHOk, respectively). Although the keto form is
more stable and, therefore, more favourable than the enol form (Roberts and
Caserio, 1967), the enol form can be favourably influenced by a number of
causes, summarised by Elguero et al. (1976). Partial bond fixation e.g. as in
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3-hydroxyisoquinoline favours this tautomer over the 3-isoquinolone form.
More importantly perhaps are the effects of phase and temperature. The enol
form is favoured in nonpolar solvents and in the gas phase, and at high
temperature in polar or low temperature in nonpolar solvents. For example, in
water the conversion of the hydroxy into oxo form is exothermic (AH < 0), in
less polar solvents it becomes less exothermic, and in dioxan it is endothermic.
Furthermore, the annelation of two benzene rings in acridone, compared to
4-pyridone, considerably increases the relative stability of the oxo form. For
these reasons, in this study, both mesomeric forms of acridone and
phenanthridinone were incorporated.
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Figure 7.1. Atom charges for all optimised azaarenes, calculated by the AM1 and PM3
methods. The different symbols refer to the different atom types as defined by HyperChem. The
arrows point at specific atoms (see text for details).

To calculate membrane-azaarene interaction energies molecular mechanics
were used (see below), but to this end atom charges had to be calculated for
each azaarene. All azaarene molecules have been drawn in HyperChem
(Hypercube Inc., Version 5.1), followed by the option Model Build to get the
3D-structure. The geometry of this 3D-structure was then further optimised,
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using either AMI or PM3 with the Polak-Ribiere optimiser. The convergence
limit was set to 0.05 (kcal /mol), accelerate convergence was turned on and the
criterion of the RMS gradient was set to 0.05 (kcal/Â-mol).
Comparison of calculated atom charges from AMI and PM3 shows that in
general there is a strong linear correlation between the two methods (r2 = 0.88).
However, differences occur when atom charges for the keto forms of acridone
and phenanthridinone are calculated, especially when the nitrogen atom is
considered (Fig. 7.1, open triangles). With PM3 a positive charge is calculated
for this atom, while AMI results in a negative charge. In addition, other atoms
from or directly connected to the N-containing ring also showed deviations
from the linear correlation (Fig. 7.1, arrows), indicating that especially in this
case PM3 and AMI use different parameterisation for calculating charges.
Therefore, a third calculation method was used for both tautomers of
acridone and phenanthridinone: the minimal (STO-3G) ab initio method. This
method was chosen, because ab initio methods are generally considered less
simplified and, therefore, more accurate than semi-empirical methods (Doucet
and Weber, 1996). Ab initio computational time, however, is much longer than
that of semi-empirical methods. In addition, in the literature more results are
available for semi-empirical than for ab initio methods. Therefore, in this study
the ab initio method was only used to enable a choice between the AMI and
PM3 methods. The ab initio calculations resulted in a negative charge for the
nitrogen atom in the keto form, and consequently in a better correlation
between STO-3G and AMI calculated atom charges (r2 = 0.83) than between
STO-3G and PM3 (r2 = 0.48). Consequently, in this study, AMI calculated atom
charges were used.
To further optimise the structures and the membrane-azaarene complexes
the molecular mechanics method MM+ was used. This MM+ method can be
applied in two different modes for the calculation of electrostatic interactions:
based on either bond dipoles or atomic charges. To evaluate which mode gave
better results, three structures were selected for which experimental dipole
moments were available: phenol, pyridine, and quinoline. For these molecules
atom charges were calculated as before with AMI, starting with geometry
optimisation, followed by a single point calculation for the resulting geometries.
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The resulting structures were then further optimised twice using MM+, either
with atomic charges or with bond dipoles.
The dipole moments calculated with bond dipoles appeared much higher
than those based on atomic charges, which is in agreement with the literature
(Stewart, 1990). Experimental data showed still higher values. We concluded
that for MM+ calculations the bond dipole method seems more appropriate
than the atomic charges method. In addition, the membrane model used (see
below) had also been optimised with the bond dipole method.
Construction

of the phospholipid

bilayer membrane

model

The membrane used in this study is constructed from 16 molecules of
l,2-dimyristoyl-s«-glycero-3-phosphorylcholine (DMPC) and 2 water molecules
per DMPC molecule (Govers, in prep.). This resulted in a phospholipid bilayer
of 8 against 8 DMPC molecules with water molecules within the polar head
groups (Fig. 7.2). Atomic charges of all DMPC atoms were set at zero, except for
nitrogen (+1) and the two equivalent oxygen atoms bonded to the phosphorous
atom (each -0.5). Atom charges of H 2 0 atoms were obtained from an AMI
optimisation (H: +0.191; O: -0.383).
To decrease calculation times some restrictions were incorporated into the
membrane model. Inner and outer radii for atom-atom parameter summation
were set at 10 and 14 Â, respectively, and restraints (128 for the full membrane)
were applied to distances (corresponding to z = 9.077 and x = 9.285 Â) of
nitrogen and phosphorous atoms in the polar heads and carbon atoms at the
end of the alkyl chains, and to angles (90°) between x and z edges (further
details for the bilayer construction can be found in Govers (in prep.). After
optimisation, the restraints were removed and a single point MM+ calculation
was performed to calculate the unrestrained energy of the membrane.
Incorporating azaarenes into the membrane
Optimised azaarene structures were placed into the membrane at positions
along the central channel of the membrane model (Ch in Fig. 7.2C). This
channel was chosen to minimise effects of the vacuum surrounding the model.
For ACR and PHE and both tautomers of their respective metabolites acridone
(ACOe and ACOk) and phenanthridinone (PHOe and PHOk) a total of nine
positions was tested, denoted by Hla, H l b , H2, H3, CI, C2, Ml, M2 and M3
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(see below). The 6 structures were selected to look for differences between
isomers and between tautomers. From the calculations with these six structures
and nine positions, two positions emerged that showed the most distinct
differences between the six compounds. Only these two positions were then
used to calculate membrane-azaarene interaction energies for the remaining
seven azaarenes.

Figure 7.2. The DMPC bilayer membrane model seen from three different sides (A,B,C). The
Ch in C indicates the central channel through which the azaarenes were placed in the
membrane. H1, H2 and H3 are the sites where azaarenes were placed in the headgroup, C1
and C2 those between the alkyl chains and M1-3 indicates the locations where azaarenes were
placed between both layers (see text for details).

The HI position (Fig. 7.2) was optimised twice for each molecule, i.e. with
different starting positions (a and b), rotated 180° between each other in such a
way that the N-atom is either pointing away from the phosphorous bound
oxygen (Hla) or pointing towards it (Hlb). Position H2 is situated more inside
the membrane, while position H3 is at a similar position, but between different
chains (Fig. 7.2BC). CI and C2 positions are situated between the alkyl chains,
where CI is situated closer to the polar region of the membrane. Ml and M2 are
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positioned between the layers (Fig. 7.2, Ml-3), Ml with the length and width of
the molecule along the y and x axis respectively, and M2 with those along the
x and y axis, i.e. rotated 90°. The M3 position is somewhat tilted between the
layers in the cavity formed by two opposing 'short' chains.
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Figure 7.3. Schematic overview of the calculations performed in this study (see text for details).
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For each position 6 energy terms were calculated by HyperChem as a
measure of the way the membrane and the azaarene change due to their mutual
interactions. These energy terms consist of the interaction energies of the atoms,
both within and between molecules, and they include: the energy of the
membrane before insertion of an azaarene (EMo), the energy of the azaarene
before insertion into the membrane (EAo), the energy of the total azaarenemembrane complex (EMA), the energy of the azaarene-adapted membrane (EM),
and the energy of the membrane-adapted azaarene (EA) (Fig. 7.3). From these
energies a solvation energy (AEMA = EMA - [EMo + EAo]), a membrane cavity
formation energy (AEM = EM - EMo), and an azaarene adaptation energy
(AEA = EA - EAo) can be calculated.
In previous studies significant relationships were found between toxicity and
log Kow of azaarenes (Bleeker et al., 1998; Bleeker et al., 1999). Although not all
toxicant-specific effects could be explained by these relationships, they indicate
that the role of the surrounding water in toxicity mechanisms could not be
neglected. Therefore, in the present study a model of pure water was used in
which the same azaarenes were placed to calculate hydration energies. This
model consisted of a periodic box (HyperChem option; dimensions: 18.12 x
18.53 x 18.43 Â) with 208 water molecules (= 624 atoms), which results in
dimensions comparable to one third of the membrane model. Furthermore, this
resulted in a the natural density of 1.000 g water/cm 3 . Atom charges of the
water molecules were again obtained from an AMI optimisation (H: +0.191;
O: -0.383) and geometry of the model was again optimised with MM+ (bond
dipoles).
This model was then used to calculate the hydration energy for each
azaarene. The azaarene was placed in the middle of the periodic box with
water, after which the water-azaarene complex was optimised with the MM+
bond dipole method. Inner and outer radii for atom-atom parameter
summation were set at 5.06 and 9.06 Â, respectively, and convergence limit was
set at 0.20 for a Steepest descent pre-optimisation. The complex was then
further optimised in Newton-Raphson mode with 0.05 convergence limit.
Finally, and analogously to the DMPC model, the periodic box was removed to
calculate the actual energy of the system.
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The hydration energy (AEWA) can then be calculated with the following
formula
A^WA =

EWA

—

(^Ao

+

^Wo)

in which EWA is the energy of the optimised water-azaarene complex (without
the box), EAo is the energy of the isolated azaarene, and EWo is the energy of the
water model (without the azaarene and the box).
An overview of all calculations is given in Fig. 7.3.
Finally relationships were sought between (geno)toxicity data and calculated
solvation and hydration energies, to gain insight in the role of membraneazaarene and water-azaarene interactions in (geno)toxicity. In addition,
relationships were sought between (geno)toxicity and energy differences, i.e.
between hydration energies and either H l a or Ml solvation energies as a
measure for diffusion from the water into the membrane, and between H l a and
Ml solvation energies as a measure for diffusion within the membrane.

Results
Fig. 7.4 presents the solvation energies for each starting position of acridine,
phenanthridine and both tautomers of both acridone and phenanthridinone.
This figure shows that the differences between solvation energies of various
azaarenes amount to only a few kcal/mol at positions H2, H3, Cl, C2, Ml and
M2. Positions HI (both a and b) and M3 yield larger differences, which can be
as high as several tens of kcal/mol.
Considering this, H-positions and M-positions seem most suitable for
determining differences in azaarene-membrane interactions between closely
related compounds, i.e. isomers on the one hand and parent vs. metabolite on
the other. For the other seven azaarenes, therefore, one H-position and one
M-position were selected for energy calculations.
Considering the head-group, a selection had to be made between H2, H3,
H l a and Hlb. The H3 position is situated outside of the central channel, so the
vacuum around the model might influence the calculations. As for the H2
position, it does not show significant differences between the compounds.
Therefore, an HI position seems more appropriate for describing differences in
azaarene-membrane interactions. This leaves us with the question whether to
choose H l a or Hlb. In this respect, the relatively large difference between the
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two ACOe orientations (cf. Fig. 7.4) is striking, but during the optimisation of
the H l b position, this particular azaarene is moved to the outside of the
membrane, partly into the vacuum, logically resulting in a very low solvation
energy. In reality, however, the membrane is surrounded by water molecules,
which are likely to make it more difficult to move the azaarene out of the
membrane. Since for the other molecules the H l a position results in solvation
energies lower or equivalent to that of the H l b position, the H l a position is
selected for calculations with the other seven azaarenes.
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Figure 7.4. Solvation energies for the optimised membrane-azaarene complexes, calculated by
MM+ for 9 possible locations in the membrane. See text for details.

Considering the M-positions, M2 shows little distinction between the
compounds, narrowing the choice for an M-position to either Ml or M3. The
M3 starting position, however, seems unfavourable, because the molecule,
when put in this position, starts to move through the membrane, resulting in an
optimised position near or partly in the vacuum around the model. The
vacuum is of course absent in reality and, therefore, calculated energies for the
optimised M3-position are probably less reliable. Hence, the H l a and Ml
position were used for calculations of the other seven azaarenes.

116.

Chapter 7

Table 7.1 shows the calculated (differences between) solvation and hydration
energies for each of the thirteen compounds, together with LC50 values for the
midge Chironomus riparius and LOEC values of the Mutatox™ genotoxicity tests
(both taken from Bleeker et al., 1999ab). Since accurate LC50 values for the
metabolites and LOEC values for BFQ and BCA are lacking, these compounds
were not included in the corresponding correlations. Furthermore, during
optimisation of BHQ in the H l a position, this molecule moves to a H2 like
position, resulting in a much lower solvation energy in comparison with the
other benzoquinolines. Therefore, relationships with H l a solvation energies
were also calculated without considering BHQ.
Table 7.1. Calculated energy values (kcal/mol), log K^ values and (geno)toxicity data (uM) for
the azaarenes tested. H1a: solvation energy in position H1a; M1: solvation energy in position
M1; H1a-M1: difference between solvation energies in position H1a and M1; hydration:
hydration energy; M1-Hydr.: difference between hydration energy and solvation energy in M1
position; H1a-Hydr.: difference between hydration energy and solvation energy in H1a position;
log LC50: logarithm of 96 h LC 50 value for Chironomus riparius; log LOEC: logarithm of
LOECgenotoxlcily tested with the Mutatox™ test; see text for compound abbreviations.

Compound

Solvation energy
H1a
M1
H1a-M1

QUI

10.48

ACR
PHE
BFQ
BHQ
BAA
BCA
BID
BQD
ACOe
ACOk
PHOe
PHOk
a

-7.17

9.40 -10.57
19.72 -2.35
9.97
4.25
-13.56a -2.24
0.29
5.41
-2.67
4.02
10.76
10.55
24.32
4.56
19.78
17.48

-0.42
-3.14
-7.83
-7.57
-2.43
-1.28

17.65
19.97
22.06
5.72
-11.27
-5.13
-6.69
11.18
13.69
32.15
12.13
22.22
19.12

hydra-

H1a-

log«™

log

log

LC50

LOEC

tion

M1Hydr.

Hydr.

-30.93

23.76

41.41

2.04b

1.58

1.94

-26.14
-24.09
-23.58
-21.48
-29.55
-31.46

15.57
21.74
27.83
19.24
34.96
35.48
41.43
33.39
19.99
29.31
20.55
28.01

35.54
43.81
33.55

3.20b
3.48c
3.40b
3.60b
4.49c
4.49c

-0.40
0.53
0.67

0.27
0.09
> -0.92
0.41
-2.00
> -0.72

2.16C
2.16C
2.84c

-0.18
0.97
>0.68

5.28°
3.59c
2.70e

>0.68
>0.54
>0.54

-41.85
-36.53
-27.82
-36.88
-22.99
-29.28

7.96
29.84
28.79
52.61
47.08
52.14
41.44
42.77
47.12

0.53
-1.18
-1.52

-0.91
-0.58
-2.30
-2.30
0.64
0.64

this molecule is moved during optimisation to a more H2-like position; b these log Kow values
are experimental data, taken from literature (De Voogt et al., 1988); c these log Kow values are
estimated with the ClogP model provided by the Environmental Science Center of Syracuse
Research Corporation (internet: http://esc.syrres.com/~ESC/kowexpdb.htm).
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The first part of Table 7.2 shows regression statistics for (linear) relationships
between experimental LC50 values and either log Kow or energy descriptors. It
can be seen that for LC50 values vs. energy related descriptors no significant (i.e.
p > 0.05) correlation coefficients could be found, unless BHQ was left out of the
data set. In the latter case LC50 values showed significant relationships with
solvation energies in the H l a position and with the differences between
solvation energies in the H l a and the Ml positions. Furthermore, correlation
coefficients of LC50 with log Kow and with the difference between H l a solvation
energies and hydration energies improve when the group of compounds is
made more homogeneous by leaving out BID and BQD (Table 7.2; no BHQ/
BID/BQD).
Table 7.2. Regression statistics for correlations of selected energy parameters with log LC.»
and log LOECgenotoxicity, respectively. N: number of azaarenes used in the regression; r2: the
proportion of the variance that is described by the regression line; slope: the slope of the
regression line; p: the probability of the regression line; see text for compound abbreviations.

All
compounds
(N = 9)
r2
LogK™
H1a

slope

p

0.55 -0.69

0.02

H1a-M1

0.13 3.49
0.24 6.03

0.34
0.18

H1a-Hydr.

0.05

0.58

2.77

r2

no BID/
BQD
(N = 7)
slope p

r2

no
BHQ
(N = 8)
slope

no BHQ/BID/
BQD
p

0.77 -0.66 0.01
0.12 3.47 0.44

0.61 -0.73 0.02
0.54 4.73 0.04

0.23 6.05
0.04 2.12

0.50 7.27
0.31 4.46

0.28
0.67

0.05
0.15

r2

(N = 6)
slope

p

0.82 -0.70 0.01
0.57 5.12 0.08
0.51 7.72 0.11
0.66 4.15

0.05

LOEC-regression statistics (all without BFQ, BCA, ACOe and PHOe)
All

no BID/BQD/

compounds

ACOk/PHOk

(N = 9)
r2

slope

p

LogK™

0.46 -0.57

H1a
H1a-M1

0.04 1.59 0.57
0.11 2.85 0.39
0.00 -0.61 0.87

H1a-Hydr.

0.04

r2

(N = 5)
slope

p

no
BHQ

r2

(N = 8)
slope

no BHQ/
BID/BQD/
ACOk/PHOk
(N = 4)
p

r2

slope

p

0.92 -0.60 0.01

0.52 -0.61 0.04

0.98 -0.62

0.01

0.04 1.88
0.22 5.22
0.04 1.91

0.39 2.83
0.47 4.19

0.10
0.06

0.04

0.62

0.30 2.69
0.61 6.10
0.57 2.92

0.45
0.22
0.25

0.73
0.42
0.76

1.06

118.

Chapter 7

Statistics for the linear relationships between energy related descriptors or
log Kow, and genotoxicity are given in the second part of Table 7.2. No
significant correlation coefficients with membrane energy values could be
found (p > 0.05). Log Kow values, however, do show significant correlations, and
also H l a solvation energies and Hla-Ml solvation energy differences show
significant (p < 0.1) correlation coefficients, if BHQ is left out. In these latter
cases, however, the regression lines only describe small parts of the variation
(r2 < 0.5).

Discussion and Conclusions
Narcosis of azaarenes, as expressed by the LC50 values, can be at least partly
explained with solvation energies when positioned in the polar region of the
membrane. The lower the solvation energy in the polar region, the higher the
toxicity. This indicates that penetration of the membrane may be a driving force
behind narcosis. For the diffusion parameter describing this process (the
difference between H l a solvation energy and hydration energy), however, this
only holds for a more homogenous group of azaarenes (Table 7.2; no
BHQ/BID/BQD). Log Kow shows an even higher correlation coefficient with
LC50 values than membrane solvation energy values do. For isomers, however,
log K„w is much less successful in predicting narcosis (Kraak et al., 1997). In
addition, log Kow values are less informative in terms of mode of action than
solvation energies are. Log Kow only describes the equilibrium between a
hydrophobic solvent (octanol) and water, while the solvation energies used in
the present study describe the interaction with the membrane itself. In
particular, solvation energies for the Hla position show a correlation coefficient
with LC50 only slightly lower than that with log Kow (r2 = 0.54 vs. 0.61). This is
even more striking, when considering that the membrane model used is a
strongly simplified model. The membrane in the present study was constructed
from DMPC molecules, whereas in insect membranes it is known that DMPC is
only one of the phospholipids involved (Downer, 1985). In addition, the model
may be further improved by adding a water-layer to the outside of the
membrane. For PCBs the importance of such a non-stirred water layer has been
demonstrated (Dulfer et al., 1995; Dulfer and Govers, 1995).
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Another point of inaccuracy is the fact that solvation energies only describe
the enthalpy processes involved, i.e. entropy processes are ignored. It has been
argued, however, that entropy might strongly influence water-membrane
partitioning process (Dulfer, 1996; Vaes, 1998), especially when hydrogen
bonding is involved.
For predicting the genotoxicity of azaarenes the membrane model calculation
appears less appropriate than K^. This is of course not surprising, since
genotoxicity implies additional interaction with the genome after initial passage
of the membrane. Apparently, the type of interactions described by membrane
solvation energies are not the limiting step(s) in the genotoxicity. Other
processes, e.g. DNA-azaarene interaction or azaarene-transport protein binding
are probably more important and seem to be better described by the Kow.
In conclusion we can state that the preliminary calculations of solvation
energies appear to be a promising tool for predicting narcosis of a compound.
Especially when structurally related toxicants (e.g. isomers) are involved, an
improved membrane-interaction model may perform better than the log Kow
model.
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Chapter 8
Concluding Remarks

Structural Diversity and Diversity of Effects
The present study showed that even within a limited series of related
compounds, i.e. azaarenes, small differences in molecular structure (e.g. among
isomers) lead to very different biological effects. Such differences in biological
effects are enhanced by the capacity of aquatic biota to transform azaarenes
(Chapters 2 and 3), which increases the number of compounds involved. Such
biotransformation has shown to be compound or even isomer specific for
different biological species. The prominent transformation products in this
study were oxides, whereas in other studies hydroxides and epoxides are
mentioned as major products (Chapter 3). Thus, different reactive groups are
introduced in the basic structure of azaarenes. Subsequently, such products
were shown to be genotoxic (Chapter 5). So far, these differences in biological
effects between isomeric products like acridone and phenanthridone (Chapter
5) can not be predicted from previous observations on transformation of
homocyclic PAHs, especially considering the direct genotoxicity of all
azaarenes tested: all azaarenes induced genotoxicity without metabolic
activation, in contrast with most homocyclic PAHs needing such activation.
The wide range of molecular structures of PAHs are likely to influence a
wide variety of biological endpoints. In the present study, some of these effects
have been identified, which resulted in compound and even isomer specific
effects (Chapters 4 and 5). Even when acute toxicity was reduced by
biotransformation, the metabolites showed life cycle effects comparable to their
parent compounds. Furthermore, several sets of isomers showed significant
differences in acute toxicity and genotoxicity. Yet, the endpoints tested in the
present study are only few of the possibilities and, therefore, it seems likely that
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the spectrum of different biological responses to azaarenes is considerably
wider than could be demonstrated here.
In the present study, the genotoxic potential of azaarenes was identified
using the Mutatox™ test. Although this Mutatox™ test generally discriminates
well between carcinogens and non-carcinogens, Salmonella tests are generally
more sensitive (Legault et al., 1994), indicating that genotoxic effects of
azaarenes may occur at even lower concentrations (cf. Chapter 5). By using the
Mutatox™ test, however, effects on the regulation of genes may be included.
Such gene regulation is vital in developing organisms and its disturbance may
result in long-term effects of azaarenes. In addition, the observed delay in
emergence can be speculated to have great influence on subsequent generations
(cf. Van Brummelen et al., 1996), especially considering hibernation of the
species.
From the results in this thesis it is concluded that the many structurally
different homocyclic and heterocyclic PAHs act upon a wide spectrum of
biological receptors. Natural processes of biotic and abiotic transformation
enhance the number of variables determining the specific effect on natural
(aquatic) species. It seems unavoidable that several of these variables need
further exploration. In the next paragraphs some of the approaches are
indicated.

Towards a Hierarchy of Toxic Effects
An attempt was made to analyse the observed biological responses to
azaarenes (Tables 5.1 and 6.2) and relate the different types of toxicity to the
molecular structure of the compounds. Fig. 8.1 summarises some of the present
observations showing a plot of the relationships between biological effects (two
parameters) and a single physicochemical property (log K..J, following the
many studies that relate narcosis to log Kow as a measure of lipophilicity
(Könemann, 1981; Van Leeuwen et al., 1992; Verhaar et al., 1992). Comparing
the present results for azaarenes with other studies, however, indicates that
especially hydrophobic azaarenes are more toxic than can be predicted from
other groups of narcotic compounds.
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Figure 8.1. Acute toxicity (LC50; black symbols) and genotoxicity (LOEC; open symbols) plotted
versus log K0„ values (results from Chapters 4-6). a-c: relationships based on QSARs for
narcotic chemicals (taken from Van Leeuwen et al., 1992); a: based on 96 h LC 50 for the
copepod Nitocra spinipes; b: based on 96 h LC50 for the fish Pimephales promelas; c: based on
48 h LC60 for the daphnid Daphnia magna; d: based on 96 h LC60 for the midge Chironomus
ripahus (this study, black squares only); e: based on LOECgenotOKidty data (this study, open
squares only). The diamonds in the figure are experimental LC50 values (black diamonds) or
LOEC genotoxicity values (open diamonds), which were not used in the relationships d and e (see
text for details).

If lipophilicity related narcosis would predominate over other effects, it
would be expected that simple linear relationships according to Könemann
(1981) and Van Leeuwen et al. (1992) would provide reliable descriptions of
effects observed in this thesis. The decreased effects of the metabolites,
compared to their parent compounds, could indeed be explained by a change in
log Kow, although in this case only by recognising tautomerism, a special kind of
isomerism exhibited by the metabolites. For other compounds, however, such a
simple relationship evidently does not provide powerful explanations for the
observations (Fig. 8.1). For narcotic effects (Chapter 4; acute toxicity) and
genotoxicity (as tested with the Mutatox™ test; Chapter 5) several compounds
are outlying (Fig. 8.1, diamonds vs. squares). The tautomeric forms of the
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metabolites even enhance this observation, indicating that lipophilicity based
toxicity is an oversimplification of azaarene toxicity. This is most likely also true
for homocyclic PAHs.
A more complete explanation, therefore, has to be found. The difference in
acute toxicity of acridine from a generalised log Kow model was explained by
the photosensitivity of this compound, indicated by the HOMO-LUMO gap,
lying in the phototoxic region as defined by Mekenyan et al. (1994) for PAHs.
This suggests that this HOMO-LUMO gap should be incorporated into a
predictive model for acute toxicity. Neither of the explanations given so far,
however, could explain the toxicities of either benz[g]isoquinoline-5,10-dione or
its isomer benzo[g]quinoline-5,10-dione, let alone the differences between the
two. Although their structure is clearly different from the other azaarenes, due
to the two double-bonded oxygen atoms, this cannot explain the differences in
(geno)toxicity between these two isomers. It can, therefore, be argued that,
apart from log Kow and the HOMO-LUMO gap, other molecular or physicochemical properties supersede narcosis. It is likely that for genotoxicity such
parameters should also exist, most likely related to the way they interfere with
DNA and gene regulation.
It is concluded that it seems essential for a systematic analysis of effects of
(N)PAHs to construct calculation routines for toxic action that provide effective
explanations for overall effects. So far, this seems to be effective for mixed
narcotic-phototoxic effects, but for genotoxicity such a chemical cue could not
be detected.

Computing Toxicity
Since narcosis is generally assumed to be related with membrane
interactions, these interactions were studied more closely by using a
computational membrane-model (Chapter 7), to calculate interaction energies
for membrane-azaarene interactions. The high correlation coefficients between
the two indicated that the membrane model showed good possibilities in
describing this type of toxicity. Furthermore, once the target site is identified, a
similar approach could be used for predicting other biological endpoints,
showing the high potential of a mechanism-based approach in predicting
(eco)toxicity.
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To fully understand the toxicological impact a compound can exhibit,
however, it appears to be essential to relate the different types of toxicity to the
compound's structure, which would result in a multi-endpoint based QSAR.
This would obviously imply a multiple regression approach, in contrast to the
often used two-dimensional regression. Such an approach has been used in
other studies (e.g. Geladi and Tosato, 1990), although in most cases different
biological species are compared for a similar type of toxicity. Such multiendpoint QSARs could also be useful in determining the role of biotransformation in toxicity, on the one hand incorporating effects of the parent
compound and on the other the effects of its (stable) biotransformation
product(s).

Risk Assessment
In the Netherlands risk assessment of PAHs is based on homocyclic
compounds only, in particular a group of 10 representative PAHs (Slooff et al.,
1989). Results presented in this thesis, however, showed the (eco)toxicological
relevance of azaarenes, which is only one (small) group of heterocyclic
compounds: at concentrations comparable to those in the field (0.1-1 ug/1; Van
Genderen et al., 1994), toxicity of azaarenes has already been shown.
Biotransformation not only enlarges the group of compounds involved, but it
may also alter the toxic activity, either in intensity or in biological endpoint that
is influenced. So, for a vast number of structures, some of them showing a
much higher toxicity than the selected homocyclic PAHs, there is no protection
provided by the current environmental standards. Quality criteria for PAHs,
therefore, should incorporate heterocyclic compounds and biotransformation
products.
It has been argued that the most important toxicant exposure route for
aquatic life is via the water (cf. De Voogt et al., 1991). It can, therefore, be
argued that quality criteria for PAHs should be related to water solubilities. The
water solubility of two-ringed structures is generally so high (Pearlman et al.,
1984) that concentrations found in the aquatic environment (0.1-1 ug/1 for most
two-ringed structures; Van Genderen et al., 1994) are likely to be too low to
induce toxicity. For larger PAHs (structures with four or more rings) the
opposite holds: these structures are generally strongly hydrophobic, resulting
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in low bioavailabilities (water solubilities are low, resulting in disappearance of
benzacridines from the test solution within 96 h; Chapter 4). It is argued,
therefore, that three-ringed toxicants appear to be the most relevant in aquatic
environments. Furthermore, this study has shown that primary biotransformation products of such three-ringed structures are quite soluble in water
themselves, which enhances the toxicity routes involved. Such biotransformation processes may be incorporated in risk assessment models by
estimating the reactive site(s) in a compound, especially for oxygenation and
hydroxynation, which have been shown extensively as the primary biotransformation steps (e.g. Chapters 2 and 3; Kochany and Maguire, 1994).
Structure-activity relationships have been widely recognised as a useful tool
in risk assessment. Such relationships, however, often focus on one particular
biological endpoint, while neglecting others. Yet, one compound can influence
several endpoints, depending on exposure dose and duration, indicating that if
risk assessment is solely based on one-endpoint QSARs, the chance of missing
other endpoints cannot be neglected. Multi-endpoint approaches, therefore,
appear to be a necessity, incorporating different types of effects, including those
of biotransformation products. For a proper estimation of such effects, some
way of relating metabolite induced effects to those induced by the parent
compound should be defined. One such an approach could include a comparison of the distribution of toxic effects for a number of species induced by either
the parent compound or the metabolite. For instance, when one biological
endpoint is stronger influenced by a compound, this would result in a skewed
distribution of effect concentrations over the different biological endpoints.
Another point of concern is the inappropriate inclusion of

time-dependency.

Although this time-dependency has been recognised and has lead to the
calculation of acute-to-chronic-ratios (Kenaga, 1982; Mayer, 1990; Länge et al.,
1998; Roex et a l , 1999), caution is necessary in using such ratios. Kenaga (1982)
found that acute-to-chronic-ratios (ACRs) for PAHs were always below 10,
whereas in our study we found values as high as 50. This suggests that the
standard safety factor of 10 for extrapolating chronic effects from acute effects,
which is used in risk assessment, should be adjusted. Such adjustment could
include a summation of the different kinds of effects related to the molecular
structure of the toxicant.
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In conclusion, it is argued that the role of heterocyclic compounds and
metabolism should be incorporated in order to obtain reliable structure-activity
relationships, thus enabling a reliable risk assessment for polycyclic aromatic
compounds.
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Summary

In the present study a systematic analysis of the relationships between
molecular structure and several effects in aquatic biota was performed for
azaarenes, a group of nitrogen heterocyclic poly aromatic hydrocarbons. Special
attention was given to biotransformation, because this process enlarges the
group of compounds involved, thereby altering the intensity or the mode of
toxic action. Differences in toxicity between isomers were analysed in order to
find molecular key factors determining biological effects. Also different
biological endpoints, such as acute narcosis, genotoxicity and life-cycle effects,
were studied comparatively and relationships were sought between the
different adverse effects and molecular properties. Through a synthetic membrane model, a first step was taken towards a fully computational analysis of
azaarene toxicity.

The first part (Chapters 2 and 3) of the thesis focuses on the metabolism of two
azaarenes (the isomers acridine and phenanthridine) by aquatic organisms.
Chapter 2 describes the identification of these two major metabolites using
different analytical methods, including HPLC, GC and hyphenated LC- or
GC-MS. This study illustrates the typical problems with, as well as the potency of,
chromatographic methods when elucidating metabolic routes of organic
contaminants. The zebra mussel (Dreissena polymorpha), a green alga (Selenastrum
capricornutum) and periphyton or bacteria were found to transform acridine into
9(10H)-acridinone (acridone). Its isomer 6(5H)-phenanthridinone (phenanthridone) was found as a biotransformation product of phenanthridine in experiments with midge (Chironomus riparius) larvae, although the actual producer of
this metabolite, bacteria or midges, could not yet be identified. These findings
indicate that closely related compounds like isomers may undergo species specific
biotransformation, i.e. some species are capable of transforming one compound
(e.g. acridine), while they cannot transform another (e.g. phenanthridine). It was
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concluded that, unlike homocyclic PAHs, benzoquinolines are transformed to
keto-metabolites.
Having assessed the strong species and compound specificity of biotransformation of azaarenes by aquatic invertebrates and algae, the metabolism of
phenanthridine was further studied in separate experiments with midge larvae
and carp (Chapter 3). In both experiments, again phenanthridone was observed
as a major metabolite. In the midge experiment this metabolite appeared to be
principally formed by bacteria growing on the food. In both experiments, after
an initial increase, phenanthridone concentrations in the water decreased,
indicating that the metabolite itself was further degraded to non-observed
compounds. This metabolite transformation was due to bacteria and midges
acting together in the midge experiment, and to carp in the fish experiment.
Internal concentrations of phenanthridine and phenanthridone were below
detection limits in the midge larvae, whereas high concentrations of both
compounds were observed in carp organs, suggesting a major role of bile and
liver. Only part of the phenanthridine loss could be accounted for by its
transformation into phenanthridone. Hence, apart from phenanthridone
formation, other metabolic pathways may be involved. The results described in
Chapters 2 and 3 demonstrate that biotransformation capacity is strongly
species specific, suggesting that the toxicity of organic compounds strongly
depends on the biological species present in the environment.
To assess the toxicity of azaarenes, acute toxicity was determined to first instar
Chironomus riparius larvae (Chapter 4). Lethal effects generally increased with
increasing number of aromatic rings of the compound, resulting in strong
relationships between the LC50 values and size, shape and topology-related
molecular properties. On-ring substituted azaarenes (i.e. ketones), however, did
not correspond with these relationships: they either showed a toxicity higher
than expected (benzo[^]quinoline-5,10-dione, and benz[g]isoquinoline-5,10dione), indicating a new specific action, or no toxicity at all (acridone and
phenanthridone). Four benzoquinoline isomers showed obvious differences in
toxicity: acridine was significantly more toxic than the other benzoquinoline
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isomers tested, due to photoactivation of acridine, as predicted by the HOMOLUMO gap of this compound.
Chapter 5 describes the determination of the genotoxic potential of azaarenes
using the bacterial Mutatox™ test. Genotoxic activity was partly described by
molecular descriptors relevant to bioaccumulation. Acridone, however, showed
an extremely high genotoxicity, especially when compared with its isomer
phenanthridone. In this case the tautomeric properties of the metabolites is
suggested as a causal factor. The relatively high genotoxicity of the isomers
benzo[g]quinoline-5,10-dione and benz[g]isoquinoline-5,10-dione (results in
Chapter 6) may be due to a different mechanism. The comparison between
narcosis and genotoxicity showed that, although narcosis is reduced by
biotransformation, genotoxicity may be enhanced, indicating that metabolism
may influence the mode of toxic action, i.e. the biological endpoint that is
influenced.

In Chapter 6 the adverse effects of azaarenes on larval development of the
midge Chironomus riparius are examined. To this purpose six closely related
three-ringed isomers and metabolites were selected: acridine and phenanthridine, acridone and phenanthridone, and benzo[g]quinoline-5,10-dione and
benz[£]isoquinoline-5,10-dione. Midges were exposed to concentrations below
acute LC10 values from egg to adult stage. Effects on development were
examined by comparing the average day of emergence of life-time exposed
midges with that of controls. Fluctuating asymmetry (FA) in the pecten
epipharyngis was examined as a measure of developmental integrity.
Delayed emergence was found at concentrations as low as 2 % of the acute
LCS0. Hence, emergence appears to be a useful and sensitive parameter to
quantify life cycle effects beyond current expectations as to toxicity in short and
long-term experiments. Yet, no differences in FA were found between exposed
and control larvae, although all six azaarenes have been proven to be genotoxic
and benz[g]isoquinoline-5,10-dione was known to induce teratogenic effect in
crickets. The differences in the genotoxic, teratogenic and FA-inducing
properties of these compounds indicate that different mechanisms are involved
in expressing these adverse effects. This study also illustrates that the choice of
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the morphological parameter strongly influences the results of developmental
disturbance analyses, and thus the risk qualification of a potentially hazardous
compound.
Since the commonly used molecular and physicochemical descriptors (e.g.
hydrophobicity) were unable to distinguish between the toxic potential of isomers, in Chapter 7 a more mechanism based approach was used in describing
narcosis, i.e. membrane disturbance. Interactions between a computationally
constructed model membrane and the previously selected azaarenes were
investigated. The membrane model was constructed from 16 1,2-dimyristoyl-snglycero-3-phosphorylcholine molecules forming a bilayer. Membrane-azaarene
interaction energies were then calculated from solvation energies to evaluate
the importance of three different regions in the membrane: the polar
headgroup, between the alkyl chains, and between the two layers. A QSAR
approach was used to compare the resulting energies with the narcotic and
genotoxic data from Chapters 4, 5 and 6. Significant differences between the
compounds were only found for interactions situated in the headgroup and
between the layers of the membrane. Of these two regions, the headgroup
appears to be the most important for narcosis, resulting in significant
relationships between interaction energies and narcosis. As expected, genotoxic
activity was not related with membrane interaction energies. Based on the
preliminary results presented in Chapter 7, the approach used is a promising
tool in predicting narcosis.
From the present study it is concluded that the many structurally different
heterocyclic PAHs act upon a wide spectrum of biological receptors. Abiotic
and biotic transformation enhance the number of variables determining the
specific effects on aquatic species. The number of outlying observations in
relationships between toxicity and log Kow indicate that lipophilicity based
toxicity is an oversimplification of azaarene toxicity. It seems, therefore,
essential to construct more complete, multivariate relationships to provide
effective explanations for overall effects. In addition, multi-endpoint QSARs
could be useful in determining the influence of biotransformation in the
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different types of toxic effects, both by predicting the metabolic pathway and
the change of biological effect.
The present results show that the present environmental standards for PAHs
fail to protect against the toxicity of a vast number of polyaromatic structures.
Especially for the aquatic environment inclusion of polar, substituted PAHs in
risk assessment appears to be necessary. For a proper estimation of toxic effects
a multi-endpoint QSAR approach seems necessary in which biotransformation
products and their toxicity should be incorporated.

Samenvatting

Om deze samenvatting ook voor niet-vakgenoten begrijpelijk te maken, is als
appendix een Verklarende Woordenlijst toegevoegd.
Veel van het onderzoek aan polycyclische aromatische koolwaterstoffen (PAK)
heeft zich beperkt tot de homocyclische PAK. Met name in het aquatische
milieu lijkt de rol van heterocyclische PAK echter belangrijker, omdat deze
beter oplosbaar zijn en daarmee waarschijnlijk een hogere biologische beschikbaarheid hebben. Verder is de groep van heterocyclische verbindingen ongeveer twee keer zo groot als die van de homocyclische en zijn ze in alle milieucompartimenten aangetoond, veelal als gevolg van menselijke activiteit. In dit
proefschrift staat één groep van deze heterocyclische PAK centraal: de
azaarenen. Dit zijn PAK waarbij in plaats van één koolstofatoom een
stikstofatoom in de ring zit (zie Fig. 10.1 en 10.2).

Figuur 10.1. De azaareen acridine (links) en zijn homocyclische analoog anthraceen (rechts).

In dit onderzoek is systematisch gezocht naar relaties tussen de moleculaire
structuur van deze verbindingen en de verschillende effecten van deze stoffen
op aquatische organismen. In dit kader is met name de invloed van
biotransformatie op de toxiciteit onderzocht, omdat dit proces het aantal
bestaande (toxische) stoffen vergroot, waardoor zowel de sterkte van het effect
als het werkingsmechanisme kunnen veranderen. Om die moleculaire factoren
te vinden die het biologische effect (grotendeels) bepalen, zijn de verschillen in
toxische effecten tussen isomeren gebruikt, omdat verschillen in moleculaire en
fysisch-chemische eigenschappen tussen isomeren vaak klein zijn. Er zijn
verschillende biologische effectparameters onderzocht, zoals narcose, genotoxiciteit en effecten op de levenscyclus van dansmuggen, waarbij relaties
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werden gezocht tussen de verschillende effecten en moleculaire eigenschappen.
Een in de computer geconstrueerd modelmembraan is gebruikt om een eerste
stap te zetten op de weg naar een volledige computeranalyse van de toxiciteit
van azaarenen.

9(10H)-acridon

6(5H)-phenanthridinon

benzo[g]quinoline5,10-dion

benz[gr]isoquinoline5,10-dion

Figuur 10.2. De voor dit onderzoek geselecteerde azaarenen.

Het eerste deel (Hoofdstuk 2 en 3) van het proefschrift behandelt de metabolisatie
door aquatische organismen van twee azaarenen (de isomeren acridine en
phenanthridine; Fig. 10.2).
Hoofdstuk 2 beschrijft de identificatie van de twee belangrijkste metabolieten
van deze twee isomeren. Hierbij werden verschillende analytische methoden
gebruikt, waaronder HPLC (hoge-precisie vloeistofchromatografie), GC (gaschromatografie) en zowel LC- als GC-MS (vloeistof- en gaschromatografie, gecombineerd met massaspectrometrie). Dit onderzoek toont de karakteristieke problemen, maar ook de potentie van chromatografische methoden in het ophelderen
van metabole routes van organische vervuilingen. Voor de driehoeksmossel
(Dreissena polymorpha), een groenalg (Selenastrum capricornutum) en perifyton of
bacteriën werd aangetoond dat ze acridine omzetten in 9(10H)-acridinon (acridon;
Fig. 10.2). De isomeer van acridon, 6(5H)-phenanthridinon (phenanthridon;
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Fig. 10.2), werd aangetoond als biotransformatieprodukt van phenanthridine in
experimenten met muggenlarven (Chironomus riparius), hoewel niet duidelijk
werd of bacteriën of de muggenlarven verantwoordelijk waren voor de vorming
van deze metaboliet. Deze resultaten geven aan dat nauwverwante stoffen zoals
isomeren, soortspecifieke biotransformatie kunnen ondergaan, ma.w. sommige
organismen kunnen de ene stof wel omzetten (bv. acridine), terwijl ze de andere
niet om kunnen zetten (bv. phenanthridine). Verder werd geconcludeerd dat, in
tegenstelling tot homocyclische PAK, benzoquinolines omgezet worden in ketometabolieten.
Nadat de sterke soort- en stofspecificiteit van biotransformatie van azaarenen
door aquatische organismen was aangetoond, is de metabolisatie van
phenanthridine verder onderzocht in afzonderlijke experimenten met
muggenlarven en karpers (Hoofdstuk 3). In beide experimenten werd
phenanthridon weer aangetoond als belangrijkste metaboliet. In het
muggenexperiment bleek deze metaboliet vooral gevormd te zijn door de
bacteriën die op het voer groeiden. In beide experimenten namen de
phenanthridonconcentraties in het water eerst toe, maar later ook weer af, wat
duidt op verdere afbraak van de metaboliet zelf in niet-gedetecteerde
verbindingen. Deze metabolietomzetting was een gevolg van zowel bacterieals muggenactiviteit in het muggenexperiment en van de activiteit van de
karpers in het vissenexperiment. Concentraties in de mug zelf van zowel
phenanthridine als phenanthridon lagen onder de detectielimiet, maar beide
stoffen werden in hoge concentraties in de organen van de karpers
teruggevonden. Met name gal en lever lijken een grote rol te spelen bij
verwerking van deze toxicanten. Slechts een deel van het verlies aan
phenanthridine kon worden toegeschreven aan de omzetting in phenanthridon.
Het is dus aannemelijk dat de phenanthridine-afbraak, naast phenanthridonvorming, via andere metabole routes verloopt. De resultaten van Hoofdstuk 2
en 3 tonen aan dat biotransformatie zeer soortspecifiek is, en daarmee dat de
aanwezigheid en de toxiciteit van organische verbindingen sterk afhangt van
het biologisch leven dat in het milieu aanwezig is.
Om de toxiciteit van azaarenen vast te stellen, werd de acute toxiciteit bepaald
voor eerste stadium larven van Chironomusriparius(Hoofdstuk 4). Letale effecten
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namen in het algemeen toe met een toename van het aantal ringen van de
verbinding, hetgeen resulteerde in sterke relaties tussen LC 50 -waarden en
grootte- en vormgerelateerde moleculaire eigenschappen van de azaarenen.
Gesubstitueerde azaarenen, waaronder ketonen, voldeden echter niet aan deze
relaties: of ze waren toxischer dan verwacht (benzo[g]quinoline-5,10-dion en
benz[g]isoquinoline-5,10-dion), hetgeen duidt op een ander werkingsmechanisme, of ze waren helemaal niet toxisch (acridon en phenanthridon). Vier
benzoquinoline isomeren vertoonden duidelijke verschillen in toxiciteit:
acridine was veel toxischer dan de andere geteste benzoquinoline-isomeren. Dit
was het gevolg van fotoactivering van acridine, een proces dat alleen stoffen
met een bepaalde HOMO-LUMO gap kunnen ondergaan, waartoe ook acridine
behoort.
Hoofdstuk 5 beschrijft de bepaling van de genotoxische potentie van azaarenen,
waarbij gebruik is gemaakt van de Mutatox™ bacterietest. De mate van herstel
van de lichtgevende capaciteit van de gebruikte bacteriën is een maat voor de
genotoxische activiteit van een stof. De genotoxische activiteit wordt deels
beschreven door moleculaire descriptoren die relevant zijn voor bioaccumulatie.
Acridon vertoonde echter een extreem hoge genotoxiciteit, in het bijzonder in
vergelijking met zijn isomeer phenanthridon. In dit geval lijkt de oorzaak te
liggen in de tautomere eigenschappen van de metabolieten. De relatief hoge
genotoxiciteit van de isomeren benzo[#]quinoline-5,10-dion en benz[g]isoquinoline-5,10-dion (effectconcentraties worden gegeven in Hoofdstuk 6)
worden mogelijk veroorzaakt door een ander mechanisme. De vergelijking van
narcose met genotoxiciteit toont aan dat metabolisatie het werkingsmechanisme, en daarmee het biologisch effect, kan veranderen.
In Hoofdstuk 6 worden de verschillende effecten van azaarenen op de larvale
ontwikkeling van de mug Chironomus riparius onderzocht. Hiervoor werden zes
nauwverwante isomeren en metabolieten geselecteerd, allen bestaande uit drie
ringen: acridine en phenanthridine, acridon en phenanthridon, en benzo[g]quinoline-5,10-dion en benz[g]isoquinoline-5,10-dion (Fig. 10.2). Muggen werden van ei tot volwassen stadium blootgesteld aan concentraties die lager
waren dan de acute LC 10 -waarden (de concentratie waarbij 10 % van de
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populatie sterft). Effecten op ontwikkeling werden onderzocht door de
gemiddelde dag van uitvliegen van blootgestelde muggen te vergelijken met
die van een controle. De mate van asymmetrie in de epipharynxkam (één van
de monddelen van muggenlarven) werd gebruikt als een maat voor ontwikkelingsstoornissen.
Een vertraging in uitvliegen werd al bij extreem lage concentraties (2 % van
de acute LC50) gevonden. Dit blijkt dus een bruikbare en gevoelige parameter
om de meer specifieke effecten op de levenscyclus te kwantificeren die niet
vanuit korte-termijneffecten voorspeld kunnen worden. Effecten op de
ontwikkeling van monddelen konden echter niet worden aangetoond, hoewel
voor alle zes de azaarenen genotoxiciteit is aangetoond en voor benz[g]isoquinoline-5,10-dion in krekels ook teratogene effecten zijn aangetoond. Door de
verschillen in genotoxische, teratogene eigenschappen en asymmetrie-inductie
van deze stoffen lijken er verschillende mechanismen aan de diverse effecten
ten grondslag te liggen. Verder toont deze studie aan dat de keuze van
morfologische parameter het resultaat van ontwikkelingsstoornisanalyses, en
daarmee de risicoschatting van een mogelijk gevaarlijke stof, sterk kan
beïnvloeden.

Omdat met de gebruikelijke moleculaire en fysisch-chemische eigenschappen
(bv. hydrofobiciteit) geen onderscheid gemaakt kon worden tussen de
(mogelijke) toxiciteit van isomeren, is in Hoofdstuk 7 een andere methode
gebruikt om membraanverstoring te beschrijven, waarbij het verwachte
mechanisme is nagebootst. Interacties tussen een met de computer geconstrueerd membraanmodel en de in dit proefschrift gebruikte azaarenen zijn
onderzocht. Het membraanmodel bestond uit 16 1,2-dimyristoyl-sn-glycero3-phosphorylcholine

moleculen die samen een dubbellaag

vormden

(8 moleculen per laag) (Fig. 10.3). Membraan-azaareen interactie-energiën
werden vervolgens uitgedrukt als solvatatie-energiën, een indicatie voor de
mate waarin het membraan zich aanpast aan de toxicant en de toxicant aan het
membraan. Hiervoor werden drie verschillende gebieden in het membraan
onderzocht: de polaire buitenkant van het membraan, tussen de alkylketens en
tussen de twee lagen van de dubbellaag (Fig. 10.3). Vervolgens werd een QSAR
(kwantitatieve struktuur-aktiviteitsrelatie) benadering gebruikt om de
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interactie-energiën te vergelijken met de effectconcentraties voor narcose en
genotoxiciteit (Hoofdstukken 4 tot 6). Alleen in de polaire hoofdgroep en tussen
de twee lagen konden verschillen tussen de stoffen worden aangetoond. Van
deze twee membraanregio's blijkt de polaire hoofdgroep het meest van belang
voor inductie van narcose, hetgeen resulteerde in een duidelijke relatie tussen
LC 50 -waarden en de interactie-energiën. Zoals verwacht was genotoxiciteit niet
gerelateerd aan de membraan-interactie-energiën. Gebaseerd op de resultaten
van Hoofdstuk 7 lijkt de gebruikte methode wel veelbelovend voor het
voorspellen van narcose.

Figuur 10.3. Plaatsing van de azaarenen in het membraan.

Dit proefschrift toont aan dat de vele verschillende heterocyclische PAK
interacties aan kunnen gaan met een heel spectrum van biologische receptoren.
Abiotische en biotische omzettingen vergroten het aantal variabelen dat de
specifieke effecten op aquatische soorten bepaalt. Het aantal afwijkende
observaties in relaties tussen toxiciteit en log Kow tonen aan dat op lipofiliteit
gebaseerde toxiciteit een te eenvoudige voorstelling is van de toxiciteit van
azaarenen. Het lijkt daarom essentieel om vollediger, multi-variate relaties op te
stellen om het geheel aan effecten te kunnen verklaren. Verder kunnen multi-
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endpoint QSARs behulpzaam zijn in het vaststellen van de invloed van
biotransformatie op verschillende toxische effecten, door zowel de metabole
route als de verandering van effect te voorspellen.
De resultaten in dit proefschrift tonen aan dat de huidige normstelling voor
PAK onvoldoende bescherming biedt tegen de toxiciteit van een groot aantal
polyaromatische verbindingen. Met name voor het aquatisch milieu lijkt het
van belang om polaire, gesubstitueerde PAK op te nemen in de risicoschattingen. Voor een betrouwbare schatting van toxische effecten lijkt een
multi-endpoint QSAR waarin biotransformatieprodukten en hun toxiciteit zijn
opgenomen, onmisbaar.

Verklarende Woordenlijst
Alkylketens - ketens van koolstofatomen waaraan waterstofatomen zijn gebonden.
Azaarenen - heterocyclische PAK waarin in plaats van één van de koolstofatomen een
stikstofatoom in de ring zit.
Benzoquinoline - een azaareen dat opgebouwd is uit drie aromatische ringen.
Bioaccumulatie - het verschijnsel dat de opname van een stof door een organisme (via het
voedsel èn via het omringende milieu) leidt tot een hogere concentratie van die stof in het
organisme ten opzichte van het omringende milieu.
Biotransformatie - de verandering van chemische verbindingen als gevolg van de stofwisseling van een organisme.
Detectielimiet - de grens van wat nog gemeten (gedetecteerd) kan worden. Meestal wordt
hiermee de ondergrens bedoeld.
Foto-activering - het proces waarbij een molecuul reactief wordt als gevolg van blootstelling
aan (ultra-violet) licht.
Genotoxiciteit - toxiciteit als gevolg van beschadiging van het erfelijk materiaal (de genen) van
een organisme.
Heterocyclische PAK - één of meerdere koolstofatomen die de ringen van de PAK vormen,
zijn vervangen door een ander atoom (bv. zuurstof, stikstof, zwavel).
Homocyclische PAK - alle atomen die de ringen van de PAK vormen, zijn koolstof atomen.
HOMO-LUMO gap - het verschil in energie tussen de hoogste bezette moleculaire orbitaal
(HOMO) en de laagste onbezette moleculaire orbitaal (LUMO). Een orbitaal is de ruimte
rond de atoomkern waar een elektron met een bepaalde energie het meest waarschijnlijk
aanwezig is.
Hydrofobiciteit - watervrees; hydrofobe stoffen lossen slecht op in water (deels synoniem met
lipofiliteit).

Isomeren - stoffen met een verschillende ruimtelijke structuur, die opgebouwd zijn uit dezelfde
atomen.
Keto-metaboliet - een metaboliet die is ontstaan door de introductie van een dubbelgebonden
zuurstof in de moederstof.
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LC10/LC60 - de concentratie waarbij 10 % (LC10) of 50 % (LC50) sterfte optreedt.
Letaal - dodelijk.
Lipofiliteit - vetminnendheid; lipofiele stoffen lossen goed op in vetten (deels synoniem met
hydrofobiciteit).
Log K„w - de logaritme van de octanol-water partitiecoëfficiënt (Kow). Dit is een maat voor de
hydrofobiciteit van verbindingen.
Metabolisatie - stofwisseling, het proces in organismen waarbij moleculen worden afgebroken
of getransformeerd tot een of meerdere andere stoffen (metabolieten) die ofwel uitgescheiden worden, ofwel gebruikt worden voor de opbouw van nieuwe moleculen.
Multi-endpoint QSAR - QSAR waarin meerdere biologische eindpunten zijn geïntegreerd.
Narcose - toxiciteit als gevolg van membraanverstoring.
PAK - polycyclische aromatische koolwaterstoffen, een groep van chemische verbindingen
opgebouwd uit vlakke aromatische ringen.
Perifyton - Gemeenschap van algen en bacteriën (ook detritus en inorganische partikels) die
op sediment (zand en rots), planten of andere oppervlakken groeien.
QSAR - kwantitatieve structuur-activiteitsrelatie; gebaseerd op het principe dat moleculaire
structuureigenschappen van een klein aantal standaardverbindingen die volgens een
bepaald mechanisme een bepaald effect produceren, gebruikt kunnen worden in een model
voor andere verbindingen met een vergelijkbare structuur. De QSAR methode wordt gebruikt
om de chemische en/of toxicologische eigenschappen te voorspellen van stoffen die (nog)
niet getest zijn.
Solvatatie - het proces waarbij een molecuul (in dit geval een azaareen) door elektrostatische
krachten een aantal oplosmiddelmoleculen (in dit geval membraanmoleculen) bindt.
Tautomeren - struktuurisomeren in een snel evenwicht tussen keto- en enolvorm, m.a.w.
waarin een mobiel waterstof atoom binnen het molecuul van de ene naar de andere positie
wordt verplaatst.
Teratogeniteit - toxiciteit waarbij de ontwikkeling van een foetus wordt verstoord.

Nawoord

Het hier beschreven onderzoek is op wat ongewone wijze tot stand gekomen.
In 1995 werd het eerste deel gestart ter vervulling van de vervangende
dienstplicht. Aansluitend volgden aanstellingen als toegevoegd onderzoeker,
als analist, wederom als toegevoegd onderzoeker, en als practicumassistent,
waarna de laatste twee jaar eindelijk de zekerheid gaven van een aanstelling als
beurspromovendus. De eerste 15 maanden werden gefinancierd door het
Rijksinstituut voor Kust en Zee (RIKZ) en het Rijksinstituut voor Zoetwaterhuishouding en Afvalwaterverwerking (RIZA). Bij deze wil ik met name Drs
E. Evers (RIKZ), Drs. C. van de Guchte (RIZA), Drs. D. Ten Hulscher (RIZA) en
Drs. L. Grootelaar (RIZA) bedanken voor hun ondersteuning als begeleidingscommissie in deze periode.
I would like to thank Prof. Dr. J. Kukkonen for participating in the examining
committee. Ook dank ik Prof. Dr. C. Gooijer, Prof. Dr. R.W. P.M. Laane, Prof.
Dr. N.M. van Straalen, Dr. B. van Hattum en Dr. F.J. van Schooten voor hun
bereidheid zitting te nemen in de promotiecommissie. Verder gaat mijn dank
uit naar mijn promotors Prof. Dr. W. Admiraal en Prof. Dr. H.A.J. Govers en
mijn co-promotors Dr. M.H.S. Kraak en Dr. P. de Voogt.

Mijn dank is groot!
De voorkant van dit boekje bevat maar één naam. Toch zou het niet tot stand
gekomen zijn zonder de hulp van een (vrij) grote groep van mensen en hoewel
mijn dank niet of nauwelijks in woorden is uit te drukken, ga ik hier toch een
poging wagen.
Wim, als promotor kwam je pas in de laatste fase echt in de picture en met
name in deze fase was het moeilijk, maar bleek het van grote waarde om mijn
woorden op jouw goudschaaltje te leggen. Verder wil ik je bedanken voor je
onvermoeibare speurtocht naar wegen en potjes om mijn verblijf op de
vakgroep te kunnen continueren. Ook Harrie, pas later als tweede promotor
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naar voren gekomen, is onmisbaar geweest, met name voor de (computersimulaties van de) chemische kant van mijn werk.
Michiel, jouw onvermoeibare enthousiasme deed mij inzien dat mijn
resultaten misschien toch specialer waren dan ik dacht. Ook de snelheid
waarmee jij mijn teksten corrigeerde zal mij bijblijven (hoewel vier versies op
1 dag volgens mij toch soms wat veel moet zijn geweest). Pim, dankzij jou ben
ik ook de chemische kant van de ecotoxicologie gaan begrijpen, en jouw
chemische kijk op mijn soms biologisch gekleurde problemen was van grote
waarde.
Hans Klamer wil ik bedanken voor het wegwijs maken van een onwetende
in het veld der genotoxicologie en Angelo Vermeulen voor het delen van zijn
kennis van de al dan niet misvormde monddelen van muggenlarven.
Zonder alle studenten zou ik nu nog met experimenten bezig zijn en met
genoegen kan ik concluderen dat al jullie namen boven één of meer van mijn
hoofdstukken prijken. Dank!
Harm, je was mijn eerste stagiair en bent sindsdien eigenlijk niet meer echt
weggeweest. Ik heb je inmiddels ook als collega leren waarderen, niet alleen als
mede-promovendus, maar tevens als help-desk-collega en web-pagedesigner
(is dit een bestaand woord?). Ik ben dan ook blij dat je bevestigend antwoordde
op mijn vraag of je mijn paranimf wilde zijn. Ellie, officieel nummer twee, maar
eigenlijk grotendeels samen met Harm in het lab en, hoewel niet alles perfect
liep en je ongetwijfeld nog af en toe nachtmerries hebt van al die kopkapsels,
was jouw werk onmisbaar voor de chronische experimenten. Heather, jij bleef
me verbazen: je begon bij mij aan een miniscriptie, maar door jouw perfectionisme eindigde dat in een grote scriptie en ook later, tijdens je stage, kreeg ik
vaak de behoefte om je wat af te remmen, als je weer wat veel hooi op je vork
nam (in Canadutch that would be 'taking too much hay on your fork'). Ook wil
ik je bedanken voor het altijd aanspreekbaar zijn voor de vraag: Hoe zeg je dat
in het Engels? Tot slot ben ik blij je inmiddels als collega te hebben en nog veel
blijer dat je je vereerd voelt om mijn paranimf te zijn. Marc, although your
practical period in my project was short, you learned me to wonder about
ordinary things again. Thanks! Liesbeth, je wilde iets met vissen gaan doen en
dat hebben we geweten. Ik denk dat we beiden veel meer over karpers weten
dan voor jouw stage. Bedankt voor deze verfrissende zijweg.

Mijn Dank Is Groot
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Dit lijkt me ook de aangewezen plek om Kees te bedanken. Jouw grote
kennis op het gebied van aquatische ecologie is op diverse momenten (met
name bij de visexperimenten) van onschatbare waarde geweest. Nu ik aan de
collega's begonnen ben, mogen een aantal namen niet ontbreken. Peter en
Marion wil ik met name bedanken voor hun ondersteuning op HPLC-gebied
(Peter, we moeten misschien eens afspreken om weer eens ongegeneerd op het
ding te kunnen schelden). Dick, de discussies die we over de muggen en de FA
gehad hebben zijn onmisbaar geweest. Saskia, met name de laatste tijd waren
wij het azaarenen-eilandje op de 4e verdieping en het is af en toe heerlijk om
iemand aan de overkant van de gang te hebben die vergelijkbare (chemische)
problemen heeft. Nuria, in de begintijd mijn kamergenoot, het was verfrissend
om de kamer te delen met iemand die op een heel ander terrein met
ecotoxicologie bezig is. Tot slot wil ik alle overige (ex-)collega's van AEE
(voorheen - en voor sommigen nog steeds - AOT) bedanken voor hun bijdrage
aan een gezellige sfeer (bij gebrek aan beter in alfabetische volgorde en
ongetwijfeld niet volledig - excuses): Annelies, Bas, Chris, Christiane, Elly,
Esther, Evelyn, Fiona, Frank, Gerdit, Heleen, Helen, Jaap, Jaap, José, Marco,
Odipo, Piet, Suzanne, Tineke, Volker, en alle (ex-)studenten. En natuurlijk ook
de mensen bij MTC (zelfde volgorde, zelfde excuses): André, Anton, Frans,
Han, Hildo, Jan, John, Marcel, Martin, Merel, Niels, Onno, Pieter en René.

Voor hun belangstelling op afstand en de broodnodige ontspanning wil ik
mijn vrienden bedanken, met name Joost (m.n. voor het feit dat je mijn artikelen
ooit zal lezen) en Patrick, de 'vage kennissen' van biologie en het helaas ter ziele
gegane Hemrik Forrest. Verder mijn ouders, Mirjam, Onno, Ingrid, Wim, Jerry,
Cor, Hilde, Sander, en Corina, die mij dwongen om hetgeen ik deed in gewoon
Nederlands te vertalen, bedankt!
Tot slot hoop ik dat de mensen die ik vergeten ben, mijn excuses zullen
aanvaarden, zodat ik dit dankwoord kan afsluiten met een laatste woord van
dank, in hoofdletters, aan Marije, 'gewoon' voor het feit dat ze er was: lieverd,
BEDANKT!
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