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Introduction 

1 . Sorption and desorption of organic chemicals 

1.1 General 

Numerous hydrophobic organic compounds (HOCs), including polycyclic aromatic 

hydrocarbons (PAHs), polychlorinated biphenyls (PCBs), chlorobenzenes and many 

pesticides, are present in the environment. In The Netherlands, this is mainly due to 

emissions in the 60s and 70s; nowadays the release of these compounds has been 

significantly reduced. Due to their hydrophobic character, HOCs have a greater 

affinity for (suspended) sediment particles than for the aqueous phase, and therefore 

the bulk of many HOCs eventually becomes sorbed to the sediments. In this way, the 

sediments reflect HOC emissions in the past, some deeper layers showing the highest 

contamination levels because of past emissions. It is important to assess the fate of 

these sediment-sorbed chemicals. 

In the early 80s, Karickhoff [1] was the first one to recognize that the release of HOCs 

from contaminated sediments is sometimes very slow. This is especially true after 

prolonged sediment-contaminant contact times. Since then, this phenomenon of slow 

desorption (resistant sorption, sequestration and irreversible sorption are alternative 

terms used in the literature) has been observed by many others. This slow desorption 

process is important because it influences aqueous HOC concentrations and therefore 

groundwater transport rates, as well as bioavailability of toxic HOCs to benthic and 

aqueous organisms and microorganisms. These issues will be elaborated on in section 

5 of this chapter. 

The magnitude of slowly desorbing fractions is highly variable among different 

contaminated soils and sediments and among different chemicals [1-3, this research]; 

their desorption can last months to years. Usually slowly desorbing fractions are 

observed to increase in time [2,4, this research], however, this increase is not linear. 

Already in the first few days, significant slow fractions can be formed that do not 

increase so much during subsequent contaminant-sediment contact time [4-6, this 

research]. In Figure 1, typical desorption curves are sketched for two sediments: part 

of the HOC is released relatively rapid (hours to days), whereas another part desorbs 

slowly. 

Apart from rate limitations in desorption, slow exchange of HOC between sediment 

and water may also be expressed in the form of hysteresis, i.e. the phenomenon that 

measured sediment-water ratios are larger in the desorptive than in the sorptive 

direction. The explanation for hysteresis in slow desorption terms is that in the 

sorptive direction the flux from water to sediment is retarded causing relatively small 
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sediment HOC contents, whereas in the desorptive direction the inverse is true: 

release from sediment to noncontaminated water is retarded causing relatively high 

sediment (and low aqueous) HOC contents. 
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Figure 1: Typical desorption curve for two sediments, the sediment represented by the 
lower curve (squares) possesses the larger slowly desorbing fraction. 

In spite of all the research effort, it is still unclear which mechanism is responsible for 

this slow desorption phenomenon. The main objective of this thesis is to further 

elucidate this mechanism. It is also endeavored to find ways to predict the extent of 

slow desorption from easily measurable sediment and contaminant properties. 

Potential mechanisms will be discussed in section 2 of this chapter. The knowledge 

presented in the forthcoming sections is focused on sediments because this research 

mainly deals with sediments and not soils; however, almost all this knowledge can be 

extended to soils. 

1.2 Sediment composition and location of HOCs 

For a good understanding of sorption phenomena, it is essential to know the 

composition of sediments, and in particular of sediment particles. The first thing that 

comes into mind when considering sediments is their heterogeneity. Not two 

sediments are exactly the same, not even when obtained at the same location. Apart 

from posing problems when comparing various sediment studies, this also means that 
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it is impossible to give one "sediment structure". Therefore a general description 

applicable to most soils and sediments is given here. 

Sediment particles can be regarded as aggregates of many small particles unified in a 

porous structure [7-9]. An immobile aqueous phase separates the bulk water phase 

from the particle surface. In Figure 2, the composition of a sediment is sketched. 
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Figure 2: Sediment composition. From Schwarzen bach et al. [9]. 

Various constituents, including clay minerals, organic matter (OM) and metal oxides 

are present in soil and sediment particles. In many cases, a porous structure is 

observed between these phases; however, especially for sands porosities can be very 

low. Example of pores include the interlayer spacings between clay platelets, and 

pores resulting from packing inefficiency between various sediment constituents. The 

pores between different aggregates are termed macropores (sketched as the turbulent 

solution in Figure 2); mesopores are intra-aggregate pores with diameters (much) 

larger than HOCs, and micropores possess diameters comparable to the solute size 

(nanometers). 

Sediment organic matter is the most hydrophobic sediment constituent and therefore 

it is probably the most important determinant for sorption. Its structure, based on 

what is known from structural fragments studied by pyrolysis GC-MS as well as IR 

and NMR spectroscopy, is sketched in Figure 3 (from Schulten and Schnitzer [111]). 

11 
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Figure 3: Proposed organic matter structure (after Schulten and Schnitzer [111]. 

Sediment organic matter can be viewed as a polymer structure of various organic 

matter constituents (humic and fulvic materials, polysaccharides, partially decomposed 

cellular material, humins). It is thought to be formed by depolymerization of 

macromolecular plant constituents, followed by oxidation reactions, in which carboxyl 

groups are formed [10]. This process results in the formation of amphiphilic 

molecules, with their polar sites at the aqueous exterior and their hydrophobic sites at 

the interior [10]. 

In both humic and fulvic substances, many functional groups are present, such as 

hydroxyl, amino, carboxyl and carbonylgroups. The molar weights of fulvic and humic 

acids can vary from hundreds to many thousands of Daltons. Heterogeneity at the 

microscopic level is supposed to exist in organic matter (OM); regions of various 

densities, polarities, hydrophobicities and water contents coexist. Due to the high 

oxygen and nitrogen content, sediment organic matter is probably less nonpolar than 

hydrocarbons or chlorobenzenes [9]. The structures of humic and fulvic acids are 

probably punctuated by voids (holes) that may trap organic solutes [11,12]. Especially 

the more rigid, glassy parts of humic materials are supposed to contain such voids 

[12,13,14], analogous to glassy polymers [15]. By computational chemistry on 
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structure fragments determined by several mass spectroscopy methods, Schulten [12] 

has shown that an example compound, atrazine, can probably be trapped in such 

voids. 

Humic and fulvic acids are thus polyelectrolytes in which there is a variable degree of 

rotational freedom around the numerous linkages [11]. The linkages are influenced by 

pH, resulting in aggregation at low pH (where many H-bridges can be formed) and 

dispersion at high pH (where H-bridges dissociate and electrostatic repulsion 

occurs)[11,16]. 

An important question is how and where the organic matter is present inside the soil-

or sediment aggregates. Wershaw [10] suggests the existence of four different O M 

pseudophases: hydrophobic interiors and charged surface regions of humus 

"membranes" coating minerals, as well as hydrophobic interiors and charged surfaces 

of humus "micelles" that are present in the aqueous phase, probably within and 

without the sediment aggregates. Suggestions on the residence place of the O M in a 

sediment particle include 

i) the existence of small O M microparticles more or less homogeneously 

distributed throughout the aggregate [9,10,17], 

ii) an organic "sphere" around a nonsorbing core, on a whole-grain scale 

[18,19], 

iii) a coating of the clay and oxide microparticles [9,10,16], forming an organic 

coating of the intra-aggregate pores. 

1.3 Sorption coefficients 

Before the importance of kinetic aspects was fully acknowledged, sorption of HOCs 

has long been regarded as an equilibrium process. Therefore, most research in the 80s 

has focused on (apparent) sorption equilibrium. It is generally known that the more 

hydrophobic the sorbing HOC, the stronger it will sorb to sediments. 

The ratio between HOC concentrations in sediment and water is often described with 

a partition coefficient, Kp (L/kg) 

K
P = (1) 

c 

where q is the sediment HOC concentration (ug/kg) and cw is the aqueous 

concentration (ng/L). In the case of a linear sorption isotherm, this partition 
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coefficient is independent of solute concentration. For HOCs sorbed to sediments 

containing "significant" organic matter (OM) contents (generally above approx. 

0.1 %), it is often found that HOC sorption is determined by the organic matter 

content of the sediment. So, partition coefficients can be normalized on sorbent 

organic carbon fraction, f^, to obtain the OC-normalized sorption coefficient Koc 

K 
Koc = P (2) 

J OC 

It has been found that Koc values are reasonably constant among different soils and 

sediments, although they still vary up to a factor of 10 [20-26]. This variation has 

been attributed to variation in OM composition, including the polarity index defined 

as (N+0)/C by Xing [24], the H/O atomic ratio [22], and the aromatic carbon content 

determined by 13C-NMR spectroscopy [23,27]. Also, sediments have been found to 

exhibit Koc values twice those for soils [25,26]. 

1.4 Langmuirand Freundlich isotherms 

Deviations from the linear Koc model have been reported by many authors [13,14,26-

29]. These deviations can often be described by Langmuir or Freundlich isotherms. 

The Langmuir isotherm describes sorption to a finite number of sorption sites with 

constant site-sorption energy; it can be represented mathematically by 

Q be 
\ + bc 

where q is the sorbed concentration (ng/kg) and Qmax is the maximum sorption 

capacity. No interactions between the solutes on the different sorption sites are 

assumed. Coefficients are best calculated by transformation of eq. 3; when plotting 

(^,/q vs. c^, a straight line is obtained with a slope of 1 /Qmax and an intercept of 

1/bQmax. 

Freundlich isotherms assume a distribution of site sorption energies and are expressed 

as 

q = KF(cJ (4) 
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in which KF is the Freundlich partition coefficient and n is the coefficient describing 

sorption isotherm nonlinearity. A value for n below unity may thus indicate saturation 

effects of a limited number of sorption sites at elevated solute concentrations. 

2. Mechanisms of slow desorption 

Up till now, several mechanisms of slow desorption have been proposed in the 

literature. They are concisely discussed below. 

2.1 Chemical nonequilibrium 

Chemical nonequilibrium results from specific chemical interactions between solute 

and sorbent surfaces; these interactions may involve slowly reversible or irreversible 

chemical bonding, resulting in prolonged equilibration times. The specific interactions 

involved in this mechanism are only expected for solutes possessing some reactive 

functional group(s) in combination with reactive groups on the surface or in the inside 

of the sorbent. An example is the adsorptive bonding of salicylate to small aluminum 

hydroxide particles [9]. Chemical sorption reaction energies resulting in sorption 

residence times above one minute are at least 80 kJ/mol [8]. 

Chemical nonequilibrium can be ruled out beforehand as being the general 

mechanism of HOC nonequilibrium phenomena, because the specific and electrostatic 

interactions involved are not expected for most nonreactive HOCs, but merely for 

polar and ionic substances, like metal ions or organics with polar/reactive functional 

groups. Experimental confirmation is given by the fact that the clay mineral 

montmorillonite (with a high surface area and a lot of active surface groups) shows 

hardly any slow desorption of TCE [8]. In some non-general cases involving reactive 

sorbates chemical nonequilibrium can be the mechanism of slow desorption, like 

proposed for salicylic acid on silica [30]. 

2.2 Interaggregate dispersion 

Interaggregate nonequilibrium results from dispersion through the macropores 

between the different particles; it is the result of differences in flow pathways. It 

should affect both sorbing and nonsorbing solutes [31], whereas intraaggregate 

porosity only affects sorbing solutes that encounter a net extra retardation relative to 

water. Interaggregate flow takes place on a relatively short time scale because of the 

turbidity of the water flow. 
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Interaggregate nonequilibrium can be ruled out because dispersion in the turbid water 

flow is much lower than dispersion in the immobile intraaggregate regions. This is 

because of the difference in residence time. Similarity in gas purge-(GP) and miscible 

displacement (MD; column)-results (see section 3) is a clear affirmation that no 

transport-related (interaggregate) nonequilibrium is involved, because transport-

related nonequilibrium can only be observed in MD-experiments [32]. The 

observation of slow desorption effects in shaken sediment suspensions further 

supports this conclusion [4,33,34]. 

2.3 Film diffusion 

Although diffusion through the immobile aqueous surface film around the sediment 

particles may be slower than in bulk water, the timescale of this process (calculated 

from the aqueous diffusion coefficient and the thickness of the film) is in the order of 

seconds [9], which is so rapid that it does not significantly contribute to 

nonequilibrium (for which much longer timescales, like months to decades, are 

involved) [9,32]. In another study [35], it was argued that inclusion of film diffusion in 

a radial diffusion model improves the description of slow initial sorption rates, 

especially in diluted sediment suspensions. It was unclear, however, whether the 

inclusion of film diffusion was the only factor that improved the fits, because the 

radial diffusion model was simultaneously extended with surface diffusion terms. 

With film diffusion, chemical nonequilibrium and interaggregate diffusion ruled out, 

the mechanism of slow desorption must be a physical process occurring within the 

sediment aggregates. The most likely processes causing rate limitations at the grain 

scale are retarded diffusion and entrapment at localized sites. 

2.4 Micropore diffusion 

Micropore diffusion is diffusion in the stagnant aqueous regions in the intraaggregate 

structure where advection of water is negligible. Diffusional limitations in the water of 

the micropores include entrapment in dead-end pores or sterical hindrance in 

micropores. In addition to the steric effect of narrow pores, the (pore wall 

surface)/(pore volume)-ratio increases with decreasing pore diameter, resulting in 

enhanced retardation by pore wall sorption, provided that the pore walls are 

hydrophobic due to OM coatings [8]. 

Solute transport can also be obstructed by effects on transport through the aqueous 

phase in combination with OM-sorption effects, when microscale interactions with 
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hydrophobic pore walls [7] play roles and slow diffusion along the pore walls becomes 

a transport-limiting factor. Especially in combination with high tortuosity of porous 

structures and stehe hindrance in micropores [36], (ad)sorption to pore walls may 

delay desorption. In this mechanism, slowly desorbing solute is supposed to be 

present in micropores only slightly wider than solute diameters. 

2.5 Organic matter diffusion 

HOC retardation within the OM matrix results from interactions between solute and 

polymer chains, due to the similarity in hydrophobicity. Diffusion in the 

macromolecular OM matrix, being essentially a solid-phase diffusion process, can 

probably be extremely slow because it is known that diffusion through polymers may 

be highly retarded. In this mechanism, slowly sorbing solute is presumed to be present 

in remote parts of the OM from which diffusion pathlengths are long, while rapidly 

sorbed solute is present at the exterior, exposed parts of the OM [37]. Because of 

slow intra-OM diffusion, a concentration gradient within the OM could be 

established during sorption and desorption. The suggestion offered by Pignatello [17] 

and Schwarzenbach [9] that organic matter diffusion occurs in small microparticles 

inside the larger macroscopic sediment particles, implies that diffusional distances 

within OM are relatively short compared to grain size. Especially Brusseau and co

workers [31,32,38,39] have carried out a lot of research to prove that this mechanism 

is rate-limiting in soils. For example, they found relatively high desorption rate 

constants kd iStow for humic acids in comparison to soils. Isolated humic acids are 

probably smaller than OM unities in soil and sediments and can be expected to show 

relatively low diffusional distances. The high kdslow-values indicate that diffusional 

distance through organic matter plays a role in nonequilibrium. Also, addition of alkyl 

groups to benzene resulted in a higher degree of nonequilibrium in sediments and 

soils [32], which was accounted for by a larger entrapment of these bulky groups 

between the organic matter groups. In the same study [32], calcium ions were 

observed to show a much lower extent of nonequilibrium than HOCs. According to 

the authors, this effect can only be explained by IOMD, because their pore diffusion 

model predicts a much lower kdsk)w-value than actually observed for the calcium ions. 

Neutral quinoline was observed to have a kdsk)VV-value as expected based on the log 

Kp-log kdsklw correlation obtained for HOCs, whereas protonated quinoline (at low pH) 

had a much larger kdsk)w [32]. Because k2 can become larger through the (fast) cation 

exchange possibilities for the charged quinoline at low pH, it was argued that this 

effect could be explained by IOMD and not by retarded pore diffusion. Adding 

17 



Chapter 1 

increasing volume fractions of methanol also caused a reduction of nonequilibrium. 

This was explained by enhancements of effective diffusivities in the organic matter 

through swelling of the organic matter because of the methanol. On the other hand, 

Chang et al [40] found that diffusivities in pressed humic acid disks of known size 

were too high for intra-organic matter diffusion to be responsible for slow sorption 

processes in natural particles. 

2.6 Site entrapment 

A mechanism that is often encountered in the recent literature is the entrapment of 

HOC in voids, or high-energy sites present in the organic matrix. Various research 

groups have their own 'versions' of this mechanism. Pignatello and Xing propose that 

these voids are similar to the voids that are present in glassy polymers according to 

Fujita's free-volume theory [15]. Pignatello and Xing base their hypotheses on i) 

analogies between soils and glassy polymers with respect to slow sorption behavior 

[13,85], ii) increasing sorption nonlinearity and thus increasing site sorption with 

increasing HOC-soil contact time [28] and iii) the occurrence of competition in 

sorption between different HOCs [85]. In addition, soil OM has been shown to have 

significant extents of internal porosity, as shown by C02 adsorption at 273 K [13,41]. 

In these internal pores, slow sorption could take place. Weber and co-workers 

[14,29,42-44] propose the existence of amorphous OM showing linear, relatively 

rapid sorption and microcrystalline OM showing nonlinear, slow sorption. Their 

evidence is based on i) the increase in Freundlich coefficient KF and the decrease in nF 

(eq. 4) with increasing contact time [14], ii) the discovery of a glass transition for 

purified Aldrich humic acid [42], and iii) adsorption isotherm description being better 

with a Langmuir sorption part and a linear sorption part for 29 different soils and 

sediments [29]. Also, they observe that soils with more condensed OM (containing 

less nitrogen and oxygen and possessing higher aromaticity) exhibited stronger 

sorption isotherm nonlinearity (indicative of site sorption) and stronger hysteresis [44]. 

Kan, Tomson and coworkers [45,46] have proposed a rearrangement model: upon 

accommodation at the sorption site, the site rearranges due to the possibility to form 

energetically favorable Van der Waals bonding between HOC and OM 

macromolecules. Due to the rearrangement desorption could then be energetically 

unfavorable and therefore kinetically slow. However, the experimental observations of 

Kan et al. [45,46] do not directly prove that this mechanism takes place. Through a 

molecular mechanics study, Schulten [12] showed that it is probably energetically 

beneficial to accommodate a solute molecule in an OM void, because of favorable 
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interactions between the hydrophobic solute and the hydrophobic wall structures of a 

void in rigid OM. The release of the chemical from the void is then slow because the 

favorable interactions have to be disrupted before it can be released. 

Another possibility is that slowly desorbing chemical is sorbed in voids in rigid parts of 

the OM, but that the actual rate limitation in its desorption is not the release from the 

void, but the subsequent diffusion from the void to the sediment-water interface, or 

to the exterior of the rigid parts of the OM. 

2.7 Soot particles 

An explanation that is somewhat different from the previous ones is that HOC can 

become sequestered in soot particles. This mechanism only applies to PAHs, when 

these are formed simultaneously with the soot particles in which they can become 

sequestered during formation. Because diffusion through the aromatic soot matrix 

could be very slow and because sorption to soot can be very strong [47], the 

desorption of PAHs from soot could be slow. Evidence for a strong binding 

mechanism is given by (i) McGroddy et al. [48,49] who found that PAHs showed 

much stronger sorption than PCBs [48], (ii) Maruya [50], who invoked soot particles 

to explain differences in PAH sorption behavior between wet and dry seasons, surface 

runoff of soot being responsible for stronger sorption during the wet season, (iii) 

Gustafsson, who found that sorption to sediments was better correlated with soot 

content than with total-OM content [47], and (iv) Naes et al [51], who reported that 

partitioning to sediments containing soot carbon were orders of magnitude higher 

than expected on the basis of organic carbon-water partitioning. 

3. Measurement of slow sorption 

3.1 Sorption isotherms 

A much-used, relatively simple method to investigate slow sorption is the 

measurement of sorption isotherms, i.e. the measurement of q at various aqueous 

concentrations. Information on linearity of sorption isotherms can so be obtained. By 

measuring sorption isotherms after various equilibration times, the time dependence 

of slow adsorption can be studied. 

The other techniques described involve the measurement of desorption kinetics. 
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3.2 Batch desorption experiments 

Contaminated sediment is suspended into noncontaminated water. Sediment and 

water are separated (as well as possible), fresh noncontaminated water is again added 

and the experiment is continued. The amount of solute released is measured by the 

determination of aqueous concentrations. The main disadvantage of this method is 

that sediment and water cannot be easily separated as always a fraction of the water 

will remain with the sediment, and a fraction of the sediment will remain with the 

water as DOC (dissolved organic carbon). 

3.3 Gas-purge (GP) 

In the case of GP-desorption measurements, a contaminated suspended sediment is 

continuously purged with gas (mostly nitrogen); the purged amounts of solute are 

trapped on some hydrophobic material (e.g. Tenax). Subsequently these amounts are 

stripped from the hydrophobic trapping material and analyzed, in order to determine 

the mass flux of solute. 

A disadvantage of the GP technique is that desorption kinetics cannot be measured 

for nonvolatile compounds, because the aqueous phase cannot be stripped rapidly 

enough. Instead, sorption coefficients are measured for chemicals whose Henry's law 

constant is so low that equilibrium between sediment and water is maintained 

throughout the experiment. An advantage of the GP technique over the batch 

technique is that solute associated to DOC is probably not purged and thus no third-

phase related underestimations of Kp occur. 

Also, stirring and air bubbling have been shown to alter particle size distribution [7]. 

Only stirring hardly showed this effect, so the sparging with gas probably causes 

disruption of particle aggregates and, possibly, alters desorption characteristics. 

3.4 Sorbent addition to the suspension 

Desorption to infinite dilution can also be measured by adding a strong and rapid 

solid sorbent to the aqueous phase. Such sorbents include Tenax [33] and XAD-4 

[34]. For the latter method, the addition of a large amount of sodium hydroxide (0.5 

M) is required to cause floating of XAD-4 resin which can be easily separated then 

[34]. This is disadvantageous for two reasons: first, for every desorption measurement 

in time a sample has to be sacrificed and thus intersample variations occur in one 

desorption curve, and second, it is the question whether the high alkali concentration 

influences the sorption process (e.g. by changing the ionic strength in the aqueous 

phase or by dissolving humic and fulvic acids from the OM phase). The Tenax 
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alternative has previously been employed by Pignatello who discarded the method 

due to problems in separating sediment suspension and Tenax. In the present 

research, a technique has been developed in which desorption kinetics have been 

measured with Tenax as an infinite sink for desorbed HOC. Experiments are carried 

out in separation funnels to facilitate separation of Tenax and sediment suspension. In 

this way, the same sediment suspension is used throughout the desorption 

experiment. 

3.5 Miscible displacement (MP) 

MD measurements can be used to investigate both sorption and desorption 

processes. For sorption processes, a solution of the solute of interest (a concentration 

pulse) is pumped over a column containing homogeneous soil. By evaluating the 

shape and elution time of the breakthrough curve (BTC), information is obtained on 

dispersion and retention, respectively. For desorption processes, a soil column is 

equilibrated with a solute solution; subsequently, the solute is eluted by pumping 

noncontaminated water through the column. Elution profiles give information on the 

desorption rates. 

MD experiments are most relevant for the investigation of solute transport in soils, 

sediments and aquifer materials [32], and useful for desorption measurements of 

solute/sorbent combinations showing low sorptivities (Kow<3 and/or OM-

content<1 % [32]). Disadvantage of the MD technique is the low resolution at low 

rates of uptake or release [8] (i.e. especially for hydrophobic compounds and high-

OM soils and strongly sorbing clays). GP and MD data have been shown to yield 

comparable results [32]. Log Kp-log ̂ -relationships were not significantly different, 

and experimental and predicted (based on GP data) MD-BTCs agreed very well. 

De Jonge et al. [37] used another type of miscible displacement technique. They did 

not use a soil column; instead, a HPLC pump was used to introduce pulses of 

naphthalene solution into a stirred continuous reactor (10 g/L soil). Simultaneously, a 

flow of water removed from the reactor was analyzed. In this way, sorption and 

desorption could be measured in one single experiment. 

4. Data description of desorption kinetics 

4.1 One-compartment model 

In this model, the sediment particles are assumed to exhibit homogeneous desorption 

behavior, i.e. all desorption occurs at the same rate constant. The model parameter is 
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the rate constant of desorption from the sediment to water. This model fails to 

describe rapid and slow desorption; it only works in some rare cases where almost all 

desorption is either rapid or slow. The differential equation describing the process is 

dS i a i 
- -K.S + k C (5) 

d t 

where S is sorbed concentration (mg/kg), t is time (h), kd is desorption rate constant 

(h 1), ka is adsorption rate constant (Lkg 1h 1) and c^ is aqueous concentration (mg/L). 

4.2 Two-compartment model 

Since in many kinetic sorption experiments a period of rapid exchange and a 

subsequent period of slow exchange are observed [e.g. 1,2,7,8,17,32,36,45,52,53], 

sorption is often visualized to occur in two kinetically different domains, sites or 

boxes. 

Several versions of this model have been employed. In the first one, equilibrium 

sorption between the aqueous phase and an instantaneously sorbing fraction is 

assumed. In addition to the instantaneously sorbing fraction, there is a slowly sorbing 

fraction [32,38]. In the serial two-site model, there is a first-order exchange between 

the instantaneous domain and a domain in which sorption is rate-limited, the 

nonlabile sorbent fraction. Alternatively, direct first-order exchange between the 

nonlabile and the aqueous phase may occur (parallel two-site model). The serial and 

parallel model are mathematically indistinguishable as long as equilibrium exists 

between aqueous phase and labile fraction, or as exchange between water and labile 

fraction is much faster than exchange between water and nonlabile fraction. 

As long as re-adsorption rates during desorption are negligible compared to 

desorption rates, the series and parallel two-compartment models are mathematically 

similar. Assuming no re-adsorption, slow desorption is described by 

dS, 
dt d ,slow slow * ' 

with S ^ the amount sorbed in the slow sediment compartment and kdslovv the rate 

constant of slow desorption. This equation can be solved to obtain 
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SL = O " * * " (7) 

A similar expression can be obtained for the rapidly desorbing fraction. 

The fraction of sorbed compound present at time t is given by 

S S', + 5 ' S°, e ^ + S° e'"•"*• ' 
t stow rap __ slow rap 

^0 ^o £<, 

The slow fraction at time 0 (F^ ) equals S ^ / S 0 (analogous for the rapid fraction) so 

the resulting expression for desorption kinetics in a two-compartment model without 

re-adsorption becomes [54,55] 

s, 
1 = F ekdW + F, ek"^ (9) 
» ran slow v ^ ' 
0 

where Frap and F ^ are the rapidly and slowly desorbing fractions, respectively, and 

kd.rap a n d kd.stow their corresponding rate constants of rapid and slow desorption, and t 

is time. 

If the aqueous phase is not kept solute-free rapidly and efficiently enough (e.g. when 

gas-purging relatively nonvolatile solutes), the simplification that no re-adsorption 

takes place is not justified. Then is becomes necessary to include re-adsorption terms 

in eq. 9; moreover, the series and parallel versions of the model become 

mathematically different. Schrap et al [56] have shown that the exponents in eq. 9 are 

then not equal to first-order rate constants; instead the exponents in the desorption 

equation become relatively complicated functions of the model parameters. 

A disadvantage of the two-site models is that they have, up till now, had no physical-

chemical meaning, and therefore no predictive power like the radial pore diffusion 

model described later on in this section. In the present research it is endeavored to 

give some mechanistic meaning to the two- and three-site models (see below) by 

researching characteristics of the sediment compartment from which rapid and slow 

desorption, respectively, take place. Generally, the regions or sites can have three 

different meanings [39]: i) chemical, molecular-scale reaction sites; the two regions 

differ in chemical affinity for the solute and/or rate of solute-site reaction, ii) sites with 
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different accessibility (due to physical mass-transfer resistances) and iii) sites with 

different sorption mechanisms (the solute undergoes two or more types of sorption 

"reactions" of which at least one is rate-limited). 

4.3 Three-compartment model 

As will be shown later on in this thesis (chapters 4,6) in many cases a three-site model 

is preferable to a two-site one. The two-site model is then extended with a very 

slowly desorbing fraction with its corresponding rate constant. 

4.4 Continuum model 

Instead of one, two or three compartments, a whole range of compartments can be 

defined [9,57,58]. The compartments show a range of kd-values according to a 

gamma-distribution, so that the model can be described by only two parameters; 

these parameters, however, have no direct physical-chemical meaning. 

4.5 Radial diffusion models 

A number of slightly different radial diffusion models have been derived from Fick's 

second law, which is, in spherical coordinates 

as n.c?s^2ds. 
= D( —- + ) no) 

dt Or2 rdr 

where D is the diffusion coefficient (cmVsec), r is the radius of the sorbing 

compartment (jam) and S is the sorbed amount of HOC. 

Radial diffusion models include i) pore diffusion models, ii) intra-organic matter 

diffusion models, iii) polymer diffusion models. The boundaries between i) and ii) are 

not always clear as some of the pore models include a OC sorption coefficient. In the 

"real" radial diffusion models, the whole desorption range over time is described by a 

single diffusion coefficient [7,8,36] . In other models, however, a combination is used 

of an instantaneously sorbing/desorbing fraction in equilibrium with the water and a 

rate-limited fraction described by a diffusion coefficient [17,37,59]. The latter model 

can be regarded as a hybrid of a two-site model and a radial diffusion model. For 

example, Farrell and Reinhard [8] found that a pore diffusion model with one D value 

was not sufficient to describe both rapid and slow desorption. 
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A pore diffusion model assumes that desorptional rate limitations are caused by 

retarded pore diffusion at the whole-grain scale and in spherical porous sediment 

particles. In the pores, solute diffusion is described by an effective diffusion coefficient 

Deff taking into account tortuosity and dispersion factors, interaction with pore walls 

and steric hindrance encountered by solutes diffusing through pores with diameters 

comparable to solute sizes. 

Assuming rapid and reversible solute exchange between sorbed phase and pore water 

(a "highly local" equilibrium assumption), the following relation between De(1 and Kp 

is valid [7,60]: 

Dn = V D , OD 

« (\-VKo " 

where <(> is porosity and p is solid density. The numerator can be extended with a 

function of porosity and tortuosity to account for the fact that the diffusional path 

length is generally longer than the particle radius [60]. Wu and Gschwend [7] took 

this function simply equal to <|>, and found that their fitting parameter (only 4> in this 

case) was very closely reproduced for the sorption kinetics of different solutes on the 

same sediment. With their model, values for Deff (eq. 11) and, as a result, sorption 

rates could be predicted from sediment porosities and solute characteristics. The 

model predicts that 50% of sorbed chemical will be desorbed at a time of 0.03 rVD,«. 

The diffusion coefficient in bulk water is 0.5-1.5-105 cmVs for weak electrolytes or 

nonelectrolytes, whereas it is 2-100 times lower in inert aquifer materials [60]. Other 

values for Dbulk are 105-106 cm2/s [36]. In materials showing sorbing characteristics, 

the effective diffusion coefficients can still be much lower. Reported effective diffusion 

coefficients in sediments range from 10"11-10'17 cm2/sec [7,36,61-63]. These D-values 

are very small compared to diffusion coefficients in bulk water, however, they show a 

large variation, possibly because of variations in sediment/soil and solute properties. 

Another reason may be that the radial diffusion model may not always be applicable, 

e.g. when diffusion is not the mechanism of slow desorption, or when diffusion is the 

mechanism but it does not occur at the whole-grain scale and the actual radius of the 

sorption-rate limiting compartment is unknown. Another disadvantage of the radial 

diffusion model is that the particles are not spherical; the use of a shape factor can 

reduce the resulting error [39]. 
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4.6 Polymer diffusion model 

In the polymer diffusion model developed by Carroll et al [34], diffusion through the 

macromolecular organic matter mesh is assumed to be the rate-limiting process in 

sorption. The time scale required for boundary penetration and pore diffusion is 

regarded negligible relative to the time required for intra-OM diffusion. 

The polymer diffusion model [34] describes two sorbing regions: a swollen-polymer 

fraction that shows labile sorption and a condensed-polymer fraction showing slow 

(de)sorption, i.e. rate-limited sorption. Humic polymer diffusion rate constants for 

PCB's of 2.6-1018 and 7.3-1021 cm2/s are reported for diffusion in the swollen and 

condensed phase, respectively, indicating that diffusion through the condensed solid 

phase is several hundreds of times slower that diffusion through the swollen phase. 

Also a study by Holmén and Gschwend [64] in which the same polymer diffusion 

model is used, reports values for the elastomer phase (D=10"12-10'14 cm2/s) that are 

much larger than for the glassy phase (D=1016-10'18 cm2/s). However, the latter 

values are significantly higher than the ones obtained by Carroll et al. [34].; both 

Holmén and Gschwend [64] as well as Carroll et al [34] considered a thin (less than a 

urn) sorbing OM layer and not the whole-particle radius as the sorbing-compartment 

radius. The D-values reported for these models are much lower than the De(f-values 

reported for the diffusion of small molecules through synthetic rubbery polymers [60] 

(10"7to10"13cm2/s). 

5. Consequences of slow desorption 

5.1 Sediment/soil-water distribution ratios 

Due to the presence of slowly desorbing fractions, it has been observed that aqueous 

contaminant concentrations c^, are lower than expected on the basis of equilibrium 

partitioning. This is probably because the slowly desorbing fractions do not contribute 

to aqueous concentrations, indicating that slowly desorbing chemicals are sorbed in a 

way that is different from rapidly desorbing ones. As a result, distribution ratios 

between OC and water [Koc
app=S/(cwfoc)] are higher than expected on the basis of 

equilibrium partitioning. 

Several examples of increasing Koc
app with increasing contact time (and thus increasing 

slowly desorbing fractions) can be found in the literature (Table 1); many of these . 

values have already been reviewed by Xing and Pignatello [28,59,65-67]. It is 

observed that Koc
app increased by 30-2000% between short (days) and long (months-

years) contact times. It should be noted that the values by Koelmans et al. [69] might 
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be influenced by other factors than only incubation time because the characteristics of 

the mineralizing algae might have changed during incubation. 

Jepsen et al. [70] found that log Koc of HCB in a river sediment strongly increased 

during the first 25 d of equilibration (by a factor of 3-10), after which it remained at a 

steady-state level until 100-130 d. 

Generally it can be observed that partition coefficients can increase several times (up 

to one order of magnitude) during prolonged equilibration. This shows that a 

significant part of the sorption process occurs after the first day of sorption and is 

slow. Assuming that i) all sorbed compound after 0-1 d of equilibration is in 

equilibrium with the water and ii) that the slow fraction does not contribute to 

aqueous concentrations, it can be estimated that slowly desorbing fractions of 0-95% 

are present after the long equilibration times. The average value (log-averaged) of the 

ratio Koc
app(long)/Koc

app(short) determined from Table 1 is 3.6, which means a slow 

fraction of averagely 72%. This average value should be regarded as a rough 

indication because of the variations in chemicals, sorbents, and contact times in Table 

1. 

The observation that slow (de)sorption leads to lower aqueous concentrations has 

two important implications. First, groundwater transport fluxes are lower than 

expected on the basis of equilibrium partition constants. In modelling these fluxes, the 

latter have mostly been used up till now. In the case of significant slow desorption 

and, as a result, significantly higher K^ values and lower aqueous concentrations, 

calculated fluxes may thus be too large. In addition, contaminant leaching may 

proceed for a longer time. Considerations on the effect of slow desorption on 

groundwater concentrations are mainly important when estimating the risk of 

contaminants leaching out of contaminant river beds, and of contaminants leaching 

from contaminated sediment landfills. Second, the release of aged chemicals from 

sediments to surface water may be reduced if only part of the chemical can be 

released into the water. On the other hand, it is likely that the contaminants in the 

upper sediment layer (the layer determining surface water concentrations) have had 

shorter contact times than the contaminants deeper in the sediment. Shorter contact 

times may result in smaller extents of slow sorption and thus the effect of slow 

sorption on surface water concentrations may be less than expected on slowly 

desorbing fractions encountered for deeper sediment layers (the layers not whirled by 

ships, organisms, or storms). 
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Table 1: Increase in OC-water distribution ratio, Koc
app, between short and long 

contact times. 

Compound sorbent long time (d) short time (d) Koc^dong)/ reference 
Koc^(short) 

TeCE aquifer sand 10 1 3 Ball & Roberts [59] 
TeCB 100 1 10 
FLU 3 lake 180 7 0.8-3 Brannonetal.[79] 

PCB-52 sediments 1-2 
PCB-151 0.8-3 
1,2-DCP soil 57 1 15 Pignatello [33] 

TCE 1.7 
TeCE . 1.3 

picloram soils 300 7 1.5-3.9 Laha et al. [65] 
atrazine soil 2-9 months 1 2.3-22 Pignatello & Huang [80] 

metolachlor 13-42 
atrazine soil 7 months -1 0.4-4' Pignatello et al.[17] 

metolachlor 0.8-5" 
metolachlor, soil/peat 30-180 1 1.3-2.8 Xing et al. [28] 
DCB, DCP 

HCB hardwood soil 
marsh soil 

112 1 -10 
-0.5 

Pardue et al. [81] 

HCB river sediment 25-150 0 3-20 Jepsen et al. [70] 
pyrene, PHE lake sediment 178 3 1.9-2.2 Landrum et al. [66] 
TeCB, HCB mineralizing 

phytoplankton 
171-240 0 1.7-2 Koelmansetal. [69] 

TCE, TeCE low-OC 
(<0.1%) sands 

190 1 2.1-2.6 Harmon et al. [82] 

picloram seven soils 300 0 1.6-5.4 McCall & Agin [83] 
lindane sand 167 4.2 4 Miller & Pedit [67] 

' fit values; TCE: trichloroethylene; TeCE: tetrachloroethylene; TeCB: 1,2,3,4-tetrachlorobenzene; 1,3-
DCB: 1,3-dichlorobenzene; HCB: hexachlorobenzene; PHE: phenanthrene; FLU: fluoranthene; DCP: 
2,4-dichlorophenol 

5.2 Extraction 

Sorbent-contaminant contact time (and thus slow desorption) has also been observed 

to influence the extraction efficiencies by mild, nondestructive extraction. The amount 

extracted decreases with increasing contact time, probably because the sorbed 

compounds become more strongly bound to the sediment matrix. Especially the 

research group of Alexander has dedicated a lot of work to this area of research [71 -

74]. Recent literature examples of decreasing extraction efficiency with increasing 

sorbent-contaminant contact time have been summarized in Table 2. It is clear that 

the amount extracted by mild extraction methods is reduced by about a factor 2 after 

about 100 d of contact time. This indicates that part of the contaminants becomes 

more firmly bound in the sediments after longer contact times. However, with more 

vigorous extraction methods (e.g. hexane/acetone reflux [25,26,75], 
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dichloromethane soxhlett [71,73]) extraction efficiencies are not significantly different 

from 100%, even after long contact times. 

5.3 Remediation 

Slow desorption can limit the biodegradability of compounds in soils and sediments; 

during biological clean-up of contaminated soils/sediments or in "natural 

attenuation" of field-present residues significant "nondegradable" fractions are often 

observed; these compounds are slowly or not at all degraded. [71 -73,84-86], 

regardless of degradation mechanism (anaerobic reductive dechlorination, aerobic 

(co)metabolism). Two-stage degradation behavior is often observed: one fraction that 

is readily degradable and another one that is hardly or not. This is probably due to 

limited bioavailability: the hypothesis is that slowly desorbing compounds are not 

available to degrading microorganisms because they are released too slowly. This 

hypothesis is based on the observation that in many degradation studies the same 

kind of two-stage behavior (rapid followed by slow degradation) is observed as in 

desorption studies. The first rapid stage may be completed faster when degradation is 

accelerated by the creation of favorable conditions to microorganisms (e.g. in a 

bioreactor or aerated landfarm) but the two-stage disappearance behavior remains 

essentially the same. The percentage of contaminant recalcitrant to degradation can 

vary strongly, from 10% to as much as 90% [72,85,87]. If it is slow desorption that 

determines recalcitrance to degradation, these remaining percentages are the same as 

the slowly desorbing percentages, and biodegradability may be predicted from slow 

desorption behavior. This question is further explored in chapter 12 of this thesis. In 

addition, many studies have shown that intrinsically degradable compounds can 

persist in soil for years to decades after their last application, probably also because 

the rapidly desorbing fractions have been degraded and the residues desorb only 

slowly [e.g. 2,36,72,77,78,86,88-93]. 

Alexander [72] as well as Loehr [86] have reviewed the influence of slow desorption 

and contact time on persistence and remediation. Examples of persistence of 

compounds in spite of their degradability are the following. Nash and Woolson [94] 

observed that DDT was degraded for the first ten years after its application, after 

which degradation (almost) stopped although DDT was still present. Steinberg et al 

[36] observed that 19 years after its last application, still significant amounts of 1,2-

dibromoethane were present in an agricultural soil. Scribner et al. [95] reported that 

no degradation occurred of aged (20 years) simazine. Erickson and Loehr [96] 

reported that aged PAHs did not disappear from a gas plant soil during 3 months in 
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the lab. Weissenfels et al [78] found that aged PAHs were not degradable. In the 

latter four studies [36,78,95,96], the same compounds, when freshly added, were 

extensively degraded by the present microbial populations. However, with some of 

these reported persistences it is unclear whether slow desorption was the cause of 

persistence, or rather that microbial limitations were the actual cause of persistence, 

like starvation of microorganisms because contaminant levels had fallen below 

threshold concentrations. Addition of fresh compound then could initiate degradation 

once again. 

Kelsey et al. [73] determined biodegradability of atrazine and phenanthrene after 

different incubation periods of the compounds in the soil. After 124 d of incubation, 

only 46% of the amount of atrazine degraded after 0 d of incubation (67%) was 

mineralized in 15 d. For phenanthrene, after 0 d of incubation 23% could be 

mineralized in 15 d, however, with 120 d of incubation prior to degradation only 

60% of this 0-day value could be degraded. Kelsey also compared the extents of 

mineralization to extraction efficiencies using various methods, and observed that 

biodegradability could best be predicted by butanol extraction at 21 °C under 

agitation. 

Hatzinger and Alexander [71] performed similar experiments, in which they found 

that phenanthrene mineralization in 33 d fell from 59% to 42% between 0 and 315 d 

of incubation in a muck, and from 22-28% (dependent on nutrient being added or 

not) to 5-10%, in an aquifer sand. For 4-nitrophenol in a loam soil, the extent of 

mineralization fell from 42-49% to 25-34% after 103 d of incubation (dependent on 

4-nitrophenol concentration); for the muck it fell from 35-47% to 14-30% in the 

same incubation time. Fu [77] observed that styrene mineralization (32 d) fell from 

30-40% to about 2% after 123 d of incubation. 

Only one study has been found in which rates of desorption and rates of 

biodégradation in the same sediment have been compared. This study has been 

carried out by Beurskens [88]. He compared the gas-purge desorption behaviour and 

the biodégradation of HCB for i) historically contaminated sediment and ii) lab-spiked 

sediment, both sediments being of the same origin. Eighty percent of the lab-added 

amount was desorbed in 4 weeks, whereas this was only 20% for the field-

contaminated sediment. In 18 weeks, about 80% of the lab-added HCB had been 

degraded, whereas no noticeable degradation of historically present HCB had 

occurred. The same differences between lab-added and historically present HCB were 

thus observed for desorption and biodégradation. Desorption was about 4 times 

faster than biodégradation; this is probably because the purging with gas (employed 
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to measure desorption) kept the water phase solute-free more efficiently than 

biodegrading micro-organisms; backward adsorption is then greater in the case of 

biodégradation and concentration gradients are also lower. 

On the other hand, Abramowicz et al. [97] found that dechlorination of aged PCB's 

occurred at rates of 80% of those of freshly spiked material. Further, a number of 

other authors observed no difference in degradation rates for freshly added and 

historically present contaminants in soil [89]. However, these authors may have 

observed initial degradation rates, whereas the possible final extent of PCB 

degradation may have been lower for aged than for freshly spiked material. Bedard et 

al. observed that up to 80-90% of aged PCB's in Hudson River sediments was 

degraded. However, the degradation lasted 1-2 years. The reason why Bedard did not 

observe significant rate limitations may be that slowly desorbing fractions were small 

due to high PCB contents (see chapter 8 of this thesis), or that the degradation time 

of 1 -2 years was long enough even to release slowly desorbing chemical. Dowson et 

al. [90] reported tributyltin degradation in field sediment at an approximately 

constant rate of (4-8)-105 h'1. In contrast to other studies, degradation rates were 

lower in spiked sediments than in field-contaminated ones. This was accounted for by 

tributyltin toxicity to the degrading organisms. 

Various methods to accelerate slow degradation are presently investigated, like 

cosolvent or surfactant addition. These methods could enhance desorption rates 

either by increasing the affinity of the compounds for the aqueous phase, or by 

competition for slow sorption sites between cosolvent/surfactant and contaminant, if 

high-energy site sorption is the mechanism of slow desorption. In some cases 

surfactants indeed accelerate slow degradation [98-100], whereas in other cases rates 

do not change or are even lowered [101]. Noordman et al. [102] also showed that 

surfactants (rhamnolipids) increase leaching rates; removal of 90% of lab-added 

phenanthrene in a column was accomplished in a 3.5-fold shorter time period. 

However, it might be that less than 10% was in the slowly desorbing fraction and the 

rhamnolipids only increased rapid desorption. Lowering of degradation rates may 

result from surfactant toxicity to the degrading organisms [101]. 

Another method to enhance degradation is the application of fungi that release exo-

enzymes that degrade the contaminants. As these exo-enzymes are much smaller 

than bacteria, they are probably able to further penetrate into the sediment matrix 

and degrade contaminants that are present in remote sediment parts. Especially if 

sorption into the slow sediment compartment is rapid compared to slow desorption 
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from it, such techniques may be feasible because chemicals sorbed at slow sites may 

be reached relatively rapidly. 

5.4 Bioaccumulation 

Belfroid et al [103] have reviewed the influence of incubation time on 

bioaccumulation of organic compounds in sediment-dwelling organisms. It is 

suspected that slowly desorbing fractions are not available for uptake by aquatic 

organisms. Slowly desorbing fractions increase with increasing contact time between 

chemical and sorbent, so if they are not available contaminant uptake will decrease 

with increasing contact time. On the other hand, part of the slowly desorbing 

compounds may still be available to benthic organisms, because organisms feeding on 

sediment may be able to extract even the strongly sorbed slow fraction if they can 

disrupt the whole microscale sediment structure due to their feeding habits. The data 

reviewed by Belfroid et al [103] are presented in Table 3, along with more recent 

values from Keisey et al. [73]. The average reduction factor in bioaccumulation is 3, a 

value which is reasonably consistent with the value of 3.6 increase in Koc during long 

incubation reported earlier in this chapter. On the other hand, this similarity may be 

coincidental because of differences in sorbents, chemicals, and incubation times. 

Table 3: Reduction in bioaccumulation in aquatic organisms after long incubation 
times of organic contaminants in soils and sediments. 

organism compound short incubation accumulation reference 
time time reduction factor 

earthworm lindane days 1 year 5 Vermaetal. [104] 
earthworm lindane days 1 year 1 Vermaetal. [104] 
earthworm chlorobenzenes days 20-30 years 2-30 Belfroid et al. [105] 
amphipod PAH 1 d 10d 2 Landrum et al. [106] 

midge larvae PAH days 56 d 2.9 Harkey étal. [107] 
oligochaetes PAHs days years > 1 Harkey étal. [108] 
oligochaetes dioxins 21 d 21 months 1.4-2 Loonen [109] 

clams various 28 d years 2.6-4.6 Ferraro et al. [110] 
amphipods PAHs days years 4 Varanasi et al. [68] 

clams PAHs days years 6 Varanasi et al. [68] 
earthworm phenanthrene hours 120 d 1.7 Keisey et al. [73] 
earthworm atrazine hours 124 d 2.2 Keisey et al. [73] 
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Outline of this thesis 

The research described in this thesis was designed to yield information on the process 

of slow desorption of organic compounds from sediments. The main consideration 

was the elucidation of the mechanism underlying this process; in addition, the 

implications of slow desorption have been studied, with respect to biodégradation 

and porewater concentrations. 

The most important research questions were the following. Research questions 1,11, 

and III have been addressed in separate parts of this thesis; questions IV and V on the 

consequences of slow desorption have been grouped in part IV. 

Research questions 

I. Does desorption occur in two phases (rapid and slow) or are there more phases 

that need to be considered? What is the magnitude of the kinetic fractions? What 

is the desorption behavior of contaminants from sediments on the very long term 

(years)? Are there physical-chemical differences between kinetically different 

pools? 

II. Which sediment constituent determines slow (de)sorption? Is it possible to 

predict the extent of slow desorption from simple sediment characteristics? 

III.Is the mechanism of slow (de)sorption a site-sorption or a diffusion-related 

phenomenon? 

IV.How does slow (de)sorption influence HOC concentrations in the porewater? Is 

the slowly sorbing fraction a determinant for aqueous concentrations? 

V. Is slow sorption the cause of limited biodegradability of microbially degradable 

compounds, and can the extent of possible biodégradation be predicted from 

desorption behavior? 
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Part I: Phenomenology of the kinetic fractions (chapters 2.3.4.5) 

• Does desorption occur in two phases (rapid and slow) or are there more phases 

that need to be considered? What is the magnitude of the kinetic fractions? 

• What is the desorption behavior of contaminants from sediments on the very long 

term? 
• Are there physical-chemical differences between kinetically different pools? 

A simple and useful desorption method needed to be developed before these 

questions could be investigated. In chapter 2 the novel method developed is 

described, extraction with solid Tenax particles in separation funnels. 

In chapter 4, we investigate the possible existence of more than two kinetically 

different "pools" of sorbed contaminant by studying desorption kinetics at various 

temperatures, and by performing a long-term desorption study. Also the 

thermodynamics of the slow sorption and desorption processes are studied by 

employing various adsorption and desorption temperatures. As an introduction to 

chapter 4, the literature is reviewed on the temperature dependences of i) sorption 

coefficients, ii) rapid and slow desorption, and iii) polymer diffusion (chapter 3). The 

magnitude of the kinetic fractions is studied mainly in chapters 2 and 4, but also in 

many other chapters (especially chapters 6,8,9,10,11 and 12) kinetic fractions are 

determined. 

Also, a study on the molecular level is carried out on the characteristics of compounds 

sorbed in the rapid and slow fraction (chapter 5). In this way the possibility of 

physical-chemical differences between the kinetically different fractions is studied. 

This is done by measuring fluor-NMR signals (chemical shifts as well as relaxation 

times) for a fluorated compound sorbed to sediment. 

Part II: Slow desorption and sediment characteristics (chapters 6.7) 

• In which sediment constituents does slow desorption take place? 

• Is it possible to predict the extent of slow desorption from simple sediment 

characteristics? 

To find out which sediment constituents are important for slow desorption (question 

II), two approaches are taken: i) studying desorption kinetics for various well-

characterized soils and sediments, and relating the desorption behavior to 
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soil/sediment characteristics (chapter 6) and ii) studying desorption kinetics for several 

well-defined materials similar to one constituent of sediment (chapter 7). These model 

materials include i) microporous materials to mimic the mineral sediment parts 

(montmorillonite and zeolite, both mineral materials), ii) the porous resin XAD-8 

(pores with hydrophobic walls) and iii) polymers to mimic the organic matter [the 

polymers polyacetal (elastomeric) and polystyrene (glassy)]. In addition, the role of 

the organic matter matrix was investigated by the comparison of desorption from a 

sediment stripped of its organic material to desorption from the unchanged sediment. 

Part III: Site-sorption and retarded diffusion (chapters 8.9.10) 

• Is the mechanism of slow (de)sorption a site sorption or a diffusion-related 

phenomenon? 

The possibility of site sorption as the mechanism of slow desorption is explored by the 

determination of rapidly, slowly and very slowly desorbing amounts of three 

chemicals at various concentrations, in order to construct separate sorption isotherms 

for rapidly, slowly and very slowly desorbing chemical (chapter 8). Also, we study the 

possibility of competition effects between different slowly desorbing chemicals 

(chapter 9), because the occurrence of competition effects can only be explained by a 

site sorption phenomenon. 

In both chapters 8 and 9, it is also tried to gain information on the characteristics of 

the possible slow sorption sites, i) from slow sorption capacities and affinities of three 

different compounds (chapter 8), ii) by studying competition effects between freshly 

added and long-aged contaminants (chapter 9) and iii) by studying competition 

effects between compounds from different classes (aged PAH/oil and added 

chlorobenzene/PCB, respectively; chapter 9). 

To explore the possibility of diffusion on the whole-grain scale as the mechanism of 

slow sorption, desorption kinetics are determined for various particle size fractions of 

field-contaminated sediments (chapter 10). 

The research questions regarding the implications of slow desorption, are addressed in 

part IV. 

39 



Chapter 1 

Part IV: Consequences of slow desorption (chapters 11f12) 

• How does slow sorption influence HOC concentrations in the porewater? 

• Does the slowly sorbing fraction contribute to aqueous concentrations? 

In chapter 11, it is investigated how slow desorption affects porewater concentrations. 

This was done by measuring porewater and sediment concentrations (to obtain in situ 

Koc values) as well as slowly desorbing fractions. These slowly desorbing fractions are 

compared to the fractions that do not contribute to porewater concentrations. 

• Is slow sorption the cause of limited biodegradability of microbially degradable 

compounds? 

• Can the extent of possible biodégradation be predicted from desorption behavior? 

In chapter 12, question 5 (the relation between slow desorption and biodegradability) 

is investigated by measuring PAH desorption kinetics before and after biodégradation 

in a bioreactor or landfarm. In this way we can relate extents of PAH biodégradation 

to rapidly desorbing PAH fractions. 

Discussions on the slow sorption process and on regulatory issues 

In the concluding chapters 13 and 14, the findings from the other chapters will be 

discussed. Chapter 13 is a general discussion dedicated to the process of slow 

desorption. Here the research questions posed in the present section are discussed 

and answered as far as possible. 

Chapter 14 focuses on regulatory aspects of the outcome of this research. Possible 

implications of the findings are described, with respect to practical problems regarding 

the management of contaminated sediments encountered in The Netherlands. The 

aspects considered include i) sediment quality objectives, ii) proliferation risks of 

chemicals from river beds and landfills through the groundwater, and iii) 

bioremediation issues. 
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