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The most exciting phrase to hear in science, 
the one that heralds new discoveries, 

is not "Eureka!" (I've found it), but "That's funny..."

Isaac Asimov (1920-1992, sci-fi writer) 
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GENERAL INTRODUCTION 

Sedimentation areas in the Netherlands

The Netherlands are formed as a river delta from sediments that were deposited by the two
main rivers: Rhine and Meuse (Middelkoop, 1999). These rivers today have an important
economical function in connecting coastal ports with hinterland, usage for drinking water
production, and water supply for industry and agriculture. The location of the Netherlands in
the river delta leads to the deposition of material that is carried with the river (suspended
sediments) in larger water bodies with reduced flow. 
The river Rhine is one of the main rivers in Europe that crosses several industrialized areas.
This has in the past led to the deposition of polluted sediments in the river delta, causing
serious pollution of the river beds in tidal areas such as the port of Rotterdam, and
sedimentation areas such as the lake Ketelmeer. Main pollutants of concern that still can be
found in deeper layers in sedimentation areas are the heavy metals, and organic
micropollutants such as polycyclic aromatic hydrocarbons (PAHs) and polychlorinated
biphenyls (PCBs). An intensive cooperation program (International Commission for the
Protection of the Rhine, ICPR) has led to a considerable improvement in the water quality of
the river Rhine. This can be seen in the marked reduction of concentrations in the top layer
of sedimentation areas. However, higher concentrations of pollutants are still present in the
deeper layers, as is shown for a representative deposition area in the Netherlands (lake
Ketelmeer) in Figures 1 and 2.
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Figure 2. Higher concentrations of PCBs and chlorobenzenes (CBs) in deeper sediment layers of lake

Ketelmeer (depth in cm, ZSK = suspended matter from location Kampen, entrance of lake

Ketelmeer) (ten Hulscher, 2001).
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Figure 1. Higher concentrations of PAHs in deeper sediment layers of lake Ketelmeer, eastern part.

(depth in cm, ZSK = suspended matter from location Kampen, entrance of lake Ketelmeer)

(ten Hulscher, 2001).



The fact that Dutch sedimentation areas are formed by polluted sediments that originate
from upstream locations is illustrated by the findings during an extreme high-flow event in
1999. In the period February-May 1999 extremely high flows were observed in the upstream
part of the river Rhine (Bodensee). This resulted in the mobilization (resuspension) of
sediment with about ten-fold higher concentrations of hexachlorobenzene (HCB) even
though this compound is no longer being used in industrial areas. The suspended sediment
with high HCB concentrations was transported to the downstream stretches of the river
Rhine, including lake Ketelmeer. This is illustrated in Figure 3, which shows the correlation
between water flow at an upstream sampling location (Maxau, located about 2 days
upstream from Lobith) and the peak in HCB concentration in suspended matter at Lobith.

Sediment remediation program in the Netherlands

The location of the Netherlands in the delta of the two main rivers Rhine and Meuse leads to
the deposition of large quantities of riverine suspended matter in areas where the flow of
water is reduced. These areas have become a sink of polluted sediment. The accumulation of
polluted sediments may have a negative effect on the use of these water ways, because
sediment blocks shipping routes, or may have a negative influence on the ecological health
of water systems. An inventory of polluted sediments that have to be removed from Dutch
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of the river Rhine, and may be resuspended and transported to the downstream
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waterways shows that a total amount of 400x106 m3 will have to be removed (AKWA, 2001)
of which 50% has a freshwater origin. Part of this amount (roughly 30% of the
contaminated freshwater sediment) can be relocated because (total) concentrations are
below critical levels. The other part has (total) concentrations above critical levels, and has to
be stored at confined disposal facilities, or cleaned up.

Relevance of sorption research, early developments

Knowledge about the sorption of organic micropollutants to sediments and soils finds its way
into a variety of applications. Some examples are: modelling of the transport of pollutants in
sediment and soil systems, protection of the environment with environmental quality criteria,
interpretation of toxicity testing with sediments, and decisions on the clean-up of polluted
areas.
This research field has developed rapidly in the past 20-30 years. The first indication that
sorption was a relevant process was the awareness that sorbed chemicals were no longer
available for uptake by organisms. This was seen in studies that used the total concentration
of a pollutant present in an aquatic system as the reference point. When using distilled water
with a certain concentration of pollutants present, this would cause a greater effect
(accumulation, lethal effects) than experiments in which water not only contained the same
amount of pollutant, but also contained suspended particles or dissolved organic carbon
(DOC). The explanation of these observations was that a fraction of the pollutant present
was no longer available for uptake by organisms because concentrations of truly dissolved
organic contaminants both in overlying water and in sediment porewater are regarded as the
contaminant fraction available for organism uptake (Landrum, 1985; Kukkonen, 1990;
Schrap, 1992). The presence of particles in water lowered the bioavailability of a pollutant.
Knowledge of the partitioning coefficient between water and sediment was recognized as an
important factor necessary for interpreting water quality measurements, and interpreting
potential hazards. Many lab studies in which pollutants were added to sediment-water
suspensions provided the necessary information, and very useful correlations were found
between sorption to the organic carbon fraction of sediments, n-octanol/water partition
coefficients, and accumulation into the fat tissue of aquatic animals. These relations are also
referred to as the equilibrium partitioning theory or model. This theory led to the
development of sediment quality criteria (Shea, 1988; DiToro, 1991; van der Kooij, 1991).

Using equilibrium partitioning for sediment quality guidelines 

At present the judgement of the environmental quality of a specific site in the Netherlands is
based on the comparison of environmental concentrations of a chemical with its
environmental quality standard. Toxicity data for benthic organisms are often lacking.
Therefore the Maximum Permissible Concentration in sediment for a compound
(MPCsediment) is derived from the MPC in water that is based on toxicity data for aquatic
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organisms, using the concept of equilibrium partitioning (van de Guchte, 2002; RIVM,
1999). This method is also applied for the derivation of sediment guidelines in the United
States and Canada (Batts, 1995), and in the quality standards for priority substances in the
European Water Framework Directive (Lepper, 2002). The method assumes sorption
equilibrium between the concentrations in water and in the sediment. This approach has the
following underlying assumptions concerning the partitioning of chemicals between water
and sediment (RIVM, 1999):
- concentrations in sediments, interstitial water, and benthic organisms are at equilibrium;
- the concentration of a chemical in any of these phases can be predicted from the

concentrations in another phase, using the appropriate partition coefficients;
- concentrations in sediments causing effects (expressed on the basis of organic carbon

content) can be predicted using partition coefficients (KOC) and effect concentrations in
water.

In recent years, the validity of this equilibrium partitioning approach in field sediments has
been questioned (Frederickson, 2003; Sijm, 2002; Apitz, 1998; National Academy of
Sciences, 2003; Linz, 1997; Alexander, 2000, Cornelissen, 1999, Kraaij, 2001). There is an
accumulating amount of evidence that partitioning and (bio)availability in a field situation
may differ substantially from observations in lab systems that formed the basis of the
equilibrium partitioning theory. 
While this theory has proven its value for establishing sediment quality criteria for situations
with recent pollution, the application for the field situation, especially concerning historic
contaminations, can be doubted. Data are now becoming available that sorption and
desorption processes as well as bioavailability of contaminants for aquatic organisms and
rates of biodegradation change with the residence time of the contaminant present in the
sediment (Frederickson, 2003; Sijm, 2002; Apitz, 1998; National Academy of Science, 2003;
Linz, 1997; Alexander, 2000; Cornelissen, 1999; Kraaij, 2001; Beurskens, 1995; Lu, 2003;
Menzie, 2000; Cuypers, 2001). Data are also becoming available that show that
concentrations in interstitial water in many field-collected sediments are different from that
expected based on (equilibrium) sorption constants. The general picture is that with time
sorption of the contaminant to the sediment particles becomes stronger, the extent of
desorption becomes less, concentrations in interstitial water decrease, and as a result also
biodegradation and bioavailability decrease. 

Partitioning of in-situ contaminants in sediments

Most of the existing literature on measured partition coefficients deals with the
determination of partition coefficients by addition of compounds to sediment-water systems
in the laboratory. In this type of experiments varying contact times are employed. Pignatello
showed that partition coefficients tend to increase with increasing contact times (Pignatello,
1996) and that this increase varied from 30% to as much as ten-fold, depending on the
contact time employed. The largest increase was found for the longest contact time
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employed (200-300 days). It is therefore difficult to estimate if partition coefficients that are
measured after addition of compounds are representative for partition coefficients that are
observed in field sediments. In Tables 1-3, an overview of partition coefficients for in-situ
contaminants is presented. For comparison, the equilibrium partitioning coefficient (valid for
short contact times, usually <2 days) is also presented. The overview is restricted to
chlorobenzenes (CBs), PCBs and PAHs in sediments because these represent the focus of this
thesis. Furthermore, data were selected from references that either measured freely dissolved
concentrations in porewater, or made a correction for the fraction of contaminant that was
sorbed to DOC. The presence of DOC may result in much higher concentrations in the
porewater, and will result in a levelling off for the apparent partition coefficient for the more
hydrophobic contaminants (Baker, 1986; Schrap, 1994; Koelmans, 1995).

Table 1. Overview of partition coefficients for in-situ PAHs in sediments

Compound In-situ log KOC EP log KOC KOC
in-situ/KOC

EP

min-max

Acenaphthene 6a; 4.58-5.03b 3.53c 11-32
Fluorene 4.18-5.91b 4.11d 1.17-63
Anthracene 4.73-5.86b; 5.58-6.72e 4.85d 0.75-74
Fluoranthene 5.35-7.29b; 5.88-6.86e; 5.56d 0.6-53

6.0-6.5f

Pyrene 4.97-6.53b; 5.31-7.43g; 6.5a; 5.76d 0.1-47
4.76h; 5.95-6.80e

Phenanthrene 4.18-5.91b; 5.77g; 5.58-6.72e; 5.5-6.1f 4.47i 0.5-178
Chrysene 5.98b; 6.86-7.89e; 6.9-7.3f 5.7i 1.9-155
Benzo(b)Fluoranthene 6.26-6.70b; 6.5a; 7.59-8.39e 5.4c 7.2-977
Benzo(k)Fluoranthene 6.01-6.94b; 7.82-8.49e 6.0i 1.0-310
Benzo(a)pyrene 6.6a; 5.78h; 7.76-8.97e; 7.7-7.8f 5.98i 0.6-977
Indenopyrene 6.93b; 6.4a; 8.63-9.2e 6.4i 1.0-630
Benzo(ghi)perylene 6.56-6.78b; 8.69-9.32e; 8.0-8.6f 6.6i 0.9-525
Dibenzo(a,h)Anthracene 6.5a 6.3c 1.6
PAHs 100-10.000i

a Mitra, 1999; b Maruya, 1996; c calculated from log KOW using log KOC = 0.989 log KOW - 0.346 and
log KOW values from Mackay, 2000; d Cornelissen, 1997; e Jonker, 2000; f Booij, 2003; g McGroddy, 1995;
h Eadie, 1990; i van Steenwijk, 1999; k Readman, 1987.
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Table 2. Overview of partition coefficients for in-situ PCBs in sediments.

Compound Cl-substitution In-situ log KOC EP log KOC KOC
in-situ/KOC

EP

min-max

PCB-28 2,4,4’ 6.39-7.97a; 5.84b 6.1-6.4c 5.41d 2.7-363
PCB-52 2,2’,5,5’ 6.14-6.88a 5.82b 6.2-6.7c 5.9d 0.8-9.5
PCB-101 2,2’,4,5,5’ 5.79; 5.93e 6.73-7.16a; 6.15b 5.90d 0.8-18

6.4-6.9c

PCB-118 2,3’,4,4’,5 7.08-8.08a; 6.41b 6.7-7.1c 5.92f 3-151
PCB-138 2,2’,3,4,4’,5’ 6.16e; 7.33-7.77a 6.43b; 5.8d 2.3-93
PCB-153 2,2’,4,4’,5,5’ 6.76g; 7.32-7.60a 6.38b; 6.36d 1.0-17

6.8-7.1c

PCB-180 2,2’,3,4,4’,5,5’ 7.84-7.88a 7.2-7.7c 6.56d 4-21

a Jonker, 2000; b Butcher, 1998; c Booij, 2003; d van Steenwijk, 1999; e McGroddy, 1996; f Cornelissen,
1997; g Eadie, 1990.

Table 3. Overview of partition coefficients for in-situ chlorobenzenes in sediments.

Compound In-situ log KOC EP log KOC KOC
in-situ/KOC

EP

min-max

1,2-DCB 3.0-3.9a 2.64b 2-18
1,3-DCB 5.62c; 3.3-4.4a 3.19-3.56d 2.64b 4-955
1,4-DCB 5.73c; 3.04-3.34d 2.64b 2.5-1230
1,2,3-TCB 3.7-4.4a 3.32b 2.4-12
1,2,4-TCB 3.8-5.9a 3.32b 3-380
1,3,5-TCB 3.4-4.6a 3.32b 1.2-19
HCB 6.70c; 6.2-6.76d 6.0-6.3e 5.19f; 3.98b 6-37

a Masunga, 1991; b van Steenwijk, 1999; c Chen, 1999; d Cornelissen, 1997c; e Booij, 2003; f Cornelissen,
1997a.

From this overview it is clear that partition coefficients for PAHs, PCBs and CBs in field
sediments can vary by as much as three orders of magnitude. For PAHs, partition coefficients
in the field may be up to four orders of magnitude higher than partition coefficients that are
predicted from equilibrium partitioning. This difference is much higher than the maximum 
of a ten-fold increase that was found when contact times in lab studies were extended to
200-300 days (Pignatello, 1996). The difference between field partition coefficients and
those derived from equilibrium partitioning is not only restricted to PAHs as was suggested
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by McGroddy et al. (1995, 1996), but is also observed for chlorinated compounds such as
CBs and PCBs, as was also concluded by Buchelli (2001). Therefore the assumption that the
way of introduction into the aquatic system may play an important role (Readman, 1987;
McGroddy, 1995; McGroddy, 1996) seems to be less likely .

Correlations of in-situ partition coefficients with log KOW

Some investigators reported correlations between log KOC and log KOW instead of the
individual partition coefficients that were measured. These correlations can be compared to
the log KOC - log KOW relation that has been derived for linear sorption (equilibrium
partitioning, Karickhof, 1981) to conclude in what way the individual log KOC - values
deviated from those expected when only linear partitioning would take place. 
For short term experiments the soil-water distribution can be described as an equilibrium
partitioning process (solute partitioning in the organic matter), because sorption isotherms
are linear and reversible at aqueous phase concentrations up to half the solubility (Karickhoff,
1981; Chiou, 1979). Recent studies have shown that sorption takes place in both a linear
sorption domain, and in finite-capacity, non-linear domains (Huang, 1997, Cornelissen,
1999). After short contact times (1-2 days) the linear domain dominates the sorption process,
and after longer contact times the non-linear domains become more important.
The log KOC - log KOW relationships are summarized in Table 4. Again, only studies with
aquatic sediments, measuring freely dissolved concentrations, or correcting for the presence
of DOC, were taken into account. 

Table 4. Correlations between in-situ log KOC - values, and the n-octanol/water partition coefficient

(log KOW) compared with a known relation for EP.

Compunds Log KOC - log KOW relation Reference

EP relation log KOC =0.989 log KOW - 0.346 Karickhoff, 1981
PAHs log KOC = 0.98 log KOW + 0.99 Gustafson, 1997
PAHs log KOC = 0.941 log KOW +0.443 Maruya, 1996
PAHs log KOC = 1.32 log KOW - 0.39 Booij, 2003
Planar CBs, PCBs and PAHs log KOC = 1.09 log KOW +1.48; Jonker, 2000

log KOC = 0.97 log KOW +1.42
Nonplanar PCBs and HCB log KOC = 1.00 log KOW + 0.92 Jonker, 2000

log KOC = 1.08 log KOW - 0.06
PCBs/QCB/HCB log KOC = 0.95 log KOW +0.62 Booij, 2003
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Most of these reported log KOC - log KOW relations show the same slope as the one derived
for equilibrium partitioning (Karickhoff, 1981). The slopes derived for field partitioning vary
between 0.94 and 1.32, the slope derived for equilibrium partitioning by Karickhoff (1981) is
0.989. This indicates that for most field studies, the increase in partition coefficient was
constant for the log KOW-range studied. For those relations for which the slope is about equal
to the slope for EP this increase can be calculated from the difference in intercepts between
the EP relation, and the relation found for in-situ contaminants. This increase varies between
studies and is between 0.34 and 1.82, indicating an increase in partition coefficients between
2.2 and 66. This is within the range that was summarized in Tables 1-3.

Desorption kinetics of in-situ contaminants

In many studies biphasic desorption is observed: both in laboratory tests with spiked
contaminants and in field sediments with in-situ contaminants an initial rapid release is
followed by a long-term resistant phase. A fraction of the contaminant is highly resistant to
desorption. At present, most of the evidence of declining availability (increasing resistance to
desorption) with time is generated for soils (Alexander, 2000; Linz, 1997; Chen, 2002; Xing,
1997). Although it is assumed that the underlying mechanisms are valid for all geosorbents
(Luthy, 1997), for soils long term monitoring data of concentrations in the field are more
readily available than comparable data for sediments. However, some information is
available for sediments. In the overview in Table 5, data were selected where desorption was
studied at 20-25ºC, using an infinite sink such as sorption to an added phase (Tenax, XAD),
or purging the sediment/water suspension. The rate constants that are obtained in such an
experiment are the maximum that can be expected in a natural system.
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Table 5. Overview of desorption kinetics of in-situ PAHs, PCBs, and CBs from historically

contaminated sediments.

Type of Model for desorption Range of slow Fraction resisting Ref
compounds kinetics k-values in 10-3 h-1 (fast) desorption

PAHs Two-phases 0.75-3.3 >95% a

PAHs Two-phases 30-50 46-62% b

PAHs Two-phases 6.2-31 41-64% c

PAHs Two phases 1.3-0.008 99-100% d

PAHs Three phases 0.0001-70 40-90% e

PAHs Three phases 0.23-1.52 7-90% f

PAHs Three phases 0.3-1.9 4-93% g

PAHs Two domain diffusion 2.1-18 x 10-13 cm2 s-1 13-83% h

PAHs/PCBs Three phases 29-0.21/0.67 0.3-49.1% i,j

PAHs/PCBs Two phases 0.09-0.35 ‘large’ k

PCBs Three phases 0.14-0.23 36-37% l

PCBs Two phases 4-11 7-13% m

PCBs Two phases 0-3.75 5-10% n

PCBs Three phases 0.68-14 11-81% o,p

PCBs Two phases 0.0023-0.0035 34-56% q

CBs/PCBs Two phases - 57-94% r

CBs, naphthalene Two-phases - 70-95% s

CBs Two phases 1.9-5.4 36-98% t

CBs Three phases 0.9-14 68-99% u

CBs Two phases 0.0045-1.04 82-95% v

a Zhang, 2000; b Karickhoff, 1980; c Karickhoff, 1985; d Horng, 2001; e Kraaij, 2001; f Cornelissen 1998a;
g Cornelissen 1998b; h Shor, 2003; i van Noort, 2002; j van Noort, 2003; k Lamoureux, 1999; 
l Cornelissen, 1997b; m Ghosh, 2000; n Ghosh, 1999; o Björklund, 1999; p Pilorz, 1999; q Carroll, 1994; 
r Oliver, 1985; s Chen, 2000; t Cornelissen, 1997c; u Kan, 2000; v Gess, 1997.

Predicting availability

Because of the relevance of the occurence of slow desorption and high partition coefficients
in field situations, it is a challenge to find the relevant compound, sediment, and
environmental characteristics that influence this process, and that may be used in a predictive
way. The main difficulty for regulators remains that the magnitude of reduction in
bioavailability resulting from aging (the influence of very long contact times in field situations
on desorption kinetics and partitioning) is different for a single compound in different soils or
sediments, and is also different for different compounds in the same sediment or soil.
Furthermore, the process seems to be influenced by the period of time that a compound has
remained in a soil or sediment. At present it is still not possible to predict the extent of decline
in availability, although several researchers have tried this (Cornelissen, 1999; Cuypers, 2001;
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Pignatello, 1996; Huang, 1997; Kukkonen, 2003) and found some correlation with O/C
ratios in the organic carbon matrix (Huang, 2003)
At present, the most promising tool for assessment of sediment pollution seems to be the
measurement of available concentrations in addition to or replacing the measurement of
total concentrations in sediment. For this purpose several methods are being developed and
applied to field sediments (Burgess, 2003; den Besten, 2003; Macrae, 1998; Sijm, 2000;
Cornelissen, 2001; ten Hulscher, 2003). These methods include those that mimic uptake by
organisms from the water phase such as semi-permeable membrane devices (SPMDs); solid-
phase microextraction fibers (SPMEs) or polyethylene tube dialyses (PTD). Other methods in
use are selective (mild) extraction procedures that only remove an operationally defined
fraction of the total amount of contaminant present in a sediment or soil. These include using
a combination of solvents, the use of gut fluids, or prepared solutions containing enzymes
and amino acids. A third method that is being applied is the use of resins like Tenax,
cyclodextrin, XAD, and C-18 along with knowledge on desorption kinetics to selectively
remove contaminants from sediments during a predetermined time period. This approach
captures part or all of the linearly sorbed fraction because of the high desorption rate
constants associated with this fraction.

Mechanisms of sorption

As yet there is only a partial agreement on the mechanisms of sorption. This agreement is
restricted to the first, rapid, desorption step. It is agreed upon that sorption into the first
domain can be modelled as dissolution (adsorption) of organic compounds in amorphous
natural organic matter, resulting in linear isotherms. It is also agreed upon that additional
adsorption domains are operative (Xia, 1999). Several mechanisms have been proposed
either for sorptive phases in sediments that influence partitioning, or for mechanisms
responsible for slow desorption kinetics. In this overview a distinction is made between
proposed mechanisms for partitioning and for desorption kinetics.

Proposed partitioning mechanisms:
- Sorption is a combination of linear sorption plus limited hole filling, partly explained from

the glassy nature of soil organic matter (Xing, 1996; Xing, 1997, Huang, 1997; LeBoeuf,
1997; LeBoeuf, 2000).

- Three phases can be distinguished, a combination of linear sorption, and two phases with
a limited capacity and different affinities for hydrophobic compounds (Cornelissen,
1997b; Huang, 1997; Pilorz, 1999).

- Soils and sediments are heterogeneous. Each component exhibits either linear or
nonlinear sorption. A distributed reactivity model quantifies sorption behaviour (Weber,
1992).

- Exchange with water from the linear sorbing compartment can be described with the
equilibrium partitioning approach (Cornelissen 1999; Kraaij 2002).
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- High partition coefficients in field sediments can be explained by sorption to high affinity
sites such as soot, or black carbon (Gustaffson 1997; McGroddy 1995; McGroddy 1996;
Naes 1998; Acardi-Dey, 2003) and should be treated as absorption into the organic
carbon fraction, and adsorption onto a black carbon fraction.

- A fraction is desorbed reversible, a second fraction is physically entrapped in sediment
matrices due to conformational changes in the organic matter. (Kan, 1998 ; Lu, 2002).
The size of the irreversible fraction is fixed. This fraction has a single organic-carbon-
based partition coefficient which is independent of compound properties such as log KOW
(Kan, 1998; Kan, 2000).

Proposed mechanisms for desorption kinetics:
- Labile and resistant fractions arise from different diffusional rates from swollen and

condensed phases of sediment organic matter (Caroll, 1994).
- A fraction of the contaminant is trapped in micropores leading to a slower diffusion out

of sediment particles (Wu, 1986; Farrell, 1994; Cunningham, 1997).
- Three distinct kinetic phases can be distinguished: rapid (desorption rate constants in the

order of 0.1-1 h-1), slow (desorption rate constants in the order of 0.001-0.01 h-1), and
very slow (desorption rate constants in the order of 10-4-10-5 h-1). Slow desorption is
caused by specific interactions in the organic carbon and may be a combination of site
sorption and diffusion (Cornelissen, 1999).

- A continuum of compartments exists, with a distribution of rate coefficients
(Connaughton, 1993; Deitsch, 1999; Culver, 1997).

- A fraction is desorbed reversible, a second fraction is physically entrapped in sediment
matrices due to conformational changes in the organic matter, blocking or slowing the
release of compounds (Kan, 1998; Kan, 2000; Chen, 2000; Lu, 2002).

Although many researchers have proposed mechanisms that could explain observed
partitioning and desorption behaviour, at present is still not clear what causes the large
differences between laboratory spiked sediments and field contaminated sediments in terms
of observed partition coefficients and observed desorption kinetics. The main factor that has
been brought forward is the existence of very long contact times in field situations (also
referred to as aging), but this does not always seem to reduce availability (Harkey, 1995). 

Research objectives and outline of this thesis

The research described in this thesis focuses on the desorption kinetics and partitioning of in-situ
contaminants in field sediments, the causes of differences in sorption kinetics and distribution
that are observed between field-contaminated sediment, and lab contaminated sediment in
terms of sorption kinetics and distribution of contaminants, and the way that lab systems can be
used as surrogates for the field situation. This can be summarized in the following research
questions:
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1. The development and optimisation of the gas purge technique for sorption studies.
2. Determining sediment-water partitioning and sorption kinetics of in-situ organic

contaminants, and its relation to compound properties.
3. Determining the influence of environmental variables such as temperature and contact

time that influence this process in the field.
4. To find explanations for the observed large differences between lab and field distribution

coefficients and sorption kinetics.
5. To determine in what way laboratory systems can be used to mimic sorption processes of

in-situ contaminants.

To this end the following research was performed: 
• In the first part of this thesis, the development and refinement of the gas purge technique (a

method that is able to measure desorption kinetics and partitioning for relevant historic
pollutants such as PCBs, PAHs, and CBs) is described. In chapters 2 and 3, the volatilisation
characteristics (Henry’s Law constants) for the studied compounds are reported. In chapter
5, the interpretation of desorption experiments for both volatile and less volatile compounds
is specified further.

• In the second part of this thesis (chapters 4, 5, and 6), the distribution and desorption kinetics
of in-situ contaminants in field sediments, and its relation to compound properties and
residence time in the field are described.

• The third part of this thesis focuses on the use of spiked sediments under controlled
conditions to determine the influence of environmental variables that may influence this
process in the field. In chapter 7, the influence of temperature on desorption kinetics of
in-situ sediment contaminants is presented. The influence of extremely long contact times on
distribution and sorption kinetics of spiked contaminants is presented in chapters 8 and 9.
Chapter 8 presents the influence of long contact times on distribution coefficients, chapter 9
presents the influence on sorption kinetics. Both chapters address the comparability of spiked
sediments with field contaminated sediments.

For the research described in this thesis, sediments from lake Ketelmeer were used. This lake is
known to contain high concentrations of various pollutants in the deeper layers of the sediment.
These high concentrations are related to deposition in the 1960s and 1970s. Furthermore, for
in-situ chlorobenzenes and PCBs in this sediment extremely long half-lives for biodegradation
were observed, this is probably caused by a reduced availability of these in-situ compounds
(Beurskens, 1995). The main source of pollution in sediments of lake Ketelmeer is the input by
the river Rhine, therefore the sediments from this lake are representative for other deposition
areas in the Netherlands that are mainly influenced by the river Rhine.
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TEMPERATURE DEPENDENCE OF HENRY'S LAW CONSTANTS 

FOR SELECTED CHLOROBENZENES, POLYCHLORINATED BIPHENYLS AND

POLYCYCLIC AROMATIC HYDROCARBONS

ABSTRACT

Modeling the fate of organic micropollutants in aquatic systems requires information about
gas/water partitioning at environmental temperatures. In this paper experimental data are
presented on Henry's Law constant (H) for seven chlorobenzenes, three PCB-congeners and
six PAH-compounds. The studied compounds were 1,2,3-; 1,2,4- and 1,3,5-tri-; 1,2,3,4- and
1,2,3,5-tetra-; penta-; and hexachlorobenzene; 2,5-di-; 2,4,4'-tri-; and 2,2',5,5'-
tetrachlorobiphenyl; and the PAH compounds fluoranthene, benzo[b]fluoranthene,
benzo[k]fluoranthene, benzo[a]pyrene, benzo[ghi]perylene, and indeno[1,2,3-cd]pyrene.
H was measured in a buffer solution using a modified gas-purge technique. Values for this
set of PAH compounds have not been determined experimentally before. The temperature
dependence of H was measured for the tetra-, penta-, and hexachlorobenzenes and for all
PCBs and PAHs over a temperature range of 10 to 55ºC. The experimental data and
temperature dependence are in good agreement with partitioning theory and available
literature data. The observed temperature dependence results in a doubling of H for every 
10ºC temperature increase.

Keywords: Henry's Law constants; chlorobenzenes; PCBs; PAHs; temperature dependence

INTRODUCTION

Henry's Law constant (H) is an important parameter in environmental fate models for organic
micropollutants (1-3). Henry's Law is used to describe mass transfer between water and air.
In fugacity-type models, H is also used to calculate distribution coefficients, that is,
distribution between water and sorbed phases and distribution between water and biota (1, 2).
Because there is variable quality of published data for H (4, 5), reliable methods for
measuring H are of great value.
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Several methods have been described to obtain values for H. When no measurements are
available, H may be estimated from data on vapor pressure (P) and aqueous solubility (S) of
a compound. H is calculated as Ps/Ss or Pl/Sl (where s and l refer to solid state and liquid
state, respectively), assuming H to be constant at lower P and S values (1). Erroneous values
may be obtained if vapor pressure and solubility data do not refer to the same state or if the
solubility of water in the liquid is large.
More reliable values may be obtained by measuring H directly. Several methods have been
described and evaluated (6, 7). H can be obtained from direct measurement of concentrations in
the gas phase (Cg) and the water phase (Caq) in a system at equilibrium. This method has been
used by several investigators (8-10) but is difficult to apply to environmental concentrations
of hydrophobic compounds. The compounds of interest usually have very low water
solubilities and thus are present in low concentrations (nanogram-per-liter range). 
The partial pressures of these compounds are also very low and may be difficult to measure
(gas concentrations are usually approximately 100 times less).
Techniques measuring Cg and Caq during an equilibrium air/water exchange process have
been described to calculate H (11-13). The method described in this paper uses a purge
technique where an inert gas purges the solute from the water phase. By concentrating the
purged compound onto a sorbent and comparing it with the depletion of the compound
from the water phase, a mass balance can be obtained. From the rate of depletion of the
compound from the water, or the accumulation onto the sorbent, H can be calculated.
Fendinger et al. (7) used a technique based on the same principle: the wetted-wall column
where compounds are equilibrated between a thin film of water flowing down the inside of
a column, and a concurrent flow of air.
Temperature dependence of H may be an important factor that is not often taken into
account in environmental models. Temperatures in water bodies can have a range of >15ºC.
Very few studies give information on the magnitude of the temperature dependence of H for
compounds of environmental interest. Mackay and Shiu (6) estimated a temperature
dependence of H resulting in a doubling in H between 10 and 65ºC. Burkhard et al. (14)
predicted a temperature dependence of H resulting in an increase of H of one order of
magnitude with a 25ºC increase in temperature. Other investigators state that both solubility
and vapor pressure are strongly temperature dependent (15, 16) so some effect of change in
temperature is expected.
In this study we used the gas-purge technique to determine H for seven chlorobenzenes,
three PCB congeners and six PAH compounds. The gas-purge technique was modified from
Oliver (13). For all of the compounds (except the trichlorobenzenes) the temperature
dependence was determined experimentally using a temperature range of 10 to 55ºC.
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MATERIALS AND METHODS

Chemicals

The chlorobenzenes (CBs) were obtained from Merck-Schuckart (Amsterdam, the
Netherlands), Dr. S. Ehrenstorfer (C.N. Schmidt, Amsterdam), Riedel de Haen AG (Wolbert,
Enschede, the Netherlands), Fluka AG (Perstorp, Oud Beierland, the Netherlands), and
Aldrich Europe (Brussels, Belgium); the polychlorinated biphenyls (PCBs) from Promochem
(C.N. Schmidt, Amsterdam); and the polynuclear aromatic hydrocarbons (PAHs) from Fluka
AG, Promochem and Aldrich Europe. Most of the compounds were of the highest available
commercial quality (purity >99%) except for 2,5-dichlorobifenyl (98.6%), fluoranthene
(98%) and benz[a]pyrene (97%). The compounds were used without further purification.
Organic solvents were nanograde quality and purchased from Promochem [hexane, acetone,
petroleum ether (boiling range 30-60°C) and 2,2,4-trimethylpentane(isooctane)] and
J.T.Baker (Deventer, the Netherlands) [methanol and dichloromethane; HPLC-grade]. 
Milli-Q (Milli-Q Corp., Etten-Leur, the Netherlands) ultra-pure deionized water was used
for the purge experiments. Tenax TA (60-80 mesh) was purchased from Chrompack
(Middelburg, the Netherlands), and Chromosorb G AW (45-60 mesh) was obtained from
Serva (Brunschweig Chemie, Amsterdam). Silica gel disposable columns (3 mL) and C18
bonded-phase silica gel column (reversed phase octadecylsilane [C18]- bonded to silica, 
40-µm average particle diameter) were obtained from J.T. Baker. Disposable filter units from
Milli-Q Corp. with 0.5-µm pore size were used for extract filtration in PAH determination.
K2HPO4, Na2SO4 (anhydrous), NaOH and HCl were J.T. Baker analyzed reagents.

Preparation of aqueous solutions

All glassware used in the experiments was acetone cleaned and dried with compressed air
from an oil-free compressor before use. Methods of preparing aqueous solutions varied,
depending on the solubility of the specific set of compounds. Solutions were prepared and
purged in the following groups:
1. CBs: 1,3,5-; 1,2,4- and 1,2,3-trichlorobenzene; 1,2,3,4- and 1,2,3,5-tetrachlorobenzene,

pentachlorobenzene (QCB) and hexachlorobenzene (HCB).
2. PCBs: 2,5-dichlorobiphenyl (PCB-9), 2,4,4'-trichlorobiphenyl (PCB-28) and 2,2',5,5'-

tetrachlorobiphenyl (PCB-52); hexachlorobenzene as reference compound.
3. PAHs: fluoranthene, benzo[b]fluoranthene, benzo[k]fluoranthene, benzo[a]pyrene,

benzo[ghi]perylene and indeno[1,2,3-cd]pyrene.

A solution of the relatively soluble chlorinated benzenes was prepared by spiking 2 mL of a
stock solution (in acetone) into 1 L of Milli-Q water, buffered at pH = 6.4 with 0.1 g/L
K2HPO4 and 1M HCl. The 2 mL was added in steps of 100 µL per fifteen minutes to minimize
loss due to evaporation of the acetone mixture. The pH was chosen because it approximates
the natural acidity of peat rich areas of the Dutch surface waters. The final water
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concentration for each CB was about 10 µg/L, except for HCB, which was 1 µg/L. These
concentrations are below reported solubilities for the CBs (17).
Aqueous solutions of the PCB and PAH group were prepared using Chromosorb as
intermediary, to avoid the presence of microcrystals. PAH solutions were prepared in amber
glass vessels to prevent (or minimize) photolysis. One gram of solvent-washed Chromosorb
was loaded with about 0.4 mg of each component of the PCB group and about 0.1 to 0.6 mg
of each component of the PAH group by adding stock solutions in petroleum-ether and
isooctane respectively. The loaded Chromosorb was dried with a nitrogen stream and added
to a solvent-cleaned and air-dried 10-L glass vessel filled with Milli-Q water, buffered at pH
6.4. Water concentrations of PCBs and PAHs were measured before the start of the purge
experiments. Concentrations for the PCBs were: PCB-9, 4.42 µg/L; PCB-28, 1.81 µg/L; PCB-52,
1.28 µg/L. Water concentrations for the PAHs were: fluoranthene, 31.7 µg/L;
benzo[b]fluoranthene, 0.61 µg/L; benzo[k]fluoranthene, 0.18 µg/L; benzo[a]pyrene, 
0.47 µg/L; benzo[ghi]perylene, 0.09 µg/L and indeno[1,2,3-cd]pyrene, 0.19 µg/L. These
concentrations are well below solubilities of these compounds reported by Miller et al. (17).
Solutions were thermostatted at the desired temperature and stirred for at least one week.

Purge experiments

The thermostatted gaseous purge system used for the experiments was a modification of the
one used by Oliver (13). The system used in this study was extended with a thermostatted
1-L flask filled with Milli-Q water. This vessel was used to prevent volume reduction of the
solution in the one L measuring flask, by wetting the purge gas. Omitting this modification
would lead to serious errors, especially in the determination of the temperature dependence
of H, where temperatures up to 55ºC were used.
A small glass column (5 mm i.d.) packed with 0.12 g of Tenax, secured at both ends with a
quartz wool plug, was used to clean up the gas before entering the measuring flask and a
second column filled with 0.12 g of Tenax (CBs and PCBs) or 0.10 g of C18 adsorption
material (PAHs) was used to adsorb the organics purged from the solutions.
A metal stirring bar was used to mix the solutions. High purity nitrogen or compressed air
from an oil-free air compressor was used at flow rates of 30 mL/min (CBs) and 1,000 mL/min
(PCBs and PAHs) to strip the organics from the solutions. Gas flow was controlled with
pressure regulators and regularly checked.
Experiments in which both gases were used simultaneously showed no significant deviation
in results. The trapping efficiency of Tenax and C18 was tested by mounting a second glass
column on the first and measuring the components’ concentration in separately collected
eluents. One column appeared to be sufficient.
Purge experiments for the determination of H were conducted by transferring 1,000 mL of
the prepared aqueous solutions, thermostatted at the desired temperature, into the
thermostatted 1-L measuring flask. Due to the extreme high sorption of these components,
PAH solutions were stirred for 12 hours (h) to accomplish equilibrium between the solution,
glass wall and stirring bar. Water samples were taken to determine the initial water
concentration. Gas flow started immediately. Flow rate and time intervals for changing purge
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traps were optimized so that sorption of CBs and PCBs could be prevented (or neglected). CB
experiments were conducted with a flow rate of 30 mL/min and a sampling interval of 90
minutes to collect sufficient material for analysis. PCB experiments needed a flow rate of
1,000 mL/min and a sampling interval of 10 min. The water concentration remained
constant during PAH experiments (flow rate, 1,000 mL/min; sampling interval, 150 min).
Therefore the equilibrium between the water phase and the glass wall/stirring bar remained
unchanged.
In order to check for equilibrium conditions during purge experiments, five purge capillaries,
ranging in length from 5 to 25 cm, and thermostatted measuring flasks with lengths of 115
and 160 cm to realize extreme column heights of 110 and 155 cm were constructed by
placing two (thermostatted) coolers onto the measuring flask. This resulted in different
contact times between the solutions and purge gas.

Extraction

CBs and PCBs. A sample of the CB solution was extracted with 2 mL of hexane. The PCB
solution was extracted with 10, 5, and 5 mL petroleum ether. These fractions were
combined, dried with Na2SO4, and evaporated to 5 mL using a Kuderna-Danish condenser.
Desorption from the Tenax traps took place by elution with 10 mL of hexane for the
chlorinated benzenes and 10 mL of petroleum ether for the PCBs. The extracts were
evaporated to 1 mL with nitrogen after addition of an internal standard (PCB-101) for the
PCBs in 1 mL of isooctane to correct for evaporation losses. The concentrated extracts were
injected into the GC.
PAHs. PAH concentration of the equilibrated aqueous solutions was determined by
extracting 100 mL 3 times with 10 mL of dichloromethane. The combined extracts were
dried with Na2SO4 and evaporated to about 3 mL using a Kuderna-Danish condenser.
Evaporation was continued with nitrogen until the solvent disappeared. The residue was
dissolved in 1 mL of methanol and subsequently filtrated over a filter with 0.5-µm pore size.
Desorption from the C18 traps was performed with 10 mL of dichloromethane. The residue
was dissolved in 250 µL of methanol after evaporation with nitrogen. The components in
these extracts were determined by HPLC. 
PAH quantitation presented difficulties due to a high background level when using Tenax as
a trapping material. The high background appeared to be caused by a small amount of the
polymer material (poly-p-2,6-diphenylphenyleneoxide) that co-eluted with the compounds
of interest and fluoresced at the emission wavelength band used for detection (418-700 nm).
Using C18, the noise was reduced, resulting in a lowering of the detection limit to about 0.1 µg/L
(injection solution).
Recovery studies were performed to determine the recovery rate of the applied experimental
procedures. GC determinations (CBs and PCBs) showed a good recovery rate (>90%) and
reproducible results (≤5%). HPLC determinations (PAHs) were performed with an excellent
overall efficiency and a good reproducibility; gas purging experiments were conducted with
an efficiency of >96%.
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Analysis

A Packard Becker (Delft, the Netherlands) 433 gas chromatography system equipped with a
63Ni electron capture detector (ECD) was used in CB and PCB quantitation. Congener
separation was accomplished with a 25 m CP sil 5 CB capillary column (0.22 mm i.d. and 0.42
µm film thickness) from Chrompack. Temperature programs varied, depending on the
specific set of compounds being analyzed. Runs were made in splitless mode. Concentrations
were determined relative to external standards for CBs and relative to an internal standard for
PCBs.
The HPLC instrument used for PAH quantitation consisted of an LKB (Pharmacia, the
Netherlands) Bromma 2152 HPLC controller, an LKB Bromma 2150 HPLC pump and an
LDC/Milton (Interscience, the Netherlands) Roy fluoroMonitorTMIII fluorescence detector
equipped with a 360-nm excitation filter, a 418- to 700-nm emission filter and a 30-µl cell.
The analytical column was a 4.6-mm o.d. 250-mm-long Vydac (Chrompack) 201 TP
reversed phase column, run isocratically (mobile phase: methanol). Concentrations were
determined in methanol relative to external standards in the linear range of detector response
(0.1 - >1,000 µg/L). Integration of the peak area was carried out by a Shimadzu (Lamers &
Pleuger, 's-Hertogenbosch, the Netherlands) C-R3A chromatopac integrator.

RESULTS AND DISCUSSION

Henry's Law Constants

To calculate H using the equilibrium formula provided by Mackay et al. (11) it is necessary to
use experimental conditions that allow equilibrium between the gas and the liquid phases
during purging. To determine whether these conditions were obtained, the purge height in
experiments with CBs was varied from 5 to 155 cm.
The data shown in Figure 1 indicate that for HCB the equilibrium condition was reached at a
purge height of between 20 and 30 cm. QCB needed about 30 cm and the rest of the CBs
40 cm. For the PCB and PAH group, equilibrium conditions were checked using heights of
only 25 and 155 cm. Both purge heights yielded the same value of H. So all CB experiments
were performed at a liquid depth of 45 cm and the PCB and PAH experiments at 25 cm. 
The results demonstrate that the equilibrium condition was reached for all compounds. These
findings are in contrast with comments of Dunnivant et al. (18) about the design of the purge
vessel used in this study and by Oliver (13), which may have resulted in non-equilibrium
conditions. Hassett and Milicic (19) used a similar apparatus and also noted that equilibrium
might not have been attained.
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Values measured for H in this study and literature data are shown in Table 1. The Henry's
Law constants measured in this study agree well with literature data that are measured with
comparable methods. 
Preparation of the aqueous solution is an important factor when studying these compounds.
Dunnivant et al. (18), for example, prepared solutions by coating the inside of a flask with
the particular compounds after evaporating the solvent in which the compounds were
dissolved, and then adding the water to obtain the desired concentration. Oliver (13) and
Hassett and Milicic (19) used the spiking method. We used a combination of the spiking and
the chromosorb method; the change in method took place at HCB, due to the more
hydrophobic character of the rest of the compounds. Determination of H for HCB using both
methods provided exactly the same value.
Differences between the values presented here and those reported in the literature may be
caused by the fact that our measurements were carried out in a buffer solution with a salt
concentration of ±10-3 M. This salt concentration may lower the solubility, compared to
measurements in distilled water (20), and thus lower the value of H (8). Another reason for
the deviation between the measurements presented here and literature values is the
difference in experimental temperature employed by different researchers, which may result
in lower values for H at lower temperatures, as will be explained in the next section.

Figure 1. Equilibrium as a function of purge height for HCB volatilization.
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Table 1. Measured values and literature values of Henry's Law constant (H in Pa m3 mol-1).

Measureda H Literature H

Compound at 20ºC 20ºC 25ºC

Chlorobenzenes
1,3,5-Trichorobenzene 192 ± 19 (n=6) 193 (13) 127 (29)
1,2,4-Trichlorobenzene 101 ± 10 (n=6) 122 (13)
1,2,3-Trichlorobenzene 72 ± 7 (n=6) 90 (13)
1,2,3,5-Tetrachlorobenzene 99 ± 10 (n=6) 158 (29)
1,2,3,4-Tetrachlorobenzene 62 ± 6 (n=6) 70 (13)
Pentachlorobenzene 59 ± 6 (n=6) 72 (13)
Hexachlorobenzene 41 ± 4 (n=6) 49 (13)

132 (8)

Chlorobiphenyls
2,5-Dichlorobiphenyl 29 ± 6 (n=6) 40 (30)
2,4,4'-Trichlorobiphenyl 21 ± 2 (n=4) 34 (30)

39 (30)
2,2',5,5'-Tetrachlorobiphenyl 16 ± 4 (n=4) 12 (8) 32 (30)

31 (19)

Polycyclic aromatic hydrocarbonsb

Fluoranthene 0.65 ± 0.05 (n=4) 0.0034
Benzo[b]fluoranthene 0.051 ± 0.002 (n=4) 0.091
Benzo[k]fluoranthene 0.044 ± 0.003 (n=4) 0.16
Benzo[a]pyrene 0.034 ± 0.002 (n=4) <0.24 (31)
Benzo[ghi]perylene 0.027 ± 0.003 (n=4) 0.024
Indeno[1,2,3-cd]pyrene 0.029 ± 0.002 (n=4) 3.04x10-5

a 95% confidence level indicated.
b The literature values for PAHs presented by Koch (32) are calculated from P/S. The value for

benzo[a]pyrene was determined experimentally.
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Temperature dependence

The temperature dependence of H can be modelled with the van 't Hoff equation for
temperature effect on an equilibrium constant (21-23). The general form of the temperature
dependence of H can be expressed as: 

ln H = AH - BH/T (1)
where

AH = (apparent) intercept
BH = slope
T = absolute temperature

Because only few quantitative data on the temperature dependence of H are available, they
can also be derived from data on the temperature dependence of solubility and vapor
pressure. H can be approximated by:

H = P/S (2)
where

H = Henry's Law constant (Pa m3 mol-1)
P = vapor pressure (Pa)
S = solubility (mol/m3)

The temperature dependence of H can than be calculated from:

ln H = ln P - ln S (3)

The temperature dependence of solubility has been described by several researchers (16, 24-26)
(Eq. 4). Temperature dependence of vapor pressure is described by the Clapeyron equation
(15, 27, 28) (Eq. 5) 

ln S = As + Bs/T (4)
ln P = Ap + Bp/T (5)

Combining Equations 4 and 5 with Equation 3 yields:
ln H = (Ap - As) + (Bp - Bs)/T (6)
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When no measurements of temperature dependence of H are available, its temperature
dependence can be calculated from temperature dependence of vapor pressure of the pure
compound (subcooled liquid) and temperature dependence of the solubility of the pure
compound (subcooled liquid).
Experimental data obtained in this study support the theoretical temperature dependence
described above. All measurements at the different temperatures are presented in Table 2.
Results from linear regression of ln H vs. T-1 (H expressed as mole fraction; T in K) are shown
in Table 3. An example of the measured values and the regression line for
benzo[b]fluoranthene is shown in Figure 2. 

Table 2. Henry's Law constants measured at different temperatures in the range of 10 to 55 °C (H in

Pa m3 mol-1.

Compound Experimental values of H

T (°C): 14.8 20.1 22.1 24.2 34.3 50.5
Chlorobenzenes
1,2,3,4-Tetrachlorobenzene 48.5 52.0 68.1 70.9 127.9 276.2
Pentachlorobenzene 37.4 49.4 68.1 66.7 124.1 276.2
Hexachlorobenzene 23.6 30.0 46.6 52.5 88.3 217.2

T (°C): 10.4 20.0 30.1 34.9 42.1 47.9 48.4
Chlorobiphenyls
2,5-Dichlorobiphenyl 16.1 29.6 58.2 82.2 123.0 165.4
2,4,4'-Trichlorobiphenyl 8.7 21.2 47.4 50.3 70.8 120.6 122.2
2,2',5,5'-Tetrachlorobiphenyl 8.6 16.4 37.4 38.8 68.7 109.2 120.6

T (°C): 10.0 20.0 35.0 40.1 45.0 55.0
Polycyclic aromatic hydrocarbons
Fluoranthene 0.26 0.64 1.63 2.38 5.84 6.23
Benzo[b]fluoranthene 0.025 0.051 0.012 0.151 0.208 0.370
Benzo[k]fluoranthene 0.022 0.043 0.107 0.138 0.198 0.403
Benzo[a]pyrene 0.022 0.034 0.074 0.092 0.110 0.239
Benzo[ghi]perylene 0.019 0.027 0.052 0.054 0.066 0.087
Indeno[1,2,3-cd]pyrene 0.018 0.029 0.057 0.061 0.077 0.105
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The regression coefficients of the linear relation are used to calculate the (differential)
thermodynamic constants enthalpy (∆H0), the standard Gibbs free energy (∆G0), and
entropy (∆S0) of the volatilization process. The slope of Equation 1 represents -∆H0/R, which
can be derived from the following equations:

∆G0 = RT ln Hx (7)
where

∆G0 = standard Gibbs free energy in J mol-1

R = gas constant: 8.314 Pa m3 mol-1 K-1

T = temperature in K
Hx = dimensionless Henry's Law constant expressed as mole

fractions in air and water

∆G0 = ∆H0 - T∆S0 (8)
where

∆H0 = enthalpy of volatilization in J mol-1

∆S0 = entropy of volatilization in J mol-1

Combining these equations results in the following relationship:

ln Hx = - ∆H0/ (RT) + ∆S0/ R (9)

Figure 2. Effect of temperature (T) on Henry’s Law constant (H) of benzo[b]fluranthene.
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∆H0 can be calculated from the slope of the regression equation. (∆G0) can be calculated
from the measured value of Hx (the dimensionless H expressed as mole fractions) at the
experimental temperature T (20°C), using Equation 7. The entropy of the volatilization
process (expressed as T∆S0) can be calculated from Equation 8.

Table 3. Enthalpy and entropy contributions to the thermodynamics of the volatilization process at

200C.

∆H0a ∆G0a T∆S0a

Compound r (kJ/mol) (kJ/mol) (kJ/mol)

Chlorobenzenes
1,2,3,4-Tetrachlorobenzene -0.998 46 ± 5 -8.3 ± 0.2 54 ± 5
Pentachlorobenzene -0.996 47 ± 6 -8.1 ± 0.2 55 ± 6
Hexachlorobenzene -0.992 49 ± 8 -7.1 ± 0.2 56 ± 8

Chlorobiphenyls
2,5-Dichlorobiphenyl -0.999 47.1 ± 1.8 -6.7 ± 0.5 54 ± 2
2,4,4'-Trichlorobiphenyl -0.992 50 ± 6 -5.9 ± 0.2 56 ± 6
2,2',5,5'-Tetrachlorobiphenyl -0.994 52 ± 5 -5.3 ± 0.6 57 ± 6

Polycyclic aromatic hydrocarbons
Fluoranthene -0.984 57 ± 5 2.8 ± 0.19 54 ± 5
Benzo[b]fluoranthene -0.999 45.3 ± 1.9 8.8 ± 0.10 36.5 ± 2.0
Benzo[k]fluoranthene -0.997 49 ± 4 9.2 ± 0.17 40 ± 4
Benzo[a]pyrene -0.991 39 ± 3 9.6 ± 0.14 29 ± 3
Benzo[ghi]perylene -0.997 26.1 ± 1.0 10.2 ± 0.3 15.9 ± 1.3
Indeno[1,2,3-cd]pyrene -0.997 30.0 ± 1.1 10.1 ± 0.17 19.9 ± 1.3

a 95% confidence level indicated.

It is apparent from the regression r values shown in Table 3 that the van 't Hoff equation fits
the data well, implying that temperature influences on enthalpy and entropy are negligible in
the experimental temperature range.
Some literature is available with quantitative data on the temperature dependence of H.
Mackay and Shiu (6) derived a temperature dependence of H for PCBs from published data
on enthalpy of solution (35 kJ/mol) and enthalpy of vaporization (45 kJ/mol). Combining
these data results in approximately 10 kJ/mol enthalpy of volatilization effect on H (6).
Ashworth et al.(23) determined the temperature dependence of H for 45 chemicals, among
which some chlorobenzenes. They modelled the observed temperature dependence with the
Van 't Hoff equation. From these data the enthalpy of volatilization could be calculated.
These data are presented in Table 4.
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Table 4. Literature values for the enthalpy of volatilization (∆H0
H) using data on solubility and

vapor pressure (∆H0 in kJ/mol).

Vapor pressurea Solubilitya

Compound ∆H0
p(l) ∆H0

p(s) ∆H0
s(l) ∆H0

s(s) ∆H0
H

Chlorobenzenes
1,2-Dichlorobenzene 11.8 (23)
1,3-Dichlorobenzene 21.3 (23)
1,4-Dichlorobenzene 22.6 (23)
1,2,4-Trichlorobenzene 33.5 (23)
1,2,3,4-Tetrachloro- 55 (33)

benzene
Pentachlorobenzene 63 (33) 15.2 (34) 47.8
Hexachlorobenzene 68 (33) 64 (1) 18.2 (34) 49.8

Chlorobiphenyls
4-Chlorobiphenyl 90.1 (35) 28.4 (36) 61.7
Dichlorobiphenyls 58.8 (14)
2,4,6-Trichlorobiphenyl 33.4 (36)
Trichlorobiphenyls 61.9 (14)
3,3',4,4'-Tetrachlorobiphenyl 50.5 (36)
Tetrachlorobiphenyls 64.6 (14)
2,2',4,5,5'-Pentachlorobiphenyl 92.6 (37) 31.9 (26) 60.7
2,2',3,3',5,5',6,6'-Hexa- 105.7 (35) 50.7 (26) 51

chlorobiphenyl

Polycyclic aromatic hydrocarbons
Anthracene 59 (33) 43.9 (24) 15.1
Phenanthrene 59 (33) 34.7 (24) 24.3
Fluorene 57 (36) 32.9 (24) 24.1

a (s) denotes solid; (l) denotes liquid.

Burkhard et al. (14) predicted the temperature dependence of H using a predicted
temperature dependence of solubility and vapor pressure. Data for the calculated
temperature dependence were provided as percentage deviation from H at 25°C for
homologues series of chlorobiphenyls. Recalculating these data to a value for H (expressed
as mole fraction) at different temperatures can be achieved by multiplying with a constant
factor and H at 25°C. The data presented by Burkhard et al. (14) were recalculated to ln H
and 1/T. The slope of the obtained graph represents an estimate for ∆H0/R; the (apparent)
intercept represents an estimate for ∆S0/R. The regression value (r) for these data was better
than 0.9998. The data are presented in Table 4 along with data on temperature dependence
of solubility and vapor pressure that were available for chlorobenzenes, PCBs and PAHs in
the literature. The experimentally determined temperature dependence agrees well with the
theoretical values calculated from the data presented by Burkhard and the values obtained
from vapor pressure and solubility.
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CONCLUSIONS

This paper describes the measurement of Henry's Law constants using a modified gas-purge
technique. The value of H for the PAHs measured by the gas-purge technique is very low;
ranging from 2.9 to 64 x 10-2 Pa m3/mole (20°C). This indicates that volatilization of PAHs
will not be an important factor in determining the fate of these compounds. The magnitude
of H for CBs and PCBs indicates that volatilization for this group of compounds is an
important process, especially in aquatic systems with long residence times, such as large lakes
and oceans.
The temperature dependence of H measured over the temperature range of 10 to 55°C can
be modeled with the van 't Hoff equation. The experimental data fit the model well as is
evidenced by r > 0.992 for CBs and PCBs and r > 0.984 for PAHs. It has been shown that the
observed temperature dependence of H can be predicted from data on temperature
dependence of solubility and vapor pressure. The data presented here agree well with
temperature dependence of H described in the literature.
The observed temperature dependence results in a doubling of H when temperature changes
from 10 to 20 ºC. It may thus be important to use the observed temperature relationship in
environmental models predicting the fate of chemicals, especially for those chemicals that are
subject to volatilization in large water bodies.
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HENRY’S LAW CONSTANTS FOR ELEVEN POLYCHLORINATED BIPHENYLS, 

MEASURED AT 20°C

ABSTRACT

Henry´s Law constants for eleven polychlorinated biphenyls (PCBs) were measured using a
gas purge system at 20°C. The studied PCB congeners ranged from 2,4,4´-trichlorobiphenyl
to 2,2´,3,4,4´,5,5´-heptachlorobiphenyl, spanning a range of hydrophobicities and
solubilities, and including four mono-, and seven di-ortho chlorinated compounds. For four
PCBs, Henry’s Law constants have not been published before. For the other seven PCBs, the
values are in agreement with available literature data. The values for the higher chlorinated
PCBs agreed well with other partitioning data for PCBs, and are lower than most available
literature data. The measured Henry’s Law constants decreased with increasing
hydrophobicity, and showed a high correlation with the number and position of the chlorine
atoms. The methods used are suitable for measuring reliable and accurate Henry’s Law
constants, also for the higher chlorinated PCB congeners.

INTRODUCTION

Physical chemical data such as the water solubility and partitioning data (including the
Henry’s Law constants) are used in environmental risk assessments and fate and transport
models. Besides the use of Henry’s Law constant (H) for the prediction of the environmental
behaviour of compounds, this property is also used in studies of desorption kinetics and
partition coefficients of organic compounds in sediment/water systems. In these studies, a
gas-purge method has been employed (1-6). This method uses the dynamics of water-air
exchange to induce desorption of compounds from sediments or suspended particles.
Interpretation of this type of experiments requires accurate values for the Henry’s Law
coefficients of the studied compounds.
The accuracy of physical chemical data is not always easy to judge (7-10). One of the ways
to judge whether a data set is of good quality is to verify whether the obtained data are
consistent with other properties (9-11). Values for H, for example, are related to vapour



pressure, solubility in water and n-octanol, the n-octanol/water partition coefficient, KOW and
the n-octanol/air partition coefficient, KOA. Especially for the heavier PCBs, disagreement
exists on the quality of some of the published data sets for H (9). 
The accurate determination of Henry’s Law constants for compounds such as PCBs can be
problematic for two reasons. First, measurements using compounds with very low water
solubilities (ng/L range) require a careful preparation of aqueous solutions. Secondly, the
higher chlorinated PCBs have low Henry’s Law constants. This means special requirements
for the test system to measure Henry’s Law constants.
The preparation of aqueous solutions of sparingly soluble compounds can be done in
different ways. Using a carrier solvent is one of them, but this has the disadvantage of
influencing the compound’s solubility in water. Methods based on the generator column
technique are the methods of choice for sparingly soluble compounds (12). 
For the determination of Henry’s Law constants several methods are in use. The advantage
of using a dynamic system for this type of measurements, such as the gas-purge system, is
that detection problems will not occur because the compounds in the gas phase are
concentrated on an adsorbent. 
In the present paper, we report the experimental determination of Henry’s Law constants for
eleven PCB congeners that present a range in solubility and hydrophobicity, and include both
mono-ortho and di-ortho congeners. The compounds were chosen to span a range of
congeners with different chlorination patterns. The range consisted of three- to hepta-
chlorinated congeners, containing symmetrical congeners, and congeners with all chlorines
on one of the two aromatic rings. It included four congeners with one chlorine in the ortho-
position and seven congeners with two chlorines in the ortho-position. This set of congeners
includes four compounds for which at present no measured Henry’s Law constants are
available in the literature. 

EXPERIMENTAL SECTION 

Chemicals

The PCB congeners used in this study were obtained from Promochem (C.N. Schmidt,
Amsterdam, the Netherlands). The studied compounds are listed in Table 1, together with
some relevant physical chemical properties. The solvents acetone, n-hexane, and iso-octane
were all nanograde quality, and were also obtained from Promochem. Methanol (absolute
quality), hydrochloric acid (Titrisol) and potassium monohydrogen phosphate (analysed
quality) were obtained from J.T. Baker (Deventer, the Netherlands). Tenax TA (60-80
mesh) was obtained from Chrompack (Middelburg, the Netherlands). Chromosorb G-acid
washed (45-60 mesh) was obtained from Serva (Brunschwig Chemie, Amsterdam, the
Netherlands). The Tenax, Chromosorb and glasswool were all washed with n-hexane, and
dried before use.
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Preparation of aqueous solutions

All glassware used in the experiments was rinsed with soap (Extran MA 02 neutral, Merck,
Amsterdam, the Netherlands) and cleaned with Milli-Q water and acetone. The bottles were
dried at 105°C. The five and ten-L bottles that were used for the preparation of the aqueous
solutions, and the bottles used for the purge experiments were also cleaned with n-hexane,
and dried with a nitrogen stream prior to use. PCB congeners were added to Chromosorb by
mixing 1 gram of Chromosorb with 5 mL of a PCB solution in methanol or iso-octane
(concentration in the spike solutions was around 0.1 mg/mL for each congener). After
mixing, the organic solvents were evaporated under a nitrogen stream. The Chromosorb was
further air dried at 105°C. 
The spiked Chromosorb was added to five or ten L of buffered Milli-Q water (0.6 g K2HPO4
per five L of Milli-Q water brought to a pH of 6.4 with HCl). The solution is also used when
studying sediment-water distributions with the same experimental system, because its
composition is thought to be representative for surface water composition in freshwater
systems in the Netherlands. The salt concentration in the artificial freshwater of 10-3M will
lower the solubility of PCBs with less than 0.5% (13), this has a negligible influence on H.
The solution containing the Chromosorb was gently mixed with a stirring bar for one week.
After mixing, a small film was visible at the surface of the water. This film was removed by
suction with vacuum. Aqueous concentrations that were determined before the start of a
gas-purge experiment are also listed in Table 1. These were all at or below reported
solubilities.

Table 1. Measured water concentrations, and relevant physicochemical properties of the PCB

congeners studied.

compound Northo-Cl Solubility Log KOW Water concentration at 
(µmol/L) t = 0 (µmol/L) 

PCB-28 (2,4,4’) 1 0.4211 5.661 0.131 ± 0.014
PCB-52 (2,2’,5,5’) 2 0.3411 5.911 0.103 ± 0.017
PCB-65 (2,3,5,6) 2 0.0147-0.3422 0.027 ± 0.002
PCB-105 (2,3,3’,4,4’) 1 0.0179 6.821 0.0054 ± 0.0012
PCB-116 (2,3,4,5,6) 2 0.0123-0.06132 6.7543 0.020 ± 0.003
PCB-118 (2,3’,4,4’,5) 1 0.0271 6.691 0.0071 ± 0.0013
PCB-137 (2,2’,3,4,4’,5) 2 0.0011-0.0022 0.00064 ± 0.00013
PCB-138 (2,2’,3,4,4’,5’) 2 0.00521 7.221 0.0023 ± 0.0003
PCB-153 (2,2’,4,4’,5,5’) 2 0.00771 6.871 0.0020 ± 0.0003
PCB-156 (2,3,3’,4,4’,5) 1 0.0011-0.0022 0.0014 ± 0.0003
PCB-180 (2,2’,3,4,4’,5,5’) 2 0.0011-0.00512 7.161 0.00115 ± 0.00018

1 Li et al. (10) using compiled data measured at 20ºC using the selected value (termed FAV) for log
KOW (25ºC);

2 individual values or range for PCB isomer group from Mackay handbook on CD-ROM (24);
3 de Bruijn, slow stirring method (25).
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Gas-purge technique

The gas-purge system that was used to determine the Henry´s Law constants has been
described earlier (14). In short, the system consists of two 1-L thermostatted flasks. The first
flask contains Milli-Q water through which compressed air passes from a capillary with a
glass filter (flow rate 500 mL/min). Wetting the gas prevents volume reduction in the second
flask. Before the wetted gas enters the second flask, the gas is cleaned by passing it through
a glass column filled with Tenax (5 mm i.d. containing 0.12 g of Tenax). The second flask
contains the test solution with PCBs. A metal stirring bar is used to mix the gas bubbles with
the solution. The PCBs that were stripped from the solution were trapped on a Tenax
column. The trapping efficiency of the Tenax was tested by passing the gas through a second
Tenax trap. One trap appeared to be sufficient. 
During the experiment, the Tenax traps were changed five times. For the solution containing
the lower chlorinated compounds, traps were exchanged at 15 min. intervals, for the higher
chlorinated compounds traps were exchanged at 90 min. intervals. During the experiment
the gas flow rate was checked 20 times with a soap bubble meter. After terminating the
experiment, the concentration in the solution was measured again to construct mass
balances from the measured concentrations in the solution and the amounts measured on
the Tenax columns.

Chemical analyses

PCBs in the aqueous solutions were extracted by shaking 10 mL of the solution with 2 mL of
n-hexane for 2 hours. After shaking, the solutions were separated, and the n-hexane was
analysed for its PCB contents using gas chromatography. The Tenax columns were rinsed
with n-hexane using around 10 mL of solvent. After volume reduction, the n-hexane was
analysed using gas chromatography. The extraction efficiency of Tenax was tested for the
PCB congeners 28, 65, 118, 138, 153 and 180 and was 94-121%.
All extracts were analysed on a Hewlett Packard 5890 gas chromatograph, equipped with a
63Ni Electron Capture Detector. The column used was a fused silica CP sil 8cb for PCBs from
Chrompack (length 50 m, i.d. 0.25 mm). Helium passed through the column with a flow rate
of 1 mL/min. The temperature of the injector was 225°C, the detector temperature was
300°C. An amount of 2 µL was splitless injected and eluted using the following temperature
program: 2 min at 60°C, raising to 140°C with 10°C/min, raising to 240°C with 5°C/min,
and stable for 35 min at 240°C. Data analysis was done with the HP3365 Chemstation using
external standards.

Data handling

The concentration in water (CW) was measured at the start of a purge experiment. For all
other time intervals CW was calculated from the cumulative amount that was trapped on
Tenax using:
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(1)

in which: CW(t) = concentration in water at time t (µg/L); CW(t=0) = measured
concentration in water at time t=0 (µg/L); ∑Mtenax = cumulative mass trapped on Tenax (µg);
and V = volume of the purge vessel (L).
Henry’s Law constants (H) in each experiment were determined from the linear regression of
ln CW versus time. Each experiment consisted of five measurements. The slope of the
regression line is the volatilisation rate (kvl). From kvl (in h-1) the dimensionless Henry’s Law
constant (H’) can be calculated using:

(2)

in which: kvl = volatilisation rate (h-1); F = flow of gas (L/h); V = volume of purge vessel (L);
and H’ = Henry’s Law constant (-)

H in Pa.m3/mol is calculated from:

H = H’xRxT (3)

in which: H = Henry’s Law Constant (Pa.m3/mol); H’ = Henry’s Law constant (-); R = gas
constant: 8.314 Pa.m3/mol.K; and T = experimental temperature (K).

Mass balances

For each purge experiment a mass balance check was performed. This was done by
measuring the concentration in the purge vessel after termination of the purge experiments.
The mass balance was calculated from:

mass balance (%) (4)

in which: C(t=0) = measured concentration at t=0 (µg/L); ∑Mtenax = summed masses
accumulated on Tenax (µg); V = volume of purge vessel (L); Cend = measured concentration
at the end of an experiment (mg/L). The mass balances calculated from equation 4 were 
85 ± 10% (n=16) for all studied compounds.
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RESULTS AND DISCUSSION

Comparability of H with literature values

The Henry’s Law constants for the eleven chlorobiphenyls studied, are given in Table 2. Each
individual value for H was obtained from the linear regression of ln CW versus time. The linear
regressions yielded straight lines with r2 ranging from 0.97-0.998. Each line consisted of five
data points. Examples of these linear regressions are shown in Figure 1 for each compound.
Each value for H is the average of 3-6 separate purge experiments. Although many data
compilations of H for PCBs exist (i.e. 15-18) we restricted our comparison to those references
that published experimentally determined values of H using comparable methods, and that
studied the same compounds. A second source of data was the publication by Li et al.
(2002), who critically selected and evaluated physical chemical property data for
polychlorinated biphenyls.

Table 2. Measured Henry’s law constants at 20°C, and literature data for 11 PCB congeners.

Compound Northo-Cl Henry’s Law Literature data at 20°C unless
constant indicated otherwise
(Pa.m3/mol)

PCB-28 (2,4,4’) 1 28.1 ± 1.9 (n=3) 26.75 (21); 27.18 ± 0.19 (22, at 18°C);
21 ± 2 (14); 20 (19, at 25°C);
30.2 (10, at 25°C)

PCB-52 (2,2’,5,5’) 2 24 ± 4.1 (n=3) 24.12 (21); 22.56 ± 0.23 (22, at 18°C);
16.4 ± 4 (14); 34.1 ± 2.7 (20, at 25°C);
20 (19, at 25°C); 25.1 (10, at 25°C)

PCB-65 (2,3,5,6) 2 40 ± 3.3 (n=3) No data available
PCB-105 (2,3,3’,4,4’) 1 5.5 ± 2.3 (n=3) 15.73 ± 0.44 (22, at 18°C); 13.8 (10, at

25°C)
PCB-116 (2,3,4,5,6) 2 34 ± 2.8 (n=3) No data available
PCB-118 (2,3’,4,4’,5) 1 7.8 ± 2.3 (n=3) 8.61 (21); 21.79 ± 0.44 (22, at 18°C);

14.45 (10, at 25ºC)
PCB-137 (2,2’,3,4,4’,5) 2 12.4 ± 7.0 (n=6) No data available
PCB-138 (2,2’,3,4,4’,5’) 2 9.4 ± 5.3 (n=5) 7.60 (21); 18.68 ± 0.49 (22, at 18°C);

2.1 (19, at 25°C); 30.2 (10, at 25°C)
PCB-153 (2,2’,4,4’,5,5’) 2 15.3 ± 7 (n=5) 10.03 (21); 27.2 ± 0.58 (22, at 18°C);

2.33 (19, at 25°C); 13.4 ± 1.1 (10, at
25°C); 20.0 (10, at 25°C)

PCB-156 (2,3,3’,4,4’,5) 1 3.1 ± 1.4 (n=6) No data available
PCB-180 (2,2’,3,4,4’,5,5’) 2 2.2 ± 1.0 (n=6) 53.0 (21); 8.96 ± 0.20 (22, at 18°C);

1.01 (19, at 25°C); 8.5 (10, at 25°C)
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Figure 1. Examples of the measured decrease of CW with purge time, and the linear regressions used

for the calculation of H.



The values for H that we obtained are comparable to those reported by other authors 
(10, 14, 19, 21-22). Only for the higher chlorinated compounds, our data are lower than
those reported by Bamford et al. (22), but agree with those published by others.
Although our data seem to show a much higher variation than those published by Bamford
et al. (22), this actually is not the case. The data from Bamford et al. were all calculated from
air and water pairs collected over the duration of one purge experiment that consisted of five
measurement intervals. Their relative standard deviations were all less than 15%, but this
does not give an indication of the variability between replicate purge experiments. Our data
were obtained the same way, but this was done in five replicates. The variation of H values
in one purge experiment is shown to be equally low because r2-values for the linear
regression of ln Cw versus time were high (0.92-0.99), see also the examples in Figure 1. This
leads to standard deviations in the determination of H within one purge experiment that are
very comparable to those reported by Bamford et al. (22). The standard deviation we present
for the Henry’s Law constants in Table 2 is the standard deviation of 3 to 6 separate purge
experiments, each consisting of five measurement points. 
According to a recent comment on the reliability of measured values for H, it was indicated
that for the higher chlorinated biphenyls reported values for H do not always agree with
other physical properties. Values for H tend to be too high, but those obtained by Murphy et al.
(21) were considered to be the most in agreement with other published partitioning data (9).
For the dataset presented here, the reported values are in close agreement with the data
obtained by Murphy et al.(21), with the exception of PCB-180, where our value was an
order of magnitude lower than reported by Murphy. For the higher chlorinated biphenyls
(five or more chlorines) our values deviate most from other reported values for H, our values
are mostly lower than those reported by Bamford et al. (22). This is in agreement with a
recent comment in which it was stated that reported values for H for higher chlorinated
compounds tend to be too high (9).

Relation of H with number of chlorines and ortho-chlorine substitution

Bamford et al. (22) observed an increase of H with the number of ortho-chlorines, but no
strong relationship between H and molecular weight (which is determined by the number of
chlorines). Brunner et al. (19) did observe a relationship between H and molecular weight: H
decreases with increasing number of chlorines. They noted a variability within groups of
constant chlorine number that could to some extent be explained if the number of chlorine
atoms in ortho-position was taken into account. 
The number of ortho-chlorines has been shown to increase the value for H (10, 19, 20).
Brunner et al. (19) found the following relation: Log H = 2.00 - 0.32 (number of chlorines) 
+ 0.18 (number of ortho-chlorines) (r = 0.957, n=58), in which we calculated H from their
value of K (which represents the dimensionless gas-water partition coefficient H’) using our
equation 3. Although our data set consisted of only 11 measurements, a similar relationship
was found: Log H = 1.94 - 0.32 (number of chlorines) + 0.48 (number of ortho-chlorines), 
(r = 0.91, n=11), see figure 2. 
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The observed relationship of H with number of chlorines and ortho-chlorine substitution is
not surprising, because this has also been observed for the aqueous solubility of PCBs (12),
and the vapor pressures of PCBs (23). Since H is related to both aqueous solubility and vapor
pressure, a similar dependency of H on number of chlorines and number of ortho-chlorines
is expected.

The data set presented here confirms earlier observations that the number of chlorines and the
number of ortho-chlorines influences Henry’s Law constants for polychlorinated biphenyls.
The measurement method provides very accurate Henry’s Law constants. Henry’s Law
constants were measured for 2,3,5,6-tetrachlorobiphenyl (PCB-65), 2,3,4,5,6-penta-
chlorobiphenyl (PCB-116), 2,2’,3,4,4’,5-hexachlorobiphenyl (PCB-137) and 2,3,3,4,4’,5-
hexachlorobiphenyl (PCB-156), four PCBs for which no measured values exist at this
moment. Data presented for the higher chlorinated biphenyls are lower than those reported
by various research groups. This is in agreement with the recent discussion by Goss et al. (9)
that for higher chlorinated biphenyls much lower values for H than reported in literature so
far are more consistent with other partitioning data.

59

Henry’s Law Constants for 11 PCBs

Figure 2. Influence of number of chlorines and number of ortho-chlorines on Henry’s Law constants

(H) for eleven polychlorinated biphenyls.
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PARTITIONING AND DESORPTION KINETICS OF IN-SITU CONTAMINANTS
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EQUILIBRIUM PARTITIONING THEORY OVERESTIMATES CHLOROBENZENE 

CONCENTRATIONS IN SEDIMENT POREWATER FROM LAKE KETELMEER, 

THE NETHERLANDS

ABSTRACT

Concentrations of di, and trichlorobenzenes were determined in porewater and sediment of
a sediment core from lake Ketelmeer, the Netherlands. Average in-situ partition coefficients
for di, and trichlorobenzenes (log KOC) ranged from 4.3 ± 0.2 for 1,2-dichlorobenzene to 
5.0 ± 0.2 for 1,2,4-trichlorobenzene. Concentrations of di- and trichlorobenzenes in
porewater were 1 to 2 orders of magnitude lower than calculated from the sediment data
using literature partition coefficients. In-situ partition coefficients differed from literature
values for partition coefficients obtained in lab experiments by a factor of 8 to 160. Assuming
that the low concentrations in porewater can be attributed to the presence of a slow
desorbing fraction it can be calculated that for most compounds studied more than 95% of
the measured sediment concentration was present in the slow desorbing fraction.

INTRODUCTION

Partitioning of hydrophobic organic chemicals into sediment and water has been the subject
of many studies (Pignatello, 1989; Chiou, 1989; Hassett and Banwart, 1989). One of the
common methods of describing partitioning of these compounds is the equilibrium
partitioning coefficient Kp or the organic carbon normalized partition coefficient KOC. The
latter is used to reduce differences between sediments that are caused by varying amounts
of organic carbon present (Karickhoff, 1981).
The assumption of this type of equilibrium between sediment and (pore) water has been
questioned in recent publications. In desorption studies both fast and slow desorbing
components have been observed (Pignatello, 1989; Pignatello and Xing, 1996; Cornelissen
et al., 1997a; Cornelissen et al., 1997b). This supports the assumption that only part of the
total concentration in sediments is available to desorb rapidly to the water phase. Alexander
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(1995) argued that compounds become less available for (micro)organisms and chemical
extraction as the residence time of chemicals in soil increases. But little direct evidence of
decreased availability exist. Recently, it has been shown that concentrations of PAHs in pore
water of sediment cores from Boston Harbor were lower than predicted from measurements
of PAH concentrations in the sediments and an estimation of the expected pore water
concentration from KOW estimated KOC. But, these findings were attributed to the
association of the pyrogenically derived PAHs to soot particles which made the PAHs
probably less available to partition into the porewater than e.g. petroleum derived PAHs that
are not associated to soot particles (McGroddy and Farrington, 1995). For PCBs, the
concentration in porewater was in accordance with equilibrium partitioning (McGroddy et
al., 1996). This was also concluded in an earlier study by Brownawell et al. (1986).
The aim of the present study was to determine the concentrations of di, and
trichlorobenzenes in porewater and sediment of a sediment core from lake Ketelmeer in
order to determine a possible reduced availability. Lower chlorinated benzenes have a
relatively low affinity for organic carbon in sediment-water systems and therefore may easily
be transported from sediments to overlying water or groundwater. The results were used to
calculate in-situ partition coefficients. The measured porewater concentrations were
compared with those calculated from equilibrium partion theory using the measured
concentrations in sediment and literature partition coefficients. The results of this study may
be used to determine the actual risk for transport of these compounds from sediments to
(ground) water.

MATERIALS AND METHODS

Chemicals

The chlorobenzenes were obtained from Merck-Schuckart (1,2,3-, 1,2,4- and 1,3,5-trichloro-
benzene [TCB]); Fluka AG (1,3- and 1,4-dichlorobenzene [DCB]; and ICN Biomedicals 
(1,2-DCB). All chlorobenzenes had a purity of 99% with the exception of 1,2,4-TCB (98%)
and were used without further purification.
Acetone and isooctane were nanograde quality (Promochem). Methanol was HPLC grade
(Baker). Al2O3 was purchased from ICN Biomedicals. 4-bromofluorobenzene was obtained
from Janssen. Toluene-d8 was obtained from Aldrich.

Sample collection and treatment

In March 1995, two undisturbed sediment cores (approx. 1.30 m) were sampled in lake
Ketelmeer, the Netherlands, using an open auger. The location was chosen in a former sand
pit, in which rapid sedimentation of Rhine sediment had occurred (Beurskens et al., 1993a).
The sample location is indicated in Figure 1. The core was sectioned into 0.10 m intervals.
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Figure 1. Sampling location in lake Ketelmeer, the Netherlands.
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The top layer of 0.5 m and layers of 0.02 m between intervals were not sampled. Samples
were put in clean 400 mL glass jars with screw caps and stored at 4°C. 
From previous research it is known that the sampled layers represent sediment that had been
deposited over a period of 30 years (Beurskens et al., 1993a). One core was used in the
present study, the other core was used in an independent study to verify the results for 
1,4-dichlorobenzene (Aarnoutse et al., 1996). 
Porewater was collected by centrifuging 300 g of wet sediment from each sample for 20
minutes at 6000 rpm at room temperature. A volume of approx. 60 mL was collected. 

Characteristics of sediment and porewater

The organic carbon content of the sediment samples was determined using an element
analyser (Carlo Erba NA 1500, Milan, Italy) after the removal of carbonates with phosphoric
acid. The dissolved organic carbon content of the pore water samples was determined after
filtration through a 0.45 µm filter (Schleicher & Schuell) using a Beckman 914B TOC
Analyzer. The dry weight of the sediment was determined by weighing a sediment sample
before and after drying for 2 hours at 105°C, followed by a cooling period of 2 hours in a
dessiccator.

Extraction of chlorobenzenes from sediment

Approximately 1 g of sediment from each sample was extracted with hexane (±50 mL) by
heating under reflux for 6.5 hours. The hexane extract was left to cool to room temperature
overnight in a closed flask. The extract was removed and concentrated using a Kuderna
Danish evaporator. After clean-up using deactivated Al2O3 (11%), the hexane extract was
concentrated to 1 mL under a gentle nitrogen stream. After adding 4 mL of isooctane, the
volume of the resulting extract was further reduced to 1 mL. The isooctane extract was used
for analysis by GC-ECD. 

Quantification of chlorobenzenes

Extracts from sediment samples were analysed using a Hewlett Packard 5890A gas
chromatograph with a 63Ni-ECD detector and a 50 m capillary CP-SIL 8 CB for PCB column;
helium as a carrier gas (flow: 1 mL/min) and 2µL splitless injection. The system was equipped
with an HP 7673A autosampler and an HP 9153A data system. The temperature program for
the sediment extract was: 2 min at 60°C; heating at a rate of 10°C/min to 140°C; a hold of
5 min at 140°C; heating at a rate of 5°C/min to 225°C and a hold of 82 min at 225°C. The
temperature program for the standard differed only for the final hold period: this was
restricted to 22 min. Quantification of chlorobenzenes was realized using an external
standard containing the relevant chlorobenzenes. 
The porewater samples were transferred to 50 mL vials and used directly after collection for
analysis by GC-MS (purge and trap method). With this analytical method only the more
volatile chlorobenzenes can be quantified (DCBs and TCBs). The samples were analysed
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using a Varian 3400 gas chromatograph/Finnigan MAT ITS-40 Magnum Ion Trap mass
spectrometer (in Electron Impact mode) with a 50 m CP-SIL 5 CB column. The system was
equipped with a Chrompack Purge and Trap injector with autosampler, a Chrompack Heater
and Injector Control Unit, an Endocal RTE-110 cooler, and a Gateway 2000 4DX2-66V
datasystem. Purge conditions were: purging for 15 min at a rate of 10 mL/min at 50°C. 
The temperature program of the GC was: 4 min at 35°C; heating at a rate of 4°C/min 
to 130°C; heating at a rate of 25°C/min to 200°C and a hold of 5 min at 200°C. 
4-Bromofluorobenzene and toluene-d8 were used to check tuning and calibration of the
GC/MS system. Quantification of chlorobenzenes was realized using an external standard
containing the di, and trichlorobenzenes. The detection limits of chlorobenzenes when using
this method are presented in Table 1.

Table 1. Detection limits of chlorobenzenes in porewater.

Chlorobenzene Detection limit (ng/L) Chlorobenzene Detection limit (ng/L)

1,2-DCB 2 1,2,3-TCB 2
1,3-DCB 2 1,2,4-TCB 3
1,4-DCB 2 1,3,5-TCB 3

RESULTS AND DISCUSSION

Quantification of losses

Overall losses (due to volatilization and sorption to glass) of the porewater separation
method were quantified by spiking known amounts of di, and trichlorobenzenes to some of
the porewater samples and centrifuging. Average chlorobenzene recoveries are presented in
Table 2. The average recovery was 17.9 ± 2.0% and ranged from 14.9% for 1,4-DCB to
20.7% for 1,3-DCB. These high losses were caused by the high volatility of these compounds
on centrifuging at room temperature. The losses were taken into account when calculating
concentrations in porewater. No explanation can be given for the difference in recoveries for
1,4 DCB compared to the other chlorobenzenes: no large differences in volatilization rates
are expected because there are no large differences in Henry's Law constants between these
compounds (Oliver, 1985; ten Hulscher et al., 1992).

Table 2. Average recoveries of chlorobenzenes spiked to porewater samples (n=3).

Chlorobenzene Recovery (%) Chlorobenzene Recovery (%) 

1,2-DCB 20.2 1,2,3-TCB 16.6
1,3-DCB 20.7 1,2,4-TCB 16.3
1,4-DCB 14.9 1,3,5-TCB 18.0
average ± sd 17.9 ± 2.0
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The influence of the concentration of chlorobenzenes in porewater on recovery of
centrifuging was determined by spiking a mixture of di, and trichlorobenzenes with a
concentration of 0.08 and 0.8 µg/L to tap water. No effect of concentration on recovery was
observed. The average recoveries from tap water were 33.8% ± 3.9% and 33.6% ± 1.1%.
To obtain a low estimate of the in-situ partition coefficients, the recoveries from the spiked
porewater samples were used to calculate porewater concentrations. This results in a highest
estimate of porewater concentrations and a lowest estimate of in-situ partition coefficients.
Recoveries for the sediment extraction were determined in a separate experiment, in which a
mixture of chlorobenzenes dissolved in methanol was spiked to a sediment suspension.
Recoveries for the di- and trichlorobenzenes ranged from 85.6 to 113.4% with an average
of 97%.

Sediment and porewater characteristics

Dry weight and organic carbon profiles of the sampled sediment layers are presented in
Figure 2. Dry weight of the sediment layers ranged from 47.8% to 55.6%. Organic carbon
content ranged from 5.97% to 8.22%. This is in accordance with previous findings for
sediment from the same area (Beurskens et al., 1993a) and the results from the independent
study using a core from the same location (Aarnoutse et al., 1996). The organic carbon
content of about 8% corresponds to a sediment date around 1960.

Figure 2. Organic carbon and dry weight of the lake Ketelmeer sediment core.
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Two porewater samples were used to determine the DOC content: one sample from the
110-120 cm sediment layer and one combined sample of pore waters from the 70-80; 80-
90; and 90-100 cm layers. The DOC content of the single sample was 50.9 mg/L; The DOC
content of the combined porewater samples was 35.1 mg/L. In a separate study (Aarnoutse
et al., 1996), DOC levels were determined for all porewater samples. These DOC levels are
presented in Figure 3. DOC levels ranged from 21.2 to 49.6 mg/L with an average of 31.3
mg/L. This is in accordance with the DOC levels found in the present study.

Depth profiles of chlorobenzene concentrations in sediment and porewater

Porewater and sediment concentration profiles are presented for dichlorobenzenes (Figure 4),
and trichlorobenzenes (Figure 5). The concentrations in porewater do not vary much with
depth, with the exception of 1,2-DCB. The concentration of 1,2,3-TCB is below the detection
limit of 0.011 µg/L (including losses) in most porewater samples. Concentration profiles and
levels for the di and trichlorobenzenes in sediment are comparable to results from an earlier
study (Beurskens et al., 1993b). No clear trends with depth were observed in our study
indicating that the analysed layers represent a limited time period of about 
10 years.

Figure 3. DOC content of the porewater from the lake Ketelmeer sediment core (Aarnoutse et al.,

1996).
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Figure 4. Dichlorobenzenes in porewater (A) and sediment (B) from lake Ketelmeer.

Figure 5. Trichlorobenzenes in porewater (A) and sediment (B) from lake Ketelmeer.
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From the concentrations of di- and trichlorobenzenes in porewater and sediment in-situ
partition coefficients normalized for organic carbon were calculated. These partition
coefficients are presented in Table 3. The in-situ partition coefficients were calculated directly
from the measured concentrations in sediment and porewater. 

No correction for the presence of DOC was made because it can be shown that the
influence of DOC on partitioning of these components is negligible using the definition of
the field measured distribution coefficient (KD) of Capel and Eisenreich (1990): 
KD = Kp/(1+KDOCx[DOC]). The deviation of the field measured distribution coefficient KD
from the 'true' in-situ partition coefficient Kp is determined by the factor KDOCx[DOC] (-).
With and average [DOC] of 35x10-6 kg/L and an estimated KDOC for di- and
trichlorobenzenes of 103 L/kg, this factor is 0.035 and can be neglected.

The partition coefficients do not vary much with depth. Results from this study are in
agreement with the results for 1,4-DCB presented by Aarnoutse et al.(1996) for a sediment
core from the same location. They used different extraction procedures for sediment and
porewater. Average sediment concentrations for 1,4-dichlorobenzene were a factor 3 higher
and average porewater concentrations were a factor 2 lower, resulting in a factor 6 higher
partition coefficients. These differences may have been caused by the different extraction
methods that were used, but also by differences between the sediment cores because of
heterogeneity in the sediment. Partition coefficients determined in both studies deviate
substantially from equilibrium partitioning theory.

The in-situ partition coefficients are relatively constant over the depth interval studied.
However, the ratio of the concentration of organic carbon in the sediment to the
concentration of DOC in porewater in the 50-60 cm, 60-70 cm, and 80-90 cm sections is
significantly lower than in the 90-100 cm, 100-110 cm, 110-120 cm and 120-130 cm
sections. This supports the earlier assumption that only a small fraction of the chlorobenzenes
present in the porewater is associated with DOC. For compounds that are mainly associated
with DOC in porewater it is expected that the in-situ partition coefficient can be estimated
by the concentration ratio of organic carbon in sediment and porewater (Brownawell, 1986).
The high in-situ partition coefficients that were observed in this study may be caused by a
relatively high affinity of the organic carbon in the studied sediment layers for hydrophobic
organic compounds. In earlier studies, partition coefficients for the top layer of Ketelmeer
sediment were determined in short-term lab experiments using sediments spiked with PAHs
(Lüers and ten Hulscher, 1996; de Maagd, 1996). Results from these studies were in
agreement with other literature values. Similar results were obtained for PCBs and
chlorobenzenes (unpublished results), indicating no higher affinity for hydrophobic
compounds in the top layer. 

In Table 4, measured concentrations of di, and trichlorobenzenes in porewater are compared
to calculated concentrations assuming equilibrium partitioning (EP). Calculated porewater
concentrations were obtained using the average of measured sediment concentrations and
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the average of values for the partition coefficient obtained from the literature (Table 3). From
these data, fast and slow desorbing fractions can be calculated. These calculations assume
that in short term lab experiments in which chemicals are added to sediment or soil
suspensions 100% of the chemical is available to desorb rapidly to the water phase
(equilibrium partitioning; ffast = 1):

KOC,lab = ffast xCsed,oc/ Cw (1)

with: KOC,lab = organic carbon normalized partition coefficient,
determined in a short term experiments in which chemicals
were added (l/kg oc)

ffast = fraction of chemical concentration that may partition
rapidly to the water phase

Csed,oc = concentration in sediment organic carbon (µg/kg oc)
Cw = concentration in water (µg/L)

In a situation where part of the chemical has become unavailable to fast desorption to the
water phase, the measured sediment concentration will be higher than the concentration
availabe for equilibrium partitioning. This results in higher in-situ partition coefficients. Part
of the chemical is assumed to be present in a slowly desorbing fraction fslow and part is
assumed to be present in a fast desorbing fraction (ffast + fslow = 1). The fraction that will
partition rapidly to the water phase can be calculated from the ratio of the in-situ
concentrations of chlorobenzenes in porewater (Cpw,field), and the concentrations calculated
from measured sediment concentrations assuming EP (Cpw,EP):

(2)

Table 4. Average chlorobenzene concentrations in porewater from a lake Ketelmeer sediment core,

calculated porewater concentrations assuming EP, and calculated fast fractions for di, and

trichlorobenzenes.

Chlorobenzene Average chlorobenzene Calculated porewater Calculated fast fraction
concentation in concentration (in %)
porewater (µg/L) assuming EP

1,2-DCB 0.32 ± 0.19 (n=5) 13.1 2
1,3-DCB 0.08 ± 0.05 (n=5) 9.6 0.8
1,4-DCB 0.12 ± 0.08 (n=5) 8.9 1

0.071 ± 0.017 (n=9)
1,2,3-TCB <0.015 ± 0.008 (n=5) 0.3 <5
1,2,4-TCB 0.05 ± 0.03 (n=5) 0.9 6
1,3,5-TCB 0.050 ± 0.014 (n=5) 0.4 12
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From the data in Table 4 it appears that for most of the compounds studied less than 5% of
the measured concentration is available to partition rapidly to the water phase. Small rapidly
desorbing fractions in soil were found in two cases. Scribner et al.(1992) determined a
fractional equilibrium for simazine which they defined as the ratio of field measured aqueous
concentration to the equilibrium concentration predicted from laboratory sorption
coefficients (analogous to eq. 2). This fractional equilibrium decreased from 1 directly after
application to 0.05 three months later. Beck et al. (1996) reported similar findings for atrazine
and isoproturon. The fractional equilibrium ranged from <0.01 to 0.26 for atrazine and 
<0.01 to 0.34 for isoproturon, 21 months after application. 

Another approach was taken by de Jonge (1996) who quantified a fast accessible surface
using gaseous N2 adsorption, and a slow accessible surface comprised of micropores using
gaseous CO2 adsorption. Results from his study showed that for a variety of soils between
0.5% and 3.2% of the total surface area was comprised of fast accessible sites. This is one
possible mechanism that explains slow desorption. Intraorganic matter diffusion may also
contribute to slow desorption: our group recently reported that activation enthalpies of slow
desorption are in the polymer diffusion range rather than in the pore diffusion range
(Cornelissen et al., 1997b).

To confirm the results presented in this paper, desorption studies are being performed to
establish the magnitude of fast and slow desorbing fractions of (among others)
chlorobenzenes in sediment cores from the same location.

CONCLUSIONS

The aim of the present study was to determine the concentrations of chlorobenzenes in
sediment and porewater of a sediment core from lake Ketelmeer, the Netherlands and to
compare calculated in-situ partition coefficients with literature values for these compounds.
Concentrations of di-and trichlorobenzenes in sediment ranged from 150 to 550 µg/kg dry
weight for the dichlorobenzenes and 25 to 400 µg/kg dry weight for the trichlorobenzenes.
Concentrations in porewater ranged from 0.02 to 0.65 µg/L for the dichlorobenzenes and
0.01 to 0.12 µg/L for the trichlorobenzenes. For 1,2,3-TCB most concentrations in porewater
were below the detection limit of 0.011 mg/L (including losses).

From the measured concentrations in sediment and porewater, organic carbon normalized
in-situ partition coefficients were calculated. Average partition coefficients ranged from 4.3
to 5.0 (log L/kg oc). These values are one to two orders of magnitude higher than literature
values that were determined from lab incubations of sediment or soil suspensions by
chlorobenzenes. The latter partition coefficients assume equilibrium partitioning of the
chlorobenzenes between sediment and porewater.
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EP theory overestimates CB concentrations in porewater

The reported low chlorobenzene concentrations in porewater can be explained by assuming
that only part of the chemical concentration in the sediment core is available to partition
rapidly into the aqueous phase (fast fraction). A fast exchanging fraction was calculated from
the ratio of measured and calculated porewater concentrations. This fast fraction ranged
from 0.8% for 1,2-DCB to 12% for 1,3,5-TCB. Assessment of environmental risks on the
basis of concentrations in sediment and short contact time partition coefficients may
therefore result in a substantial overestimation.
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TRIPHASIC DESORPTION OF HIGHLY RESISTANT CHLOROBENZENES, 

POLYCHLORINATED BIPHENYLS AND POLYCYCLIC AROMATIC HYDROCARBONS 

IN FIELD CONTAMINATED SEDIMENTS

ABSTRACT

Pollutants in aged field sediments seem to differ from spiked sediments in their chemical and
biological availability. Biphasic desorption is often used as an explanation. In the present
study, desorption kinetics and partitioning of chlorobenzenes (CBs), polychlorinated
biphenyls (PCBs), and polycyclic aromatic hydrocarbons (PAHs) in long term field
contaminated sediment cores and top layer sediment were measured by gas-purging.
Desorption from sediment was deduced to be triphasic: fast, slowly and very slowly
desorbing fractions were distinguished. In both the sediment core and the top layer sediment
no detectable fast fractions were present for all the compounds studied, so these were
estimated as upper limits from the desorption curves. This observation coincided with very
high in-situ distribution coefficients for several PCBs and PAHs: 10-1000 times higher than
literature values for short contact time experiments. Rate constants were (3-8)x10-3 h-1 for
slow desorption and (0.16-0.5)x10-3 h-1 for very slow desorption. In some cases only a very
slowly desorbing fraction was detectable. Desorption from field contaminated sediments
with extended contact times may not be readily estimated from laboratory experiments in
which contaminants have contact times with the sediment in the order of weeks. 

INTRODUCTION

The sediments of the lower stretches of the rivers Rhine and Meuse in the Netherlands are
polluted with hydrophobic organic compounds such as CBs, PCBs, PAHs and with heavy
metals. Especially the older layers of sedimentation areas of the river Rhine have been shown
to be heavily polluted due to a high input in the 1960s and 1970s, caused by industrial
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activities upstream (1-4). There are several indications in the literature that aged pollution in
sediments is less available for mild extraction (5-7), biodegradation (6-10) and uptake by
organisms (9-11). These findings may be explained by the commonly observed biphasic
desorption behavior of organic pollutants. Desorption experiments often reveal both a fast
and a slowly desorbing fraction in both spiked and field contaminated sediments. An
explanation for the decreasing availability of a chemical with aging is the decreasing amount
of the chemical present in the fast desorbing pool with prolonged contact time.
Desorption kinetics in suspensions have been studied extensively in the past years, using
either the gas-purge technique (5, 12-16) or extraction methods with Tenax (17,18) or XAD
(19). These studies all show a biphasic desorption of hydrophobic organic micropollutants
from suspended particles in aquatic systems. The fast and slowly desorbing pools have rate
constants of 0.1-1 and 10-3 h-1 respectively (5, 12, 15-17). Recently, very slowly desorbing
fractions have been shown to exist in field sediments and sediments spiked with PAHs, CBs,
and PCBs. This very slowly desorbing fraction has rate constants of 10-4-10-5 h-1 (20).
In a previous study we determined very low concentrations of di and trichlorobenzenes in
porewater from a sediment core sampled in lake Ketelmeer (4). This may have been caused
by the presence of large slowly desorbing fractions. We concluded that only a small fraction
of the compound was released to porewater. In another study from our group, in-situ
distribution coefficients of CBs were shown to be quantitatively in agreement with fast
desorbing fractions in a polluted harbor sediment (21). High in-situ distribution coefficients
were also observed by McGroddy for PAHs, but not for PCBs (22, 23). Association between
PAH and sedimentary soot could explain this difference (22-24). 
Most studies using field contaminated sediments or soils have shown variable fractions of fast
and slowly desorbing compounds. In the present study the desorption kinetics for several
CBs, PCBs, and PAHs were determined in aged field sediments (both core and top layer) from
lake Ketelmeer, the Netherlands (4), and interpreted in terms of triphasic desorption.

MATERIALS AND METHODS

Materials

Freshwater sediment was collected from lake Ketelmeer, the Netherlands. For PAH
desorption studies, we used the 30-60 cm section from a core sampled in February 1992. For
CB and PCB desorption studies, the 40-120 cm section from a core sampled in March 1995
was used. These polluted layers were formed in the 1960s and 1970s. CB desorption studies
were also done on the 5-10 cm top layer sampled in 1989 with a grab sampler. The
sediments were wet-sieved (<500 µm) to remove coarse material and stored under water at
5ºC until further use. Desorption experiments were performed within a few weeks after
sampling. Organic carbon (oc) content for the sieved sediment fraction was determined to be
7.41% (30-60 cm layer); 6.71% (40-120 cm layer) and 4.3% (top sediment) using an
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element analyzer (Carlo Erba NA 1500) after removal of carbonates with phosphoric acid. The
compounds studied in these sediments were: dichlorobenzenes (DCB), trichlorobenzenes (TCB),
tetrachlorobenzenes (TeCB), pentachlorobenzene (QCB), and hexachlorobenzene (HCB);
2,4,4'-trichlorobiphenyl (PCB-28), 2,3',4,4',5-pentachlorobiphenyl (PCB-118); naphthalene
(NAPH), biphenyl (BiPHEN), 2-methylnaphthalene (2-MN), fluorene (FLUE), phenanthrene
(PHE), fluoranthene (FLUO) and pyrene (PYR).

Desorption experiments

Duplicate sediment samples of about 25 g wet weight were suspended in the purge vessels.
Each suspension had a total volume of approximately 1 L, and the headspace above the
suspension was minimal. Water with a composition resembling that of fresh water was
prepared as described earlier (25). Mercury(II)chloride (1 mL of a 5 g L-1 solution in water)
was added to prevent microbial degradation. The thermostatted purge and (Tenax) trap
system used is described elsewhere (26). A gas flow of 600-1000 mL min-1 was applied 
and measured regularly. The sediment suspensions were continuously stirred and kept at
20.0 ± 0.05°C. Tenax traps were changed 15 times for PAHs desorption, 9 times for CBs and
PCBs on desorption from the 40-120 cm layer, and 18 times for CBs on top layer desorption.
Total purging time was 756 h (PAHs), 624 h (CBs and PCBs in the 40-120 cm layer), and
1848 h (CBs and PCBs in the top layer). Mass balances were calculated by dividing the total
mass at the end of an experiment (mass in suspension plus cumulative mass desorbed) by the
total mass in the suspension measured at the beginning of the experiment. The mass
balances were 107 ± 22% for the PAHs, 150 ± 26% for CBs and PCBs (40-120 cm layer) and
155 ± 27% for CBs (top layer). These mass balances mainly reflect the variations in
concentration in the sediment suspension (see Table 1). There were no large differences in
the mass purged in the duplicate desorption experiments.

Extraction and clean-up

The sediment extraction procedure for CBs and PCBs (refluxing with hexane) was described
elsewhere (4). The same extraction procedure was used for the PAHs; but after refluxing with
hexane, the solvent was concentrated to 0.5 mL under a gentle nitrogen flow and the
resulting extract was combined with 5 mL acetonitrile. The total volume was reduced to 1 mL
and filtered using a Millex 50 µm filter. For CBs in the top layer, sediments were extracted
with hexane at room temperature (27). No significant differences in measured
concentrations were found when using both extraction methods for CBs and PCBs in field
contaminated sediments.
For PAHs, Tenax traps were eluted with hexane and acetonitrile. The hexane eluate was
concentrated to 0.5 mL under a gentle nitrogen stream and combined with the acetonitrile
eluate. The total volume was reduced to 1 mL as described above. For CBs and PCBs, Tenax
traps were eluted with 10 mL of hexane. The total volume was reduced to 1 mL, followed by
a clean-up step with 2 g of deactivated Al2O3 (11%). The volume of the eluate was reduced
to 0.5 mL and combined with 4 mL of isooctane. The total volume was reduced to 1 mL.
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Table 1. Concentrations of CBs, PCBs, and PAHs (µg/kg dry weight) in top layer sediment and

sediment cores of lake Ketelmeer (duplicate measurements for most compounds).

Top layer sediment Sediment core
Compound Concentration Compound Concentration

12-DCB 367 12-DCB 580; 630
13-DCB 149 14-DCB 710; 740
14-DCB 459 123-TCB 24.5; 24.7
123-TCB 13 124-TCB 471; 480
124-TCB 111 135-TCB 137; 144
135-TCB 59 1234-TeCB 19; 27
1234-TeCB 9.7 QCB 25; 28
1235-TeCB 5.5 HCB 37.0; 39.1
1245-TeCB 18 PCB-28 280; 340
QCB 28 PCB-118 50; 58
HCB 38 BiPHEN 960; 1290

2-MN 7960; 9930
FLUE 1488
PHE 3990; 4750

Recovery experiments were performed for both CBs/PCBs and PAHs to quantify losses
during extraction and cleanup. Losses during storage of aqueous solutions of PAHs were
negligible. The average recoveries for the sediment extraction ranged from 73 to 92%
(PAHs) and 91-121% (CBs and PCBs). Recoveries for the Tenax extraction ranged from 74
to 140% (PAHs) and 65-92% (CBs and PCBs). The recoveries for the concentration step with
nitrogen ranged from 89 to 96% (PAHs) and >95% (CBs and PCBs). No correction for the
method recoveries was made because for most compounds these recoveries were high.
Recoveries for PAHs were corrected for blanks (see below).

Chemical analyses

CBs and PCBs were analyzed with a GC-ECD (27). PAHs were analyzed by HPLC with
fluorescence detection on a reversed phase C18 column as described previously (28). A
correction was made for blanks because Tenax contains fluorescent material that coelutes
with the compounds of interest. The relative influence of blanks was highest during the first
few (relatively short) measurement intervals: blanks accounted for 10-30% of the measured
mass. For the longer intervals blanks accounted for 1-5% of the mass measured. For most
PAH compounds the interference from the Tenax material was constant for the batch used
for the PAH desorption experiments (triplicate measurement, standard deviation 5-15%).
For FLUO and PHE a larger variation was observed.
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Data handling

In our experiments single phase desorption was observed for most PAHs and several CBs.
The mass transfer during gas purging in the case of single-exponential depletion is described by:

(1)

in which G, W, and S (g) are the mass of compound in the gas phase, water phase 
and sediment phase, respectively; k0 (h-1) is the volatilization rate constant from water, and
k1, k2 (h-1) are the rate constants of adsorption and desorption, respectively.
If the mass recovered from Tenax does not change with time, the water concentration in the
purge vessel can be assumed constant during the time interval studied. For several PAHs and
CBs depletion rates were constant on (prolonged) depletion. Thus we approximated dW/dt by:

(2)

From (2) it follows that:

(3)

The total mass present in the purge vessel is described by:

(4)

The mass recovered from Tenax reflects the change of mass in the purge vessel:

(5)
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This approach is valid when dW/dt = 0 or dW/dt << dS/dt. With the assumption that M0 = S0
and combining (5) with (3) and (4) this yields after integration:

(6)

in which M0 = mass present at t = 0. Thus, the slope of a plot of ln(Mt/M0) with time is equal
to -k0k2/(k0+k1). Three cases can be distinguished:
1. k0 >> k1: the slope of ln(Mt/M0) vs t reduces to -k2 and S/W = k0/k2. Only kinetic

information can be obtained;
2. k0 = k1: the slope of ln(Mt/M0) vs t reduces to -k2/2 and S/W = 2k1/k2 . Both kinetic

information and distribution coefficients can be obtained;
3. k0 << k1: the slope of ln(Mt/M0) vs t reduces to -k0k2/k1 and S/W = k1/k2. Only

distribution coefficients can be obtained. 

Table 2 compares volatilization rates (k0) and adsorption rates (k1) of the compounds
studied. These rates were calculated from literature data. For the CBs and PCB-28, k1-values
were considerably smaller than k0-values: the desorption curves provided kinetic information.
For BiPHEN, 2-MN, and FLUE the volatilization rates in this system were of the same
magnitude as the adsorption rates. An order of magnitude estimate of k2 was obtained from
the desorption experiments, because only estimates of the adsorption rates were available
(see Table 2). 

Table 2. Calculated1 volatilization rates (k0) and calculated2,3,4 adsorption rates (k1) in h-1 of CBs,

PCBs and PAHs using available literature data. 

Chlorobenzenes k0
1 k1 PCBs, PAHs k0

1 k1

12-DCB 2.48 <0.022 PCB-28 0.56 0.052
13-DCB 3.70 <0.022 PCB-118 0.16 0.1-0.22

14-DCB 3.10 <0.022 BiPHEN 0.65 0.1-0.34

123-TCB 1.47 0.023 2-MN 1.04 0.54

124-TCB 3.90 <0.022 FLUE 0.15 0.44

135-TCB 1.49 0.00353 PHE 0.066 0.64

1234-TeCB 1.28 0.0483 FLUO 0.025 5.54

1235-TeCB 2.04 0.03-0.052 PYR 0.02 7.14

1245-TeCB 2.09 0.03-0.0522

QCB 1.20 0.0343

HCB 0.82 0.053

1 from k0 = HxFxR-1 xT-1xV-1 (h-1); F = flow (m3/h); R = 8.31451 Pa.m3.mol-1.K-1; T = temperature
(293.15 K); V = volume (m3); H from various sources: (12,26,28,43);

2 estimated from the observation that adsorption rate constants for CBs are related to their
hydrophobicity (15); 

3 from (15); 
4 Calculated from Kp = k1/k2 for a 10 g/L suspension. Kp(-), k2 from (17).
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For PCB-118, PHE, FLUO and PYR the volatilization rates were much lower than the
adsorption rates. For these compounds sediment-water distribution coefficients were
calculated (see below). 
On biphasic desorption (no constant depletion rates) the desorption curves are described by
the sum of two exponential functions equivalent to Eq. 6, assuming C1 >> C2:

(7)

where F1 and F2 (-) represent the mass fraction of pollutant present in the two sediment pools
at the start of the experiment. The two coefficients C1 and C2 (in h-1) combine k0 (h-1), k1 (h-1),
and a desorption rate constant kdes (either fast, slow, or very slow desorption, also in h-1)
similar to Eq.6: C1 (or C2) = k0kdes/(k0+k1).

RESULTS AND DISCUSSION

Desorption curves

Plots of ln(Mt/M0) vs t were obtained for the CBs, PCBs and PAHs studied. The assumption
of a constant concentration in water during (part of) the desorption experiments was tested
by plotting the calculated concentrations in water vs time. Cw was calculated from 
Cw = Mtenax x Vgas

-1 x (H')-1, with: Cw = concentration in water (ng L-1); Mtenax = mass of
compound sorbed to Tenax during the time interval studied (ng); Vgas = average volume of
gas purging the suspension during the time interval studied (L); H' = Henry coefficient (-).
Examples of the plots of the concentration in water vs time (duplicates for each compound)
are presented in Figure 1 for three compounds. For most PAHs and some CBs, this
concentration was relatively constant with time. Exceptions were PYR and FLUO for which a
large decrease in the water concentration was calculated during the first few time intervals
(for pyrene from 470 ng L-1 to approx. 7.5 ng L-1 and for FLUO from 2700 ng L-1 to approx.
25 ng L-1). These large decreases corresponded to half-lives that were much higher than
those observed for FLUO and PYR in water-only experiments, suggesting the presence of
other (more volatile) compounds that could not be separated from the compounds of
interest. No GC-MS analysis of these samples could be performed to confirm this speculation.
Because of the high depletion rates of these possibly interfering compounds and the relative
constant water concentration after more than 100 h. of purging, their influence was assumed
to be negligible for the last part of the experiments. Only the last part of the curve was used
for data interpretation for these compounds.
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Figure 1. Concentrations of 1234-TeCB (top layer); PCB-28 and FLUE (both sediment core) in water
during the duplicate desorption experiments.
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For several CBs and PCBs the concentration in water declined during the first 100-400 h of
purging. The change of mass in the water phase was small compared to the total mass
purged from the system during a measurement interval (i.e. for the more soluble DCBs:
dMt/dt ≅ 0.5 ng h-1, dW/dt ≅ 0.001 ng h-1). This indicates that for calculating rate constants
the change in concentration in the water phase may be neglected. However, for the
calculation of distribution coefficients, the variation in concentrations in water directly
reflected the variation in distribution coefficients. For these calculations only that part of the
desorption curve was used for which relatively constant concentrations were calculated.
For the CBs, PCBs, and three PAHs plots of ln(Mt/M0) versus t were fitted with the single-
stage (most compounds in the sediment core) and two-stage (most compounds in the top
layer sample) desorption models presented above, using linear or non-linear regression.
Examples of the measured and fitted desorption curves are shown in Figures 2 and 3. 
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Figure 2. Duplicate desorption plots (ln Mt/M0 = mass fraction remaining in suspension) for PCB-28
and FLUE in the sediment core. Measurements are indicated by symbols and model fits by
solid lines.
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The validity of the use of one, or two-compartment models was tested using an F-test on
least squares of eqs. 6 and 7 (α=0.05). In several cases the use of a two compartment model
did not show a significant improvement.

Desorption rates constants

In Table 3, the desorption rate constants for CBs, PCBs, and three PAHs are presented. The
magnitude of observed desorption rate constants demonstrates that only slowly and very
slowly desorbing fractions were detectable in top layer and sediment core. Rate constants for
fast desorption are expected to be in the range of 0.5-5x10-1 h-1 (15-17). No measurable fast
desorbing fraction was present, yet we estimated these as upper limits, as is explained 
later on. 
Desorption rate constants were (3-8)x10-3 h-1 for the slow fraction and (0.9-1.7)x10-4 h-1 for
the very slow fraction. For those compounds showing one-phase desorption one very slowly
desorbing fraction was observed (desorption rate constants (1-7)x10-4 h-1). The ratios of rate
constants for the slowly and very slowly desorbing fractions were 20-170 for CBs and PCBs
in the core, and 20-60 for CBs in the top layer sediment. This is in accordance with findings
by Cornelissen et al. (20) who found a ratio of 10-50. The rate constants for the slowly and
very slowly desorbing fractions were relatively constant for all the compounds studied. No
clear trend with hydrophobicity or molar volume was observed. This is in accordance with the
findings of Schrap (15), but contrary to those of others (17, 29, 30).
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Table 3a. Duplicate desorption rate constants (± SE) of the slowly (ks) and very slowly (kvs) desorbing

fractions for CBs, and PCBs in the top layer sediment. Data were obtained using a one1- or

two2-compartment model as indicated.

CBs ks (in 10-3 h-1) kvs (in 10-3 h-1) CBs ks (in 10-3 h-1) kvs (in 10-3 h-1)

12-DCB2 8.0 ± 0.6 0.131 ± 0.003 1234-TeCB2 4.6 ± 0.4 0.14 ± 0.005
5.7 ± 0.5 0.093 ± 0.004 7.0 ± 0.8 0.176 ± 0.003

13-DCB1 0.35 ± 0.02 1235-TeCB1 0.360 ± 0.011
0.30 ± 0.018 0.385 ± 0.012

14-DCB2 5.1 ± 0.6 0.16 ± 0.02 1245-TeCB1 0.192 ± 0.009
3.4 ± 0.4 0.10 ± 0.02 0.213 ± 0.007

123-TCB1 0.567 ± 0.01 QCB1 0.264 ± 0.003
0.547 ± 0.005 0.286 ± 0.002

124-TCB2 4.5 ± 0.4 0.132 ± 0.005 HCB2 3.7 ± 0.2 0.134 ± 0.003
4.5 ± 0.3 0.115 ± 0.003 3.2 ± 0.3

135-TCB2 6.1 ± 0.9 0.152 ± 0.006
5.0 ± 0.6 0.100 ± 0.007

1 Data for these compounds were obtained with a one-compartment model.
2 Data for these compounds were obtained with a two-compartment model.

Table 3b. Duplicate desorption rate constants (± SE) of the very slowly (kvs) desorbing fraction for

CBs, PCBs, and PAHs in the sediment core. Data were obtained using a one-compartment

model.

CBs kvs (in 10-3 h-1) HCB, PCBs and PAHs kvs (in 10-3 h-1)

12-DCB 0.55 ± 0.03 HCB 0.288 ± 0.009
0.45 ± 0.02 0.283 ± 0.014

14-DCB 0.57 ± 0.03 PCB-28 0.21 ± 0.02
0.51 ± 0.03 0.19 ± 0.02

123-TCB 0.34 ± 0.02 BiPHEN1 0.32-0.4
0.300 ± 0.005 0.37-0.45

124-TCB 0.245 ± 0.013 2-MN1 0.17
0.240 ± 0.007 0.16

135-TCB 0.24 ± 0.02 FLUE1 0.31
0.214 ± 0.011 0.27

1234-TeCB 0.246 ± 0.011
0.223 ± 0.006

QCB 0.339 ± 0.007
0.39 ± 0.02

1 Order of magnitude estimate of kvs (see text).
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Fast and slow fractions

For several compounds in the top layer, amounts present in slowly and very slowly desorbing
fractions were obtained from a fit of the measured data with Eq. 7. We did not observe fast
desorbing fractions for any of the compounds studied, but their presence (in small amounts)
can not be ruled out. We estimated the magnitude of the fast fraction from the amount that
desorbed during the first 24 h of the purge experiment. This estimation is supported by a
calculation of the percent removal of compounds from the fast fraction during this time
interval. For compounds with high volatilization rates (such as CBs) the depletion rate from
the suspension is equal to the fast desorption rate (case 1 for Eq. 6). For the less volatile CBs
these desorption rates vary between 0.2 and 0.4 h-1, resulting in half-lives of 3.5-1.7 h. In 24 h
the majority (>99%) of the fast desorbing fraction is removed from the suspension. For
compounds with k0-values that are too low to measure desorption kinetics (case 3 for Eq. 6)
the observed depletion rate is k0/Kp. For these compounds half-lives are much longer than
24 h, so no fast fractions can be estimated from the desorption curves. For compounds
having approximately equal values for k0 and k1 half-lives are less than 10 h, resulting in
>85% removal from the fast fraction. For QCB no estimate of the fast fraction could be made
because in the first 24 h no measurable amount of mass desorbed.
For the slowly desorbing fraction the average desorption rate constant is 0.5x10-2 h-1

resulting in a half-live of 138 h. During a 300 h time interval more than 75% of the slowly
desorbing fraction is removed. Therefore, for compounds showing only one-phase
desorption, the slowly desorbing fraction was estimated from the mass desorbed between 24 h
and 300 h of purging. The calculated slowly desorbing fractions for several CBs differed less
than 10% from the fractions that were obtained from the data analysis with the two-phase
model.
Mass fractions in fast, slowly and very slowly desorbing fractions in top layer and sediment
core samples are presented in Figure 4. Duplicate data points are presented. The SE of the
fractions obtained by curve-fitting are not shown because these were small compared to the
differences between duplicates. Figure 4 shows that relatively small amounts are present in
the fast and slowly desorbing fractions, both in the top layer sediment and in the sediment
core. The absence of detectable fast desorbing fractions was observed for all the compounds
studied, including the highly volatile CBs. Therefor these observations were not caused by
the kinetics of purging. 
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The presence of small fast desorbing fractions in field contaminated sediments and soils has
been reported by others. Small fast fractions can be deduced from the data on ethylene
dibromide (31), and were also reported for native atrazine and metolachlor (32). In contrast
no differences in desorption rates of freshly applied and aged residues of trifluralin were
found 10 months after treatment (33).
Low desorption rate constants for field contaminated sediments were reported earlier: values
of (2-7)x10-4 h-1 were reported for DDD, DDE, and DDT (34); for PCBs in a historically
contaminated sediment rate constants were (1.27-3.62)x10-3 (13). Most studies with field
contaminated sediment containing chlorinated compounds show measurable amounts
desorbing from the fast fraction: Oliver (12) observed fractions of 20% and Cornelissen (20)
found fractions of ± 30%. More recent evidence that desorption from field contaminated
sediments is slow compared to freshly added compounds has been presented by Chen et al.
(35) and Lamoureux et al. (36). This supports our observations of slow desorption.
Although in most of the cases described above substantial amounts of slowly desorbing
fractions were present in field contaminated sediments, a direct comparison between these
observations is difficult. This can be attributed to the use of different techniques to study
desorption, but the total contamination of the studied field sediments may also influence
desorption kinetics. Recently it has been shown that sediment has a limited resistant sorption
capacity. When this desorption resistant compartment is filled, any excess contaminant
present will desorb rapidly (37-39). The presence of other contaminants (such as oil) may
perhaps explain why in some of the cases presented above substantial fractions desorbed
rapidly, while in our case no measurable fast desorbing fractions were found, even after
equally long contact times in the field. The variations in organic matter origin and history
between the sediments studied may also explain some of the differences.
Because the very slowly desorbing fraction seems to increase with contact time in the field
(see Figure 4), it may be concluded that this sorbed state is thermodynamically more
favorable than the slow compartment. ∆G0 for transition from the slowly to the very slowly
desorbing compartment was calculated from the observed ratio of slowly and very slowly
desorbing fractions using ∆G0 = -RTlnK (in which K is the ratio of slowly and very slowly
desorbing fractions from Figure 4, T = absolute temperature, and R = gas constant: 8.314 
Pa m3 mol-1 K-1). For CBs and PCBs ∆G0-values averaged -5.2 ± 0.8 kJ/mol for the top layer
sediment and -10.99 ± 0.13 kJ/mol for all compounds in the sediment core. These values
indicate that in the sediment core CBs, and PCBs are closer to equilibrium than in the top
layer sediment. Furthermore ∆G0-values show much less variation between compounds in
the core than in the top layer sediment.
The presence of large very slowly desorbing fractions may be caused by the presence of
different (more dense) regions in the organic carbon of the sediment from which "trapped"
contaminants can not be easily desorbed. The relatively constant desorption rates we
observed for different types of compounds points to a mechanism that is driven by sediment
properties, and not by compound properties. Our data on very slow desorption do not
support a diffusion process because in that case a trend with molecular weight or
hydrophobicity is expected, and we did not observe this.
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Field distribution coefficients

For PCB-118 and all PAHs organic carbon normalized sediment-water distribution
coefficients (KOC in L (kg oc)-1) were calculated from the concentration in sediment and the
part of the desorption curve for which a constant concentration in water was calculated. 
The decrease in sorbed concentrations caused by purging the suspension and the variation in
water concentration were taken into account. The distribution coefficients were calculated
for each measurement interval separately and averaged.
Log KOC-values are presented in Table 4, together with literature values. Literature values
were selected based on experiments in which sediments or soils were spiked and short contact
times were employed, so that a large fraction of the added components was expected to be
present in the fast desorbing pool (17). In an earlier study we have shown that higher in-situ
partition coefficients can be explained by the presence of slowly exchanging fractions (21).
The methods used for measuring these log KOC values are indicated in Table 4. The calculated
distribution coefficients were 1 to 3 orders of magnitude higher than literature values,
suggesting the presence of a very small, fast desorbing fraction both for PAHs and PCBs (4).
This is in accordance with the observations in our desorption experiments for the compounds
with high volatilization rates, in which no detectable fast fractions were present, and very small
fast fractions were deduced from the desorption curves.

Table 4. Field distribution coefficients (log KOC in log(L (kg oc)-1) and selected literature values for

log KOC for six PAHs and PCB-118. Duplicate distribution coefficients were calculated from

the ratio of S and W using the indicated number of data points (see text). 

Log KOC n Literature Method

BiPHEN 6.10 ± 0.14 15 3.03 (40) batch equilibration, average for 5 soils
5.99 ± 0.18 15

2-MN 7.05 ± 0.14 15 3.93 (41) batch equilibration (2 days)
7.00 ± 0.17 15 3.40 (42) batch equilibration (2 h) 

FLUE 6.52 ± 0.15 15 4.07 (43) average of compiled values 
6.45 ± 0.15 13 4.11 (17) batch equilibration (2 days), DOC corrected

PHE 6.65 ± 0.14 12 4.36 (44) batch equilibration (2-3 days), average for
12 soils and sediments

6.53 ± 0.19 12 4.22 (28) batch equilibration (2 days) with Ketelmeer
sediment, DOC influence negligible

4.28 (42) batch equilibration (2 h) 
FLUO 6.44 ± 0.14 9 5.56 (17) batch equilibration (2 days), DOC corrected

6.23 ± 0.16 9 5.4 (25) gas purge with Ketelmeer sediment
4.89 (28) see remark at PHE

PYR 6.98 ± 0.20 8 4.95 (28) see remark at PHE
6.61 ± 0.29 8 5.13 (42) batch equilibration (2 h)

PCB-118 6.93 ± 0.04 3 5.81 (45) batch equilibration (2-19 h)
6.79 ± 0.08 5 5.92 (17) batch equilibration (2 days), DOC corrected
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Comparison of the results from our study with results from other studies indicates that
desorption from field sediments may not readily be predicted from results obtained in lab
experiments: the presence of large amounts of very slowly desorbing fractions has only been
reported once in a study using lab contaminated sediment and an elevated temperature (16).
Our findings demonstrate that after very long contact times (decades) the resistant fraction
may consist mainly of a (thermodynamically more favorable) very slowly desorbing fraction
(rate constants of 10-4-10-5 h-1). This may apply to all (hydrophobic) contaminants that are
introduced into aquatic sediments.
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RESISTANT SORPTION OF IN SITU CHLOROBENZENES AND

A POLYCHLORINATED BIPHENYL IN RIVER RHINE SUSPENDED MATTER

ABSTRACT

The desorption kinetics of in-situ chlorobenzenes (dichlorobenzenes, pentachlorobenzene and
hexachlorobenzene) and 2,4,4’-trichlorobiphenyl (PCB-28) were measured with a gas-purge
technique for river Rhine suspended matter sampled in Lobith, the Netherlands. This
suspended matter is the main source of sediment accumulation in lake Ketelmeer. In lake
Ketelmeer sediment earlier observations showed that slow and very slow fractions dominate
the desorption profile.
For the river Rhine suspended matter, only for PCB-28 a fast desorbing fraction of around
1.6% could be detected. The observed rate constants were on the average 0.2 h-1 for fast
desorption, 0.004 h-1 for slow desorption, and 0.00022 h-1 for very slow desorption. These
values are in agreement with previous findings for the sediment from lake Ketelmeer and
with available literature data on fast, slow, and very slow desorption kinetics.
The results from this study show the similarity of desorption profiles between river Rhine
suspended matter, and the top layer sediment from lake Ketelmeer. This indicates that slow
and very slow fractions are already present in material forming the top layer of lake
Ketelmeer, and were not formed after deposition of this material in the lake. The absence of
detectable fast fractions for most compounds could be caused by the absence of recent
pollution of the suspended matter. But, the observations may also be explained by a rapid
disappearance of compounds from the fast fraction due to a combination of a high affinity of
very slow sites for these compounds, and their relatively high volatility.

keywords: desorption kinetics; field contaminated sediments; Lobith; slow desorption
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INTRODUCTION

The sorption of organic micropollutants by soils and sediments is one of the major factors
influencing availability and fate of contaminants in aquatic and terrestrial systems. Recently,
attention has focused on the behavior of contaminants that have been present in sediments
or soils for years to decades (Alexander, 1995; Beck et al., 1995, Pignatello and Xing, 1996;
Loehr and Webster, 1996; Luthy et al., 1997, ten Hulscher et al., 1999). 
Evidence has been presented that the desorption of contaminants takes place in at least two
steps: a fast and a slow step. These two desorption steps have been measured with different
techniques by various research groups (Brusseau and Rao, 1989; Pignatello, 1990; Culver et
al., 1997; Karickhoff and Morris, 1985; Cornelissen et al., 1997b). Observed rate constants
for fast desorption are ~0.1 h-1, for slow desorption around 0.01-0.001 h-1. A third, very
slowly desorbing fraction could be distinguished when studying desorption at higher
temperatures (Cornelissen et al., 1997a) or when studying desorption for extended
desorption times (~2000 h) at room temperature (ten Hulscher et al., 1999). Rate constants
for this desorption step are around 10-4 h-1. 
Many studies demonstrate non-linear sorption isotherms for organic compounds in soils and
sediments, which is generally considered to be caused by multiple sorption mechanisms. The
study of desorption kinetics has been shown to quantitatively distinguish between these
multiple sorption mechanisms (Cornelissen et al., 2000).
Knowledge on the desorption kinetics of pollutants in sediments is of relevance when dealing
with the potential risks of polluted sediments. Recent studies have shown that not the total
concentration, but the fast desorbing fraction is the most relevant one in terms of availability
to sediment inhabiting organisms, including bacteria (Alexander, 2000; Bosma et al., 1997;
Carmichael et al., 1997; Cornelissen, 1999; Fuchsman and Barber 2000; Kraaij, 2001; Loehr
and Webster, 1996; Menzie et al., 2000; Reid et al., 2001; Sijm and Belfroid; 2000, White
and Alexander, 1996; White et al., 1999; Williamson et al., 1998). Especially in field
sediments, the fast fraction and thus the availability of compounds may be largely reduced.
Desorption of organic micropollutants from lake Ketelmeer sediments that were obtained
from a settling area of the river Rhine in the Netherlands, was deduced to be triphasic from
previous experiments (ten Hulscher et al., 1999). A large fraction of the contaminants
present in this sediment (80-98%) desorbed very slowly. The sediment used in the
abovementioned study was obtained from a sediment core (40-120 cm layer) from lake
Ketelmeer. This polluted layer was formed between 1960 and 1970 (Beurskens, 1995).
Consequently, the pollutants in this layer have been in contact with the sediment for
decades. The prolonged contact time between pollutants and sediment may be an
explanation for the observed large very slowly desorbing fraction. But, in the same study, we
reported similar triphasic desorption behavior for the 5-10 cm top layer of lake Ketelmeer
sediment, in which contact times are expected to have been much shorter. For this 5-10 cm
sediment layer both slowly and very slowly desorbing fractions could be distinguished. No
fast desorbing fraction could be detected although this was expected beforehand. Several
explanations of this observation are possible: i) the top layer may have been mixed with older
layers in which the contact time has been longer than expected, or ii) the material that forms
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the top layer of the sediment (suspended matter from the river Rhine) is also dominated by
the presence of a very slowly desorbing fraction. The present study was undertaken to
investigate this second option and to establish the desorption behavior of in-situ pollutants
from river Rhine suspended matter. The results are compared with the earlier observations of
the desorption of contaminants from lake Ketelmeer sediments (both top layer and deeper
sediment layers).

MATERIALS AND METHODS

Collection of suspended matter

Suspended matter from the river Rhine was sampled on October 12th, 1998 at the
permanent sampling station "Lobith", at Tolkamer, the Netherlands. This sampling station is
located at the bank of the river Rhine, near the Dutch-German border (located at Rhine km
859, downstream). Water from 1 m below the surface (with a temperature of 13.4°C) was
continuously pumped through a Cepa centrifuge (17,000 rpm) during a period of 5.5 hours.
A total volume of 6002 L passed through the centrifuge, collecting over 100 g of material.
Suspended matter was collected on Teflon sheets covering the walls of the centrifuge. The
material was scraped off the Teflon sheets and kept (as sampled) in closed glass jars until use.
The desorption experiments with the suspended matter were conducted one day after
sampling. The organic carbon (oc) content was 4.3 ± 0.2% (n=3) (Carlo Erba NA 1500
element analyzer, with removal of carbonates using phosphoric acid). This is identical to the
oc-content of the top layer sediment from lake Ketelmeer (ten Hulscher et al., 1999).

Chemicals

The compounds studied were: 1,3- and 1,4-dichlorobenzene (DCB), pentachlorobenzene
(QCB), hexachlorobenzene (HCB), and 2,4,4’-trichlorobiphenyl (PCB-28). Several other
compounds could not be reliably quantified due to low concentrations present and/or
chromatographic problems. These were: 1,2-DCB, 1,2,3-trichlorobenzene (TCB), 1,2,4-TCB,
1,3,5-TCB and 1,2,3,4-tetrachlorobenzene. For the purge experiments, nitrogen gas from an
oil free compressor was used. The gas was cleaned before use by passing it through a Tenax
trap. 

Desorption experiments

The desorption experiments were performed using a gas-purge technique that was described
previously (Lüers and ten Hulscher, 1996). In short: duplicate samples of ±25 g (wet weight)
of suspended matter were suspended in a total volume of 1 L water with a composition
resembling that of fresh water (for composition see Lüers and ten Hulscher, 1996) and stirred
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for 48 h at 20°C before starting the desorption experiments. The desorption experiments
were started by leading nitrogen gas through the continuously stirred suspensions, initiating
the volatilization of compounds from the water phase. Purged compounds were trapped on
Tenax traps that were exchanged 22 times during the course of the experiments (total
purging time: 2209 h = 3 months). Because the fast fraction is expected to desorb during the
first 24 h of the experiment four sampling points were chosen within this time interval (after
2, 4, 6 and 24 h of purging). The desorption rate constants of the compounds from the
suspended matter can be quantified if the volatilization rates of the studied compounds are
fast enough. For the compounds studied here, the volatilization rates are in the order of 
1-4 h-1. This is high enough to measure desorption kinetics with this technique (ten Hulscher
et al., 1999).

Extraction, clean-up, and chemical analyses 

The sediment extraction procedure for CBs and PCB-28 (refluxing with hexane) was
described elsewhere (ten Hulscher et al., 1999), along with the extraction and clean-up
procedure (including recoveries) of the Tenax traps. In brief: sediment samples of
approximately 1.5 g were extracted with hexane by heating under reflux. The extracts were
cleaned with deactivated Al2O3 and transferred to isooctane for GC-ECD analysis. Tenax
traps were eluted with hexane. After clean-up with deactivated Al2O3 these extracts were
also transferred to isooctane for GC-ECD analyses. An additional extraction step of Tenax
using a sonication procedure did not extract substantial amounts of CBs/PCBs from the
Tenax beads: in most cases <7% of additonal mass was recovered this way. 
The CBs and PCB-28 were analyzed with an HP 5890 GC system, equipped with an HP
7673A auto sampler and a 63Ni electron capture detector (ECD). Separation was
accomplished on a 50-m CP sil 8 CB capillary column (0.25 mm internal diameter and 0.25
mm film thickness, with helium as a carrier gas) from Chrompack. With the temperature
program used the separation of PCB-28 from the interfering congener PCB-31 was sufficient
for quantification. The concentrations were determined relative to external standards in
isooctane.

Data interpretation

The total mass of compounds present in the purge vessel at the start of the experiment was
calculated from the total mass that was desorbed (the sum of 22 observations) and the mass
remaining in the purge vessel after termination of the desorption experiment (Table 1). This
total mass was comparable to measured concentrations in suspended matter sampled in
Lobith during the routine measurement program carried out by our institute. From similar
experiments it is known that mass balances are usually within 80-120% (Cornelissen 1999,
ten Hulscher et al., 1999). This does not largely influence rate constants and fractions that
are derived from the desorption curves, as is also evidenced by the relatively small differences
that were observed for duplicate experiments.
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Table 1. Masses determined during various phases of the desorption experiment.

Compound Desorbed mass (µg/kg)a % desorbedb End mass (µg/kg) (n=4)

1,3-DCB 54.1 91.7; 89.2 5.6 ± 0.4
1,4-DCB 48.1 41.1; 43.9 65 ± 16
QCB 28.2 92.1; 91.0 2.58 ± 0.09
HCB 8.1 80.1; 72.3 2.5 ± 0.4
PCB-28 19.2 44.0; 35.3 29 ± 5

a average of 2 experiments, each the sum of 22 determinations;
b percentage of M0 (= desorbed mass + end mass) that desorbed in 2209 h.

In the experiments with Lobith suspended matter both one-phase and two-phase desorption
was observed. In the case of apparent one-phase desorption the curves were described with
a one-compartment first order desorption model (ten Hulscher et al., 1999):

(1)

in which Mt = the total compound mass present in the purge vessel at time t (g), M0 = the
compound mass present at t = 0 (g), k1 is the rate constant for desorption (h-1), and t = time
(h). The rate constants were obtained from a linear regression of ln (Mt/M0) versus time. 
The desorption curves of all compounds showing apparent two-phase desorption were
described with a two-compartment first order desorption model (ten Hulscher et al., 1999):

(2)

in which F1 and F2 (-) represent the mass fractions of pollutant present in the two sediment
pools at the start of the experiment, and k1 and k2 (h-1) are the rate constants for desorption
from the two sediment pools. The rate constants and fractions were obtained by minimizing
the squared difference between calculated and measured values of Mt/M0 using the
Microsoft Excel Solver. The validity of the use of one or two-compartment models was tested
using an F-test on least squares of equations 1 and 2 (α=0.05). Where we report the use of
the one compartment model for data interpretation, the use of a two compartment model
did not show a significant improvement.
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Results 

The desorption plots for all compounds studied are presented in Figure 1. In this figure, the
complete desorption curves covering a time period of over 2000 h are presented. For a
distinction between fast and slow desorption, the first 300 h of the curves were used because
of the large amount of sampling points taken during the very slow desorption phase (see
Figure 2). The extended desorption period was chosen to show that a large fraction of mass
can eventually be desorbed from the material, and to establish whether the presumption of
a large fraction desorbing with one (low) rate constant was correct (ten Hulscher et al.,
1999). From the desorption curves both rate constants and fractions were obtained using
equation 1 or 2.

Figure 1. Duplicate desorption curves for the studid chlorobenzenes and PCB-28 for a 2209 h

desorption period. Measurements are indicated by solid markers. The lines indicate the

modeled desorption profiles using one- or two compartment models (see text).
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These desorption rate constants are presented in Table 2. The rate constants for the slowly
and very slowly desorbing fractions were obtained from the total desorption curves of 
1,3-DCB, 1,4-DCB, and HCB using the two-compartment model (eq. 2).
The magnitudes of the rate constants that were obtained for the slow fraction (average 
4.0x10-3 h-1) and for the very slow fraction (average: 0.42x10-3 h-1) (see Table 2) are in
agreement with earlier reported data on very slow desorption rate constants (Cornelissen 
et al., 1997b; ten Hulscher et al., 1999). The magnitude of the rate constants for fast
desorption for PCB-28 (on average 0.20 h-1) is also in agreement with reported data on fast
desorption for similar compounds: 0.18 h-1 for 1,2,4-TCB and 0.243 h-1 for HCB, both spiked
to a relatively clean sediment (Cornelissen, 1997b). The desorption rate constants for Lobith
suspended matter are in agreement with the desorption rate constants observed in lake
Ketelmeer 5-10 cm top layer sediment for slow and very slow fractions (ten Hulscher et al.,
1999).

Figure 2. Duplicate desorption curves for HCB, and PCB-28 for the first 300 h of the desorption

period. Measurements are indicated by solid markers. The lines indicate the modeled

desorption profiles using one-or two compartment models (see text).
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Table 2. Rate constants (duplicates) for desorption of chlorobenzenes and PCB-28 from Lobith

suspended matter [this study] and Ketelmeer top layer sediment [from ten Hulscher et al.,

1999].

Lobith suspended matter Ketelmeer 5-10 cm top layer
sediment

Compound kfast (h-1) kslow (10-3 h-1) kvslow (10-3 h-1) kslow (10-3 h-1) kvslow (10-3 h-1)

1,3-DCB 2.8; 3.4 0.36; 0.08 0.35; 0.30
1,4-DCB 7.0; 4.5 0.15; 0.14 5.1; 3.4 0.16; 0.10
QCB 0.96; 0.99 0.26; 0.29
HCB 2.7; 3.6 0.41; 0.34 3.7; 3.2 0.134
PCB-28 0.21; 0.19 0.25; 0.20 0.21; 0.19a

a For PCB-28 no desorption data were available for the 5-10 cm top layer sediment. Data obtained
from a Ketelmeer sediment core are shown for comparison.

Table 3. Fast, slow and very slow fractions (duplicates) desorbing from Lobith suspended matter

[this study] and Ketelmeer top layer sediment [from ten Hulscher et al., 1999].

Lobith suspended matter Ketelmeer 5-10 cm top layer sediment
compound % fast % slow % very slow % fast % slow % very slow

1,3-DCB 0,68; 0,66a 89.1; 76.4 10.9; 23.6 2.4; 2.8b 12.2; 14.4 82.8; 85.3
1,4-DCB 0.95; 1.27a 19.8; 26.9 80.2; 73.1 4.4; 5.8b 15.0; 20.2 74; 80.6
QCB 0.16; 0.17a 100; 100 1.3; 1.4b 7.1; 7.8 90.8; 91.6
HCB 0.55; 0.54a 50.5; 44.6 49.5; 55.4 1.4; 1.5b 10.1; 11.1 88.4; 87.5
PCB-28 1.9; 2.4 98.1; 97.6 n.a.c n.a.c n.a.c 

a upper limits that were estimated from the mass that desorbed during the first 2 h;
b upper limits that were estimated from the mass that desorbed during the first 24 h;
c no data are available for PCB-28 in the top layer sediment.

In Table 3, the fractions that were calculated for all studied compounds are presented. A fast
desorbing fraction could only be distinguished for PCB-28 (see Table 3). However, this
fraction is small: on average 1.8%. In a previous study using lake Ketelmeer sediment, fast
desorbing fractions for all compounds studied (chlorobenzenes, PCBs and PAHs) could only
be estimated as upper limits from the mass desorbing in the first 24 h of the experiment. 
A similar calculation was performed for the compounds in Lobith suspended matter for which
no fast desorbing fraction was observed. Here an upper limit was calculated from the mass
desorbing during the first 2 hours of the experiment. For PCB 28 the fraction calculated this
way agreed well with the fast fraction that was obtained from an optimized fit of equation 2.
The upper limits for the fast fractions for Lobith suspended matter are lower than those
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calculated for lake Ketelmeer sediment. This is caused by the differences in desorption time
intervals used. When upper limits were calculated from the total mass that desorbed after 24 h,
the values for Lobith suspended matter were in close agreement with the estimates for lake
Ketelmeer. The estimated fast fractions for the compounds relevant for the present study are
presented in Table 3. 
The magnitude of fractions of the studied compounds are in most cases similar to what was
observed for the 5-10 cm top layer sediment from lake Ketelmeer. Only for 1,3-DCB and
HCB the slow fraction dominated the suspended matter desorption, whereas in the top layer
sediment in lake Ketelmeer the very slow fraction dominated the desorption curves.

Discussion and conclusions

This study shows that suspended matter from the river Rhine had high slowly and very slowly
desorbing fractions, similar to what we observed for the top layer sediment from lake
Ketelmeer using the same desorption technique. Since the river Rhine is the major input of
water and suspended matter into the lake, the top layer sediment is formed from suspended
matter originating from the river Rhine.Therefore, similar desorption patterns were expected.
For all compounds except PCB-28, fast desorbing fractions could not be detected, but upper
limits of this fraction were calculated from the mass desorbing during the first 2 hours of the
experiment. These calculated upper limits were in most cases below 1%. 
There are three possible explanations for the absence of detectable fast desorbing fractions.
One explanation is the absence of recent industrial discharges of these compounds in the
upstream area. There has been a major effort to reduce pollutant loads from the river Rhine
and this has resulted in a lowering of the concentrations of chlorobenzenes in the suspended
sediment (IKSR, 1998). The pollutant load that now enters the lake Ketelmeer area could
come from old sources (resuspension of settled material, erosion of soil material that was
contaminated in the past). This is in accordance with conclusions of the International Rhine
Committee (IKSR) that state that industrial discharges of HCB and PCB have been reduced
with 90 to 100% (IKSR, 1999).
Although the sampling of Lobith suspended matter took place at the temperature conditions
of that specific sampling day (water temperature of 13.4°C) no large influence of
temperature differences is expected. The water temperature at Lobith varied between 5°C
and 25°C that year. A temperature change of 10°C is not expected to largely influence the
desorption kinetics (ten Hulscher and Cornelissen, 1996). In sediments these temperature
differences are even less, therefore the results obtained for Lobith material can be compared
to the results we obtained earlier for lake Ketelmeer sediment.
Another explanation of our observation of hardly detectable fast fractions for most
compounds could be the occurrence of two competing processes that both can result in a
disappearance of compounds from the fast fraction. From the results of desorption
experiments with the Lobith suspended matter and the settled material downstream in lake
Ketelmeer it can be concluded that the very slow sites in the sediment have a high affinity for
the compounds studied because the desorption pattern shifts towards a large fraction
present at the very slow sites. This could be the case when the slow and very slow sites have
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become accessible for the studied compounds i.e. during transport in the river system, or
when compounds have been present in the suspended sediment for a longer period of time. 
Another process that is relevant for the studied compounds is volatilization from the water
phase. When this process is fast enough, desorption from the fast fraction is induced. The
combination of both processes may cause a redistribution of the compounds over the
different sorption sites in the (suspended) sediment particles. 
The volatilization rates of these compounds were estimated from the data presented by
Brüggeman et al. (1991). They estimated the volatilization rate constant for 1,2-dichloroethane
(a compound with a Henry’s Law constant that is of the same order of magnitude as those
for dichlorobenzenes) to be 0.027 h-1 (= 0.648 d-1) from measured concentration profiles of
this compound after a spill that occurred 435 km upstream from Lobith. The residence time
of water traveling from upstream industrial areas to Lobith is several days (Brüggeman et al.,
1991). 
Because volatilization from the water phase is fast compared with the residence time of the
water, a substantial decrease of the concentration in water and thus of the fast desorbing
fraction can take place during transport of sorbed contaminants with the river water. It is
known that these processes are temperature dependent, but the influence of the
temperature changes observed in this river (+/- 10°C) will not largely influence the rate of
these processes (ten Hulscher et al., 1992). These differences are not large enough to expect
seasonal influences on desorption patterns. 
Taking the above mentioned processes into account, the presence of recent sources of
contamination cannot be entirely ruled out on the basis of the observed desorption patterns.
However, the fact that fast fractions of only a few percent or less of the total concentration
are observed for suspended matter from the river Rhine suggests that the actual risk for
uptake by aquatic organisms may be lower than expected. The newly formed layers should
not only be judged on total concentrations, but the more relevant fast desorbing fraction
should also be taken into account.
From the results of our study we conclude that presumed differences in desorption patterns
between a sediment top layer (5-10 cm) and the deeper layers (> 10 cm) do not always exist.
Especially in a situation where pollutant discharges have been reduced substantially, and the
removal from water is relatively rapid, the differences in desorption pattern can be less
pronounced, as can be seen for the lake Ketelmeer area.
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TEMPERATURE DEPENDENCE OF DESORPTION KINETICS FOR

CHLOROBENZENES AND A POLYCHLORINATED BIPHENYL

IN A FIELD CONTAMINATED SEDIEMENT

ABSTRACT

The temperature dependence of desorption kinetics of chlorinated organic compounds 
(8 chlorobenzenes and 1 polychlorinated biphenyl) was studied using a field contaminated
sediment from lake Ketelmeer, the Netherlands, that was formed in the 1960s and 1970s.
The observed rate constants averaged (0.18 ± 0.06)x10-3 h-1 at 10°C, (0.67 ± 0.26)x10-3 h-1

at 35°C, and (0.93 ± 0.33)x10-3 h-1 at 45°C. This confirmed our earlier observation of
predominantly very slow desorption with average rate constants of (0.32 ± 0.12)x10-3 h-1 at
20°C in this field contaminated sediment. The activation energies that were calculated from
the temperature dependence of these rate constants did not show a large variation for the
compounds studied, nor did the rate constants themselves. The activation energies ranged
from 26.7 to 48 kJ/mol with an average of 38 ± 6 kJ/mol. This is a factor of 2 lower than
literature data for the activation energies of slow desorption. The activation entropies
calculated from the rate constants for very slow desorption (at 20°C) also differed from the
activation entropies that could be calculated from literature data on slow desorption kinetics
(at 20°C). The above observations support the interpretation of resistant sorption on the
basis of both ‘slow’ and ‘very slow’ sites in the sediment where different sorption processes
take place. 

INTRODUCTION

Sorption of organic compounds by soils and sediments is one of the major factors that
influences the availability and fate of contaminants in aquatic and terrestrial systems. In the
past, many studies have been performed on the desorptive behavior of compounds in soils
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and sediments after addition of contaminants in the laboratory (1, 2). Recently, attention has
focused on the behavior of contaminants that have been present in sediments or soils for
years to decades (3-7). Evidence has been presented that the desorption of contaminants
takes place in at least two steps: fast and slow desorption have been measured with different
techniques by various research groups (2, 8-13). Cornelissen et al. (12) identified an
additional very slowly desorbing fraction besides the fast and slowly desorbing fractions
when studying desorption at 20 and 60°C. 
Contaminants in the deeper layers of lake Ketelmeer (including the sediment layer we studied
here) have been present there for several decades (14-16). For many of the compounds
studied in the Ketelmeer sediment only one desorbing fraction could be distinguished in
purge-induced desorption experiments (13). For the studied compounds (chlorobenzenes,
polycyclic aromatic hydrocarbons) rate constants of around 10-4 h-1 were observed. This was
comparable to previously reported rate constants for very slow desorption (12). 
Very few data on the temperature dependence of desorption kinetics are available in the
literature. Most studies have reported the temperature dependence of slow desorption (12,
17-19). This process has rate constants that are 1 to 2 orders of magnitude higher than the
desorption rate constants observed in the present study. For the ‘very slowly’ desorbing
fraction (for which rate constants of around 10-4 h-1 were observed), Cornelissen et al. (12)
also presented some results for the temperature dependence. This was based on desorption
studies at only two temperatures (5 and 60°C), making the interpretation of a linear
relationship between ln(rate constant) and 1/temperature and thus the calculated
(desorption) activation energies less reliable.
The aim of the present study was to quantify the temperature dependence of the very slow
desorption process in a field contaminated sediment from lake Ketelmeer, where the
contaminants have been present for decades, using four different temperatures in the range
of 10 to 45°C. The study can also give insight in the comparability in behavior of
contaminants added to sediment in the laboratory and contaminants present for decades in
field sediments. Furthermore these investigations should support the interpretation of
resistant sorption in terms of slowly and very slowly desorbing fractions. 

MATERIALS AND METHODS

Materials 

The freshwater sediment was obtained from the 40-120 cm section of a core sampled in
March 1995 in lake Ketelmeer, the Netherlands, as previously described (13). The sediment
was stored at 4°C until further use. The organic carbon content of the sieved sediment
fraction was 6.71% (13). The compounds studied in this sediment were dichlorobenzenes
(DCB), trichlorobenzenes (TCB), tetrachlorobenzenes (TeCB), pentachlorobenzene (QCB),
hexachlorobenzene (HCB), and 2,4,4’-trichlorobiphenyl (PCB-28). The chlorobenzenes (CBs)
and polychlorinated biphenyl (PCB-28) that were used to prepare the external standards for
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quantification of the compounds were obtained from various sources in the Netherlands. 
All compounds were of the highest available commercial quality (purity >99%, except for
1,2,4-TCB: 97%). The organic solvents we used (acetone, iso-octane, hexane) were all
nanograde quality. Ultra-pure deionized water was used for the purge experiments. 

Desorption experiments 

Duplicate sediment samples of about 20 g wet weight (49.5% dry weight (dw)) were
suspended in the purge vessels in a total volume of 1 L of water for each experiment. Water
with a composition resembling that of fresh water from the study area (pH: 8.1-8.4; ionic
strength: 0.0121) was prepared as described earlier (20). Mercury(II)chloride (1 mL of a 5 g L-1)
solution in water was added to prevent microbial degradation. The concentrations present in
this field contaminated sediment ranged from 20 to 680 µg/kg dw (see Table 1). The
thermostated purge and (Tenax) trap system used is described elsewhere (21). In short: the
system consisted of a thermostated bottle containing the sediment suspension. The sediment
suspension was purged with a gas that leaves the bottle through a Tenax trap which adsorbs
the compounds. These traps were exchanged with clean ones at regular time intervals. The
purge gas (nitrogen) was saturated with water before it entered the sediment suspension to
prevent volatilization losses of water. A gas flow of 900-1000 mL min-1 was used. The
sediment suspensions were continuously stirred. Four different temperatures were employed:
10°C, 20°C, 35°C, and 45°C. The Tenax traps were changed 9 times for 10°C, 20°C, and the
35°C experiments (total purging time 558-624 h). The 45°C experiment was extended to
1898 hours (with a total of 18 measurement intervals), to investigate whether the observed
very slow rate constant describes the desorption behavior of most of the mass of compounds
present. Because at 45°C the highest rate constants were expected, the largest mass fraction
was expected to desorb when extending this experiment. 

Table 1. Measured concentrations of chlorobenzenes and PCBs in a field contaminated sediment

from lake Ketelmeer that was used for the desorption experiments.

Compound Concentration sd n
(µg/kg dw)

12-DCB 550 180 15
14-DCB 680 210 15
123-TCB 24 8 15
124-TCB 440 140 15
135-TCB 140 40 15
1234-TeCB 29 16 15
QCB 21 5 13
HCB 38 13 15
PCB-28 270 90 15
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The mass balances of the experiments were calculated from: Mass in suspension at t=0
divided by (total mass desorbed + mass remaining in suspension at t=624 h or t=1898 h). 
The mass in the suspension at t=0 was measured in fourfold for each temperature (a total of
15 determinations) and averaged. The mass remaining in suspension at the end of an
experiment (after 624 or 1898 h of purging) was the average of duplicate determinations.
The total mass desorbed was the sum of 9-18 determinations of mass accumulated on the
tenax traps. The mass balances averaged 102 ± 17% for all experiments. The mass balances
of the individual compounds did not show a trend with temperature. 

Extraction, clean-up, and chemical analyses 

The sediment extraction procedure for CBs and PCB was described elsewhere (22). In short:
sediment samples were extracted with hexane by heating under reflux. The hexane extracts
were passed through a column with deactivated Al2O3 for clean up, and transferred to
isooctane for GC-ECD analysis. The extraction and clean-up procedure (including recoveries)
of the Tenax traps was also described earlier (13). In short: Tenax traps were eluted with
hexane. After cleaning up the hexane extracts with deactivated Al2O3 these extracts were
transferred to isooctane for GC-ECD analysis. Recoveries for the Tenax extraction ranged
from 65-92%. CBs and PCB-28 were analyzed with an HP 5890 GC system, equipped with
an HP 7673A auto sampler and a 63Ni electron capture detector (ECD). Congener separation
was accomplished with a 50-m CP sil 8 CB capillary column (0.25 mm i.d. and 0.25 µm film
thickness, helium as a carrier gas) from Chrompack. 

THEORY

Desorption experiments 

The results of the desorption experiments with field contaminated lake Ketelmeer sediment
at 20°C were presented elsewhere (13). In these experiments single-phase desorption was
observed. The desorption experiments at 10°C, 35°C and 45°C (45°C: during the first 600 h
of purging) showed a similar desorption pattern. The desorption curves of all CBs and PCB-
28 were interpreted with a single rate constant using the following equation:

(1)

in which M0 = mass present in the suspension at t = 0 (g); Mt = mass present in the
suspension at time t (g); k = rate constant (in h-1). Mt is calculated from M0 and the
cumulative mass desorbed at time t. The coefficient k is equal to the desorption rate constant
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if the volatilization rate of the compounds studied is much higher than back adsorption to the
fast accessible compartment of the sediment. At 20°C this is the case for all of the
compounds studied. Both volatilization rates and (fast) adsorption rates are temperature
dependent. From the available literature data on the temperature dependence of
volatilization and adsorption, the temperature dependence of both processes is expected to
be in the same order of magnitude, both increasing with increasing temperature (19, 21).
The comparison of volatilization rates and adsorption rates at 20°C presented in (13)
therefore is also valid for the other temperatures studied. 

Temperature dependence 

From the observed temperature dependence of the desorption rate constant the activation
energy for desorption (Ea) can be calculated using the Arrhenius equation (assuming that A
and Ea are independent of temperature over the temperature range studied) :

In(k) = - Ea / RT + In(A) (2)

in which k = desorption rate constant (h-1), Ea = activation energy for desorption (J/mol), 
R = gas constant (8.314 J.mol-1.K-1), T = temperature in K, A = pre-exponential factor (in units
of k: h-1). The slope of a plot of ln(k) vs 1/T represents -Ea /R.

RESULTS AND DISCUSSION

Desorption rate constants

Cumulative desorption plots were obtained for all of the compounds studied. The curves
(plotted as ln(Mt/M0) versus time, with Mt/M0 = mass fraction remaining, were fitted with
the single-stage desorption model presented above, using linear regression. The validity of
the use of a one-compartment model was tested using an F-test (α=0.05) on least squares of
Eq. 1 and the two-compartment model described in (13). In all cases the use of a two-
compartment model did not show a significant improvement. The data interpretation of these
type of experiments can also be performed with a distribution of rate constants (5, 11, 23).
Although in these cases a continuum of rate constants described desorption from field
contaminated sediments well, the observed constancy of the desorption rate constants
during the purge experiments in the present study in our opinion validated the use of a one-
compartment model. 
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Figure 1. Representative duplicate desorption curves from the field contaminated lake Ketelmeer

sediment at the four temperatures studied. Measurements are indicated by symbols.



Representative examples of measured and fitted desorption curves for three compounds
desorbing from field contaminated sediments at the four temperatures studied are presented
in Figure 1. The results for 20°C were presented earlier (13). The rate constants obtained
from these curves are shown in Table 2. Not all of the mass present in the suspension was
desorbed during the 600 h of purging (10-15% was desorbed at 10°C, 14-30% at 20°C, 
19-46% at 35°C, and 38-65% at 45°C). During the prolonged desorption experiment at
45°C between 60 and 80% of mass desorbed. Only the results from the first 600-700 h of
the 45°C experiment were used for data interpretation because the desorption times of the
other experiments did not exceed 700 h.

Table 2. Rate constants of very slow desorption (duplicates, in 10-3 h-1, SE in brackets) at four

temperatures for a field contaminated sediment from lake Ketelmeer, and activation

energies (Ea) for the very slow desorption process.

Desorption rate constants at four temperatures
Compound 10°C 20°C2 35°C 45°C Ea in kJ.mol-1 r2

12-DCB1 0.173(0.011) 0.55(0.03) 0.94(0.05) 1.36(0.09) 46 ± 4 0.97
0.165(0.006) 0.45(0.02) 0.99(0.06)

14-DCB 0.147(0.019) 0.57(0.03) 1.22(0.04) 1.67(0.07) 48 ± 5 0.94
0.160(0.009) 0.51(0.03) 1.12(0.07) 1.61(0.09)

123-TCB 0.213(0.009) 0.344(0.016) 0.58(0.03) 0.79(0.04) 26.7 ± 0.9 0.99
0.238(0.004) 0.300(0.006) 0.52(0.02) 0.77(0.06)

124-TCB 0.098(0.004) 0.254(0.013) 0.55(0.03) 0.76(0.03) 36.9 ± 1.7 0.98
0.123(0.002) 0.240(0.007) 0.46(0.02) 0.77(0.05)

135-TCB 0.123(0.007) 0.237(0.017) 0.43(0.03) 1.04(0.04) 40 ± 3 0.97
0.131(0.004) 0.214(0.011) 0.39(0.02) 0.90(0.04)

1234-TeCB 0.118(0.007) 0.246(0.011) 0.48(0.02) 0.59(0.04) 35 ± 3 0.94
0.105(0.003) 0.223(0.006) 0.426(0.019) 0.49(0.03)

QCB 0.183(0.008) 0.346(0.007) 0.70(0.02) 0.81(0.07) 30 ± 3 0.94
0.195(0.007) 0.34(0.02) 0.783(0.010) 0.76(0.04)

HCB 0.205(0.011) 0.288(0.009) 0.79(0.06) 1.01(0.10) 36 ± 3 0.94
0.207(0.007) 0.283(0.014) 0.76(0.09) 0.83(0.08)

PCB-28 0.249(0.018) 0.21(0.02) 0.42(0.06) 0.83(0.09) 35 ± 5 0.89
0.343(0.018) 0.19(0.02) 0.46(0.05) 0.82(0.07)

1 For 12-DCB an unweighted linear regression was performed to obtain Ea because at 45°C only one
rate constant was obtained;

2 data from ten Hulscher et al. (13).

Although the data obtained at higher temperatures seem to deviate more from linearity this
was not significant, as indicated by the results of an F-test as described above. A detailed
evaluation of the data showed that the linearity of the curve was also influenced by
uncertainties in the values for M0. Relatively small variations of around 10% in M0 virtually
removed the bending of the curves. This seems to be a likely explanation for the observed
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bending, because the standard deviation in M0 in most cases is much larger than 10%: M0
was determined in 13 or 15-fold and showed a standard deviation of 20-30% (see Table 1).
The duplicate rate constants and their standard errors (obtained from the linear regression of
ln (Mt/M0) vs t) are shown in Table 2. For PCB-28 a large difference was observed for the
rate constants at 10°C, compared to the values obtained at higher temperatures (see Table
2). Both values were higher than the desorption rate constants at 20°C. This was not
observed for the other 8 compounds studied. There were no reasons to suspect the outcome
of these measurements: the measured concentrations were well above the detection limit,
and the mass balance for both experiments was around 100%. 
The rate constants at 10°C, 35°C, and 45°C were much lower than expected for the slowly
desorbing fraction. This is similar to our observations at 20°C described in an earlier
publication (13). The fraction desorbing with these low rate constants was termed the ‘very
slowly’ desorbing fraction. The rate constants obtained with the gas purge method were
comparable to the very slow rate constants reported by Cornelissen et al. (12) using a Tenax
extraction method. They found rate constants of 0.30-0.52x10-3 h-1 at 20°C for 3
chlorobenzenes and two PCB’s spiked to an uncontaminated sediment, and 0.14-0.23x10-3 h-1

at 20°C for two native PCBs from lake Ketelmeer sediment. 
The values presented here are very similar for a broad range of contaminants studied. The 
contaminants used differ in hydrophobicity and in molecular size (24, 25), but this does not
seem to affect the magnitude of the observed rate constants (see Table 2). For a diffusion
process it is expected that larger and more hydrophobic solutes diffuse slower through an
organic matrix (5, 26). The invariability of the very slow desorption rate constants was also
observed by Cornelissen et al. (27) who found very constant values for a number of soils and
sediments and a variety of solutes (PAHs, PCBs, chlorobenzenes). This is also an indication
that the process we studied (‘very slow desorption’) is not a diffusion-like process. The same
argument holds for the slow desorption process, for which Cornelissen et al. (27) also found
very constant rate constants for a variety of compounds and sediments.
Another supportive argument is the fact that the rate constants we observed in the present
study are one to two orders of magnitude lower than those attributed to a diffusion-like
process. (9, 17, 18, 26). This leads to the following picture of slow sorption processes. The
rate limiting (desorption) step is assumed to take place at more or less localized sites ("very
slow sites"). This may be followed by diffusional transport in the organic carbon matrix of a
particle or by diffusion in micropores or a combination of both ( 5, 18, 26), but this diffusion
step is probably not the rate limiting step for slow or very slow desorption.

Temperature dependence of very slow desorption

The values for the activation energy (Ea) of the very slow desorption process (Eq. 2) were
obtained from a linear regression of ln(kvs) versus 1/T. The symbol kvs (in h-1) represents the
rate constant for very slow desorption that was obtained from the desorption curves. For
PCB-28, the data at 10°C were more variable than for the other compounds. Furthermore
the 10°C data deviated from the trend observed at higher temperatures (decreasing rate
constants with decreasing temperature). Therefore a weighted linear regression was
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performed for all compounds (with the exception of 12-DCB). The weight factors included in
the regression were calculated for each temperature from the relative standard deviation of
the duplicate rate constants. The weight factor was defined as the reciprocal standard
deviation. For 12-DCB an unweighted regression was performed because at 45°C only one
rate constant was obtained. For most of the compounds studied a weighted regression only had
a small effect on Ea. A representative example is 135-TCB where unweighted regression resulted
in Ea = 41 ± 3 kJ.mol-1 with r2 = 0.96, and weighted regression resulted in Ea = 40 ± 3 kJ.mol-1

with r2 = 0.97. For PCB-28 the effect was much larger: unweighted regression resulted in
Ea = 24 ± 6 kJ.mol-1 with r2 = 0.70, and weighted regression resulted in in Ea = 35 ± 5 kJ.mol-1

with r2 = 0.89.
Example plots of ln(kvs) versus 1/T, and lines representing the weighted linear regression are
presented in Figure 2. (page 128) The values for Ea that were calculated from the slope of this
weighted linear regression are given in Table 2. There are not many data available to
compare our values of Ea with. Several studies describe the influence of temperature on the
sorption process (17-19, 28-30), but only two studies describe the temperature dependence
of desorption kinetics (12, 31).
The values of Ea presented here are lower than the values presented for two chlorobiphenyls
by Cornelissen et al. (12) using two temperatures. They found values for Ea of 56 and 49
kJ/mol for the very slow desorption of PCBs 90 and 99 from the 0-30 cm layer of a field
contaminated lake Ketelmeer sediment. These data were termed activation enthalpies in
(12), but can be directly compared to our data because they were obtained in the same way
we derived activation energies. In our opinion the term activation energy is the correct one,
and will be used as such in the following discussion. 
The activation energies of very slow desorption presented by Cornelissen et al. (12) were
obtained for three chlorobenzenes and two PCBs spiked to a relatively uncontaminated
sediment from another location. These activation energies were more variable than the data
set obtained in the present study. Their values for the activation energies for very slow
desorption ranged from 25 to 60 kJ/mol, which is comparable to the values of 26.7 to 
48 kJ/mol found in the present study. Although the data in (12) were obtained for a
sediment from a different location there is no indication that this influenced the observed
temperature dependence.
Steinberg et al. (31) studied the temperature dependence of slow desorption of 
1,2-dibromoethane (1,2-EDB) from a field contaminated soil, and also observed rate
constants that are much lower than those for slow desorption. They found an activation
energy of 66 ± 11 kJ/mol, a factor of 1.5 higher than our results. But their data analysis
(including estimates of the rate constant for hydrolysis of dissolved 1,2-EDB) may have
influenced their results. Furthermore, they studied a temperature range of 40-90°C, which
may have influenced the organic carbon matrix. The results from this temperature range may
not be comparable to the results we obtained for a temperature range of 10-45°C, because at
higher temperatures a glass transition of the organic carbon matrix may take place (27, 30, 32).
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The occurrence of a glass transition may influence the studied desorption mechanism, when
a glass transition takes place in the studied temperature range. Although a glass transition
was observed by LeBoeuf and Weber (30) for purified water-wet humic acid at 43°C,
Cornelissen et al. (27) were unable to detect a glass transition over the temperature range of
20-60°C using three natural sediments. Schaumann and Antelmann (32) found a glass
transition of 77°C for a pre-moistened natural soil. Because the organic matter in sediments
and soils is very heterogeneous it is conceivable that glass transitions will occur over a
spectrum of Tg’s. But as this will probably affect only a small fraction of the organic matter,
this is not expected to influence the overall desorption mechanism. 
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Figure 2. Representative plots of the linear regression of ln (kvs) versus 1/T. Measurements are

indicated by symbols.



This assumption is also supported by the observed linearity of the temperature dependence
of the desorption rate constants. A systematic deviation from linearity is expected when the
higher temperature influences the organic carbon matrix, and thus the sorption mechanism.
All other studies on the temperature dependence of desorption rate constants concern
processes that have rate constants of 10-1-10-2 h-1. This is one to two orders of magnitude
faster than the process we studied here. The processes studied by these research groups are
interpreted with a diffusion-like mechanism, either within the sediment organic carbon
matrix or in micropores (5, 18, 26), but this interpretation may not apply to our data, as will
be explained below.
Another factor that has been shown to influence the (de)sorption mechanism is the fact that
structural changes in the organic matrix may occur due to solute sorption (30). In the
desorption experiments described in the present study, the curves show a lineair relationship
between ln(Mt/M0) and time. This points to a constant fraction desorbing over the studied
concentration range (which changes as mass desorbs from the sediment). This means that for
the experimental conditions used no (detectable) changes in the desorption mechanism are
taking place.

Comparison of ‘very slow’ and ‘slow’ desorption processes

Cornelissen et al. (12) have shown that besides fast and slow desorbing fractions an
additional very slow desorbing fraction can be distinguished. In addition to a difference in
values for the rate constants for these two fractions (a factor of 50-100 lower rate constants for
‘very slow’ desorption), a difference in temperature dependence is also observed. Cornelissen
et al. (12) studied the temperature dependence of ‘slow’ desorption kinetics from field
contaminated lake Ketelmeer sediment for 8 different compounds (CBs and PCBs). They
found relatively constant values for the activation energies ranging from 57 to 70 kJ/mol
(average: 63 ± 4 kJ/mol). These are higher than the activation energies for ‘very slow’
desorption reported in the present study (ranging from 27 to 48 kJ/mol, average 38 ± 6
kJ/mol).
As already explained in the desorption rate constants section, we assume that both the slow
and the very slow desorption processes are not a diffusion-like process, but represent
detachment from more or less localized sites. On the basis of this assumption, further
evidence for the difference between the ‘slowly’ and ‘very slowly’ desorbing fractions was
obtained from the application of the transition state theory to reported rate constants of slow
and very slow desorption, measured at 20°C. The transition state theory was developed for
a reaction where products are formed from an activated complex (a highest-energy state or
transition state). Although this theory was developed for chemical reactions (33), it has also
been applied to desorption processes (34, 35). The transition state theory was applied to
indicate possible similarities or differences between the two kinetically different processes.
Application of the transition state theory to desorption processes is allowed when the
following assumptions are met: sorption takes place at a surface, takes place in one step, and
is reversible. 
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Furthermore it is assumed that s0 (a transmission coefficient) in the equation below is
approximately equal to 1 (34). This means that the probability that a molecule approaching
a sorption site will be sorbed (this is expressed in s0 ) is approximately 1. This is the case in
situations where not all sites are filled. This seems to be a likely assumption in the case of field
sediments where relatively low concentrations of pollutants are present.
With the above assumptions, the free energy of activation (∆G#

des in kJ.mol-1) can be
calculated from the rate constants at 20°C from:

in which k = desorption rate constant expressed in s-1 , s0 = transmission coefficient (assumed
to be 1), k = Boltzmann constant (1.38x10-23 J. K-1 ) and h = Planck constant (6.63x10-34J.s).
From Ea, ∆H#

des (in kJ.mol-1) can be calculated using: ∆H#
des = Ea-RT. From ∆H#

des and ∆G#
des

the activation entropy ∆S#
des (J.mol-1.K-1) can be calculated using ∆G#

des = ∆H#
des-T∆S#

des.
From the earlier reported desorption rate constants for very slow desorption at 20°C (13) the
free energy of activation (∆G#

des) and the entropy of activation (∆S#
des) were calculated for

all the compounds studied. This was also done for the data set published by Cornelissen 
et al. (12) using the rate constants for slow desorption at 20°C. For both data sets similar
values for ∆G#

des were obtained, but the values for ∆S#
des differed (‘very slow’ desorption:

average = -260 ± 30 J/mol.K, range -208 to -302; ‘slow’ desorption: average = -138 ± 14
J/mol.K, range -118 to -154). 
The negative value for ∆S#

des on going to the transition state points to a loss of entropy
during the desorption process, with a higher entropy loss for very slow desorption compared
to slow desorption. Since both slow and very slow desorption processes proceed towards the
same state (that of freely dissolved molecules in water), the difference in values of ∆S#

des for
slow and very slow desorption points to less freedom of movement for molecules sorbed at
slow sites in comparison to those sorbed at very slow sites. 
The differences between the activation energy and entropy of ‘very slow’ desorption kinetics
presented here, and the activation energy and entropy for ‘slow’ desorption kinetics as
reported by Cornelissen (12) and calculated from their data, point to two different sorption
processes taking place. More knowledge of the desorption process at ‘slow’ and ‘very slow’
desorbing sites is needed to understand the observed differences, but the presented results
lend further support to the interpretation of resistant sorption with two different fractions:
sorption at ‘slow’ and ‘very slow’ sites. The present study shows that a distinction between
the relevant processes (‘fast’, ‘slow’, ‘very slow’) is important for the interpretation of
desorption from both field contaminated and laboratory spiked sediments. 
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INFLUENCE OF DESORPTION AND CONTACT TIME ON SEDIMENT-WATER

DISTRIBUTION OF SPIKED POLYCHLORINATED BIPHENYLS AND

POLYCYCLIC AROMATIC HYDROCARBONS,

RELATION WITH IN-SITU DISTRIBUTION

ABSTRACT

The long-term sediment-water distribution of polychlorinated biphenyls (PCBs) and
polycyclic aromatic hydrocarbons (PAHs), spiked to lake Ketelmeer sediment, was studied
using a gas-purge technique. Contact times varied from 2 d to 1461 d for the PCBs, and from
5 d to 100 d for the PAHs. Purge induced desorption experiments lasted 300 to >4000 h. The
initial distribution coefficients that were observed during the first part of the experiment were
close to literature values for distribution after short contact times. The distribution
coefficients increased during the purge-induced desorption experiments. The final
distribution coefficients that were observed during the last part of the experiment were one
to two orders of magnitude higher than the initial values and were close to distribution
coefficients reported earlier for in-situ PCBs and PAHs, present in a field-contaminated
sediment for years to decades. The change in distribution coefficients during a gas-purge
experiment may resemble the long term change in a field sediment. Final distribution
coefficients seem to be a more relevant measure for the distribution coefficients of
hydrophobic organic chemicals in aged field sediments than values obtained after short
contact times.

Keywords: Sequestration, Sediment-water distribution, Polychlorinated biphenyls, Polycyclic
aromatic hydrocarbons, Contact time

INTRODUCTION

Sequestration of hydrophobic chemicals in sediments (also referred to as aging) is recognized
as an important factor that determines the fate of chemicals in older layers of sediments. This

137

Influence of desorption and contact time on sediment-water distribution



is thought to influence the distribution of chemicals between "fast" and "slowly" accessible
sites within the sediment, resulting in decreased rates of desorption or degradation and a
reduced bioavailability (1-6). 
For environmental fate estimations of organic chemicals, equilibrium partitioning between
water and sediment is often assumed. Equilibrium partitioning is determined in (usually short
term) laboratory experiments as the sediment-water partitioning coefficient, expressed as log
KOC (the organic carbon normalized partition coefficient in L/kg organic carbon). Log KOC
correlates with the octanol-water partition coefficient log KOW for a broad range of
compounds. Roughly log KOC is about equal to log KOW (7-9),
In the literature, partitioning studies using aged field sediments and studies with spiked
sediments have been reported, but some differences between spiked sediments and field
sediments have not yet been clarified. One aspect is the observation of very high field-
distribution coefficients (up to three orders of magnitude different from equilibrium
partitioning) between old sediment layers and pore water. This was observed for PCBs (9),
PAHs (10-11), and also for chlorobenzenes (12-13). These observations have been related to
a decrease in fast desorbing fractions with prolonged contact time. Some influence of
sequestration on distribution coefficients is also observed in spiked sediments but in most
cases this is much less extreme than in field observations (2). 
One possible explanation of the differences between field contaminated sediments and
spiked sediments may be that the time needed to reach the distribution observed in field
sediments or soils is extremely long (years to decades), while in lab experiments the contact
times are much shorter (a maximum of months). In the present study, extremely long contact
times after spiking were realized (up to 1461 d) to compare the distribution coefficients for
spiked sediments with those for aged field sediments. To our knowledge, such a comparison
with field sediments has not been made before.

EXPERIMENTAL METHODS AND DATA HANDLING

Chemicals

The compounds studied were: fluorene (FLUE); phenanthrene (PHEN); fluoranthene (FLUO);
and pyrene (PYR) for contact times up to 100 days, and 2,2',4,4',5-pentachlorobiphenyl
(PCB-118), 2,2',3,4,4',5-hexachlorobiphenyl (PCB-138), 2,2',4,4',5,5'-hexachlorobiphenyl
(PCB-153) and 2,2',3,4,4',5,5'-heptachlorobiphenyl (PCB-180) for contact times up to 1461
days. We used methanol from Baker (Deventer, the Netherlands); acetone, petroleum-ether,
hexane, PCB-28 and PCB-180 from Promochem (Wesel, Germany); Tenax-TA, 60-80 mesh
from Chrompack (Bergen op Zoom, the Netherlands), PCB-118 and PCB-153 from C.N.
Schmidt (Wesel, Germany), FLUE, FLUO and PHEN from Boom (Meppel, the Netherlands).
All chemicals were of the highest available quality and used without further purification.
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Sediment

For both studies, homogenized subsamples from the 30-60 cm section of a sediment core that
was sampled in lake Ketelmeer were used. The sediment core was sampled with an open
auger (0.15 m in diameter and with an average length of approximately 1 m). The organic
carbon (OC) content was determined several times during the experiments. At the start of the
spiking experiments (shortly after sampling), OC was 7.0% (n=1). OC contents before and
after purging at 620 d contact time did not differ significantly (t-test at 95% confidence llevel):
OC was 7.3 ± 0.6% (n=3) before purging and 6.6 ± 1.0% (n=4) after purging. The OC
content was determined again 1461 d after sampling: OC was 7.01 ± 0.071% (n=7). 

Spiking of sediment suspensions

The PAHs and PCBs were added to separate sediment suspensions. Each PAH was dissolved
in methanol and added to the sediment suspension separately in small amounts with a
syringe, well below the water surface. A total amount of 860 µl (PAHs) or 350 µl (PCBs) of
methanol was added in 50 and 70-µl steps to the 1-L suspensions. The concentrations in the
methanol solutions ranged from 15-30 mg/L for the PCBs and from 150-680 mg/L for the
PAHs. Spiked amounts were approximately 10 times the background concentration. These
background concentrations ranged from 0.02-0.06 µg/g dw for the studied PCBs and from
1-5 µg/g dw for the studied PAHs. The final concentrations ranged from 10 to 60 µg/g dry
weight for the PAHs and from 0.7 to 1.0 µg/g dry weight for the PCBs. The amounts that
were added to the sediment suspension were below reported water solubilities.
Recoveries of the spiked PAHs were determined in eightfold and were 80 ± 22% after a
contact time of 5 days, 85 ± 7% after 32 days, and 83 ± 16% after 100 days. Recoveries of
the spiked PCBs were determined in sixfold and were 110 ± 18% after 4 days ; 65 ± 20%
after 620 d. and 74 ± 28% after 1461 days. Losses due to sorption to the glass walls and stirring
bar were determined to be less than 7%. Although the recoveries varied between experiments,
no trend with contact time was observed. This was also the case for the recoveries of the
individual compounds studied. Recoveries exceeding 100% were caused by the fact that these
were composed of the sum of several measurements in which uncertainties add up.

Sediment aging

Three sets of desorption experiments were carried out, i.e., one for PAHs with contact times
up to 100 days, a long-term experiment for PCBs with contact times up to 1461 d, and a
desorption experiment with field contaminated sediment. To prepare the sediment
suspension, water with a composition resembling that of fresh water was prepared as
described earlier (14). Duplicate sediment samples of 20 g wet weight (about 50% dry
weight) were suspended in a total volume of 1 L of artificial fresh water for each experiment.
Mercury(II)chloride (1 mL of a 5 g/L solution in water) was added to prevent microbial
degradation. All sediment suspensions were stirred for 23 h and stored at 20°C. During
storage, sediments were stirred for short time periods, to assure that equal stirring periods of
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a total of 24 h were employed for all contact times. For the 100-d contact time, desorption
experiments were started after 5, 32, and 100 d (PAHs). For the 1461-d contact time,
desorption experiments were started after 2 or 4 d, 620 d, and 1461 d. 

Desorption experiments

The thermostated purge and Tenax trap system has been described elsewhere (15). In short,
the system consists of a 1-L flask containing the sediment suspension that is purged
continuously with nitrogen gas. The nitrogen gas was passed through a Tenax trap to clean
the gas before it was led through the sediment suspensions. The suspensions were
continuously stirred during the desorption experiments. Gas containing the compounds of
interest that have desorbed from the sediment passed through a Tenax trap, which adsorbs
these compounds efficiently. These traps were changed 16-18 times during the experiment
with PAHs (contact time up to 100 d, total purging time 312-508 h), and 13-22 times during
the experiment with PCBs (contact time up to 1461 d, total purging time 336-4064 h). The
mass of compounds present on the Tenax traps was determined by extraction with hexane.
The mass balances for the purge experiments were calculated from the total mass in the
suspension measured at the beginning of the experiment and the total mass at the end of an
experiment plus the total mass eluted from the Tenax traps (the sum of 13-22
determinations). For the PAHs, the mass balances of the purge experiments were 96 ± 6%
afer 5 days, 85 ± 7% after 32 days and 86 ± 7% after 100 days contact time. For PCBs, the
mass balances were 80 ± 5% after 2 or 4 d, 87 ± 13% after 620 d, and 87 ± 9% after 1461
d. The mass balances showed no trend with contact time, and this was also the case for the
mass balances for individual compounds.
The desorption experiments for the field contaminated sediments were performed as
described earlier (16) using a 10-g/L suspension and a flow of approximately 500 mL/min.
Experiments were carried out in fourfold. For each of these experiments the total purging
time was 800 h, and the Tenax traps were exchanged at regular time intervals, resulting in
five to nine data points per experiment.

Extraction, clean-up, and chemical analyses

For the sediment spiked with PCBs, the extraction was either with acetone and petroleum-
ether at 20°C (17) or with hexane refluxing (14). Both extraction procedures were compared
and gave identical results (relative extraction efficiency: 1.025 ± 0.04). The extraction and
clean-up (including recoveries) of the Tenax traps was described earlier (16). The extraction
efficiencies of PCBs and PAHs were determined in separate experiments and ranged from 
85 ± 3% to 101 ± 21%. The PCBs were analyzed with a Hewlett Packard (Amstelveen, the
Netherlands) 5890 GC-ECD as described previously (17). The procedure for PAH extraction,
clean-up and analyses was as described earlier (16). The PAHs were analyzed with a Hewlett-
Packard 1050 high-pressure/performance liquid chromatography system equipped with a
Vydac (Breda, the Netherlands) 201TP54 reverse phase C18 column connected to an HP
1046 variable fluorescence detector. 
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Data handling 

The use of gas purging to measure desorption of chemicals from either field-contaminated or
spiked sediments provides desorption rate constants for compounds that have high
volatilization rates (chlorobenzenes and some PCBs and PAHs). For these compounds
volatilization rates are much faster than desorption rates from the sediment. For compounds
with a relatively low volatilization rate (higher chlorinated PCBs and high molecular weight
PAHs) distribution coefficients can be obtained from these experiments (16). 
The distribution coefficients were calculated from the individual measurements at each time
interval. From the desorbed amounts of PAHs or PCBs, the concentration in water at each
measurement interval was calculated as:

(1)

in which CW = concentration in water (ng/L), Mtenax = mass of pollutant accumulated on
Tenax during the time interval studied (ng); Vgas = volume of gas purging the suspension
during the time interval studied (L); H’ = dimensionless Henry coefficient. 
The values for Henry coefficients were measured in our own laboratory, and published earlier
(15, 18). For each time interval, a distribution coefficient was calculated from the ratio of the
concentration in sediment (in ng/kg, corrected for the mass desorbed in the preceding time
intervals) and CW. The distribution coefficient was divided by the organic carbon content of
the sediment and expressed as L/kg oc. This calculation assumes a constant concentration in
water during each measurement interval, which will be discussed below. 

RESULTS

Distribution coefficients for field-contaminated sediments

One of the implicit assumptions when calculating distribution coefficients is a constant CW
during the measurement interval. For the experiments with field contaminated sediments, in
one case (PCB-153) the initial CW of 0.82 ng/L was about seven times higher than CW values
that were measured during the other eight measurement intervals in the same experiment
(0.12 ± 0.04 ng/L). The other three experiments resulted in very similar values for CW
measured at all time intervals: 0.12 ± 0.03 (n=9), 0.11 ± 0.04 (n=6), and 0.11 ± 0.03 (n=6)
respectively. Therefore, this single high initial value was excluded from the calculation of the
field distribution coefficients for PCB-153. 
The average distribution coefficients for the field-contaminated sediments are presented in
Table 1, together with earlier published values for this sediment (16). The field distribution
coefficients for PCB-138, PCB-153 and PCB-180 were determined in fourfold using three to
nine data points per experiment. For all compounds, very similar distribution coefficients
were obtained in the 4 experiments. A representative example is PCB-153, for which the
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average distribution coefficients in the four separate experiments were: 7.21 ± 0.41 (n=7),
7.35 ± 0.16 (n=9), 7.38 ± 0.17 (n=6), and 7.34 ± 0.20 (n=6). The field-distribution
coefficients are one to two orders of magnitude higher than literature values determined for
spiked sediments after short contact times (19).

Table 1. Initial and final log KOC values (duplicates) during purge-induced desorption experiments with

spiked sediments at three contact times and field log KOC values for the same sediment.

Initial log KOC Final log KOC Field
PAHsa 5 d 32 d 100 d 5 d 32 d 100 d log KOC

FLUE 3.93; 4.04 3.86; 3.92 5.82; 5.64 6.00; 6.06 5.74; 5.76 6.48; 6.45 6,52; 6.45b

PHEN 4.53; 4.54 4.68; 4.66 4.78; 4.77 5.93; 5.99 5.77; 5.75 6.30; 6.44 6.53; 6.65b

FLUO 5.2; 5.09 5.3; 5.26 5.5; 5.59 5.95; 5.80 NDc 6.74; 6.76 6.23; 6.44b

PYR 5.59; 5.69 5.51; 5.41 4.83; 5.08 NDc NDc 6.38; 6.28 6.61; 6.98b

Field
PCBsa 2 d / 4 d 620 d 1461 d 2 d / 4 d 620 d 1461 d log KOC

PCB-118 6.13; 6.07 6.15; 6.31 6.31; 6.84 6.82; 6.63 7.40; 7.32 7.54; 7.62 6.93; 6.79b

PCB-138 6.20; 6.30 6.17; 6.34 6.34; 6.30 7.32; 7.33 7.70; 7.39 NDc 8.07 ± 0.14
PCB-153 6.12; 6.16 6.30; 6.37 6.10; 6.17 6.51; 6.79 7.52; 7.27 7.60; 7.59 7.34 ± 0.03
PCB-180 6.39d 6.14; 6.24 5.98; 6.05 NDc 6.97; 6.83 7.02; 7.09 7.88 ± 0.16

a PAHs = polycyclic aromatic hydrocarbons; FLUE = fluorene; PHEN = phenanthrene; FLUO =
fluoranthene; PYR = pyrene; PCBs = polychlorinated biphenyls; PCB-118 = 2,3',4,4',5-
pentachlorobiphenyl; PCB-138 = 2,2',3,4,4',5'-hexachlorobiphenyl; PCB-153 = 2,2',4,4',5,5'-
hexachlorobiphenyl; PCB-180 = 2,2',3,4,4',5,5'-heptachlorobiphenyl;

b values from ten Hulscher et al. (16);
c values did not increase during the entire purge experiment, (ND  =  not detectable for this reason)
d single measurement.

Distribution coefficients for spiked sediments

For the spiked sediments, the assumption of a constant CW during the purge-experiments
was also checked. Examples of the change in CW with purge time are presented in Figures 1
and 2. For all compounds, decreasing concentrations were observed, even during the 4000-h
purge experiments. In Table 1, the calculated values for the initial distribution coefficient, log
KOC(initial), and the distribution coefficient for the last part of the purge experiment, log KOC
(final), are presented for the PCBs and PAHs studied. From this table, it is clear that the final
log KOC value is more than one  order of magnitude higher than the initial log KOC value for
most studied compounds. The effect of contact time after spiking is much less pronounced.
For added compounds, the initial distribution coefficients did not increase largely with
contact time. For PHEN, FLUO and PCB-118, the initial log KOC values increased
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by a factor of two to three. Only for FLUE was an increase by a factor of 60 observed. For PYR,
PCB-138, PCB-153, and PCB-180 the initial log KOC remained more or less constant.
The average values for log KOC (initial) are in close agreement with literature values for
spiked sediments or soils where relatively short contact times were used (see Table 2). The
final distribution coefficients reported in Table 1 are close to distribution coefficients for in-
situ compounds in lake Ketelmeer sediments that were measured with the same technique.
A similar increase in distribution coefficients with prolonged desorption was observed by Kan
et al.(20) for several CBs, PCBs and PAHs. 

Table 2. Average initial and final log KOC values compared with literature values.

Compounda Initial log KOC
b Literature log KOC Final log KOC

b Literature log KOC

for short contact for Ketelmeer

times sediment and sootc

FLUE 3.93 ± 0.08 4.11 (27) 6.19 ± 0.10 6.03c (24)
PHEN 4.66 ± 0.11 4.22 (28) 5.90 ± 0.17 5.58 ± 0.43 (22)

4.50 ± 0.12 (7) 6.24; 6.62c (24)
6.24 ± 0.02c (25)

FLUO 5.21 ± 0.09 5.56 (27) 6.6 ± 0.5 5.88 ± 0.43 (22)
4.89 (28) 6.96 ± 0.03c (25)

PYR 5.35 ± 0.33 5.76 (27) 6.33 ± 0.07 5.95 ± 0.26 (22)
5.22 ± 0.14 (7) 6.79 ± 0.02c (25)

PCB-118 6.16 ± 0.10 5.99 ± 0.16 (19) 7.2 ± 0.4 7.08 ± 0.57 (22)
PCB-138 6.27 ± 0.07 6.20 ± 0.21 (19) 7.44 ± 0.18 7.33 ± 0.25 (22)
PCB-153 6.20 ± 0.11 6.19 ± 0.24 (19) 7.2 ± 0.5 7.32 ± 0.28 (22)
PCB-180 6.31 ± 0.16 6.37 ± 0.36 (19) 6.98 ± 0.11 7.84 ± 0.29 (22)

a PAHs = polycyclic aromatic hydrocarbons; FLUE = fluorene; PHEN = phenanthrene; FLUO =
fluoranthene; PYR = pyreen; PCBs = polychlorinated biphenyls; PCB-118 = 2,3',4,4',5-
pentachlorobiphenyl; PCB-138 = 2,2',3,4,4',5'-hexachlorobiphenyl; PCB-153 = 2,2',4,4',5,5'-
hexachlorobiphenyl; PCB-180 = 2,2',3,4,4',5,5'-heptachlorobiphenyl;

b average for all individual measurements at all contact times when no increase of initial log KOC was
observed, FLUE and PCB-118: data from the first 2 contact times;

c Partition coefficients for soot, all other values for lake Ketelmeer sediment.
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Discussion 

For the spiked sediments, the distribution coefficients increased with prolonged purge time,
approaching a plateau value, as is illustrated by Figure 3. This can be explained as follows:
during the purge experiments, the fast desorbing fraction decreases, resulting in a decrease
in CW. The plateau value for the distribution coefficient may describe a situation in which the
distribution over fast, slowly, and very slowly desorbing fractions has come to equilibrium. 

The differences between initial and final distribution coefficients are further illustrated by the
relationship of log KOC values with log KOW. In Figure 4, both correlations are presented. The
distribution coefficients at the start of the purge experiments (log KOC(initial)) show a good
correlation with log KOW for all eight chemicals studied. The coefficients describing this
relationship (slope = 1.01 ± 0.02 and intercept not significantly different from 0, r2 = 0.916)
are in agreement with earlier observations of log KOC roughly being equal to log KOW (7-9).
However, these results are somewhat different from the results obtained by Xia and Ball (21)
for the partitioning process of PAHs (slope = 1.27, intercept = -0.87, r2 = 0.99). Xia and Ball
found different relationships for PAHs and chlorobenzenes. When only our data for PAHs
were used, the relationship became almost identical to the one described by Xia and Ball (21)
with a slope of 1.24 ± 0.18 and an intercept of –0.87 ± 0.6, (r2 = 0.96, n=4)
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The final distribution coefficients that were observed after several 100s hours of purging
were also correlated with log KOW. The coefficients describing this relationship are: slope =
0.61 ± 0.14, intercept = 3.4 ± 0.7, r2 = 0.77, n=8. An almost identical correlation with log
KOW was obtained for the distribution coefficients of in-situ contaminants (the same 4 PAHs
and 4 PCBs): slope = 0.65 ± 0.11, intercept = 3.4 ± 0.6, r2 = 0.70. In Figure 4, both sets are
combined into one relation. In our case the results for PAHs and PCBs (one planar and three
nonplanar) were described with the same relationship. This is in contrast with the differences
between chlorinated aromatics and PAHs that were observed by others (21, 22). This could
be because only a limited dataset was used in our case (four PAHs and four PCBs, of which
three where nonplanar).
The observed differences between initial and final distribution coefficients indicate that the
studied distribution using spiked contaminants in sediments was the result of at least two
different types of interactions. One interaction can be described as a partitioning mechanism.
The second interaction is identical to the one that dominates in sediments where compounds
have been present for a period of years to decades, and which is attributed to soot sorption
(9-11, 23-25). 
Our observations are in line with previously described sorption mechanisms (2, 9-11, 21, 23-24,
26). These authors describe a process consisting of both a partitioning process and a more
specific interaction with high-energy sorption sites such as condensed organic material, or
high surface-area carbonaceous material. Our results indicate that the distribution
coefficients increase with increasing purge times to reach a plateau value in long-term purge-
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induced desorption experiments. This plateau value is similar to what was observed for in-situ
contaminants for all chemicals studied.
The observed values for the final log KOC are similar to reported sorption coefficients of PAHs
and PCBs for soot carbon (see Table 2). However, soot carbon comprises not more than 10%
of the organic carbon present in freshwater sediment from lake Ketelmeer (22). So, either the
soot in this sediment has a higher adsorption capacity or sorption also takes place at other
types of organic material in the sediment.
Interactions with the more hydrophobic parts of the organic carbon matrix have been shown
to result in higher distribution coefficients for phenanthrene by Johnson et al. (26). In fact
they found that distribution coefficients (their log KOC values for the lower water
concentration) for sorption of phenanthrene in unaltered peat were on average 4.47. The log
KOC increased to a value of 5.82 on average for peat that was treated with subcritical water
to artificially age the organic matter in the peat. These values are very comparable to the
distribution coefficients we found during purging (an increase from 4.66 to 5.90). The
explanation given by Johnson et al. (26) was that the sorption properties of their sediment
was influenced by changes in the organic matter, giving it more coal-like properties. This
interpretation of high distribution coefficients in field contaminated sediments seems to be
relevant both for PCBs and PAHs, which is in contrast with differences in field-distribution
coefficients for PAHs and PCBs found by McGroddy (10-11), but in agreement with findings
by Jonker and Smedes (22).
The present study shows that the final values for log KOC from a purge induced desorption
experiment (after several 100s h of purging) are identical to the values found for in-situ PAHs
and PCBs. Therefore final values for log KOC may be an indication for the distribution of PCBs
and PAHs between sediment and water after contact times of years to decades in the field.
These values are one to three orders of magnitude higher than published distribution or
partition coefficients that were usually obtained after relatively short contact times. These
high distribution coefficients are probably more representative for availability of compounds
for transport (i.e. to groundwater) or uptake by organisms in a field situation. 
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INFLUENCE OF LONG CONTACT TIMES AND GAS PURGING 

ON SEDIMENT SORPTION KINETICS OF SPIKED HEXACHLOROBENZENE 

AND THREE POLYCHLORINATED BIPHENYLS

ABSTRACT

The desorption kinetics of hexachlorobenzene (HCB) and 2,4,4’-trichlororbiphenyl (PCB-28)
spiked to a field sediment were studied using a gas-purge technique. A contact time of up to
1461 days was used to asses long term changes in desorption kinetics. Purge induced
desorption experiments lasted from 300 h to over 4000 h. Fast, slow and very slow desorbing
fractions could be distinguished. The desorption patterns changed with contact time from
mainly fast and slow desorbing fractions towards the domination of slow and very slow
desorbing fractions. The desorption pattern for HCB after a contact time of 1461 days
became comparable to earlier reported desorption patterns observed for in-situ
contaminants.
An additional spike of HCB, PCB-28, 2,4,6-trichlorobiphenyl (PCB-30), and 2,2’,4,5’-
tetrachlorobiphenyl (PCB-49), applied to the sediment purged for over 4000 hours, showed
that very slow sites were accessible for these compounds within a few hours. Only very small
fast desorbing fractions could be detected after a contact time of only 48 hours. These results
indicate that domination of very slow desorption is not only caused by long contact times,
but may also be caused by the accessibility of specific sites within the sediment matrix. 

Key words: desorption kinetics; PCBs; HCB; contact time; site-sorption

INTRODUCTION

The desorption kinetics of spiked organic compounds in sediments have been studied
extensively by various research groups. Most researchers agree on the fact that desorption of
compounds that have been in contact with sediments or soils for some time does not proceed
in a single kinetic step (1-4). Part of the sorbed chemical may become sequestered within the
sediment matrix with prolonged contact time, resulting in slow release. This slow release may
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limit extractability, biodegradation, bioremediation, and uptake by organisms (5, 6). The
governing mechanisms for this process have received a lot of attention in recent literature 
(1, 2, 6-8). In several publications it was proposed that rate-limited sorption is caused by the
more favorable interactions of compounds with condensed regions or soot-like structures
within the organic carbon matrix (4, 9-11). These regions may be present at remote areas
within the organic carbon matrix, making slow diffusion to these regions also an important
factor in long contact time studies. 
Several studies have described the long-term release of in-situ contaminants from sediment.
Both Cornelissen (6) , ten Hulscher et al. (12), and Kan et al. (13) reported that 2 kinetically
different fractions could be observed when extending desorption periods for over several 100
hours. Those two fractions were termed slow and very slow desorbing fractions (6, 12). The
very slow desorbing fraction has been shown to dominate the desorption pattern of in-situ
contaminants in lake Ketelmeer sediment: for some compounds over 90% desorbed very
slowly (12). Such a very slow desorption step for contaminants present in field material has
also been observed by others (13-19). In all cases the fact that contact times of years existed
for the studied material has been brought forward as an explanation for the observed slow
and very slow desorption from field contaminated sediments. 
In the present study, lake Ketelmeer sediment (the Netherlands) was spiked with HCB and
PCB-28 to study the influence of long contact times on desorption kinetics. The aim of this study
was to assess whether observed desorption patterns became comparable to what was already
observed for in-situ contaminants in sediment from the same sampling location when realizing
extremely long contact times of 1461 days (4 years). For the longest contact time, the desorption
experiments lasted for more than 4000 hours. These experiments were performed to establish
whether the slow desorption rate constant of the studied compounds had fixed values.
Accessibility of very slow sites after purging was tested by re-spiking the sediment with HCB,
PCB-28, PCB-30, and PCB-49, and subsequent determination of the desorption kinetics.

EXPERIMENTAL METHODS AND DATA HANDLING

Materials

For the desorption studies, the 30-60 cm section of a sediment core taken from lake
Ketelmeer (the Netherlands) was used. The sediment core was sampled with an open auger
(0.15 m in diameter and with an average length of ~1 m). After sampling, the sediment was
stored under water at  ± 5°C. The organic carbon (OC) content was 7.0%. The OC content
did not change during the long contact times employed. The compounds used were HCB,
PCB-28, PCB-30, and PCB-49, all from Boom (Meppel, the Netherlands). We used methanol
from Baker (Deventer, the Netherlands), n-hexane from Promochem (Wesel, Germany), and
Tenax-TA, 60-80 mesh from Chrompack (Bergen op Zoom, the Netherlands). All chemicals
were of the highest available quality and used without further purification. Tenax-TA was
washed with n-hexane before use. 
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Spiking of sediment suspensions 

HCB and PCB-28 were added to the sediment in methanol as a carrier. An amount of 70 µL
of methanol was added to the 1L suspensions. The spiked amount of HCB resulted in a
concentration of 860 µg/kg dw in the sediment suspensions. The PCB-28 concentration after
spiking was 300 µg/kg dw, which is around 10 times the background concentration for both
compounds. 
After termination of the 4000 h purge experiment for the longest contact time (see below)
an additional amount of HCB, PCB-28, PCB-30 and PCB-49 was added to the suspension. All
compounds were added to the sediment in methanol as a carrier, in the same manner as
described above. For HCB and PCB-28 the same amounts as in the first experiment were
spiked. For PCB-30 and PCB-49 spiking resulted in a concentration of around 480-500 µg/kg
dw. Background concentrations of PCB-30 and PCB-49 were below detection limits in the
sediment of lake Ketelmeer. 

Desorption experiments, extraction, clean-up, and chemical analyses

The gas-purge desorption experiments were performed as described earlier (20). In short:
duplicate sediment samples of 25 g wet weight (about 40% dry weight) were suspended in
two flasks, each containing a total volume of ~1 L of water with a composition resembling
that of fresh water for each experiment. The gas-purge desorption experiments were carried
out after several contact times. Average purge rates were 850 and 900 mL/min, and were
checked regularly (109 times during the entire experiment). The experiments lasted between
300 and 500 h, and traps were exchanged 13-20 times. For the longest contact time
experiment, the gas-purge lasted ~4000 hours, and Tenax traps were exchanged 20 times.
This was done to determine the constancy of the rate constant for very slow desorption. 
The procedures used for the extraction, clean-up, and chemical analyses were described
elsewhere (21). In short, sediments were extracted with acetone and petroleum-ether at
20°C (for the 2 and 180 days contact times) and with n-hexane refluxing (for the 620 and
1461 d contact times). Both extraction procedures gave identical results (relative extraction
efficiency: 1.025 ± 0.04). The efficiency of the sediment extraction was tested in a separate
experiment (compounds spiked in acetone) and was 101 ± 10% (n=6). The extraction
efficiencies of the Tenax traps for HCB and PCBs were determined to be 95 ± 15%.

Mass balances and recoveries

Several control measurements were performed. First the recovery of the spike of both
compounds was determined at each contact time experiment to determine whether losses
had occurred during storage. The measured recoveries of spiked HCB for all contact times
were on average 80 ± 5%, no decrease with contact time was observed. For PCB-28 the
recovery after 180 days contact time was 96 ± 6%, but after 620 days considerable losses
had occurred. Only 30% of the spiked amount could be recovered by extraction. Therefore
for PCB-28 only the results for the contact times up to 180 days are shown. The recoveries
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of the re-spike of HCB and 3 PCBs were on average 79 ± 4% (n=8). For each purge
experiment, mass balances were calculated using eq. 1:

(1)

In which Mend is the mass measured in the suspension after termination of the desorption
experiment, ∑Mtenax is the summed mass measured on the Tenax columns at each
measurement interval, and Mstart is the mass measured at the start of the experiment (all in
µg). The mass balances for the desorption experiments to determine the influence of long
contact times were on average 90 ± 17%. The mass balance of the purge experiments after
re-spiking (HCB and 3 PCBs) was 99 ± 8% (n=8). For the calculation of rate constants and
fast, slowly, and very slowly desorbing fractions the total amount desorbed plus the amount
remaining in the suspension was used.

Data interpretation

The use of gas purging to measure the desorption of chemicals form either field
contaminated or spiked sediments provides kinetic information for compounds that have
high volatilization rates (such as chlorobenzenes and lower chlorinated PCBs). The desorption
kinetics of organic compounds from sediment has been shown to consist of fast, slow and
also very slow fractions. This can be modeled with a three compartment model 

(2)

In some cases only slow and very slow desorption was observed (F1 = 0), in these cases
equation 1 reduces to a two-compartment model:

(3)

in both equations Mt and M0 are the mass of compound present in the sediment suspension
at time t and at the start of the experiment, respectively; F1, F2 and F3 are the fast, slow, and
very slow desorbing mass fractions; k1, k2, and k3 (h-1) are the rate constants for fast, slow,
and very slow desorption.
The logarithmic forms of equations 1 or 2 were used for determination of the relevant
parameters by exponential curve fitting and minimizing the squares of the differences
between measured and calculated values using the Microsoft Excel Solver (22).
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RESULTS

Influence of long contact times

All desorption curves were modeled with the two- or three-compartment model described
above. The use of a three-compartment model was tested to be significantly better than a
two-compartment model for most of the contact times studied (F test on least squares of eqs
1 and 2, α=0.05). Examples of measured desorption curves are shown in Figure 1. 
For the extended contact times, the fast fractions had become very low. In these cases the
two-compartment model was used to determine slow and very slow fractions and rate
constants. The fast fraction was determined from the mass that had desorbed during the first
8 hours of purging. This is a good indication of the mass present in the fast fraction (12). In
one of the experiments, the desorption time was extended to over 4000 hours. This was
done to assess whether the very slow desorption rate constant would change with extended
desorption times. Although the use of two- or three-compartment models has been
questioned (23), our findings show that the very slow desorption rate constant is indeed
constant for these desorption times. For the time interval between 1000 and 4000 h of
purging, the decrease of ln (Mt/M0) is linear with time (r2 of the linear regressions are 0.98
and 0.96 for the duplicate experiments).
The rate constants and fractions obtained from modeling the desorption curves with
equations 1 or 2 are presented in Table 1. The rate constants for fast, slow and very slow
desorption do not show much variation between contact times and compounds. The rate
constants in Table 1 are comparable to our earlier findings for in-situ contaminants in the
same sediment (12). The rate constants for slow and very slow desorption are in the same
order of magnitude as those found for Tenax extraction of different sediments (6, 13, 19, 24).
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Figure 1. Desorption curves for HCB after contact times between 2 and 1461 days. Panel A shows

the 400 hour desorption curves for all contact times; panel B shows the extended

desorption curves for the 620 and 1461 d contact time, Mt/M0 = mass fraction remaining.
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Respike after purging

After termination of the gas-purging for the 1461 d contact time experiment that lasted for
~4000 h, the purged sediments were re-spiked with a mix of HCB and 3 PCBs. Two of these
PCBs could not be detected in the in-situ sediment. After a contact time of 2 days these
sediments were purged again to determine desorption rate constants and fractions.
The desorption curves for the re-spiked sediment are shown in Figure 2. The values for the
rate constants and fractions derived from these curves are in Table 2. For all compounds only
very small fast desorbing fractions were observed. Because of the extremely low fast fractions
the three-phase model was not significantly better than the two-phase model. Only the
slowly and very slowly desorbing fractions could be fitted with the model. The fast fraction
was taken to be the amount that desorbed after 8 hours of purging (see above). 

When comparing the results of the re-spike to the HCB-desorption curve after 2 d contact time
at the start of our experiments (see Figure 1 and Table 1), the difference is very pronounced.
The rate constants for desorption of the re-spiked contaminants are comparable to those
found in the long contact time experiment, but the fractions are very different: fast and slow
fractions only accounted for 3.7% of the mass present in the sediment after re-spike, while
these fractions accounted for 76.4% of the mass present after the first spike. 
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Table 2. Rate constants (in h-1) and fractions for desorption of hexachlorobenzene and 3

polychlorinated biphenyls in a re-spike experiment after 4000 h of purging (duplicates).

HCB PCB-28 PCB-30 PCB-49

Ffast
a 0.003 ± 0.0007 0.00180 ± 0.0009 0.0029 ± 0.0001 0.001255 ± 0.00007

Fslow 0.034 ± 0.014 0.0038 ± 0.0001 0.03 ± 0.01 0.005 ± 0.002
Fvslow 0.966 ± 0.014 0.996 ± 0.0001 0.97 ± 0.01 0.995 ± 0.002
kslow 0.009 ± 0.005 0.0433 ± 0.002 0.010 ± 0.005 0.028 ± 0.015
kvslow x104 1.1 ± 0.16 2.0 ± 0.1 1.1 ± 0.14 3.7 ± 1.4

a defined as the mass fraction that desorbed during the first 8 hours of gas purging.

DISCUSSION

Influence of long contact times

The decrease in fast fraction with prolonged contact time was described in a manner
analogous to the one used for desorption curves. We plotted ln(fast fraction) against time
(Figure 3). The decrease in fast fraction plotted this way, showed a linear relationship with
contact time. The slope of this line represents a first order rate constant for the
‘disappearance’ of compounds from the fast fraction. The value of this rate constant (k =
0.75x10-4 h-1, half-life of ~ 288 days) closely resembles the values for the very slow
desorption rate constants for this compound (0.5-1.2x10-4 h-1, see Table 1). The value is
within the range of half-lives for apparent loss of PAHs by sequestration that were reported
by Northcott and Jones (25).
One explanation of our findings could be that sorbed compounds at fast sites migrate to very
slow, condensed sites. The fact that the rate constants for both processes are very similar
suggests that this is a reversible process, and could be an indication for diffusion of
compounds to and from remote sites. 
However, other explanations are also feasible. Besides diffusion, the decrease in fast fraction
could also be determined by the accessibility of remote sites. When these sites are occupied
by competing compounds, the rate of release of competing compounds from these sites may
be the rate limiting step. In that case the very slow desorption step of competing compounds
determines the rate of decrease of the fast fraction. Earlier we have observed that very slow
desorption rate constants are relatively constant for a range of compounds (12, 19).
Therefore the very slow desorption rate constant of competing compounds is expected to be
comparable to the very slow desorption rates we measured in the purge induced desorption
experiments, as was concluded from our interpretation. Further evidence for this
interpretation was obtained from the results of our respike experiment which is discussed
below.
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Contact time versus accessibility of sites

The results of our re-spike experiment have shown that not only long contact times lead to a
large fraction of the compounds present that desorbs very slowly, but that contact times of
only 2 days also resulted in mainly very slowly desorbing fractions. This observation may be
explained by an enhanced accessibility of these "very slow sites". 
The sediment used for the re-spike was first used in a 4000 h purge experiment. This may
have caused several changes in the sediment. We have measured both organic carbon
content and grain size distribution before and after purging in a separate experiment, and
could not detect differences.
A possible explanation of our results could be that these sites were occupied by competing
molecules that desorbed from those sites during the extended purge experiments. The
presence of competing compounds has been shown to influence non-linear sorption (26-30).
The amount of compounds that can be sorbed by these sites has been shown to be limited
(6, 31, 32).
When natural occurring compounds already occupied a substantial fraction of the sites, the
spiking of the sediment could have resulted in only a small fraction of the spike being sorbed
by these ‘very slow’ sites. Extending the contact time could have resulted in a competition
between spiked compounds, and native compounds, resulting in higher fractions that were
sorbed at ‘very slow’ sites with extended contact time. The competing compounds could
have been desorbed from the ‘very slow’ sites and purged from the suspension during the 
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4000 h experiment. Re-spiking the sediment after termination of the purge experiment
would then show much higher fractions being sorbed at ‘very slow’ sites. 
Another possible explanation may be that purging has altered the structure and properties of
the organic carbon, resulting in an increase of the number of ‘very slow’ sorption sites in the
organic carbon. But, since sorption in the ‘very slow’ desorbing domain is proposed to be
related to black carbon types of material (3, 33, 34), formation of this type of sites by
prolonged purging seems to be unlikely.
The interpretation of our results as a competition effect between spiked compounds and
native compounds is supported by the results of several research groups. Cornelissen (6)
showed that the presence of various other compounds in sediment (such as oil,
chlorobenzenes, PAHs) inhibited the formation of slowly desorbing amounts of lab-added
compounds. Kohl and Rice (27) have found that the removal of lipids increased the extent of
non-linear sorption. Xing and Pignatello (28) also found evidence of competition between
naturally occurring aromatic acids, and spiked chlorobenzene or chlorophenol. Van den
Heuvel and van Noort (32) removed indigenous compounds (in this case other PAHs) from
sediment to determine maximum capacities for adsorption of phenanthrene. They found
increasing capacities for sorption at very slow sites when using more rigorous methods to
remove competing compounds. In all these cases sorption was suppressed or sites were
assumed to be blocked by the presence of competing compounds. Weber et al. (30) also
showed partial displacement of sorbed phenanthrene to the solution phase after addition of
high concentrations of competing compounds. Also, Kukkonen et al. (24) found a positive
correlation between the size of the rapidly and slowly desorbing fraction and the presence of
pigments and lipids in the sediment. This can also be interpreted as a competition effect.
Further support for this interpretation is found in a recent study where maximum capacities
for adsorption of phenanthrene were determined for 18 soils and sediments, including lake
Ketelmeer (35). These maximum capacities were 2170 µg/g OC (= 12.2 µmol/g OC) for the
slowly desorbing domain, and 1060 µg/g OC (= 5.9 µmol/g OC) for the very slowly
desorbing domain. Although maximum capacities were only measured for phenanthrene,
this does give an indication of the maximum capacities for other compounds because very
slow desorption is occurring for a range of compounds, including phenanthrene. Our
additional spike resulted in a total concentration of 0.28 µmol/g OC, which is well below the
maximum capacity of both the slow and very slow desorbing domain.
Further support for this interpretation is also found in our observations of increasing
distribution coefficients with prolonged purging (21). Observed distribution coefficients at
the end of a purging experiment were similar to reported sorption coefficients for soot
carbon. These values had increased with a factor of 10-100 during the purge experiment.
The stripping of native, competing compounds during the 4000 hours of purging could very
well have caused this.
From the results presented here, we conclude that not only long contact times, but also the
accessibility of sites may be an important factor that determines both rate and extent of
sorption at ‘very slow’ sites.
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"Hebt u wel eens van ionen gehoord? En van
fotonen? De laatste gaan vlugger dan de tijd. 

Maar ik; ik heb minionen ontdekt,
die teruggaan in de tijd."

Marten Toonder
"Een ragfijn spel"  
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GENERAL DISCUSSION AND CONCLUSIONS

Aim of the study and research objectives

In this thesis the sorption of hydrophobic contaminants in field contaminated sediment from
lake Ketelmeer has been studied. The research has focussed on determining what differences
exist between field-contaminated sediment, and lab-contaminated sediment in terms of
sorption kinetics and distribution of contaminants. Especially the relevance of long contact
times has been the focus of more detailed study. The research objectives were:

• The development and optimisation of the gas-purge technique for sorption studies.
• Determining sediment-water partitioning and sorption kinetics of in-situ organic

contaminants, and its relation to compound properties.
• Determining the influence of environmental variables such as temperature and contact

time that influence this process in the field.
• To find explanations for the observed large differences between lab and field distribution

coefficients and sorption kinetics.
• To determine in what way laboratory systems can be used to mimic sorption processes of

in-situ contaminants.
These five research objectives will be addressed in separate paragraphs and sub-paragraphs
in the following discussion, followed by relevant conclusions from all studies, and the
implications of these findings for the assessment of risks of contaminated sediments.

Measuring desorption kinetics and partitioning with a gas-purge technique

The measurement of both desorption kinetics and partitioning of hydrophobic contaminants
in field sediments has been performed using different methods. Methods in use are: column
studies in which break-through curves are measured and related to sorption parameters, and
desorption studies in suspensions. The advantage of using column studies is that the
parameters obtained are valid for field situations where pollutants may be transported to
groundwater systems. The disadvantage is that the obtained sorption parameters depend on
both compound characteristics and characteristics of the column (1). This makes a
comparison between studies difficult, because both characteristics have to be taken into
account. 
Studying desorption kinetics in a system in which sediment is suspended in water has the
advantage that desorption to water is not influenced by the characteristics of a column in
which the (sediment) material is packed. There are several methods in use that provide a
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maximum concentration gradient by emptying the water phase of a suspension efficiently.
This is the case when using an efficiently sorbing material such as Tenax as an infinite sink for
organic compounds in the water phase (2). 
The advantage of using a gas-purge technique lies in the fact that both desorption kinetics
and distribution of compounds can be studied. For compounds of high volatility (chlorinated
benzenes, lower chlorinated polychorinated biphenyls (PCBs), several polycyclic aromatic
hydrocarbons (PAHs)) the purging is efficiently enough to remove compounds from the
water phase, thus also providing a maximum concentration gradient between compounds
sorbed to sediment and the water phase. For compounds that are less volatile (higher
chlorinated PCBs, several of the higher MW PAHs), the volatilisation rate is too low
compared to the desorption rate to efficiently strip the water phase. In such a case, the
concentration in the water phase remains constant and the concentration in the water phase
can be measured with a gas-purge technique. Since only freely dissolved compounds are
purged from the solution, this method provides information on the distribution of compounds
between the (suspended) sediment and the water phase, avoiding possible problems due to
the presence of dissolved organic carbon (DOC) in the water phase, and avoiding possible
problems due to the separation of sediment and added sorbing materials such as Tenax. 
In principle, distribution coefficients are obtained for each measurement interval. In one
experiment, many individual determinations of the distribution coefficient are obtained. An
average experiment has between 10 and 20 measurement intervals. The distribution
coefficients are obtained as the average of these 10-20 determinations. These distribution
coefficients show very little variability, as is shown in Chapter 5 where standard deviations of
the distribution coefficients were between 0.5 and 3% of the average. The measurement
conditions can be adjusted in such a way that the purge-rate allows for measuring partition
coefficients. Because of the high reproducibility of obtained field distribution coefficients, the
gas-purge method is a method of choice for this type of measurements.
Using the gas-purge technique for sorption studies requires knowledge on the volatilisation
behaviour of studied compounds in the gas-water system. Therefore, in the first part of this
thesis the optimisation of the gas-purge technique (Chapter 2), and the determination of
relevant volatilisation parameters such as the Henry’s Law constant for a range of
compounds (Chapter 2 and 3) are described. The purge method proved to be an accurate
method to determine Henry’s Law constants for a range of chlorobenzenes, PCBs and PAHs
(ref. 3, and Chapters 2 and 3). 
Also, the temperature dependence of Henry’s Law constants was measured, so desorption
measurements could be performed at different temperatures, and the observed temperature
dependence could be accurately interpreted, taking into account the temperature
dependence of Henry’s Law constants (Chapters 2 and 7).
The measured Henry’s Law constants were in agreement with available literature data. For
four PCBs and five PAHs no measured values were available in the literature. Furthermore,
measured Henry’s Law constants showed correlations with compound properties such as
number of chlorines and number of ortho-chlorines for PCBs (Chapter 3), and Le Bas molar
volume for PAHs (3). Therefore the gas-purge method was considered to be suitable to
perform desorption and partitioning measurements in sediment-water systems.
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In the second part of this thesis, the following research question was addressed: what are
distribution coefficients and desorption kinetics of contaminants that have been in contact
with field sediment for decades, and how do these relate to compound properties. Both
distribution and desorption kinetics of in-situ contaminants will be addressed separately.

Distribution of in-situ contaminants in lake Ketelmeer sediment

In Chapter 4, a study is described in which a large sediment core was obtained from a former
sand pit in lake Ketelmeer. This core represented sedimentation of inflowing suspended
matter from the river Rhine for a period of 20-30 years. For a range of di- and
trichlorobenzenes, the organic carbon (OC)-normalized distribution coefficients were 10-100
times higher than those obtained in lab-experiments after short contact times. The
distribution coefficients were relatively constant over the studied depth interval of 50-140 cm.
For example: the in-situ logarithm of distribution coefficients for 1,2-DCB ranged from 5.15
to 5.50, with an average of 5.35 ± 0.12 (n=9). Although the studied sections represented a
deposition history of several decades, no increase of distribution coefficients with depth was
observed. This could mean that an equilibrium situation was reached in the time interval
preceding the studied deposition history.
In a second study (Chapter 5), in-situ distribution coefficients were measured in the mixed
40-120 cm layers of the core described above for several PCBs and PAHs. Again it was seen
that the distribution coefficients were up to 1000 times higher than selected literature values
for partitioning after short contact times. 
The high distribution coefficients were seen for a range of compounds: lower
chlorobenzenes, higher chlorinated PCBs, and a range of PAHs. These findings were in
contrast with studies that observed high partition coefficients only for PAHs, and attributed
this to the way that these compounds were introduced into the aquatic systems (4). We
showed that high in-situ distribution coefficients are also occurring for chlorobenzenes and
PCBs. The way of introduction of these compounds into the aquatic environment differs from
that for PAHs. This does not seem to be the explanation for the occurrence of high in-situ
distribution coefficients.
The in-situ distribution coefficients were similar to soot-carbon/water distribution
coefficients that were measured in lake Ketelmeer sediment (5). Our observations are in line
with previously described sorption mechanisms where sorption is described as a process
consisting of both partitioning and a more specific interaction with high-energy sorption sites
such as condensed organic material or high surface-area carbonaceous material.
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Desorption kinetics of in-situ contaminants in field sediments

Desorption proceeds in three kinetically distinct steps
The prevailing interpretation of sorption kinetics in present-day literature is that desorption
occurs in two steps termed fast and slow. This was based on desorption experiments that
lasted for about 300-400 hours (h) or shorter, and for lab experiments where the contact
time after spiking was in the order of days or weeks. In a desorption study at higher
temperature, Cornelissen (2) already noted that another kinetically different desorption step
could be measured at a study measuring desorption kinetics at 60ºC. 
We showed that the use of extended desorption times at 20ºC also leads to desorption
patterns with three kinetically different fractions. To verify if desorption rate constants for
this ‘very slow’ desorbing fraction had a fixed value, desorption times were extended to 2000
hours for the study with in-situ contaminants (Chapter 5). For spiked contaminants,
desorption times of more than 4000 h were used (Chapter 9). In both cases a constant
fraction desorbed from the sediment with time. This is in contrast to the findings of several
others that interpreted the desorption kinetics of historically contaminated soils or sediments
with a continuum of compartments, each with their own desorption rate constants (see also
the overview of proposed mechanisms in the introduction).
In most studies, the distinction between these three phases is not made. This is a
consequence of the fact that in most cases only short desorption times were used, and the
‘very slow’ fraction therefore could not be observed. It can also be that one of those fractions
was too small to be measured, as was also the case in our studies with field sediments and
suspended matter that are presented in (Chapters 5 and 6). Careful interpretation of
observed desorption patterns is therefore necessary to obtain reliable information on the
desorption patterns and desorption kinetics. The observed variability in ‘slow’ desorption rate
constants from literature that is presented in Chapter 1 (spanning several orders of
magnitude) may very well be caused by the fact that in some of these cases the data should
have been interpreted with a three-phase desorption model.
In all our studies very constant values for both the slow and the very slow desorption rate
constants were found for the range of compounds studied. We found no correlation with
molecular weight, size of the molecules, or hydrophobicity. This indicates that processes such
as diffusion in which size or molecular weight of compounds plays a role probably do not
reflect the processes taking place during slow and very slow desorption as studied in the gas-
purge system. These findings are consistent with those of Cornelissen (2), who studied slow
and very slow desorption for a range of components and sediments using Tenax extraction,
and found relatively constant values for both processes. 

Large slowly desorbing fractions relate to high partition coefficients
Several researchers have made the link between decreasing fast desorbing fractions and
increasing partition coefficients (2, 4, 6, 7). This approach states that the fast desorbing
concentration is the one that is in equilibrium with the water-phase on a short time scale, and
therefore only this fraction of the in-situ contaminant concentration is relevant for
comparison with results from lab experiments with spikes and short contact times.
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This fast desorbing fraction can be calculated from the ratio of in-situ partition coefficients
and those obtained under equilibrium partitioning (EP) conditions (4,7). This leads to fast
desorbing fractions reported in literature that vary between 10% and less than 0.1%.
Cornelissen (2) and Kraaij (6) have made a direct link between fast desorbing fractions
derived from increased distribution coefficients, and directly measured fast desorbing
fractions in a Tenax-induced desorption experiment.
The above-presented hypothesis was further investigated in this thesis. In Chapter 4,
distribution coefficients were measured, and used for the calculation of fast fractions using
the method described above. In Chapters 5 and 6, the desorption kinetics of a range of
hydrophobic in-situ contaminants were studied. This included the compounds for which
distribution coefficients were measured and presented in Chapter 4.
The relationship between high partition coefficients and low values for fast desorbing
fractions that was presented in Chapter 4 can be used to combine the measured distribution
coefficients and fast desorbing fractions for all of the studied compounds. This relationship is: 

KOC
EP/KOC

in-situ = Ffast

in which: KOC
EP represents the equilibrium partitioning coefficient, KOC

in-situ represents the
in-situ distribution coefficient, and Ffast represents the fast desorbing fraction. Measured and
calculated values for distribution coefficients and fast desorbing fractions are presented in
Table 1 (p. 174).
For several compounds a comparison can be made between the results obtained in kinetic
desorption experiments and the fractions calculated from the observed high distribution
coefficients. These were measured in sediment samples from cores that were sampled
simultaneously at the same location. Most of the values for the fast fractions that were
estimated from the increase of distribution coefficients (indicated in italics), agree well with
the fast fractions that were deduced from desorption experiments (indicated in bold). 
For the other in-situ compounds for which desorption kinetics were studied in the same
sediment core (other CBs, PCBs, PAHs), the fast fractions that were deduced from the
desorption curves were equally low (average values between 2 and 7%). Taking into account
that the calculated value for the fast fraction is directly influenced by the quality of the value
for KOC

EP, there is a good agreement between calculated and measured fast fractions. 
One of the factors that could give rise to variable values for log KOC

EP is the fact that already
shortly after spiking some fraction will be present in the slowly desorbing fractions. But, when
these fractions are small this will probably not influence measured distribution largely. For
example: when shortly after spiking the fast desorbing fraction is around 85%, this fraction
is still large enough to make an increase in observed distribution coefficients hard to measure,
because the expected increase in log KOC is only 0.07 log unit, which is for most
measurement methods within the range of uncertainty. Therefore, literature values for
distribution coefficient that are measured after relatively short contact times (up to several
days) will probably reflect the value that can be expected for equilibrium distribution of the
compounds studied.
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Table 1. Measured1 and calculated2 values for in-situ log KOC and fast desorbing fractions of in-situ

compounds (Ffast) from lake Ketelmeer sediment.

Compound KOC
EP KOC

in-situ Ffast (%) Origin of 
Measurement

Chlorobenzenes
1,2-DCB 2.64 4.3 2.2; 2.5 Ch. 5
1,3-DCB 2.64 4.7 0.9; 2.6 Ch. 6
1,4-DCB 2.64 4.8 0.7; 2.4 Ch. 6

1,2,3-TCB 3.32 4.8 3.3; 1.9 Ch. 5
1,2,4-TCB 3.32 5.0 2.1; 1.3 Ch. 5
1,3,5-TCB 3.32 4.5 6.6; 1.8 Ch. 5

1,2,3,4-TeCB 3.79 5.8 1.0-1.7 Ch. 5
1,2,3,5-TeCB 3.79 5.4 2.4 Ch. 5
1,2,4,5-TeCB 4.26 5.9 2.1 Ch. 5

QCB 4.6 6.5 1.3 Ch. 6
HCB 5.19 6.9 1.5 Ch. 6

PCBs
PCB-28 5.41 7.1 2.1 Ch. 6

PCB-118 5.92 6.86 11.5 Ch. 8
PCB-138 5.8 8.1 0.5 Ch. 8
PCB-153 6.36 7.34 10.5 Ch. 8
PCB-180 6.56 7.88 4.8 Ch. 5

PAHs
Biphenyl 3.03 6.05 0.1; 0.7 Ch. 5

2-methylnaphtalene 3.65 7.02 0.04; 0.4 Ch. 5
Fluorene 4.11 6.48 0.4; 0.2 Ch. 5

Phenanthrene 4.47 6.60 0.7 Ch. 5
Fluoranthene 5.56 6.33 9.0 Ch. 5

Pyrene 5.76 6.77 10.0 Ch. 5

1Bold = measured; 2italic = calculated from measured KOC
in-situ of Ffast using: KOC

EP/KOC
in-situ = Ffast

Influence of age of deposited material on desorption kinetics
In Chapter 5, the desorption kinetics of compounds in top layer sediments and deeper
sediment layers were studied. It was expected that desorption patterns would shift towards
the dominance of the very slow desorbing fraction with prolonged contact times, but this
effect was less pronounced. This was expected because the mechanism associated with the
observed very slow desorption was thought to be the diffusion of compounds into the
organic carbon matrix, and long contact times would be necessary for the compounds to
reach remote sites in this matrix. Thus for deep layers that were deposited in the sixties and
seventies, a dominance of the very slow desorbing fraction was expected. 
In contrast to this expectation, it was observed that the desorption patterns for the top layer
and the deeper layers of the sediment were very similar. This lack of influence of age of
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deposited material was also seen in desorption experiments with Lobith suspended matter.
This suspended matter forms the top layer of the sediment in lake Ketelmeer. If any
difference would exist between recently deposited material and the deeper sediment layers
of lake Ketelmeer, this is expected to be also visible in differences in desorption pattern for
Lobith suspended matter and lake Ketelmeer sediments. The desorption experiments
described in Chapter 6 show that no such difference exists in terms of fast desorbing
fractions. The only difference is the magnitude of slow and very slow fractions, the slow
fraction is a relevant part of the desorption pattern for compounds in Lobith suspended
matter, but in lake Ketelmeer sediment the very slow desorbing fraction dominates the
desorption. An explanation of this difference is that different processes in the river (such as
volatilisation or degradation processes) mainly influenced the fast fraction, whereas the
longer contact times in the sediment influenced the distribution of compounds over slowly
and very slowly desorbing fractions.

Because of the similarities in desorption patterns between suspended matter, top layer and
deeper sediment layers in lake Ketelmeer sediment, in part 3 of this thesis a more detailed
study of relevant factors influencing desorption kinetics was performed. Two factors that
may be of importance in natural systems were identified; these were the long contact times
of pollutants with the matrix, and temperature fluctuations in the system. These two factors
were studied in more detail. The influence of temperature on very slow desorption of in-situ
contaminants is described in Chapter 7, the influence of long contact time in Chapters 8 and
9. In these last two Chapters sediments spiked with model compounds were used.

Influence of temperature on very slow desorption

The temperature fluctuations in the river Rhine over a year are 5-25ºC, spanning a
temperature range of about 20ºC. This might be of influence on the distribution of
contaminants between sediment and water, and on the rate constants of desorption. 
In a review (8) of available literature on the effect of temperature on partitioning and
desorption kinetics it was found that no large influence was expected on partitioning. The
temperature dependence of desorption kinetics could not be easily deduced because
contradictory information was found.
Temperature dependence of processes can also be used to determine whether differences in
mechanisms exist. When processes show different temperature dependence it is likely that
different mechanisms take place. In Chapter 7, the temperature dependence of the
desorption kinetics of in-situ CBs and PCB-28 was studied. The observed temperature
dependence resulted in a factor 5.2 higher desorption rate constants, for a temperature rise
of 35ºC. The study showed that apart from differences in desorption kinetics also differences
between the ‘slow’ and ‘very slow’ desorption processes in terms of temperature
dependence exist. This supports our interpretation of desorption kinetics in terms of fast,
slow, and very slow desorption. 
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We also showed that kinetics and temperature dependence of slow and very slow desorption
for spiked contaminants were comparable to kinetics and temperature dependence of slow
and very slow desorption for in-situ contaminants. Therefore we conclude that laboratory
systems (sediments spiked with model contaminants) can be used to mimic the field
situation.

Influence of contact time on distribution and desorption kinetics of spiked
contaminants

One of the factors that could have influenced the behaviour of in-situ contaminants in
sediments could be the long contact times between a contaminant and the sediment matrix
that may exist. These contact times are counted in years after deposition, while contact times
in lab-experiments are counted in hours or days. This factor has frequently been brought
forward as the explanation for observed differences. In Chapters 8 and 9, the influence of
contact times on distribution coefficients and sorption kinetics for contact times up to 4 years
after spiking were quantified. The influence of contact time on distribution coefficients and
sorption kinetics will be addressed separately.

Influence of long contact times on distribution coefficients of spiked contaminants
In Chapter 8, an experiment is described in which distribution coefficients of four spiked
PAHs were studied up to 100 days after spiking. For four PCBs, distribution coefficients were
studied up to 1461 days (= 4 years) after spiking. 
Distribution coefficients were not constant during the purge experiments, as was the case for
field-contaminated sediments, but showed an increase to a constant value. Initial distribution
coefficients did not increase largely with increasing contact times. The largest increase was
seen for fluorene, after a contact time of 100 days, where the distribution coefficient
increased with 1.7 log unit. These initial distribution coefficients were still much lower than
field distribution coefficients (1-2 log units). 
During a prolonged purge experiment with spiked PCBs and various contact times the
distribution coefficients increased to a plateau value that was reached after several thousands
hours of purging. The final distribution coefficients that were measured towards the end of
the purge experiments had similar values for all contact times used, and were also similar to
field distribution coefficients that were measured for in-situ contaminants. 
Both final and field distribution coefficients showed a similar correlation with log KOW. This
correlation was similar to what was found in literature for specific interactions of the
compounds with soot carbon. The initial distribution coefficients showed a relationship with
log KOW which was similar to correlations found for partitioning processes.
These findings show that probably very long contact times are needed before very high
distribution coefficients (similar to those for in-situ contaminants) are observed. However,
the purge experiment showed that prolonged purging resulted in final distribution
coefficients that are identical to those measured for in-situ contaminants. These final
distribution coefficients may be a good indication for the distribution of PCBs and PAHs

176

Chapter 10



between sediment and water after contact times of years to decades in the field. These final
distribution coefficients are already seen after short contact times of days, and prolonged
purging, because the purging time in this case is a relevant part of the (total) contact time.

Influence of long contact times and sorption kinetics
In Chapter 9, an experiment is described in which the desorption kinetics of HCB and PCB-28
were studied up to and including 1461 days after spiking. In these experiments fast, slow,
and very slow desorbing fractions could be distinguished, similar to what was found for 
in-situ contaminants. Although the rate constants for fast, slow and very slow desorption for
spiked contaminants were similar to values found for in-situ contaminants, the distribution
over these three fractions differed for the spiked contaminants. The desorption pattern
shifted from the dominance of fast desorption to the dominance of very slow desorption. 
The fast fraction showed a pseudo first-order decrease with time. The rate constant for
‘disappearance’ of the fast fraction was similar to rate constants for very slow desorption.
This was interpreted as a mechanism in which competing compounds occupying very slow
sites desorbed from the very slow sites, giving access to the spiked compounds. This
interpretation was supported by a respike experiment, in which compounds were added to
purged sediments. The respike experiment showed that very large slow desorbing fractions
existed already after a contact time of 2 days. This is also an indication that purging removed
competing in-situ compounds from ‘very slow sites’, because these had become accessible
for the compounds in the respike. 

From the results we obtained in both the studies with field contaminated sediment and those
with spiked contaminants and varying contact times, explanations for the differences
between in-situ and spiked contaminants could be found. These will be discussed below.

Explanations for observed differences between in-situ and spiked contaminants 

As already explained in the introduction, major differences may exist between the sorption
behaviour of in-situ organic contaminants and those spiked in a laboratory system. The most
striking differences that are commonly observed are the high in-situ distribution coefficients.
We also found these differences when measuring in-situ distribution coefficients for
chlorobenzenes, PCBs, and PAHs (Chapters 4 and 5). 
First of all we showed that the rate constants for desorption did not differ for spiked and in-
situ compounds. When interpreting desorption curves with fast, slow, and very slow
desorbing fractions, these fractions could be observed both for spiked and in-situ
compounds. The desorption rate constants of these fractions were also similar: for the fast
fraction they were in the order of 0.1-1 h-1, for the slow fraction in the order of 10-2 - 10-3 h-1,
and for the very slow fraction in the order of 10-4 h-1. This showed that no differences existed
between in-situ and spiked contaminants in terms of the rate constants for desorption. 
The major difference we found between in-situ and spiked contaminants was the distribution
of compounds between fast, slow and very slow desorbing fractions. For the compounds in
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field sediment (chlorobenzenes, PCBs and PAHs) fast desorbing fractions were so low that
they could not be detected in the purge-experiments. For spiked sediments and relatively
short contact times, this picture is very different. A few days after spiking the major part of
the spiked contaminant is still present in the fast desorbing fraction. However, when contact
times are extended to a period of several years, the distribution of contaminants over these
fractions shifts towards the dominance of the very slow desorbing fraction. This is similar to
what is seen for the desorption kinetics of in-situ contaminants.
Also, we have shown that high field distribution coefficients are related to large fractions of the
contaminant present in the very slow desorbing fraction (Chapters 4 and 5, and the previous
part of this discussion). Therefore, the main explanation of observed differences in desorption
kinetics and partitioning between in-situ contaminants and spiked contaminants lies in the
distribution over these three fractions. The main cause for this shift in distribution is the long
contact time for in-situ contaminants. In Chapter 9 we have shown that long contact times lead
to a shift in distribution over the three fractions for spiked contaminants: a major part of the
contaminant is sorbed in the ‘very slow’ fraction after contact times of several years.

Using laboratory systems to mimic sorption processes of in-situ contaminants

From the discussion above, it is clear that the desorption kinetics of in-situ contaminants do
not differ between in-situ and spiked contaminants. The major differences observed in the
literature lie in the fact that desorption rate constants and fractions are not always interpreted
in terms of fast, slow and very slow. In this thesis we have shown that this interpretation is
valid both for in-situ and spiked contaminants. 
Laboratory systems where the sorption process is studied with spiked contaminants under
controlled conditions are directly related to sorption processes taking place in the field. We
have shown that after long contact times of 1461 days (4 years) overall desorption kinetics
of spiked contaminants becomes comparable to desorption kinetics of in-situ contaminants
(Chapter 9). We have also shown that the gas-purge technique can be used to accelerate the
redistribution of compounds over fast, slow, and very slow fractions (Chapter 9). This might
be applied in studies where bioavailability, transport, or degradation of compounds sorbed in
the very slow fraction is studied. 

Conclusions

The gas-purge technique proved to be a valuable method to measure desorption kinetics of
more volatile compounds such as chlorobenzenes, lower chlorinated PCBs and lower
molecular weight PAHs. For less volatile compounds, distribution coefficients can be
measured with the same method. Both desorption kinetics and distribution coefficients could
be measured accurately, and results were in agreement with those of other methods using a
similar principle.
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Field distribution coefficient that were measured with this gas-purge technique were one-
two orders of magnitude higher than partition coefficients measured in laboratory systems
after short contact times. This was observed for wide range of compounds with different
deposition histories (chlorobenzenes, PCBs, and PAHs). 
The desorption kinetics of both in-situ contaminants and spiked contaminants could best be
interpreted with a three-phase model: compounds are present in fast, slowly, and very slowly
desorbing fractions. The interpretation of slow desorption with both a slowly and a very
slowly desorbing fraction is supported by the results of a temperature dependence study.
Slow and very slow desorption rate constants showed different temperature dependence,
this indicates that these represent different desorption steps. The presence of large slowly
desorbing fractions was shown to be related to the occurrence high distribution coefficients
for in-situ contaminants. 
In laboratory systems using sediments that were spiked with HCB, PCBs and PAHs, it was
shown that long contact times (up to 4 years) resulted in slower desorption. This was caused
by a shift of predominantly fast desorbing fractions towards predominantly very slow
desorbing fractions. Spiking sediments after they were purged for several months resulted in
the formation of a large fraction that desorbed very slowly within a few hours after spiking.
This showed that not only contact time, but also the occupation of sites by competing
compounds could be an explanation for differences in desorption kinetics between spiked
and in-situ contaminants.
Laboratory systems where the sorption behaviour of contaminants in sediments is studied
under controlled conditions can be used to mimic both desorption kinetics and distribution of
contaminants in field sediments.

Implications for sorption mechanisms
As summarized in the introduction, several ideas exist on governing mechanisms for resistant
sorption of contaminants in sediments. In this thesis several findings have implications for the
mechanistic interpretation of the sorption process:
- The finding that rate constants for very slow desorption are independent of molecular

size is in contradiction with diffusion as the sole mechanism.
- Constant desorption rates for purging times of several months are in contradiction with

distributed rate constants.
- Very slow sites are accessible within a few hours, this is in contradiction with a diffusion

mechanism and "irreversible changes".
- Our data are not in agreement with a single organic carbon partition coefficient, much

higher KOC-values were observed, and KOC values increased with contact time and
purging.

- Field partition coefficients resemble those for soot-water partitioning.
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From our findings follows that the most probable mechanism for sorption is a linear
partitioning for the fast desorbing fraction, combined with specific interactions in condensed
regions of the organic carbon, and with high affinity sites such as black carbon, or soot like
material. This leads to the following picture of sorption processes taking place (see Figure 1):
1. After introduction into the water phase (as takes place in spiking experiments),

compounds partition rapidly into the amorphous organic carbon fraction. In such a way
the so-called equilibrium partitioning coefficient is obtained after short contact times of hours
to days. When very slow sites are also accessible, these will also be occupied rapidly.

2. After prolonged contact times compounds may move to slow or very slow sites, possibly
by means of competition with compounds that already occupy these sites. These may be
naturally occurring compounds, or already present contaminants such as PAHs, PCBs or
others.

3. It is unlikely that the ‘very slow’ sites are only located at remote sites in the organic
carbon, because they may be accessed on the same time scale as ‘fast’ sites.

4. For slow sites a similar mechanism may be relevant (direct accessible sites and blocked
sites due to the presence of competing compounds), but this can not be deduced from
our experiments.
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Figure 1. Model for sorption of organic contaminants in sediment.



Implications for assessment of risks from contaminated sediments

The findings presented in this thesis have consequences for the assessment of risks from
contaminants in sediments. At present, the assessment of risks from contaminated sediments
is mostly based on the measurement of total concentrations in sediment. The total
concentrations of contaminants are compared to sediment quality criteria, and exceeding
these criteria is considered to be associated with an undesirable impact on the environment.
Nowadays, in some cases in the Netherlands, the actual availability of contaminants is
already taken into account, but this is not yet a general rule. Two aspects have to be
considered when taking availability of organic contaminants into account. These are: (1) the
way that sediment quality criteria are derived, and (2) the way that concentrations in
sediments are measured.
At present, sediment quality criteria are derived from either toxicity tests with sediment
inhabiting organisms, or more commonly from toxicity tests with aquatic organisms, and a
translation to sediment concentrations. These toxicity tests are performed with spiked
contaminants, under controlled conditions. In such tests, most of the added contaminant will
be available for uptake by and effects on organism. The sediment quality criteria are
calculated from the water quality criteria by using water quality criteria and multiplying these
with the equilibrium partitioning coefficient.
In this thesis we have shown that for in-situ chlorobenzenes, PCBs, and PAHs, the
equilibrium partitioning approach will largely overestimate the concentrations in (pore-)
water. The concentrations of chlorobenzenes that were measured in pore-water from field-
contaminated sediments were more than a factor 100 lower than what was expected based
on equilibrium partitioning, and field distribution coefficients were more than a factor 100
higher than equilibrium partitioning coefficients. Therefore, the use of equilibrium
partitioning coefficients to derive sediment quality criteria will lead to a substantial
overestimation of risk from in-situ pollutants such as chlorobenzenes, PCBs, and PAHs, when
this is based on total concentrations in sediment. 
We have also shown that high in-situ distribution coefficients are directly related to kinetics
of desorption. In sediments where high distribution coefficients are measured, only a small
fraction of the compound desorbs rapidly from the sediment (time scale of hours), the major
part desorbs slowly or very slowly (time scale of weeks to months).

Since it is not yet possible to predict availability of sediment contaminants from either
compound or sediment properties, or a combination of both, the availability of these
contaminants cannot be taken into account when deriving sediment quality criteria. But,
there have been developments in measuring the availability of contaminants in sediments, as
was also discussed in the introduction. In this thesis we have shown that measuring either
desorption kinetics of in-situ contaminants, or in-situ distribution coefficients leads to the
same picture of availability of contaminants. So, for the risk assessment of contaminants in
sediments, either the measurement of the fast desorbing fraction, or the measurement of
concentrations in pore-water gives a much better indication of risks from contaminants in
sediment than total concentrations do.
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For risk assessment of in-situ contaminants using sediment quality criteria that were derived
from equilibrium partitioning theory, only the available fraction should be taken into account.
Such an approach may help to discriminate between sites that all have high total
concentrations of contaminants, but that may have a different availability of contaminants.
Using the knowledge on possibly reduced availability may help to select sites with higher risks
of uptake by organisms, and transport of contaminants to the environment, so that measures
aiming at reducing this risk will have the most impact. 

REFERENCES

1. Brusseau ML, Jessup RE, Rao PSC, 1990. Sorption kinetics of organic chemical:
evaluation of gas-purge and miscible displacement techniques. Enviorn Sci Technol
24:727-735

2. Cornelissen G. 1999. Mechanism and consequences of slow desorption of organic
compounds from sediment. PhD Thesis, University of Amsterdam

3. de Maagd PG-J. 1996. Polycyclic Aromatic Hydrocarbons: fate and effects in the
aquatic environment. PhD Thesis, University Utrecht

4. McGroddy SE, Farrington JW. 1996. Comparison of the in-situ and dwsorption
sediment-water partitioning of polycyclic aromatic hydrocarbons and polychlorinated
biphenyls. Environ Sci Technol 30:172-177

5. Jonker MTO. 2004. Black Magic in the Aquatic Environment. PhD Thesis,
Wageningen University

6. Kraaij R. 2001. Sequestration and bioavailability of hydrophobic chemicals in
sediment. PhD Thesis, University Utrecht

7. Pignatello JJ, Zing B. 1996. Mechanisms of slow sorption of organic chemicals to
natural particles. Environ Sci Technol 30:1-11 

8. ten Hulscher ThEM and Cornelissen G. 1996. Effect of temperature on sorption
equilibrium and sorption kinetics of organic micropollutants - a review. Chemosphere
32:609-626

182

Chapter 10



SUMMARY

Aim of the study 

The sorption of organic contaminants in sediments is a relevant issue from the point of view
of transport of contaminants to groundwater and overlying water, bioremediation of
contaminated sediments, and bioavailability of pollutants to water- and sediment inhabiting
organisms. 
The research described in this thesis focuses on the desorption kinetics and partitioning of 
in-situ contaminants in field sediments, the causes of differences in sorption kinetics and
sediment-water distribution that are observed between field-contaminated sediment and lab
contaminated sediments, and the way that lab systems can be used as surrogates for the field
situation. The contaminants chosen were a range of chlorobenzenes, polychlorinated
biphenyls (PCBs), and polycyclic aromatic hydrocarbons (PAHs) because these contaminants
are present in high concentrations in the deeper layers of lake Ketelmeer, and may pose a
problem for the ecosystem when they are released to water or groundwater.

Development of a measurement technique for distribution and desorption kinetics

In the first part of this thesis, a measurement method based on gas-purging was developed
and refined. The method could accurately measure volatilisation rates, desorption rate
constants, and distribution coefficients of organic contaminants between water and
sediment. Information on volatilisation parameters such as the Henry’s Law constant (H) is
required for the interpretation of desorption kinetics and partition coefficients measurements
with a gas-purge technique. Henry’s Law constants were measured for a range of
contaminants. For all PAHs and several PCBs, experimental values had not been reported
before. For higher chlorinated PCBs and higher molecular weight PAHs, the Henry’s Law
coefficients were low. This means that for these compounds distribution coefficients could be
measured with the chosen settings of the gas-purge system. For lower chlorinated PCBs,
lower molecular weight PAHs, and chlorobenzenes, the Henry’s Law coefficients are high
enough to measure desorption kinetics with the chosen settings. Besides the Henry’s Law
constants at 20ºC, also the temperature dependence of H was measured. This was done
because in natural systems temperatures may fluctuate. Therefore, the temperature
dependence of relevant processes should also be taken into account. Both the Henry’s Law
constants and the temperature dependence of H are in agreement with partitioning theory
and available literature data.
The measured sediment-water distribution coefficients showed little variation within an
experiment and between experiments. The standard deviations were in most cases well
below 5%. For desorption kinetics, the rate constants that were derived from a gas-purge
experiment also showed little variation within and between experiments. Therefore the
method proved to be valuable for measuring either desorption kinetics or distribution
coefficients for a range of compounds.
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Distribution and desorption kinetics of in-situ organic contaminants in lake Ketelmeer

In the second part of this thesis, both the distribution and the desorption kinetics of in-situ
chlorobenzenes, PCBs, and PAHs in lake Ketelmeer were studied. The distribution
coefficients of in-situ compounds were one to two orders of magnitude higher than those
obtained in lab studies with spiked compounds and contact times of hours to days (often
referred to as equilibrium partitioning coefficients). 
For in-situ compounds in lake Ketelmeer sediment, desorption proceeded in three kinetically
distinct steps termed fast, slow and very slow. Fast desorption proceeds on a time scale of
hours, slow desorption on a time scale of days-weeks, and very slow desorption on a time
scale of months. The desorption kinetics of in-situ compounds in lake Ketelmeer sediment
were dominated by the presence of slow and very slow fractions. For most compounds
studied, no detectable fast fractions were present. This was also the case for the desorption
of in-situ compounds from river Rhine suspended matter, which is the main source of
sediment in lake Ketelmeer. For most compounds, the fast desorbing fraction could only be
estimated as an upper limit from the mass desorbing during the first measurement interval of
the desorption curve (usually 24 h or less). These fractions were very low, and ranged from
0.2-2.6%. The rate constants for slow and very slow desorption did not show much variation
for a range of compounds studied. These compounds included dichlorobenzenes through
hexachlorobenzene, 2,4,4’-tetrachlorobiphenyl, and several PAHs, and span a range of
hydrophobicity and molecular weight. This lack of variability of the slow and very slow
desorption rate constants cannot be explained with a diffusion mechanism, since diffusion
rate constants decrease with increasing molecular weight.
The occurrence of high distribution coefficients of in-situ contaminants was related to the
measured desorption kinetics. High distribution coefficients were observed for compounds
where high slowly and very slowly desorbing fractions dominated the observed desorption
kinetics. This was shown by studying both distribution coefficients and desorption kinetics of
di- and trichlorobenzenes in sub samples of sediment from one larger sample. 

The influence of temperature and contact time on sorption kinetics and distribution

In the third part of this thesis, the influences of environmental variables that may affect
sorption in the field were studied. The influence of temperature on desorption kinetics of 
in-situ contaminants was studied using a field-contaminated sediment. Spiked sediments
under controlled conditions were used to determine the influence of contact time on
desorption kinetics and partitioning.
The temperature dependence study showed that the rate constant for very slow desorption
(kvs), which is the major process occurring in lake Ketelmeer field sediment, increased by a
factor of 5 for a 35ºC increase in temperature. It also showed that the temperature
dependence of kvs differed from that for slow desorption. This difference supports the
interpretation of resistant sorption on the basis of both ‘slow’ and ‘very slow’ sites in the
sediment.
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The influence of contact time on sediment-water distribution and on desorption kinetics was
studied under controlled conditions. A maximum of 1461 days (4 years) contact time was
used in an experiment in which hexachlorobenzene (HCB) and several PCBs were spiked. For
PAHs, a contact time up to 100 days was used.
The long contact times after spiking did not result in a large increase in the distribution
coefficient, but prolonged purging (more than 4000 hours) resulted in a gradual increase of
the distribution coefficient to a plateau value that was reached after purging times of about
1500 hours. These final distribution coefficients were close to the distribution coefficient for
in-situ contaminants in lake Ketelmeer that were determined in a separate experiment. The
final distribution coefficients for added compounds therefore seem to be more relevant
measures for the distribution coefficients of hydrophobic organic chemicals in aged field
sediments than the values obtained after short contact times.
The influence of long contact times on desorption kinetics resulted in a change in desorption
patterns. After short contact times mainly fast and slow desorbing fractions were observed.
After contact times of 600 days or more, the slow and very slow desorbing fractions dominated.
The desorption pattern for HCB after a contact time of 1461 days became comparable to the
patterns of desorption observed for in-situ contaminants in lake Ketelmeer sediment.
An additional spike of HCB and three PCBs, which were applied to sediment purged for over
4000 hours, showed that very slow sites were accessible for these compounds already within
a few hours after spiking. The long purging time may have caused compounds blocking the
very slow sites to be purged from the sediment suspension. These results indicate that
domination of very slow desorption is not only caused by long contact times, but may also be
caused by the accessibility of specific sites within the sediment matrix.

Conclusions

From the work described above it may be concluded that the main causes for observed
sorption and desorption differences between spiked sediments and sediments containing
only in-situ contaminants, are the existence of long contact times in the field, and the
presence of compounds blocking very slow sites. Temperature has only a limited influence on
sorption kinetics over the temperature ranges encountered in lake Ketelmeer (20ºC). Long
contact times (several years) result in a distribution of contaminants over fast, slow and very
slow sites comparable to that for in-situ contaminants. The desorption kinetics for spiked
contaminants and in-situ contaminants are not different when desorption kinetics is
interpreted with fast, slow and very slow desorbing fractions. This is also supported by the
differences in temperature dependence of slow and very slow desorption. 
The constancy of the rate constants for slowly and very slowly desorbing fractions is in
contradiction with a diffusion-process taking place. A more likely mechanism is that very slow
desorbing sites (possibly in soot or in coal like material) can be occupied by recently added
compounds either because sites are directly accessible, or because these added compounds
compete with (native) compounds blocking the sites. The latter process might take place on
the time scales for very slow desorption because competing compounds have to desorb from
these very slow sites.
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Implications for assessment of risks from contaminated sediments

In this thesis we have shown that the availability of in-situ organic contaminants in sediments
can be largely reduced. Measuring either the fast desorbing fraction, or the in-situ
distribution of contaminants can be used to assess reduced availability. For risk assessment of
in-situ contaminants only the available fraction should be taken into account. This may help
to discriminate between sites that all have high total concentrations of contaminants, but
that may have a different availability of contaminants. Using the knowledge on possibly
reduced availability may help to select sites with higher risks of uptake by organisms, and
transport of contaminants to the environment, where measures aiming at reducing this risk
will have the most impact. 
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SAMENVATTING

Doel van het onderzoek

Sorptie van organische verontreinigingen in sediment is van invloed op het gedrag van
verontreinigingen in sediment. Het beïnvloedt transport naar grondwater of oppervlakte
water, (biologische) reiniging van verontreinigd sediment, en de opname door water- en
sedimentbewonende organismen. 
Het in dit proefschrift beschreven onderzoek heeft zich gericht op het meten van
sediment/water verdeling en desorptiekinetiek van organische verbindingen in veld-
gecontamineerd sediment. Een van de belangrijkste doelstellingen was het zoeken naar de
oorzaken van het ogenschijnlijke verschil in gedrag tussen verontreinigingen in veld-
gecontamineerd sediment, en het gedrag van verontreinigingen die in een laboratorium aan
sediment worden toegevoegd. Hiervoor werd een set van modelstoffen gekozen, bestaande
uit een reeks van chloorbenzenen, polychloorbifenylen (PCB’s) en polycyclische aromatische
koolwaterstoffen (PAK’s). Deze stoffen werden gekozen omdat ze in hoge concentraties
voorkomen in de diepere sedimentlagen van sedimentatiegebieden zoals het Ketelmeer, en
daar nog steeds een risico kunnen vormen voor het ecosysteem, wanneer deze stoffen
vrijkomen en zich verspreiden naar oppervlaktewater of grondwater.

Ontwikkeling van een meetmethode voor sediment/water verdeling en desorptiekinetiek
van in-situ verontreinigingen

In het eerste deel van dit proefschrift wordt de ontwikkeling en optimalisatie van een gas-
doorleidsysteem voor het meten van sediment/water verdeling en desorptiekinetiek
beschreven. Met deze methode kunnen zowel de vervluchtigingssnelheid van verbindingen
in water, als de desorptiesnelheidsconstanten, en sediment/water verdeling van
verbindingen in sediment-water systemen nauwkeurig gemeten worden. Met het systeem
kunnen ook Henry constanten (lucht/water verdeling) gemeten worden. Deze
stofeigenschap is nodig om bij metingen in sediment-water systemen de
desorptiesnelheidsconstante of de verdelingscoëfficiënt te kunnen afleiden.
Voor alle bestudeerde stoffen werden Henry constanten gemeten. Voor de gekozen PAK’s
en voor verschillende PCB’s waren tot dat moment geen experimentele waarden voor deze
stofeigenschap gepubliceerd. De Henry constanten voor de hoger gechloreerde PCB’s en de
PAK’s met hoger molecuulgewicht waren laag. Hierdoor konden voor deze verbindingen met
de gekozen opzet van het meetsysteem alleen sediment/water verdeling gemeten worden.
Voor de lager gechloreerde PCB’s, de PAK’s met lager molecuulgewicht, en de
chloorbenzenen, waren de Henry constanten hoog genoeg om desorptiekinetiek te kunnen
meten.
Omdat de temperatuur in een watersysteem varieert in de tijd, werd de
temperatuursafhankelijkheid van de desorptiekinetiek ook bij verschillende temperaturen
gemeten. De temperatuursafhankelijkheid van de Henry constante werd voor alle

187

Samenvatting



componenten bepaald. Dit is nodig wanneer metingen van sediment/water verdeling en
desorptiekinetiek bij verschillende temperaturen bestudeerd wordt. 
De gemeten sediment/water verdeling kon met grote nauwkeurigheid vastgesteld worden,
zowel binnen één experiment als tussen experimenten was de standaarddeviatie meestal
minder dan 5%. Ook de snelheidsconstanten voor desorptie konden nauwkeurig gemeten
worden, en waren weinig variabel, zowel binnen één experiment als tussen verschillende
experimenten. De methode is daarom geschikt om zowel desorptiekinetiek als
sediment/water verdeling voor het betreffende soort verbindingen nauwkeurig te meten.

Sediment/water verdeling en desorptiekinetiek van in-situ organische verontreinigingen in
Ketelmeersediment

In het tweede deel van dit proefschrift werden de sediment/water verdeling en de
desorptiekinetiek van in-situ verontreinigingen in Ketelmeersediment bestudeerd. De
sediment/water verdeling van zowel chloorbenzenen, PCB’s als PAK’s waren één tot twee
orde van grootte hoger dan sediment/water verdeling van verontreinigingen die in
gecontroleerde laboratoriumsystemen aan het sediment werden toegevoegd
(evenwichtspartitiecoëfficiënten).
In het desorptieproces van de in-situ verontreinigingen konden voor alle bestudeerde stoffen
drie afzonderlijke fasen worden onderscheiden. De daarbij behorende fracties werden
aangeduid met de termen “snelle-”, “trage-” en “zeer trage” fractie. De snelle fractie
desorbeert in enkele uren tot een dag, de trage fractie in enkele dagen tot een week, en de
zeer trage fractie in enkele weken tot maanden. De snelheidsconstanten voor trage en zeer
trage desorptie waren relatief constant voor alle bestudeerde stoffen. Er werd geen verband
gevonden tussen snelheidsconstanten en stofeigenschappen zoals hydrofobiteit en
molecuulgewicht. Wanneer diffusie van verontreinigingen de oorzaak is voor trage en zeer
trage desorptie, dan wordt dit verband wel verwacht: diffusiesnelheidsconstanten nemen af
met toenemend molecuulgewicht. 
De desorptiekinetiek van in-situ verontreinigingen in Ketelmeer sediment werd gedomineerd
door traag en zeer traag desorberende fracties, voor de meeste componenten kon geen snel
desorberende fractie gemeten worden. Ditzelfde werd ook waargenomen voor de desorptie
van verontreinigingen uit zwevend stof uit de Rijn. De grootte van de snel desorberende
fractie werd geschat uit de hoeveelheid die in het eerste tijdsinterval (meestal 24 uur of
minder) desorbeerde. Deze geschatte snelle fracties waren zeer laag: 0,2 tot 2% van het
totaalgehalte.
Het voorkomen van hoge sediment/water verdeling was gerelateerd aan de gemeten
desorptiekinetiek. Hoge sediment/water verdeling werden gemeten voor componenten
waarvoor trage en zeer trage desorptie domineerden. Dit werd aangetoond voor een serie
chloorbenzenen waarvoor zowel sediment/water verdeling als desorptiekinetiek werden
gemeten in deelmonsters van één locatie.
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De invloed van temperatuur en contacttijd op desorptiekinetiek en sediment/water verdeling

In het laatste deel van dit proefschrift werd de invloed van variabelen die in het veld de
desorptie kunnen beïnvloeden bestudeerd. Dit deel van het onderzoek heeft zich gericht op
de invloed van temperatuur en de tijd dat organische verbindingen  in sediment aanwezig
zijn (contacttijd). Voor de invloed van temperatuur werd sediment met in-situ
verontreingingen gebruikt. Voor de studie van de invloed van contacttijd op
desorptiekinetiek en sediment/water verdeling werden in het laboratorium verontreinigingen
onder gecontroleerde omstandigheden aan sediment toegevoegd.
De studie naar de invloed van temperatuur op de desorptiekinetiek van in-situ
verontreinigingen liet zien dat de snelheidsconstante voor zeer trage desorptie met een factor
5 toenam bij 35ºC temperatuurstijging. Verder bleek de temperatuursafhankelijkheid van
zeer trage desorptie (desorptie in weken tot maanden) te verschillen van die van trage
desorptie (desorptie in dagen tot een week). Deze verschillen in temperatuursafhankelijkheid
ondersteunen het gemaakte onderscheid in traag en zeer traag desorberende fracties.
De invloed van contacttijd op sediment/water verdeling en op desorptiekinetiek werd
bestudeerd onder gecontroleerde omstandigheden met toegevoegde verontreinigingen.
Voor hexachloorbenzeen (HCB) en diverse PCB’s werd de invloed van contacttijden tot 1461
dagen (4 jaar) na toevoegen bestudeerd. Voor PAK’s waren de contacttijden 100 dagen.
De lange contacttijden na toevoegen van verontreinigingen hadden geen grote invloed op
de sediment/water verdeling. Maar het langdurig desorberen van toegevoegde
componenten met het gasdoorleidsysteem (meer dan 4000 uur) leidde tot een geleidelijke
toename van de sediment/water verdeling tot een constante waarde. Deze constante waarde
was vrijwel gelijk aan de sediment/water verdeling die voor in-situ componenten in een
afzonderlijk experiment werden gemeten. De verdelingscoëfficiënt na langdurig
gasdoorleiden lijkt daarmee de veld-verdelingscoëfficiënt beter te benaderen dan
verdelingscoëfficiënten die worden gemeten relatief kort na toevoeging van
verontreinigingen.
De desorptiekinetiek van verontreinigingen veranderde wel door de lange contacttijden: de
verdeling van verontreinigingen over snel, traag en zeer traag desorberende fracties
verschoof. Na korte contacttijden werden vooral snel en traag desorberende fracties
gemeten, na lange contacttijden domineerden trage en zeer trage desorptie. De
desorptiekinetiek van HCB was na een contacttijd van 1461 dagen vergelijkbaar geworden
met de desorptiekinetiek die werd gemeten voor in-situ HCB.
Na afloop van langdurig gasdoorleiden (duur meer dan 4000 uur) werden HCB en drie PCB’s
nogmaals aan de sediment-suspensie toegevoegd. De meting van desorptiekinetiek kort na
toevoegen van de verontreinigingen liet zien dat de desorptie van deze verontreinigingen al
zeer traag verliep. Dit betekent dat dominante zeer trage desorptie niet alleen door lange
contacttijden van verontreinigingen met sediment wordt veroorzaakt. De toegankelijkheid
van de sites (adsorptieplaatsen) speelt ook een rol. De toegevoegde stoffen konden direct
zeer trage sites bezetten. Mogelijk worden zeer-trage sites bezet door van nature
voorkomende verbindingen (bv afbraakproducten van organisch materiaal) of door al
aanwezige verontreinigingen.
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Conclusies

Uit het hier boven beschreven werk blijkt dat lange contacttijden en de toegankelijkheid van
sites de belangrijkste oorzaken zijn voor de waargenomen verschillen in sorptie tussen in-situ
verontreinigingen in veldsediment en in het lab toegevoegde verontreinigingen.
Temperatuurvariaties in natuurlijke watersystemen hebben slechts een beperkte invloed op
desorptiekinetiek. Lange contacttijden na toevoegen van verontreinigingen in het
laboratorium zorgen voor een verdeling van de componenten over snel, traag en zeer traag
desorberende fracties die vergelijkbaar is met de verdeling van in-situ verontreinigingen over
deze fracties. 
Wanneer desorptie kinetiek wordt geïnterpreteerd op basis van snel, traag en zeer traag
desorberende fracties, dan blijken desorptiesnelheidsconstanten voor deze fracties voor in-situ
en in het lab toegevoegde verontreinigingen niet te verschillen. Het feit dat zowel trage als
zeer trage desorptiesnelheidsconstanten geen relatie vertonen met hydrofobiteit en
molecuulgrootte van een reeks van stoffen (chloorbenzenen, PCB’s en PAK’s) betekent dat
het mechanisme van trage en zeer trage sorptie hoogstwaarschijnlijk geen diffusie is. Meer
waarschijnlijk is dat ‘zeer trage’ sites in de organische matrix van een deeltje direct bezet
kunnen worden door toegevoegde verontreinigingen. Deze bezetting kan snel verlopen als
de sites vrij zijn, wanneer de sites al bezet zijn met andere (natuurlijke) componenten, dan
kan competitie optreden, en na langere contacttijd toch een bezetting van deze sites door de
toegevoegde componenten plaats vinden.

Gevolgen voor beoordelen van milieubezwaarlijkheid van verontreinigingen in sediment

In het hier beschreven onderzoek werd aangetoond dat de beschikbaarheid van in-situ
verontreinigingen in sediment sterk verlaagd kan zijn. De verlaagde beschikbaarheid kan
worden vastgesteld door het meten van desorptiekinetiek (de grootte van de snel
desorberende fractie), of het meten van de in-situ verdeling van relevante verbindingen.
Voor het beoordelen van de milieubezwaarlijkheid van verontreinigingen in sediment zou
vooral de beschikbare (snel desorberende) fractie in beschouwing moeten worden genomen.
Dit kan een hulpmiddel zijn om bij locaties met een vergelijkbaar totaalgehalte een
onderscheid te maken op basis van beschikbaarheid. Bij het nemen van maatregelen
(baggeren, reinigen) kan het effect van de genomen maatregel beter worden ingeschat.

190

Samenvatting



ABBREVIATIONS

This list of abbreviations is restricted to abbreviations used in the text; abbreviations used in
formulas are not included.

1,2-EDB 1,2-dibromoethane
2-MN 2-methylnaphtalene
BiPHEN biphenyl
C-18 octadecyl silane
CBs chlorobenzenes
Ch chapter
Caq concentration in water
Cg concentration in the gas phase
CW concentration in water
CPW concentration in the pore water of sediment
DCB dichlorobenzene
DOC dissolved organic carbon
dw dry weight
Ea activation energy
ECD electron capture detector
EP equilibrium partitioning
Ffast or ffast fraction of the chemical concentration in sediment that desorbs rapidly

to the water phase
Fslow or fslow fraction of the chemical concentration in sediment that desorbs slowly

to the water phase
Fvslow or fvslow fraction of the chemical concentration in sediments that desorbs very

slowly to the water phase
Fig figure
FLUE fluorene
FLUO fluoranthene
GC gas-chromatography
h hours
H Henry’s Law constant
HCB hexachlorobenzene
HLC Henry’s Law constant
HPLC high performance liquid chromatography
i.d. internal diameter
ICPR, IKSR International Commission for the Protection of the Rhine
k first order rate constant
kvl volatilisation rate
KD distribution coefficient between sediment and water
KDOC distribution coefficient between DOC and water
KOA distribution coefficient between n-octanol and air
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KOC organic carbon normalized sediment/water partition coefficient
KOW n-octanol/water partition coefficient
l liquid
min minute
Milli Q trade name for ultra-pure deionised water
MPC maximum permissible concentration
MS mass spectrometry
n number of data points or measurements
n.a. no data available
NAPH naphthalene
ND not detectable
Norho-Cl number of chlorines in the ortho position
o.d. outer diameter
oc or OC organic carbon 
P vapour pressure
PAHs polycyclic aromatic hydrocarbons
PCB-9 2,5-dichlorobiphenyl
PCB-28 2,4,4’-trichlorobiphenyl
PCB-30 2,4,6-trichlorobiphenyl
PCB-31 2,4’,5-trichlorobiphenyl
PCB-49 2,2’,4,5’-tetrachlorobiphenyl
PCB-52 2,2’,5,5’-tetrachlorobiphenyl
PCB-65 2,3,5,6-tetrachlorobiphenyl
PCB-90 2,2’,3,4’,5-pentachlorobiphenyl
PCB-99 2,2’,4,4’,5-pentachlorobiphenyl
PCB-101 2,2’,4,5,5’-pentachlorobiphenyl
PCB-105 2,3,3’,4,4’-pentachlorobiphenyl
PCB-118 2,3’,4,4’,5-pentachlorobiphenyl
PCB-137 2,2’,3,4,4’,5,5’-hexachlorobiphenyl
PCB-138 2,2’,3,4,4’,5’-hexachlorobiphenyl
PCB-153 2,2’,4,4’,5,5’-hexachlorobiphenyl
PCB-156 2,3,3’,4,4’,5-hexachlorobiphenyl
PCB-180 2,2’,3,4,4’,5,5’-heptachlorobiphenyl
PCBs polychlorinated biphenyls
PHE phenanthrene
PHEN phenanthrene
PTD polyethylene tube dialysis
pw porewater
PYR pyrene
QCB pentachlorobenzene
r or r2 regression coefficient
R gas constant
rpm rotations per minute
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s solid
S aqueous solubility
sd standard deviation
sed sediment
SPMDs semi-permeable membrane devices
SPMEs solid-phase micro extraction fibres
t time
T absolute temperature
TCB trichlorobenzene
TeCB tetrachlorobenzene
Tenax trade-name for a porous polymeric resin, based on 2,6-diphenylene

oxide
TOC total organic carbon
XAD trade-name for a non-ionic polymeric resin
ZSK suspended matter from location Kampen
∆G0 standard Gibbs free energy
∆H0 enthalpy
∆S0 entropy
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