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Chapter 1

Introduction 

Biodiversity globally declined in the past century and will further decline with ten times 
higher extinction rates than in the recent period (MEA 2005b). Freshwater ecosystems, in-
habited by 2.4% of the species on about 0.8% of the earth surface, tend to have the highest 
proportion of species threatened (Sala et al. 2000, MEA 2005c, Freyhof and Brooks 2011). 
The main reasons for the species decline in freshwater ecosystems are water pollution, 
fragmentation, flow modification, destruction and degradation of habitat, overexploitation 
by use of irrigation water and invasion by exotic species (Dudgeon et al. 2006). 

Water pollution is caused by many different substances such as pesticides, heavy met-
als and nutrients. High nutrient loads originate from excessive fertilizer use in agriculture 
(Bouwman et al. 2013) and untreated emissions from households to surface water (van 
Drecht et al. 2009, Morée et al. 2013), making eutrophication the most prominent type of 
water pollution. Eutrophication results in algal blooms and massive growth of water plants 
(Jeppesen et al. 2005). This can lead to harmful algal blooms with oxygen depletion, hy-
poxia and fish kills as well-known impacts (Diaz and Rosenberg 2008, Heisler et al. 2008, 
Huisman et al. 2018). 

Many aquatic ecosystems suffer from human interventions in the original hydrologi-
cal status. Globally, most rivers are nowadays affected by dams and weirs constructed for 
hydropower, irrigation, shipping and water level management (MEA 2005b, Nilsson et al. 
2005, Lehner et al. 2011). These dams and weirs cause fragmentation, flow modification 
and destruction of habitats. Also in the Netherlands, most rivers and streams have been 
transformed into canals due to the many weirs (Brevé et al. 2014a). Dams and weirs and 
the associated flow regulation strongly affect aquatic biodiversity, which is most explicitly 
reflected by the decline of migratory fish species, due to fragmentation (Freyhof and Brooks 
2011) and habitat loss (Nilsson and Berggren 2000, Janse et al. 2015). In delta areas consis-
ting of large mosaics of lakes, canals and ditches, fragmentation and destruction of habitats 
are associated with the building of dikes and pumping stations. Moreover, the natural water 
level has been changed from a low level in summer and high level in winter, to a year round 
stable water level or even an opposite, summer high and winter low, water level. These 
examples all witness that aquatic ecosystems are globally threatened by hydrological chan-
ges, habitat degradation and poor water quality. Hence it is urgently needed to halt further 
aquatic ecosystem degradation. 

Policy targets

Policy targets were defined to prevent further biodiversity losses, including targets 
to protect biodiversity, to reduce nutrient loads and to protect habitats. These targets are 
defined on national, European and global scale. Policy targets can be specific, e.g. a con-
centration of a specific substance in surface water, or more generic, such as halting further 
loss of biodiversity. Policies concerning nutrients and biodiversity on a global level include 
the Sustainable Development Goals (SDGs), the successor of the Millennium Development 
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Goals (UN 2015). To protect water quality in the EU, first the reduction of household and dif-
fuse emissions was realized by the urban waste water directive (EEC 1991b) and the Nitrate 
Directive (EEC 1991a), resulting in a decrease in nutrient loads in surface waters. In 2000, 
this was followed by the Water Framework Directive (WFD), that provided a coordinated 
framework for policy on chemical and ecological water quality in the European Union (EU) 
implemented on a national scale (EC 2000). The WFD evaluates the water quality of water 
bodies based on ecological and chemical water quality, whereby the biological quality is the 
most important part of the evaluation. Global goals to maintain biodiversity are formulated 
in the Convention on Biological Diversity (CBD), aiming to halve the rate of loss of biodiver-
sity by 2020 on a global scale and to stop biodiversity loss in the EU (CBD 2010). Protection 
of biodiversity in Europe is anchored in the Habitat Directive (EEC 1992) and implemented 
in the national nature protection policy. Many policy targets are generally formulated, such 
as to stop further deterioration of water quality in the WFD and to improve water quality in 
the Sustainable Development Goals. 

Despite these policy targets set at the national, international and global level and the 
subsequent measures to recover aquatic biodiversity, the ecological status of aquatic eco-
systems is still poor (EEA 2012a). This holds especially for the Netherlands, where nearly all 
waterbodies have an insufficient ecological quality (van Gaalen et al. 2015). Moreover, many 
restoration projects failed (Verdonschot and Nijboer 2002), associated with financial losses. 
To prevent further aquatic ecosystem deterioration, it is thus crucial to accurately define the 
status of aquatic ecosystems, to find out why measures to improve ecological water quality 
are often not successful and why policy targets are not met. Here, it is hypothesized that this 
is due to the policy and knowledge gap between the response of aquatic ecosystems to in-
terventions aiming to restore biodiversity and the socio-economic developments affecting 
these aquatic ecosystems. 

The question thus is how to bridge policy targets and aquatic ecosystem responses. As 
many policy targets are set on the national level or higher and are generally formulated, 
first policy indicators of the status and trends of aquatic ecosystems at the national and 
higher scales are needed. These policy indicators have to meet requirements on policy rel-
evance and on analytical soundness and measurability (EEA 2014a). Next, to decide which 
measures should be taken, the impacts of socio-economic developments and restoration 
measures on aquatic biodiversity must be quantified and cause-effect relationships have to 
be established. For this, sound ecological indicators are needed. Yet, whether aquatic eco-
systems will recover or deteriorate is not only a result of the current threats and restoration 
measures, but also of autonomous developments of human populations and economical 
activities. These autonomous developments must be investigated in long-term studies, an-
alyzing the effect of different autonomous development scenarios on aquatic ecosystems. 
In these scenario studies, the effects of restoration measures can be incorporated to inves-
tigate what are the best policy options.

The final, most crucial, but also most complicated step in bridging policy targets and 
aquatic ecosystem responses would be to link the newly formulated policy and ecological 
indicators of the status of aquatic ecosystems at different scales to the assessment of the 
impacts of socio-economic developments and restoration measures on aquatic biodiversi-
ty. The relevant scale to make this link may run from a local or regional scale, via a national 
and continental scale up to even a global scale. This requires an integrated framework. 
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Conceptual framework

The conceptual framework needed to bridge policy targets and aquatic ecosystem res-
ponses should integrate environmental and ecological indicators on the one hand and so-
cietal indicators on the other. An indicator is defined here as ‘something that provides a 
clue to a matter of larger significance or makes perceptible a trend or phenomenon that is 
not immediately detectable’ (Hammond et al. 1995). Numerous authors provided exam-
ples of conceptual frameworks, which organize and structure indicators in the context of 
a so-called causal chains (Hammond et al. 1995, OECD 1998, 1999, Smeets and Wetering 
1999, Wascher 2000, Bridges et al. 2001, Maxim et al. 2009). Yet, these chains differ between 
the biophysical and societal domains. 

Human impacts on aquatic ecosystems have frequently been studied and numerous 
biophysical indicators for assessment and monitoring of various environmental impacts on 
aquatic ecosystems have been developed (Jungwirth et al. 1998, Hering et al. 2004, Furse 
et al. 2006). Subsequently, the knowledge generated about the linkages between environ-
mental pressures and aquatic communities has been used to derive measures to rehabilitate 
and restore aquatic ecosystems. To this purpose, biophysical conceptual models were ap-
plied to identify cause-effect chains (Feld et al. 2009). Conceptual models are defined here 
as a map of entities (concepts) and their relationships. These maps are used to structure and 
illustrate the relationships of the elements of the cause-effect chains and their qualitative 
and quantitative linkages. Conceptual models can be developed almost arbitrarily complex. 
For example, a single management measure might mitigate the effects of several stressors 
in parallel and thus have various effects on water quantity, water quality and morphology, 
which ultimately control community composition, functional endpoints, and the presence 
and absence of specific taxa. More complex examples might result if multiple management 
measures and their ecological impacts are to be considered in parallel, which may easily end 
up in a messy and thus largely useless web of interconnections. In order to avoid this excess 
complexity on forehand, limiting the number of key variables should be considered.

Indicators of societal and ecological responses (Smeets and Wetering 1999, EEA 2007, 
Niemeijer and de Groot 2008b) can also be shown as causal chain frameworks. The Driv-
er-Pressure-State-Impact-Response framework of the EEA (DPSIR; Figure 1.1; Smeets and 
Wetering 1999) is commonly used to link causes and effects in socio-economic and eco-
logical contexts (Maxim et al. 2009, Timmerman et al. 2011, Hering et al. 2013, Hering et al. 
2015). The main advantage of this approach is its simplicity, which facilitates communica-
tion with non-scientists and the wider end-user and stakeholder communities (Stanners et 
al. 2007, Feld et al. 2011). 

In general, the framework consists of a Driver, e.g. household wastewater discharge. 
The enriched sewage enters surface waters, causing pollution and eutrophication (Pressure). 
This leads to water quality deterioration (State). Furthermore, flow regimes and habitats 
(e.g. substrates) may change negatively (State). Organic waste depletes the oxygen concen-
trations, wiping out many invertebrates and fish, and eutrophication has a stimulating, di-
rect effect on the growth of algae (Impact). In parallel with (un)treated sewage discharge, 
water bodies are morphologically modified and hydrologically changed (Pressure). Resto-
ration and mitigation measures are required to reverse pollution and eutrophication and 
to improve the ecological status of water bodies. Sophisticated wastewater treatment and 
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hydromorphological restoration might reduce the pollution load and restore suited hydro-
morphological conditions (Response).

Although many studies on degradation and recovery of aquatic ecosystems as well as 
several studies on indicators of societal and ecological responses follow parts of the DPSIR 
framework depicted in Figure 1.1, they remain largely theoretically disconnected and act on 
different scales. This may well explain why ecological water quality remains poor, despite 
policy targets set at the local, national, international and global level and the subsequent 
measures to improve water quality, to restore degraded habitats and to recover aquatic 
biodiversity. To halt further aquatic ecosystem degradation, it is therefore an urgent need as 
well as a scientific challenge to unite scientific knowledge on aquatic ecosystems and policy 
measures and to add practical methods to all links in the DPSIR framework.

Figure 1.1. The DPSIR framework (EEA 2007).
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Aim & objectives
The aim of this thesis was to bridge the gap between policy targets and aquatic eco-

system responses to environmental pressures and restoration measures by developing po-
tential methods to describe the links in the DPSIR framework quantitatively. This aim was 
translated into the following objectives:

• To develop science-policy indicators to quantify the status of aquatic ecosystems 
concerning eutrophication and fragmentation on a regional, national and continental 
scale.

• To analyze driver-pressure-state-impact relations for eutrophication and fragmenta-
tion on a regional, national, European and global scale.

• To analyze the effects of restoration measures to combat fragmentation and eutrop-
hication.

• To analyze spatial and temporal scale aspects of the DPSIR framework. 

Outline of the thesis
The first objective is elaborated in chapters 2, 5, 6, 7 and 8; the second objective in 

chapter 2, 3, 4, 7 and 8; the third objective is elaborated in chapter 2, 3, 4, 7 and 8 and the 
fourth objective is elaborated in chapters 2, 3, 4, 5 and 6 (Figure 1.2). These four objectives 
are reviewed in the synthesis (chapter 9). The chapters of the present thesis are organised 
such that they follow the order Drivers, Pressures, States, Impacts and Responses from glo-
bal to local scale, dealing with either eutrophication or fragmentation.

Chapter 2 describes a model to calculate nutrient discharge from urban waste water 
into surface water on a global scale. Socio-economic developments like human populati-
on growth, increased urbanization and increased prosperity (Drivers) were used to quantify 
scenarios on sewerage systems and wastewater treatment, which determine nutrient loads 
to surface water (Pressures). The potential future developments in sewerage and wastewater 
treatment were incorporated into a model to calculate sewer connection of households and 
wastewater treatment on a country scale.

In chapter 3, a model is presented to calculate the nutrient load (Pressure) of lakes in 
the Netherlands. Next, in combination with an ecological model, the nutrient concentra-
tion (State) and the growth of algae and the turbidity of lakes (Impact) are addressed. The 
nutrient load was calculated from a combination of the effluent of wastewater treatment 
plants, diffuse emissions from agriculture, nitrogen deposition and inlet water. In this mo-
del, the hydrology of the lakes was included considering summer and winter water dischar-
ge characteristics to determine the water resident time in the lakes and the source of the 
nutrient load. 

The effects of human interventions were analyzed in chapter 4 for two large lakes in the 
Netherlands, IJsselmeer and Markermeer. In lake Markermeer degradation inducing deve-
lopments were planned, such as new residential and recreation islands, while simultane-
ously also restoration measures were planned, such as new wetlands for nature conservati-
on purposes. In the IJsselmeer measures were planned to change the water level to increase 
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water storage to fulfill the expected water need in agriculture during dry summers. In both 
cases, spatial or hydrological measures (Pressures) in the lakes affecting habitat conditions of 
aquatic biota were quantified to an overall effect on biodiversity (Impacts).

Chapter 5 and 6 present indicators for State and Impact. In chapter 5 are quantitative indicators 
presented for trends in eutrophication in the Netherlands (State). Indicators were developed for nitro-
gen and phosphorus and for specific types of water. The detailed indicators were aggregated into an 
overall indicator for the Netherlands resulting in a national eutrophication trend. 

In chapter 6, the Impact to aquatic biodiversity is described, addressing trends based 
on quantitative diversity indicators of benthic invertebrates, macrophytes and algae. The 
Water Framework Directive prescribes a uniform approach to determine the biological sta-
tus of water bodies, but due to differences in methods, targets and water bodies, different 
years are difficult to compare. In this study, trends for a period of 20 years were presented. 

Chapter 7 and 8 concern the effects of fragmentation of rivers and streams on riverine 
fish species. In both chapters, the current accessibility (State), was related to the historical 
and current distribution of riverine species (Impact). In chapter 7, the effect of fragmentation 
in 33 large rivers on all European anadromous species, fish that migrate from the sea to the 
rivers to spawn, was analyzed. In chapter 8, the effect of fragmentation and habitat quality 
in streams in the Netherlands on the distribution of 5 riverine species was analyzed. In both 
chapters, barriers could be prioritized for restoration (Responses). 

In the synthesis (chapter 9) it is evaluated whether the methods and indicators develo-
ped and applied in this thesis to quantify the DPSIR elements as well as the links in between 
the elements in the DPSIR framework, indeed enhanced its applicability. Finally, the feasi-
bility to bridge the gap between scientific knowledge of aquatic ecosystems responses to 
environmental pressures and restoration measures and the knowledge necessary to take 
policy measures to restore aquatic biodiversity is discussed and conclusions are drawn.

DPSIR framework

 Driver Pressure State Impact Response

Scale Global 2 2 2

National 3 3 3 3

4 4 4

5 6

EU 7 7 7

Regional 8 8 8

Figure 1.2. The chapters of this thesis categorized by the elements of the DPSIR framework and the 
scale of the analysis. The numbers indicate the chapters. Grey shaded areas refer to objective 1, black 
boxes to objective 2, and the dotted box to objective 3 and 4. The vertical axis refer to the spatial 
aspects of objective 4.
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(photo: National Water Commission, CONAGUA, México).
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Global nutrient discharges by households 

Chapter 2

Global nitrogen and phosphorus 
in urban waste water based on the 
Shared Socio-economic Pathways

P.J.T.M van Puijenbroek, A.H.W. Beusen, A.F. Bouwman

Published in Journal of Environmental Management, 2019, 231: 446-456.
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Abstract

This paper presents global estimates of nutrient discharge from households to surface 
water based on the relationships between income and human emissions represented by 
protein consumption, degree of connection to sewerage systems, presence of wastewater 
treatment plants and their level of nutrient removal efficiency. These relationships were 
used to construct scenarios for discharge of nutrients with waste water based on the five 
Shared Socio-economic Pathways for the period from 1970 to 2050. The number of inha-
bitants connected to a sewerage system will increase by 2 to 4 billion people between 2010 
and 2050. Despite the enhanced nutrient removal by wastewater treatment, which will 
increase by 10% to 40% between 2010 and 2050, nutrient discharge to surface water will 
increase in all scenarios by 10% to 70% (from 10.4 Tg nitrogen (N) in 2010 to 13.5–17.9 Tg N 
by 2050 and from 1.5 Tg phosphorus (P) in 2010 to 1.6–2.4 Tg P by 2050). In most developing 
countries, nutrient discharge to surface water will strongly increase over the next decades, 
and in developed countries it will stabilize or decrease slightly. A global decrease in nutrient 
discharge is possible only when wastewater treatment plants are extended with at least 
tertiary treatment in developing countries and with advanced treatment in the developed 
countries. In future urban areas that will be developed over the 2010–2050 period, options 
for recycling can be included in wastewater management systems. A separate collection 
system for urine can yield 15 Tg N yr-1 and 1.2 Tg P yr-1, which can be made available for recy-
cling in agriculture. The SDG 6.3 about safely treated waste water by 2030 will be reached 
in the developed countries in 2030. In the developing countries, the goal will be reached by 
2050 only under SSP1, SSP2 and SSP5.

Key words: nutrients, nitrogen, phosphorus, waste water, sewage, Shared Socioeconomic Pathways
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Global nutrient discharges by households 

2.1 Introduction

Eutrophication accounts for the foremost aquatic ecosystem management problem in 
rivers, lakes, and estuaries around the world (EEA 2012a, OECD 2012, Janse et al. 2015). Eu-
trophication is caused by nitrogen (N) and phosphorus (P) nutrient loading of surface water 
and leads to higher primary production in rivers and lakes (Butcher 1947). Ecosystem ser-
vices, such as drinking water supply, fisheries, aquaculture and tourism, can be negatively 
affected by eutrophication (Diaz and Rosenberg 2008, Zhang et al. 2010)(Diaz and Rosen-
berg 2008). Impacts are not restricted to fresh water, since coastal seas are also affected by 
eutrophication, ultimately leading to harmful algal blooms and hypoxia due to the decay of 
algal biomass (Diaz and Rosenberg 2008, Kemp et al. 2009, Gilbert et al. 2010).

The two most important sources of nutrients in freshwater systems are nutrient losses 
from agriculture and wastewater discharge from households and industry (Bouwman et al. 
2005). In many countries, households are the main point sources of nutrients in densely po-
pulated urban areas and the environmental pressure they cause is determined by the level 
of sanitation, connection to sewerage systems or lack thereof, and presence and level of 
wastewater treatment. Sanitation improvement is strongly determined by national health 
and environmental policy (EEC 1991b, WHO and Unicef 2017b). 

The aim of this paper is to project the future pressures from nutrient discharge from 
point sources based on scenarios, as well as the potential for collecting nutrients from hu-
man waste for recycling in agriculture. We use the Global Nutrient Model (GNM, Beusen et 
al. 2016), which is part of the Integrated Model to Assess the Global Environment (IMAGE, 
Stehfest et al. 2014). GNM includes both diffuse sources (agriculture, natural ecosystems) 
and point sources. The GNM point source model is an update of the model presented by 
Van Drecht et al. (2009) and Morée et al. (2013) with updates of (i) the historical data on 
connection to sewerage systems and wastewater treatment up to the base year 2010, (ii) 
relationships between per-capita incomes and protein consumption, detergent use, con-
nection to sewerage systems, wastewater treatment and nutrient removal efficiency; these 
relationships are used in future scenario projections for these aspects.

We selected the five Shared Socio-economic Pathways (SSPs), the most recent family 
of scenarios developed for the Intergovernmental Panel on Climate Change (Kriegler et al. 
2014, O’Neill et al. 2014a, van Vuuren et al. 2014) (Table 2.1). SSP1 is a scenario in which 
major efforts are made to achieve sustainable development while reducing both resource 
intensity and the use of fossil fuels. SSP2 is a business-as-usual scenario, and SSP3 repre-
sents a fragmented world with regions differing widely in economic development. SSP4 is a 
world with large inequalities. Finally, SSP5 involves traditional development with a focus on 
economic growth and new technology with a continued dependence on fossil fuels. These 
scenarios have already been implemented in IMAGE (van Vuuren et al. 2017b) to assess the 
impact of population growth and economic development on food and energy production, 
land-use change and climate change (van Vuuren et al. 2017a) and fertilizer use and diffuse 
nutrient loads from agricultural land (Beusen et al. 2016, Mogollón et al. 2018). 

Improved sanitation, or hygienic separation of human excreta from human contact 
(Unicef and WHO 2015) constitutes a major goal to improve global health as defined in the 
Sustainable Development Goal (SDG) 6.2, which reads: ‘by 2030, achieve access to ade-
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quate and equitable sanitation and hygiene for all and end open defecation, paying special 
attention to the needs of women and girls and those in vulnerable situations’ (UN 2015). If 
improved sanitation would be realized through the construction of sewerage systems that 
directly discharge into surface water (i.e. lacking wastewater treatment) or with only pri-
mary treatment, this may result in an increase in nutrient loading (Ligtvoet et al. 2014). Hen-
ce, a scenario of population growth and policy strategies aimed at achieving SDG 6.2 can 
result in an increase in nutrient loading, particularly if not combined with SDG 6.3, which 
reads: ‘by 2030, improve water quality by reducing pollution, eliminating dumping and mi-
nimizing release of hazardous chemicals and materials, halving the proportion of untreated 
waste water and substantially increasing recycling and safe reuse globally’ (UN 2015). We 
will therefore assess the outcomes of the SSPs, in terms of how the environment progresses 
towards SDG 6.3.

The collection of human excreta from urban areas for use in agriculture was common 
up to the early 20th century, most substantially in Europe, Asia, and North America (Morée 
et al. 2013). With the increasing number of households with access to sewerage systems, 
this recycling of human excretion became less common over the course of the 20th century, 
and nowadays is only practiced in developing countries. In the future, recycling of nutrients 
for agricultural use will have to become more important, especially since global phosphorus 
reserves are being depleted (van Vuuren et al. 2010, Cordell et al. 2011, Mihelcic et al. 2011). 

Table 2.1. Total and urban population, GDP and description of the five SSPs.

Property SSP1 SSP2 SSP3 SSP4 SSP5

Keyword Sustainabil-
ity

Middle of 
the road

Fragmenta-
tion

Inequality Convention-
al develop-
ment

Total population in 
2050 (106 inhabitants 
and % relative to 2010)

8477 (+23%) 9181 (+33) 9963 (+45) 9213 (+33) 8629 (+24)

Urban population in 
2050 (106 inhabitants 
and % of population)

6549 (77) 6154 (67) 5445 (55) 6952 (76) 6654 (78)

GDP/capita in 2050 
(1000 US$ and % in-
crease related to 2010)

34(+243) 25(+156) 18(+83) 24(+146) 43(+330)

Technological develop-
ment

Rapid Medium Slow Slow Rapid

Progress towards devel-
opment goals

Good Some Failure to 
achieve 
goals

Highly 
unequal

Market-driv-
en

Inequality Less Medium High High Less

Attitude towards envi-
ronmental problems

Proactive Indifferent Reactive Reactive Reactive
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Various options for gathering human excretion are available, such as separate collection of 
human urine from households or public toilets, as 80% of total human N excretion and 62% 
of total human P excretion are in urine (Mihelcic et al. 2011, Roy 2017, Simha and Ganesapil-
lai 2017). Struvite can be produced from urine separately or in combination with feces and 
household waste, which can be used as NP fertilizer (Cordell et al. 2011, Wielemaker et al. 
2018). For the rural population, there are small-scale solutions to use P as fertilizer, some-
times in combination with biogas production (Cordell et al. 2011).

2.2 Material and methods

2.2.1 Global Nutrient Model 
The IMAGE-GNM point source model is discussed in detail in Van Drecht et al. (2009) 

and Morée et al. (2013). Here, we first present a brief outline, and in the following sections 
we discuss the updates of both the model and input data. Concerning the household emis-
sions of nutrients, the model uses human food consumption as the main source of N and P 
in household waste water, N and P emissions from industry, and P emissions from the use 
of detergents (Figure 2.1). Human nutrient intake is based on food protein intake, which is 
corrected for retail and household waste and for protein stored in hair, nails and skin, etc. 
The total of urine and feces excretion is assumed to equal intake minus losses. P emissions 
from detergent depend on the use of laundry and dishwasher detergents and the content 
of P in the detergent. 

The fate of household waste water depends on the presence or absence of a sewerage 
system (Figure 2.1). Part of the waste water from inhabitants not connected to a sewerage 
system may be recycled in agriculture, or it ends up in the ‘other’ pool, together with leak-
age from sewerage systems, retail and household waste. The effluent of sewerage systems 
can be treated by wastewater treatment plants or directly be discharged to surface water. 
Without a sewerage system, excreta is collected either in septic tanks or pit latrines, or there 
is open defecation. The level of nutrient removal depends on the type of wastewater tre-
atment. 

Future total discharge of nutrients to surface water is affected by socio-economic dri-
vers quantified in the SSP scenarios (Figure 2.1): (i) the total volume of household emissi-
ons is directly proportional to the population size; (ii) income affects protein consumption 
through the human diet, as well as the use of laundry and dishwasher detergents; (iii) the 
construction of sewerage systems and wastewater treatment plants is a response to health 
and environmental problems. This is a long-term investment and is related to the per-capi-
ta income in each country or region. In addition, the attitude towards health and environ-
mental problems, available technology and equality are aspects that we use in the scenario 
storylines for the urgency and willingness to construct sewers and wastewater treatment 
plants.
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2.2.2 Model update
Data on total, urban and rural population and per-capita incomes are available on all 

countries, for the period from 1970 to 2010 and 2010 to 2050, for the SSPs (Jiang and O’Neill 
2017, KC and Lutz 2017) (Table 2.1, Appendix 2.A2). Income is expressed in Gross Domestic 
Product (GDP) per capita, measured in purchasing power parity (PPP) and expressed in US 
dollars (2005 exchange rate) (Leimbach et al. 2017). For protein consumption, sewerage sys-
tem connection (SC), nutrient removal (NR) by wastewater treatment plants, and detergent 
use, we regressed historical data aggregated to the scale of world regions against per-ca-
pita GDP. The resulting regression equations were used to construct future regional trends 
based on GDP scenarios for the SSPs, from the year 2011 onwards. These regional trend 
lines were matched to the base year data for individual countries within each region using 
country-specific correction factors. The regression equations for protein consumption, SC 
and NR are shown in Figures 2.2 a, b, c. For each regression equation five regression models 

Humans Food

    Excreta    

Sewer

Treatment

Removed 
nutrients

No sewer

Agriculture Surface water     Other    

No treatment

Retail and
household wasting

Sewer losses

Main
nutrient
fluxes

System
losses

Detergent P
Population

size

Investments
in sewers and

wastewater
treatment

Urbanisation

Income

Health and
environmental

policy

Technology

Income
Environmental policy

Figure 2.1. Scheme of the wastewater nutrient flows in the IMAGE Global Nutrient Model (GNM). In 
the model, income is a driver of per capita protein consumption and of use of detergents; P content 
of detergents depends on environmental regulations; total fluxes are determined by population 
size. Sewerage connection and wastewater treatment are also related to income and can reduce 
nutrient discharge to surface water. Health and environmental policy and available technology are 
implemented in the scenarios in a qualitative way. Scheme is modified from Morée et al (2013).
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Figure 2.2. Relationship between GDP and (a) protein consumption (R2=0.73), (b) sewerage connec-
tion (SC; R2=0.81) and (c) nutrient removal (NR; R2=0.85) for image regions and (d) change in SC and 
NR for a hypothetical country in the SSP2 world moving from low GDP to high GDP. The equations 
for the years 1990, 2000 and 2010 separately and for all years together are nearly equal. For protein 
consumption and sewerage connection were a logarithmic regression model used and for nutrient 
removal a linear (S.I. 5).
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(linear, exponential, logarithmic, polynomial and power) were compared using the correla-
tion coefficient R2, the root mean square error and mean absolute error (Janssen and Heu-
berger 1995), to select the model with the best fit (S.I. 5).

Protein consumption is based on FAO data (2017). Protein consumption can be related 
to income (Grigg 1995, Bijl et al. 2017) and for countries without data on protein consumpti-
on and for the future protein consumption in scenarios, we used this correlation using data 
on IMAGE regions (Appendix 2.A1) for the years 1990, 2000 and 2010 (Figure 2.2a), which 
resulted in regression equations similar to Billen (2013). 

Data for SC are based on the previous model version (van Drecht et al. 2009, Morée et 
al. 2013) and updated with information retrieved from the Joint Monitoring Program (JMP) 
and OECD (WHO and Unicef 2015, OECD. 2016). The JMP database includes country-scale 
SC data based on national studies, but for most countries were only a few years available. 
Therefore, annual data for periods of 10 years were averaged to obtain decade information. 
In case of disagreement between JMP and OECD, OECD was selected. The data set thus 
obtained provides information on 200 countries, whereby 30 countries are based on OECD 
data, 142 countries on JMP data and 28 were either extrapolated to the year 2010 using past 
trends or corrected in the case of discontinuities (in S.I. 6 of van Puijenbroek et al. 2019). 

Country-scale data on wastewater treatment on a global scale were available from Van 
Drecht et al. (2009), Reder (2017), OECD (2016) and UN (2017) according to the following 
scheme: OECD data were used for all countries with available data; for missing countries, 
data from Van Drecht et al. (2009) were used and compared with those collected by Reder 
and corrected if necessary (2017) (in S.I. 6 of article). The UN data include total treatment 
without distinguishing treatment types and were used to compare with the sum of the tre-
atment types calculated from the other data sources; in case of a difference, all treatment 
types were corrected to match with UN total treatment. For China, NDRC data were used 
(NDRC 2016). 

We distinguish primary, secondary and tertiary treatment with corresponding nutrient 
removal fractions (Table 2.2). The percentage removal by tertiary wastewater treatment 
was according to current levels of nutrient removal in Germany (EEA 2014b). For the scena-
rios, we also used the quaternary treatment type with N and P removal fractions of 0.95 
(Table 2.2). For scenario projections, removal fractions of nitrogen (NRN) and phosphorus 
(NRP) are combined to the overall Nutrient Removal fraction (NRNP): 

NR f NR f NR f NR fNP
prim prim

NP
on on

NP
tert tert

NP
quat� � � �* * * *

sec sec
NNRquat

NP

              
(1)

where fprim, fsecon, ftert and fquat are fractions of total population with access to primary, 
secondary, tertiary or quaternary wastewater treatment installations, respectively.

Regarding laundry and dishwasher detergents, we updated the equations with per-ca-
pita GDP, as used by Van Drecht et al (see Appendix 2.B for an extended description). We 
assumed a P concentration of 0.0625 g P/g detergent for laundry detergents and 0.0006 g 
P/g detergent for P-free detergents; for dishwasher detergents we used 0.177 and 0.01 g P/g 
detergent for standard and P-free detergents (van Drecht et al. 2009), according to recent 
European Union regulations (EC 2011, EU 2012).

Nutrient emissions from households lacking SC are an important flux, since, for exam-
ple, most of the 40 investigated African cities with more than a million inhabitants lacked 
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Table 2.2. Nitrogen, phosphorus (NRN and NRP) and overall nutrient removal fraction (NRNP) for prima-
ry, secondary, tertiary and quaternary waste water treatment.

Primary Secondary Tertiary Quaternary

NRN 0.1 0.35 0.8 0.95

NRP 0.1 0.45 0.9 0.95

NRNP 0.1 0.4 0.85 0.95

 
 

a functioning sewerage system (Miller and Parker 2013). In cities lacking sewerage systems, 
part of the waste is recycled in agriculture, and the remainder is drained via ditches or canals 
(Miller and Parker 2013, World Bank 2016, SFD 2017). In many sub-Saharan African cities, 
up to 60% of human excretion is discharged largely uncontrolled during heavy rainfall (Ny-
enje et al. 2010). We assumed that N in the waste water from urban households that lack 
sewerage system connection is reduced by 20% due to ammonium volatilization and both 
nutrients are reduced by agriculture recycling. The estimates for local agricultural nutrient 
recycling were taken from Morée et al. (2013). The remaining part was split into a urine part 
of 80% N and 62% P which is discharged to surface water and a faeces part which is locally 
accumulated in soil or groundwater. 

2.2.3 Scenario-specific input data 
Table 2.1 gives a brief description of each of the five SSPs in terms of total and urban 

population, GDP and other qualitative aspects, such as sustainability, environmental goals, 
equality and technology. Future protein consumption is calculated from per-capita GDP 
with an equation that is common to all SSPs (Figure 2.2a):

protein consumption = 14.907  * ln( GDP ) - 48.767                 (2)

The equations for calculating future SC and NR (Figures 2.2b and 2.2c) have scena-
rio-specific factors. For SC the equation is as follows: 

SC =  f_SCscenario* (22.969 * ln (GDP) - 162.12 + f_SCcountry)                 (3)

where f_SCscenario is a scenario-specific multiplier (Table 2.3), and f_SCcountry is the coun-
try-specific correction to match calculated values to the data for 2010 (Figure 2.2b). The 
maximum overall SC depends on the fraction of the rural population with a sewerage sys-
tem connection, which has a maximum value of 10% to 50%, depending on the SSP (Table 
2.3). Finally, NR is calculated according to:

NR = min ( f_NRscenario* ( 0.0013 * GDP - 2.9578 +  f_NRcountry ), SC * NR_maxscenario  )    (4)

where f_NRscenario is a scenario-specific multiplier, f_NRcountry the country-specific correcti-
on to match the result of Equation 4 with data for 2010, and f_NR_max is the maximum 
achievable nutrient removal fraction which varies per scenario (Table 2.3). In SSP1, with 
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good progress towards sustainable goals and SSP5 with rapid technological development, 
this maximum removal is 95% assuming that quaternary treatment is added to tertiary 
wastewater treatment plants. This high level of nutrient removal is already achieved for N 
and P in some countries, for example in Germany (EEA 2014b). We therefore used this level 
of nutrient removal as a maximum achievable removal fraction for SSP1 and SSP5 with so-
mewhat lower values in the other SSPs (Table 2.3). Countries with a GDP below US dollars 
2,500 are assumed to have no wastewater treatment or a stable treatment level from 2010 
onwards. 

Overall nutrient removal needs to be translated to the four types of wastewater treat-
ment. Since wastewater treatment plants have a lifetime of 30 years or more, the situation 
in 2010 is the basis for calculating the situation in 2020, and this result was used for 2030, 
and so on. Countries with a low GDP are supposed to build primary treatment plants while 
countries with a high GDP build tertiary treatment plants. In western Europe, primary was-
tewater treatment plants were extended with secondary treatment and later, with terti-
ary treatment installations. This process was modelled for each country, for year t, in three 
steps: (i) the percentage of sewerage system connection and access to the various types of 
treatment systems in year t-10 was used as a starting point; the treatment type with highest 
percentage being the dominant one; (ii) for year t, first, additional nutrient removal (NRt – 
NRt-10) was achieved by reducing the percentage untreated sewage and increasing the level 
of the dominant type; (iii) if the first two steps did not yield the required overall nutrient 
removal level, first primary treatment was upgraded to secondary treatment, next, secon-
dary to tertiary and, finally, tertiary to quaternary treatment to arrive at the required overall 
nutrient removal level. Using this stepwise iterative approach, we modelled the successive 
upgrade of treatment levels as demonstrated for a hypothetical country with increasing 
GDP (Figure 2.2d).

The use of P-free detergents is currently regulated by environmental policies in the EU, 
United States and certain other countries. In the scenarios, we distinguished reactive en-
vironmental policies (in SSP3 and SSP4) and proactive environmental policies (in SSP1); in 
the SSP2 scenario (business-as-usual) and in SSP5, attitudes towards the environment are 
assumed to be less proactive than in SSP1. Banning detergents with a high P content is im-
plemented in the 5 scenarios for 2050, using the following criteria: (i) in SSP1, all countries 
with a GDP of more than USD 20,000 per capita in 2050 will have full penetration of P-free 
detergents; (ii) in SSP2, all countries with a GDP above USD 40,000 per capita in 2050 will 

Table 2.3. Scenario specific coefficients for 2050. Coefficient values are linearly interpolated between 
2010 and 2050. 

2010 SSP1 SSP2 SSP3 SSP4 SSP5

f_SC Fraction sewerage connection 1 1.1 1.0 0.9 0.95 1.05

f_NR Fraction nutrient removal 1 1.1 1.0 0.9 0.95 1.05

f_rural Fraction rural connection 0 0.5 0.3 0.1 0.1 0.5

f_NR_max Maximum percent nutrient removal 
(%)

85 95 90 85 85 95
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have full penetration of P-free detergents; (iii) in SSP3, standard P containing detergents 
will still be permitted in 2050; in countries currently using P-free detergents, half of the 
detergent use will consist of P-free detergents in 2050; (iv) in SSP4, with less environmental 
policy, the level of penetration of P-free detergents is between that in the current situation 
and in the SSP2 scenario for 2050; (v) in SSP5, all countries with a GDP of more than USD 
30,000 per capita in 2050 will have full penetration of P-free detergents. In all other cases, 
we assumed the use of P-based laundry and dishwasher detergents. The use of P-free de-
tergents for years between 2010 and 2050 was obtained by linear interpolation. 

2.2.4 Sustainable Development Goals and recycling potential
In the SDG 6.3.2, waste water that is safely treated is defined as the sum of i) sewer and 

septic tank content treated in at least a primary wastewater treatment plant, and ii) pit la-
trines and composting toilets whereby the waste is disposed in situ (excreta remains safely 
buried when pit latrine is full) (WHO 2016). The percentage of pit latrines whereby the waste 
is safely disposed in situ was obtained from recent data from JMP (WHO and Unicef 2017a), 
which were aggregated to IMAGE 27 regions (Appendix 2.A1). The fraction safely treatment 
in the scenarios is calculated as the sum of the calculated percentage wastewater treatment 
and the fraction safely disposed of in situ. 

The construction of sewerage systems and wastewater treatment facilities provides 
opportunities to recycle the nutrients contained in the waste water. In this study, we quan-
tified the amounts of N and P on the basis of the projected number of future inhabitants 
with a sewerage system connection, in both urban and rural areas. This recycling is assumed 
to occur in SSP1 and SSP5, the scenarios with the most progress towards sustainability and 
with rapid technological development. 

2.3.5 Sensitivity analysis
Since many model parameters are uncertain, a sensitivity analysis was performed to se-

lect the most important model parameters in terms of their effect on N and P discharge for 
the year 2010, and for 2050 for the five SSPs. This was done using Latin hypercube sampling 
(LHS) (Saltelli et al. 2000), using default ranges prescribed for each parameter (Morée et al. 
2013). LHS can be used in combination with linear regression to quantify the uncertainty 
contributions of the input parameters to the model outputs. We performed 1000 runs for 
2010 and 2050, for five SSPs. Standardised regression coefficients (SRCs) were computed 
for combinations of input parameter and the model output N and P discharge. 
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2.3 Results

2.3.1 Connection to sewerage system and wastewater treatment
The part of the global population with an SC increased from 21% to 36% between 1970 

and 2010, which is a threefold increase from 780 million to 2.5 billion (Table 2.4). Despite 
this improvement, the number of people without such a connection increased by a factor of 
1.5. Under the scenarios, sewerage connections will increase in all regions, both in percen-
tages and in absolute levels (Figures 2.3 and 2.4). Up to 2050, the number of people with an 
SC will increase from 2.5 billion to between 4.6 and 6.6 billion. 

Results are aggregated to the level of 10 world regions (Appendix 2.A1). In most regions, 
the number of people without an SC will decrease, except in SSP3 where it will increase by 
20% (Figure 2.4, Appendix 2.A2). In SSP2 and SSP4, the number of people without an SC will 
increase in Africa and the Middle East, as a result of the rapidly growing population. The 
largest increases in the number of people connected to a sewerage system will take place in 
South Asia and China, followed by sub-Saharan Africa and Southeast Asia. For South Asia, 
the number of inhabitants with an SC will increase from 160 million people today to bet-
ween 0.9 and 1.3 billion by 2050.

In 1970, in Europe, wastewater treatment was limited to primary treatment (Figure 2.4). 
By 2010, already 28% of the global population had access to some type of wastewater treat-
ment. For 2050, between 44% (SSP3) and 74% (SSP1) is projected to have access to waste-
water treatment. Primary treatment is the most common type of treatment in sub-Saharan 
Africa, secondary treatment is most common in Southeast Asia and tertiary treatment in 

Table 2.4. Global population in million inhabitants with and without SC and population with access 
to the different types of waste water treatment, overall nutrient removal NRNP, and global emissions 
of N and P for 1970, 2010 and 2050 for the five SSPs

1970 2010 SSP1 SSP2 SSP3 SSP4 SSP5

No SC 2915 4434 2160 3579 5375 4225 1990

SC 779 2456 6317 5602 4588 4911 6585

Wastewater treatment

Primary 183 860 709 1043 1305 817 447

Secondary 144 567 2773 2780 2086 2197 2363

Tertiary 5 508 1972 1413 1035 1702 1720

Quaternary 0 0 838 303 0 0 2036

NRNP (%) 2 11 43 29 19 26 51

Emissions (Tg)

N (% change 
since 2010)

5.2 10.4 15.7 
(+50)

16.9 
(+62)

15.8 (+51) 17.9 (+71) 13.4 
(+29)

P (% change 
since 2010)

0.8 1.5 1.7 (+17) 2.4 (+63) 2.4 (+68) 2.4 (+68) 1.6 (+11)
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Figure 2.3. Sewerage connection per country in 1970 (a), 2010 (b) and 2050 (c) for the SSP2 scenario. 



28 D
R

P S I

Chapter 2



29

2

Global nutrient discharges by households 

the other regions. With the availability of new technology, quaternary treatment will start 
to play a role in high-income countries, in SSP1, SSP2 and SSP5. 

2.3.2 Discharge to surface water
Nutrient discharge to surface water increased from 5.2 to 10.4 Tg N yr-1 and from 0.8 to 

1.5 Tg yr-1 P, respectively, between 1970 and 2010, and will increase further to 13.4–17.9 Tg N 
yr-1 and 1.6–2.4 Tg P yr-1 by 2050, in the SSPs (Table 2.4, Figure 2.5). Up to 2030, the increase 
in nutrient discharge under SSP5 will be 50% for N and 35% for P, whereas for the subse-
quent period up to 2050, it is projected to decrease, but not below 2010 levels (Figure 2.5). In 
SSP1, N discharge will increase over the whole scenario period up to 2050, while P discharge 
will increase up to 2030, followed by a slight decrease until 2050. In the other SSPs, nutrient 
discharge levels will continue to increase up to 2050. 

Figure 2.4. Number of inhabitants lacking a sewerage connection, with a connection to sewerage 
systems and without access to wastewater treatment and with access by treatment type for 1970, 
2010 and 2050 for the five SSPs for 10 world regions (a), nitrogen (b) and phosphorus (c) discharge 
to surface water.

Figure 2.5. Global N (a) and P (b) discharge to surface water for the period 1970-2010 and 2010-2050 
for the five SSP scenarios.
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The largest increases are projected for sub-Saharan Africa (by a factor of 4 to 8) and 
South Asia (by a factor of 3 to 5) (Figure 2.4, Appendix 2.A2, 2.A4). Between 2010 and 2050, 
the combination of population growth, urbanization and income growth in sub-Saharan 
Africa will result in an increase in people with a sewerage system connection, from 9 times 
more people in SSP3 and SSP4 to 16 times more people in SSP1 and SSP5; for SSP2, the re-
sults will be somewhere in-between. Despite the higher levels of nutrient removal in SSP1 
and SSP5, the increase in the sub-Saharan population will not be compensated by more 
removal of nutrients in treatment plants, and total discharge to surface water will still in-
crease over the whole period up to 2050. 

In North America, Western and Central Europe, Russia and Central Asia, Japan and Oce-
ania, the SSP1, SSP2, SSP4 and SSP5 scenarios show decreasing or stable nutrient discharge, 
while in SSP3 the discharge level will increase slightly towards 2050 (Figure 2.4, Appendix 
2.A2). These differences are the result of different levels of wastewater treatment with rel-
atively stable population levels. Under SSP3, the combination of the smallest population 
size with the lowest level of nutrient removal, for these regions, results in the highest lev-
els of nutrient discharge. Projections for Central and South America show future decreases 
ranging from 5% for N and 40% for P in SSP5, to increases by 50% in SSP3. Population size 
in the China region is more or less the same under all scenarios (Figure 2.4), with a peak in 
2020–2030, while GDP is projected to increase between 2010 and 2050 by a factor of 6 to 9 
(Appendix 2.A2). In SSP1 and SSP5, there is a shift towards advanced, quaternary treatment 
in this region, due to rapid GDP growth, and this will reduce nutrient discharge to a third of 
the current levels, while under the other SSPs, the discharge level remains stable from 2010 
onwards. 

Differences between the SSPs in projected discharge levels are the highest in sub-Sa-
haran Africa, closely followed by South Asia, whereas in Europe, North America, Japan and 
Oceania, differences vary between 40% and 80% (Figure 2.4, Appendix 2.A2). For most re-
gions except sub-Saharan Africa, the highest discharge levels are seen in SSP3, and the low-
est in SSP5. For sub-Saharan Africa, SSP1 and SSP5 show the largest increases in nutrient 
discharge from waste water, and SSP3 shows the smallest (Figure 2.4). 

2.3.3 Sensitivity analysis
We discuss model significant parameters with SRC values of <-0.2 or >0.2 (which is an 

important contribution of >4% to model output) for global N and P discharge (Appendix 
2.A3). For all years and all scenarios, total population (SRC=0.40 for N and 0.36 for P in 2010), 
sewerage connection (SRC = 0.38 for N and 0.53 for P in 2010), parameters related to food 
consumption (protein consumption, N in proteins and P:N ratio in food; e.g. SRC for protein 
consumption is 0.38 for N and 0.21 for P in 2010) and urban population (0.22 for N and not 
important for P in 2010) were the most important parameters (both significant and with 
an SRC of greater than 0.2), which together determine the total human nutrient input to 
sewerage systems. This is completely in line with the results of the sensitivity analysis for 
the year 2000 presented by Morée et al. (2013). The SRC values for N and P discharge for 
the total population and urban population, under the scenarios for 2050 are comparable 
to those in 2010. SRC values for sewerage connections are lower than those of 2010 under 
SSP1 and SSP5 (due to more efficient nutrient removal and thus lower discharge levels per 
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capita), while under SSP3 the SRC values exceed those of 2010. The removal of nutrients in 
advanced treatment systems (tertiary and quaternary) are also important (significant and 
with an SRC of less than -0.2) processes that strongly reduce nutrient flows. 

We recognize that there are regional differences. For example, in countries where a lar-
ge fraction of households has a laundry machine and dishwasher, a change in detergent use 
or use of P-free detergents will have a larger impact on the P discharge to surface water than 
in countries where the use of such machines is less prevalent. Also, in countries without 
advanced treatment plants, increases in the N or P removal efficiency will have a smaller 
effect on discharge levels than in countries with full access to advanced treatment systems.

2.3.4 Recycling of nutrients in agriculture
In 2010, the recycling of nutrients in agricultural production systems had globally been 

reduced to 2%, but the construction of sewerage systems and wastewater treatment facili-
ties in the future offers possibilities for more nutrient recycling. We investigated the options 
for recycling under SSP1 and SSP5, with 4 billion people newly connected to a sewerage 
system between 2010 and 2050, resulting in an increase in the volume of nutrients in se-
wage effluent average by an average factor of 2.7 (Table 2.5). Assuming that all new houses 
and future construction of sewerage systems would include separate urine collection and 
diversion systems, this would allow for recycling of 15 Tg N yr-1 and 1.2 Tg P yr-1 in SSP1, and 
17 Tg N yr-1 and 1.3 Tg P yr-1 in SSP5. With increasing income levels and population growth, 
household and retail losses will also increase by 2.5 Tg N yr-1 and 0.25 Tg P yr-1. In the rural 
area, about 80 to 100 million people will be connected to sewerage systems, from which the 
sewage could also be collected and recycled.

Table 2.5. Total global population with a connection to sewerage systems in urban and rural areas, 
household and retail waste fluxes, and sewage influent for 2010 and the increase between 2010 and 
2050 for SSP1 and SSP5 to demonstrate the effect of possible options for recycling nutrients.

Population in million people 2010 SSP1 SSP5

    Urban population with sewerage 
    connection

2367 +3763 +4029

    Rural population with sewerage 
    connection

89 +98 +100

Nutrient fluxes (Tg yr-1) N,2010 P,2010 N,SSP1 P,SSP1 N,SSP5 P,SSP5

    Household and retail losses 4.5 0.4 +2.3 +0.2 +2.7 +0.3

    Emission from households 10.9 1.7 +21.3 +2.1 +23.8 +2.6

        Nutrients in urine (80% N, 62% P) 7.7 0.6 +15.2 +1.2 +17.0 +1.3

        Nutrients in feces (20%N, 38%P)         1.9 0.3 +3.8 +0.7 +4.2 +0.8

        Loss from sewer pipes 1.2 0.2 +2.3 +0.2 +2.6 +0.3

      Detergents 0.6 +0.0 +0.2
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2.4 Discussion 

For this paper, we used recent, global information on connections to sewerage systems 
and wastewater treatment (WHO and Unicef 2013, OECD. 2016, UN 2017, WHO and Unicef 
2017a) to produce an update of the input data of the previous model version (Morée et al. 
2013). Parallel to the updating of the data on sewerage connection and nutrient removal, 
we were also able to validate the data that originated from Van Drecht et al. (2009). For 
most countries, estimated total treatment according to Van Drecht et al. (2009) for 2000 
was comparable with data from UN (2017) and Reder (2017), whereby for some countries 
a correction was needed (Appendix 2.A6). However, for several countries, the data on the 
level of wastewater treatment are less certain than on the connection to sewerage systems. 
Other uncertainties in the calculated nutrient discharge include variability in the nutrient 
removal efficiency for the various types of wastewater treatment, agricultural recycling and 
the ‘other’ fates of nutrients (Figure 2.1). A source of P that has been ignored due to a lack of 
data is the addition of orthophosphate to drinking water (between 1 and 2 mg P/l) to reduce 
lead concentrations in tap water (WHO 2011, Comber et al. 2013).

The total discharge for the year 2000 is estimated by Morée et al. (2013) at 7.7 Tg N yr-1 
and 1.0 Tg P yr-1, which is slightly below our estimates of 8.4 Tg N yr-1 and 1.1 Tg P yr-1. A re-
cent study (Mekonnen and Hoekstra 2017), which was largely based on the studies by Van 
Drecht et al. (2003) and Morée et al. (2013), calculates an even lower total discharge of 0.9 
Tg P yr-1 for the year 2000. The differences are caused by including households without a 
sewerage system connection in our updated approach. On a smaller scale, our results show 
good agreement with Dutch national statistics for 1990, 2000 and 2010, for both nutrients 
(CBS et al. 2017).

For all years and all scenarios, total population, urban population, protein consumption 
and sewerage connection were the most important (both significant and with an SRC of > 
0.2) parameters determining the total human nutrient input to sewerage systems. Nutrient 
removal in advanced treatment systems (tertiary and quaternary) consists of processes that 
strongly reduce nutrient flows.

Our results show that global nutrient discharge to surface water will increase under all 
SSPs. In industrialized countries with slow population growth, such as Europe, Russia and 
Central Asia, North America, China, Japan and Oceania, further improvement in wastewater 
treatment to at least tertiary treatment will reduce or stabilize nutrient discharge (Appendix 
2.A4). By contrast, in sub-Saharan Africa and South and Southeast Asia, rapid population 
growth and urbanization in combination with lagging development of wastewater treat-
ment results in dramatic increases in nutrient discharge under all SSPs. 

The construction of new sewerage systems and wastewater treatment plants is projec-
ted to occur more rapidly under SSP1 and SSP5 than under the other scenarios, which, for 
most regions results in lower nutrient emission levels. Sub-Saharan Africa shows a different 
pattern, with low incomes and either no wastewater treatment or only primary treatment 
in 2010. For 2050, SSP1 and SSP5 projects highest SC and NR and SSP3 projects lowest of 
both. In combination with the growth of the population, SSP1 and SSP5 project the highest 
nutrient emission levels, while SSP3 projects the lowest levels. The investments in sewerage 
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systems help to reduce human health problems, but without appropriate wastewater treat-
ment, result in more emissions to the ecosystems. 

Nutrient emission levels start to decline after 2040 under SSP1 and SSP5. This is a result 
of high economic growth in both scenarios and is in line with the storylines whereby SSP1 
has progress towards sustainability and SSP5 has rapid technological development. Advan-
ced, large-scale quaternary treatment may lead to decoupling of population growth and 
nutrient discharge. This also allows recycling nutrients for agricultural use. Several recent 
studies on nutrient recycling fail to quantify the amount of N and P that can be recycled 
(Cordell et al. 2011, Mihelcic et al. 2011, Roy 2017). In this study, options to recycle nutrients 
were quantified on the basis of the increase in urban development. We recognize that more 
N and P could be collected if existing sewerage systems would be adapted or replaced, for 
example with systems that have separate urine collection.

Development of wastewater treatment installations could also occur more rapidly than 
in our scenarios, where we assumed a fixed sequence from no treatment to primary, then 
secondary and tertiary, and finally, in SSP1 and SSP5, quaternary. However, other more di-
rect routes are also possible.

This scenario analysis indicates that it is difficult to achieve the SDG 6.3 (71% safely trea-
ted waste water by 2030; Table 2.6). This objective is not achieved by 2030 under any of the 
SSPs, although SSP1 and SSP5 show good progress and would achieve this SDG just after 
2030, and under SSP2 by 2050. Under SSP3, SDG 6.3 will be achieved by 2050 in Western 
and Central Europe, China, Japan and Oceania. Especially in sub-Saharan Africa and South 
Asia, the level of treatment will be insufficient under nearly all scenarios. The difficulties 
that countries have in achieving SDG 6.3 are manifold, and are mainly related to poverty, 
poorly functioning institutions and inequality (WHO and Unicef 2017b). For example, alt-
hough there is progress in improving sanitation in many countries, in 23 low-income coun-
tries between 1990 and 2015 there was no improvement or even a decline in the fraction of 
the population with access to improved sanitation (Alagidede and Alagidede 2016, Satter-
thwaite 2016). Data on 40 cities in sub-Saharan Africa with more than 1 million inhabitants 
show that most of those cities had minimal or no sewerage systems in place and, often, 
there was no plan to improve on this situation (Miller and Parker 2013). 

Our results also show that the health situation and the environment in many deve-
loping countries, next to increasing the number of people connected to a sewerage system, 
would require rapid development of wastewater treatment systems, preferably tertiary of 
more advanced facilities. 

2.5 Conclusions

Our results show that the number of people with a sewerage system connection will in-
crease by 2 to 4 billion in the coming decades. Despite increased nutrient removal in future 
wastewater treatment facilities, nutrient levels in waste water will increase by 10% to 70% 
in the 2010–2050 period. Peak nutrient discharge levels will occur under SSP1 and SSP5 in 
the 2030–2040 period, while under the other scenarios, increases are projected to continue 
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over the full 2010–2050 scenario period. The largest increases in nutrient emissions will take 
place in sub-Saharan Africa and South Asia, while in the developed countries, emission le-
vels will decrease or stabilize after 2020. The highest nutrient discharge is projected under 
SSP3 for most world regions except for sub-Saharan Africa. In sub-Saharan Africa are the 
highest discharge levels projected under SSP1 and SSP5, due to lagging nutrient removal in 
wastewater treatment systems. Nutrient collection in new urban and rural sewerage sys-
tems as assumed in SSP1 and SSP5 may yield substantial amounts of both N and P for recy-
cling in agriculture. These results show that, in developing countries with high population 
growth, a further deterioration of the water quality may occur if sewerage system connec-
tion is not accompanied by adequate wastewater treatment to remove nutrients. The SDG 
6.3 —safely treated waste water by 2030— will be achieved in the developed countries, 
except for under SSP3 and SSP4, where this goal will not be achieved until 2050. In the de-
veloping countries, the goal will be achieved by 2050, under SSP1, SSP2 and SSP5.

Table 2.6. Treated wastewater (%) in 2010, 2030 and 2050 for the five SSPs, and the SDG target for 
2030. Grey shaded values indicate scenario-years for which the SDG target is not met.

SSP1 SSP2 SSP3 SSP4 SSP5

'10 SDG 
tar-
get

'30 '50 '30 '50 '30 '50 '30 '50 '30 '50

North America 73 87 93 99 88 93 83 83 87 91 92 99

Central and South 
America

44 72 76 93 71 80 65 67 68 75 76 94

Middle East and 
Northern Africa

41 71 67 81 62 72 57 60 61 70 68 84

Sub-Saharan Africa 18 59 36 74 29 54 26 35 25 31 37 78

Western and Central 
Europe

83 91 95 100 92 97 88 90 91 97 95 100

Russia and Central 
Asia

47 74 71 88 66 77 62 66 66 75 72 90

South Asia 23 61 49 76 44 61 40 46 42 54 50 79

China Region 46 73 95 100 86 98 76 81 88 100 95 100

Southeast Asia 33 67 59 83 55 70 52 58 54 64 61 87

Japan and Oceania 89 94 96 99 95 98 94 94 95 96 96 99

Global 42 71 67 86 61 74 56 58 60 65 68 88
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Appendix chapter  2

2.A1 World regions 

Figure 2.A1. IMAGE regions: 1 Canada, 2 United States, 3 Mexico, 4 Rest of Central America, 5 Brazil, 6 
Rest of South America, 7 Northern Africa, 8 Western Africa, 9 Eastern Africa, 10 South Africa, 11 OECD 
Europe, 12 Eastern Europe, 13 Turkey, 14 Ukraine +, 15 Asia-Stan, 16 Russia +, 17 Middle East, 18 India, 
19 Korea, 20 China +, 21 Southeast Asia, 22 Indonesia +, 23 Japan, 24 Oceania, 25 Rest of S. Asia, 26 
Rest of S. Africa, 27 Greenland.

Figure 2.A2. Definition of the 10 world regions. 
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2.A2 Data on world regions for 1970, 2010 and 2050 

Table 2.A2.1. Population in million inhabitants (ratio of value in 2050 to that in 2010).

Region 1970 2010 SSP1 SSP2 SSP3 SSP4 SSP5

North America 283 458 594 ( 1.3 ) 599 ( 1.3 ) 547 ( 1.2 ) 559 ( 1.2 ) 660 ( 1.4 )

C. and S. America 235 477 545 ( 1.1 ) 598 ( 1.3 ) 684 ( 1.4 ) 574 ( 1.2 ) 530 ( 1.1 )

M. East, N. Africa 138 377 549 ( 1.5 ) 608 ( 1.6 ) 684 ( 1.8 ) 621 ( 1.6 ) 552 ( 1.5 )

S.S. Africa 296 856 1550 ( 1.8 ) 1777 ( 2.1 ) 2066 ( 2.4 ) 2037 ( 2.4 ) 1529 ( 1.8 )

W. and C. Europe 501 610 679 ( 1.1 ) 673 ( 1.1 ) 607 ( 1.0 ) 635 ( 1.0 ) 748 ( 1.2 )

Russia and C. Asia 236 279 262 ( 0.9 ) 277 ( 1.0 ) 289 ( 1.0 ) 257 ( 0.9 ) 266 ( 1.0 )

South Asia 717 1630 2108 ( 1.3 ) 2373 ( 1.5 ) 2720 ( 1.7 ) 2290 ( 1.4 ) 2087 ( 1.3 )

China Region 835 1375 1258 ( 0.9 ) 1297 ( 0.9 ) 1341 ( 1.0 ) 1217 ( 0.9 ) 1259 ( 0.9 )

Southeast Asia 288 600 699 ( 1.2 ) 753 ( 1.3 ) 824 ( 1.4 ) 730 ( 1.2 ) 692 ( 1.2 )

Japan, Oceania 166 229 232 ( 1.0 ) 226 ( 1.0 ) 201 ( 0.9 ) 214 ( 0.9 ) 252 ( 1.1 )

Total 3694 6891 8477 ( 1.2 ) 9181 ( 1.3 ) 9963 ( 1.4 ) 9136 ( 1.3 ) 8576 ( 1.2 )

Table 2.A2.2. GDP in 1000 US$ per capita (ratio of value in 2050 to that in 2010).

Region 1970 2010 SSP1 SSP2 SSP3 SSP4 SSP5

North America 18 34 65 ( 1.9 ) 57 ( 1.7 ) 65 ( 1.9 ) 65 ( 1.9 ) 76 ( 2.2 )

C. and S. America 5 9 33 ( 3.5 ) 25 ( 2.6 ) 24 ( 2.5 ) 24 ( 2.5 ) 41 ( 4.4 )

M. East, N. Africa 5 10 31 ( 3.2 ) 25 ( 2.6 ) 25 ( 2.6 ) 25 ( 2.6 ) 40 ( 4.2 )

S.S. Africa 2 2 13 ( 6.3 ) 8 ( 3.9 ) 4 ( 2.2 ) 4 ( 2.2 ) 17 ( 8.3 )

W. and C. Europe 12 25 50 ( 2.0 ) 46 ( 1.8 ) 49 ( 1.9 ) 49 ( 1.9 ) 58 ( 2.3 )

Russia and C. Asia 5 10 40 ( 4.0 ) 32 ( 3.2 ) 36 ( 3.5 ) 36 ( 3.5 ) 52 ( 5.1 )

South Asia 1 3 21 ( 7.7 ) 14 ( 5.1 ) 12 ( 4.3 ) 12 ( 4.3 ) 27 ( 9.8 )

China Region 0 7 56 ( 7.6 ) 41 ( 5.6 ) 44 ( 5.9 ) 44 ( 5.9 ) 70 ( 9.5 )

Southeast Asia 1 5 29 ( 6.1 ) 20 ( 4.3 ) 18 ( 3.9 ) 18 ( 3.9 ) 36 ( 7.7 )

Japan, Oceania 11 30 64 ( 2.1 ) 58 ( 1.9 ) 67 ( 2.2 ) 67 ( 2.2 ) 74 ( 2.5 )

Total 5 10 34 ( 3.4 ) 25 ( 2.6 ) 24 ( 2.5 ) 24 ( 2.5 ) 43 ( 4.3 )
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Table 2.A2.3. Connection to sewerage system (SC) in million inhabitants (% of total population). 

Region 1970 2010 SSP1 SSP2 SSP3 SSP4 SSP5

North America 164 ( 58 ) 338 ( 74 ) 570 ( 96 ) 520 ( 87 ) 423 ( 77 ) 474 ( 85 ) 627 ( 95 )

C.  S. America 60 ( 25 ) 262 ( 55 ) 490 ( 90 ) 462 ( 77 ) 437 ( 64 ) 413 ( 72 ) 481 ( 91 )

M. East, N. Africa 33 ( 24 ) 176 ( 47 ) 414 ( 75 ) 400 ( 66 ) 367 ( 54 ) 394 ( 63 ) 430 ( 78 )

S.S. Africa 18 ( 6 ) 61 ( 7 ) 952 ( 61 ) 776 ( 44 ) 578 ( 28 ) 535 ( 26 ) 993 ( 65 )

W. and C. Europe 302 ( 60 ) 521 ( 85 ) 647 ( 95 ) 618 ( 92 ) 522 ( 86 ) 579 ( 91 ) 714 ( 95 )

Russiad, C. Asia 75 ( 32 ) 105 ( 38 ) 198 ( 75 ) 179 ( 65 ) 155 ( 53 ) 162 ( 63 ) 206 ( 77 )

South Asia 21 ( 3 ) 171 ( 10 ) 1331 ( 63 ) 1133 ( 48 ) 886 ( 33 ) 930 ( 41 ) 1379          
( 66 )

China Region 45 
( 5 ) 

620 
( 45 ) 

1127           
( 90 ) 

1016 
( 78 )

833 
( 62 )

997 
( 82 )

1129
 ( 90 )

Southeast Asia 4 ( 1 ) 25 ( 4 ) 371 ( 53 ) 299 ( 40 ) 228 ( 28 ) 244 ( 33 ) 391 ( 57 )

Japan, Oceania 58 ( 35 ) 176 ( 77 ) 217 ( 93 ) 198 ( 88 ) 160 ( 80 ) 182 ( 85 ) 235 ( 93 )

Total 779 
( 21 ) 

2456 
( 36 ) 

6317 
( 75 ) 

5602 
( 61 )

4588 
( 46 )

4911 
( 54 )

6585 
( 77 )

Table 2.A2.4. Percentage of nutrient removal (NR) in wastewater treatment plants. 

Region 1970 2010 SSP1 SSP2 SSP3 SSP4 SSP5

North America 16 36 77 63 49 60 81

C. and S. America 0 8 41 28 18 26 50

M. East, N. Africa 1 8 37 27 19 26 46

S.S. Africa 0 1 16 8 4 3 20

W. and C. Europe 6 51 79 70 58 68 83

Russia and C. Asia 0 10 52 38 28 41 61

South Asia 0 1 27 16 8 13 34

China Region 0 4 69 46 29 49 81

Southeast Asia 0 1 34 21 12 18 42

Japan, Oceania 2 38 78 66 56 70 86

Total 2 11 43 29 19 26 51



38 D
R

P S I

Chapter 2

Table 2.A2.5. Nitrogen discharge to surface water in Gg N yr-1(ratio of value in 2030 and 2050 to that 
in 2010).

Region 1970 2010 SSP1 SSP2 SSP3 SSP4 SSP5

North 
America

827 962 ‘30 838 ( 0.9 ) 915 ( 1.0 ) 927 ( 1.0 ) 897 ( 0.9 ) 801 ( 0.8 )

‘50 620 ( 0.6 ) 874 ( 0.9 ) 1032 ( 1.1 ) 947 ( 1.0 ) 514 ( 0.5 )

C and S 
America

485 1324 ‘30 1602 ( 1.2 ) 1636 ( 1.2 ) 1672 ( 1.3 ) 1624 ( 1.2 ) 1579 ( 1.2 )

‘50 1490 ( 1.1 ) 1734 ( 1.3 ) 1944 ( 1.5 ) 1669 ( 1.3 ) 1268 ( 1.0 )

M East,  
N. Africa

197 854 ‘30 1284 ( 1.5 ) 1244 ( 1.5 ) 1192 ( 1.4 ) 1267 ( 1.5 ) 1273 ( 1.5 )

‘50 1407 ( 1.6 ) 1519 ( 1.8 ) 1484 ( 1.7 ) 1560 ( 1.8 ) 1207 ( 1.4 )

S.S Africa 165 654 ‘30 1883 ( 2.9 ) 1708 ( 2.6 ) 1502 ( 2.3 ) 1867 ( 2.9 ) 1923 ( 2.9 )

‘50 3845 ( 5.9 ) 3347 ( 5.1 ) 2689 ( 4.1 ) 3652 ( 5.6 ) 3845 ( 5.9 )

W. and C 
Europe

1714 1251 ‘30 1112 ( 0.9 ) 1170 ( 0.9 ) 1200 ( 1.0 ) 1206 ( 1.0 ) 1186 ( 0.9 )

‘50 701 ( 0.6 ) 959 ( 0.8 ) 1078 ( 0.9 ) 1079 ( 0.9 ) 818 ( 0.7 )

Russia,  
C Asia

701 594 ‘30 624 ( 1.1 ) 614 ( 1.0 ) 576 ( 1.0 ) 637 ( 1.1 ) 608 ( 1.0 )

‘50 465 ( 0.8 ) 561 ( 0.9 ) 542 ( 0.9 ) 528 ( 0.9 ) 356 ( 0.6 )

South 
Asia

349 1078 ‘30 2749 ( 2.6 ) 2429 ( 2.3 ) 2061 ( 1.9 ) 2719 ( 2.5 ) 2769 ( 2.6 )

‘50 3918 ( 3.6 ) 3689 ( 3.4 ) 2955 ( 2.7 ) 4224 ( 3.9 ) 3554 ( 3.3 )

China 
Region

294 2776 ‘30 3664 ( 1.3 ) 3430 ( 1.2 ) 2959 ( 1.1 ) 3527 ( 1.3 ) 3472 ( 1.3 )

‘50 1935 ( 0.7 ) 2804 ( 1.0 ) 2752 ( 1.0 ) 2717 ( 1.0 ) 864 ( 0.3 )

South-
east Asia

135 545 ‘30 1061 ( 1.9 ) 969 ( 1.8 ) 848 ( 1.6 ) 1056 ( 1.9 ) 1055 ( 1.9 )

‘50 1113 ( 2.0 ) 1162 ( 2.1 ) 1029 ( 1.9 ) 1295 ( 2.4 ) 896 ( 1.6 )

Japan, 
Oceania

382 401 ‘30 336 ( 0.8 ) 336 ( 0.8 ) 319 ( 0.8 ) 314 ( 0.8 ) 338 ( 0.8 )

‘50 203 ( 0.5 ) 268 ( 0.7 ) 255 ( 0.6 ) 207 ( 0.5 ) 97 ( 0.2 )

Total 5251 10438 ‘30 15153 
( 1.5 )

14450 
( 1.4 )

13257 
( 1.3 )

15113 
( 1.4 )

15003 
( 1.4 )

‘50 15697 
( 1.5 )

16917 
( 1.6 )

15761 
( 1.5 )

17877
 ( 1.7 )

13419 
( 1.3 )
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Table 2.A2.6. Phosphorus discharge to surface water in Gg P yr-1 (ratio of value in 2030 or 2050 to 
that in 2010).

Region 1970 2010 SSP1 SSP2 SSP3 SSP4 SSP5

North 
America

144 139 ‘30 101 ( 0.7 ) 131 ( 0.9 ) 145 ( 1.0 ) 130 ( 0.9 ) 99 ( 0.7 )

‘50 55 ( 0.4 ) 130 ( 0.9 ) 163 ( 1.2 ) 130 ( 0.9 ) 45 ( 0.3 )

C and S 
America

63 201 ‘30 216 ( 1.1 ) 277 ( 1.4 ) 276 ( 1.4 ) 269 ( 1.3 ) 215 ( 1.1 )

‘50 137 ( 0.7 ) 309 ( 1.5 ) 324 ( 1.6 ) 285 ( 1.4 ) 121 ( 0.6 )

M East,  
N. Africa

27 127 ‘30 166 ( 1.3 ) 191 ( 1.5 ) 185 ( 1.5 ) 193 ( 1.5 ) 170 ( 1.3 )

‘50 141 ( 1.1 ) 241 ( 1.9 ) 233 ( 1.8 ) 243 ( 1.9 ) 138 ( 1.1 )

S.S Africa 20 75 ‘30 234 ( 3.1 ) 217 ( 2.9 ) 188 ( 2.5 ) 223 ( 3.0 ) 244 ( 3.3 )

‘50 576 ( 7.7 ) 485 ( 6.5 ) 355 ( 4.8 ) 436 ( 5.8 ) 605 ( 8.1 )

W. and C 
Europe

299 147 ‘30 111 ( 0.8 ) 131 ( 0.9 ) 161 ( 1.1 ) 144 ( 1.0 ) 125 ( 0.9 )

‘50 54 ( 0.4 ) 102 ( 0.7 ) 157 ( 1.1 ) 135 ( 0.9 ) 75 ( 0.5 )

Russia,  
C Asia

89 81 ‘30 76 ( 0.9 ) 83 ( 1.0 ) 86 ( 1.1 ) 88 ( 1.1 ) 75 ( 0.9 )

‘50 43 ( 0.5 ) 72 ( 0.9 ) 80 ( 1.0 ) 69 ( 0.8 ) 41 ( 0.5 )

South 
Asia

36 125 ‘30 350 ( 2.8 ) 363 ( 2.9 ) 311 ( 2.5 ) 380 ( 3.0 ) 355 ( 2.8 )

‘50 435 ( 3.5 ) 618 ( 4.9 ) 464 ( 3.7 ) 610 ( 4.9 ) 401 ( 3.2 )

China 
Region

34 433 ‘30 481 ( 1.1 ) 452 ( 1.0 ) 514 ( 1.2 ) 545 ( 1.3 ) 455 ( 1.1 )

‘50 130 ( 0.3 ) 229 ( 0.5 ) 481 ( 1.1 ) 348 ( 0.8 ) 55 ( 0.1 )

South-
east Asia

14 59 ‘30 123 ( 2.1 ) 124 ( 2.1 ) 109 ( 1.9 ) 130 ( 2.2 ) 126 ( 2.2 )

‘50 121 ( 2.1 ) 159 ( 2.7 ) 138 ( 2.4 ) 160 ( 2.7 ) 117 ( 2.0 )

Japan, 
Oceania

61 65 ‘30 39 ( 0.6 ) 39 ( 0.6 ) 53 ( 0.8 ) 43 ( 0.7 ) 39 ( 0.6 )

‘50 13 ( 0.2 ) 20 ( 0.3 ) 44 ( 0.7 ) 20 ( 0.3 ) 8 ( 0.1 )

Total 787 1452 ‘30 1897 
( 1.3 )

2006 
( 1.4 )

2028 
( 1.4 )

2146 
( 1.5 )

1904 
( 1.3 )

‘50 1705 
( 1.2 )

2366 
( 1.6 )

2439 
( 1.7 )

2436 
( 1.7 )

1606 
( 1.1 )
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Table 2.A2.7. Total human N emissions in human waste (kg cap-1 year-1).

Region 1970 2010 SSP1 SSP2 SSP3 SSP4 SSP5

North America 5.70 6.09 6.63 6.57 7.20 7.03 5.96

Central and South America 3.93 4.76 6.11 5.58 4.88 5.81 6.29

Middle East and Northern Africa 3.69 5.14 6.62 5.98 5.32 5.86 6.59

Sub-Saharan Africa 3.34 3.50 5.59 4.87 4.19 4.25 5.67

Western and Central Europe 5.67 6.07 6.57 6.64 7.36 7.02 5.96

Russia and Central Asia 5.92 5.47 6.91 6.53 6.26 7.03 6.82

South Asia 3.31 3.47 5.48 4.86 4.24 5.04 5.53

China Region 2.96 5.57 7.31 7.09 6.85 7.55 7.30

Southeast Asia 2.76 3.83 5.54 5.14 4.69 5.30 5.59

Japan and Oceania 4.97 5.11 5.56 5.72 6.43 6.04 5.12

Total 3.99 4.65 5.97 5.65 5.25 5.42 6.20

Table 2.A2.8. Total human P emissions in human waste (kg cap-1 year-1).

Region 1970 2010 SSP1 SSP2 SSP3 SSP4 SSP5

North America 0.57 0.61 0.66 0.66 0.72 0.70 0.60

Central and South America 0.39 0.48 0.61 0.56 0.49 0.58 0.63

Middle East and Northern Africa 0.37 0.51 0.66 0.60 0.53 0.59 0.66

Sub-Saharan Africa 0.33 0.35 0.56 0.49 0.42 0.43 0.57

Western and Central Europe 0.57 0.61 0.66 0.66 0.74 0.70 0.60

Russia and Central Asia 0.59 0.55 0.69 0.65 0.63 0.70 0.68

South Asia 0.33 0.35 0.55 0.49 0.42 0.50 0.55

China Region 0.30 0.56 0.73 0.71 0.69 0.76 0.73

Southeast Asia 0.28 0.38 0.55 0.51 0.47 0.53 0.56

Japan and Oceania 0.50 0.51 0.56 0.57 0.64 0.60 0.51

Total 0.40 0.46 0.60 0.57 0.52 0.54 0.62
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2.A3 Standardized regression coefficients (SRC). 

A negative SRC of the uncertainty analysis means that when the parameter is increasing 
the discharge is decreasing. A positive SRC has an increasing discharge with an increasing 
parameter. The year 2050 is shown for the scenarios. The cells with no value are not signifi-
cant, and cells with colored numbers are have SRC values >0.20 or <-0.20, which implies an 
influence on the modelled N or P discharge of >4%. Parameters with an influence of >4% 
are considered to be important.
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Table 2.A3.1, Standardized regression coefficients for the analyzed input variables. 

Nitrogen.

parameter 2010 SSP1 SSP2 SSP3 SSP4 SSP5

Food consumption

Protein consumption 0.38 0.37 0.36 0.35 0.39 0.34

P:N ratio in food

N as fraction of protein 0,40 0,39 0,39 0,38 0,41 0,35

Households, detergents and industry

Household wasting/losses factor -0.04 -0.03 -0.03 -0.04 -0.03  

Retail wasting /losses factor -0.03 -0.05 -0.04 -0.04 -0.04 -0.06

Use of laundry detergent 

P-free fraction of laundry detergents

Use of dishwasher detergent 

Industry multiplier (related to house-
hold N/P emissions)

0.03 0.04 0.04 0.04 0.04 0.04

Population, sewer connection and sewer leakage

Total population 0.4 0.39 0.38 0.37 0.41 0.35

Urban population 0.22 0.2 0.2 0.2 0.29 0.19

Sewer connection 0.38 0.33 0.39 0.41 0.27 0.33

Sewer leakage -0.04 -0.05 -0.05 -0.05 -0.04 -0.05

Wastewater treatment and nutrient removal

Primary treatment connection 0.07 0.04 0.04 0.05 0.08

Secondary treatment connection -0.12 -0.07 -0.1 -0.11 -0.09 -0.05

Tertiary treatment connection -0.3 -0.33 -0.32 -0.3 -0.3 -0.35

Quaternary treatment connection -0.27 -0.26 -0.27 -0.26 -0.24 -0.34

Secondary treatment N removal -0.03 -0.08 -0.07 -0.05 -0.06 -0.07

Tertiary treatment N removal -0.07 -0.15 -0.1 -0.08 -0.13 -0.12

Quaternary treatment N removal -0.03 -0.09 -0.06 -0.04 -0.04 -0.16

Secondary treatment P removal

Tertiary treatment P removal

Quaternary treatment P removal

Not-connected N removal -0.04 -0.03 -0.03 -0.03 -0.04

Not-connected P removal

Human waste to agriculture

Non-sewered. not-connected human 
wastes to agriculture

-0.1 -0.05 -0.06 -0.08 -0.13 -0.04
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Phosphor.

parameter 2010 SSP1 SSP2 SSP3 SSP4 SSP5

 Food consumption

Protein consumption 0.21 0.25 0.19 0.15 0.2 0.22

P:N ratio in food 0,24 0,28 0,22 0,18 0,23 0,24

N as fraction of protein 0,25 0,28 0,23 0,19 0,23 0,25

Households, detergents and industry

Household wasting/losses factor -0.03   -0.03      

Retail wasting /losses factor -0.04 -0.03 -0.03 -0.05

Use of laundry detergent 0.11 0.08 0.12 0.14 0.12 0.08

P-free fraction of laundry detergents 0.05 0.04 0.06 0.07 0.07 0.03

Use of dishwasher detergent 0.03 0.03 0.04 0.04

Industry multiplier (related to house-
hold N/P emissions)

0.02 0.04 0.03 0.03 0.03 0.03

Population, sewer connection and sewer leakage

Total population 0.36 0.35 0.35 0.33 0.36 0.33

Urban population 0.13 0.15 0.11 0.09 0.16 0.13

Sewer connection 0.53 0.39 0.52 0.57 0.46 0.41

Sewer leakage -0.04 -0.06 -0.05 -0.05 -0.05 -0.05

 Wastewater treatment and nutrient removal

Primary treatment connection   0.08 0.06 0.05 0.07 0.08

Secondary treatment connection -0.17 -0.14 -0.17 -0.17 -0.15 -0.11

Tertiary treatment connection -0.34 -0.36 -0.34 -0.35 -0.36 -0.38

Quaternary treatment connection -0.26 -0.24 -0.25 -0.23 -0.23 -0.3

Secondary treatment N removal

Tertiary treatment N removal

Quaternary treatment N removal -0.02 -0.03 -0.03 -0.03 -0.03

Secondary treatment P removal -0.06 -0.12 -0.13 -0.1 -0.11 -0.11

Tertiary treatment P removal -0.07 -0.15 -0.09 -0.1 -0.14 -0.12

Quaternary treatment P removal -0.04 -0.09 -0.06 -0.05 -0.05 -0.15

Not-connected N removal

Not-connected P removal -0.05 -0.05 -0.04 -0.04 -0.06 -0.04

 Human waste to agriculture

Non-sewered. not-connected human 
wastes to agriculture

-0.06 -0.04 -0.04 -0.04 -0.08 -0.03
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2.A4 Maps of discharge to surface water

Figure 2.A4.1. Nitrogen discharge for 1970 (a), 2010 (b) and 2050 (c) in SSP2 and the difference be-
tween 2010 and 2050 (d).
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Figure 2.A4.2. Phosphorus discharge for 1970 (a), 2010 (b) and 2050 (c) in SSP2 and the difference 
between 2010 and 2050 (d). 
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2.A5 Selection procedure of regression models

For the relations in figure 2.2 between income (GDP) and respectively protein consump-
tion, sewerage connection and nutrient removal, regression models were selected. For each 
relation, five selected methods (exponential, linear, logarithmic, polynomial and power) 
were compared by using the root mean square error, the mean absolute error and R2 sho-
wing the best fit. For protein consumption and sewerage connection, the logarithmic model 
showed the best fit and for nutrient removal the linear model.

Table 2.A5.1. RMSE, MAE and R2 for analyzed methods for relations

Protein consumption RMSE MAE R2

exponential 15.59 12.91 0.52

linear 12.41 10.57 0.56

logarithmic 9.76 8.06 0.73

polynomial 10.76 8.82 0.67

power 10.00 8.11 0.73

Sewerage connection RMSE MAE R2

exponential 39.31 24.78 0.33

linear 15.97 13.89 0.66

logarithmic 12.09 9.54 0.81

polynomial 12.61 9.55 0.79

power 21.68 16.33 0.53

Nutrient removal RMSE MAE R2

exponential 11.69 6.79 0.65

linear 5.89 3.92 0.85

logarithmic 9.28 7.86 0.62

polynomial 5.93 3.94 0.85

power 6.56 3.61 0.82
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Appendix 2.B Datasets of the Phosphorus content in laundry and dish-
washer detergents 

Authors: P.J.T.M van Puijenbroek, A.H.W. Beusen, A.F. Bouwman

Published in Data in Brief, 2018, 2284-2289

Abstract
This data article provides the data of Phosphorus emissions from laundry and dishwasher deter-
gents as part of the Phosphorus emissions from households. The household emissions are present-
ed in the research article ‘Global nitrogen and phosphorus in urban waste water based on the Shared 
Socio-economic pathway’ (van Puijenbroek et al. 2019). Laundry and dishwasher detergents are a 
major source of phosphorus loading of aquatic ecosystems in countries with a substantial use of 
laundry and dishwasher machines. 

In this article, datasets are presented with the global use of laundry and dishwasher de-
tergents and the Phosphorus emissions due to laundry and dishwasher detergents. These 
results are presented for 10 world regions for 1970 and 2010, and for 2050 with 5 Shared 
Socio-economic Pathways. The outlook results for 2050 were based on the growth in in-
come and population and on environmental policy for the introduction of Phosphorus free 
detergents.

Value of the Data
• This dataset can be used for global estimates of phosphorus emissions due to lau-

ndry and dishwasher detergents.

• This dataset can be useful to show the effect of environmental policy on the 
discharges of phosphorus due to the use of detergents. 
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2.B1 Data

The datasets of this article provides information on the use of Phosphorus in deter-
gents (Table 2.B1 and 2.B2) and the emission of phosphorus due to the use of detergents 
(Table 2.B3 and 2.B4). Tables 2.B1 and 2.B2 show the Phosphorus use by laundry and dish-
washer detergents, respectively, on a regional and a global basis per capita. Table 2.B3 and 
2.B4 showed the volume of the emissions of Phosphorus due to the use of laundry and 
dishwasher detergents. 

These datasets were based on the use of detergents and the Phosphorus content in the 
detergents. The use of the detergents was based on the relation between income and de-
tergent use. The content of Phosphorus in laundry and dishwasher detergents was based on 
the current levels and assumptions on the effect of environmental policy targets to reduce 
the Phosphorus load. 

In this study, the five Shared Socio-economic Pathways (SSP) scenarios (O’Neill et al. 
2014b) are analyzed for their effect to the emissions of phosphorus from detergents. These 
scenarios differ in their population growth, economic growth and storylines.
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Table 2.B1. Use of Phosphorus in laundry detergents (kg/cap/year).

Region 1970 2010 SSP1 SSP2 SSP3 SSP4 SSP5

North America 0.24 0.10 0.01 0.11 0.29 0.13 0.01

Central and South America 0.06 0.17 0.02 0.35 0.26 0.32 0.05

Middle East, Northern Africa 0.04 0.14 0.04 0.25 0.22 0.26 0.09

Sub-Saharan Africa 0.01 0.01 0.18 0.12 0.05 0.05 0.23

Western and Central Europe 0.22 0.05 0.01 0.08 0.27 0.08 0.01

Russia and Central Asia 0.07 0.12 0.03 0.15 0.24 0.23 0.06

South Asia 0.00 0.01 0.06 0.18 0.09 0.14 0.07

China Region 0.00 0.12 0.01 0.01 0.31 0.23 0.01

Southeast Asia 0.00 0.01 0.06 0.16 0.10 0.13 0.11

Japan and Oceania 0.11 0.18 0.01 0.01 0.36 0.15 0.01

Total 0.07 0.07 0.06 0.14 0.17 0.15 0.08

Table 2.B2. Use of Phosphorus in dishwasher detergents (kg/cap/year)

 Region 1970 2010 SSP1 SSP2 SSP3 SSP4 SSP5

North America 0.04 0.11 0.02 0.05 0.16 0.13 0.02

Central and South America 0.00 0.00 0.01 0.09 0.05 0.08 0.02

Middle East and Northern 
Africa

0.00 0.01 0.01 0.06 0.04 0.06 0.03

Sub-Saharan Africa 0.00 0.00 0.01 0.00 0.00 0.00 0.03

Western and Central Europe 0.03 0.10 0.02 0.06 0.16 0.13 0.02

Russia and Central Asia 0.00 0.01 0.02 0.04 0.06 0.07 0.03

South Asia 0.00 0.00 0.01 0.02 0.00 0.02 0.02

China Region 0.00 0.00 0.02 0.01 0.09 0.09 0.02

Southeast Asia 0.00 0.00 0.01 0.03 0.01 0.03 0.03

Japan and Oceania 0.02 0.11 0.02 0.02 0.18 0.12 0.02

Total 0.01 0.02 0.01 0.03 0.04 0.05 0.02
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Table 2.B3. Total emission of Phosphorus by laundry detergents (106 kg P/year)

Region 1970 2010 SSP1 SSP2 SSP3 SSP4 SSP5

North America 69 45 3 69 159 73 4

Central and South America 13 83 11 211 180 186 24

Middle East and Northern 
Africa

6 51 23 154 149 162 49

Sub-Saharan Africa 3 12 283 209 111 98 349

Western and Central Europe 108 32 7 51 166 53 9

Russia and Central Asia 17 34 7 42 71 60 17

South Asia 2 22 125 417 258 319 142

China Region 4 167 6 7 410 277 7

Southeast Asia 1 5 41 122 82 98 75

Japan and Oceania 19 40 2 2 73 31 2

Total 241 491 509 1284 1658 1357 678

Table 2.B4. Total emission of Phosphorus by dishwasher detergents (106 kg P/year)

Region 1970 2010 SSP1 SSP2 SSP3 SSP4 SSP5

North America 11 51 12 28 88 70 14

Central and South America 0 2 8 54 34 47 13

Middle East and Northern 
Africa

0 5 7 35 28 38 16

Sub-Saharan Africa 0 0 17 9 4 6 45

Western and Central Europe 14 63 12 39 94 80 15

Russia and Central Asia 0 2 4 11 18 19 7

South Asia 0 0 20 50 1 36 34

China Region 0 2 22 17 121 106 25

Southeast Asia 0 1 10 25 11 22 22

Japan and Oceania 3 26 5 4 35 25 6

Total 29 153 116 271 434 450 198
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2.B2 Experimental design, Materials and Methods

Use of laundry and dishwasher detergents

The use of laundry and dishwasher detergents were related to the national GDP per 
capita (Figure 2.B1) (Leimbach et al. 2017). We assumed a maximum use of laundry deter-
gents of 10 kg cap-1 year-1 and a maximum use of 3 kg cap-1 year-1 for dishwasher detergents 
based on the historical maximum (Floyd et al. 2006). 

P content in laundry detergents

A minor but substantial share of P emissions are related to the use of laundry detergents 
in countries where a majority of households use washing machines. Before 1940, laundry 
detergents did not contain Phosphorus, but after 1945 the percentage of P in laundry deter-
gents increased to between 6% and 8% or even more. The high loads of Phosphorus due to 
detergents resulted in eutrophic lakes. As a consequence, several countries set a maximum 
P content for detergents. In 1972, several US States set the maximum weight at 8.7%, but a 
few years later the first states reduced this to a maximum of 0.5% (Litke 1999). In the year 
2000, 7 EU countries banned P-containing detergents (Floyd et al. 2006). In 2011, the EU de-
clared a maximum content of 0.5 g P for a standard washing dose starting in 2013 (EC 2011). 

The formula for the average Phosphorus content in laundry was: 

CP
Ldet_a  = ( CP

Lfree + ( CP
Ldet - CP

Lfree) * fP
Lnormal       (1) 

whereby CP
Ldet_a is the concentration of P in laundry detergents based on the mix of stan-

dard and P-free1 laundry detergents for a country; CP
Lfree is the concentration of P in P-free 

detergents;  CP
Ldet is the concentration of P in normal laundry detergent;  fP

Lnormal is the frac-
tion of use of standard laundry detergents related to the use of the total detergents for a 
country. The total emission of Phosphorus by laundry detergents is the combination of the 
detergent use and the Phosphorus content: 

EP
Laundry = g * ln( GDP ) + h) * CP

Ldet_a       (2) 

whereby, EP
Laundry is the emission of P from laundry detergents in kg cap-1 yr-1 in a country; 

and g is 2.458 and h is -17.445 (Figure 2.B1a).

We assumed a P concentration in laundry detergents of 0.0625 g P/g detergent for stan-
dard detergents and 0.0006 g P /g detergent for P-free detergents (van Drecht et al. 2009). 
These values for P-free detergent were in accordance with the range of P concentrations in 
detergents in the United Kingdom (Richards et al. 2015). The fraction of standard detergents  
fP

Lnormal for countries for 2010 was based on the current situation (Floyd et al. 2006, van Drecht 
et al. 2009, EC 2011). For 1970, no P-free detergents were available.

1  P-free is used for detergents with a very low Phosphorus content, also called eco-detergents.
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P content in dishwasher detergents

Dishwasher detergents also had a high P content as no detergents without P were avail-
able until recently, when EU policy forced manufacturers to develop P-free detergents. Ac-
cording to EU policy, by 2018 dishwasher detergents cannot exceed 0.3 g P per washing dose 
(EC 2011). To enable prognosis, the use of dishwasher detergents was related to GDP based 
on data of the year 2000 (Figure 2.1b) (Floyd et al. 2006). 

The concentration and use of P in dishwasher detergents was calculated as follows:

CP
Ddet_a  = CP

Dfree + ( CP
Ddet - CP

Dfree) * f P
Dnormal       (3) 

whereby CP
Ddet_a is the concentration of P in dishwasher detergents based on standard and 

P-free detergents; CP
Dfree is the concentration of P in P-free detergents; CP

Ddet is the concen-
tration of P in standard dishwasher detergent; fP

Dnormal is the percentage of use of standard 
dishwasher detergents in relation to use of total detergents. The total emission of Phos-
phorus by dishwasher detergents was:

EP
Dishwsher = (a * ln( GDP ) + b) * CP

Ldet_a       (4) 

whereby EP
Dishwsher is the emission of P from dishwasher detergents; and a is 1.1738 and b is 

-10.852 (Figure 2.1b). 

We assumed a P content of 0.117 g P/g detergent for standard detergents and 0.01 for 
P-free detergents (van Drecht et al. 2009). These values for P content were in accordance 
with the range of P concentrations in detergents in the United Kingdom (Richards et al. 
2015). As P-free detergents were not widespread available in 2010, the fraction of standard 
detergents  for all countries was default 100% normal detergents (EC 2011). 

Scenarios for the P content in detergents

Usage of P-free detergents was determined by the implementation of environmental 
policy measurements. In 2010, the use of P-free laundry detergents was mandatory in EU 
Member States, the United States, Japan and Singapore. P-free dishwasher detergents were 
hardly available in 2010. The Shared Socio-economic Pathways (SSPs) differ in environmen-
tal policy, from reactive environmental policy in SSP3 and SSP4, to proactive environmental 
policy in SSP1 and somewhere in between in SSP2. The use of detergents was modelled as 
a function on GDP and varied with the growth of the GDP between countries. The use of 
P-free detergents was based on GDP criteria: 

• in SSP1, with strong environmental policy, all countries with a GDP of more than 
US$ 20.000 are projected to use P-free detergents by 2050;

• in SSP2, with moderate environmental policy, all countries with a GDP of more 
than US$ 40.000 are projected to use P-free detergents by 2050;

• in SSP3, with less environmental policy. traditional P-containing detergents are al-
lowed; in countries where P-free detergents are currently in use, use of P-free is 
reduced by 50% in favorite of standard detergent by 2050; 
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• in SSP4, with less environmental policy, by 2050 that ratio will be between the cur-
rent situation and that in SSP2;

• in SSP5, with moderate policy, all countries with a GDP of more than US$ 30.000 
are projected to use P-free detergents by 2050.

We assumed standard detergents in all other situations and a gradual change of the 
fraction of Pfree detergents from the present-day up to 2050. 

Figure 2.B1. Use of laundry detergents (a) in EU Member States, Indonesia and China in relation to 
GDP and the use of dishwasher detergent in EU Member States (b) (Floyd et al. 2006). Formulas for 
the use of laundry detergents = 2.458 * ln (GDP) -17.445 (in kg cap-1 yr-1, R2 = 0.47), and for dishwasher 
detergents = 1.1738 * ln (GDP) – 10.852 (in kg cap-1 yr-1, R2 = 0.79).
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loading and ecology of lakes in The 
Netherlands

P.J.T.M. van Puijenbroek, J.H. Janse and J.M. Knoop

Published in Ecological Modelling, 2004, 174(1-2): 127-141.
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Abstract

Many shallow lakes in the lower parts of the Netherlands are hypertrophic and domina-
ted by algae blooms. The present ecological situation reflects the result of past and present 
nutrient loading − a combination of point and diffuse loading from different sources. The 
difference in catchments and the hydrology between lakes leads to a difference in nutrient 
loading and water residence time. Management options to reduce the trophic state have 
to be analysed. The LakeLoad model presented here calculates the load of nutrients for 41 
polder lakes in the Netherlands. Detailed hydrological information on the complex water 
system of the polders is used to determine the lake catchment. A lake becomes loaded as 
a result of run-off and leaching in the catchment, atmospheric deposition, point-source 
emissions and the inlet of water from outside the polder. These input fluxes are modelled 
separately and the input is retrieved from other models and databases. The output of this 
model is input to the ecological model, PCLake, which calculates the growth of algae, fish 
and plants in the lake. Using these models it is possible to calculate the effects of differences 
in agricultural practice or the reduction in point sources on the ecological effects in the lake. 
The effect of water management options, such as phosphorus removal from inlet water, or 
reducing inlet water by allowing flexible water levels, can also be modelled. The LakeLoad 
model is validated by comparing the estimated input concentrations with loads for 15 lakes 
gained from the literature. The results obtained using the LakeLoad - PCLake combination 
were compared with in-lake concentrations of total nitrogen, total phosphorus, chlorophyll 
and transparency (Secchi depth) for 34 lakes. In general, the model simulations fit reasona-
bly well with the observations made in these lakes. The models seem a useful tool to classify 
the lakes in either mesotrophic or eutrophic within acceptable margins.

Keywords: Shallow lakes; Eutrophication; Nutrients; Nitrogen; Phosphorus; Hydrology; Catchment 
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3.1 Introduction

Many shallow lakes are situated in the lower lying areas of the Netherlands. The quality 
of these lakes is usually poor: algae-dominated systems with chlorophyll-a levels of more 
than 100 μg l-1 in summer (RIVM 2000), while they used to be clear lakes, rich in plant- and 
fish species, with pike as the most appealing. The main cause of this poor quality is the 
loading from diffuse and point sources of nutrients to the lakes. This eutrophication started 
in the 1950s with run-off from agriculture and industry, as well as discharge of untreated 
household wastes (van Huet 1992, Bootsma et al. 1999, Gulati and Donk 2002).

Although these effects were caused by high nutrient loading, restoration of the for-
mer macrophyte-dominated clear-water state often could not be achieved by external load 
reduction alone: eutrophic lakes often show resistance to recovery. Apparently, once the 
system has switched from a clear to a turbid state, this switch cannot simply be reversed 
(Gulati et al. 1990b, Jeppesen et al. 1991, de Haan et al. 1993, Gulati and Donk 2002). Sev-
eral, often interacting, mechanisms for this resistance have been proposed. Firstly, a pro-
longed internal loading from nutrient-rich sediments may delay the response (Ryding and 
Forsberg 1977, Sas 1989). Secondly, an increase in the nutrient utilization efficiency of the 
phytoplankton allows production of the same biomass with fewer nutrients (van Liere et 
al. 2002). Thirdly, the grazing pressure on the phytoplankton is low, both because of the 
poor edibility of cyanobacteria and the strong bream predation on zooplankton (Gulati et 
al. 1990a). Finally, the large amount of detritus accumulated in the system keeps the water 
turbid and impedes return of the vegetation (van Dijk and Donk 1991). Clearly, both the 
direct effects of present nutrient loading as well as internal loading from the sediment, and 
indirect effects through the food web, may contribute to the resistance to recovery often 
observed. The combined result of these (and possibly other) self-stabilizing mechanisms 
is a hysteresis effect: the transition from the turbid to the clear state often takes place at a 
lower nutrient loading than the reverse transition (Scheffer 1990).

However, there are many studies on lake eutrophication, most of them studying either 
the external loading or the internal processes. Studies to the external loading are mostly 
specified for one single lake and cannot simply be applied to other lakes. Hence, to be able 
to provide insight into the effects of all the options to combat the problem it would be nec-
essary to model the entire chain of events leading to the in-lake effects. Here, we have com-
bined the models LakeLoad (van Puijenbroek and Knoop 2002) and PCLake (Janse 1997). 
The first model calculates the external loading of nutrients and the second, the internal lake 
processes. In this way we can calculate the combined effect of alterations in both catchment 
and lake management. 

The objective of this approach is to give a brief insight into the possible effects of na-
tional policy in combination with local managerial options. The case presented here will 
focus on 41 Dutch polder lakes, providing a good representation of the shallow freshwater 
polder lakes of the Netherlands. For insight into the quality of the combined models, the 
estimates made by PCLake will be compared with the lake water quality for nutrients and 
chlorophyll. It should be realized that the accuracy of these estimates were determined not 
only by the LakeLoad and PCLake models but also by the quality of the input data used (e.g. 
initial lake condition and sediment information) and the models used for describing the 
catchment input. 
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3.2 Material and methods

3.2.1 Description of the polder system
A polder consists of a number of areas with similar water levels (sub-polder systems). 

Since most water levels are below sea level, seepage water has to be drained out of the 
polder with the use of a complex system of surface-water bodies varying from small dit-
ches to larger canals. This system is also needed to get rid of the precipitation surplus in 
winter. The main water system of a polder is called the ‘boezem’ (a polder outlet), forming 
the highest water level of the polder system. Water is pumped from the smaller and lower 
lying sub-polder systems into the ‘boezem’ system and from there eventually pumped into 
the main Dutch water system. This is made up of the main rivers and riverine lakes of which 
Lake IJssel is the largest (Figure 3.1). In warm dry summer periods, however, the whole sys-
tem is used the other way around. Water from the main Dutch water system is pumped into 
the polder to maintain constant groundwater levels in order to prevent growth reduction 
of grass and crops and mineralization of peat soils (RIVM 2000). This water flow is called 
inlet water. The 41 lakes are situated both in the smaller polder systems and in the boezem 
systems. 

Some lakes drain water to the groundwater system, in particular those situated near 
deep polders; other lakes, however, receive groundwater flowing from Lake IJssel or from 
neighboring more highly situated polders. The dominant source of nutrients in the lakes is 
formed by manure and fertilizers applied to the polder itself. Some lakes receive substantial 
emissions from wastewater treatment plants; especially lakes situated in the main water 
system of a polder are highly influenced by the inlet of water from the main national wa-
ter system in the dry summer periods. Minor sources are direct atmospheric deposition of 
nitrogen into the lake and diffuse emissions from urban areas. The management of all lakes 
is focused on reducing eutrophication. Local direct emissions from households have been 
removed and point sources reduced. Water management of several lakes nowadays aims at 
reducing the inlet of water. The phosphorus concentration of inlet water of some lakes has 
also been reduced to 0.03 mg P l-1 through a phosphorus removal plant. 

3.2.2 Selection of the lakes
The lakes of the study area are selected as the most important shallow polder lakes in 

the Netherlands. Some of them are fairly isolated from the main water system, while others 
form part of the boezem system. All lakes are situated in the lower lying parts of the Nether-
lands at or below sea level. The selection was primarily based on area, but also on ecological 
concern and, finally, on data availability. Together they can be regarded as a good represen-
tation of the Dutch polder lakes. Characteristics of the lakes are presented in Appendix 3.A1.
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3.2.3 Input data
The LakeLoad model uses data from other databases and models as input. In Figure 

3.2 the input data and components are presented. Catchments of the lakes were deter-
mined with the use of the geographical information system, ‘Waterstaatkundig Informatie 
Systeem’ (WIS), a national water information system (Meetkundige Dienst 1990). The WIS 
contains information on the location of surface waters, polders and sub-polders, and all the 
hydrological relationships between them on the basis of a 1: 50,000 scale map. The location 
of surface waters like lakes and canals and installations like pumping stations are included 
in the WIS.

The STONE model calculates non-urban run-off and emissions of nutrients as a func-
tion of manure application, soil type, type of land use and number of cattle. It is based on 
a 250-metre grid cell with a 10-day time step (Kroon et al. 2001). The model also calculates 
the agricultural water demand in dry summer periods. It is also possible to calculate, with 
its use, the effect of agricultural scenarios on nutrients in surface water. The Emission Regis-
tration Collective database (ERC) is used for yearly information about the point emissions of 
wastewater treatment plants and industry, and for the diffuse emissions from households, 
traffic and sewer overflows at an area base for water discharge (CCDM 1999). The ERC has a 
lower spatial resolution than the WIS system but is detailed enough for our purposes. The 
atmospheric deposition of nitrogen onto the lakes is taken from the OPS model (Erisman et 
al. 1998). (This atmospheric deposition is also input to the STONE model to account for the 
deposition on the land.) The quality of the inlet water is provided by the PAWN model (RIZA/
WL 1990), which calculates the concentration in the main Dutch surface waters, including 
estimations of future developments on a six-month basis.

Boezem 
system

Polder 
system

Lake IJssel
Sea

Figure 3.1. Ground water fluxes (grey arrows) caused by different water levels, and pumping routes 
(black arrows) from deep polders to intermediate polders (the ‘boezem’ system), and to Lake IJssel 
(main water body for inlet water) or the North Sea.
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3.2.4 LakeLoad
Catchment modelling using GIS is a common practice nowadays. Water movement is 

mostly driven by differences in elevation so elevation maps are used to determine both the 
catchment and the direction of water movement. The movement of water in polder areas, 
however, is almost completely determined by water-level management. For this reason, 
other methods must be developed to determine loading in polder lakes. 

LakeLoad is a generic polder lake catchment model that calculates the load with 
nutrients and the water balance in 41 Dutch lakes. With this model it is possible to calcula-
te the effect of changes in land use and agricultural practices in the catchment, reduction 
of point emissions, atmospheric deposition and water management changes. The model 
provides input to the lake water quality of the PCLake model. The catchment of each lake is 
determined as the (sub-)polder in which the lake is situated and all upstream polder areas 
using the WIS system (Meetkundige Dienst 1990), including all water flow relationships be-
tween polders. Next to the geographical analysis, each catchment is checked with the use of 
topographical maps for locating pumping stations and water bodies.

However, some lakes are not directly situated in the main water bodies of the polder 
system. Only part of the drainage water of the catchment will flow through these lakes and 
the residence time will be underestimated if it is calculated as the ratio of lake volume and 
all drainage fluxes of the catchment. (For example, all Friesian lakes lie in the same polder 
but differ in residence time as a result of their different positions in the complicated Friesi-

Scenarions on: Input from: Catchment

Agriculture STONE

Point & other ERC LakeLoad
Emissions
Deposi�on OPS

Main water quality PAWN

PCLake
Lake management ini�al fish, algae

condi�ons & water
& soil plants

Figure 3.2. The components of the LakeLoad and PCLake models showing the input from models and 
(geographical) databases, along with the scenarios that can be calculated from the input.
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an system of canals and lakes.) Hence a spatially proportional reduction factor of the lake 
catchment area is defined as the ratio of measured and calculated residence times to cor-
rect for this spatial resolution error (Appendix 3.A1). (In 3 cases this correction value is even 
slightly larger than 1, to correct for an apparent underestimation of the catchment area.) 
The measured residence time is the average 1990–1996 value (Portielje and van der Molen 
1998, van der Molen and Portielje 1999). 

The water flow and nutrient load (NH4, NO3, organic nitrogen, PO4 and organic phosp-
horus) from the catchment and the water demand of the catchment are retrieved from the 
STONE model. The 10-daily STONE output volumes are aggregated into three-month pe-
riods from 1990 to 2000. The spatial units are aggregated into the catchment of each lake 
with a GIS overlay.

The drain water from the catchment flows through a system of ditches and canals be-
fore it enters the lake. During this transport, retention of nutrients will take place due to 
sedimentation and uptake by plants. This retention is simply estimated as a function of 
the residence time τ in the feeding surface-water system using a well-known relationship 
developed for shallow lakes: 1 / (1 + √τ), (OECD 1979). For each lake, this residence time is 
estimated as the ratio of the volume of water in the catchment (based on WIS information) 
to the discharge from the catchment. The average calculated retention is 20% in winter 
and 27% in summer, comparable with the retention estimated in a STONE model validation 
program (Overbeek et al. 2001). Hence, differences between catchments are included in the 
model, for example, the difference between clay areas with relatively few ditches and a 
short residence time and peat areas with many ditches and a long residence time. 

Lakes lose water due to leaching and evaporation. In dry summer periods these losses 
are compensated by the inlet of water from outside the polder system. The quantity of this 
inlet water needed to maintain a constant water level is calculated as the sum of evapora-
tion and leaching minus the precipitation. The STONE model calculates the water demand 
of the catchment itself. The total water inlet represents the sum of both water demands. 
The concentration of nutrients in the inlet water is provided by the PAWN model (RIZA/WL 
1990). The River Rhine and Lake IJssel form the main source for inlet water. If a lake receives 
water passing through a phosphorus removal installation, a lower phosphorus concentra-
tion of 0.03 mg P l-1 is assumed (Ecotest 1990). This is the case in several of the small polder 
lakes.

The point emissions and diffuse emissions from households, traffic or (small) industrial 
sources are retrieved from the ERC database (CCDM 1999). Because the wastewater treat-
ment plants are the most important sources, their exact location in relation to the main 
flow direction is important. Therefore, the locations of all wastewater treatment plants are 
manually verified. The atmospheric deposition of nitrogen, as retrieved from the OPS mo-
del, is only used for the direct deposition on the lake. The deposition on the land is included 
in the STONE model. 

3.2.5 PCLake
The output of LakeLoad is used as input for the ecological model, PCLake. The PCLa-

ke model calculates the water quality parameters: nutrient concentration, chlorophyll-a, 
transparency, phytoplankton types and the biomass of submerged macrophytes. It also 
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calculates the distribution and fluxes of the nutrients, N and P in water and sediment. In-
puts to the model are lake hydrology, nutrient loading, dimensions (mean depth and size), 
sediment characteristics and initial conditions. A main feature of the model is simulation of 
a possible shift between algae and vegetation dominance as a function of nutrient loading 
and other factors (Janse 1997). It differs from so-called minimodels (Scheffer 1990) in that it 
is based on closed nutrient cycles, allowing a more quantified analysis.

The model describes a completely mixed water body, comprising both the water co-
lumn and the upper sediment layer (Figure 3.3), using a default sediment depth of 0.1 m. 
Any further horizontal or vertical distinction is not taken into account. The physico-chemi-
cal module describes the exchange of organic and inorganic matter and nutrients between 
sediment and water. Processes involved are sedimentation, resuspension, diffusion, burial 
and adsorption. Mineralization processes are described in both layers. Two modules, one 
for phytoplankton and the other for macrophytes, describe the primary production. A sim-
plified food web, consisting of zooplankton, macrozoobenthos, whitefish and predatory 
fish, is included to account for top-down effects and to model the effects of biomanipu-
lation (Janse et al. 1995, Janse et al. 1998). All biota are modelled on the basis of functio-
nal groups. A more extensive description of the model formulations can be found in Janse 
(1997) and Janse et al. (1992); other applications of the model are referenced in Janse (1997).

Figure 3.3. PCLake model structure. Double blocks denote compartments modelled in both dry 
weight and nutrient units. Three functional groups of phytoplankton are distinguished: cyanobacte-
ria, diatoms and other small edible algae. Solid arrows denote mass fluxes (e.g. food relationships), 
dotted arrows denote ‘empirical’ relationships (minus sign denotes negative influence, otherwise 
influence is positive). Egestion and mortality fluxes of animal groups and respiration fluxes are not 
shown.
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Lake characteristics such as depth, surface area and soil type of the lake sediments are 
taken from Portielje and van der Molen (1998). For lakes where the soil characteristics were 
not available, the soil type of the surrounding land at a corresponding depth was taken (de 
Vries 1993). The surface area and depth of a lake were used to calculate the resuspension 
and sedimentation rate. 

3.3 Results

3.3.1 LakeLoad
Catchments were assigned for 41 lakes and the water inflow and loading with nutrients 

estimated. Lake characteristics and estimated catchment area are presented in Appendix 
3.A1, while the catchments are presented in Figure 3.4. The lake catchment model calculates 
the input for these 41 lakes using the STONE input data and point emissions for the 1990-
2000 period. The average input load ranges from 0.015 to 39 g P m-2 y-1 for phosphorus and 
between 5 and 500 g N m-2 y-1 for nitrogen. Residence times range from 0.03 y to 1.9 y.

Literature data on input load are available for some lakes, although most of them were 
measured in the nineteen-eighties (Portielje and van der Molen 1998, van der Molen and 
Portielje 1999). Figure 3.5 shows the comparison between the values cited in the literature 

Figure 3.4. The ‘boezem’ and polder lakes presented with their catchments in the LakeLoad model. 
An isolated polder lake can be located in the catchment of a boezem lake.
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and the calculated values. A distinction is made between values for corresponding years 
and values for different years (viz. where the literature data refer to the situation before 
1990 and the model calculations to the period thereafter). This causes some deviation in 
the graph for a number of cases, as around the year 1990, many point source emissions 
were reduced substantially, especially with respect to phosphorus. Nevertheless, most cal-
culations have the same order of magnitude as the load mentioned in the literature, both 
for nitrogen and phosphorus. The relative differences increase where values for calculated 
load are lower. 

Detailed results are presented for the lakes Naardermeer and Kagerplassen in Figure 
3.6. Naardermeer is a small lake east of Amsterdam with a surface area of 204 hectares 
water and adjacent wetlands. The estimated catchment is 716 hectares. Nowadays, the lake 

Figure 3.5. Literature data (Portielje and van der Molen 1998) compared with model calculations for 
nitrogen (a) and phosphorus (b) input concentrations (g m-2 y-1) for several lakes. There is a differ-
ence in the comparison between corresponding years in the literature and model calculations, and 
between model calculations from 1990-1992 and literature studies before 1990.

Figure 3.6. Calculated winter (W) and summer (S) input of water flow (a and b) and loads for total 
nitrogen (c and d) and total phosphorus (e and f) and for the Naardermeer (left-hand side) and Ka-
gerplassen (right-hand side). The year 1996 was a dry year with 688 mm y-1, while 1997 had a rainfall 
of 730 mm y-1; 1998 was an extremely wet year with 1200 mm y-1. Sources: point = point sources in 
the catchment; ground w. = ground water dwelling directly to the lake; rainfall = deposition directly 
onto the lake; inlet = inlet of water from outside the catchment; catchment = runoff and leaching 
from agricultural and nature areas in the catchment.
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and its catchment, consisting of extensive grassland and 400 hectares of swamp, are owned 
by an organization for nature conservation. To maintain the high ecological value of the 
lake, phosphorus is removed from the inlet water. The calculated residence time of the lake 
is about six months. The Kagerplassen Lake is situated in a complex boezem system. It has 
high nutrient levels, a short residence time, a surface area of 235 ha, and is under the influ-
ence of a highly populated area. 

Three-year data are presented for both of the lakes: a dry first year with 688 mm rain-
fall, an average year with 730 mm rainfall and a final extremely wet year with 1200 mm 
rainfall. Naardermeer has an input of seepage water on the east-side, yet the drainage to 
the groundwater is more important. The lake needed a large amount of water inlet in the 
dry summer of the first year. Since the next year had more rainfall, less water inlet was 
needed, resulting in a slightly higher inflow of water into the lake. In the last very wet year 
the deposition and catchment run-off was highly important for the input. Still, the total in-
flow of water in the summer season was only 20% more than in the first dry year, although 
the origin differs considerably as a result of the inlet of water. The Naardermeer has a small 
catchment and therefore the rainfall on the lake is important in comparison with other in-
puts. Run-off from the catchment, deposition on the lake and, in summer, the inlet water 
are the main nitrogen inputs. Run-off from the catchment, followed by seepage water is the 
main source of phosphorus. Despite the phosphorus removal, the inlet of water is the main 
source in the summer. For the Kagerplassen run-off and leaching from the catchment form 
the main water inputs in the six months of winter; however, in dry summers water inlet is 
important. The input from point emissions is very important for the nutrients because of 
the number of wastewater treatment plants in this area. In the six dry months of summer 
the point emissions from wastewater treatment plants form the main input for nutrients. 
Both examples show the main input for nutrients to change considerably, depending on the 
meteorological conditions. 

An example of the differences between lakes is given in Figure 3.7, where calculated 
lake loads for the summer of 1995 are presented. This was a year with an average rainfall. 
The radius of the circles indicates the nitrogen input, ranging between 0.005 and 1.000 g N 
m-2 day-1. The main input source is given within the circle. For many lakes, the run-off and 
leaching from the catchment are the most important sources. Point sources are formed 
mainly by the effluent of wastewater treatment plants, but also by sewage overflows, in-
dustrial emissions and diffuse emissions from households and roads. The main input of 
nitrogen changes from run-off and leaching from the catchment and emissions of waste-
water treatment plants, for lakes with a large catchment and a short residence time, to 
water inlet and direct deposition for lakes with a small catchment. 

These examples clearly show the ability of the LakeLoad model to distinguish between 
different sources. The use of data with a high temporal resolution provides the opportu-
nity to account for such processes as the inlet of water from the main Dutch water system 
that occur within a short span of time. These processes can also contribute to a substantial 
part of the summer loading of a lake. In Figure 3.8 the input concentration calculated by 
LakeLoad is compared with the observed, in-lake concentration. The input concentration is 
expected to be higher than the in-lake concentration as a result of the retention in the lake; 
this, however, may not be the case if high nutrient levels in sediments result in considerable 
internal loading – see, e.g. Krivtsov et al.(2001b). The input concentration is calculated as 
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the sum of the input of phosphorus or nitrogen by catchment run-off, point and other dif-
fuse emissions, inlet water and deposition divided by the total water flow from the catch-
ment, rainfall and inlet water. The input concentration of nitrogen is always higher than that 
monitored in lake concentration; there are some exceptions for phosphorus but most input 
concentrations are higher.

Figure 3.7. The total nitrogen load for all lakes in the summer period (May-September). The load 
ranges from 0.005 to 1 g N m-2. For most lakes the main source of nitrogen is formed by the run-off 
and leaching from the catchment, especially from agricultural areas. For many lakes point sources 
are also important. Isolated lakes usually receive their nitrogen from agricultural deposition. Sourc-
es: point emission = point sources in the catchment; ground water = ground water dwelling directly 
to the lake; deposition = deposition directly onto the lake; inlet = inlet of water from outside the 
catchment; catchment = runoff and leaching from agricultural and nature areas in the catchment.
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3.3.2 Combined results of LakeLoad and PCLake
Figure 3.9 shows simulated and observed values of total phosphorus, total nitrogen, 

chlorophyll and Secchi depth for the 34 lakes of which monitoring data were available 
(Portielje and van der Molen 1998, van der Molen and Portielje 1999). This comparison gives 
a first impression of the quality of the combined models in combination with the quality of 
the used data, partly as a result of other models like the STONE model.

Several statistical methods can be used to quantify the model performance (Janssen 
and Heuberger 1995). A suggested method is to see whether the calculated = observed line 
lies within the 95-confidence interval obtained from a linear regression between the natural 
logarithm of the observed and calculated values, viz. whether the intercept and slope of the 
regression do not deviate significantly from 0 and 1, respectively (the natural logarithm was 
chosen to obtain normally distributed residuals for zero-bounded data). This was the case 
for phosphorus and nitrogen, but not for chlorophyll and the Secchi depth, both parameters 
much more depending on modelled processes. The model tends to predict either high or 
low chlorophyll values due to the sigmoid character of the ecosystem behavior; low levels 
are often underpredicted and high levels overpredicted. This means that the conditions for 
the linear regression are actually not completely fulfilled in this case. Other methods sug-
gested by Janssen and Heuberger (1995) to quantify the agreement of a model are based 
on the residuals between the individual points and the calculated = observed (1:1) line. The 
calculation may be based on the Root Mean Square Error (RMSE) or the Mean Absolute Er-

 

Figure 3.8. The observed lake concentration (Portielje and van der Molen 1998) and the calculated 
input concentration from LakeLoad for total nitrogen (a) and total phosphorus (b) in mg l-1. The in-
put concentration is expected to be more than the in-lake concentration. This is always the case for 
nitrogen, while there are some exceptions for phosphorus.
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ror (MAE), which is less sensitive to outliers. In this case, given the distribution of the data, 
it makes only sense to use the Mean Relative Error (MRE) to evaluate the fit, by dividing 
the residuals by the observed value. For phosphorus the Mean Relative Error is 0.46, which 
means that most of the predictions are within the margins of 46 % below or above the ob-
servations. The MRE for nitrogen is 0.52, for chlorophyll 0.72 and for the Secchi depth 0.35.

Another, fruitful, approach to evaluate the results is to view them in relation to the 
model’s objective. The main objective of the models is to provide information on the chance 
for lake ecosystems to switch from their turbid state into a clear state as a result of different 
managerial options at different scales. Empirical evidence suggests that reasonable criteria 
for this difference between eutrophic and mesotrophic state are assumed to lie at 0.05 mg 
l-1 for phosphorus; 1.0 mg l-1 for nitrogen; 25 μg l-1 for chlorophyll and 1 meter for the Secchi 
depth. Most of these values are suggested as Dutch standards for lake water quality in areas 
considered ecologically valuable. With respect to these criteria the model classified 88 % of 
the 34 lakes correctly for phosphorus; 82 % for nitrogen; 91 % for chlorophyll and 85 % for 
the Secchi depth. 73 % of all lakes where even classified correctly with respect to all four of 
the criteria. Yet this approach gives no direct information on the confidence limits of the 
combination of models.

These methods show that the combined models seem useful to at least classify the 
lakes in either mesotrophic or eutrophic within acceptable error boundaries.
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Figure 3.9. The observed and calculated total nitrogen (a), total phosphorus (b), chlorophyll con-
centration (c) and Secchi depth (d) presented for 35 lakes. The observed concentrations are summer 
means for 1992 and 1996 (Portielje and van der Molen 1998). The calculated values result from the 
combined models LakeLoad and PCLake.



71

3

Nutrient loading and ecology of lakes

3.4 Discussion

3.4.1 Model Performance
Here, a generic model, handling different years and emission routes separately, has 

been presented for calculating the load of nutrients for polder lakes in the Netherlands. 
Nutrient loading in a lake is the result of run-off and leaching from the catchment, atmosp-
heric deposition, point-source emissions and the inlet of water from outside the polder. 
These input fluxes are modelled separately using data from other models and databases. 
The output of the LakeLoad model is the input to the ecological model, PCLake, which cal-
culates the growth of algae, fish and plants in the lake. With the use of such a model it is 
possible to calculate the chain spanning agricultural practice and reduction of point source 
emissions up to the ecological effect on the lake. The effect of water management options, 
such as phosphorus removal from inlet water or reduction of the inlet water by allowing a 
fluctuating water level can also be estimated. 

However, the reliability of the estimations is determined by the quality of the two mo-
dels themselves, and the output of other models and databases used, with all their shortco-
mings and specific spatial and temporal resolutions. The STONE model provides LakeLoad 
with its main input. This model calculates phosphorus and nitrogen leaching, and run-off 
of water from non-urban land. Since no detailed information on drainage water quality is 
available, the STONE model could only have been validated on a national scale (Overbeek 
et al. 2001). The spatial resolution of the STONE model constitutes a problem for small cat-
chments consisting only of extensive grassland and wetlands. STONE data have to be extra-
polated to make a consistent water balance.

A hydrological isolation factor, calibrated on residence times, is used to correct for the 
fact that not all lakes are drained by the whole polder or located in the vicinity of the inlet 
point. This approach implicitly assumes a homogeneous catchment, which will not always 
be the case. Especially where correction factors are large, this may introduce substantial er-
rors. More detailed information on the water system can be used to improve model perfor-
mance. In a large catchment the discharge direction also sometimes changes, causing run-
off water to flow backwards before entering the lake. Furthermore, some lakes are flushed 
using additional inlet water to prevent high chloride concentrations in the summer time. 
This extra amount of inlet water has not yet been taken into account by this model.  

One also has to bear in mind that all process parameters in the PCLake model are set 
equal for all lakes (apart from lake depth, surface area, sediment type, water inflow and 
nutrients loading). Yet the estimated in-lake concentrations fit reasonably well with the 
available data on the lakes, certainly when evaluated as compliance or non-compliance 
with the criteria for mesotrophic state. The state of a lake, with residence times ranging 
from 1 week to 1½ years, depends to an increasing extent on the in-lake processes themsel-
ves. Lakes with a short residence time have input concentrations fairly similar to the in-la-
ke concentrations, but in lakes with a long residence time, the in-lake processes are more 
important. In particular, the sedimentation and resuspension rates of suspended matter in 
the different lakes are difficult to estimate. Besides, a number of biological process rates are 
uncertain and probably show a high natural variability. This explains why the uncertainty in 
the biological variables, like chlorophyll levels and vegetation biomass, is larger than in the 
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chemical variables. The overestimation of chlorophyll in many lakes might be due to errors 
in some of the production parameters. 

 

3.4.2 Comparison with other studies
The purpose of this model is to calculate the lake quality on a national scale. Therefore 

the average result is more important than the result for individual lakes. A quantitative ap-
proach shows good results for phosphorus and nitrogen, while chlorophyll and secchi depth 
have more variance.

Good performance of the models reported here results from the combination of de-
tailed representation of complex ecological dynamics with thorough consideration of the 
hydrological and nutrient budgeting. It should be noted that the results of this research are 
in agreement with studies conducted elsewhere. 

The correct account of water and nutrient inputs is crucial for limnological modelling 
studies. For example Krivtsov et al. (2001b) attributed higher simulated nutrient inputs to an 
English lake in 1998 (in comparison to 1996) to higher precipitation observed in 1998, which 
was the case in the present study as well. Hence, the weather pattern during this period 
appears to have affected the limnological dynamics in English and Dutch lakes somewhat 
similarly. Also, Van Huet (1992) showed for 3 Friesian lakes situated in the same ‘boezem’ 
system, the effect of differences in weather conditions on the nutrient loading. The effects 
were due to differences in phosphorus leaching from polder areas (higher in wet periods), 
combined with shifts in the hydrological regime of the ‘boezem’ system. In wet periods the 
main input is from the polders whereas, in dry periods the main input in general is from 
Lake IJssel, but depends on the position of the lakes in the system. Finally, the results of 
the lake Naardermeer are in agreement with the results presented by Bootsma et al (1999). 

The detailed representation of 3 biogeochemical cycles (i.e. N, P and Si) and all the re-
levant important ecosystem compartments (similar to those considered in PCLake) also 
proved indispensable in modelling studies conducted elsewhere (Krivtsov et al. 2000, Kri-
vtsov et al. 2001a). In many cases, feedbacks between the (bottom-up) nutrient regulation 
of phytoplankton growth and other biotic components (zooplankton, fish, macrophytes) 
were shown to be important (Jeppesen et al. 1990, Moss 1990, Carpenter et al. 1992, van 
Donk et al. 1993). In a number of cases, modelling studies including these components in 
an integrated way showed to be beneficial for simulating algal biomass in lakes (Janse et al. 
1995, Jayaweera and Asaeda 1996, Asaeda and Van Bon 1997, Muhammetoglu and Soyupak 
2000).
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3.5 Conclusions

The models LakeLoad and PCLake calculate the water and nutrient balance and in-lake 
concentration and ecological processes of some 40 lakes in the Netherlands. The model 
LakeLoad is a generic model, calibrated for the water balance for each lake. The input is the 
catchment made in GIS, the model STONE for runoff from the catchment and the ERC data-
base for point and diffuse emissions from household, traffic and industry. The simulations 
explain the different water fluxes entering a lake. In a wet year a lake receives most of its 
water from the catchment, but in a dry year the water inlet is very important. The total load 
can be the same for dry and wet years, despite a different water flux. For some lakes, point 
sources are very important. Atmospheric deposition can be an important nitrogen source. 

The validation of this combination of models (LakeLoad + PCLake) with monitoring data 
on water quality for phosphorus, nitrogen, chlorophyll and Secchi depth and with the litera-
ture on nutrient loads give reasonable results. Management options to reduce the trophic 
state and the ecological effects can be analysed with these models. The nutrient load in the 
future is represented as the result of measurements on a (inter)national scale (inlet water 
quality, atmospheric deposition), regional scale (agriculture in catchment) and local scale 
(hydrology of the lake). All scales are included in this model by using different databases and 
models, making it possible to model the sequence from land use and management options  
through nutrient loading to ecological effects in receiving surface waters.
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Appendix 3.A1 Lakes and catchment characteristics 

Name Depth Surf. Soil Infil-
tra-
tion

Seep-
age

Hydro-
logical 
isola-
tion 
factor 

 Catch-
ment

[m] [ha] [mm 
day-1]

[mm 
day-1]

 [-]  [ha]

Alkmaardermeer 2.5 517 clay 0 0.001 0.3   85,118

Amstelmeer 4 636 clay 0 0.219 1   25,629

Bergumermeer 1.3 406 sand 0.137 0 0.125 311,498

Botshol 2.45 146 peat 0 1.8 1        220

Braakmankreek 1.5 161 clay 0 0.001 1      5236

Braassemermeer 3.9 460 clay 0 0.371 0.23 104,478

De Leijen 1.5 297 sand 0.077 0 0.08 311,498

De Slotersplas 1.5 150 clay 0.585 0 1.1       310

Fluessen 1.5 2026 peat 0 0.224 0.14 311,498

Gaasterpoel en –brekken 1.5 490 peat 0 0.032 0.03 311,498

Groote brekken 2 693 peat 0 0.138 0.41 311,498

Grutte kritte 1.4 111 peat 0 0.239 0.07 311,498

Hollands ankeveen 1.25 153 peat 0 0.638 0.25        380

Kagerplassen & zweiland 2.4 235 sand 0 0.116 0.18 104,478

Kinselmeer 3 104 peat 0.2 0 1       360

Kortenhoefse plassen 1.2 251 peat 0 0.367 1       726

Lage bergse bos 1.5 17 clay 0.5 0 0.05     3594

Langeraarsche plassen 1.9 177 peat 0.111 0 0.63       457

Langweerderwielen 1.8 225 peat 0.062 0 0.095 311,498

Lauwersmeer 2.1 2209 sand 0 0.379 1 101,900

Leekstermeer 1.5 157 sand 0 0 0.4     5941

Loosdrecht 2.15 1489 peat 0 1.2 1     5002

Mooie Nel 4.5 87 sand 0.014 0 0.06 104,478

Naardermeer 1 400 sand 0.606 0.954 1        717

Nannewijd 1 98 peat 0 0.186 1      1337

Nieuwkoopsche plassen 3 662 peat 0 0.247 1      2050

Oostvaardersplassen 1.5 3686 clay 0 0.001 1      3686

Paterswoldsemeer 2 281 peat 3.271 0 1.3        681
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Reeuwijksche plassen 2 728 peat 0 0.4 1.1      3132

Schildmeer 1.5 288 peat 0 0.3 1      1697

Slotermeer 1.6 1103 sand 0 0.381 0.06 311,498

Sneekermeer 1.5 1107 peat 0 0.055 0.26 311,498

Stichts Ankeveen 1 250 peat 0 0.147 0.5        494

‘t Bovenwater 1.5 120 clay 0 0.001 1        155

Tjeukemeer 1.75 1998 peat 0 0.303 0.2 311,498

Vinkeveensche plassen 11.7 365 peat 0 0.11 0.5      3005

Westeinderplas 2.8 1008 sand 0 0.296 0.13 104,478

Wieden 1.5 1872 peat 0 0.156 0.18   49,222

Wijde Ee 1.4 101 peat 0.12 0 0.07 311,498

Zuidlaardermeer 1 564 sand 0 1.5 1   26,200

Zwet 1 115 peat 0 0.001 1      2234
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Abstract

In the assessment of complex spatial planning projects, the ecological impacts and so-
cio-economic impacts are fundamental to the evaluation. The measurements of ecological 
impacts of spatial plans have to be integrated in a standardised way. 

In the present paper we analyse two Dutch case studies and apply the standardised 
Threat-weighted Ecological Quality Area (T-EQA) measurement. This measurement is de-
veloped to evaluate projects with terrestrial impacts but has not yet been applied for wa-
ter evaluations. We aim to show how the use of a common measurement tool incorpo-
rates both ecological quality and degree of threat on criteria in the EU Water Framework 
Directive (WFD) and Nature 2000. The measurements discussed here derive from two cases 
of cost-benefit analysis: The first case is the Markermeer, the second largest lake of the 
Netherlands and a study on water quality improvement and nature restoration; an artificial 
island will also be the setting for a new residential area. The second case study is on water 
level management carried out on the IJsselmeer, the largest lake in the country. Results of 
our analysis show the potential impacts with a standardised method to the spatial distribu-
tion and quality of the ecosystems.

Keywords: lakes, Nature value, WFD, Nature 2000, IJsselmeer, Markermeer, water birds
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4.1 Introduction

In most instances, spatial plans have to be evaluated for their impacts on nature quality 
and biodiversity. Many of the effects of spatial plans relate directly to the impacts and are 
therefore easy to determine. In other situations, however, one impact may have different 
effects on different locations in relation to the quality of the nature area. If there are several 
impacts or several different effects, the evaluation needs to integrate them in order to reach 
a final positive or negative effect. 

In order to find the correct balance in the trade-off among (competing) goals and also 
evaluate the wide-ranging impacts of a project, a variety of evaluation tools can be used. 
Cost-Benefit Analysis (CBA) and variations of Multi-Criteria Analysis (MCA) are the two most 
commonly employed tools capable of responding to this concern. Cost-benefit analysis ta-
kes as its starting point the preferences of individuals with regard to proposed changes (Pe-
arce et al. 2006, Mishan and Quah 2007, Hanley and Barbier 2009, Boardman et al. 2011). 
MCA takes as its starting point the preferences of a decision maker or group of decision-ma-
kers or sometimes a broader group of stakeholders relevant to a project. As a project or po-
licy decision will have various different impacts, MCA measures these impacts as separate 
criteria (Pomerol and Barba-Romero 2000, Belton and Stewart 2002, Gamper and Turcanu 
2007). We have applied our approach to measure nature impacts in the framework of the 
MCCBA-approach to cost-benefit evaluation. This evaluation technique is a broad-based 
one, in which both CBA and MCA are combined in a standard and theoretically grounded 
way. A key characteristic of this approach is its use of standardised indices for recurring 
concerns in evaluation studies. For financial-economic impacts MCCBA uses the discounted 
net-present value common to CBA. For health impacts, it uses the Quality (or Disability) Ad-
justed Life Years (McPake et al. 2002, Drummond et al. 2005, WHO 2009). For the evaluation 
of ecological impacts, the T-EQA index: Threat weighted Ecological Quality Area is applied 
(Sijtsma et al. 2011, 2013). 

Many different evaluation systems have been defined for their quality of ecosystems 
(ten Brink 2000, Gregory et al. 2005, EEA 2010a, b, Vačkář et al. 2012, Jørgensen et al. 2013). 
But the T-EQA is designed in particular to standardise the measurement of biodiversity im-
pacts. Biodiversity is the variety of life on earth within species, between species and across 
ecosystems. The most commonly used indicators of the method are the area of natural 
or semi-natural ecosystems and the numbers of species living within them. In the T-EQA 
it is possible to measure the area of ecosystems as a natural unit (in hectares, or square 
kilometers) and then use species data to assess the quality of the area, which is known as 
Ecological Quality Area (EQA), the basis of our nature value indicator (ten Brink 2000, Strij-
ker et al. 2000, CBD 2007). Ecological quality of terrestrial systems is calculated on the basis 
of the so-called Mean Species Abundance (MSA) (ten Brink 2000, ten Brink et al. 2002, MEA 
2005a). Every ecosystem is given a threat weight, thereby reflecting the degree of the risk to 
extinction or rare species to the system – at a specified spatial level. In this paper, the T-EQA 
measurement is used for the first time to evaluate changes in water-related biodiversity. 

Several evaluation methods have been defined for biological quality in surface waters 
(Abbasi and Abbasi 2012, Verdonschot 2012, Jørgensen et al. 2013). As many indicators for 
biodiversity in terrestrial ecosystems are designed in response to threatened species (Bal et 
al. 2001, Vačkář et al. 2012), for aquatic systems, the indicators are based more generally on 
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concentrations and abundances of organisms belonging to a trophic level of the ecosystem 
or a well-defined group of organisms (Jørgensen et al. 2013). However, for our purposes 
here, the most important indicator for the biological quality of surface water in the Nether-
lands is represented by the European Water Framework Directive (WFD) (EC 2000). The 
integrated biological quality refers to fish, aquatic invertebrates, algae, and water plants. 
Indicators have been developed for each type of surface water (Evers et al. 2012, van der 
Molen et al. 2012). 

Another biological quality system germane to our analysis are the Nature 2000 targets 
for the abundance of selected species (EC 1979, 1992). Quantified policy targets are defined 
for specific species and areas which can be used as a quantitative objective. As not all na-
ture areas are Nature 2000, this method is useful only for quantified targets in designated 
Nature 2000 areas. 

We discuss in this paper two spatial complex plans which have been evaluated on their 
effects on nature and biodiversity. The spatial plans involve the two largest lakes in the 
Netherlands, the IJsselmeer and Markermeer. The IJsselmeer area plan examines the incre-
ase in water level and fresh water supply in order to mitigate climate change. The spatial 
plan for the Markermeer includes both urban development and nature restoration. In both 
plans a primary evaluation had to be carried out to account for the effects of the plans on 
Nature values. Both evaluations were part of a Cost-Benefit Analysis, whereby biological ef-
fects had to be assessed together with economic effects, costs of measurements for nature 
restoration, and the costs to elevate dikes (CPB and PBL 2009, Bos et al. 2012). However, 
note that the method provides a clear understanding of the physical ecological effects, but 
does not provide the welfare effect of the ecological impacts. In these studies, the overall 
effects on nature and biodiversity were integrated into one quantified value so as to com-
pare the different project alternatives of the spatial plans with each other. 

In the next section, we will describe the two cases, Markermeer and IJsselmeer with 
their nature and policy targets on nature and water quality. Thereafter, we calculate the 
Nature values with the areas, their ecological quality and the corresponding weights with 
regard to different project alternatives. Results for the project alternatives are then presen-
ted in the form of Nature Points; advantages and disadvantages of the method are in the 
discussion, and concluding remarks round out the paper. 

4.2 Material and methods

4.2.1 The study area and spatial plans 
In our study here, we evaluate two integrated spatial plans and major decisions on wa-

ter management and land use planning. The first case study is on the Markermeer and the 
connected lake IJmeer, which together comprise the second largest lake in the Netherlands 
with a surface area of 700 km2 (Figure 4.1). The second case study concerns the IJsselmeer 
and connected lakes Ketelmeer, Vossemeer and Zwartemeer (together 1200 km2). In this 
study, they are grouped together as the IJsselmeer area: the largest lake in the Netherlands. 
Both IJsselmeer and Markermeer have recently been reclaimed. The IJsselmeer was created 
by building the Afsluitdijk (completed in 1932), which enclosed the lake from the Wadden-
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zee. Forty-seven years later, the Markermeer was formed by making the Houtribdijk (1979) 
which separated the IJsselmeer lake from Markermeer.

Figure 4.1. The IJsselmeer area and the Markermeer in the Netherlands.
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4.2.2 Case study one: housing and nature enhancement in the Markermeer
The Markermeer was transformed in 1930 from a sea to a fresh water lake, but one of 

the consequences of the work was that the silt sediment remains in suspension, thus resul-
ting in a turbidity of 30 cm (Ministerie van Verkeer en Waterstaat 2008). This is a significant 
negative factor in relation to ecological quality. The total coast line is fortified with stones 
and water plants are scarce. The Markermeer is declining in its nature quality, as the num-
ber of mussel eating birds which feed on the lake is in decline (Figure 4.2). However, given 
that these birds are part of the Nature 2000 target species (Programmadirectie Natura 2000 
2009c), the policy decision was implemented which disallows negative effects to nature. In 
response, an integrated spatial plan for the Markermeer was drawn up (Samenwerkingsver-
band Toekomstagenda Markermeer - IJsselmeer 2009) to include (Figure 4.3):

• an artificial area created in the south of the lake for residential building;

• an increase of recreation infrastructure on the south side of the lake;

• a large newly created wetland of 50 km2 in the north of the lake near the Houtrib-
dijk;

• a partial enclosure of the north-west side of the lake (Hoornse Hop) to reduce sedi-
ment resuspension and promote the growth of water plants in the partly-isolated 
part of the lake;

• a small shallow wetland protected from the waves by a small dike near Almere; and

• a deep pit in the center of the lake to promote the deposition of suspended matter 
(and reduce turbidity).

Figure 4.2. The number of birds foraging on Markermeer grouped into mussel eating birds, plant 
eating birds, and fish eating birds. They represent the Nature 2000 targets for the Markermeer and 
IJmeer.
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The first two plans mentioned above have negative effects on the nature values. The 
artificial islands reduced the presence of mussels in the area. Negative effects were also 
recorded for other nature values, including an increase of disturbance for birds and bats. 
With the exception of the first plan, all the other plans had some positive effects on nature 
quality. The aim of the plans overall was to improve the nature quality, restore the Nature 
2000 targets of the lake and create a ‘surplus’ of nature quality in order to allow for future 
impacts. The total effect of all the positive and negative impacts had to be aggregated to a 
total effect on nature quality.

Figure 4.3. A schematic draft of the plans to improve nature quality in Markermeer.



84 D
R

P S I

Chapter 4

4.2.3 Case study two: water level increase and freshwater reserve in IJsselmeer 
The second study area is the IJsselmeer area, which has a fixed water level of 20 cm be-

low mean sea level in summer and 30 cm below mean sea level in winter. The lake dischar-
ges to sea at low tide. An important function of the lake is that it serves as a reservoir to 
provide fresh water to a large part of the country during dry periods. When we examine 
possible future scenarios, in case of climate change and sea level rises the lake will not be 
able to discharge to the sea under ‘normal’ situations. Therefore, in dry summers of some 
climate change scenarios, agriculture is expected to need more fresh water. To mitigate for 
climate change, in particular for fresh water needs and sea level rises, three project alter-
natives have been designed to change the water level of the lake in 2025, and 11 project 
alternatives have been drawn up for up to year 2100 (Bos et al. 2012). This great time span 
is required in order to achieve the investment required to pay for the major infrastructure 
in the event of sea level rises. In the present study, the present situation and the next three 
project alternatives are worked out (centimeter above or below mean sea level, the lowest 
level is only expected in incidentally dry years):

• present situation: summer, -20 cm; winter, -30 cm; lowest level, -40 cm

• 80 cm increase: summer, +50 cm; winter, -30 cm; lowest level, -40 cm

• 50 cm incidental decrease: summer, -10; winter, -30; lowest level, -80 cm

• 130 cm increase: summer, +110 cm; winter, +30; lowest, -40 cm

The major impact of sea level rise is expected to be a loss of terrestrial habitats beyo-
nd the dikes which would be flooded due to water level rise. These areas are particularly 
important for (breeding) birds; some islands are nesting places for thousands of terns, and 
other places are used by myriad flocks of geese in order to rest on the outer dikes. It is 
also expected that the distribution of aquatic habitats will change as the distribution of the 
depth zones changes; the depth of water has consequences for diving ducks which are not 
able to reach their food when water levels rise markedly. On the other hand, an incidental 
decrease of the water level can have a positive effect on the ecosystem for the growth of 
reed. In this study are the overall effects of the different water levels calculated.

4.2.4 Nature and water policies relevant to the lakes
Both the IJsselmeer and the Markermeer have been designated as Nature 2000 areas. 

The most important Nature 2000 targets (Table 4.1), however, are the water birds that feed 
on the lake or use the lake to rest, sleep or use as a stopover during migration (Program-
madirectie Natura 2000 2009c, a, d, b). Other targets are specific habitats or certain species, 
such as the bat Myotis dasycneme that forages above the Markermeer, a vole, Microtus oecono-
mus arenicola endemic to The Netherlands, and a small area of quaking bog on an island in 
the north west of the IJsselmeer. Also the mussel, Dreissena polymorpha, is the most impor-
tant food for birds in the lakes. 

In the scheme of the Water Framework Directive (WFD) lakes are designated as water 
bodies, and their values are given in terms of water quality. The quality in accordance with 
the WFD is expressed as the ecological quality ratio (ekr) for the biological quality elements, 
and provided in Table 4.2 (VenW et al. 2009c). The target for the biological quality is a de-
fault 0.6, but in this situation for all biological targets and each water body, lower speci-
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fic targets are also defined (Good Ecological Potential, GEP). To compare and evaluate the 
different water bodies, we have used the average biological quality of the four biological 
groups which represents the quality in respect to pristine situation.

Table 4.1. The Nature 2000 targets for birds in the 4 lakes aggregated to breeding pairs, foraging, 
and sleeping birds.

species numbers

IJsselmeer pairs 10 12,438

forage 29 125,850

sleep 6 69,800

Zwarte meer pairs 5 343

forage 15 7,505

Ketelmeer, Vossemeer pairs 3 49

forage 17 9,386

Markermeer pairs 1 160

forage 15 46,000

Table 4.2. Biological quality of the lakes in the WFD (VenW et al. 2009c). 

Phytoplank-
ton

Macro 
benthos

Water 
plants

Fish Average

IJsselmeer 0.35 0.38 0.17 0.61 0.38

Ketelmeer, Vossemeer 0.60 0.40 0.50 0.28 0.45

Zwartemeer 0.60 0.40 0.45 0.23 0.42

0.41

Markermeer 0.45 0.41 0.53 0.54 0.48
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4.2.5 Methodology: calculate nature values 
Our next step is to calculate a T-EQA score using a general procedure shown in Figure 

4.4. First, the area of ecosystem relevant to the project under consideration is determin-
ed. Second, the local intactness/entirety/wholeness/robustness of the relevant ecosystem 
is calculated on the basis of the presence or abundance of characteristic species relative to 
the number or abundance that would be present in an intact ecosystem. This yields a score 
ranging from 0 to 1; we then multiply scores for the different ecosystems by their area which 
gives the EQA per ecosystem. The EQA score is thus reflected by the surfaces in the right part 
of figure 4.4. Finally, we multiply the EQA of the ecosystems with a standardised weight 
factor indicating the level of threat to the ecosystem; for instance, the relative number of 
red list species in an ecosystem may be used. The average weight of the eventual list of 
ecosystems on which the ecological evaluation data are based should be 1. Extremely thre-
atened ecosystems should have the highest weight, while the most commonly occurring 
ecosystem with common species is expected to have the lowest weight. The multiplication 
factor between the highest and lowest weight is what defines the Threat weight at a given 
spatial scale. Quality for aquatic ecosystems is not defined by threatened species per se, but 
rather by the food web characteristics of the system, therefore an alternative of the T-EQA 
for aquatic systems had to be defined. 

The Threat-Ecological Quality Area is defined as:

1
( * * )n

i i i
i

T EQA Area Quality weightfactor
=

− = ∑
where i represents different ecotopes and n is the number of identified ecotopes. The 

T-EQA is expressed in Nature Points. In order to calculate the T-EQA, the area, the quality, 
and the weight factor of each ecotope must first be known. To evaluate the impacts of our 
case studies, we calculate and compare the starting T-EQA score with the scores from the 
different project alternatives.

Figure 4.4. The elements of the T-EQA scores.
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4.2.6 Area of ecotopes 
To calculate the differences between the project alternatives, we made use of runs of the 

model Habitat for the project alternatives of the IJsselmeer area (Haasnoot and Wolfshaar 
2009). This model calculated the area of ecotopes in the lake (Maarse and Noordhuis 2012). 
An ecotope is defined by Haasnoot and Wolfshaar (2009) as a homogeneous ecological 
unit, defined by abiotic (including but not limited to soil, climate, water availability and qua-
lity) and biotic factors (vegetation structure). In this case the model differentiated among 
the ecotopes Water with mussels, Water with water plants, Reed and Water with sandy soil; and for 
each ecotope, the distributions between water depth zones were distinguished (Figure 4.5). 
These ecotopes are characteristic for the most important ecological processes and for the 
abundant species of most birds (Figure 4.6). 

Figure 4.5. The spatial distribution of ecotopes in Markermeer and IJsselmeer area (Ecotopen map, 
RWS).
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4.2.7 Quality of ecotopes 
The most important nature values are defined in Nature 2000 and WFD; together, they 

correspond to most of the biodiversity aspects. Biological quality within the Water Frame-
work Directive (WFD) discussed above is used for the water quality of the lakes (Table 4.2). 
The results of the WFD for the lakes are comparable and are based on fish, macro benthos, 
algae, and water plants. In so far as quality of ecotopes is concerned, it is calculated as the 
average standardised nature value of the biological groups. The WFD biological quality is 
restricted to the fresh water part of the area and is not developed for terrestrial areas. In the 
case of terrestrial areas, small ones are given the same quality as the rest of the lake, and 
only the new wetlands in Markermeer are given a higher quality. 

4.2.8 Threat weight factor for ecotopes in the case studies 
The ecotopes of the lakes which have been identified have different relative importance 

within the total ecosystem. The shallow parts of the ecosystem have nature values for the 
benthic community and the surface water. In the deep parts of the lake, the majority of the 

Figure 4.6. The different ecotopes in a lake with the ecological relation of birds in the ecosystem.
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biodiversity is in the open water, the pelagic part of the ecosystem, whereas the benthic 
system has less biodiversity. The nature restoration areas with terrestrial nature also have 
higher biodiversity than the deep parts of the lake. As we can see, various parts of the eco-
system have a different relative importance to the nature values of the system. To inclu-
de the differences in ecosystems, weights for each ecotope were added; these weights are 
based on the type of bird group that feeds on the lake (Figure 4.6). They are the top of the 
ecosystem trophic pyramid as consumers of fish, mussels and plants and thus integrate the 
lower parts of the food web (Gregory et al. 2005, Tománková et al. 2012). 

The food of birds is well known, so most bird species can be grouped into these eco-
topes of the Habitat Model (Cramp et al. 1977, Nilsson 2005, Tománková et al. 2012). The 
most important bird species which forage on mussels are the Coot (Fulica atra), Scaup (Aythya 
marila) and Tufted duck (Aythya fuligula); plant-eating birds are the Wigeon (Anas Penelope), 
Mallard (Anas platyrhynchos) and Teal (Anas crecca). The most important fish-eating birds are 
the Cormorant (Phalacrocorax carbo), which breed in the neighbourhood and fish year round 
on the lake, Black tern (Chlidonias niger), present only a short time during the migration sea-
son and Common tern (Sterna hirundo), which breeds on an island in the IJsselmeer. The birds 
that dwell in reed are the Great reed warbler (Acrocephalus arundinaceus), and Sedge warbler 
(Acrocephalus schoenobaenus). Other bird species use the lake only for sleeping or resting du-
ring the migrating season, e.g. the Barnacle goose (Branta leucopsis), Golden plover (Pluvialis 
apricaria), Ruff (Philomachus pugnax), and White-fronted goose (Anser albifrons). A number of 
birds are omnivorous and eat mussels or plants, depending on the available food. In this 
case the birds are grouped in their most favorite food for foraging on the lake and for the 
foraging depth.

 Detailed quantitative information is available about the number of birds on both lakes 
(www.sovon.nl). The combination of number of birds, area and depth of ecotopes is com-
bined to yield the number of birds per hectare (Table 4.3). Fish-eating birds are assumed to 
forage on the whole lake, independent of the depth of the lake and characteristic for the top 
pelagic species of the food web. The other weights are added to represent the biodiversity 
of the benthic and flora values. For these lakes, 95% of the birds are also designated as 
Nature 2000 targets, it is therefore also used to compare to the threat-weighted factor for 
terrestrial nature quality. 

4.2.9 Project alternatives
Model runs from the Habitat Model for the lake IJsselmeer were available with the chan-

ges depicted in areas of ecotopes and corresponding water depths (Maarse and Noordhuis 
2012). The water quality in the IJsselmeer is not supposed to change with these alternatives 
of water level change because most of the lake is deep water. A noteworthy effect of the 
alternatives with high water levels in the IJsselmeer is flooding of special islands that were 
constructed for birds to breed or rest. At present, thousands of common terns breed on the 
islands. Without reclaiming the island land, breeding would be impossible, as would rest 
and sleep. But these effects for rest and sleep are easy to compensate and an alternative 
is available; therefore, these negative effects are ignored. On the other hand, the negative 
effect for breeding on the island is not compensated and this is included as a reduction of 
the number of fish eating birds: the weight factor for open water is reduced from 0.44 to 
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0.39. In other words, the highest trophic level for open water also depends on other factors 
than those specific to the lake. 

In Markermeer, both positive effects to water quality and spatial changes in the area 
of ecotopes are expected. The creation of a new wetland occurs through a transformation 
of deep water to wetland with a consequent high nature quality (compared, for example, 
with the Oostvaardersplassen). The partial enclosure of the Hoornse Hop and the deep pits 
for sedimentation presumed to have a positive effect on the lake quality, with the growth 
of more water plants and less turbidity in the entire lake. The newly created island for re-
sidential housing has a negative effect, as it has replaced the ecotope ‘water with mussels’ 
where many birds forage, with urban areas (without nature qualities). All changes in the 
plans were expressed in terms of a difference in area of ecotopes, or an increase in water 
quality of the lake.

 

Table 4.3. The weight factor for the ecotopes and differentiated to water depth. The weight factor is 
less for the Markermeer (0.2 instead of 0.4) for open water, as there are fewer fishing birds.

Water depth Open water 
with benthic 
invertebrates

Open water with 
water plants 

Open water (no 
benthic inverte-
brates or plants)

Reed, grass

> 5 m 0.4 0.4 0.4

4 - 5 m 0.4 0.4 0.4

3 - 4 m 1.4 0.4 0.4

2 - 3 m 2.0 0.4 0.4

1 - 2 m 2.0 2.5 0.4

0.2 - 1 m 2.0 1.9 0.4

+0.2 - 0 m 2.3

> 0.2 m 2.3
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4.3 Results

4.3.1 Results per project
The results are expressed in Figure 4.7 as ‘Nature points’ for the project alternatives of 

both lakes. The residential area in the newly constructed island in Markermeer had only a 
small negative effect on the nature values, as it reduced mussels in the area; in contrast, the 
artificial wetland incurred a major positive effect and thus compensated the loss of nature 
values over the last decades. The measurements to improve the turbidity also had a posi-
tive impact on the lake. The area with water plants will increase with the partial enclosure 
of the Hoornse Hop, compared with other small partly enclosed sections of the lake (Gouw-
zee). Water quality will also increase as a result of these measurements, affecting the whole 
lake by improving water quality. The total Nature points increased with the greater area of 
‘water with plants’ and ‘reed’ of the wetlands. 

In the IJsselmeer area, all project alternatives with water level rises had a negative ef-
fect on nature values. The project alternative with a 50 cm incidental decrease in the case 
of a dry summer had a slightly positive effect on the nature values, as it can have positive 
effects on the growth of reed in several places. The major part of the lake has moderately 
deep water, and changes in water level will have a negligent effect on the quality of the 
lake. The project alternative(s) with an increase of water level reduces the area of mussels 
which are presently available for diving ducks. When water is too deep, ducks cannot reach 
the mussels (Cramp et al. 1977). The areas of water plants are covered as a consequence of 

Figure 4.7. The results in Nature points for the Markermeer (left) and IJsselmeer area (right) for the 
present situation and 3 project alternatives.
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higher water levels during the spring season; with the turbidity of the water moreover, no 
light is available for the growth of plants. Flooding of the island reduces the number of birds 
feeding on the lake, therefore, the number of breeding birds diminishes. An increase of 130 
cm of the maximum water level had a pronounced effect compared with an increase of 80 
cm, as there is less ecotope ‘water with mussels’ in moderately deep water, with negative 
consequences for foraging birds.

4.3.2 Comparison across projects

In this paper we have shown the results of the separate case studies using the stan-
dardised T-EQA measurement. The T-EQA measure assists in decision making because dif-
ferent project alternatives can easily be compared. However, due to the standardisation, 
not only can alternatives now be compared within projects, but so too can comparisons be 
made across projects. In Table 4.4, we have added the total T-EQAs of the present situa-
tion in both lakes. Since they are weighted hectares, this is completely legitimate; different 
project alternatives of the different case studies can now be compared with each other. 
We have compared the five separate alternatives (excluding the combination of two in the 
Markermeer). Although the two case studies are completely separate initiatives, this may 
be helpful for overlooking the impacts of different policies and for assessing the size of the 
changes.

Table 4.4 clearly shows that the incidental 50 cm dropping of the water level has a small 
positive impact, while housing in the Markermeer has a negative but also moderate impact 
(-1%). We can observe that water level changes between 80 and 130 cm have severe effects: 
They reduce the ecological value of the combined lakes in the range of 5% to 19%. The 
Nature alternative is ambitious in its goal to enhance nature values in the Markermeer. It is 
a large-scale and complex initiative to realize, as we have seen above, among other things 
a large ‘pristine swamp’. This initiative ‘only’ improves the nature quality by about 6%. In 
making policy decisions quantification helps in the interpretation and valuation of the tra-

Table 4.4. Absolute nature value and changes in nature value for the project alternatives. 
  

  Present 
situation

Changes        

Both lakes   IJM 
+80cm

IJM 
-50cm

IJM 
+130cm

MM Hous-
ing

MM 
Nature

Open water 24,019 -2,315 -30 -2,147 -45 -36

Water with mussels 20,814 328 164 -5,715 -544 -917

Water with water 
plants

7,271 -340 -618 -2,188 0 3,014

Reed and other land 1,065 -77 813 177 0 1,352

Total 53,170 -2,403 328 -9,873 -588 3,413

Change of total   -5% 1% -19% -1% 6%
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de-offs at stake. In this case, the +6% of the ambitious Nature enhancing initiative seems to 
give the -19% of the 130cm change extra colour: Such a negative change is not easy to repair.

 

4.4 Discussion

We are able to make several remarks on the method and results of this aggregated bio-
diversity indicator for presenting the effects of these spatial plans for large areas. 

One concern about the use of this method is that only a selection of the present bio-
diversity is taken into account. Several bird species use the lake for resting or sleeping, and 
the majority of the species are designated as Nature 2000 targets (target of 69,000 geese 
for IJsselmeer). In this indicator, geese are not accounted for as regards the nature value of 
the lake; they are counted for the agriculture land because they feed on the agriculture land. 
Otherwise, we would encounter the problem of double counting, one for sleeping and one 
for foraging. 

Specific Nature 2000 targets for species and habitats (the pond bat, the vole and certain 
habitats) are ignored in the Nature value calculation, as the effects of these species and 
habitats are difficult to predict.

Another noteworthy concern is the weight factor for the final results. In this case, the 
given weight is based on the group of foraging birds as the most important species of the 
highest level of the trophic pyramid (excluding human fishery and large adult predatory 
fish). This group of birds had a large overlap with the Nature 2000 species of the lakes. 
Therefore, the weight factor is comparable with that of terrestrial ecosystems (Sijtsma et al. 
2011). The weights range between 0.2 (open water in Markermeer) and 3 (reed, water with 
plants or mussels), this is a factor 15 between the most important ecotope and less impor-
tant ecotope. In other studies, a range in weight factors have a comparable range (Sijtsma 
et al. 2009, Wessels et al. 2011).

An important consideration is that many birds forage in the lake, but they breed else-
where. In these lakes, there are two important species, the cormorant and the common 
tern. Both birds forage in the lake, but the cormorant breeds elsewhere, while the common 
tern breeds on the island in the lake. In this case, the cormorant is not affected by an incre-
ase of water level, but the common tern cannot breed on the islands with water levels over 
a certain depth. Therefore, the abundance of fish-eating birds depends on available food 
in the lake and also on the ability to breed in the neighborhood of the lake. In this case, the 
weight factor depends on the availability of breeding places for birds.

Another aspect is that ecological effects are also more complex than a direct dose-res-
ponse relation, which are not all included in this study. For example, a major change of the 
percentage of ‘water with plants’ could impose consequences for the fish community or 
the algae concentration in the lake. These effects are complex and more research is needed 
to investigate them. In the current two cases, the situation is not expected to incur much 
change in the area of water with plants; therefore, no effects to other biological groups are 
expected. Moreover, the effects on the land-water interface are important for these project 
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alternatives, but they are difficult to determine. Incidental low water level in dry summers 
in IJsselmeer area is assumed to have positive effects on the growth of reed.

The T-EQA is calculated on the area, quality and weight factor for ecological quality for 
each ecotope. The applied quality parameter is taken from the WFD for biological quali-
ty. The biological quality of the WFD is based on monitoring data of locations in different 
ecotopes, but in the biological quality is this aggregated to a biological quality for the lake. 
It would be preferred if the biological quality was available for each ecotope for a better 
defined quality for the ecotopes. 

The most important improvement of this assessment is its ability to access the WFD 
biological quality for each ecotope instead of for the whole lake. Terrestrial and aquatic 
ecosystems have different quality assessments, different scales and different targets. In this 
assessment, the two different systems had to be integrated. The weight factor is especial-
ly important for the differences in biodiversity between terrestrial and aquatic systems. In 
combination with the previous improvements, the weight factor could also be improved. 
Research is underway to refine the weight factors for these assessments. Despite its draw-
backs, the presented indicator is based on the most important groups of biodiversity and 
represents an approved model for calculating the area of ecotopes.

4.5 Conclusions

In this study, an indicator has been developed and applied to two cases for the largest 
lakes in The Netherlands. This method includes the biological groups algae, water plants, 
macro benthos, fish, and birds and integrated the results into one indicator. The indicator, 
T-EQA, has been calculated by multiplying the area, quality and weight factor for all availa-
ble ecotopes. The quality is based on the average of the four biological groups in the Water 
Framework Directive (WFD) evaluation. The changes in the area of ecotopes have been cal-
culated using the model Habitat. Weight factors are important in calculating the T-EQA as 
not all ecotopes have equal biodiversity values. The abundance of common species is more 
important in aquatic ecosystems, especially in the large lakes under consideration than the 
presence of rare species. Therefore, a weight factor for aquatic systems has been developed 
for the abundance of foraging species, as they represent the top of the trophic pyramid.

Through the use of the T-EQA method, the Nature values were presented at an early 
stage in the decision process on spatial development and water management. With the ag-
gregation to one index, the nature values have been included in the decision. The results of 
the Markermeer and IJsselmeer area can be integrated because they have been calculated 
with the standardised method. However, with this approach, local differences are neglec-
ted; some groups, such as birds that use the lake to sleep, are not included. Further research 
is needed to ascertain the biological quality for specific ecotopes instead of a whole lake, in 
order to improve the weight factors for the relative importance of different ecosystems and 
to integrate both aquatic and terrestrial nature values. 
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Abstract

As in many European countries, eutrophication of surface waters is a key problem in 
the Netherlands, caused by high concentrations of nitrogen (N) and phosphorus (P). For 
implementation of the EU Water Framework Directive (WFD) in the Netherlands, surface 
water types have been identified and for each water type environmental quality standard 
concentrations (EQS) were determined for both nutrients. With these standards, a new me-
thod was developed to quantify trends in water quality with respect to eutrophication on a 
national scale for the period 1990-2010. Firstly, monitoring data were aggregated to seven 
classes of surface water. Next, for each water class and each nutrient, a Nutrient Index was 
developed to express the degree of exceedance of EQS (distance-to-target method). The 
Nutrient Index for N shows a minor exceedance of EQS as well as an improvement in all 
water types; for P, the index shows a major exceedance in small stagnant waters throughout 
the 1990-2010 period, whereas in major rivers and lakes levels were close to EQS. Thirdly, 
the indices for seven surface water classes were aggregated to one index for each nutrient, 
and finally to a national Eutrophication Index combining N and P. This Eutrophication Index 
integrates all monitoring data and shows an improvement in the period 1990-2003 and 
stabilization since 2004.

Keywords: Nitrogen, phosphorus, eutrophication, Integrated Random Walk trend, nutrients, water 
quality index, WFD, distance to target
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5.1 Introduction

High concentrations of the nutrients nitrogen (N) and phosphorus (P) form a key water 
quality problem in the Netherlands (VenW et al. 2009a, b, d, e) and in many other countries 
(MEA 2005b, EEA 2010b, OECD 2012, Srebotnjak et al. 2012). Over the past decades, the 
European Union issued several directives to reduce nutrient loads to surface waters and 
to improve water quality. The Water Framework Directive (WFD) of the European Union 
(EC, 2000) is the framework for water policy and includes the Nitrates Directive (EEC 1991a), 
which intends to reduce diffuse nutrient emissions from agriculture, and the Urban Waste 
Water Treatment Directive (EEC 1991b), which aims to improve the treatment of waste wa-
ter.

The definition of the ecological quality of surface water according to the WFD consists 
of several elements including biological quality, general physico-chemical conditions and 
the concentration of specific pollutants (EC 2000). The water quality with respect to N and 
P is represented by two elements of the general physico-chemical conditions (other ele-
ments are: concentration of dissolved oxygen and chloride, water temperature, acidity, and 
in lakes turbidity). The Dutch implementation of the WFD specifies Environmental Quality 
Standards (EQS) for N and P for different types of surface water (van der Molen and Pot 
2007a, b). 

Despite Dutch legislation to reduce the surplus of nutrients in agriculture and improve 
levels of nutrient removal by waste water treatment plants (to 80% removal for P since 
2003 and for N since 2007), only one quarter of the surface waters in the Netherlands met 
the standard for P and N in 2009 according to the first Dutch report of the WFD (VenW et 
al. 2009a, b, d, e). 

There are several problems associated with the WFD for analyzing nutrient impact on 
water quality: (i) with only one year of WFD reporting, information on trends in water qua-
lity is lacking. For analyzing the effects of Dutch legislation with respect to the nutrient con-
centrations in surface water on a national scale, an indicator is needed that captures the 
trend in the actual water quality with respect to N and P concentrations for all water types. 
(ii) nutrients are represented by two out of seven environmental indicators, and due to the 
‘one-out-all-out’ principle, the indicator with the worst score determines the final result 
and the effect of nutrients may be invisible. (iii) all water bodies have equal weights (one 
small ditch and lake Ijsselmeer have equal importance). (iv) not all surface waters within 
classes of surface water are included in the WFD, particularly ditches are underrepresented 
(Table 5.1). 

Many literature reports present approaches to quantify the water quality with respect to 
N and P for a general type of surface water, such as lakes or rivers. For instance, EEA (2010b) 
presents concentrations of orthophosphate (PO4

3-) in rivers and total P in lakes without 
comparing the results with the standards; EEA (2012a) presents the median of yearly aver-
age concentrations of total P and N in rivers in relation to the ecological status. Several 
studies present water quality indices (Hallock 2002, Carr and Rickwood 2008, Cvetkovic and 
Chow-Fraser 2011, Abbasi and Abbasi 2012, Srebotnjak et al. 2012). Abbasi and Abbasi (2012) 
reviewed several indices that were developed for a specific river or lake. Most of these indi-
ces are based on multiple parameters (such as dissolved oxygen, electrical conductivity, pH, 
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total P, total N, water temperature and chlorophyll-a). Commonly the distance-to-target 
between observed and standard values is used, which facilitates comparison between diffe-
rent parameters. Different distance-to-target values of each parameter can be aggregated 
to a single index with an arithmetic or a weighted average. 

Data can be aggregated to larger scales with different approaches. For example, Cvetko-
vic and Chow-Fraser (2011) calculated an index for lakes as the average of the monitoring 
locations; Srebotnjak et al (2012) used catchment size as a weighting factor to define a na-
tional-level index. Often the aggregation protocol between different monitoring stations 
or between different types of surface waters is not specified (Ott 1978, Abbasi and Abbasi 
2012). 

The aim of this study is to develop a method to study trends in the quality of surface 
water, with respect to nutrients per se, based on the distance to target principle, distinguis-
hing major surface water classes and including all monitoring data.

The Netherlands has a wide variety of surface water types, with different pathways of 
nutrient enrichment. An index for surface water quality with respect to nutrients needs to 
integrate this heterogeneity of surface water. In this study we describe an aggregated water 
quality indicator for eutrophication including all surface waters in the Netherlands based 
on the WFD nutrient standards for specific surface water types. We will test what level of 
aggregation is most appropriate for policy analysis of the eutrophication status and trend 
at the national scale in relation to policy measures taken. 

Table 5.1. Major classes of surface waters in the Netherlands, their size in area and length and the 
number of water bodies and their representation in the WFD (VenW et al. 2009a, b, d, e) as calculat-
ed by Puijenbroek and Clement (2010). See also Appendix 5.A1 for figures with spatial information 
of the water classes.
 

 Surface water class Surface 
(in km2)

Length 
(in km)

WFD 

Number 
of water 

bodies

Area or length in WFD 
report as % of total within 

surface water class. 

Regional water system

  Ditches 330.000 67 0.5%

  Canals 6500 245 90%

  Streams 6200 240 70%

  Regional lakes (>50 ha) 600 107 100%

Major water system

  Major lakes (ex. IJsselmeer) 860 7 100%

  Lake Ijsselmeer 1140 1 100%

  Major rivers 330 650 14 100%
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5.2 Material and methods

5.2.1 Surface water classes
For the WFD, 50 different classes of fresh water are distinguished in the Netherlands 

(van der Molen and Pot 2007a, b). These surface waters differ in size of the water body, size 
of the catchment area and the hydrological, terrain, sediment and soil characteristics. In this 
study a spatial aggregation to seven classes of the most important surface waters was de-
fined on the basis of hydrological characteristics, spatial distribution and their importance 
to the national water system (Table 5.1).

Ditches are small, stagnant, linear surface waters with a width of less than 8 meters, 
typically used for draining agricultural fields. Canals are also stagnant, linear surface wa-
ters but have a width of more than 8 meters, and the larger canals are used for shipping. 
Streams have running water, a width of less than 25 meters and a catchment area of less 
than 200 km2. Dutch major rivers are wide (> 25 m) and have a large catchment area in up-
stream countries. Regional lakes are small to moderately sized lakes (< 10 km2); the major 
lakes cover more than 10 km2 and form part of the major water system as they are connec-
ted to main rivers. The lake IJsselmeer is a separate class because it is of key importance to 
fresh water supply in the Netherlands (Table 5.1 and Appendix 5.A1).

The water quality in each surface water class is determined by an interplay between 
the sources of nutrients, hydrology and ecology. The water quality of the major rivers is de-
termined by the nutrients stemming from Germany (Rhine) and Belgium (Meuse). Streams 
and canals are polluted by a mixture of diffuse nutrient loading from agricultural fields and 
discharge of effluent from waste water treatment plants. Nutrients in ditches stem from 
drainage water from agricultural fields. In contrast to running water with a short response 
time to changes in nutrient loading, nutrients in more stagnant canals, lakes and ditches 
often accumulate in the sediment, giving a long response time to changing nutrient loading. 
Water flowing to the IJsselmeer is mainly from the river IJssel, one of the branches of the 
river Rhine. Water from the IJsselmeer is supplied in dry summer periods to inland lakes and 
canals in the northern and western part of the Netherlands. 

5.2.2 Data selection and aggregation 
Ditches, canals and streams. Monitoring data for ditches, canals (both fresh and brac-

kish water) and streams were obtained from two databases with information from the lo-
cal water boards, the Limnodata Neerlandica (STOWA et al. 2012) and the CIW database 
(IHW 2011). These databases were combined and duplicates removed. Where data on total 
N concentration was lacking, the sum of the Kjehldahl-nitrogen, nitrate and nitrite concen-
trations was calculated for each sample. Outliers were removed from the dataset in order to 
reduce the influence of incidents and data errors, which otherwise may affect trends in the 
concentration. Outliers were identified using the standard Grubb’s outlier test on the indi-
vidual sample concentrations for a monitoring station in one year using a significance level 
of 0.5%. Less than 0.1% of the data was thus detected as an outlier and removed.

Standards for nutrients in fresh water were defined on the basis of summer average 
concentrations (April-September) (van der Molen and Pot 2007a, b). Summer averages 
were estimated by a procedure to ensure a balanced average over the summer half year. 
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Individual sample concentrations were subsequently averaged to obtain monthly values. 
Only summer averages were used that were based on a minimum of two monthly averages 
for each 3-month period (April- June and July-September). The two 3-month values were 
averaged to the summer average. 

To reduce the problem of an uneven spatial distribution of monitoring stations, all 
summer average concentrations were averaged within a 5 by 5 km grid cell. Grid cells with 
data of multiple monitoring stations were assigned the same weight as grid cells with data 
from only one monitoring station. For each nutrient this resulted in five sets of time series 
with summer average concentrations for a grid cell (sets for fresh water ditches, brackish 
water ditches, fresh water canals, brackish water canals and streams).

Lakes and major rivers. Data on summer average nutrient concentrations in lakes are 
from the national lake eutrophication research program (van der Molen and Portielje 1999, 
Pot 2010). Data for the major rivers are from the Ministry of Infrastructure and Environment 
(RWS 2012) (RWS, 2012) with measurements weekly or bi-weekly at four stations to repre-
sent the quality of river water entering and leaving the country.

Trend analysis. For the major lakes, lake IJsselmeer and the major rivers data were 
available for every year. However, for other surface water classes the time series obtained 
in this way do not cover the whole 1990-2010 period, or include data for only a few years. 
For trend analysis, time series are needed that cover the whole period. Time series for dit-
ches, canals and streams were selected with at least one summer average concentration per 
5-year sub period (1990-1995, 1996-2000, 2001-2005, 2006-2010). More data were availa-
ble for lakes, so all regional lakes with at least two summer average concentrations per 
5-year period were selected. As a result, the spatial coverage of data differs between surface 
water types. Two examples are given in Figure 5.1; figures of all water classes and for both 
nutrients are available in Appendix 5.A1. Table 5.2 lists the available data for the trend ana-
lysis by surface water class. 

Table 5.2. Average number of grid cells or individual monitoring stations per year with summer av-
eraged concentrations available for trend analysis.
  

Surface water class Nitrogen Phosphorus

Ditches 1) 180 161

Streams 1) 207 211

Canals 1) 279 261

Regional lakes 2) 64 63

Major lakes 2) 12 12

IJsselmeer 2) 1 1

Major rivers 2) 4 4
1) Number of grid cells, representing one or more monitoring stations

2) Number of individual monitoring stations
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5.2.3 Nutrient quality indices
The Dutch implementation of the WFD in 2009 included default EQS for N and P spe-

cified for different types of surface water (Evers and Knoben 2007, van der Molen and Pot 
2007a, b). The EQS varied between 0.03 mg P/l and 0.22 mg P/l and between 0.9 mg N/l 
and 4.0 mg N/l (both summer average). Although some EQS were quite high and result in 
eutrophic situations, so that recently for some water types more stern standards were de-
termined (Evers et al. 2012, van der Molen et al. 2012). In this study (van Puijenbroek et al. 
2010), a slightly simplified scheme of the default EQS was used (Table 5.3). For example, in 
the WFD fast-running streams have an EQS of 0.12 mg P/l and all other streams have an EQS 
of 0.14 mg P/l; since the water types are difficult to distinguish, here the EQS of the domi-
nant water type is used in all streams. 

Figure 5.1. The spatial distribution of P monitoring locations on a 5*5 km grid for canals (a) and 
streams (b). The presented results are from the period 2006-2010 and are summer averages. Most 
canals are below sea level and streams are above sea level. In Appendix 5.A1 are the other figures 
available.
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The nutrient quality indices (NI) for each surface water class are defined as an average 
of the evaluations of monitoring stations for all water types in a water class. The nutrient 
quality index for a specific nutrient and surface water class is calculated as follows:

NI
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where NI = Nutrient quality index; i = index for nutrient (N or P); j = index for surface 
water class; k = index for surface water type, l = grid cell for streams, canals and ditches or 
monitoring station for lakes and rivers; EQS = environmental quality standard; C = summer 
average concentration. NI equals 1 only when for the specific surface water class all con-
centrations of the nutrient concerned were at or below the corresponding EQS-values. The 
max-function in calculating NI is used to avoid compensation of stations with concentrati-
ons below the standard by those with values above the standard. The above NI can be ag-
gregated to the national scale for all surface water classes and for each nutrient as follows:

Table 5.3. Environmental Quality Standards for summer averages of total N and total P concentra-
tions as used for this study.
 

Surface water class Surface water type Nitrogen (mg 
N/l)

Phosphorus 
(mg P/l)

Ditches Fresh water ditches 2.4 0.22

Brackish waters 1.8 0.11

Canals Fresh water canals 2.8 0.15

Brackish waters 1.8 0.11

Streams Streams 4.0 0.14

Regional lakes Shallow buffered lakes 1.3 0.09

Shallow peat lakes 1.3 0.09

Deep buffered lakes 1.3 0.07

Deep, moderated sized, buffered lakes 0.9 0.03

Brackish waters 1.8 0.11

Major lakes Shallow buffered lakes 1.3 0.09

Deep, moderated sized, buffered lakes 0.9 0.03

Large deep lakes 1.3 0.07

IJsselmeer Large deep lakes 1.3 0.07

Major rivers Rivers 2.5 0.14
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No weights were applied here, because in this approach surface water classes are assu-
med to have equal importance for the Dutch water system. Finally, the overall national-le-
vel eutrophication index (EI) is the average of the indices for N and P (equal weights):

EI NIi
i

�
�
�1
2 1

2

       

(3)

To investigate the statistical significance of changes, a trend estimation technique was 
applied to all indices. These trends were based on a structural time series model, the Inte-
grated Random Walk (IRW) trend model (Visser 2004, Visser and Petersen 2012). Besides 
the trend, denoted as µt, two trend differences were calculated: the difference between two 
consecutive years [µt - µt-1] and the trend difference between the last year and a previous 
year [µ2010 - µt]. The advantage of IRW-trends is that the trend and both trend differences 
were calculated with 95% confidence limits. All trend estimates and uncertainties therein 
were based on the discrete Kalman filter (Visser 2004). This method was used for all indices, 
but here we will present only the final index.

5.3 Results and discussion 

Analysis of the concentration data indicates that the highest average N concentrations 
occurred in streams and ditches, while lakes had the lowest N concentrations (Figure 5.2). 
N concentrations decreased in all classes of surface water in the past 21 years. The highest 
P concentrations occurred in ditches and canals, and the lowest in the IJsselmeer and the 
major lakes. P concentrations decreased in streams and rivers during the 1990-2010 period, 
but remained essentially unchanged in other water classes (Figure 5.2). 

All NI for N decreased towards values between 1.1 and 1.8 (Figure 5.3). The index values 
for P were different. Stagnant water types, such as ditches, canals and small lakes had a 
high and unchanged index value over the period 1990-2010, with values exceeding 3. The 
nutrient indices for the IJsselmeer and the major rivers decreased from respectively 2.1 and 
2.6 in 1990 to 1.0 and 1.6 in 2010.

The national N index aggregated over all surface water classes (Eq. 2) decreased from 
2.0 in 1990 to 1.4 in 2010. The year 1998 showed a peak, most probably as a result of the 
intensive rainfall leading to N and P surface runoff during that summer. The national index 
value for P stabilized from 2001 onwards, despite significant policy efforts to reduce P emis-
sions. Finally, the aggregated EI combining N and P decreased from 1990 up to 2003 and 
stabilized afterwards (Figure 5.4). 
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Figure 5.2. The averaged N (a) and P (b) concentrations for seven surface water classes in the Neth-
erlands. Period is 1990-2010. 

Figure 5.3. Nutrient quality indices for N (a) and P (b) for the seven surface water classes in the Neth-
erlands. Period is 1990-2010.
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The EI trend shows a decreasing pattern over the period 1990-2010. The trend value in 
2010 is significantly smaller than the confidence limits in the period 1990-2004 (Figure 5.5). 
The trend differences [µt - µt-1] were significant and negative over the years 1990-2004 (the 
95% confidence limits wwere below zero in that period). From 2005 onwards, trend diffe-
rences were negative but not significant (α = 0.05). The trend differences [µ2010 - µt] show 

Figure 5.4. Nutrient quality indices for N and 
P separately and combined as a national Eu-
trophication Index. Period is 1990-2010.

Figure 5.5. Trend estimation for the Eutrophication Index (the middle curve in figure 5.4). The data 
with the IRW trend µt, along with 95% confidence limits (a); the differences [µ2010 - µt] (b) and the 
trend differences [µt - µt-1] (c).
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that the trend in 2010 was significantly smaller than in the period 1990-2003, but not sig-
nificantly different from trend values over the period 2004-2009. Hence, the trend analysis 
shows that EI has not changed significantly since 2004.

To explain this, the individual indices for N and P and for different classes of surface 
water need to be considered: with clear differences between N and P, and between running 
and stagnant waters, and differences due to change in loads of different sources. N concen-
trations steadily decreased in all surface water classes during the last two decades, but still 
exceeded the EQS in part of the locations. In contrast, P concentrations in ditches, canals 
and small lakes were high throughout the period considered (1990-2010). These water types 
are stagnant waters, in which the legacy of nutrients accumulated in sediment causes a long 
response time after reduction of the P load. During the period 1990-2010, the emissions 
from waste water treatment plants were reduced, but agricultural emissions did not decre-
ase (RIVM 2012). NI for P decreased to close to the EQS during the last two decades for the 
major rivers, the IJsselmeer and the other major lakes due to the reduction of the P load in 
upstream countries. NI values for streams and rivers have a faster response to changes in 
nutrient loads due to shorter residence time. 

The surface water quality indices are based on several options and criteria. Choices 
were made on spatial aggregation method, use of different monitoring data, evaluation 
method, and aggregation protocol for the EI.

The seven surface water classes of this paper are specific for the Netherlands (Tables 
5.1, 5.2 and 5.3). Aggregation and weighting of diverse surface waters with different moni-
toring data is subjective, and there are alternative procedures: (i) Monitoring locations were 
simply averaged to one index within each water class. Spatially more complex weighting is 
possible within each surface water class, for example by accounting for regional heterogen-
eity. (ii) In the current approach, three groups of lakes are defined (small lakes, major lakes 
and lake IJsselmeer). As an alternative, lakes can be weighted according to their size. (iii) In 
this study, two groups of rivers were defined, i.e. small streams with a local catchment and 
major rivers with a large catchment in upstream countries with equal weights. Alternatively, 
rivers or sub-catchments can be weighted according to the size of the catchment (e.g., Sre-
botnjak et al (2012). The Netherlands has two major rivers, Rhine and Meuse, with a large 
catchment in the upstream countries and many small rivers in the regional water system 
(Table 5.1). A weighing according to the size of the catchment is not appropriate, because it 
would lead to an index heavily dominated by the river Rhine, since it has the largest catch-
ment. 

Nutrient concentrations in the major lakes and rivers were measured every year and at 
least every month, but measurement frequency in the smaller regional waters was lower. A 
result of our selection criteria is that only 20% of the available monitoring stations is used, 
with adequate coverage during the 1990-2010 period. With this selection procedure, the 
NI is not affected by changes in the monitoring programs of water boards. Otherwise, the 
number and spatial distribution of monitoring locations will change during the investigated 
period and these differences could affect the trend. 

Equation 1 is based on the maximum of 1 and the ratio between the observed summer 
average concentration and the EQS to avoid compensation of stations with concentrations 
exceeding EQS by stations below EQS. The index can assume values < 1 without this maxi-
mum rule. For example, the N concentration in streams was below the standard in 75% of 
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the locations in 2009. Using the maximum rule, the index is 1.15 expressing the exceedance 
of EQS in part of the stations. Without the maximum rule, the index would be 0.85, sugge-
sting good water quality. 

Many studies in literature use weighting factors to combine several parameters in one 
index (Ott 1978, Abbasi and Abbasi 2012). It is known that N and P have different impacts 
in different aquatic ecosystems (Vollenweider and Kerekes 1982, Jeppesen et al. 2005). Lac-
king a consistent approach for all surface water classes to express the relative importance 
of N and P, in this study we used equal weights in the calculation of EI, similar to Srebotnjak 
et al. (2012). However by comparing both the NI for N and P and the aggregated EI no infor-
mation is lost. 

In the physico-chemical qualification of the WFD, N and P concentrations and five other 
parameters are combined with the ‘one-out-all-out’ principle, where the parameters with 
the poorest score determine the result. With this WFD method, an improvement of the 
N concentration and an unchanged P concentration yields no change of the index. Many 
studies describe water quality indices for one type of surface water, for example indices for 
rivers (Srebotnjak et al. 2012) or for lakes (Cvetkovic and Chow-Fraser 2011), or lakes and 
rivers separately (EEA 2010b). In the UNEP/GEMS water quality index, Carr and Rickwood 
(2008) used, one standard for both lakes and rivers as an average between mesotrophic 
and eutrophic surface waters. The method presented in this paper covers a range of surface 
water classes, and also includes an aggregated index, EI. However, for understanding the 
trends of the aggregated EI, the underlying NI indices for N and P and individual water clas-
ses should also be considered.
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5.4 Conclusions

The aggregated indicator presented in this paper summarizes the trend of N and P in all 
freshwater systems. Because it is directly linked to WFD-standards, it is easy to communi-
cate to policy makers. The aggregated indicator has been used in several reports (PBL 2009, 
2012a, b) to compare eutrophication with other environmental problems, such as N-de-
position on natural terrestrial ecosystems, desiccation of terrestrial ecosystems resulting 
from the lowering of ground water levels and eutrophication of marine waters. However, 
understanding the trends of the aggregated EI requires analysis of the underlying indices 
for nutrients and individual water classes, because there are clear differences between N 
and P, running and stagnant water, and between different sources and pathways of nutrient 
enrichment. 

The trend analysis provides information about the significance of changes of the indi-
ces. The trend differences show whether the concentration in a specific year was significant-
ly different from that in a previous year. This information can be used in policy research to 
evaluate the effect of measures to improve the environmental quality. 
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Appendix 5.A1. Maps with water classes and distribution of grid cells with 
monitoring data.

Figure 5.A1 Spatial distribution of the water classes (a) and spatial distribution of ditches in the Neth-
erlands, presented as percentage ditch of total area (b).
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Figure 5.A2. N concentration (a) and P concentrations (b) in ditches, period 2006-2010.

Figure 5.A3. N concentration (a) and P concentration (b) in canals, period 2006-2010.
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Figure 5.A4. N concentration (a) and P concentration (b) in streams, period 2006-2010.

Figure 5.A5. N concentration (a) and P concentration (b) in lakes, period 2006-2010. Most lakes are 
shallow lakes. 
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Abstract

The Water Framework Directive (WFD), implemented in 2000, is the major policy in-
strument for water quality in the European Union. Its main aim is to homogenize and stan-
dardise water quality assessments in all Member States, stimulate water quality improve-
ment and contribute to the management of transboundary water problems. Surface water 
quality descriptions are a crucial part of the WFD. The first WFD assessment was presented 
in 2009 and in 2014 a second set of results were available, allowing comparison of the status 
between both years. The main issue for policymakers is whether the quality has changed 
over the past years. In this study, two methods are evaluated to examine the differences in 
surface water quality. The WFD method uses the differences in the percentage of water bod-
ies with a good quality for comparing between both assessments. The time-series method 
uses the WFD metrics to calculate water quality with all available monitoring data, aggre-
gated to grid cells. The conclusion concerning the WFD method is that the two assessment 
reports of 2009 and 2014 are too dissimilar in method and standards and therefore not 
suitable to evaluate changes over time. The time-series method showed a small improve-
ment for phytoplankton and macrophytes and no improvement for benthic invertebrates. 

Keywords: WFD; EQR; algae; benthic invertebrates; macrophytes; phytoplankton
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6.1 Introduction

In many countries, the chemical quality of surface waters is insufficient due to the emis-
sions of organic pollutants, nutrients, heavy metals and toxic substances from households, 
agriculture and industry (MEA 2005b, EEA 2010b, OECD 2012). Biological quality is also af-
fected by hydro morphological changes, such as habitat composition, flow dynamics, sha-
ding or the availability of food sources (Borja et al. 2005, Jeppesen et al. 2005, Hering et al. 
2013, Marzin et al. 2013). Many different systems have been developed to describe surface 
water quality (Ott 1978, Abbasi and Abbasi 2012, van Leeuwen et al. 2012, Srebotnjak et al. 
2012, Verdonschot et al. 2012). Most systems evaluate the quality of nutrients and organic 
pollutants, some include toxic pollutants. Other systems are based on the abundance of 
plants or benthic invertebrate species (Birk et al. 2012, Keizer-Vlek et al. 2012, Verdonschot 
2012). 

In EU Member States, the Water Framework Directive (WFD) is the major policy instru-
ment for surface water quality (EC 2000). The WFD assessment includes a classification of 
the ecological status of surface waters on a scale from high (effectively pristine) to bad, 
including intermediate steps of good, moderate and poor; assessment of toxic pollutants 
results in two classes, good and not good. Ecological quality is the most important indicator 
and primarily concerns biological quality, which is based on the four biological quality ele-
ments (BQEs) of phytoplankton, benthic invertebrates, macrophytes and fish. The national 
survey of ecological quality is the result of several underlying agreements on how to aggre-
gate and classify the monitoring data. 

The first aspect of the ecological assessment is the spatial assignation of assessment 
units of the surface waters (the water bodies). Spatial characteristics are classified into dif-
ferent typologies of rivers, lakes, estuaries and coastal waters; in the Netherlands a classi-
fication is used into 50 different types of surface water. The metrics for the BQEs and the 
standards for the physico-chemical quality are defined for each water type. Another aspect 
is the option to define a lower standard for heavily modified or artificial water bodies; the 
good ecological potential (GEP), for a BQE or a physico-chemical parameter. This option can 
be used for water bodies where a good condition can only be achieved with disproportio-
nate damage to other functions. A number of the underlying quality elements and the final 
indicator are aggregated from their components with the ‘one out, all out’ principle; when 
one component does not meet the standard, the final indicator or the quality element also 
does not meet the standard. 

This total set of indicators and spatial characteristics makes the WFD a complete water 
quality assessment with many different elements, but also complex and inflexible (Hering 
et al. 2010, Reyjol et al. 2014). The ‘one out, all out’ principle used in the aggregated indica-
tor is in line with the precautionary principle and will provide sufficient protection. It also 
results in an aggregated indicator that mostly masks any improvement, because in most 
cases there are one or more substances that do not meet the standard. Chemical quality and 
quality of river-basin-specific pollutants are determined by many substances, but with the 
‘one out, all out’ principle, it does not make a difference for the aggregated indicator how 
many substances failed to achieve the standard. Another critique is the spatial classification 
of water bodies; small surface waters are not designated as a water body and therefore not 
included in the assessment (Biggs et al. 2014). Small waters are a critical and vulnerable part 
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of the freshwater landscape, especially in the Netherlands where ditches with their long 
combined lengths are important for national biodiversity. The option to define GEP for hea-
vily modified water bodies results in different standards for water bodies of the same water 
type, which makes comparison between water bodies or regions difficult. 

The first results of the WFD were presented in 2009 (VenW et al. 2009c, EEA 2012b). The 
Member States with the worst water quality were Belgium, the Netherlands, Luxembourg 
and Germany. The results for the Netherlands were based on the first description of the 
assessment method for BQEs (Evers and Knoben 2007, van der Molen and Pot 2007a, b). In 
2014 new results of the WFD assessment became available, but certain metrics and some 
standards in the WFD assessment having been improved (Evers et al. 2012, van der Molen 
et al. 2012). This improvement was a result of the evaluation of the first assessment and 
part of the intercalibration to unify the BQEs in the EU Member States (Birk et al. 2012, Birk 
et al. 2013). A consequence of this intercalibration is that the results of 2009 and the recent 
results cannot be compared. For the same reason, the WFD results cannot be used for trend 
analysis, despite the long series of monitoring results which sometimes are available.

The results of the WFD assessment with the data on 2009–2013 were published on re-
levant websites and in reports for policymakers and the general public (CBS et al. 2010, PBL 
2014). Policymakers use these results to compare between different years and to claim an 
improvement in water quality. The question is whether such improvement is the result of a 
change in method or is an actual improvement in the environment. 

In this report the 2014 results of the WFD are presented and compared with those on 
2009. Two methods are used to calculate the differences over time. The first method, the 
WFD method, uses the percentage of good quality water bodies as a means of comparison. 
In the second method, the time-series method, the metrics of the BQEs are applied to all 
available monitoring data. With the time-series method, we present time series of biolo-
gical quality over 20 years. These time series are related to the WFD results as they are cal-
culated with the same metrics, but are different in their spatial aggregation and standards. 
These differences are necessary as the WFD assessments cannot be duplicated in the same 
way on a national scale. From the study we conclude that, under both methods, the water 
quality with respect to phytoplankton and macrophytes shows improvement. The water 
quality with respect to benthic invertebrates appears to improve based on WFD results, but 
is unchanging under the time-series method. 

6.2 Material and methods

The WFD assessment results for 2009 and 2014 were received from the ‘Informatiehuis 
Water’ (http://www.waterkwaliteitsportaal.nl/ downloaded 14 June 2014), the organization 
that collects the data from water boards and the Dutch Ministry of Infrastructure and the 
Environment. For each water body, these data files contain the assessments for the under-
lying substances, parameters and BQEs, and the aggregated and final indicators of the WFD. 
Missing information has been indicated by ‘no data’ and ‘not relevant’; this last category 
applies to situations where the specified indicator was not applicable for a particular water 
type, such as phytoplankton in running water. Both 2009 and 2014 were compared to ex-
plore the changes in water quality. The concentration of the parameters and the EQR of the 
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BQEs were not available for the intervening years, therefore only the assessments of 2009 
and 2014 were used in the trend analysis.

To explore the changes in biological quality of surface waters over a period of 20 years, 
the database of the Limnodata Neerlandica, www.limnodata.nl was used. This database 
contains all biological data collected by the water boards and the Ministry. The Ecological 
Quality Ratio (EQR) can be calculated for each monitoring sample of phytoplankton, benthic 
invertebrates and macrophytes (other aquatic flora) with the specific metrics of the corres-
ponding water type. The BQE of macrohpytes consists of two or three metrics depending 
on the type of water; the abundance and the presence of selected species of plants and 
for running waters phytobenthos. With the available data, the EQR could only be calcula-
ted with the metrics of the presence of species. The BQE of phytoplankton consists of two 
metrics: the concentration chlorophyll-a and the presence of species of algae. In this study, 
the concentration of chlorophyll-a was used. These metrics are available for all types of 
surface water, including small surface waters (van der Molen and Pot 2007b). The dataset 
contained 21,300 samples of benthic invertebrates and 31,000 samples of macrophytes. The 
data of summer average chlorophyll-a concentrations were obtained from the national lake 
eutrophication research program (van der Molen and Portielje 1999); summer averages of 
each year were available for 75 lakes.

To explore long-term changes in water quality, monitoring points have to be well dis-
tributed and have to be monitored during the entire period (van Puijenbroek et al. 2014). 
Long time series of monitoring points are needed for time-series analysis, but adaptations 
of monitoring programs and changes in location identifiers reduce the number of stations 
that could be used. Another problem is the uneven spatial distribution, especially in bio-
logical monitoring programs, where some locations are intensively monitored and other 
locations sparsely. Another problem is that water boards often have a rotating monitoring 
program. To counteract these problems, the EQR values of all monitoring locations were 
averaged to a 5*5 km grid. In this study the grid cells were selected with at least one year of 
monitoring data in each period of 5 year. The data on 2006–2010 were used for describing 
present water quality. 

With these steps, the number of monitoring samples were reduced to 4,500 grid cell 
values for macrophytes and 8,700 grid cell values for benthic benthivores. For each year, the 
average, median and the 10-, 25-, 75- and 90-percentiles were calculated for all available 
grid values. 
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6.3 Results

The results of the WFD assessment for the year 2014 are presented in Figure 6.1 (CBS et 
al. 2010, PBL 2014); for maps of the results, see http://www.compendiumvoordeleefomge-
ving.nl/indicatoren/en1438. Chemical and ecological quality are presented at the top of the 
figure as end indicators of the WFD. Ecological quality is mainly determined by biological 
quality; in case of good biological quality, physico-chemical quality and the quality of ri-
ver-basin-specific pollutants also determine ecological quality. Biological quality is compo-
sed of the BQEs of phytoplankton, macrophytes, benthic invertebrates and fish. In the case 
of phytoplankton, the distinction between ‘not relevant’ and ‘no data’ is useful to prevent 
misconceptions about the monitoring effort. This presentation clearly shows the connecti-
on between and hierarchy of different quality elements. 

Although 20% to 35% of water bodies have a good quality with respect to one of the 
four BQEs, overall biological quality is good in only 3% of water bodies (Figure 6.2). Ecolo-
gical quality, a combination of biological quality and other quality elements, is moderate or 
worse in all Dutch water bodies. The individual BQEs are presented, as well, to demonstrate 

Figure 6.1. Assessment of the quality of surface waters according to the Water Framework Directive, 
data 2009–2013.
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the effect of the ‘one out, all out’ method on overall biological quality and to show impro-
vements in the individual BQEs.

The differences in the BQEs between the assessments of 2009 and 2014, worked out 
with different metrics, are presented in Table 6.1. The percentage of water bodies of good 
quality increase by 5 percentage points for phytoplankton and benthic invertebrates, 4 per-
centage points for macrophytes and 12 percentage points for fish, which on average is an 
improvement of 6.5 percentage points. Although the individual BQEs show an improve-
ment, the percentage of water bodies with overall good biological quality increases by only 
2 percentage points. This shows the minimal effect of improvements in underlying quality 
elements on the aggregated group quality elements, as a result of the ‘one out, all out’ 
principle. 

The results of the time-series method to determine the improvement in biological qua-
lity based on grid cell values are presented in Figure 6.3 in graphs, in Figure 6.4 in the form 
of maps for benthic invertebrates, macrophytes and phytoplankton, and in Table 6.2 by 
the number of locations, quality and improvement. Quality and improvement are shown in 
two indices: the average of the EQR and the percentage of water bodies of good/very good 
quality. 

The time-series method shows an improvement of 6 percentage points for phytop-
lankton, -1 percentage points for benthic invertebrates and 4 percentage points for ma-
crophytes. On average, an improvement of 3 percentage points can be seen using equal 
weights for the three groups. Taken into account the differences in monitoring intensities, 

 

 

Table 6.1. The WFD assessment of 2014 compared with the assessment of 2009. For each BQE, the 
percentage of water bodies per quality class are shown. 

Bad Poor Moderate Good Very 
good

No 
data

Not rel-
evant

Assessment 2009

Biology 21 44 32 3 0 0 0

Phytoplankton 2 13 20 17 0 4 44

Benthic invertebrates 2 30 47 19 0 2 0

Macrophytes 18 27 34 18 0 3 1

Fish 3 26 41 23 0 6 2

Assessment 2014

Biology 19 44 32 5 0 1 0

Phytoplankton 1 6 23 22 0 5 44

Benthic invertebrates 2 23 48 24 0 3 0

Macrophytes 9 27 39 21 0 3 1

Fish 9 21 29 34 0 6 1
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Figure 6.2. Biological quality of water bodies for the 2009–2013 period.

 

Figure 6.3. The time series of the EQR of benthic invertebrates and macrophytes in all surface waters 
and of phytoplankton in lakes in the Netherlands.
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Figure 6.4. Maps of the quality in respect to the presence species of macrophytes (a), benthic inver-
tebrates (b), and phytoplankton (c) with the time-series method, all data on the 2006–2010 period 
are used.

 

 

Table 6.2. The average EQR of all grid values of the time-series method for three periods and the 
improvement in EQR between the first or second period on the one hand and the last period on the 
other hand. The increase in the percentage of water bodies with a good classification according to 
the WFD method is shown in the last column.

quality Improvement

I: 90–94 II: 01–05 III: 06–10 number I–III II–III WFD

Phytoplankton 2009–2014

- average EQR 0.36 0.49 0.52 72 0.15 0.03

- percentage good 12 14 19 8 6 5

Benthic invertebrates

- average EQR 0.39 0.43 0.43 491 0.04 0.00

- percentage good 9 14 13 3 -1 5

Macrophytes

- average EQR 0.28 0.29 0.34 245 0.05 0.04

- percentage good 9 9 14 5 4 4

Fish 12
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this is an improvement of 1.2 percentage points when weighing according to the number of 
monitoring points. 

This analysis shows that the WFD and the time-series methods result in different figu-
res for the changes in biological water quality. The time-series method shows a very small 
increase in biological quality, much smaller than under the WFD method. 

6.4 Discussion

The WFD is the major policy instrument for water quality in Europa. The first result of 
the WFD assessment in 2009 showed an insufficient water quality in the Netherlands. The 
main objective of the WFD is to prevent further deterioration of ecological quality (EC 2000). 
Therefore, policymakers are mainly interested in indicators that show an improvement in 
water quality; improvements over the most recent years are especially important for po-
liticians. Although the WFD results are shown in 5 classes, the most important is the dis-
tinction between good/very good and moderate/poor/bad. EU Member States are ranked 
according to the percentage of water bodies with a good/very good condition (EEA 2012b). 
Policy reports compare the results of 2009 and 2014 to demonstrate any improvement in 
biological quality (PBL 2014). From a scientific point of view, such a comparison is not pos-
sible, due to the differences in metrics and standards used in 2009 and 2014. To compare 
different years, the same method and standards must have been applied to the monitoring 
data to calculate time series. 

One option is to calculate the 2009 assessment over again with the same metrics and 
standards of 2014, or, to calculate the 2014 assessment again on the same way as in 2009 
and to explore the differences. The WFD assessments are calculated by the water boards 
with a selection of the monitoring data, which cannot be easily repeated on a national scale. 
Therefore, we chose to use time series of BQEs based on the same metrics but with a dif-
ferent spatial aggregation. An added advantage is that the time series cover a longer period 
than the WFD assessments. With the time-series method we also present the average EQR 
quality, as well as the percentage of water bodies of good condition. 

Both methods were based on the same WFD metrics, but differed in the procedure 
used to calculate the aggregated quality. In the WFD, water quality is reported on the level 
of water bodies, while in the time-series method, the monitoring points are aggregated to a 
5*5 km grid to handle the differences in monitoring programs (van Puijenbroek et al. 2014). 
Another difference is that in the time-series method small surface waters such as ditches 
and ponds have been included, which is not the case in the official WFD reports (Biggs et 
al. 2014). 

An added difference between both methods is the standard that represents good qual-
ity. In the WFD assessment many water bodies have a water body specific GEP for the BQEs, 
as nearly all Dutch water bodies are classified as being heavily modified or artificial. In the 
time-series method, an EQR of 0.6 has always been used as the standard for good quality. 
One of the major advantages of the WFD is the intercalibration of the BQEs, which makes 
it possible to compare results from different EU Member States (Birk et al. 2013). However, 
in the Netherlands, half of the water bodies have a water body specific GEP of less than 
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0.6 for the BQEs, which makes a comparison between water bodies or countries difficult. 
The time-series method, with spatial aggregation and the use of one standard for good 
quality, is a useful alternative to the WFD assessment for trend analysis, because it has no 
policy-based standards, uses an equal spatial aggregation, includes small waters and has 
results over a period of 20 years. 

To explore the improvement in water quality between two points in time, the easiest 
method is to compare the percentage of water bodies of good/very good quality, in the 
same way as used in the ranking of the countries mentioned above (EEA 2012b). However, 
this simple method disregards improvements from very poor to poor or poor to moderate, 
and also from good to very good. With the time-series method, both the average EQR and 
the percentage of all grids with a good quality can be used as indicators. This percentage 
of good quality is the common aspect in the two methods. The disadvantage of the ‘one 
out, all out’ procedure of the WFD is that overall biological and ecological quality hardly 
change with the improvement in the underlying BQEs. In this example, we have shown that 
the improvement in 4 BQEs does not result in an improvement in overall ecological quality. 

As the BQE of fish was calculated with a new developed metrics for the last WFD as-
sessment, the average improvement in the WFD BQEs in 2014 compared with 2009 showed 
an overestimation. We can conclude that biological quality has improved by 2 percentage 
points (biological quality, Table 6.1) or between 1.2 and 3 percentage points (time-series 
method). In a general sense, it is very difficult to make an exact calculation of the changes in 
biological quality over just a few years. An overestimation of the improvement in biological 
quality poses the risk of reducing the policy attention to restore aquatic biodiversity.

With the WFD we have to be aware of changes in metrics, spatial aggregation and stan-
dards, which makes a comparison between different assessments difficult. Artificial and 
heavily modified water bodies can have different standards, which makes a comparison 
between water bodies difficult. The intercalibrated metrics of the BQEs are useful metrics 
to calculate time series of biological quality, which can be compared with results on other 
EU Member States.

6.5 Conclusions

The complex set of indicators of the WFD is presented in Figure 6.1, where overall eco-
logical quality is shown according to the underlying three aggregated indicators. This is re-
peated for biological quality, which consists of four biological quality elements. This figure 
shows the most important parts of the complex indicator of the WFD and the connections 
between those parts. 

The ‘one out, all out’ aggregation rule is essential in the WFD method for the precauti-
onary principle to determine critical substances for aquatic organisms, but an improvement 
in some elements of the water quality most often does not result in an improvement in the 
aggregated indicator. This is demonstrated by the improvement shown in the four individu-
al BQEs over the 2009–2014 period, while the aggregated biological quality hardly improved 
and the ecological quality did not change at all. Changes over time have to be examined in 
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the underlying indicators, such as the biological quality elements of phytoplankton, ma-
crophytes and benthic invertebrates.

To explore the changes between the two assessments, two methods have been used. 
The WFD method is the official policy method to describe water quality. The time-series 
method used the same metrics to calculate the EQR value, but the spatial aggregation is 
different. In the time-series method, the Good Ecological Status is the default standard. 
This method can be used as a map of biological quality or for trend analysis, because there 
is no variation in standards. 

Both methods show an improvement in biological quality for phytoplankton and ma-
crophytes, but for benthic benthivores the WFD method shows an improvement, while the 
time-series method shows no change in quality. The average change in quality of the four 
BQEs in the WFD is 6.5 percentage points, while the average improvement in the time-se-
ries method is 1.2 when weighed by monitoring intensity and 3 percentage points without 
weighing. Therefore, the seeming improvement in biological quality between the two WFD 
assessments of 2009 and 2014 is to a smaller extent the result of actual improved water 
quality and to a greater extent the result of changes to the method.



127

6

Trends biological quality



128
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Abstract

Fragmentation is one of the major threats to riverine ecosystems and this is most ex-
plicitly expressed by the decline in numbers of migratory fish species. Yet, each species has 
different migration requirements and their natural distribution can include several catch-
ments with multiple dams. Hence, to prioritize candidate rivers for improving accessibility, 
differences between species and between catchments have to be taken into account. The 
aim of this study was therefore to analyse the species and river specific effects of river frag-
mentation on migratory fish on a European scale. The effect of river damming on migratory 
fish was quantified for all 16 European long- and mid-distance anadromous species and 
for 33 large European rivers. The historical distribution was compared with the current up-
stream accessibility of the main river and the current distribution and population status of 
each species. The observed effects of reduced connectivity were further quantified using 
the Dendritic Connectivity Index for species and the Fragmentation Index for rivers. Our re-
sults showed that only very few rivers are still unaffected by dams in the main stem and that 
the few remaining viable migratory fish populations in Europe occur in these accessible ri-
vers. Barriers were prioritized for making passable based on the potential accessibility gain 
and the number of benefitting species, showing that the main stems of the rivers Shannon 
and Nemunas are the best candidates. It was concluded that evaluating species and river 
specific effects of fragmentation strongly aids in prioritizing rivers for improving upstream 
accessibility. 

Keywords: anadromous, connectivity, fish migration, river fragmentation, riverine species, dams



131

7

Fish migration in Europe

7.1 Introduction

Fragmentation of rivers by dams and weirs is one of the major threats to aquatic eco-
systems worldwide (Nilsson et al. 2005, Dudgeon et al. 2006). These dams are built for 
shipping, hydropower generation, flood protection and storage of drinking and irrigation 
water (Lehner et al. 2011), but fragment the aquatic landscape into isolated river sections, 
affecting longitudinal and lateral migration of fish species (Fullerton et al. 2010, Fuller et al. 
2015). This is most explicitly expressed by the decline in numbers of anadromous fish spe-
cies (Freyhof and Brooks 2011, Geist and Hawkins 2016), which migrate upstream from the 
sea into the rivers to spawn. These species are particularly sensitive to the presence of dams 
in the main river, since a single barrier can make an entire catchment inaccessible (Parrish et 
al. 1998, Schiemer et al. 2003). 

Besides limiting fish migration, barriers can also affect habitat quality, even over a long 
distance. Downstream effects include changes in flow regime, sediment and nutrient trans-
port and water temperature (Fuller et al. 2015). Upstream effects increase with size of the 
reservoir, because a large standing water body is uninhabitable for riverine fish (Jepsen et 
al. 1998, Pelicice and Agostinho 2008, Birnie-Gauvin et al. 2017). Even if barriers are made 
passable through fish passages, the habitat conditions in impoundments upstream of dams 
and weirs remain less favourable for riverine fish. Moreover, fish passages are not a 100 % 
effective and vary in their efficacy per species. Higher mortality is caused by enhanced pre-
dation in impoundments and by hydropower turbine passage during downstream migra-
tion (Jepsen et al. 1998, Calles et al. 2013, Brevé et al. 2014c, Wilkes et al. 2018). In addition, it 
takes time to pass through a fish passage (Croze et al. 2008, Baisez et al. 2011). As such, fish 
passages need to be designed in such a way that they ensure minimal passage delay and 
have little to no post-passage impacts (Silva et al. 2018). Obviously, dam removal would be 
more effective, but is certainly not always feasible (Bednarek 2001, O’Connor et al. 2015). 

The combination of deteriorated habitat quality and reduced accessibility makes it dif-
ficult to separate the effects of river fragmentation from other stressors in explaining spe-
cies decline. Free migration is essential for anadromous species to fulfil their life cycle. Yet, 
each species has different migration requirements and their natural distribution can include 
several river basins with multiple dams. Hence, to prioritize candidate rivers for improving 
upstream accessibility, differences between species as well as between river basins have to 
be taken into account, as each river hosts a specific set of species with specific migration 
routes and habitat demands for spawning or seasonal migration (Fullerton et al. 2010, Fuller 
et al. 2015).

Earlier studies on river fragmentation did not include historical and catchment infor-
mation on the level of individual fish species (Nilsson et al. 2005, Lehner et al. 2011), were 
restricted to local and regional cases or included only a few species or species guilds (Win-
ter and Fredrich 2003, Baisez et al. 2011, O’Hanley 2011, Nunn and Cowx 2012, Brevé et al. 
2014a, Rincón et al. 2017). Therefore, the aim of this study was to analyse the species and 
river specific consequences of river fragmentation on migratory fish on a European scale. 
To achieve this aim, the impact of reduced connectivity by fragmentation on 16 Europe-
an riverine species with long- to mid-distance anadromous migration ranges was assessed 
by: i) comparing the historical distribution patterns; ii) the current accessibility of the main 
stem of the river; and iii) current distribution and population status. The observed effects of 
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fragmentation were further quantified per species on a multi-river level and per river on a 
multispecies level. Finally, our results were used to prioritize barriers for improving accessi-
bility based on the potential positive effects on migratory fish species.

7.2 Methods

7.2.1 Study area
To analyse the effects of river fragmentation on migratory fish species, 33 large Euro-

pean rivers were included (using ESRI’s ArcGis map: ‘DCW_1993_Rivers_ESRI’). The selec-
tion, with a cumulative total length of 18,600 km, comprised 13 rivers from the European 
Environment Agency’s (EEA) ‘large rivers list’, 18 rivers from the ‘other large rivers list’ (EEA 
2009) and 2 Finnish rivers (Iijoki and Oulujoki). The Guadiana in Spain and Portugal and the 
Glomma in Norway were not considered, as fish migration is blocked by natural waterfalls. 
The geographical position of barriers was obtained through personal communication with 
expert members of the World Fish Migration Platform (www.worldfishmigrationfounda-
tion.com) and from species or river specific literature (Appendix 7.A1 for a detailed list). For 
each river, the two most downstream barriers without a fish passage were localized and 
mapped using Google Earth. For rivers with an estuary consisting of several branches, the 
main branch was selected, i.e. for the Rhine, this was the Nieuwe Waterweg through Rot-
terdam and, for the Meuse, it was the Haringvliet. Stretches of all rivers were classified into 
four fragmentation classes: 1) free flowing to the sea; 2) accessible by fish passage; 3) not 
accessible due to one barrier; 4) not accessible due to two or more barriers.

7.2.2 Selected fish species
All 16 indigenous long- or mid-distance anadromous species that occurred in Europe 

were included. The Danube hosted five species: Russian sturgeon (Acipenser gueldenstaed-
tii), ship sturgeon (Acipenser nudiventris), stellate sturgeon (Acipenser stellatus), beluga sturgeon 
(Huso huso) and pontic shad (Alosa immaculata). The remaining 11 species occurred in the oth-
er European rivers: Adriatic sturgeon (Acipenser naccarii), Baltic sturgeon (Acipenser oxyrinchus), 
Atlantic sturgeon (Acipenser sturio), allis shad (Alosa alosa), twaite shad (Alosa fallax), whitefish 
(Coregonus maraena), houting (Coregonus oxyrinchus), river lamprey (Lampetra fluviatilis), sea 
lamprey (Petromyzon marinus), Atlantic salmon (Salmo salar) and sea trout (Salmo trutta). From 
these 16 species, 15 are now listed on the IUCN Red List; 1, the Baltic sturgeon, is listed as 
being extinct in Europe, but the species was recently reintroduced from North American 
populations; and 6 are listed as critically endangered (IUCN 2015). All species, except the sea 
trout, are included in the EU Habitats Directive (Table 7.2) (EEC 1992). 

7.2.3 Analysis of fragmentation and connectivity
The historical distribution was compared with the current upstream accessibility of the 

main river and the current distribution and population status of each species. The former 
was based on the rivers where each species has its present native distribution and where the 
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species was extirpated; rivers where the species was introduced or was invasive were ex-
cluded (Kottelat and Freyhof 2007). Both the historical distribution and the current distribu-
tion were mapped using the GBIF database (GBIF 2016) and supporting literature (Kottelat 
and Freyhof 2007, Tockner et al. 2009). Additional information was obtained from species 
or river specific references (Appendix 7.A1 for a detailed list). Recently reintroduced species 
without observations of returning upstream migrating specimens were still considered to 
be extinct. The current distribution was classified as: 1) viable, 2) recovered, 3) reintroduced 
supported by stocking, 4) small and declining or 5) no information.

Longitudinal connectivity was quantified by using the Dendritic Connectivity Index 
(DCI) for diadromous species (Cote et al. 2008). The index was slightly adapted to calculate 
the reduced connectivity per species and per individual river: 

         (1)

where r is river, s is species, l is the current length of the river from the sea to the first 
barrier without fish passage and L the maximum historical migration distance. Both l and 
L are in km. The DCI varied between 0 for fully blocked rivers and 100 for intact rivers. To 
compare species, the DCI per species was calculated as the average DCI of all rivers where 
the species originally occurred (n):

         (2)

To compare rivers, the inverse measure of connectivity, the fragmentation (F) per river, 
was calculated as the sum of the impact on all species (m) for that river:

         (3)

The effect of making the first barrier passable was assessed by calculating for each river 
two indices: the gain in kilometres and the gain for species, respectively. Both so-called spe-
cies-fragmentation indices (S_km, S_F) were based on the sum of the effect for each species 
relative to its historical distribution:

         (4)

         (5)

where S_km (sum of species-km) is the gain in accessible kilometres and ∆lr,s is the km 
additional accessible river section after making the first barrier passable. S_F (sum of spe-
cies-fragmentation) is the sum of the gain in DCI for all affected species in a river by remov-
ing the first barrier (Appendix 7.A1). Only species with a historical distribution upstream the 
first barrier had a ∆lr,s > 0. Rivers combining high values for both equation (4) and (5) were 
considered to be most promising candidates for taking measures to recover migratory fish 
populations, and should thus receive the highest priority.
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Table 7.1. Number of each catchment as depicted in Figure 7.1c, the number of migratory fish species: 
historical, currently affected by fragmentation and information on population status; current acces-
sible river length and accessible river length after improving accessibility of the most downstream 
obstacle (km); and the Fragmentation Index (F) before and after improvement.

River Number of migratory fish 
species

Current situation First obstacle 
passable

num-
ber

name histori-
cal

affect-
ed

pop. 
status 
avail-
able

length 
(km)

F length 
(km)

F

33 Danube 5 5 5 860 297 940 279

8 Daugava 4 4 2 50 345 120 263

25 Dordogne 6 0 6 260 0 N.A. 0

30 Douro 6 6 6 20 563 60 495

29 Ebro 3 3 3 110 203 130 190

12 Elbe 8 4 5 760 110 770 103

21 Erne 4 4 1 0 400 10 348

26 Garonne 7 7 7 310 0 N.A. 0

32 Guadalquivir 2 2 2 110 156 200 116

13 Gudenå 5 5 4 40 338 90 146

6 Iijoki 4 4 3 0 400 20 381

5 Kemijoki 4 4 3 30 374 50 346

1 Klarälven 3 3 2 0 300 30 273

24 Loire 7 5 7 680 112 790 50

3 Lulealven 4 4 3 0 400 40 361

16 Meuse 8 8 8 270 441 390 263

9 Nemunas 7 3 3 180 222 680 0

11 Odra 6 0 4 520 0 N.A. 0

7 Oulujoki 4 4 3 40 347 100 268

28 Po 2 2 2 280 109 610 0

15 Rhine 9 6 9 820 140 830 131

27 Rhone 4 2 4 200 107 250 87

17 Scheldt 8 8 8 100 505 120 448

23 Seine 7 7 7 270 373 340 283

19 Severn 6 6 1 40 493 70 433

22 Shannon 6 6 1 10 571 230 0

31 Tagus 4 4 4 100 224 190 75
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7.3 Results

7.3.1 Fragmentation and connectivity in large European rivers
High numbers of anadromous species were historically present from the Vistula to the 

Garonne, with the Rhine hosting the largest number (Figure 7.1a). Twaite shad and houting 
showed the shortest migration distance, migrating just upstream of the tidal limit up to 
several hundred kilometers inland, while all other species migrated from a few hundred up 
to a 1,000 kilometres (Appendix 7.A1). 

Comparing the historical and current distribution (Figure 7.1a & 1b) of anadromous fish 
species shows a dramatic decline in number of species, with many rivers being devoid of 
any migratory fish species. The loss of anadromous fish species coincides with a strong de-
crease in accessibility of almost all large European rivers (Figure 7.1c). Currently, only two 
European rivers are free flowing to the sea, the Torneälven and the Odra, while large river 
sections without obstacles occur only in the downstream parts of the Danube and the Rhine 
(Figure 7.1c; Table 7.1). Major rivers with improved connectivity by means of fish passages 
are the Vindeälven, the Elbe, with the largest fish passage of Europe, the Loire, the Garonne, 
the Dordogne and, recently, the Vistula. Of the total analysed river length, only 27% is free-
ly accessible and 16% has improved connectivity through fish passages. Nevertheless, the 
restored sections have a reduced accessibility effectivity due to enhanced mortality in the 
reservoirs and during downstream migration. Most other rivers are not accessible for anad-
romous species anymore (Figure 7.1c). The index F showed that the Weser, the Shannon, the 
Douro, the Scheldt and the Severn were most affected by fragmentation (Table 7.1).

On a scale from 0-100, the DCI of migratory fish species varied between 39 and 98, 
showing that the Danube sturgeon species and sea trout (all DCI 39) are most affected by 
reduced connectivity in the main stem, and twaite shad (DCI 60) and houting (DCI 67) are 
least affected by fragmentation (Table 7.2). The Baltic sturgeon (DCI 98, but, without the 
recently made accessible Vistula, the DCI is 77) would have been least affected by reduced 
connectivity, but it has become extinct nevertheless.

The current distribution of migratory species is thus strongly reduced by dams, as major 
parts of the rivers became inaccessible and many species went locally extinct. For six select-
ed species for which sufficient data was available and that used to occur in many rivers, this 
is shown in more detail by combining the historical migration distance with the actual maxi-
mum migration distance and the current population status (Figure 7.2). The 1:1 lines in figure 
7.2 represent rivers unaffected by fragmentation or equipped with fish passages, which are 

20 Thames 4 4 3 60 311 80 280

4 Torneälven 4 0 2 330 0 N.A. 0

18 Trent 6 6 4 70 412 80 394

2 Vindeälven 4 0 2 480 0 N.A. 0

10 Vistula 7 5 3 880 28 890 23

14 Weser 8 8 3 110 627 120 618
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Figure 7.1. The historical (a) and current (b) distribution of the long- and mid-distance anadromous 
species in the main stem of large European rivers and their upstream accessibility in 2016 (c). Names 
of the rivers numbered 1-33 are given in Table 7.1. Current distribution is based on the number of 
species for which information on population status is available (Table 7.2).
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obviously very few. Moreover, the most viable populations occur in these accessible rivers. 
The Atlantic sturgeon went extinct in five catchments that were freely accessible for more 
than 40% of their migratory distance, indicating that other environmental conditions prob-
ably contributed to its current absence. The Atlantic salmon still occurs in 27 catchments 
and is presently reintroduced by stocking in 10 rivers, even inaccessible ones (Erkinaro et al. 
2010, Östergren et al. 2011). With many reintroductions, the results for sea trout are compa-
rable with the Atlantic salmon. In most inaccessible rivers, allis shad, river lamprey and sea 
lamprey went extinct or occur presently in small, declining populations, while twaite shad 
is least affected. 

Table 7.2. Dendritic Connectivity Index (DCI); the number of rivers classified by the population status; 
the total number of catchments; and the status of the species in the Habitats Directive (EEC 1992) 
and international IUCN Red List (IUCN 2015) for the 16 selected species. The Red List status of these 
species includes: EX: extinct, CR: critically endangered, LC: least concern, LR: lower risk, VU: vulner-
able.

Population status

DCI
Via-
ble 

Re-
cov-
ered

De-
clin-
ing

Stock-
ed

Ex-
tinct

No 
infor-
mation 

Total Habitat 
Direc-
tive

IUCN

Russian sturgeon 39 1 1 V CR

Adriatic sturgeon 46 1 1 II IV CR

Ship sturgeon 39 1 1 V CR

Baltic sturgeon 98 4 4 V

Stellate sturgeon 39 1 1 V CR

Atlantic sturgeon 54 1 15 16 II IV CR

Allis shad 44 3 3 1 7 4 18 II V LC

Twaite shad 60 3 3 3 1 3 5 18 II V LC

Pontic shad 47 1 1 II V VU

Whitefish 57 1 1 12 14 V VU

Houting 67 2 1 3 II IV EX

Beluga sturgeon 39 1 1 V CR

River lamprey 45 7 2 1 0 7 11 28 II V LC

Sea lamprey 55 7 2 1 0 3 6 19 II LC

Atlantic salmon 41 6 1 11 9 0 27 II V LC

Sea trout 41 6 1 8 6 6 27 LC

 

 



138

Chapter 7

D
R

P S I



139

7

Fish migration in Europe

Concerning the species not shown in Figure 7.2, extinction in Europe of Baltic sturgeon 
was probably caused by other factors than fragmentation, given the relative high DCI. In 
contrast, houting recovered in the Rhine and the Meuse after reintroduction. The Danube 
hosts five specific anadromous species that originally migrated over long distances. Today, 
migration is limited due to the Iron Gate II dam that is situated 860 km from the Black Sea 
and the four remaining sturgeon species are all critically endangered.

7.3.2 Options for improving upstream accessibility 
The gain in accessible river length by making the most downstream obstacle passable 

is shown by the vertical dotted line and black dot for the six species presented (Figure 7.2). 
This information is integrated in Figure 7.3, showing the number of species benefitting and 
the gain in accessible river length for all European rivers. The species and river specific gain 
is used to prioritize the need to improve accessibility based on the number of benefitting 
anadromous species, historical distribution and the increase in accessible river length (Fig-
ure 7.4). Highest priority to build effective fish migration solutions is assigned to the Shan-
non hydropower station and the hydropower dam in the Nemunas near Kaunas (Polutskaya 
2005, O’Connor 2015). These solutions would provide a gain of 220 and 500 km of free 
accessible river stretches for six and three species, respectively (Figure 7.4; Table 7.1). For 
the Danube species, building one fish passage would have no effect; on the other hand, 
constructing two fish passages at both the Iron Gate I and II dams would increase the ac-
cessible river length by 1,810 km, including the large tributaries Sava and Drava and the first 
downstream 250 km of the Tisza tributary. A third fish passage at Gabčíkovo would return 
accessibility almost to the historical situation.

 

Figure 7.2. The current accessible river length (km) plotted against the accessible river length (km) for 
each catchment where the species historically occurred, categorized by the current population status 
expressed by the colour of the dots. For fully accessible rivers, the accessible river length equals the 
total river length. The gain by making the first obstacle passable is shown by the vertical dotted line 
and the black dot. For each species, the DCI is given between brackets.
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7.4 Discussion

7.4.1 Species and river specific effects of river fragmentation 
Species specific historical and current migration distances were analysed for 16 fish 

species. The effect of dams was quantified by the DCI (Cote et al. 2008), an index devel-
oped to quantify the fragmentation of river basins applied in several studies (Bourne et al. 
2011, Samia et al. 2015). The effect of fragmentation on anadromous species was quantified 
per river, taking the historical distribution into account. The use of historical distributions 
proved to be a crucial reference to calculate a much more accurate effect of fragmentation. 

In the DCI, the fraction of the accessible river length, based on the sum of free flowing 
rivers and those improved by fish passages, is used as the effect indicator. Yet, this effect in-

Figure 7.3. The current accessible river length 
(km) plotted against the historical accessible 
river length (km) for all species in all catch-
ments. Catchments are grouped by the number 
of anadromous species. The gain by making the 
first obstacle passable is shown by the vertical 
dotted line and the black dot. 

 

 

Figure 7.4. The effect of making the first obsta-
cle accessible is expressed as the sum of the gain 
in DCI for all affected species (S_F, see equation 
5) plotted against the cumulative gain in km 
additional accessible river length for all species 
originally present (S_km; see equation 4).
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dicator does not necessarily equal the actual impact on a species, as spawning areas gener-
ally are not evenly distributed. However, the exact location of the spawning areas is known 
for only two rivers. The river Rhine is accessible for 76%, covering the main river migration 
route to 71% of the spawning areas (ICPR 2009). In the river Nemunas, 26% of the main river 
is accessible, which makes 55% of the spawning areas accessible due to the presence of one 
large accessible tributary (Polutskaya 2005). These examples show that the DCI method is 
useful in estimating the impact of fragmentation, but can be even more precisely calculated 
by incorporating accessible spawning areas. 

Atlantic sturgeon showed the highest extinction rate. The most important causes con-
sidered are overfishing, water quality degradation and loss of habitat (Williot et al. 1997, de 
Groot 2002), which agrees with our study, showing that this sturgeon also became extinct 
in accessible rivers unaffected by fragmentation where barriers could not have been the 
primary reason for the species’ absence. Atlantic salmon, the second most affected species, 
disappeared due to a combination of causes, including water quality degradation, fishery, 
extraction of sand and gravel and building dams and weirs (Parrish et al. 1998, de Groot 
2002, Wolter 2015). Viable populations occurred in rivers that were accessible for at least 
85%, while, in rivers where the population became extinct or the species had been reintro-
duced, the accessibility was, on average, only 25%. 

Reintroduction or stocking of young salmon occurred in many rivers and for many years 
in high numbers (Erkinaro et al. 2010, HELCOM 2011, ICPR 2015, Wolter 2015). This also took, 
and sometimes still takes, place in inaccessible rivers where populations did not recover and 
stocking appeared to be inadequate without other restoration measures. Therefore, loss of 
connectivity is, most probably, one of the important reasons for the decline of salmon in Eu-
rope. Twaite shad, river lamprey and sea lamprey were less affected by barriers, as 50-70% 
of the populations were viable and have shown to recover in two to three rivers (Belliard 
et al. 2009, ICPR 2015). The poor water quality in the Seine, the Rhine and the Meuse was 
a main reason for local extinction and the recent water quality improvement supported a 
natural recovery of these species (de Groot 2002, Belliard et al. 2009, EEA 2010b).

Lifespan is another important parameter in evaluating effects of dams or improved 
connectivity, especially for sturgeons. Most selected fish species live up to 20 years, while 
sturgeons live much longer, with the beluga sturgeon having the longest lifespan: 118 years. 
Hence, full extinction or signs of population recovery following changes in accessibility will 
likely be delayed and can take up to many decades for these long-living species (Lenhardt 
et al. 2006). 

We observed a species gradient amongst the anadromous species from: i) mildly affect-
ed long- and mid-distance migrating anadromous species, such as Baltic sturgeon, hout-
ing and twaite shad, ii) whitefish, Atlantic sturgeon and sea lamprey; iii) seriously affected 
species such as pontic shad, Adriatic sturgeon, allis shad and river lamprey; and iv) finally 
heavily affected species, such as the long-distance migrating anadromous species sea trout 
and Atlantic salmon and the four endemic, Danube sturgeon species. Our results thus clear-
ly show that river fragmentation has species specific consequences and that fragmentation 
needs to be evaluated on the level of individual species and rivers.
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7.4.2 Options for improved accessibility
Our approach assumed that making barriers passable would be effective to improve 

fish migration, but that may not always be the case. If the two most downstream barriers 
are close to each other, removing the most downstream one will hardly bring any improve-
ment. For example, making the first barrier in the Danube, Iron Gate II, passable will have 
no effect when the next barrier, Iron Gate I, is not taken into consideration as well. Including 
the effect of removing barriers to potamodromous species could show a different priority, 
such as with the Gabčíkovo dam for the Danube salmon (Hucho hucho) (Schiemer et al. 2003). 
Moreover, fish passages that allow migration to an upstream large reservoir could serve as 
an ecological trap (Pelicice and Agostinho 2008), and small reservoirs are unfavourable hab-
itats for migratory fish, causing high mortality (Jepsen et al. 1998, Birnie-Gauvin et al. 2017), 
while the mortality risk by turbine passage during downstream migration should also be 
considered (Calles et al. 2013, Wilkes et al. 2018). Therefore, dam removal is preferred above 
fish passages as a measure to improve connectivity (Bednarek 2001, O’Connor et al. 2015). 
Other aspects that are important for prioritizing accessibility are the availability of a suitable 
habitat for spawning, the costs and the possibility to create fish passages.

Populations of anadromous species in European rivers have been affected by reduced 
accessibility, mostly due to hydropower dams and weirs. The benefit of making a barrier 
passable, i.e. adding upstream accessible river length, depends on the number of species 
that occurred there in the past and on the species specific requirements. Here, we combined 
the number of species that would benefit from improved accessibility and the gain in acces-
sible river length to prioritize barriers in large European rivers for being made passable. Our 
study indicated that making the most downstream barrier passable in the rivers Shannon 
and Nemunas appeared most beneficial in terms of number of species that gain accessible 
river length in large rivers in Europe. Other studies on prioritizing barriers for improved ac-
cessibility included habitat quality, dispersal capacity, local hydrology and fish stocking, but 
elaborated only on a single catchment or a selection of species (O’Hanley 2011, Nunn and 
Cowx 2012). In this study, most obstacles in main stems are large hydropower dams. These 
large hydropower dams generate a major part of the hydropower electricity, much more 
than many small dams in tributaries, e.g. 3.5% of hydropower stations in the Danube catch-
ment generates 90% of the electricity (ICPDR 2013). Meanwhile, these large downstream 
dams are also the largest obstacles hindering migration for anadromous fish. The demand 
for and expected increase in hydropower electricity (Bauer et al. 2017) could result in an 
even further increase in the number of large and small hydropower dams with subsequent 
deleterious effects on migratory fish (Liu et al. 2013, Zarfl et al. 2014). Therefore, the poten-
tial positive effects on anadromous and potamodromous fish migration are essential steps 
to underpin prioritization of barriers that need to be made passable. It is concluded that 
evaluating the species and river specific effects of fragmentation strongly aids the prioritiz-
ing of rivers for improving accessibility and other restoration efforts. 
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Appendix chapter 7.

7.A1 Species and river specific migration and population status

For each river was the geographical position of barriers and the historical and current 
distribution of the species was combined using the GBIF database and supporting literature 
(Kottelat and Freyhof 2007, Tockner et al. 2009, GBIF 2016). Additional information was 
obtained from species and river specific references: the historical and recent distribution of 
Danube sturgeons (Schiemer et al. 2003, Lenhardt et al. 2006, Friedrich 2013), Atlantic stur-
geon (Williot et al. 1997, Fernandez-Pasquirer 1999, van Emmerik 2004, Brevé et al. 2014b), 
Atlantic salmon (Parrish et al. 1998), allis shad and twaite shad (Aprahamian et al. 2003), and 
on the river Danube (Schiemer et al. 2003, ICDPR 2015), Elbe (Adam and Bader 2015, Wolter 
2015), Finnish rivers (Erkinaro et al. 2010), Gudenå (Jepsen et al. 1998), France rivers (Croze et 
al. 2008, Belliard et al. 2009, Baisez et al. 2011), Ireland (O’Connor 2015), Meuse (IMC 2012), 
Nemunas (Polutskaya 2005), Rhine (de Groot 2002, Borcherding et al. 2013, ICPR 2015), 
Scheldt (Buysse et al. 2008), Spanish and Portuguese rivers (Maceda-Veiga 2013, Segurado 
et al. 2015, Rincón et al. 2017), Swedish rivers (Lundqvist et al. 2008, Östergren et al. 2011, 
Piccolo et al. 2012, Calles et al. 2013, Norrgård et al. 2013), Weser (Henneberg and Scholten 
2010), Vistula (Amber 2018) and rivers in the Baltic area (HELCOM 2011). 

For the Danube (Table 7.A1) and the other rivers (Table 7.A2), species-river specific infor-
mation is presented. For each river, first the number of anadromous species is given, next 
the name and type of the first obstacle (HEP = hydropower electricity plant); followed with 
information of each species. For the combination of each species and each river is shown:

• the length in km of historical upstream migration;

• between brackets, the current DCIr,s and the DCIr,s when the first obstacle is made 
accessible; 

• the present population status categorized as: 

• ++  viable population

• +  recovered

• R reintroduced supported by stocking

• < population in small numbers, declining population size

• X extinct population

• ? no information

Baltic sturgeon has the status NT for the American population and was not evaluated 
in the International Red List for the European population, as it was extinct in Europe. In the 
European Red List, Baltic sturgeon had the status EX (Freyhof and Brooks 2011).
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Table 7.A1. Species of the Danube with the effect of making the first and second obstacle passable.

Max migra-
tion distance

current 1e obstacle 2e obstacle Population 
status

Russian sturgeon
A. gueldenstaedtii

2220 39 42 78 < 

Ship sturgeon
A. nudiventris

2220 39 42 78 < 

Stellate sturgeon
A. stellatus

2220 39 42 78 < 

Beluga sturgeon
H. huso

2220 39 42 78 < 

Pontic shad
A. immaculate

1833 47 51 94 ++
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Table 7.A2. River-species specific information of all rivers and species except the Danube.

N Location and type of 1st 
obstacle

Adriatic 
sturgeon
A. naccarii

Baltic sturgeon
A. oxyrinchus

Atlantic sturgeon
A. sturio

Daugava 4 Riga, HEP

Dordogne 6

Douro 6 Crestuma-Lever, sluices 220 (10 - 28) X

Ebro 3 Xerta weir 270 (41 - 47) X

Elbe 8 Leitmeriz 760 (100 - 100) X

Erne 4 Ballyshannon, HEP

Garonne 7 310 (100 - 100) <

Guadalquivir 2 Alcalá del Río dam 490 (22 - 42) X

Gudenå 5 Tanga, HEP

Iijoki 4 Maalismaa, HEP

Kemijoki 4 Taivalkoski, HEP

Klarälven 3 Karlstad, HEP

Loire 7 Villerest, HEP 240 (100 - 100) X

Lulealven 4 Lulea, HEP

Meuse 8 Namen, sluices 300 (64 - 100) X

Nemunas 7 Kaunas, HEP 180(100-100) X

Odra 6 520(100-100) X

Oulujoki 4 Jylhämä, HEP

Po 2 Isola Serafini, HEP 610(46-100)< 610 (46 - 100) X

Rhine 9 Strassburg, HEP 1070 (77 - 78) X

Rhone 4 Valence, HEP and sluices 440 (46 - 56) X

Scheldt 8 Gent, tidal weir 270 (37 - 44) X

Seine 7 Paris, sluices 440 (62 - 79) X

Severn 6 Tewkesbury, sluices

Shannon 6 Limirick, HEP 

Tagus 4 Abrantes, weir 190 (54 - 100) X

Thames 4 Richmond, sluices

Torneälven 4

Trent 6 Newark on Trent, sluice 230 (31 - 34) X

Vindeälven 4

Vistula 7 Włocławek, sluices 930 (94 - 95) X

Weser 8 Langwedel, HEP, sluices 410 (27 - 28) X
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Allis shad
A. alosa

Twaite shad
A. fallax

Whitefish
C. maraena

Houting
C. oxyrinchus

Daugava 350 (14 - 34) ?

Dordogne 260 (100 - 100) ++ 260 (100 - 100) ++

Douro 840 (3 - 7) < 220 (10 - 28) <

Ebro 790 (14 - 16) < 270 (41 - 47) <

Elbe 760 (100 - 100) X 140 (100 - 100) X 760 (100 - 100) ++

Erne

Garonne 310 (100 - 100) ++ 310 (100 - 100) ++

Guadalquivir 490 (22 - 42) X

Gudenå 130 (32 - 71) ?

Iijoki 330 (0 - 6) ?

Kemijoki 270 (10 - 20) ?

Klarälven

Loire 880 (78 - 90) ++ 240 (100 - 100) ++

Lulealven 290 (0 - 13) ?

Meuse 820 (34 - 47) X 300 (64 - 100) + 300 (64 - 100) R

Nemunas 180 (100 - 100) ? 180 (100 - 100) ?

Odra 520 (100 - 100) ?

Oulujoki 300 (0 - 13) ?

Po

Rhine 1070 (77 - 78) R 250 (100 - 100) + 250 (100 - 100) + 250 (100 - 100) R

Rhone 440 (46 - 56) R

Scheldt 270 (37 - 44) X 270 (37 - 44) X 270 (37 - 44) X

Seine 670 (41 - 52) X 440 (62 - 79) +

Severn 240 (18 - 28) ? 240 (18 - 28) ?

Shannon 230 (5 - 100) ? 230 (5 - 100) ?

Tagus 760 (14 - 25) < 190 (54 - 100) <

Thames 260 (22 - 30) X

Torneälven 170 (100 - 100) ?

Trent 230 (31 - 34) ?

Vindeälven 330 (100 - 100) ?

Vistula 220 (100 - 100) ? 220 (100 - 100) ?

Weser 410 (27 - 28) X 410 (27 - 28) ? 410 (27 - 28) ?
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River lamprey
L. fluviatilis

Sea lamprey
P. marinus

Atlantic salmon
S. salar

Sea trout
S. trutta

Daugava 350 (14 - 34) ? 350 (14 - 34) X 350 (14 - 34) X

Dordogne 260 (100 - 100) ++ 260 (100 - 100) ++ 260 (100 - 100) ++ 260 (100 - 100) ++

Douro 220 (10 - 28) < 840 (3 - 7) X 840 (3 - 7) R

Ebro

Elbe 1040 (73 - 74) ++ 1040 (73 - 74) ++ 1040 (73 - 74) R 1040 (73 - 74) ++

Erne 100 (0 - 13) ? 100 (0 - 13) ? 100 (0 - 13) X 100 (0 - 13) ?

Garonne 310 (100 - 100) ++ 310 (100 - 100) ++ 310 (100 - 100) ++ 310 (100 - 100) ++

Guadalquivir

Gudenå 130 (32 - 71) ++ 130 (32 - 71) ++ 130 (32 - 71) R 130 (32 - 71) R

Iijoki 440 (0 - 4) X 440 (0 - 4) R 440 (0 - 4) X

Kemijoki 460 (6 - 11) X 460 (6 - 11) R 460 (6 - 11) X

Klaralven 360 (0 - 9) ? 360 (0 - 9) R 360 (0 - 9) R

Loire 880 (78 - 90) ++ 880 (78 - 90) ++ 880 (78 - 90) ++ 880 (78 - 90) ++

Lulealven 410 (0 - 9) X 410 (0 - 9) X 410 (0 - 9) R

Meuse 820 (34 - 47) X 820 (34 - 47) + 820 (34 - 47) R 820 (34 - 47) <

Nemunas 680 (26 - 100) ? 180 (100 - 100) ? 680 (26 - 100) ++ 680 (26 - 100) ++

Odra 520 (100 - 100) ? 520 (100 - 100) X 520 (100 - 100) X 520 (100 - 100) R

Oulujoki 300 (13 - 33) X 300 (13 - 33) R 300 (13 - 33) R

Po

Rhine 1070 (77 - 78) ++ 1070 (77 - 78) ++ 1070 (77 - 78) R 1070 (77 - 78) R

Rhone 200 (100 - 100) + 200 (100 - 100) +

Scheldt 270 (37 - 44) < 270 (37 - 44) X 270 (37 - 44) X 270 (37 - 44) X

Seine 670 (41 - 52) + 670 (41 - 52) X 670 (41 - 52) X 670 (41 - 52) X

Severn 240 (18 - 28) ? 240 (18 - 28) ? 240 (18 - 28) < 240 (18 - 28) ?

Shannon 230 (5 - 100) ? 230 (5 - 100) ? 230 (5 - 100) R 230 (5 - 100) ?

Tagus 190 (54 - 100) X

Thames 260 (22 - 30) X 260 (22 - 30) R 260 (22 - 30) ?

Torneälven 330 (100 - 100) ? 330 (100 - 100) ++ 330 (100 - 100) ++

Trent 230 (31 - 34) ++ 230 (31 - 34) ++ 230 (31 - 34) X 230 (31 - 34) ?

Vindeälven 480 (100 - 100) ? 480 (100 - 100) ++ 480 (100 - 100) R

Vistula 930 (94 - 95) ? 930 (94 - 95) ? 930 (94 - 95) R 930 (94 - 95) R

Weser 650 (17 - 17) ? 650 (17 - 17) ? 650 (17 - 17) X 650 (17 - 17) ?
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Abstract

The effects of stream fragmentation and habitat quality were analyzed for five riverine 
fish species in tributaries of the river Meuse in the Netherlands. Fragmentation was expres-
sed as the number of weirs between a stream section and the river Meuse and the length 
of the stream section. Habitat quality was determined based on ecological quality and flow 
velocity. For each species, the historical and the current distribution was compared with 
the present stream accessibility and the habitat quality of the stream sections. Our results 
showed that all species were affected by fragmentation, but to a different extend. Dace 
(Leuciscus leuciscus) and chub (Leuciscus cephalus) were most affected, as they exhibit seasonal 
migration to the river Meuse and hardly passed the most downstream weir. Dace and chub 
also needed the highest ecological quality and flow velocity and did not occur in streams 
with degraded habitat quality. Ide (Leuciscus idus) was less affected. Loach (Barbatula barbatu-
la) and gudgeon (Gobio gobio) were only affected by short section lengths. This species-spe-
cific response to fragmentation and habitat quality was used to prioritize stream sections 
for improving accessibility. It is concluded that restoring connectivity and improving habitat 
quality need to be considered jointly to restore riverine fish populations in lowland streams.

Keywords: fish distribution; riverine species; potamodromous; weir; habitat deterioration; flow ve-
locity; fragmentation 
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8.1 Introduction

Fragmentation of rivers by dams and weirs is one of the major threats to aquatic eco-
systems worldwide (Nilsson et al. 2005, Dudgeon et al. 2006). Also many lowland streams 
in the NW-European plain are affected by fragmentation due to small dams and weirs, con-
structed for regulating groundwater level, flow velocity, water distribution and historically 
also for driving ancient water mills (Blanchet et al. 2010, Brevé et al. 2014a). Dams and weirs 
affect longitudinal migration of species (Fullerton et al. 2010, Fuller et al. 2015, Radinger 
et al. 2017), which is most explicitly expressed by the decline in numbers of migratory fish 
(Noble et al. 2007). The effects of dams in large rivers on anadromous species that migrate 
from the sea to the rivers to spawn is devastating (van Puijenbroek et al. 2018), but also 
potamodromous and other riverine fish species may be affected. Potamodromous species 
migrate between different habitats up- and downstream in the main stream channel and its 
tributaries in between different seasons and life-stages (Pollux et al. 2006, Britton and Pegg 
2011). Hence, all migratory fish species are affected by fragmentation, making habitats that 
are essential for fulfilling their life-cycle inaccessible. Moreover, longitudinal connectivity 
is also important for dispersal and for recolonizing temporary or recovered habitats from 
up- or downstream source populations (Lake et al. 2007, Fullerton et al. 2010, Geist and 
Hawkins 2016). In addition, fragmentation may also reduce the genetic variation in isolated 
sections (Blanchet et al. 2010, Junge et al. 2014). Barrier limited migration is therefore a ma-
jor reason for the decline of migratory, riverine fish species (de Nie 1996, Tockner et al. 2009, 
Britton and Pegg 2011, Brevé et al. 2014a). 

Besides limiting fish migration, barriers also affect habitat quality, even over long dis-
tances. Downstream effects include changes in flow regime, sediment and nutrient trans-
port, and water temperature (Fuller et al. 2015). Upstream effects increase with the size of 
the impoundment, because a standing water body is uninhabitable for riverine fish (Jepsen 
et al. 1998, Pelicice and Agostinho 2008) and upstream populations may become genetical-
ly isolated when barriers completely hamper any fish movement (Blanchet et al. 2010, Junge 
et al. 2014). Moreover, in lowland streams the length of the standing water body tends to be 
longer, due to the gentle slope (Birnie-Gauvin et al. 2017). Even if barriers are equipped with 
fish passages, the habitat quality in the upstream impoundments remain less favorable for 
riverine fish, causing mortality by e.g. oxygen depletion, enhanced predation and delayed 
migration (Silva et al. 2018). 

The effect of fragmentation can be smaller for species that have both migratory and 
residential populations (Winter and Fredrich 2003, Britton and Pegg 2011). For the resident 
populations the length and quality of the fragmented stream sections is important for ful-
filling their life cycle within one section, while for the migratory populations connectivity is 
important to reach different habitats (Radinger and Wolter 2015). Hence, to evaluate the 
causes of lowland stream fish species declines, both fragmentation and length and qual-
ity of the remaining sections should be considered. The aim of this study was therefore 
to analyze the effects of stream fragmentation, section length and habitat quality on low-
land stream fish species. This aim was translated into three objectives. The first objective 
was to determine species specific effects of fragmentation. To this purpose, the impact of 
fragmentation was assessed by comparing the current population status under the current 
stream accessibility and the historical distribution of the selected species. The second ob-
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jective was to unravel the combined effects of barriers, section length and habitat quality. 
To this purpose, stream section accessibility, stream section length, ecological water qual-
ity and flow velocity were jointly analyzed. The third objective was to prioritize barriers to 
improve accessibility based on the gain in accessible stream length and habitat quality de-
mands of selected fish species. 

8.2 Methods

8.2.1 Study area and selected fish species
The study area consisted of the slow-flowing, low-gradient tributaries Donge, Zandlei, 

Dommel, Aa, Raam, Loobeek, Molenbeek and Sint Jansbeek of the Dutch part of the river 
Meuse (Figure 8.1a). These lowland stream networks have a cumulative total length of 1039 
km. The position of weirs and fish passages was obtained from the regional water authori-
ties (Kroes et al. 2008, Brevé et al. 2014a) (Figure 8.1b). 

Five riverine fish species were studied: chub (Leuciscus cephalus Linnaeus, 1758), dace 
(Leuciscus leuciscus Linnaeus, 1758), ide (Leuciscus idus Linnaeus, 1758), loach (Barbatula barba-
tula Linnaeus, 1758) and gudgeon (Gobio gobio Linnaeus, 1758). The first three species were 
assigned by Brevé et al. (2014a) to the mid-distance migrating potamodromous guild, while 
loach and gudgeon were included to investigate whether non-migrating species were also 
affected by fragmentation. Brevé et al. (2014a) also included barbel (Barbus barbus Linnaeus, 
1758), burbot (Lota lota Linnaeus, 1758) and nase (Chondrostoma nasus Linnaeus, 1758) to the 

Figure 8.1. Study area showing the tributaries Donge (1), Zandlei (2), Dommel (3), Aa (4), Raam (5), 
Loobeek, Molenbeek and Sint Jansbeek (6) of the river Meuse (a) and location of weirs with and 
without fish passages (b).
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group of potamodromous species for the Netherlands, but barbel and nase did historically 
not occur in the study area and burbot was too rare to be included in the analysis. 

8.2.2 Analysis of fragmentation and habitat quality
Streams were divided into sections, defined as a stream stretch in between two barri-

ers. Although fish passages are not always effective (Foulds and Lucas 2013), in this study, 
barriers with a fish passage were not considered as a barrier. Each stream section was char-
acterized by three variables; 1) the number of barriers between the stream section and the 
river Meuse, categorized into five classes: no barriers (always the case for the section be-
tween the river Meuse and the first barrier), 1 barrier, 2-3 barriers, 4-5 barriers and >5 bar-
riers between the section and the river Meuse; 2) the length of the section categorized into 
five classes: <1 km, 1-2.5 km, 2.5-5 km, 5-25 km and >25 km; and 3) the habitat quality of 
the section expressed as EQR score and flow velocity class, based on the macroinvertebrate 
community composition (Figure 8.2). Macroinvertebrates are the most commonly used or-
ganism group to quantify stream quality (Hering et al. 2004, Furse et al. 2006). Ecological 
quality was based on the Ecological Quality Ratio (EQR) and ranged between 0 (very bad) 
and 1 (very good, Figure 8.2a). The EQR is defined as the ratio between the water type spe-
cific reference and the observed presence of macroinvertebrates (van der Molen et al. 2012). 
The EQR is the European standard to quantify the ecological quality status of water bod-

Figure 8.2. Habitat quality expressed as macroinvertebrates ecological quality ratio (EQR) (a) and 
flow velocity index (b).
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ies (EU, 2000). The flow velocity index was calculated using the flow velocity preference of 
macroinvertebrate species, ranging from one (stagnant) to five (v = > 25 cm/s) (Verberk et al. 
2015, Fig. 2b). Subsequently, flow velocity and habitat quality were related to stream section 
length and to each other by means of a logarithmic regression equation.

8.2.3 Historical and present distribution of riverine fish species
For each species, the historical and the current distribution was recorded. The historical 

distribution of about 70-100 years ago was mapped based on a national and a regional 
fish atlas, respectively (de Nie 1996, Brouwer et al. 2010). The data of 2005-2014 was used 
for the present distribution. The present distribution of each species was compared with 
the current accessibility of each stream and with the historical distribution in each stream 
section. 

The historical distribution concerned the period before local extinctions due to very bad 
water quality between 1950 and 1980, whereby chub, dace and ide were nearly extinct, but 
still survived in the Meuse (de Nie 1996, de Leeuw and Winter 2008). This river acted as ref-
uge and sustained sources populations for recolonization. To monitor recolonization of the 
tributaries from the main river, monitoring data from the period 1990-1999 were compared 
with the monitoring data of 2005-2014 (RAVON database 2016).

8.2.4 Effects of fragmentation and habitat quality on riverine fish distribution
The current distribution of the fish species was related to the habitat quality EQR and 

flow velocity, the number of weirs and the length of the stream sections by means of a de-
trended correspondence analysis (Ter Braak and Verdonschot 1995), with as environmental 
parameters the habitat quality EQR and flow velocity, the number of weirs and the length 
of the stream sections. 

To examine the effects of habitat quality on the distribution of species in more de-
tail, the presence of the species was related to each of the stressors separately: number 
of weirs, length of the stream sections, habitat quality, and stream velocity. For the latter, 
macroinvertebrate sampling sites and fish monitoring sites were considered comparable 
when located within a distance of 2 km from each other within the same stream section. 
Fish species occurrence was categorized as: ‘the fish species is present whether the sec-
tion is accessible or not’ and ‘the section is accessible, though the fish species is absent’. 
The last category was restricted to those stream sections where the species occurred based 
on its historical distribution. Per fish species, the two categories were tested for significant 
differences in ecological quality and flow velocity using a non-parametric test (Wilcoxon 
rank-sum test with Splus). 

To prioritize barriers to restore connectivity we focused on chub and dace, being the 
two species most vulnerable to stream fragmentation by barriers and poor habitat quality 
compared to the other three species. The 25-percentile of the habitat quality of the loca-
tions where both species occurred was used as a criterion for habitat suitability. Inaccessible 
stream sections with a high habitat suitability for both species are potentially suited for 
restoring connectivity, and among these stream sections additionally those with only one 
or two weirs and the largest section-length were prioritized as the ones to be restored first.
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8.3 Results

8.3.1 Fragmentation and habitat quality
In our study area, 458 weirs occurred of which 123 were equipped with fish passages 

(Figure 8.1b). 79% of the 1039 km stream length included in the analysis was disconnected 
from the river Meuse by one or more weirs and 34% by even more than 5 weirs (Figure 
8.3a). The disconnected stream sections were highly fragmented, as average stream section 
length was less than 5 km. 28% of all stream sections was even shorter than 2.5 km (Figure 
8.3b). Fish passages resulted in a few larger stream sections. 

Both EQR and velocity index per stream section were positively related with the stream 
length as well as mutually related (Figure 8.4). Reversely, EQR and velocity index were neg-
atively related to the number of weirs (data not shown).

8.3.2 Historical and current distribution of riverine fish species
Based on the historical distribution patterns two groups of fish species could be dis-

tinguished: chub, ide and dace occurring in slow-flowing, middle and lower reaches and 
loach and gudgeon being widely distributed. Historically, the highest number of species was 
found in larger sections in the western part of the study area (Figure 8.5a). Fish monitoring 
data was available for 185 sections over the period 2005-2014 covering 80% of the total 
stream length (Table 8.1). Comparing the historical and present distributions demonstrated 

Figure 8.3. Number of weirs between a specific stream section and the river Meuse (a) and the length 
of stream sections in between two weirs (b).
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a dramatic decline in stream fish species. In 71% of all monitored stream sections fewer 
species occurred in comparison to the historical distribution and on average in each stream 
section, 40% of the historical number of species had disappeared (Figure 8.5b). Chub and 
dace distribution declined most (Table 8.2). Comparing the distributions of 1990-1999 with 
the present distributions showed that chub, dace and ide were rarely present in the streams 
and still present in the river Meuse. 

Figure 8.4. Relationship between EQR and sec-
tion length (a) and flow velocity index and section 
length (b) and between EQR and flow velocity in-
dex (c). The R2 is 0.21, 0.17 and 0.60, respectively, 
types of trend lines were logarithmic, logarithmic 
and linear, respectively.
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Figure 8.5. The historical (a) and current (b) number of fish species in the study area. 

Table 8.1. Number of stream sections monitored in the period 2005-2015, categorized by length 
classes and by number of weirs. Between brackets, the percentage of the length of the stream sec-
tions compared to the total length of all analyzed streams (1039 km) is given. 

Length 
classes 
(km)

Number of 
stream sections

Number of weirs

0 1 2, 3 4, 5 >5

> 25 4 (28) 1 (14) 2 (10) 1 (4) 0 (0) 0 (0)

5 – 25 37 (34) 4 (6) 3 (3) 11 (10) 4 (3) 15 (11)

2.5 – 5 31 (10) 2 (1) 2 (1) 4 (1) 2 (1) 21 (7)

1 – 2.5 117 (18) 2 (0) 11 (2) 23 (4) 17 (3) 64 (10)

< 1 253 (10) 0 (0) 11 (0) 34 (2) 21 (1) 187 (6)

Total 442 (100) 9 (21) 29 (16) 73 (21) 44 (8) 287 (34)

Table 8.2. Current occurrence of the five fish species expressed as percentage of total historical 
stream length and as percentage of total historical number of sections. 

Chub Dace Ide Loach Gudgeon

Stream length (%) 38 45 58 89 87

Number of sections (%) 6 11 26 78 74
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8.3.3 Effects of fragmentation on riverine fish distribution
The current distribution of each species was related to the number of weirs down-

stream of a respective section, the section length, the EQR and the flow velocity index. Cor-
respondence analysis (Figure 8.6) showed that chub and dace appear close together in the 
diagram and are positively related to the EQR, the velocity index, and the stream section 
length and negatively to the number of weirs present between the respective section and 
the river Meuse. Loach and gudgeon were also positioned close together. The distribution 
of ide is less dependent of these explanatory variables, but still negatively related to the 
number of weirs. 

The species specific responses to stream fragmentation and habitat quality indicated 
by the correspondence analysis was further analyzed in more detail. Chub and dace were 
observed in only half of the stream sections upstream of the most downstream barrier and 
hardly observed upstream of two or more barriers (Figure 8.7a, with detailed information 
for each species in Appendix 8.A2). In contrast, the distribution of loach and gudgeon was 
hardly reduced by upstream barriers. Ide showed an intermediate response with a lower 
presence upstream of barriers compared to sections without barriers. 

The shorter the stream sections, the lower the species presences (Figure 8.7b). Ide, 
loach and gudgeon occurred in 55%, 92% and 85% of the sections shorter than 2.5 km, 
respectively, in comparison to the occurrence in sections larger than 2.5 km. Chub and dace 
were hardly observed upstream of the most downstream barrier and therefore no relation 
to section length could be established.

Weirs

Section length

Velocity  Eqr
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Ide

Loach
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Figure 8.6. Detrended correspondence analysis of the distribution of the five fish species with habi-
tat conditions and fragmentation parameters as indirect explanatory variables.
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8.3.4 Joint effects of stream fragmentation and habitat quality on riverine fish dis-
tribution

Sections where chub and dace were present had a significant (p<0.05) higher EQR and 
flow velocity index score in comparison to those where ide, loach and gudgeon occurred 
(Figure 8.8). Accessible sections where dace was present had a higher EQR and flow velocity 
index score in comparison to sections where dace was absent (Figure 8.8). For loach this 
was only the case for sections with flow velocity scores that were significantly higher. Ide 
occurred more in sections with lower EQR and flow velocity scores than those sections in 
which ide was absent. 

Figure 8.7. Effects of fragmentation on fish distribution expressed as the percentage of stream sec-
tions where the species is present plotted against the number of weirs between that specific stream 
section and the river Meuse (a) and the length of the stream section between two weirs or the Meuse 
in km (b).
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8.4 Discussion

Many studies on fish migration focused on distribution of specific species, barrier(s) 
in a specific river system or the effectivity of a single fish passage, whereby mostly either 
stream fragmentation or the effect of stream degradation were analyzed (Winter and Fred-
rich 2003, Blanchet et al. 2010, Baisez et al. 2011, O’Hanley 2011, Brevé et al. 2014a, Radinger 
and Wolter 2015, Rincón et al. 2017), but not in coherence. In this study the joint effects of 
fragmentation, stream section length and ecological water quality and stream velocity on 
riverine fish species were quantified. 

8.4.1 Effects of stream fragmentation on riverine fish distribution
Comparing the current and historical distribution of fish species showed a dramatic de-

cline in the occurrence of species in the majority of stream sections. The only stream that 
still harbors all five species is indeed also the only one unaffected by weirs. This suggests a 

Figure 8.8. The range in ecological quality ratio (a) and flow velocity index (b) of locations where the 
species is present (I) and absent at accessible locations (II). Significant differences (p<0.05) between 
two categories per species are indicated with *.
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major role of stream fragmentation by weirs in riverine fish species declines. When assess-
ing the presence upstream the most downstream weir, three types of responses of the se-
lected fish species were observed: species that hardly occurred upstream the first weir (chub 
and dace), species that occurred to some extent upstream a weir (ide) and species that were 
hardly affected by weirs (loach and gudgeon). 

Chub and dace, the two species not capable of passing weirs were extirpated in most 
streams before 1980 due to poor water quality and were rarely present between 1990 and 
2000 (Appendix 8.A1), and source populations only survived in the river Meuse (de Nie 1996, 
de Leeuw and Winter 2008). After water quality improvement in the eighties and nineties 
(van Puijenbroek et al. 2014), recolonization of chub and dace apparently only occurred in 
accessible stream sections. Only incidentally, the first and rarely the second weir was passed. 

Ide was present on several locations in the study area and also in sections upstream 
of weirs. This is in accordance with other studies showing that ide could have populations 
migrating long distances, as well as resident populations, migrating only within a few ki-
lometers in streams with sufficient habitat heterogeneity to fulfill their life cycle (Winter 
and Fredrich 2003). Loach and gudgeon, the two species hardly affected by weirs, have res-
ident populations living in a specific stream section for their entire life-cycle (Pollux et al. 
2006, Vinyoles et al. 2010) and survived in upstream parts of the catchment (Appendix 8.A1). 
Consequently, they could quickly recolonize abandoned section once water quality had im-
proved (de Nie 1996, Brouwer et al. 2010).

The present study showed a gradient from species that were hardly affected by section 
length and stream fragmentation, a species with both resident and migratory populations 
that was moderately affected and migratory species that were severely affected, not pass-
ing weirs. Hence, stream fragmentation obviously contributed to fish species declines, but 
clearly also habitat quality played an important role.

8.4.2 Effects of habitat quality on riverine fish distribution
Based on responses to macroinvertebrate-based ecological water quality and flow ve-

locity, the species could be categorized similarly as for stream fragmentation and section 
length. Ide, loach and gudgeon were not very sensitive to poor ecological water quality and 
flow conditions. On the other hand, chub and dace needed improved ecological water qual-
ity and sufficient flow, having higher demands than the other species. Despite the apparent 
lower sensitivity of ide to poor ecological water quality and low flow velocity, this species 
needs running water for spawning and it moves to slow flowing streams after spawning 
(Winter and Fredrich 2003). To recognize such spawning areas, more detailed year-round 
data are necessary.

The present study showed that adverse effects of poor ecological water quality and 
low flow velocity may directly be related to the presence of weirs and the length of stream 
sections, as weirs reduce flow velocity and degrade substrate variation and oxygen regime 
due to siltation upstream (Fuller et al. 2015, Birnie-Gauvin et al. 2017). This is especially the 
case for stream sections with a short length and a very gentle slope, as is often the case in 
lowland streams. 
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8.4.3 Combined effects of stream fragmentation and habitat quality on riverine 
fish distribution

The present study clearly showed that the species most sensitive to stream fragmen-
tation and section length were also the most sensitive ones to poor water quality and low 
stream velocity. This was most obviously expressed by the absence of these species in 50% 
of the accessible streams. 

To allow these species to return, both types of limiting factors should therefore be ad-
dressed simultaneously. In our study area, many stream sections have been made acces-
sible by fish passages, but these only increase connectivity and do not improve degraded 
ecological water quality or flow conditions, since the weirs remain present impounding the 
upstream section. For the sensitive species chub and dace, this obviously does not suffice. 
Ide was less dependent on accessibility and habitat quality. The only slightly limiting factor 
for loach and gudgeon are too short stream sections (< 1 km) with low flow conditions. It is 
concluded that riverine fish distribution needs to be evaluated species by species, whereby 
historical distribution, fragmentation by the number of barriers and section length and hab-
itat quality need to be taken into account jointly.

8.4.4 Improving the quality for riverine fish species 
Former studies on prioritizing barriers to be made passable included habitat quality, 

dispersal capacity, local hydrology and fish stocking (O’Hanley 2011, Nunn and Cowx 2012, 
Radinger and Wolter 2015, Geist and Hawkins 2016). Habitat quality was also included in the 
present analysis, which showed that most streams suffered from poor to moderate habitat 
quality. This approach was already emphasized by Birnie-Gauvin et al. (2017), who concep-
tualized the loss of habitat as a result of barriers in lowland streams and rivers in Denmark. 
Hence, stream fragmentation and habitat quality need to be taken into account jointly 
in prioritizing weirs to be made passable. Building fish passages to connect fragmented 
stream sections shorter than 1 km to sections longer than 5 km, would already improve the 
distribution of ide, loach and gudgeon. But only when habitat quality would be improved, 
chub and dace populations may recover. 

The present study showed that loach and gudgeon are less affected by fragmentation. 
They already occur when the ecological water quality is poor to moderate (EQR for macroin-
vertebrates around 0.3) and flow conditions are almost stagnant to slow flowing. Therefore, 
building fish passages specifically for these two species has low priority. 

Ide, the intermediate category of species, puts higher demands on the environment. 
The response to fragmentation is quite strong when stream sections become shorter than 
25 km. Although its ecological water quality demands are comparable to loach and gud-
geon, its flow demands are higher due to the need for running water to spawn (Winter and 
Fredrich 2003). Restoring the habitat quality for ide can be solved by reducing the number 
of weirs to create long, free passable stream sections, in which some parts are reasonably 
flowing. 

Tackling stream fragmentation is most important to restore the populations of the spe-
cies which for some reason did not pass weirs, like chub and dace. The challenge is to select 
those weirs, such that these two species would benefit most. Therefore, stream sections for 
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which data on historical occurrence (427 km) and current habitat quality (840 km) are avail-
able, form the pool to be selected from. In cases where habitat quality would be insufficient, 
there is a risk that the investment in removing weirs or building a fish passage will not sort 
the desired effects (Verdonschot and Nijboer 2002, Aarts et al. 2004). For chub 214 km and 
for dace 117 km of stream sections upstream of the first weir appeared to be suited when 
this weir would be removed. For each of those sections, the gain in suitable stream length 
was calculated. The best option appeared to remove three weirs or make them passable. In 
that case, 112 km could become populated by both chub and dace (Figure 8.9). 

It should be realized though that building fish passages without additional measures 
to improve habitat quality, will only aid the less demanding species. In contrast, removing 
weirs is a mitigation measure from which many riverine species can benefit, whereby hab-
itat quality also can improve, at least if the presence of the weirs contributed to the degra-
dation. It is concluded that restoring connectivity and improving habitat quality need to be 
considered jointly to recover migratory fish species in riverine ecosystems.

Figure 8.9. Stream sections prioritized to improve fish migration having a sufficient habitat quality 
for chub and dace.
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Appendix chapter 8.

8.A1. Presence of species.
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Figure 8.A1. Presence of species before fish passages were built (1990-1999) and the present distri-
bution (2005-2014).
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8.A2. Percentage presence of each species grouped by number of weirs and 
length of stream section and between brackets the number of monitored stream 
sections. 

Chub

Length classes Accessibility: number of weirs Total

(km) 0 1 2, 3 4, 5 > 5 (weirs > 0) 

25 – 160 100 (1) 50 (2) 0 (1) 33 (3)

5 - 25 50 (2) 0 (1) 13 (8) 0 (3) 0 (6) 6 (18)

2.5 – 5 0 (1) 0 (1) 33 (3) 0 (2) 0 (9) 7 (15)

1 – 2.5  25 (4) 0 (7) 0 (12) 0 (12) 3 (35)

< 1 0 (7) 0 (3) 0 (11) 0 (21)

Total 50 (4) 25 (8) 8 (26) 0 (20) 0 (38) 4 (92)

Dace
    

Length classes Accessibility: number of weirs Total

(km) 0 1 2, 3 4, 5 > 5 (weirs > 0) 

25 – 160 100 (1) 50 (2) 0 (1) 33 (3)

5 - 25 0 (2) 0 (5) 0 (2) 0 (2) 0 (9)
2.5 – 5 100 (1) 0 (1) 0 (2) 0 (3)

1 – 2.5 25 (4) 0 (6) 0 (4) 7 (14)

< 1  0 (1) 0 (1) 0 (3) 0 (5)
Total 50 (4) 29 (7) 0 (15) 0 (7) 0 (5) 6 (34)
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Ide

Length classes Accessibility: number of weirs Total

(km) 0 1 2, 3 4, 5 > 5 (weirs > 0) 

25 – 160 100 (1) 100 (2) 0 (1) 67 (3)

5 - 25 50 (2) 100 (1) 63 (8) 33 (3) 17 (6) 50 (18)
2.5 – 5 200 (1) 0 (1) 0 (3) 0 (2) 67 (9) 40 (15)
1 – 2.5 50 (4) 0 (7) 8 (12) 42 (12) 23 (35)
< 1 0 (5) 33 (3) 56 (9) 35 (17)
Total 100 (4) 75 (8) 21 (24) 15 (20) 47 (36) 35 (88)

Loach

Length classes Accessibility: number of weirs Total

(km) 0 1 2, 3 4, 5 > 5 (weirs > 0) 

25 – 160 100 (1) 100 (2) 100 (1) 100 (3)

5 - 25 100 (3) 100 (3) 70 (10) 100 (3) 70 (10) 77 (26)
2.5 – 5 50 (2) 100 (1) 100 (3) 100 (2) 81 (21) 85 (27)
1 – 2.5 67 (6) 80 (10) 85 (13) 79 (34) 79 (63)
< 1 0 (1) 78 (9) 50 (6) 75 (44) 72 (60)
Total 83 (6) 77 (13) 79 (33) 79 (24) 77 (109) 78 (179)

Gudgeon

Length classes Accessibility: number of weirs Total

(km) 0 1 2, 3 4, 5 > 5 (weirs > 0) 

25 – 160 100 (1) 100 (2) 100 (1) 100 (3)

5 - 25 100 (3) 67 (3) 60 (10) 100 (3) 90 (10) 77 (26)
2.5 – 5 50 (2) 0 (1) 100 (3) 100 (2) 86 (21) 85 (27)
1 – 2.5 67 (6) 90 (10) 54 (13) 79 (34) 75 (63)
< 1 100 (1) 44 (9) 67 (6) 68 (44) 65 (60)
Total 83 (6) 69 (13) 70 (33) 67 (24) 77 (109) 74 (179)
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9.1 Introduction

This thesis demonstrated that it is indeed possible to bridge the gap between policy 
targets and aquatic ecosystem responses to environmental pressures. In the general in-
troduction, the Driver-Pressure-State-Impact-Response framework (DPSIR) of the EEA was 
taken as a starting point (Smeets and Wetering 1999) for the present thesis. The methods 
and indicators developed and applied in this thesis attempted to quantify the elements 
(Driver, Pressure, State, Impact, Responses) as well as the links between the elements in the 
DPSIR framework (Figure 9.1). This way, the present thesis further enhanced the applicabil-
ity of the DPSIR framework. The progress made by this thesis is illustrated by reviewing the 
four objectives posed at the start of this research:

• To develop science-policy indicators to quantify the status of aquatic ecosystems 
concerning eutrophication and fragmentation on a regional, national and conti-
nental scale.

• To analyze driver-pressure-state-impact relations for eutrophication and fragmen-
tation on a regional, national, European and global scale.

• To analyze the effects of restoration measures to combat eutrophication and frag-
mentation.

• To analyze spatial and temporal scale aspects of the DPSIR framework.

DPSIR framework

 Driver Pressure State Impact Response

Scale Global 2 2 2

National 3 3 3 3

4 4 4

5 6

EU 7 7 7

Regional 8 8 8

Figure 9.1. The chapters of this thesis categorized by the elements of the DPSIR framework and the 
scale of the analysis. The numbers indicate the chapters. Grey shaded areas refer to objective 1, black 
boxes to objective 2, and the dotted box to objective 3 and 4. The vertical axis refers to the spatial 
aspects of objective 4.
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9.2 Quantifiable science-policy indicators for the status of aquatic eco-
systems

A major challenge to bridge policy targets and aquatic ecosystem responses is the de-
velopment of quantifiable indicators that serve both targets and responses. Therefore, it is 
crucial to accurately define standardized parameters that may serve as usable, referable, 
and well documented indicators. In general, indicator parameters are used to summarize 
and quantify information from datasets or model results and to simplify information to 
improve communication (CBD 2003a, EEA 2014a). This is precisely what the intended bridge 
between policy targets and aquatic ecosystem responses needs, on the one hand scien-
tifically sound representations of ecosystem features and on the other simplifications to 
define policies. As Hammond et al. (1995) stated ‘successful indicators are science based, 
policy-relevant, user-driven and highly aggregated’ (Hammond et al. 1995). Policy targets 
are often formulated as generic targets, such as ‘to stop the loss of biodiversity’ or ‘to im-
prove water quality’. For policy targets without accurately defined indicators, these indi-
cators must be developed to be able to set up and evaluate policy targets in a scientifically 
reliable and reproducible way. Therefore, quantifiable indicators are needed to bridge the 
gap between generic policy targets and specific ecosystem responses. Furthermore, indi-
cators make it possible to strengthen policy targets and may improve communication with 
decision makers and policy makers, but also need to be accepted by the scientific world. 
Indicators should be defined for the status of all elements in the DPSIR chain as well as for 
the links between them. 

In this thesis, several indicators were developed from regional to global scales for both 
policy and science use. These indicators were coupled to the elements of the DPSIR chain 
(Table 9.1). 

Table 9.1. Indicators developed and applied in this thesis at different scales for the status of drivers, 
pressures, states and impacts in the DPSIR-chain. 
 

Global National EU regional

Driver Sewerage connec-
tion and wastewa-
ter treatment (Fig. 
2.4)

Pressure Discharge of nutri-
ents (Fig. 2.4)

State Trends of nutrient 
concentrations
(Fig. 5.3, 5.4)

Fragmentation of 
rivers (Fig. 7.1.c)

Fragmentation of 
streams (Fig. 8.3)

Impact Trends biological 
groups (Fig. 6.3)

Migratory fish 
species distribu-
tion
(Fig. 7.1.a and b)

Migratory fish spe-
cies distribution
(Fig. 8.4)
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9.2.1 Definitions and criteria of science-policy indicators
Many authors use different definitions for indicators, e.g. Heink and Kowarik (2010) re-

viewed 17 definitions. They proposed an all-encompassing, broad defined definition of in-
dicators as follows: ‘An indicator in ecology and environmental planning is a component or a 
measure of environmentally relevant phenomena used to depict or evaluate environmental 
conditions or changes or to set environmental goals. Environmentally relevant phenomena 
are pressures, states, and responses’. This definition was based on the Pressure-State-Re-
sponse framework and applying the DPSIR framework, this definition can be extended with 
driver and impact relevant phenomena (Heink and Kowarik 2010, EEA 2014a).

Several authors defined criteria to develop and select suited indicators for both policy 
and science use (Dale and Beyeler 2001, CBD 2003b, Niemeijer and de Groot 2008b, van de 
Kerk and Manuel 2008, EEA 2014a). Most authors used partly the same criteria but elabo-
rated them differently (Table 9.2). 

9.2.2 Science-policy indicators for the status of aquatic ecosystems developed 
in this thesis

On a global scale, two example indicators for drivers and pressures, respectively, were 
developed in the present thesis; ‘global sewerage connections and wastewater treatment’ 
and ‘global nutrients discharge’ (chapter 2). The first one was based on existing internation-
al data from different countries for the period 1970-2010, and on model calculations for the 
outlook till 2050. The second one was mainly based on model calculations. The parameters 
that quantified these indicators were ‘the percentage of the total human population’ and 
‘the volume of total nitrogen and total phosphorus discharge’, respectively.

Another quantitative indicator developed at a national scale was ‘the trend in eutrophi-
cation in the Netherlands’ (chapter 5). This indicator of eutrophication was parameterized 
by combining nitrogen and phosphorus concentrations derived from monitoring programs. 
Examples of regional impact indicators were the trends in biological quality elements of 
benthic invertebrates, water plants and algae, respectively, in the Netherlands (chapter 6). 
These impact indicators were all based on monitoring data of regional water boards. The 
quantified parameters were aggregated in terms of the ‘ecological quality ratio’ per organ-
ism group (van der Molen et al. 2012).

The indicators ‘fragmentation of rivers and streams’ and ‘reduced distribution of mi-
gratory fish species’ were developed as quantitative indicators for state and impact, re-
spectively. These indicators were based on the geographical positions of barriers, extracted 
from maps of rivers and data on the distribution of species, respectively. The parameters 
to quantify these indicators were ‘accessible length of rivers and streams’ and ‘historical 
and actual distribution of species’. Both indicators were applied on European and regional 
scales (chapters 7 and 8). 

All indicators developed in the present thesis represented a DPSIR element or a causal 
relation between either driver, pressure, state, impact and response. Furthermore, all indi-
cators were measurable and attempted to represent quantifiable ecosystem response pa-
rameters that directly link to a policy target at either the national, European or global scale. 
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The global policy targets addressed in the present thesis referred to the Sustainable 
Development Goals (SDGs; UN 2015). The SDG target for wastewater treatment aimed to 
halve the portion of untreated wastewater in 2030, whereby wastewater treatment should 
minimally include primary treatment (WHO 2016). By counting households connected to 
sewerage with primary treatment, a causal quantified relation can be obtained between 

EEA 
(2014)

Dale 
and 
Beyeler 
(2001)

vd Kerk 
Manuel
(2008)

Nie-
meijer 
and de 
Groot 
(2008b)

CBD 
(2003)

Policy relevance and utility for users 

Provide a representative picture of environmen-
tal conditions, pressures on the environment or 
societal responses

X X X X X

Be simple, easy to interpret and able to show 
trends over time 

X X X

Be responsive to changes in the environment and 
related human activities

X X X X

Provide a basis for international comparisons X

Be either national in scope or applicable to region-
al environmental issues of national significance 

X X

Have a threshold or reference value against which 
it can be compared, so that users can assess the 
significance of the values associated with it

X X X

Analytical soundness 

Be theoretically well-founded in technical and 
scientific terms

X X X

Be based on international standards and interna-
tional consensus concerning its validity

X X X

Lend itself to being linked to economic models, 
forecasting and information systems

X X

Measurability, data requirements 

Readily available or made available at a reason-
able cost/benefit ratio

X X X X X

Adequately documented and of known quality X X X

Updated at regular intervals in accordance with 
reliable procedures

X X X

Table 9.2. Criteria to develop and select science-policy indicators. 
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the policy target and the indicator. The policy target to improve water quality was quite 
generically defined; ‘to improve water quality by reducing pollution’, whereby each country 
is obliged to define its own parameter list (UN 2018). The loads of nitrogen and phosphorus 
discharged to surface water were used as specific quantitative indicators, again represent-
ing a causal link with the policy target. 

The trend indicators in chapter 5 and 6 made use of basic monitoring data (P and N 
concentrations and species lists) and as such were linked to causal relations between the 
target and the response. For the WFD policy targets on surface water quality, a set of quality 
elements for surface water quality evaluation was developed (EC 2000). In the Netherlands, 
these quality elements were adjusted in 2012 (van der Molen and Pot 2007b, van der Molen 
et al. 2012). Such modifications of generic indicators over time may impede trend analysis, 
but this can be solved if parallel data are available. 

Reducing river fragmentation to restore migratory fish species populations is one of 
the specific targets of the European Water Framework Directive (WFD), of the Nature 2000 
directive, as well as of the Convention on Biological Diversity (EC 1992, 2000, CBD 2010). 
Two out of the three policy targets were very generically defined, while only the Natura 
2000 target was more specific and defined for a selected group of species. Still, by selecting 
representative migratory fish species, here again a causal, quantifiable link between the 
response parameter and the policy target was obtained. 

9.2.3 Criteria applied to the science-policy indicators developed in this thesis
The indicators developed in this thesis were evaluated for the following basic require-

ments: i) policy relevance and utility for users, ii) analytical soundness and iii) measurability. 
The first basic requirement, policy relevance and utility for users, accounts for all indicators 
developed in this thesis, as these are all related to policy targets (see policy relevance in 
9.2.2). A specific aspect of policy relevance and utility for users is the ability to show trends 
over time, which is demonstrated by trend indicators, like trends in global wastewater 
treatment, trends in global nutrient discharge, national trends in nutrient concentrations 
and national trends in biological quality.

The basic requirements of analytical soundness were fulfilled by publishing the devel-
oped indicators in the presented chapters with the description of the methods and the use 
of publicly available data. An aspect of analytical soundness was the procedure to aggregate 
specific data to build the respective indicator. The trend indicators for eutrophication and 
biological quality (chapter 5 and 6) were both aggregations of data from a large national da-
tabase, whereby sound monitoring data were analytically integrated into a eutrophication 
index and into biological trends, respectively. 

Measurability focuses on data requirements, especially well documented and regular 
updated datasets. This was especially the case for the trend indicators for nutrients and 
biological quality (chapter 5 and 6), and the accessibility of streams (chapter 8), as these 
indicators were regularly updated (CBS et al. 2010). On the other hand, indicators in global 
studies are often to a large extent based on model calculations and to a lesser extent on 
monitored data (OECD 2012, Stehfest et al. 2014). 
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In conclusion, indicators that bridge policy targets and science must be policy relevant, 
usable for both policy and science users, analytically sound and measurable. Such indicators 
balance between complexity and simplicity, detail and aggregation and local to global scale. 

9.2.4 Linking indicators to DPSIR elements
Indicators are not always uniformly linked to individual DPSIR elements. In the over-

view of indicators of the EEA (2014a), climate change indicators, such as meteorological 
and hydrological indicators, were mostly defined as impact indicators, while indicators of 
biological diversity were mostly defined as state indicators (EEA 2014a). Wastewater treat-
ment was classified as a response (EEA 2014a), assuming a reduction of nutrients in effluent 
discharges. In 1999 however, the EEA classified wastewater treatment as driver, because 
primary wastewater treatment hardly removes nutrients (Smeets and Wetering 1999). In 
studies on coastal systems, impact referred to the effects on human welfare such as over-
exploitation of natural resources, i.e. shellfish and aquaculture, while state was linked to 
ecological and chemical conditions according to the WFD (Newton et al. 2014). Alternatively, 
Borja et al. (2005) linked impact to the ecological and chemical WFD status. More often, 
impact is defined as the consequences of changes in state for health, resource availability 
and biodiversity (Smeets and Wetering 1999, Niemeijer and de Groot 2008b, Maxim et al. 
2009, Spangenberg et al. 2009, Feld et al. 2011). This interchangeable definitions of DPSIR 
elements may contribute to confusion, which should obviously be avoided, if the applica-
bility of the DPSIR framework is to be enhanced. 

The linking of the indicators to the various DPSIR elements (EEA 2014a) suggests that 
there is a relation between pressure, state and impact indicators. But this is not always the 
case. For example, the status indicator of eutrophication trends (chapter 5) and the impact 
indicators of biodiversity trends (chapter 6) suggest a relation, but eutrophication is only 
one of the causes of decreases in biodiversity. Moreover, the list of criteria for indicators 
(Table 9.2) does not include links to other DPSIR elements. Therefore, the indicators as pre-
sented by the EEA (2014a) are not always connecting elements, but can as well be stand-
alone indicators. 

In this thesis, state referred to changes in the environment and impact to changes in 
aquatic biodiversity. In general, elements must be clearly defined and used consistently to 
avoid confusion in policy-science communication. Likewise, the indicators linked to these 
elements also need to be clearly defined and used consistently.

9.3 DPSIR frameworks for eutrophication and fragmentation

9.3.1 Level of complexity of DPSIR frameworks 
Conceptual models like the DPSIR framework can be simple or almost arbitrarily com-

plex (Niemeijer and de Groot 2008a). A simple framework often fits policy targets and is 
easy to communicate, but hampers practical use, especially when considering the effects 
of multiple stress on ecosystems. Moreover, a single policy target may touch on several 
pressures in parallel and thus requires measures that simultaneously affect hydrology, mor-
phology, water chemistry and ultimately also biological responses at the ecosystem level 
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(Feld et al. 2011). Very complex models, on the other hand, are often less well understood 
by users and non-specialists. To limit complexity, but to still include scientifically sound and 
practically applicable approaches, one needs to indicate the strengths and limitations of 
any conceptual model, thus also of the DPSIR framework. 

Strengthening the DPSIR framework, guidelines to include the scientific basis and to 
improve representativeness and completeness of all elements and linkages should be im-
proved. Implicitly, this means that a framework should be developed that can be accom-
plished for all single policy targets separately (representativeness). Within these frame-
works, elements need to represent all possible steps in the chain or network (completeness). 
Furthermore, linkages between elements need to have the character of cause-effect rela-
tions (scientific basis) and need to consider multiple possible interactions of causes and 
effects (completeness). In each application of the DPSIR framework it should be attempted 
to compile, structure, illustrate and include all peer-reviewed available knowledge. Only 
this way solid and applicable models can be constructed that meet the demands of both 
science and policy.

9.3.2 Interactions within the DPISR framework 
The DPSIR framework can be separated into two parts. The driver-pressure-state-im-

pact part of the model is a cause-oriented, over long or medium time frames acting part of 
the model, related to ecosystem degradation (Spangenberg et al. 2009, Verdonschot et al. 
2013). The response-state-impact part is solution oriented, acts on short-terms, referring to 
the time frame needed to implement a solution or measure, and represents the restoration 
chain (Spangenberg et al. 2009, Verdonschot et al. 2013). Feld (2011) extended the DPSIR 
to the DPSIRR framework, whereby the last R denotes Recovery, to add the processes of 
recovery of the system after measures have been taken. 

Originally, the DPSIR framework included specific indicators for the links between ele-
ments (Smeets and Wetering 1999) (Figure 9.2). In recent EEA reports, however, these link 
related indicators were omitted (EEA 2014a), while also many other studies did not pay at-
tention to the links, only focusing on the original elements of the DPSIR framework (Nie-
meijer and de Groot 2008b, Maxim et al. 2009, Heink and Kowarik 2010, Timmerman et al. 
2011, Newton et al. 2014). Yet, the links between the elements represent an important part 
of the framework, as they stand for processes and interactions. Links can be quantitative or 
qualitative. Qualitative links only indicate directions of change. Therefore, quantitative links 
are needed, referring to either empirical, statistical or mechanistic relations that quantify 
the degree of change (Feld et al. 2010). Furthermore, each link between elements represents 
a relationship that needs to be supported by reviewed scientific literature. In conclusion, the 
DPSIR framework needs identifiable, quantitative links between the elements, as was also 
originally intended by the EEA (Smeets and Wetering 1999). 

A promising extension of the DPSIR framework is to split the element driver into prima-
ry, secondary and tertiary drivers and driving forces. Primary drivers are the developments 
in the needs and the activities of society, secondary drivers are policies and regulations, ter-
tiary drivers are socioeconomic structures including lifestyles and ideology and basic driving 
forces are the structural aspects of demographic and economic growth (Spangenberg 2007, 
Binimelis et al. 2009, Maxim and Spangenberg 2009, Oesterwind et al. 2016). In this the-
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sis, the effect of basic driving forces, primary drivers and secondary drivers were quantified 
(chapter 2, 4, 5). Changes in lifestyle as tertiary driver were not included in this thesis. The 
relations between the DPSIR elements, illustrated by the links in figure 9.2 are as important 
as the elements themselves. An improvement of the knowledge about linkages between 
elements would improve the applicability of the framework and consequently bridge policy 
targets and science. 

 

Pressures

State

Impact

Responses

Link pstD-P

Link P-S
Link S-I

Prim., sec. & 
ter. drivers Link I-S

Link Df-pstD

Effec�veness of 
responses

Basic driving
forces

Figure 9.2. The DPSIR framework expanded with basic driving forces, primary, secondary and tertia-
ry drivers and links between elements.
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9.3.3 DPSIR frameworks for eutrophication and fragmentation in this thesis
Applying the DPSIR framework to global scale eutrophication (chapter 2), led to the 

division of the element driver into two basic driving forces; ‘population growth’ and ‘eco-
nomic growth’, and three primary drivers; ‘the volume of human wastewater’, ‘the level of 
wastewater treatment’ and ‘agricultural emissions’ (Figure 9.3). Next, two pressures, ‘the 
nutrient load to surface water’ and ‘the amount of nitrogen and phosphorus discharged by 
agriculture’, were included. Furthermore, state and impact linkages were included. State re-
fers to nutrient concentrations in receiving rivers (Beusen et al. 2016). Finally, the impact in 
terms of effects on global biodiversity completed this DPSIR framework (Janse et al. 2015).

In this example, quantitative models were used in all links between the DPSIR elements 
and between the basic driving forces and the primary driver. For example, the link between 
the basic driving forces and primary drivers was modelled with the regression models of 
protein consumption, sewerage connection and wastewater treatment (chapter 2, Figure 
9.3) and the link between primary drivers and pressures was expressed as nutrient removal 
by wastewater treatment. Secondary drivers were included in the scenarios more qualita-
tively, like either more or less investments in sewerage and wastewater treatment.

Basic driving 
forces

Link Df-pD

Primary 
drivers

Link pD-P

Pressure

Link P-S

State 

Link S-I

Impact 

Popula�on Economy

Volume of 
wastewater

N,P runoff
in agriculture

Wastewater 
treatment

Nutrient load to
surface water

Impact 
biodiversity

Globio aqua�c

Consump�on Investments

Emission model

Hydrological model

Fragmenta�on

Nutrient 
concentra�on

Figure 9.3. DPSIR framework showing the impact of population growth and economy on global bio-
diversity.
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A comparable framework was developed for nutrient load in lakes at a national scale 
(chapter 3). The basic driving forces were ‘agriculture’ and ‘population growth’ as depicted 
in figure 9.4, also showing the primary drivers, pressure, state and impact. The linkages 
were mainly based on model results, like the model LakeLoad that combined all pressures 
and calculated a lake specific nutrient load, while state was established by using the mod-
el PCLake. Finally, the resulting nutrient concentrations were also derived from the model 
PCLake and the impact on the concentration of algae was shown. 

Basic driving 
forces

Link Df-pD

Primary 
drivers

Link pD-P

Pressure

Link P-S

State 

Link S-I

Impact 

Agriculture Popula�on

Agricultural
emissions

Effluent 
wastewater

Nitrogen 
deposi�on

PCLake

Stone OPS

LakeLoad

LakeLoad-PCLake

Nutrient 
concentra�on

ERC

Nitrogen 
deposi�on 

on lakes

Diffuse 
emissions to 

lakes

Point 
emssions to 

lakes

Algae
concentra�on

Figure 9.4. DPSIR framework showing the impact of population growth and agriculture on nutrient 
emissions and the concentration of algae in lakes. 
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Applying the DPSIR framework to fragmentation of rivers and streams (chapter 7 and 8) 
shows a comparable structure (Figure 9.5). It starts with the basic driving forces ‘growth of 
the human population and economy’ and the consequences for the primary driver ‘electric-
ity demand for future scenarios’ (the link Df-pD), resulting in a pressure of ‘building dams 
for hydropower’, with state defined in terms of ‘accessibility of rivers and streams’ and im-
pact by ‘the effect on riverine species’ (Figure 9.5). Within the framework, the links were 
modelled; e.g. the Df-pD link by an energy model (Bauer et al. 2017) and the pD-P link with 
a spatial explicit model to locate potentially new hydropower dams (Gernaat et al. 2017).

Basic driving 
forces

Link Df-pD

Primary 
drivers

Link pD-P

Pressure

Link P-S

State 

Link S-I

Impact 

Popula�on Economy

Electricity
demand 

Dams for 
hydropower

Effect to 
species

Species impact

Energy model

Hydropower model

Hydrology

Fragmenta�on 
of rivers

Figure 9.5. The DPSIR framework showing that hydropower production causes river fragmentation 
affecting migratory fish species. 
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9.3.4 Refinement of the DPSIR framework
The DPSIR framework examples described above all show more complexity than the 

original framework. The basic structure of the original DPSIR framework was simple and 
easy to communicate (Smeets and Wetering 1999), although reality appeared to be far more 
complex. Especially when going from drivers to impact, the complexity increases, as chang-
es in species distributions and abundances can be the result of many causes. 

Differentiating between basic driving forces and primary drivers was needed, since ba-
sic driving forces are on top of the cause-effect chain, act over large scales and should thus 
be the first focal points in the framework. The effect of changes in basic driving forces on 
pressures is undoubtedly important in long-term global outlook studies (van Vuuren et al. 
2017a). In general, basic driving forces lack in most studies, maybe because they are often 
very obvious, and scientists or policy makers assume that they are unchangeable. Also, in 
the Netherlands, the human population is still increasing and without further improvement 
of the nutrient removal capacity of wastewater treatment plants, emissions will increase. 
Thus, to prevent a further increase in nutrient loads, wastewater treatment must be im-
proved further, most probably against high costs. 

To select effective restoration measures, detailed studies are needed to understand 
key aquatic ecosystem relations. Process-based principles of surface water restoration (re-
sponses) could help to design restoration schemes that better account for the scale of the 
environmental problem and to meet the physical and chemical potential of a site (Feld et 
al. 2010). To this purpose, many different state and impact variables need to be included in 
refined DPSIR frameworks to determine the full effect of all pressures, as well as all poten-
tial measures for river restoration. For example, the pressure of building a weir results in 
many stressors affecting many state variables, all having a different effect on community 
composition (Figure 9.6). In this example, taken from the EU WISER project, weirs affected 
5 upstream and 5 downstream state variables, while the impact on macroinvertebrates, 
phytobenthos, macrophytes and fish was quantified by six impact variables for both up- 
and downstream sites (Feld et al. 2011). In this framework application, each relation was 
underpinned by peer-reviewed articles and was thus thoroughly science based. The effects 
on species and communities were therefore much more refined than the estimates in my 
global and European studies. However, such detailed effects can only be analysed at a small 
scale, while the results need to be scaled up to a higher level, to conform to the policy tar-
gets.

In conclusion, relations between basic driving forces, primary drivers, secondary driv-
ers, pressures, states, impacts and responses need to be quantitatively analysed on a de-
tailed level and thereafter extrapolated to large scales in order to bridge policy targets and 
aquatic ecosystem responses. 
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9.4 The DPSIR framework restoration part: cause or effect oriented?

Building sewerage systems was a response to the high human mortality due to water-
borne diseases (Prüss-Ustün et al. 2014, Ali et al. 2015, WHO and Unicef 2017b), but resulted 
in eutrophication of aquatic ecosystems. Therefore, the next response was to build waste-
water treatment plants to reduce nutrient discharges (chapter 2). Both responses may be 
categorized as ‘direct responses to driving forces’. Another example of a direct ‘response 
to a driving force’ was shown in China, where the policy to reduce the basic driving force 
‘human population size’ affected the links with the primary driver and pressure (Jiang and 
O’Neill 2017, KC and Lutz 2017): As the volume of human wastewater was directly linked to 
the number of persons, the volume of human waste water did not increase that much as it 
did for example in India (chapter 2). Tackling the primary cause of a problem obviously sorts 
the largest effect. Yet sometimes, an opposite, effect oriented, type of response is the only 
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Figure 9.6. Relations between the impact of weirs and the effect of weir removal on upstream and 
downstream state variables: sediment size, depth, temperature, width, flow diversity, gravel, turbid-
ity, sediment size and depth variability, and on the impact variables: composition and abundance, 
diversity, sensitivity and tolerance, biomass, age structure and process/function, which are further 
specified for the different biotic groups: fish (FI), benthic macroinvertebrates (BI), macrophytes (MP) 
and phytobenthos (PB). Numbers in the line refer to the corresponding peer-reviewed studies, while 
the type of line indicates the type of relationship and the strength of this relationship (Feld et al. 
2011). 
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feasible solution. In the present thesis, this concerned the removal of phosphorus from inlet 
water with a high nutrient load in lakes with a high nature value (chapter 3). This was the 
only measure that could be taken to reduce the nutrient load in the lake, an example thus of 
an effect-oriented solution in absence of feasible cause-oriented solutions. 

An example of a causal response to fragmentation is the full removal of dams or weirs. 
This is a very effective measure to reduce fragmentation and to restore both the direct as 
well as the indirect negative effects of barriers (Bednarek 2001, O’Connor et al. 2015). Also 
smart spatial planning of hydropower plants can reduce the pressure on selected rivers or 
streams that still are free-flowing (O’Hanley 2011). Full removal or careful planning of mea-
sures are examples of a ‘response to a pressure’. In this case, tackling the primary driver 
would imply stopping the use of hydropower or reduce the use of electricity, respectively. 

Building fish passages mitigates the negative effect of dams on fish migration but ig-
nores the negative effects on habitat quality. Therefore, fish passages are ‘responses to a 
state’, an effect-directed instead of cause-directed solution. The measure to stock fish, such 
as salmon and sea trout in many rivers for many years, goes even one step further, as this 
does not affect fish migration at all (HELCOM 2011) and should be considered merely as 
symptom management. Reponses that link to a state can be effective at relatively short 
time scales. This is shown by the measure to reduce the phosphorus concentration in inlet 
water. This results in a direct, positive effect, but the measure needs to be continued until 
the source is tackled. Responses to impact are hardly effective, as they focus on only one 
or a few features of a system and do not reduce the pressure, nor improve the state. Sym-
bolic responses linked to the impact can even be used as an alternative for not improving 
the pressure and state, and therefore, they can even frustrate sustainable ecosystem res-
toration.

It is concluded that responses can be positioned along a scale from cause-oriented, 
long-term on the one end to effect-oriented short-term or merely symbolic responses on 
the other. Cause-oriented responses that link to basic driving forces and primary drivers are 
much more effective than responses that link to states or impacts.

9.5 Spatial and temporal scale aspects of the DPSIR framework

The spatial scale of a policy target can be a specific Nature 2000 area or a WFD assigned 
water body (EC 1992, 2000), but also more generic targets have been formulated, such as 
those of the Convention on Biological Diversity and the Sustainable Development Goals 
(SDG), that are often set on a national level (CBD 2010, UN 2015). The temporal scale can 
be set for a fixed period of time, such as to achieve a good status of all WFD water bodies 
before 2027 and the SDG with specified targets to be achieved before 2030 (EC 2000, UN 
2015), or can be set generically, such as no further deterioration should occur in CBD and 
Nature 2000 areas (EC 1992, CBD 2010). 

In this thesis, different spatial and temporal scales were dealt with in the different 
chapters, all focusing on eutrophication and fragmentation. From small spatial scales in 
the regional studies on fragmentation in the Meuse catchment (chapter 8) and the lakes 
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IJsselmeer and Markermeer (chapter 4), to intermediate scales in national studies on eu-
trophication in Dutch lakes and national trends in eutrophication (chapter 5 and 6), to a 
European scale study on anadromous fish migration in large rivers (chapter 7) and finally, 
global studies on nutrient emissions (chapter 2). Temporal scales varied between the cur-
rent situation (Chapter 3, 7 and 8), short- or medium-term changes (chapter 4, 5 and 6) and 
long term changes in outlook studies (Chapter 2). 

Aspects of spatial and temporal scale are essential in studying ecological restoration. 
For management purposes, measures taken in aquatic ecosystems can be hierarchically or-
dered from small to large scale: habitat, reach or location, stream or lake, catchment and 
ecoregion (Frissell et al. 1986, Verdonschot and Nijboer 2002) (Figure 9.7a). Most stream 
restoration projects focus on short river sections, aiming to improve local habitat diver-
sity (Jähnig et al. 2010), i.e. the habitat and reach aspects of the running water ecosystem 
(Verdonschot and Nijboer 2002), which corresponds with the detailed level of interactions 
in figure 9.6. On the other hand, transboundary catchment commissions and coastal sea 
commissions focus on one or more catchments and regions (ICPR 2009, HELCOM 2011, IC-
DPR 2015). 

In this thesis, restoration responses ranged from large to small scale (Figure 9.7b). For 
example, to reduce eutrophication, large scale wastewater treatment programs needed to 
be implemented at a national scale or, for transboundary catchments, on an international 
scale. Small scale measures were for example, de-eutrophication at the individual lake lev-
el. In chapter 2, I showed that to prevent eutrophication, policy targets and major measures 
should focus on the catchment scale or higher. To reduce fragmentation of streams and 
rivers, fish passages at the catchment level were needed to restore the migration potential 
for anadromous species, while for potamodromous species, restoring fish migration on the 
stream or sub-catchment level already sufficed. The joint positive effect of all fish passages 
constructed in the Rhine and Meuse catchment, from the Haringvliet to the spawning areas 
of salmon and sea trout in the upper tributaries, was the result of large scale restoration 
programs (ICPR 2009, IMC 2012). In general, an individual fish passage can be built at the 
reach level, but to achieve the ecological recovery aimed for migratory species, a master 
plan at catchment level is essential. Stocking of fish species could be classified as a measure 
taken at the reach scale, such as undertaken in several Baltic rivers where recolonizing is 
not to be expected. If stocking results in a recolonization of a whole catchment, the scale is 
likewise extended.

The temporal scale to realize restoration responses also varied strongly. Examples of 
short-term responses are stocking of fish (chapter 6). Short term responses are easy to re-
alize and effective on the short term, but often need to be repeated or continued if the 
ecological conditions to sustain viable populations do not sufficiently improve. The newly 
build wetlands in the Markermeer were also constructed in relatively short time (chapter 
4) but need more time to develop. Examples of long-term measures are the construction 
of sewerage with wastewater treatment in urban areas, which often can take many years 
to be realized. This is also the case of a masterplan for an entire catchment to improve the 
accessibility of the spawning areas of migratory fish species, which may also take many 
years to be realized. 

Crucial to the temporal scale is the time ecosystems need to adapt to a new or restored 
abiotic environment. After implementation of restoration measures, often many years are 
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needed for a specific ecosystem to adapt to the new situation and for species to recolonize 
the freely available niches (Jourdan et al. 2018). 

In conclusion, environmental problems such as eutrophication, fragmentation and 
habitat degradation need to be tackled in concert in a catchment-wide plan. In such a plan, 
species and ecosystem type specific restoration aspects need to be integrated and spatially 
delineated on the catchment level. Small scale and short-term measures, such as individual 
fish passages and stocking without options for recovery, are not effective, and should be 
considered as symptom management. 

9.6 Towards an extended framework to bridge policy and science

The original DPSIR framework can be extended and modified to account for more re-
cent advances in degradation and restoration ecology aiming to re-establish and restore 
key ecosystem processes and functions (Beechie et al. 2010, Feld et al. 2011). First, the ele-
ments of the DPSIR framework need to be refined. Drivers can be divided into driving forces 
and primary, secondary and tertiary drivers. Pressures can be separated into pressures and 
stressors (Figure 9.8). Hereby, stressors are defined as the parameters affected by a pres-
sure, such as sediment size, nutrient concentration or flow velocity. A division of states into 
relevant physical, chemical and biological processes will help to identify links between caus-
es and responses. Impact can be divided into effects on human health, ecosystem services 

Figure 9.7. Ecosystem components positioned along a spatial and temporal axis (a) according to Ver-
donschot and Nijboer (2002). The responses as analyzed in each chapter presented along the same 
scales, numbers denoting chapters (b). Fish passage responses are classified as single, individual 
responses (7i and 8i) and as part of a river restoration plan (7p and 8p). Stocking of fish is presented 
as stocking without recovery (7s) and with recovery (7r).
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and community composition. Finally, responses can be divided into primary or causal (large 
scale, long term), secondary or effect (small scale, short-term) and symbolic responses (Fig-
ure 9.8). 

The extension of impact to accurate, scientifically valid, quantitative measures of biodi-
versity and ecosystem services can strengthen the application of the DPSIR framework and 
will strongly link it to policy targets. It should be realized though, that the knowledge on the 
causes of degradation is reasonably advanced, but that suitable indicators representing the 
different characteristics of biodiversity and ecosystem services are still lacking (Feld et al. 
2009; 2010; Figure 9.8). 
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Fig. 9.8. The extended DPSIR framework with an additional element, well-defined links and catego-
rized responses. 
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For communication purposes, a simple DPSIR framework (Figure 1.1) is well suited to 
position indicators in the framework and to suggest relations between elements, but the 
detailed extension required to bridge policy and science needs more elements and links 
between elements, using precise, quantitative scientific indicators (Figure 9.8). A future 
challenge is therefore to include such detailed information, e.g. in an aggregated form, into 
large scale, long term issues. This challenge is illustrated in Figure 9.9, showing a hierar-
chy of frameworks from specific biological or environmental process studies to a general 
framework for communication purposes. 
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The present thesis revealed that the methods and indicators developed and applied 
to quantify the elements (Driver, Pressure, State, Impact, Responses) as well as the links 
between the elements in the DPSIR framework indeed enhanced its applicability. Yet, the 
links between the elements, representing processes and interactions, need to be further 
investigated and quantitatively elaborated, since many indicators are still element specific, 
ignoring relations with other elements (Figure 9.9, upper right). To improve this, integrative 
analysis is required (Figure 9.9, middle figure) that focus on quantitative relations, which 
are most preferably based on quantified, process-based principles. To substantiate the link 
between pressures and impacts the relation between process-based principles and envi-
ronmental indicators should be better understood. 

In this thesis, steps towards the required DPSIR framework improvements were taken 
by causal analysis on national, European and global scales, and with trend indicators deve-
loped for eutrophication, biological quality and the presence of fish species. I conclude that 
the five elements in the DPSIR framework comprise a useful framework to communicate 
with policy makers, but that the framework needs to be extended with scientifically sound, 
quantitative links and more specific elements to become operational in the policy-science 
bridge, as demonstrated in the present thesis. 
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Bridging policy targets and aquatic ecosystem responses

In response to aquatic ecosystem degradation policy targets were defined to prevent 
further biodiversity losses, but despite these policy targets, the ecological status of aquatic 
ecosystems remained poor. In this thesis, it was hypothesized that this is due to the policy 
and knowledge gap between the response of aquatic ecosystems to interventions aiming 
to restore biodiversity and the socio-economic developments affecting these aquatic eco-
systems. The aim of this thesis was therefore to bridge the gap between policy targets and 
aquatic ecosystem responses to environmental pressures and restoration measures by de-
veloping potential methods to describe the links in the Driver-Pressure-State-Impact-Res-
ponse framework quantitatively. This aim was translated into the following objectives: 1. To 
develop science-policy indicators to quantify the status of aquatic ecosystems concerning 
eutrophication and fragmentation on a regional, national and continental scale; 2. To analy-
ze driver-pressure-state-impact relations for eutrophication and fragmentation on a regio-
nal, national, European and global scale; 3. To analyze the effects of restoration measures to 
combat fragmentation and eutrophication; 4. To analyze spatial and temporal scale aspects 
of the DPSIR framework.

Chapter 2 presented global estimates of nutrient discharge from households to surface 
water based on the relationships between income and human emissions represented by 
protein consumption, degree of connection to sewerage systems, presence of wastewater 
treatment plants and their level of nutrient removal efficiency. These relationships were 
used to construct scenarios for discharge of nutrients with waste water based on the five 
Shared Socio-economic Pathways for the period from 1970 to 2050. The number of inhabi-
tants connected to a sewerage system will increase by 2–4 billion people between 2010 and 
2050. Despite the enhanced nutrient removal by wastewater treatment, which will increase 
by 10%–40% between 2010 and 2050, nutrient discharge to surface water will increase in 
all scenarios by 10%–70% (from 10.4 Tg nitrogen (N) in 2010 to 13.5–17.9 Tg N by 2050 and 
from 1.5 Tg phosphorus (P) in 2010 to 1.6–2.4 Tg P by 2050). In most developing countries, 
nutrient discharge to surface water will strongly increase over the next decades, and in de-
veloped countries it will stabilize or decrease slightly. It was concluded that a global decre-
ase in nutrient discharge is possible only when wastewater treatment plants are extended 
with at least tertiary treatment in developing countries and with advanced treatment in the 
developed countries. 

The LakeLoad model presented in chapter 3 calculated the load of nutrients for 41 
polder lakes in The Netherlands. Detailed hydrological information on the complex water 
system of the polders was used to determine the lake catchment. A lake may be loaded 
with nutrients as a result of run-off and leaching in the catchment, atmospheric deposition, 
point-source emissions and the inlet of water from outside the polder. These input fluxes 
were modelled separately and the input was retrieved from other models and databases. 
The output of this model was input to the ecological model, PCLake, which calculated the 
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growth of algae, fish and plants in the lake. Using these models it was possible to calculate 
the effects of differences in agricultural practice or the reduction in point sources on the 
ecological state of the lake. The LakeLoad model was validated by comparing the estimated 
input concentrations with nutrient loads of 15 lakes gained from the literature. The results 
obtained using the LakeLoad-PCLake combination were compared with in-lake concentra-
tions of total nitrogen, total phosphorus, chlorophyll and transparency (Secchi depth) for 34 
lakes. In general, the model simulations fitted reasonably well with the observations made 
in these lakes. It was concluded that the models are a useful tool to classify the lakes as 
either mesotrophic or eutrophic within acceptable margins.

In chapter 4 we aimed to show how the use of a common measurement tool incorpo-
rates both ecological quality and degree of threat into criteria of the EU Water Framework 
Directive and Nature 2000. The measurements discussed in this chapter were derived from 
two cases of cost–benefit analysis: The first case was the Markermeer, the second largest 
lake of The Netherlands, and concerned a study on water quality improvement and nature 
restoration, but where also an artificial island will be the setting for a new residential area. 
The second case study was on water level management carried out in the IJsselmeer, the 
largest lake in the country. Applying a standardised method, the results of our analysis sho-
wed the potential impacts on the spatial distribution and quality of the ecosystems. 

In chapter 5 a new method was developed to quantify trends in water quality with 
respect to eutrophication on a national scale for the period 1990–2010. Firstly, monitoring 
data were aggregated to seven classes of surface water. Next, for each water class and each 
nutrient, a Nutrient Index was developed to express the degree of exceedance of the en-
vironmental quality standard (EQS, a distance-to-target method). The Nutrient Index for N 
showed a minor exceedance of the EQS as well as an improvement in all water types; for P, 
the index showed a major exceedance in small stagnant waters throughout the 1990–2010 
period, whereas in major rivers and lakes levels were close to the EQS. Thirdly, the indices 
for seven surface water classes were aggregated to one index for each nutrient, and finally 
to a national Eutrophication Index combining N and P. This Eutrophication Index integrates 
all monitoring data and showed an improvement in the period 1990–2003 and stabilization 
since 2004.

In chapter 6 two alternative methods to examine surface water quality were evaluated. 
The WFD method uses the differences in the percentage of water bodies with a good qua-
lity for comparing between both assessments. The time-series method uses the WFD me-
trics to calculate water quality with all available monitoring data, aggregated to grid cells. 
The conclusion concerning the WFD method was that the two assessment reports of 2009 
and 2014 are too dissimilar in method and standards and therefore not suitable to evaluate 
changes over time. The time-series method showed a small improvement for phytoplankt-
on and macrophytes and no improvement for benthic invertebrates.

The aim of chapter 7 was to analyse the species and river specific effects of river frag-
mentation on migratory fish on a European scale. The effect of river damming on migrato-
ry fish was quantified for all 16 European long and mid distance anadromous species and 
for 33 large European rivers. The historical distribution was compared with the current up-
stream accessibility of the main river and the current distribution and population status of 
each species. The observed effects of reduced connectivity were further quantified using 
the Dendritic Connectivity Index for species and the Fragmentation Index for rivers. Our 
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results showed that only very few rivers are still unaffected by dams in the main stem and 
that the few remaining viable migratory fish populations in Europe occur in these accessible 
rivers. Barriers were prioritized for making them passable based on the potential accessibi-
lity gain and the number of benefitting species, showing that the main stems of the rivers 
Shannon and Nemunas are the best candidates. It was concluded that evaluating species 
and river specific effects of fragmentation strongly aids in prioritizing rivers for improving 
upstream accessibility.

In chapter 8 the effects of stream fragmentation and habitat quality were analyzed for 
five riverine fish species in tributaries of the river Meuse in the Netherlands. Fragmenta-
tion was expressed as the number of weirs between a specific stream section and the ri-
ver Meuse and the length of this specific stream section. Habitat conditions were qualified 
whereby quality was determined based on ecological quality and flow velocity. For each 
species, the historical and the current distribution was compared with the present stream 
accessibility and the habitat condition quality of the stream sections. Our results showed 
that all species were affected by fragmentation, but to a different extend. Dace (Leuciscus 
leuciscus) and chub (Leuciscus cephalus) were most affected, as they exhibit seasonal migration 
to the river Meuse and hardly passed the most downstream weir. Dace and chub also nee-
ded the highest ecological quality and flow velocity and did not occur in accessible streams 
due to degraded habitat quality. Ide (Leuciscus idus) was less affected, while loach (Barbatula 
barbatula) and gudgeon (Gobio gobio) were only affected by short stream section lengths. 
These species-specific responses to fragmentation and habitat quality was used to prioriti-
ze stream sections for improving accessibility. It was concluded that restoring connectivity 
and improving habitat quality need to be considered jointly to restore riverine fish species 
populations in lowland streams.

In the synthesis (chapter 9) it was argued that this thesis demonstrated that it is in-
deed possible to bridge the gap between policy targets and aquatic ecosystem responses 
to environmental pressures. The extension of the DPSIR framework and the methods and 
indicators developed and applied to quantify both the DPSIR elements (Driver, Pressure, 
State, Impact, Responses) and the links between the elements enhanced its applicability. 
The original DPSIR framework should thus be extended and modified. Drivers were divided 
into driving forces and primary, secondary and tertiary drivers; pressures into pressures and 
stressors; states into relevant physical, chemical and biological processes and impacts into 
effects on human health, ecosystem services and community composition. Finally, respon-
ses should be divided into cause-, effect-oriented and symbolic responses.

The indicators developed in this thesis must meet several criteria. They must be poli-
cy relevant, usable for both policy and science users, analytically sound, measurable and 
balance between complexity and simplicity, and between detail and aggregation. The indi-
cators developed for wastewate treatment (Drivers) and nutrient emissions (Pressure) on 
global scale, on eutrophication on national scale (State), on fragmentation of rivers and 
streams (State) and biological quality and distribution of fish species (Impact) met those 
criteria. 

Furthermore, it was argued that in order to bridge policy targets and aquatic ecosystem 
responses all parameters and indicators of elements and all relations between elements in 
the DPSIR framework need to be quantitatively analysed on a detailed level and thereafter 
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extrapolated to larger scales. In this thesis, parts of DPSIR chains were analyzed for eutrop-
hication and fragmentation in such way. 

In this thesis an essential distinction was made between the type of responses, that 
were categorized as cause-oriented when they linked to drivers or to pressures, and ef-
fect-oriented when they linked to states. They were considered as merely symbolic when 
linked to impacts, because cause- and effect-oriented responses are much more effective. 

Aspects of scale proved to be of high importance in the application of the DPSIR frame-
work. Environmental problems such as eutrophication, fragmentation and habitat degra-
dation need to be tackled in concert in a catchment-wide planning. In a catchment-wide 
plan, species and ecosystem type specific needs over relevant spatial and temporal scales 
must be integrated and delineated on catchment level, but also on smaller scales. Plans that 
only focus on small scale and short-term measures, such as individual fish passages and 
stocking without options for recovery, have proven to be ineffective, and must be conside-
red as symptom management. 

I conclude that the five elements in the DPSIR framework comprise a useful frame-
work to communicate with policy makers, but that the framework needs to be extended 
with more specific elements, scientifically sound, quantifyable methods and indicators that 
become operational in the spatial and temporal scale of local, regional, national or global 
policy-science bridges tackling environmental problems.
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Samenvatting

De kwaliteit van aquatische ecosystemen gaat al meer dan een eeuw achteruit. Be-
langrijke oorzaken hiervan zijn eutrofiering (voedselverrijking), fragmentatie en verlies van 
habitatkwaliteit. Om deze achteruitgang te stoppen en de ecologische waterkwaliteit te 
verbeteren zijn beleidsdoelen zoals de Kaderrichtlijn Water en Natura 2000 vastgesteld en 
maatregelen uitgevoerd. Maar ondanks de uitgevoerde maatregelen worden de beleids-
doelen niet gehaald en blijft verbetering van de ecologische waterkwaliteit nog steeds 
achterwege. In dit proefschrift is onderzocht of dit wordt veroorzaakt door het gebrek aan 
kennis van de relatie tussen beleidsdoelen en de responses van aquatische ecosystemen 
op herstelmaatregelen en socio-economische ontwikkelingen. Het doel van dit proefschrift 
was om methoden te ontwikkelen om kennis te vergroten van zowel maatregel-effect re-
laties als socio-economische ontwikkelingen in relatie tot beleidsdoelen. Hiervoor is het 
raamwerk van Driver-Pressure-State-Impact-Response (DPSIR1) relaties gebruikt en ver-
der ontwikkeld. De onderzoeksvragen waren: 1) Welke indicatoren kunnen de kwaliteit van 
aquatische ecosystemen weergeven? Hiervoor zijn indicatoren voor eutrofiering en frag-
mentatie van aquatische systemen op regionale, nationale, Europese en globale schaal uit-
gewerkt; 2) Wat betekent dit voor de DPSIR relaties voor eutrofiering en fragmentatie op 
de vier ruimtelijke schalen: lokaal, regionaal, nationaal en mondiaal?; 3) Welke maatregelen 
om eutrofiering en fragmentatie te verminderen zijn effectief?; 4) Wat betekent dit voor de 
ruimtelijke aspecten van het DPSIR raamwerk? 

In hoofdstuk 2 is de eutrofiering middels de lozingen van nutriënten naar het opper-
vlaktewater door huishoudelijk afvalwater onderzocht. Dit is op mondiale schaal in beeld 
gebracht op basis van drie factoren: veranderingen in voedselconsumptie, veranderingen 
in rioolaansluitingen en bouw van afvalwaterzuiveringsinstallaties. Om toekomstscenario’s 
door te kunnen rekenen zijn deze factoren gerelateerd aan de toename in inkomen per land. 
Vijf socio-economische scenario’s (SSPs) zijn uitgewerkt voor de periode 2010 tot 2050. Ge-
bleken is dat op mondiale schaal tussen 2010 en 2050 de riolering voor 2-4 miljard huis-
houdens naar verwachting zal worden uitgebreid. Ook blijkt dat ondanks een verbetering 
van de waterzuivering, de lozingen naar rivieren zullen toenemen, van stikstof met 30-70% 
en van fosfor met 10-70%. In de ontwikkelde landen blijven de lozingen ongeveer gelijk 
maar in veel ontwikkelingslanden zullen de emissies sterk toenemen, omdat veelal riolering 
wordt aangelegd zonder dat er afvalwaterzuiveringsinstallaties worden gebouwd.

Naast de emissies van nutriënten uit riolen en afvalwaterzuiveringsinstallaties zijn in 
aquatische systemen de diffuse bronnen vanuit de landbouw en de stikstofdepositie uit de 
lucht belangrijke bronnen van nutriënten. In hoofdstuk 3 zijn de effecten van nutriëntenlo-
zingen uit deze diffuse bronnen berekend voor de groei van algen in Nederlandse meren. 
Aangezien de meeste Nederlandse meren een kunstmatig stabiel waterpeil hebben, is in 
de zomer de aanvoer van water beïnvloed door genoemde lozingsbronnen een extra bron 
van nutriënten. Voor 32 meren, variërend van geïsoleerde, voedselarme meren in natuur-
gebieden tot voedselrijke meren in boezemstelsels, zijn met het model LakeLoad de wa-
terstromen en de bron van nutriënten bepaald. Vervolgens zijn de ecologische processen, 

1   DPSIR = drijvende krachten, drukfactoren, toestand, gevolg en maatregelen 
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de hoeveelheid algen en het doorzicht voor elk meer berekend met het model PCLake. De 
modelresultaten, de berekende belasting met nutriënten, de berekende concentraties van 
nutriënten en de hoeveelheden algen, zijn vervolgens gevalideerd met meetdata. Hieruit 
bleek dat  in deze meren de modelresultaten redelijk overeenkwamen met de waargeno-
men waarden. 

Naast eutrofiëring wordt de natuurwaarde van meren in termen van het voorkomen 
van planten, vissen en vogels ook bepaald door de habitatkwaliteit. Voor het beoordelen 
van de effecten van natuurherstelmaatregelen is een kosten-baten analyse ontwikkeld 
waarin de beleidsdoelen van de Kaderrichtlijn Water (KRW) en van Natura 2000 centraal 
stonden (hoofdstuk 4). Deze kosten-baten analyse is vervolgens uitgevoerd voor het IJs-
selmeer en het Markermeer. In het geval van het Markermeer betrof dit een analyse van de 
effecten van natuurherstelmaatregelen in combinatie met de aanleg van nieuwe eilanden 
voor woningbouw. In het geval van het IJsselmeer betrof het varianten voor waterpeilbe-
heer. De hiervoor ontwikkelde kosten-baten analyse gaat uit van de invloed van verande-
ringen in habitat door ruimtelijke maatregelen en waterpeilbeheer op het overall effect op 
biodiversiteit. 

Om een verantwoorde tijdreeks analyse van waterkwaliteit uit te voeren moet gedu-
rende de hele monitoringsperiode de waterkwaliteit op dezelfde manier worden gemeten 
en beoordeeld. Om ook een landelijke trend te bepalen moeten daarnaast de gegevens van 
verschillende watertypen eenduidig worden geïntegreerd tot een overkoepelende trend. 
In hoofdstuk 5 is een methode gepresenteerd om de landelijke trends in eutrofiering te 
bepalen. Alle beschikbare monitoringsdata voor de periode 1990-2010 zijn daarbij voor ze-
ven watertypen geanalyseerd en hiervan zijn trends voor stikstof- en fosforconcentraties 
bepaald. Per watertype is de normoverschrijding voor beide stoffen in de tijd berekend. De 
trends laten voor stikstof een beperkte normoverschrijding en voor fosfor een aanzienlijke 
normoverschrijding zien. In stilstaande wateren blijkt sprake te zijn van een forse, continue 
normoverschrijding terwijl in de grote rivieren de overschrijdingen steeds lager zijn gewor-
den en momenteel de concentraties in het veld bijna gelijk zijn aan de norm. Uiteindelijk zijn 
de zogenaamde trendindexen voor de zeven watertypen en de beide nutriënten samenge-
voegd tot een eindtrend. Deze eindtrend voor eutrofiering in Nederland laat een verbete-
ring zien over de periode 1990-2003, waarna de situatie gelijk bleef. 

In hoofdstuk 6 zijn op vergelijkbare wijze tijdreeksen opgesteld voor de beoordeling van 
de waterkwaliteit op basis van macrofauna, waterplanten en algen. Voor deze tijdreeksen 
zijn de KRW beoordelingsmethoden toegepast op alle beschikbare meetresultaten. Deze 
tijdreeksen zijn vergeleken met de beoordelingen van de waterlichamen (het oppervlakte-
water zoals vastgelegd in de KRW) door de waterschappen. Doordat de KRW beoordelings-
methoden gedurende de tijd zijn aangepast, bleken de resultaten uit de beoordelingen van 
de waterschappen niet geschikt voor trendanalyse. Desalniettemin laten de tijdreeksen op 
basis van alle meetresultaten een kleine verbetering zien voor fytoplankton en waterplan-
ten, maar geen verbetering voor macrofauna. 

De effecten van fragmentatie zijn op Europese schaal uitgewerkt voor alle voorkomen-
de anadrome2 vissoorten en voor 33 grote Europese rivieren (hoofdstuk 7). De historische 
verspreiding van deze vissoorten is per rivier bepaald, waarna het resultaat is vergeleken 
met de huidige verspreiding en de populatiegrootte. De waargenomen effecten van ver-

2    Anadrome soorten zijn vissen die als volwassen dieren de rivieren opzwemmen om te paaien.
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minderde bereikbaarheid zijn verder gekwantificeerd met een bereikbaarheidsindex voor 
elke soort en een fragmentatie-index voor elke rivier. De analyses lieten zien dat nog maar 
enkele Europese rivieren onaangetast zijn en dat de meeste levensvatbare anadrome vis-
populaties voorkomen in rivieren die goed bereikbaar zijn. Met deze fragmentatie-index is 
ook een prioritering gemaakt om dammen te selecteren waarmee, als ze zouden worden 
verwijderd, de meeste winst kan worden geboekt in termen van bereikbare kilometers ri-
vier en het aantal profiterende vissoorten. Voor de onderzochte anadrome soorten is dat de 
Shannon in Ierland en de Nemunas in Litouwen. 

Op regionale schaal zijn de effecten van fragmentatie in combinatie met de habitatkwa-
liteit onderzocht op beekvissen in de Brabantse beken in het Maasstroomgebied (hoofdstuk 
8). Fragmentatie is hierbij uitgedrukt als het aantal stuwen in een beek vanaf de Maas tot 
aan de bron. Tevens zijn de trajectlengtes van de beek tussen twee stuwen meegenomen. 
Voor de habitatkwaliteit is ecologische kwaliteit (ekr) en de mate van rheofilie (maat voor 
stroming) op basis van de macrofaunasamenstelling berekend. De resultaten lieten zien dat 
de afzonderlijke soorten in verschillende mate worden beperkt door fragmentatie. Kop-
voorn en serpeling worden het sterkst in hun voorkomen beperkt, aangezien zij nauwelijks 
een stuw kunnen passeren en de hoogste eisen stellen aan de habitatkwaliteit. De winde 
wordt minder beperkt in zijn voorkomen door fragmentatie en het bermpje en riviergrondel 
komen algemeen voor en ontbreken alleen in korte beektrajecten. 

In de synthese (hoofdstuk 9) wordt nader ingegaan op de verbindingen tussen beleids-
doelen en responses van aquatische ecosystemen op herstelmaatregelen en socio-econo-
mische ontwikkelingen. Het theoretische DPSIR raamwerk met de 5 basiselementen (D, P, S, 
I en R) kan op basis van de resultaten uit dit proefschrift worden uitgebreid door de verbin-
dingen tussen de basiselementen te voorzien van kwantitatieve analysemethoden en indi-
catoren. De basiselementen zelf kunnen ook verder worden verfijnd waarbij drivers kunnen 
worden gesplitst in drijvende krachten, primaire, secundaire en tertiaire drivers; pressures 
in drukfactoren en stressoren; state (toestand) in fysische, chemische en biologische pro-
cessen; en impact in effecten ten aanzien van humane gezondheid, ecosysteem diensten en 
biologische processen. 

De toestand van de DPSIR basiselementen kan worden uitgedrukt met zorgvuldig ge-
kozen en gekwantificeerde indicatoren. Voor de ontwikkeling van indicatoren zijn in hoofd-
stuk 9 eisen gegeven zoals: beleidsrelevantie, geschiktheid voor beleid en wetenschap, 
analytische correctheid, meetbaarheid en evenwicht tussen complex en simpel en tussen 
gedetailleerd en geaggregeerd. In dit proefschrift zijn als voorbeelden indicatoren ontwik-
keld voor: waterzuivering (een driver indicator), lozingen van nutriënten (een pressure indica-
tor), eutrofiering (een state indicator), fragmentatie van rivieren en beken (state indicatoren), 
biologische kwaliteit (impact indicatoren) en effecten van fragmentatie op vissoorten (impact 
indicatoren). Behalve dat deze indicatoren ieder gekoppeld zijn aan een DPSIR basisele-
ment, zijn ook de verbindingen tussen de elementen voorzien van methoden om deze te 
kwantificeren.

Om aquatische ecosystemen te herstellen en beleidsdoelen te halen worden al veel 
maatregelen uitgevoerd. Maatregelen kunnen worden onderverdeeld in oorzaak-georiën-
teerde, effect-georiënteerde en symbolische maatregelen. Oorzaak-georiënteerde maatre-
gelen zijn gericht op de drivers en pressures, hebben een lange termijn en vaak een grootscha-
lig effect. Effect-georiënteerde maatregelen zijn gericht op state, hebben een korte termijn 
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en een lokaal effect. Symbolische maatregelen zijn gericht op de impact en op één of enkele 
soorten, bijvoorbeeld het uitzetten van vis voor het herstel van vispopulaties, zelfs in rivie-
ren die niet geschikt zijn voor de betreffende vissoort. 

In dit proefschrift zijn verschillende milieuproblemen geanalyseerd op verschillende 
schaalniveaus. Eutrofiering en fragmentatie blijken het meest effectief te kunnen worden 
aangepakt op het niveau van een stroomgebied. Maatregelen die gericht zijn op individuele 
soorten of korte termijn effecten, zoals lokale vispassages of het uitzetten van vis zonder 
een verwachting over langere termijn herstel, kunnen worden beschouwd als symbolische 
maatregelen, aangezien zij niet leiden tot herstel van natuurlijke populaties. 

Ik concludeer dat de vijf basiselementen van het DPSIR raamwerk zeer bruikbaar zijn 
om te communiceren met beleidsmakers, maar dat dit raamwerk nader en per probleem 
specifieker dient te worden uitgewerkt met behulp van wetenschappelijke, kwantificeer-
bare methoden en indicatoren. Deze uitwerking is afhankelijk van het probleem, van de 
lokale, regionale, nationale en/of mondiale schaal en dient steeds gericht te zijn op het 
wegnemen van de oorzaken of causaliteit van het probleem. Alleen dan kunnen waterkwa-
liteitsproblemen daadwerkelijk duurzaam worden opgelost. 
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