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C H A P T E R 1GENERAL INTRODUCTION:  
EFFECT-BASED WATER QUALITY ASSESSMENT

Based on the book chapter: 6.4.4. Effect-based water quality assessment 
ML de Baat, MHS Kraak 

In: Environmental Toxicology, an open online textbook
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THE CHEMOCENE
The present age is defined by the escalating human impact on the global environment, and 
the current geological epoch has therefore aptly been assigned the name “Anthropocene”.1 
The induction of this new era is said to have started with the industrial revolution in the second 
half of the eighteenth century, but the Anthropocene stands alone as a new epoch beginning 
sometime in the mid–20th century.2 One of the critical markers of human-induced global change 
that distinguishes the Anthropocene from previous geological eras is the widespread presence 
of human-made chemicals in the environment.2,3 This global chemical human signature is only 
expected to become more pronounced, as the number of novel chemicals is rising exponentially, 
with the number of chemicals registered by the chemical abstract service increasing from 20 
million around the year 2000 to almost 160 million in the year 2020.4 Although part of these 
substances already existed before their registration, many are and continue to be newly developed 
and synthesized. Currently, over 350 000 chemicals have been registered for production and 
use on the market globally,5 and the exponential growth in the number of newly registered 
substances is indicative of the ever-increasing number of anthropogenic chemicals that can find 
their way into the environment.  Hence, it could be argued that the turn of the millennium 
marked the dawn of the ‘Chemocene’ epoch as an integral part of the Anthropocene since 
the present age is defined by the presence of an unfathomable diversity of synthetic chemicals 
in the environment (Figure 1.1). 

Once this increasingly wide variety of chemicals is emitted to the environment, many of them 
end up in aquatic ecosystems, where thousands of substances may be simultaneously present, 
resulting in complex and varying mixtures.6 It is in these ecosystems that the resultant complex 
cocktails of substances exert a potential threat to human health and aquatic biodiversity.7 
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Figure 1.1. Number of chemical entities in the chemical abstract service registry over time.4
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This threat represents substantial scientific and methodological challenges to chemical water 
quality assessment approaches, as current chemical policies focus on only a limited number 
of prioritized compounds. Therefore, there is a need for future-proof monitoring methods 
that allow for the impact assessment of the ever-changing complex chemical burden on  
aquatic ecosystems.

A PARADIGM SHIFT TOWARDS NEW MONITORING METHODS 
Traditional chemical water quality assessment is based on the analysis of a list of a varying 
but limited number of priority substances. Nowadays, the use of many priority substances 
is restricted or banned, and concentrations of these legacy contaminants are decreasing.8 At 
the same time, industries have switched to a plethora of alternative compounds, which may 
enter the aquatic environment, where they can seriously impact water quality.9 Hence, priority 
substances lists will always be outdated, as the selected compounds are frequently no longer 
present, while many compounds with contemporary relevance to aquatic ecosystem health are 
not listed as priority substances. Consequently, a large portion of the toxic effects observed 
in surface waters cannot be attributed to measured compounds, and ecotoxicological risks to 
freshwater ecosystems are thus caused by changing mixtures of a myriad of (un)known and 
unregulated compounds.10–12 c

Concentrations of current surface water pollutants are typically low and variable, 
challenging analytical methods in characterizing the composition and risks of mixtures in space 
and time. Time-integrative sampling methods can help overcome the challenge of low and 
varying compound concentrations by allowing the in situ sequestration and preconcentration of 
compounds from the aquatic environment over extended timeframes.13 These time-integrative 
water samples can, in turn, be investigated with effect-based methods that employ living cells 
or organisms (bioanalyses or bioassays).14–16 The combination of time-integrative monitoring 
and bioassays allows the determination of potential ecotoxicological risks of a wide variety of 
pollutants, since bioassay responses are caused by all (un)known bioavailable compounds and 
their metabolites in a sample, regardless of their status as priority substances.17 Therefore, there 
is a need for monitoring strategies that employ a combination of time-integrative sampling 
methods and bioassays to identify ecotoxicological risks in surface waters.

PASSIVE SAMPLING
Conventional water sampling is performed by the instantaneous collection of an aliquot of 
water from the environment. Often, the water sample is then enriched by solid-phase extraction 
to improve the detection of compounds in subsequent analyses. However, such sampling only 
provides a discrete snapshot of compound concentrations in the field at the time of sampling. 
Alternatively, the sample enrichment can also be performed in situ, either by active sampling 
(using a pump) or by allowing the passive uptake of compounds from the water into a sampling 
device, which is hence known as passive sampling.13,18 In passive sampling, a sorbing phase is 
exposed to the surrounding medium (e.g., water, air, sediment, soil), accumulating compounds 
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over extended periods. This way, fluctuations in compound concentrations are integrated while 
the water sample is simultaneously concentrated, leading to improved detection of compounds 
in chemical analysis and of effects in bioassays.18,19 There are, however, certain pitfalls when 
combining passive sampling and bioassays.20 First, the composition of the mixture extracted 
from the passive samplers is not identical to the one that organisms are exposed to in the field. 
Second, since the compounds causing significant responses in the bioassays commonly remain 
unknown, it is not possible to derive exact concentrations of causative compounds in the water 
phase based on bioassay responses to passive sampler extracts.

A wide variety of passive sampling devices is available nowadays, which can be classified into 
two main groups according to the mass transfer regimes in which they operate.13 ‘Integrative 
passive samplers’ are designed for operation in the kinetic uptake regime, in which the uptake of 
compounds into the sampler proceeds (pseudo-)linearly with time. Contrastingly, ‘equilibrium 
passive samplers’ reach thermodynamic equilibrium with the surrounding medium. Both 
classes of samplers can provide time-weighted average concentrations of compounds present in 
the environment.13 In general, integrative samplers are more frequently applied for the detection 
of polar (hydrophilic) organic compounds and metals, while equilibrium samplers are 
usually applied for the detection of non-polar (hydrophobic) compounds.19 The selection of 
the appropriate passive samplers, or combinations of multiple sampler types, for the monitoring 
of the wide variety of present-day environmental pollutants, is, however, under debate and is 
an emerging field of research.13,18 Despite these ongoing debates, extracts from both classes 
of passive samplers are increasingly applied in combination with (batteries of) bioassays in 
the ecotoxicological risk assessment of surface waters.14,15

BIOASSAY BATTERIES
The assessment of chemical water quality based on responses in bioassays is commonly 
known as effect-based monitoring. The regular application of effect-based monitoring largely 
relies on the ease of use, endpoint specificity, costs and size of the used bioassays, as well as 
on the ability to interpret the observed responses. To ensure sensitivity to a wide range of 
potential chemical stressors and high ecological relevance, while still providing specific 
endpoint sensitivity, bioanalytical test batteries should ideally encompass endpoints that allow 
the detection of molecular initiating events, as well as adverse outcomes on whole organisms or 
even populations.14,21 To achieve this, a successful bioassay battery should include laboratory-
based whole-organism in vivo as well as mechanism-specific in vitro assays. Additionally, in situ 
whole organism assays can be included to represent highly realistic field exposure scenarios. 
Adverse effects in the whole-organism bioassays point to general toxic pressure and represent 
a high ecological relevance. The in vitro or small-scale in vivo assays with specific drivers of 
adverse effects allow for the focused identification and subsequent confirmation of (groups 
of) toxic compounds with specific modes of action. To curate a bioassay battery that meets 
the abovementioned criteria, bioassay selection can be based on the adverse outcome pathway 
(AOP) concept that describes the relationships between molecular initiating events and adverse 
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outcomes.22 Combining different types of bioassays ranging from whole organism tests to in vitro 
assays targeting specific modes of action can thus greatly aid in narrowing down the number 
of candidate compound(s) that cause the identified environmental risks.23 For example, if 
bioanalytical responses at a higher organizational level are observed (the orange and black 
pathways in Figure 1.2), responses in specific molecular pathways (blue, green, grey and red 
in Figure 1.2) can help to identify certain (groups of) compounds responsible for the observed 
effects. However, given the broad diversity of bioassays that is currently available, it is necessary 
to establish a limited yet effective suite of assays for application in water quality monitoring.24 
Whether or not a bioassay response is representative of an environmental protection goal should 
be corroborated by field-based studies that consider the ecological status at the investigated 
locations. Hence, empirical findings that demonstrate the suitability of bioassays for chemical 
water quality assessment are required to curate bioassay batteries that are fit-for-purpose while 
remaining feasible in terms of infrastructural demands and costs. Ultimately, the appropriate 
composition of bioassay batteries depends on the purpose of the study, the environmental 
matrix of interest, and the availability of (newly developed) bioassays and the ability to reliably 
interpret their responses.24,25 Sediments are a particularly underrepresented compartment 
in chemical water quality assessment strategies despite their relevance to aquatic ecosystem 
health,26,27 and the integration of effect-based sediment quality assessment methods is  
urgently needed.28,29

BIOASSAY EFFECT EXPRESSION
The effect of an environmental sample in a bioassay is quantified as toxic units (TU) for toxicity 
in in vivo assays and as bioanalytical equivalent (BEQ) concentrations for responses in in vitro 
bioassays. TU are determined with the relative enrichment factor (REF) of a sample needed to 
measure a significant effect in the bioassay. The BEQ concentrations represent the joint toxic 
potency of all (un)known chemicals present in the sample that have the same mode of action 
as the reference compound and act concentration-additively.17 The BEQ concentrations are 
expressed as the concentration of a reference compound that causes an effect equal to the entire 
mixture of compounds present in an environmental sample. Figure 1.3 depicts a typical dose-
response curve for a molecular in vitro assay that is indicative of the presence of compounds 
with a specific mode of action. A specific water sample induced an effect of 38% in this assay, 
equivalent to the effect of approximately 0.02 nM bioanalytical equivalents.

EFFECT-BASED TRIGGER VALUES
The combination of advanced sample enrichment techniques like passive sampling with 
increasingly sensitive bioassays allows the detection of effects even in environments with very 
low contaminant levels. This means that bioanalytical signals do not always indicate unacceptable 
contamination levels, and it is thus necessary to define thresholds that differentiate between 
acceptable and poor environmental quality. These thresholds are defined as effect-based trigger 
values (EBT) and are essential in the evaluation of the significance of the effects observed in 
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Figure 1.3. Dose response relationship for a reference compound in an in vitro bioassay. The dashed lines 

show that a specific water sample induced an effect of 38%, representing approximately 0.02 nM bioanalytical 

equivalents (BEQ).

Figure 1.2. Design of a bioassay panel (ovals) based on adverse outcome pathways (boxes), 

from toxicokinetics via molecular and cellular responses to population responses. Redrawn from  

Escher et al. (2018).30
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bioassay batteries.30 Similar to what environmental quality standards represent for single 
compounds, EBTs indicate predicted no-risk levels for mixtures of compounds that are present in 
environmental samples.31 Hence, the exceedance of an EBT indicates a potential ecotoxicological 
risk, and further investigations into the source and causative compounds of the observed 
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toxicity are recommended at locations where EBTs are exceeded.30 In line with bioassays, EBTs 
are expressed as TU or as BEQ concentrations of model compounds for the respective bioassay. 
Since most bioassays have different characteristics and correspond to different modes of action, 
the correlation of observed bioassay responses to EBTs offers a standardization that allows for 
the quantitative comparison between responses of bioassays in a battery. The derivation of 
EBTs is a novel field of research that has gained traction in recent years due to its relevance for 
the interpretation of bioassay responses in effect-based water quality assessment.21,30–32 Multiple 
partly overlapping philosophies on EBT derivation have arisen, two of which have recently 
experienced considerable application in water quality assessment. The approach by Van der 
Oost et al. (2017) 21 integrates all available effect concentrations for compounds in a bioassay 
to derive an EBT. Alternatively, Escher et al. (2018)30 established a common derivation method 
for EBTs based on environmental quality standards for regulated chemicals. Interestingly, 
when applied to the same bioassays, these approaches often yield similar EBTs, while for some 
bioassays they result in divergent EBTs. Despite ongoing debate on EBT derivation approaches, 
bioassay batteries are increasingly applied in the assessment of chemical surface water quality 
and the ranking of contaminated sites based thereon. 

RANKING OF CONTAMINATED SITES BASED ON EFFECT-BASED RISK 
ASSESSMENT
The ecotoxicity profiles resulting from bioassay battery responses to environmental samples 
allow for the calculation and ranking of cumulative ecotoxicological risks for the investigated 
locations.14,15 In the example given in Figure 1.4, a battery of 20 bioassays was subjected to 
passive sampler extracts (metals and non-polar and polar organic compounds) from six surface 
water locations. All bioassay responses were divided by the corresponding EBT to obtain effect-
based risk quotients. The cumulative ecotoxicological risk per location was then calculated by 
summing the separate effect-based risk quotients. The resulting cumulative ecotoxicological 
risk score allows the ranking of the selected sites based on the presence of ecotoxicological risks 
rather than on the presence of a limited number of target compounds. This, in turn, permits 
water authorities to invest money where it matters most: the identification of compounds 
causing adverse effects at locations with indicated ecotoxicological risks. Although initially 
the compounds causing the observed EBT exceedances will not be known, this can subsequently 
be elucidated with targeted or non-target chemical analysis.23 Hence, the use of bioanalytical 
tools does not absolve of the need for chemical analysis for environmental quality assessment. 
Rather, the advantages of bioanalysis illustrate the continued need for powerful chemical non-
target analysis for the identification of previously unknown contaminants that contribute to 
ecotoxicological risks in the aquatic environment.33,34

MOTIVATION
Over the past two decades, coincident with the dawn of the Chemocene, fundamental steps 
have been taken in the scientific underpinning of technological innovations for effect-
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Figure 1.4. Heat map depicting the effect-based risk quotients (bioassay response/effect-based trigger 

value) of 20 bioassays to passive sampler extracts from six surface water locations (A-F). Effect-based 

risk quotients ≥ 1 indicate potential ecotoxicological risks, and the Σ effect-based risk quotients indicate 

the cumulative ecotoxicological risks at the investigated locations.

 

A B C D E F
bact. bioluminescence 0.1 0.1 0.0 0.1 0.1 0.0
Daphnia 0.0 0.0 0.0 0.0 0.2 0.1
PAM 0.0 0.0 0.0 0.0 0.0 0.0
bact. bioluminescence 0.1 0.1 0.1 0.1 2.0 1.0
Daphnia 0.0 0.0 0.0 0.0 0.0 1.5
PAM 0.0 0.0 0.0 0.0 0.0 0.9
bact. bioluminescence 0.2 0.3 0.5 0.7 3.1 0.7
Daphnia 0.0 0.0 0.0 0.0 0.0 0.0
PAM 0.0 0.0 0.0 0.0 0.0 0.0
cytotox 0.0 0.0 0.0 0.0 0.0 0.0
DR 0.0 0.0 0.0 0.0 0.0 0.0
PAH 0.1 0.1 0.5 0.4 1.0 0.6
PPARγ 0.0 0.0 0.0 0.0 0.0 0.0
PXR 1.4 0.7 0.9 2.4 3.7 2.9
Nrf2 0.4 0.2 0.4 0.5 0.5 0.9
p53 0.1 0.3 0.1 0.2 0.7 0.5
cytotox 0.2 0.4 0.6 0.5 0.1 0.1
ERα 0.1 0.5 1.4 1.9 9.2 13.7
anti -AR 1.2 3.0 3.2 3.8 1.8 0.7
anti -PR 0.5 1.1 3.5 3.0 0.5 0.9

4.3 6.7 11.3 13.5 22.8 24.4

in vitro

non-polar

polar

Σ effect-based risk quotient

bioassay

in vivo

non-polar

polar

metals

based water quality assessment approaches and the interpretation of the obtained results. 
Due to their advantages, there has been increasing interest in the implementation of effect-
based methods in regulatory water quality assessment frameworks, like the European Water 
Framework Directive.35 Nonetheless, their regular implementation is still in its infancy, and 
scientific knowledge gaps exist that need to be addressed to unleash the full potential of effect-
based methods in chemical water quality assessment, which motivated the present project. 
High priorities for the scientific advancement of effect-based methods include the i) effective 
sampling and extraction of all bioavailable potentially toxic compounds, ii) representative 
dosing of water extracts to bioassays, iii) appropriate composition of bioassay batteries, 
iv) translation of bioassay responses to environmental risks, v) inclusion of the sediment 
compartment, and vi) identification of bioassay battery response profiles characteristic of specific  
contamination sources.

AIM AND OBJECTIVES
The present research aimed to fuel the paradigm shift towards new chemical aquatic 
environmental quality monitoring methods by providing a scientific basis for the advancement 
of effect-based water quality assessment. This aim was translated into the following objectives:
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1.	 To gain insight into the state-of-science of effect-based surface water quality assessment 

and its potential for implementation into regular chemical water quality monitoring.
2.	 To determine the influence of passive sampler design on bioassay battery responses and 

to develop a passive sampling strategy that ensures the monitoring of a wide range of 
potentially toxic compounds.

3.	 To replace non-responsive bioassays in existing batteries with relevant and sensitive 
high-throughput alternatives.

4.	 To develop an effect-based approach that allows the incorporation of chemical sediment 
quality assessment into water quality monitoring. 

5.	 To curate a selection of bioassays that together cover those endpoints that are relevant to 
and representative of aquatic ecosystem health.

THESIS OUTLINE
To gain insight into the state-of-science of effect-based surface water quality assessment and 
its potential for implementation into regular water quality monitoring, the aim of chapter 2 
was to perform an effect-based nationwide water quality assessment to identify ecotoxicological 
risks in a wide variety of surface waters. To this end, passive sampling of polar and non-polar 
organic compounds was combined with a battery of in situ, in vivo and in vitro bioassays for 
45 surface water locations. The applied bioassay battery was selected such that it could identify 
the risks posed by a wide range of chemical pollutants and their transformation products, while 
simultaneously allowing for targeted identification of groups of compounds that cause specific 
effects. Bioassay responses were compared to effect-based trigger values to identify potential 
ecotoxicological risks at the investigated locations. Based on the results, considerations 
regarding future improvements of effect-based monitoring were given, which were addressed 
in the chapters 3-6.

The design of integrative passive samplers can affect the accumulation of compounds and 
therewith the bioassay responses. Chapter 3 aimed to determine the effects of sampler housing 
and sorbent type on bioassay responses to polar passive sampler extracts. To this end, four 
integrative passive sampler configurations, resulting from the combination of two housings 
with two sorbents, were simultaneously exposed at reference and contaminated surface water 
locations. To measure the toxicity of the accumulated polar organic compounds, a battery of five 
bioassays was exposed to the extracts.

Since algal photosynthesis is a sensitive process that can be applied to identify the presence 
of hazardous herbicides in surface water, the aim of chapter 4 was to employ an algal 
photosynthesis bioassay to assess surface water toxicity to algae and to identify the compounds 
causing the observed effects. To this end, Raphidocelis subcapitata was exposed to surface water 
grab samples and after 4.5 h photosynthetic efficiency was determined using PAM fluorometry. 

Sediment quality assessment methods that consider the risks caused by the combined action 
of all sediment-associated contaminants to benthic biota are still underrepresented in water 
quality assessment strategies. Chapter 5 aimed to integrate effect-monitoring and chemical 
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profiling of sediment contamination. To this end, 28-day life cycle bioassays with Chironomus 
riparius using intact whole sediment cores from contaminated sites were performed in tandem 
with explorative chemical profiling of bioavailable concentrations of groups of legacy and 
emerging sediment contaminants to investigate ecotoxicological risks to benthic biota.

It was hypothesized that the refined insights and methodological improvements obtained 
in the previous chapters would contribute to an improved strategy for the assessment of 
the aggregated risk of all bioavailable micropollutants present in the aquatic environment. 
Chapter 6 aimed to advance effect-based water quality assessment by implementing 
the developed methodological improvements and to gain insight into contamination source-
specific bioanalytical responses. To this end, passive sampling of non-polar and polar organic 
compounds and metals was applied at 14 surface water locations that were characterized 
by two major anthropogenic contamination sources, agriculture and WWTP effluent, 
as well as reference sites with an expected low impact from micropollutants. A revised 
battery of 20 in vivo and in vitro bioassays was exposed to the passive sampler extracts, and 
the bioanalytical responses were compared to effect-based trigger values to identify potential  
ecotoxicological risks. 

Finally, in the synthesis (chapter 7), the current state of knowledge on effect-based methods 
is discussed, and the findings obtained in this thesis are placed into a wider scientific and 
societal perspective.





C H A P T E R 2EFFECT-BASED NATIONWIDE SURFACE  
WATER QUALITY ASSESSMENT TO  

IDENTIFY ECOTOXICOLOGICAL RISKS

Published in: Water Research (2019), 159: 434-443
ML de Baat, MHS Kraak, R van der Oost, P de Voogt, PFM Verdonschot
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ABSTRACT
A large portion of the toxic effects observed in surface waters cannot be attributed to compounds 
regularly measured by water authorities. Hence, there is an urgent need for an effect-based 
monitoring strategy that employs bioassays to identify environmental risks. The aim of 
the present study was to perform an effect-based nationwide water quality assessment to 
identify ecotoxicological risks in a wide variety of surface waters. At 45 locations silicone 
rubbers and polar organic chemical integrative samplers were exposed to surface water for 6 
weeks. Alongside the passive samplers an in-situ daphnid test was performed. Subsequent to 
field exposure, accumulated compounds were extracted from the passive samplers after which 
a battery of in vivo and in vitro bioassays was exposed to the extracts. The bioassay battery 
was selected such that it could identify the risks posed by a wide range of chemical pollutants 
and their transformation products, while simultaneously allowing for targeted identification of 
groups of compounds that cause specific effects. Bioassay responses were compared to effect-
based trigger values to identify potential ecotoxicological risks at the investigated locations. 
Responses were observed in all bioassays, and trigger values were exceeded in 9 out of the 21 
applied assays, allowing for ranking of the investigated locations based on ecotoxicological risks. 
No relationship between land use and the identification of ecotoxicological risks was observed. 
Based on the results, considerations regarding future improvements of effect-based monitoring 
are given. It is concluded that effect-based water quality assessment allowed prioritization of 
sites based on ecotoxicological risks, identified the presence of hazardous compounds regardless 
of being listed as priority substances, and meanwhile could prevent costly chemical analysis at 
sites with low ecotoxicological risks.
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INTRODUCTION
According to the European Union (EU) Water Framework Directive (WFD),36 chemical 
water quality is determined by monitoring surface waters for the presence of 45 (groups of) 
priority substances. However, the use of many of these compounds is restricted or banned 
and, as a result, concentrations of priority substances in European waters are decreasing.37,38 
Simultaneously, industries have switched to a plethora of alternative compounds, which may 
enter the aquatic environment. Hence, the priority substances list is outdated, as the selected 
compounds are frequently absent nowadays, while the compounds present are not listed as 
priority substances.39–41 Consequently, when toxic effects are observed in surface waters, these 
can often not be attributed to compounds measured by water authorities.37,42 Risks of pollutants 
to freshwater ecosystems are thus caused by mixtures of a myriad of (un)known, unregulated 
and unmonitored compounds.43 Understanding of these risks requires a paradigm shift, that 
allows for new holistic monitoring methods that do not solely depend on chemical analysis 
of priority substances, but contrastingly consider biological effects first.14,15,21,44 Therefore, 
there is a need for an effect-based monitoring strategy that employs bioassays to identify  
environmental risk.35,45

Bioassay responses to surface water samples are caused by the combined action of mixtures 
of all bioavailable (un)known compounds and their metabolites present, thereby overcoming 
the limitations posed by chemical analysis of a limited number of target compounds.42,45 Indeed, 
the applicability and reproducibility of a battery of bioassays to identify ecotoxicity in regular 
water quality monitoring has been shown in recent years.11,14,15,44,46–48 The ecotoxicity profiles of 
the surface water samples that are generated by such a bioassay battery allow for calculation and 
ranking of a cumulative ecotoxicological risk for the selected locations. Subsequently, at locations 
where risks are identified, it becomes relevant to investigate the drivers of the observed effects. 
The aim of the present study was therefore to identify ecotoxicological risks in an effect-based 
nationwide water quality assessment in a wide variety of surface waters in The Netherlands.

The success of effect-monitoring relies largely on the ease of use, endpoint specificity and 
scale of the used bioassays, as well as on the ability to interpret the measured responses. To 
ensure sensitivity to a wide range of potential stressors, while still providing specific endpoint 
sensitivity, the present study employed a previously successfully implemented bioassay battery 
including in situ whole organism assays as well as laboratory based whole organism in vivo 
and mechanism specific in vitro assays.14 Adverse effects in the whole organism assays point to 
general toxic pressure and represent a high ecological relevance. In vitro or small-scale in vivo 
assays that target highly specific molecular initiating events allow for focused identification 
and subsequent confirmation of (groups of) toxic compounds.23,25,30 The identification of 
ecotoxicological risks from bioassay battery responses follows from the comparison of 
bioanalytical signals to previously determined thresholds, defined as effect-based trigger values 
(EBT), that differentiate between acceptable and poor water quality.31 Recently van der Oost et 
al. (2017)21 and Escher et al. (2018)30 derived EBTs for a variety of bioassays commonly applied 
in surface water quality assessment.
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An additional limitation of the present chemical water quality assessment is that grab 
sampling is commonly used for surface water sample collection. Yet, concentrations of 
compounds typically vary over time and therefore grab sampling only provides a snapshot 
of the chemical make-up of a water body.49 Passive sampling can overcome these limitations 
by exposing a sorbent to the target environment for several weeks to months, accumulating 
compounds from the water over time.19 In this way, passive sampling integrates fluctuations 
in compound concentrations in time, and simultaneously enriches surface water samples to 
an extent that (bio)analytical detection limits become very low. Current limitations of passive 
sampling in water quality assessment are the compound selectivity of the receiving phase 
and the challenge of precisely determining the sampled volume of water.13 Nonetheless, 
the advantages of passive sampling compared to grab sampling outweigh its disadvantages, and 
passive sampling is increasingly applied as a valuable tool in the monitoring of environmental 
contaminants. Hence, the combination of passive sampling and effect-monitoring allows for 
time-integrated and reliable surface water quality assessment, that considers effects of all 
sampled (un)known compounds, regardless of priority lists.

In the present study, silicone rubber (SR) and polar organic chemical integrative sampler 
(POCIS) passive samplers were applied at 45 surface water locations. Alongside the passive 
samplers an in-situ daphnid test was performed. Subsequent to field exposure, accumulated 
compounds were extracted from the passive samplers after which a battery of in vivo and in 
vitro bioassays was exposed to the extracts. Bioassay responses were compared to effect-based 
trigger values to identify potential ecotoxicological risks at the investigated locations. Finally, 
responses were related to surrounding land use, water body morphology and WFD ecological 
water quality assessment scores.

MATERIAL & METHODS

Sampling sites

Sampling sites were selected in collaboration with 12 Dutch waterboards and the Dutch national 
water authority. Sites were classified based on the major surrounding land use or potential 
source of pollution. When classification of a location was not possible due to the diffuse or 
variable nature of contamination, it was assigned to the category “complex”. This resulted in 
the classification of 45 surface water locations into six categories (Figure S1): reference (n = 5), 
urban (n = 7), wastewater treatment plant effluent impacted (WWTP; n = 7), horticulture 
(n = 7), mixed agriculture (agri mix; n = 7) and complex (n = 12).

Deployment, extraction and estimating sampled volumes of passive samplers

Passive sampling devices

Silicone rubber (SR) sheets, with a weight of 20 g per set of six sheets, spiked with performance 
reference compounds (PRCs), were obtained from Deltares (Utrecht, The Netherlands) and 
applied for the sampling of nonpolar compounds.



23

EFFEC
T-B

A
SED

 N
A

T
IO

N
W

ID
E SU

R
FA

C
E W

A
T

ER
 Q

U
A

LIT
Y

 A
SSE

SSM
EN

T

2

POCIS, containing 0.22 g Oasis HLB sorbent, were obtained from Exposmeter (Tavelsjö, 
Sweden) and applied for the sampling of compounds in the more polar range. No sampler pre-
treatment was required, and the samplers were transported to the study sites in their original 
airtight packaging.

Field deployment of passive samplers

SR sheets and POCIS were deployed simultaneously at each sampling location in cages to attach 
and protect the passive samplers during the exposure period. Cages were secured to the bottom 
or to the embankment to avoid loss of samplers and to ensure permanent inundation. Per 
location, six SR sheets and four POCIS were exposed for a period of six wk. After exposure, 
the samplers were transported to the laboratory and stored at −20 °C until extraction.

Extraction of silicone rubber

SR sheets were cut into small pieces and put in precleaned thimbles of a Tecator Soxtec Avanti 
2050 extraction system. Extractions were performed in 80 mL of a MeOH:acetonitrile (1:2 v/v) 
mixture with boiling stones. The extraction program was as follows: 120 min boiling at 180 °C, 
30 min rinsing, 5 min recovery, and 1 min drying. Cooled extracts were filtered over glass fiber 
filters and collected in 250 mL glass bottles. Extraction jars were rinsed twice with 10 mL of 
extraction mixture. Extracts were evaporated by TurboVap II Zymark at 45 °C to approximately 
5 mL, transferred quantitatively (rinsed twice with 5 mL extraction mixture) to 15 mL conical 
tubes, evaporated under nitrogen, and finally the end volumes were filled up to exactly 10 mL 
with extraction mixture.

Extraction of POCIS

To enable elution, the sorbent between the POCIS membranes was transferred quantitatively 
into an empty solid phase extraction (SPE) column with a polyethylene frit. Columns were dried 
under vacuum extraction, followed by centrifugation (2000 rpm, 15 min) under nitrogen flow. 
Dry SPE columns were eluted three times with 3 mL of acetone, with 5 min equilibration time 
between elutions. Eluates were collected in 10 mL conical tubes, and the end volumes were filled 
up to exactly 10 mL with acetone.

Estimation of sampled water volumes

Silicone rubber

SR sheets were spiked with PRCs with a wide hydrophobicity range (biphenyl D10 and 
polychlorinated biphenyl (PCB) congeners 1, 2, 3, 10, 14, 21, 30, 50, 55, 78, 104, 145, and 
204) that do not occur in Dutch surface waters. For PRC chemical analysis, SR extracts 
were transferred to petroleum ether by adding 2 mL extract to 40 mL petroleum ether and 
concentrated with Kuderna Danish at 80 °C. The petroleum ether extract was cleaned up with 
aluminium oxide and silica gel column chromatography. The cleaned extract was evaporated 
to exactly 2 mL and analysed with an Agilent 7890 Triple Quadrupole gas chromatography 
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mass spectrometer (GC-MS/MS) equipped with Edwards pump. Quantification was performed 
using an external calibration series of 6 concentrations. The rate of PRC dissipation was used 
to calculate the exchange rates (RS values, in L/day) of the samplers.50 Subsequently, 50% of this 
calculated RS was used as a provisional estimation of the average extracted water volume per 
day as described by van der Oost et al. (2017).14

POCIS

While standardized protocols for the determination of sampled volume of passive samplers have 
been described for nonpolar samplers, no such consensus has yet been reached for polar passive 
samplers.51 This is partly due to the different nature of polar and nonpolar passive samplers, 
and the processes that hence dictate the uptake of polar compounds in passive samplers.52 
Sampling rates for polar compound uptake in POCIS in stagnant to near stagnant water have 
been reported in the range from 0.001 to 2.46 L/day, with an average sampling rate of 0.18 L/
day.52 Hence, to compare bioassay effects between sites, in the present study the same estimated 
average sampled volume of 0.18 L/day was applied to determine the concentration factor of all 
field deployed POCIS.

Bioassay battery

Whole organism bioassays and antibiotics WaterSCAN assays were performed at the Waterproef 
Laboratory (Edam, The Netherlands). In vitro CALUX assays were performed at the BioDetection 
Systems laboratories (Amsterdam, The Netherlands). Passive sampling extracts were converted 
to other solvents before exposure in the bioassays. More information on bioassay analytical 
details and solvent transfer is given in the supplementary information (pages S2-5). An overview 
of the employed bioassays, their endpoints, and their respective units of effect expression and 
EBTs is given in Table 2.1.

Daphnia in situ exposure

Daphnids were exposed to the surface water at 33 of the 45 study sites in glass jars. Field exposure 
was carried out during the first or second week of the passive sampler deployment. The survival 
of the in situ exposed daphnids was recorded after 1 wk of exposure. An observed mortality of 
20% was used as trigger value for potential ecological effects.21

Whole organism bioassays

For the whole organism bioassays, SR passive sampler extracts were subjected to three bioassays. 
As these whole organism bioassays have no specific target compound group, toxicity is expressed 
as toxic units (TU), rather than reference compound equivalents. Herein, one TU represents 
the dilution at which the extract causes 50% effect for the respective endpoint of the test (EC50).

Daphnia 48 h immobilization

The Daphnia 48 h immobilization assay was performed according to the Organisation for 
Economic Co-operation and Development (OECD) standard 202,53 with reduced test volumes. 
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EC50 values (volume percentage) were determined by nonlinear regression analysis with a log-
logistic model by the statistical program SPSS (IBM Analytics). Bioassays were considered valid 
if >90% of the daphnids in the negative controls were mobile at the end of the test.

Algatox

The inhibition of algal growth was determined according to OECD standard 201,54 with reduced 
test volumes, based on Peterson et al. (2005).55 After 72 h, exponential algal growth curves were 
determined to assess the percentage of growth inhibition compared to controls. Algal growth 
rate in the controls was required to reach 0.92/d, according to the OECD standard. The EC50 
values were calculated using sigmoidal dose–response curves with variable slopes.

Table 2.1. Bioassay battery applied to assess toxicity at 45 surface water locations in The Netherlands. Effect-based 

trigger values (EBT) were previously defined by Escher et al. (2018)30 (PAH, anti-AR and ER CALUX) and Van der 

Oost et al.(2017).21

Bioassay Endpoint

Reference  

compound EBT Unit

in situ Daphnia in situ Mortality n/a 20 % mortality

in vivo 

non-polar

Daphniatox Mortality n/a 0.05 TU

Algatox Algal growth inhibition n/a 0.05 TU

Microtox Luminescence inhibition n/a 0.05 TU

in vitro CALUX 

non-polar

cytotox nonpolar Cytotoxicity n/a 0.05 TU

DR Dioxin (-like) activity 2,3,7,8-TCDD 50 pg TEQ/L

PAH PAH activity benzo(a)pyrene 6.21 ng BEQ/L

PPARγ Lipid metabolism inhibition rosiglitazone 10 ng REQ/L

Nrf2 Oxidative stress curcumin 10 µg CEQ/L

PXR Toxic compound metabolism nicardipine 3 µg NEQ/L

p53 -S9 Genotoxicity actinomycin D 0.005 ng AEQ/L

p53 +S9 Genotoxicity (after metabolism) actinomycin D 0.005 µg CEQ/L

in vitro CALUX 

polar

cytotox polar Cytotoxicity n/a 0.05 TU

ER Estrogenic activity 17β-estradiol 0.1 ng EEQ/L

anti-AR Antiandrogenic activity flutamide 14.4 µg FEQ/L

GR Glucocorticoid activity dexamethasone 100 ng DEQ/L

in vitro 

antibiotics 

polar

T Bacterial growth inhibition 

(Tetracyclines)

oxytetracycline 250 ng OEQ/L

Q Bacterial growth inhibition 

(Quinolones)

flumequine 100 ng FEQ/L

B+M Bacterial growth inhibition 

(β-lactams and Macrolides)

penicillin G 50 ng PEQ/L

S Bacterial growth inhibition 

(Sulfonamides)

sulfamethoxazole 100 ng SEQ/L

A Bacterial growth inhibition 

(Aminoglycosides)

neomycin 500 ng NEQ/L
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Microtox

The Microtox® test was performed by exposing the bioluminescent marine bacterium Aliivibrio 
fischeri to a dilution range of the passive sampler extracts. Toxicity was determined by quantifying 
inhibition of the luminescence produced by A. fischeri exposed to the extracts after 5, 15, and 
30 min of exposure. Microtox Omni software (version 1.18) was used for determination of 
the TU values.

CALUX assays

Passive sampler extracts were analysed by a panel of in vitro CALUX® bioassays. Specific CALUX 
assays were performed on either polar or non-polar extracts, as suggested by van der Oost et 
al. (2017)14 SR extracts were subjected to DR, PAH, PPARγ, Nrf2, PXR and p53 (with and 
without S9 metabolism) assays and POCIS extracts were subjected to ERα, anti-AR and GR 
assays, according to previously described protocols.56–59 The DR CALUX assay was performed 
without a sulfuric acid clean up step to eliminate PAHs and isolate the dioxins and dioxin-
like polychlorinated biphenyls. To rule out confounding influences, cells were also monitored 
for cytotoxicity, which resulted in additional data for cytotoxicity caused by both polar and 
non-polar passive sampler extracts. The effects of the extracts were expressed as bioanalytical 
equivalents (BEQs) of the reference compounds (Table 1).

Antibiotics activity assay

Activities of 5 classes of antibiotics in the POCIS extracts were determined with the WaterSCAN 
assay, obtained from RIKILT (Wageningen, The Netherlands). The test system comprised 5 plates 
(details outlined in Pikkemaat et al. [2008]60): tetracyclines (T), quinolones (Q), β-lactams and 
macrolides (B + M), sulphonamides (S), and aminoglycosides (A). After incubation of the test 
plates, antibiotic activities were estimated and expressed as BEQ concentrations of the reference 
compounds (Table 1).

Data analysis

Bioassay effects were expressed as BEQ/L by using the estimated sampled water volumes of 
the respective passive samplers to determine the concentration factor of the used extracts. 
Subsequently, bioassay effects were compared to previously defined EBTs. EBTs from Escher 
et al. (2018)30 were utilized when available, and when the used reference compounds matched 
those applied in the current study. This was the case for the PAH, anti-AR and ER CALUX 
assays. For all other applied bioassays, EBTs from van der Oost et al. (2017)21 were used  
(Table 1).

Average numbers of EBT exceedances per land use category were tested for equality 
of variances using a F-test, and subsequently differences between land use were tested for 
significance using a Two-sample T-test assuming equal variances (α = 0.05). Statistical analyses 
were performed in Excel for Mac version 16 (Microsoft).

Multivariate analysis was applied to gain insight in the relationship between the surrounding 
land use, water type and ecological water quality and the bioanalytical responses. Only the tests 
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that showed a response above the respective EBT were included. The total bioanalytical dataset 
consisted of 9 responding bioassays and 45 locations. Alongside this response matrix, two 
location variables were included in the multivariate analysis: A measure of ecological quality, 
expressed as WFD ecological quality assessment scores for macrofauna (EQR mafa), obtained 
from the Dutch waterboards, and the water type of the locations, expressed as ditch, pond or 
lake for lentic waters, and stream, channel or river for lotic waters. Missing values in the dataset 
were substituted with the average response value for each bioassay, to minimise their effect 
on multivariate analysis outcome. Bioassay responses were transformed to a logarithmic scale 
and the resulting dataset was ordinated by redundancy analyses (RDA) in CANOCO 4.2 
for Windows.61,62 The data analyses are fully described by Verdonschot and Ter Braak.63 An 
unrestricted permutation test was used to test the validity of the total ordination as described by 
Ter Braak62 and Verdonschot and Ter Braak.63

RESULTS
Bioassay battery responses to passive sampler extracts

Passive samplers for polar and non-polar compounds were successfully exposed at 45 surface 
water locations. During extraction, POCIS extracts were lost for three sampling locations, 
resulting in an incomplete dataset for these locations. Therefore, these locations were excluded 
from the comparison of EBT exceedances per location. All bioassays met their respective validity 
criteria. Responses were observed in all 21 bioassays, but for each bioassay there were clear 
differences in the strength of the responses between the locations. A representative example 
of the 21 bioassays is given in Figure 2.1, which depicts the estrogen receptor (ER) CALUX 
responses to the POCIS extracts. ER responses were observed at all but one location, with only 
a non-detect at one of the reference locations. The intensity of the response was highly variable 
for the different locations per land use, with the highest response at one of the urban locations. On 
average, the highest responses were observed at urban (0.40 ng EEQ/L), complex (0.38 EEQ/L) 
and WWTP (0.36 EEQ/L) locations, while the lowest responses were observed at the reference 
locations (0.13 EEQ/L). This is also reflected by the percentage of EBT exceedances per land 
use category, where EBT exceedance for the ER CALUX assay was observed at the majority 
of urban (71%), complex (89%) and WWTP (86%) locations, while the EBT was exceeded at 
40% of the reference locations. Responses in the other 20 bioassays are listed in Table S1. This 
information was subsequently used to calculate the number of EBT exceedances per location.

Effect-based trigger value exceedances per location

All locations caused the exceedance of at least one EBT in the bioassay battery. The sum of EBT 
exceedances per location and the resulting average number of EBT exceedances per land use 
category are depicted in Figure 2.2. The variation between locations within a land use category 
was largest for horticultural locations, while urban locations showed the most consistent number 
of responses above the EBT per location. The lowest average number of EBT exceedances was 
observed at reference locations (2), and the highest number of EBT exceedances were observed 
at urban (3), WWTP (3.9), complex (3.4) and horticulture (3.4) locations, including one location 
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Figure 2.1. Estrogen receptor chemically activated luciferase expression (ER CALUX) assay responses 

to POCIS passive sampler extracts from 42 surface water locations with different surrounding land uses 

expressed as 17β-estradiol equivalents (ng EEQ/L). The red line indicates the effect-based trigger value 

(0.1 ng EEQ/L). WWTP = wastewater treatment plant and agri mix = mixed agriculture, n.d. = no detected  

bioanalytical response.

Figure 2.2. Number of effect-based trigger value (EBT) exceedances per location (light bars) and average 

number of exceedances per land use category (dark bars, ±SE) of a panel of 21 bioassays at 42 surface 

water locations grouped by surrounding land use. WWTP = wastewater treatment plant and agri mix = mixed 

agriculture. Statistical differences between land use averages are indicated with letters (Two-sample Ttest 

assuming equal variances, α = 0.05).

with seven EBT exceedances in the latter. However, only at WWTP locations the average 
number of EBT exceedances was significantly higher than at the reference (p < 0.01) and mixed 
agriculture (p < 0.05) locations. The sum of EBT exceedances per site allowed for the ranking of 
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sites based on ecotoxicological risk, where the sites with the highest number of EBT exceedances 
are assumed to be at the highest risk of surface water pollution (Table S1). EBT exceedances 
were observed for 9 out of the 21 applied bioassays: For the in situ Daphnia test and for 8 in vitro 
CALUX assays performed with both non-polar and polar extracts.

Ecotoxicological risk identification

Next, a heat map was constructed that visualizes the percentage of the investigated locations with 
EBT exceedance per land use category (Figure 2.3). Interestingly, the EBT for the PAH CALUX 
assay was exceeded at all the investigated locations, and hence this assay did not allow for 
differentiation in ecotoxicological effect identification between locations or land uses. Reference 
locations showed the lowest percentage of EBT exceedances, however ecotoxicological risk 
was not completely absent, with responses in PAH, Nrf2, PXR and ER CALUX tests. At urban 
locations, ecotoxicological risks were driven most strongly by PXR, ER and anti-AR activity. At 
WWTP locations, the most profound contribution to ecotoxicological risks was caused by PXR 
and ER activity. A less frequent, but nonetheless substantial contribution to ecotoxicological 
risks was observed for Nrf2 and anti-AR activity. Similarly, for horticultural locations, 
ecotoxicological risks were most frequently caused by PXR and ER, with a contribution of ER 
and anti-AR activity. However, risk indication was also frequently observed in the Daphnia 
in situ test, and polar extracts from horticultural locations were the only samples to cause 
cytotoxicity above the EBT. For mixed agricultural locations, risks were most frequently caused 
by ER activity, with less frequent contributions of PXR and anti-AR. Notably, mixed agricultural 
locations were the only ones to cause EBT exceeding PPARγ activity. Complex locations also 
showed EBT exceedances most frequently for PXR and ER, with less frequent exceedances for 
anti-AR activity and the Daphnia in situ test. DR activity above the EBT was observed only at 
WWTP and complex locations.

Figure 2.3. Heat map depicting responses in the 9 bioassays that gave a signal above the EBT for 45 surface 

water locations with different surrounding land uses. Colours indicate the percentage of the investigated 

locations with EBT exceedance per land use category: green = 0%, yellow = 0–25%, light orange = 25–50%, dark 

orange = 50–75% and red = 75–100% of locations. Deviating number of samples per land use for Daphnia in situ: 

reference = 4, urban = 5, WWTP = 6, horticulture = 2, agri mix = 6 and complex = 10. For complex land use, n = 9 

for polar CALUX assays.
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Response frequency per bioassay

Responses of all bioassays were summarized to gain insight into which assays responded 
most frequently to the passive sampler extracts and were hence the main determinants of 
the detection of ecotoxicological risks (Figure 2.4). Bioassay signals were categorized as no 
response, or a response below or above the EBT of that test. The frequency of effect detection 
in the bioassays ranged from largely no response (96% of locations) for the Algatox assay, to 
responses above the EBT at all locations for the PAH CALUX assay. The PAH, PXR, Nrf2 and 
DR CALUX assays showed a response at all locations, however with a varying frequency of 
responses above the EBT, with the most striking result for the PAH CALUX assay, for which 
the EBT was exceeded at all the investigated locations. Nine out of the battery of 21 bioassays 
showed responses above the EBT (Figures 2.3 and 2.4). The other 12 assays gave no response 
above their EBT. Out of these, nine showed no bioanalytical response at all at more than 50% of 
the investigated locations. These were the GR CALUX and the five antibiotics assays which were 
exposed to the polar passive sampler extracts, and the whole organism Daphniatox and Algatox 
and the in vitro p53 CALUX assay with S9 metabolism exposed to the non-polar extracts.

Figure 2.4. Frequency of responses of a panel of 21 bioassays to passive sampler extracts from 45 surface 

water locations. Colours indicate the bioassay responses and EBT exceedances at the percentage of study 

locations. The dashed line indicates the division between bioassays with and without EBT exceedance in 

the present study.

Multivariate analysis

The ordination result of the RDA with land use as explaining variable is presented as a correlation 
biplot of bioassay responses, land use, and environmental quality scores (Figure S1). The RDA 
revealed no significant variables in the dataset. Hence, land use, water type and the ecological 
quality score did not explain the variation observed in the bioassay battery responses.
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DISCUSSION
Effect-based identification of ecotoxicological risks

In the present study, an effect-based nationwide water quality assessment to identify 
ecotoxicological risks was performed. Effects were observed in all bioassays, and EBT 
exceedances were observed for 9 out of the 21 bioassays. The sum of EBT exceedances per site 
allowed for the ranking of sites based on ecotoxicological risk, rather than on the presence of 
a limited number of target compounds,15 which can be considered as a proof of principle of 
effect-based water quality assessment. Subsequently, at locations where risks were identified, it 
becomes relevant to investigate the drivers of the observed effects.

The bioassays that showed responses above EBTs in the present study, and hence allowed 
the identification of ecotoxicological risks, were the DR, PAH, PPARγ, Nrf2 and PXR CALUX 
assays for non-polar extracts, the ER, anti-AR and cytotoxicity CALUX assays for polar 
extracts, and the in situ Daphnia assay. This is partly in line with previous findings by Escher 
et al. (2014)24 and van der Oost et al. (2017),14 that identified high responses of in vitro assays 
for, amongst others, PAH, Nrf2, PXR and ER and anti-AR activity in surface water. Following 
from the observed CALUX responses, in the present study, risks were caused by both polar and 
non-polar organic extracts. Several of these tests indicated risks at the majority of the studied 
locations. Most notably the PAH CALUX, which indicated ecotoxicological risks of polycyclic 
aromatic hydrocarbons (PAH) at all sites. This can in part be explained by the atmospheric 
origin of PAH loading to aquatic systems, causing the presence of PAHs even at locations with 
very limited anthropogenic pollution.64 Interestingly, however, this was not the case for dioxins, 
which also partly find their way to the aquatic environment through atmospheric deposition.65 
In the present study, risk of dioxins was only observed for WWTP and complex locations, and 
infrequently at both. As for both groups of compounds the ultimate environmental sink is 
the sediment, which was not examined in the present study, this difference may be explained 
by the current emissions, which, in Europe, are more strongly regulated for dioxins and more 
common for PAHs.64,65

The PAH and DR CALUX assays both target aryl hydrocarbon receptor binding, yet after 
different exposure times (4 vs. 24 h respectively), which affects the in vitro metabolization of 
PAHs.66 Since in the present study, water extracts subjected to the DR CALUX assay were not 
treated with a sulfuric acid clean up step to eliminate PAHs and isolate the dioxins and dioxin-
like polychlorinated biphenyls, responses in the DR CALUX assay may be caused by stable 
PAHs that were not metabolized during the 24 h exposure. Thus, had the extracts been cleaned 
up with sulfuric acid, the three samples that showed EBT exceedance in the DR assay may well 
have lost their activity due to destruction of stable PAHs. This strengthens the observation that 
ecotoxicological risks in the investigated surface waters are much more common for PAHs than 
for dioxins.

Besides the ubiquity of PAHs in surface waters, the detection of ecotoxicological risk also 
depends on the EBT value used for this specific test. In the case of the PAH CALUX assay, this 
EBT value was obtained from the study by Escher et al. (2018),30 in which EBTs were derived 
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by read across from existing EU WFD environmental quality standards (EQS). This resulted 
in an EBT value of 6.21 ng benzo(a)pyrene equivalents (BEQ) per litre, which is substantially 
lower than the EBT of 150 ng BEQ/L derived by van der Oost et al. (2017).21 Had we applied 
the latter, the resulting detection of ecotoxicological risk caused by toxic PAH concentrations 
in surface water would have been markedly less dramatic, and would have resulted in an EBT 
exceedance at only a single location. However, the study by Escher et al. (2018)30 based their 
EBT on existing EQS values, about which a European wide consensus exists, and which reliably 
indicates ecotoxicological risks to aquatic communities. Hence, the dramatic EBT exceedance 
observed here may identify a serious risk posed by PAHs in the majority of waterbodies, even 
at locations with very few other anthropogenic pollution sources. Nonetheless, the profound 
influence of the value of the EBT for each bioassay on the detection of ecotoxicological risks 
should not be underestimated. This underlines the need for a standard procedure and consensus 
on EBT derivation and values for the successful application of effect-based monitoring strategies 
in water quality assessment.

Identification of location and land use specific ecotoxicological risks

Although several unique responses for the different land use and bioassay combinations 
were observed, no land use specific responses or patterns became apparent, and only small 
differences in EBT exceedances between land use types were found. This observation was 
corroborated by the outcome of the multivariate analysis, which revealed no significant effect 
of land use on the bioassay battery responses. The selected locations appear to suffer from 
the presence of complex mixtures of micropollutants, frequently caused by the same drivers. 
Hence, to identify pollution source specific drivers of ecotoxicological risks, in future research 
locations should be selected that better represent a single pollution source and that are more 
morphologically and biogeochemically similar to exclude confounding effects. Yet at the same 
time, these findings also confirm the complex nature of surface water pollution in large river 
deltas. This raises the question if categorizing sites into land use types is appropriate at all, and 
if alternatively, sampling sites may better be considered independent stochastic draws of diffuse 
pollution covering the industrialized world. When applying that paradigm, in the present 
study, several discriminating bioassays allowed for the identification of locations at risk from 
chemical stressors, and for the ranking and subsequent prioritization of the locations that were 
at the highest risk from micropollutants.

Considerations for improved effect-based monitoring

EBT exceedances were observed for 9 out of the applied 21 bioassays, indicating that 12 bioassays 
were less effective in elucidating ecotoxicological risks at the studied locations. The bioassays that 
were not discriminating for ecotoxicological risks were the in vivo whole organism bioassays, 
the antibiotics assays, and the p53 (with and without S9 metabolism), GR and cytotoxicity (for 
non-polar compounds) CALUX assays.
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p53 and cytotoxicity CALUX assays

The p53 and cytotoxicity CALUX assays indicate risks at a high organisational level caused by 
all compounds in a water sample.21,30,67 Hence, signals above the EBT in these assays would imply 
far stretching ecological effects in the field.68 Therefore, although these tests did not respond 
frequently or severely to surface water passive sampler extracts in the present study, the inclusion 
of such tests in future bioassay batteries is recommended given their ecological relevance. 
Yet, the inclusion of S9 metabolism in the p53 test can be debated. The S9 metabolism in this 
assay can elucidate the enzymatic activation of mutagenicity in the sample. However, given 
the time integrative nature of passive sampling (six weeks in the present study), metabolism 
and activation of more toxic or persistent metabolites is expected to occur in the field rather 
than in the laboratory, and the added value of in vitro metabolization is negligible. This was also 
illustrated by the much lower p53 test response after S9 metabolism in the present study. Hence, 
the p53 assay without S9 metabolism should be sufficient to assess mutagenicity of surface water 
samples in monitoring strategies that apply passive sampling techniques.

Whole organism bioassays

For the whole organism bioassays, it can be argued that more sensitive alternatives should be 
developed and applied. For example, the Algatox assay showed no response to surface water 
extracts from approximately 95% of the locations in the present study. This is unexpected, as 
herbicides, that are the major target compound group of this bioassay, are the most frequently 
detected pesticide group in European surface waters.69,70 Recent work has shown that fluorescence 
based algal bioassays are efficient and effective in the assessment of toxicity to primary producers 
in regionwide screening efforts.48,71,72 Hence, in the future, replacement of the Algatox assay with 
fluorescence based algal bioassays may result in more effective assessment of risks to primary 
producers in effect-based monitoring.

Finally, the applicability of the in situ Daphnia assay in micropollutant effect monitoring 
should be questioned. Although it was responsive and discriminating in the present and previous 
studies,14 it is nearly impossible to determine the contribution of micropollutants to the observed 
mortality. Exposure of daphnids in the field for seven days gives rise to a multitude of confounding 
factors including oxygen dynamics, food availability, pH, salinity and temperature, and unless 
the effects of these on daphnid mortality can be fully excluded, the outcome of the test cannot 
be considered indicative of micropollutant risk in surface water. Nonetheless, the added value 
of in situ or active biomonitoring approaches in water quality assessment strategies should not 
be underestimated, as they represent the most realistic exposure scenario available in the effect-
based toolbox. Recently, promising strategies to differentiate between the effects of chemical 
exposure and confounding factors in active biomonitoring with invertebrates were described 
(e.g. Brettschneider et al., 2019).73
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Antibiotics and GR CALUX assays

The antibiotics and GR CALUX assays target specific groups of compounds, and their inclusion 
in bioassay batteries is only justified when there is an assumable occurrence and risk of these 
groups of compounds. Glucocorticoids mainly find their way into surface waters through 
industrial and hospital effluents. Glucocorticoid concentrations in such effluents are high, but 
decrease substantially after wastewater treatment.59,74 Hence, application of the GR CALUX 
assay in surface water monitoring is only marginally relevant, as the risk of glucocorticoids in 
surface waters is expected to be negligible. Therefore, this test can be omitted in future bioassay 
batteries to save costs, or be replaced with a more relevant endpoint to surface water toxicity like 
the anti-PR CALUX assay, for which a recently defined EBT value is available.30

Contrasting to glucocorticoids, antibiotics are ubiquitous in NW European surface waters. 
They reach surface waters through diffuse input from the general public and the agri-food 
sector, giving rise to surface water concentrations that are expected to cause risks to bacteria, 
fungi and microalgae.75–77 Hence, risks of antibiotics in the here tested surface waters are 
assumable, and the lack of effects above the EBT for the antibiotics assays in the present study is 
therefore unexpected. Given the low responsiveness of the here applied WaterSCAN antibiotics 
assay60 and the ubiquity of antibiotics in surface waters, there is evidently a need for a more 
sensitive detection method for antibiotics residues. A potentially suitable alternative is the use 
of whole-cell based biosensors, in which, similar to CALUX assays, receptor binding mediated 
bioluminescence detects antibiotics activity at a sublethal level.78 However, this method is yet to 
be applied as bioanalytical tool in surface water antibiotics screening.

Sediments and metals

As of yet, successful effect-based monitoring efforts have been focused mainly on pollution of 
surface waters by organic compounds,15,21,79 while relatively little attention has been given to 
the inclusion of sediments as a relevant source of impaired ecological surface water quality. 
Sediments are the largest chemical repositories on earth where harmful compounds accumulate, 
thereby representing a significant threat to the health of aquatic ecosystems.26 Despite their 
relevant role in aquatic ecosystem health, sediments are often overlooked and understudied in 
regular water quality assessment strategies like the WFD.27

Metal pollution is another relevant source of impaired ecological surface water quality that 
is currently largely overlooked in effect-based monitoring efforts. Metal pollution can have 
severe detrimental effects on water quality owing to its toxicity, frequency and abundance.80,81 
Only very rarely have the effects of metal pollution on aquatic ecosystems been studied using 
a combination of passive sampling and bioanalytical tools.82 Given the relevance of these 
pollution sources to aquatic ecosystem health, the development of integrative strategies that 
include the effect-based assessment of metal pollution as well as sediment quality would be 
a valuable addition to future research efforts.
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Conclusions

Scientists and water authorities together are faced with the challenge of the increasing 
complexity of pollution in surface waters, and how to make the impact of this pollution on 
aquatic ecosystems measurable. Traditional chemical target analysis of a limited selection of 
pollutants has lost its relevance. Fortunately, the current availability and future development 
of a wide variety of alternative tools, in the form of effect-based methods, allows for a holistic 
interpretation of the harmful effects of all chemicals present in surface waters without individual 
identification of the causing compounds. It is likely that the debate on the most efficient and 
effective combination of effect-based tools in bioassay batteries, a conclusive approach to EBT 
derivation, as well as the regionwide implementation of the resulting monitoring strategies, 
will be ongoing for some time to come. Yet, at present, there is no practical limitation to 
the application of effect-based water quality assessment methods in regular water quality 
monitoring at a region- or nationwide scale.
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ABSTRACT
The combination of integrative passive sampling and bioassays is a promising approach for 
monitoring the toxicity of polar organic contaminants in aquatic environments. However, 
the design of integrative passive samplers can affect the accumulation of compounds and 
therewith the bioassay responses. The present study aimed to determine the effects of sampler 
housing and sorbent type on bioassay responses to polar passive sampler extracts. To this end, 
four integrative passive sampler configurations, resulting from the combination of polar organic 
chemical integrative sampler (POCIS) and Speedisk housings with hydrophilic-lipophilic 
balance and hydrophilic divinylbenzene sorbents, were simultaneously exposed at reference and 
contaminated surface water locations. To measure the toxicity of the accumulated polar organic 
compounds, a battery of five bioassays was exposed to the extracts. Extracts from POCIS caused 
higher bioassay responses in 91% of cases, while extracts from the two sorbents caused equally 
frequent but different bioassay responses. Hence, the passive sampler design critically affected 
the toxicity detection of polar organic contaminants, highlighting the importance of active 
choices in passive sampling for effect-based water quality assessment.
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INTRODUCTION
Aquatic ecosystems are under threat from an ever-increasing diversity of contaminants that 
are released into the environment.3,7 These contaminants of emerging concern (CECs) are 
generally (highly) polar and mobile in water, challenging water treatment as well as monitoring 
technologies.79,83–85 Therefore, there is a need for monitoring methods that enable the sampling 
and toxicity assessment of polar CECs in the aquatic environment. However, conventional 
toxicity assessment of CECs on an analyte-by-analyte basis is problematic since i) many of 
the compounds are unknown, ii) if known, toxicity data for these new compounds are very 
scarce, and iii) mixture toxicity data are even less available. To overcome the drawbacks of 
traditional water quality monitoring frameworks that are based on a limited number of target 
pollutants, effect-based methods can be applied to identify the ecotoxicological risks associated 
with mixtures of (un)known CECs present in the water.86 Therefore, bioassay batteries are 
increasingly applied in water quality assessment, representing a wide range of toxicological 
endpoints relevant to aquatic ecosystem health.87 This allows the ranking of sites based on 
ecotoxicological risks rather than on the presence and absence of contaminants.14,15,42,88 However, 
sampling moments and methods critically affect the detection of the activity of micropollutants 
in bioassay batteries. Since the environmental concentrations of polar organic micropollutants 
typically vary over time and are, by definition, very low (ng to µg L-1),13,89 traditional discrete spot 
sampling methods provide only snapshots in time of contaminant concentrations and require 
additional sample enrichment of large water volumes to detect trace level pollutants.19 Passive 
sampling can overcome these limitations of spot sampling by providing a time-integrative 
representation of contaminant concentrations in the water while simultaneously allowing the in 
situ pre-concentration of compounds from the surface water.13,19 The advantages of passive 
sampling – a time-integrative representation of contaminant concentrations – and bioassays – 
the identification of the ecotoxicological risks associated with mixtures of all (un)known CECs –  
over conventional methods make their combination especially appropriate for the toxicity 
assessment of the wide variety of polar organic CECs that are present at low and fluctuating 
concentrations in surface waters.

Integrative (kinetic) passive samplers, here defined as a sampler body housing a sorbent that 
serves as the receiving phase in which the sampled compounds accumulate, are increasingly 
used to provide time-integrated measurements of polar organic contaminants in surface 
waters.13 The accumulation of polar compounds into integrative passive samplers is governed 
by the diffusion of the freely dissolved analytes from the surface water across three spatial stages 
that are inherent to the use of adsorption-based passive samplers in surface water.52 The first 
stage is a viscous layer of water at the surface of the sampler, the so-called water boundary 
layer (WBL), also referred to as the aquatic or diffusive boundary layer. The second stage is 
the (membrane) filter used to limit the speed of diffusion of compounds into the sampler 
and to keep the receiving sorbent phase in place. The final stage is the sorbent itself, to which 
the analytes ultimately adsorb. The sampler design affects the hydrodynamic conditions in 
and around the sampler housing, determining the uptake of chemicals into integrative passive 
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samplers.90 The sorbent that is applied determines which polar organic compounds can be 
retained throughout the exposure in the environment.91 These sampler characteristics determine 
the accumulation of compounds in passive samplers and, in turn, dictate bioassay responses to 
the passive sampler extracts.89  The choice of the sampler can thus critically affect the outcome 
of effect-based water quality assessments. 

The most widely used type of integrative passive sampler is the polar organic chemical 
integrative sampler (POCIS),52,92 but a variety of alternative devices is available and new sampler 
configurations are frequently developed. Most recently, the commercially available Speedisk® 
solid-phase extraction (SPE) columns were proposed as a promising passive sampling device.93 
Speedisk contain the polymeric sorbent hydrophilic divinylbenzene (H-DVB), which was 
suggested as a favorable alternative to the commonly used hydrophilic-lipophilic balance (HLB) 
sorbent for the sorption of organic CECs in passive samplers.93 The robust plastic housing of 
the Speedisk makes them resistant to damage during field deployment and readily applicable as 
passive samplers in surface waters. This raises the question of whether this alternative sampler 
housing and sorbent may be more fit than the well-established POCIS for the monitoring 
of polar organic CECs in aquatic environments. Although separate comparisons of sampler 
designs [e.g. Ahrens et al. (2015)94] and sorbents [e.g. Bäuerlein et al. (2012)91] on the uptake 
of polar organic compounds in passive samplers are available, a full-factorial study that allows 
the simultaneous comparison of multiple sampler housings and sorbents in field-exposed 
integrative passive samplers has, until now, not been performed. The present study aimed 
to determine the effects of sampler housing and sorbent type on bioassay responses to polar 
passive sampler extracts. To this end, four integrative passive sampler configurations, resulting 
from the combination of the POCIS and Speedisk housings with the HLB and H-DVB sorbents, 
were simultaneously exposed at reference and contaminated surface water locations. To measure 
the toxicity of the accumulated polar organic compounds, a battery of bioassays for bacterial 
inhibition, cytotoxicity and three reporter-gene bioassays for endocrine disruption was exposed 
to the sampler extracts. The outcomes of this study provide insight into the influence of sampler 
design on the toxicity detection of polar CECs, thereby supporting active choices of passive 
sampler characteristics for application in effect-based surface water quality assessment.

MATERIALS AND METHODS
Sampler and sorbent types 

The four types of passive samplers used in the present study resulted from the combinations 
of two types of sampler housing, POCIS and Speedisk (Figure 3.1), and two types of sorbent, 
HLB and H-DVB. The POCIS consists of two stainless steel rings, with an inner diameter of 5.4 
cm, that retain the sorbent between two membranes, leaving approximately 46 cm2 of surface 
area exposed to the surrounding water (Figure 3.1). Speedisk were originally designed as SPE 
columns, which can be modified to render them suitable for deployment as passive samplers. 
The Speedisk consists of a plastic housing retaining a sorbent between two glass fiber filters by 
two plastic screens and a retaining ring (Figure 3.1). The bottom side of the Speedisk is sealed, 
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Speedisk

steel retaining ring plastic screen

PES membrane GF filter

sorbent sorbent

PES membrane GF filter

steel retaining ring plastic screen

M6 nuts plastic housing

plastic cap

M6 bolts plastic retaining ring

Figure 3.1. Technical drawing of polar organic chemical integrative sampler (POCIS) and Speedisk integrative 

passive sampling devices depicting A: a disassembled 3D view listing the separate passive sampler 

components (PES = polyethersulfone, GF = glass fiber), B: the 3D assembled configurations, and C: sections 

with expanded detailed hydrodynamic flow diagrams (dark blue dashed lines represent the membranes/

filters, magenta dotted lines represent the sorbent, light blue arrows illustrate the water movement 

through the passive samplers).
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allowing exchange with the surrounding water from only one side of the sampler with an inner 
diameter of 5.1 cm, leaving an exposure area of approximately 20 cm2. In the original POCIS 
design, the receiving phase consists of 200 mg of HLB sorbent (Oasis, Waters, MA, USA), while 
the original Speedisk contains 400 mg of H-DVB sorbent (Bakerbond, Avantor, Deventer, 
The Netherlands). The two sorbents were applied in the two sampler housings resulting in four 
sampler types.

Sampler preparation 

The sorbents were conditioned by eluting with a sequence of organic solvents (Biosolve, 
The Netherlands; all chromatography grade) and dried under vacuum. For POCIS this was 
done before sampler assembly using acetone, dichloromethane, and methanol (Supporting 
Information 1). For Speedisk this was done after the preparation of the samplers (see below). 

For the construction of the POCIS, stainless steel rings (Exposmeter, Sweden), nuts and 
bolts, as well as all used tools were cleaned in acetone before the assembly of the samplers. 
Polyethersulfone (PES) diffusion limiting membrane filters (Pall Corporation, NY, USA; 
0.1 μm pore size, 90 mm diameter) were used to enclose 200 mg of either HLB or H-DVB 
sorbent. The PES membranes were cleaned before the assembly of the POCIS in LC grade 
methanol:ultra-pure water (50:50, v:v) followed by rinsing in ultra-pure water. After the final 
assembly, the POCIS were stored at 4°C in food-grade Mylar zip lock bags until deployment. 

For the modification of the Speedisk, the upper half of the Speedisk housings were trimmed 
to limit the formation of a WBL between the sampler and the surrounding water, to improve 
the exchange of compounds between the water and the sorbent. Four holes were made in 
the sorbent-free bottom part of the housing to allow the attachment of the samplers during field 
deployment. Original Speedisk were advertised to contain 600 mg of H-DVB sorbent. Therefore, 
to assess the performance of the HLB sorbent in the Speedisk, these were disassembled and 
the original sorbent was replaced with 600 mg of HLB, followed by reassembly. However, 
upon disassembly Speedisk appeared to contain only 400 mg of H-DVB sorbent per column. 
Nevertheless, the amount of sorbent in both Speedisk configurations was sufficient to ensure 
a surface area per mass of sorbent ratio greater than that of the POCIS.92 All Speedisk were 
sequentially eluted with dichloromethane, acetone, and ultrapure water (Supporting Information 
1) over a vacuum manifold and the bottoms of the columns were closed with syringe caps to 
ensure that compound accumulation in the Speedisk during field deployment occurred only by 
diffusion from the top of the sampler (Figure 3.1). The Speedisk were then placed in a jar filled 
with ultrapure water and stored at 4°C until deployment.

Sampling locations and sampler deployment

Sampling locations were selected in collaboration with Dutch regional water authorities. This 
resulted in a set of eight lowland streams and drainage ditches in The Netherlands. The locations 
were categorized into three location types (Supporting Information 2), either surrounded by 
ornamental flower bulb horticulture (agriculture; n=3), directly receiving WWTP effluent 
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(WWTP; n=2), or reference locations with no known contamination sources (reference; n=3). 
Sampling was conducted between August 20th and October 5th, 2018. The four sampler types were 
deployed simultaneously at each sampling location, attached to stainless steel cages. Cages with 
samplers were installed in the middle of the water column to ensure permanent inundation and 
a continuous flow of water around the samplers, while avoiding direct diffusion of compounds 
from the sediment to the samplers. Per location, samplers were exposed in quadruplicate for 
a period of six weeks. After exposure, the samplers were cleaned in the field with local water and 
a scrubbing sponge to remove biofouling, transported to the laboratory on ice and stored at -20 
°C until extraction.

Extraction of organic compounds from the passive samplers 

The extraction of organic compounds from the passive samplers was performed according to 
the general protocol described below. The POCIS extractions were performed at the laboratory 
of the University of Amsterdam (The Netherlands) and Speedisk extractions at the laboratory 
of TNO (Utrecht, The Netherlands). Slight differences in the extraction procedures due to 
sampler type-specific characteristics and differences in laboratory equipment are outlined in 
Supporting Information 1. Frozen samplers were freeze-dried overnight. All glassware used in 
the subsequent extraction procedure was cleaned and dried. Each sampler was disassembled 
and the dry sorbents of the quadruplicates per sampler type per location were pooled and 
transferred to an empty 6 mL glass Supelco SPE column with Teflon frit (Sigma-Aldrich, 
The Netherlands) by a glass funnel. The mass of the recovered sorbent per location was recorded 
with an analytical balance. The SPE columns were placed on an SPE manifold and eluted with 
LC grade acetonitrile under vacuum. The LC grade acetonitrile that was used in all extractions 
in both laboratories originated from the same bottle to rule out any confounding influence of 
the batch of solvent used. Finally, the extracts were topped up to exactly 10 mL with acetonitrile 
by weight and stored at -20°C until analyses. Blanks for all sampler types were obtained by 
extracting unexposed dry samplers following the same procedure as their exposed counterparts 
and were included in the subsequent analyses.

Toxicity of the passive sampler extracts 

The toxicity of the passive sampler extracts was assessed with a battery of five bioassays that 
were previously shown to be responsive to polar passive sampler extracts:88 i.e. a bacterial 
bioluminescence inhibition bioassay and in vitro chemical activated luciferase expression 
(CALUX®) bioassays for estrogenic (ERα), anti-androgenic (anti-AR) and anti-progestogenic 
(anti-PR) activities, and cytotoxicity. Results from the latter test were also used to rule out 
confounding influences of cytotoxicity by the passive sampler extracts on test outcomes of 
the other three CALUX assays. Before application in the bioassays, the acetonitrile extracts were 
transferred to dimethyl sulfoxide (DMSO). A 1 mL aliquot of each sampler extract was used for 
the bacterial bioluminescence inhibition assay and a 2 mL aliquot for the four CALUX assays. 
The extracts were dried under constant N2 flow at room temperature and redissolved in DMSO. 
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Bioassays with the extracts of the four passive sampler types were performed at a 0.1-1% DMSO 
concentration to improve the compound solubility in the exposure media, always including 
a control to confirm the non-toxicity of the solvent.

The bacterial bioluminescence inhibition assay, using the marine bacterium Aliivibrio fischeri, 
was based on the Microtox® bioassay and was performed in a miniaturized setup according to 
Hamers et al. (2001).95 This bioassay is further referred to as the ‘bacterial bioluminescence 
assay’. Luminescence inhibition was measured after 15 min of exposure to a dilution series 
of the passive sampler extracts. The in vitro cytotoxicity, ERα, anti-AR and anti-PR CALUX 
bioassays were performed according to previously described protocols at the BioDetection 
Systems laboratory (Amsterdam, The Netherlands).96 

2.6. Data analyses 

Toxicity in the bacterial bioluminescence assay was expressed as toxic units (TU), wherein 
one TU represented the dilution at which the extracts caused a 50% effect (EC50). EC50 
values were determined by nonlinear regression analysis with the built-in log-logistic model 
in GraphPad Prism® (GraphPad Software Inc., v. 5.00, San Diego, CA, USA). Responses in 
the in vitro CALUX assays were expressed as bioanalytical equivalent (BEQ) concentrations of 
the reference compounds. Responses in the ERα assay were expressed as ng 17β-estradiol eq. 
per mL extract (ng EEQ mL-1), in the anti-AR assay as µg flutamide eq. per mL extract (µg FEQ 
mL-1), in the anti-PR assay as ng RU486 eq. per mL extract (ng REQ mL-1), and cytotoxicity 
as µg tributyltin eq. per mL extract (µg TEQ mL-1). Bioanalytical responses were corrected for 
the recovered fraction of the sorbent to account for sorbent loss during the extraction procedure 
and normalized for the exposure area of the samplers (POCIS 46 cm2; and Speedisk 20 cm2). 
The normalized responses were then compared between the two types of sampler housing and 
the two types of sorbent. In this comparison, responses were considered higher if they exceeded 
those from the alternative housing or sorbent, respectively, by >20%. Responses were also 
considered higher if the alternative housing or sorbent caused no response at all in the bioassays.

RESULTS AND DISCUSSION
Bioassay validity and effect expression 

The passive samplers were successfully retrieved from the field and extracted in the laboratory, 
except two of the four POCIS H-DVB samplers at location ‘WWTP 1’, of which the PES 
membranes were damaged during deployment and which were therefore not included in 
the subsequent analyses. The five bioassays were successfully performed with all extracts and 
all assays met their respective validity criteria.15,96 Responses were observed in all bioassays and 
for all sampler types (Figure 3.2). Responses in the bacterial bioluminescence inhibition assay 
were corrected for responses to the blank extracts, while no responses to the blank extracts were 
observed in the CALUX assays.



45

A
C

T
IV

E C
H

O
IC

E
S IN

 PA
SSIV

E SA
M

PLIN
G

3

The influence of sampler housing on bioassay responses

The comparison of the bioassay responses between the POCIS and Speedisk housings, 
independent of the applied sorbents, clearly illustrates the substantially higher responses caused 
by the POCIS extracts in most bioassays for almost all locations (Figure 3.2). Indeed, when 
quantifying the differences in responses (applying a 20% cutoff value) between the sampler 
housings, POCIS caused higher responses in 91% of extract x bioassay combinations  
(Table 3.1). This was observed for the bacterial bioluminescence assay but was especially 
pronounced for the CALUX in vitro assays, in which the Speedisk extracts never caused 
a response higher than the POCIS extracts. Evidently, the POCIS in the majority of cases 
accumulated higher amounts of compounds that elicit responses in all of the applied bioassays. 
Since the responses were corrected for the exposure area of the samplers, this cannot be 
attributed to the higher exchange surface area of the POCIS, but rather is a result of the design 

Figure 3.2. Bioanalytical responses to extracts from four passive sampler configurations with different 

housings (POCIS vs. Speedisk) and sorbents (HLB vs. H-DVB) for the bacterial bioluminescence inhibition 

assay and four CALUX bioassays. Responses were normalized for sampler exposure area and sorbent recovery 

after extraction. TU = toxic unit, EEQ = 17β-estradiol eq., TEQ = tributyltin eq., REQ = Ru486 eq., FEQ = flutamide 

eq., ref = reference, ag = agriculture, WWTP = wastewater treatment plant.
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Table 3.1. Comparison of bioanalytical responses to extracts from four types of passive samplers with different 

housings (POCIS vs. Speedisk) and sorbents (HLB vs. H-DVB). Bioanalytical responses were considered higher 

(+) when they exceeded responses to extracts from the alternative housing or sorbent, respectively, by >20%.

bioassay response

bacterial 

bioluminescence

CALUX

TOTAL %cytotoxicity ERα anti-AR anti-PR

housing

equal 2 0 0 1 0 3 4

POCIS + 10 16 16 15 16 73 91

Speedisk + 4 0 0 0 0 4 5

sorbent

equal 3 5 5 5 3 21 26

HLB + 2 9 6 6 8 31 39

H-DVB + 11 2 5 5 5 28 35

of the sampler. Apparently, the POCIS housing allows the accumulation of substantially 
higher amounts of toxic compounds from the surrounding surface waters than the Speedisk  
housing does.

The higher bioassay responses caused by the POCIS extracts cannot be attributed to 
differences in the used sorbents, since both types of sorbent were applied in both sampler 
housings (the influence of the sorbent type on bioassay responses is discussed in section 3.3). 
Hence, the differences in the bioassay responses between POCIS and Speedisk are attributable 
to differences in either the thickness of the WBL or the diffusion across the (membrane) 
filter or both. The thickness of the WBL is partly dictated by water turbulence,52 which was 
identical for all sampler types since they were simultaneously exposed at the same locations. 
For the other part, the WBL thickness depends on hydrodynamic conditions in the vicinity of 
the membrane, which are significantly affected by the sampler housing geometry. The depth 
of the sampler body (i.e. the distance between the outer housing and the surface of the filter) 
influences the rate of the convective transport of analytes to the filter, where a deeper sampler 
body effectively reduces passive sampling rates.97 The shallower depth of the POCIS (3 mm) 
compared to the Speedisk (6 mm) may thus very well have resulted in higher sampling rates 
for POCIS. Similar to sampler depth, obstructions to water movement in the sampler housing 
can also negatively affect sampling rates. Where the POCIS membrane is in direct contact with 
the WBL, the Speedisk filter and sorbent are held in place by a plastic screen and a retaining ring 
(Figure 3.1). These physical obstructions are also expected to decrease the convective transport 
of analytes to the Speedisk filter, further limiting Speedisk sampling rates. These observations 
suggest that the hydrodynamic conditions in the sampler housings appear to be more favorable 
for the diffusion of compounds into the POCIS and may thus, at least partly, explain the higher 
bioassay responses caused by the POCIS extracts.
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Once compounds have reached the (membrane) filter of the sampler, permeation through 
the filter can occur in two ways, either through the water-filled pores or via the filter material 
itself.52 Filters are applied in passive samplers to retain and protect the sorbent, but also to 
regulate the uptake rate of compounds.98 Hence, the filters intentionally limit the diffusion of 
compounds to the sorbent to extend the linear uptake phase of compounds into the sampler. 
Polymeric filters like PES membranes have been shown to substantially limit the uptake rates 
of compounds in passive samplers, especially for compounds with a logKOW >2.98,99 This is 
attributable to the accumulation of hydrophobic compounds in the PES membrane, which 
leads to a lag in the transfer of these compounds to the sorbent.99 The undesirable sorption of 
compounds to the filters can be avoided by the use of alternative inert membrane materials, 
like PTFE.98 The glass fiber filters used in the Speedisk are also expected to exhibit a very low 
affinity towards compounds, and should thus result in faster transport of analytes through 
the filter. This would result in improved sampling rates, especially for hydrophobic chemicals, 
compared to samplers in which sorptive polymeric filters are used. Nevertheless, it appears that 
any advantage of the use of glass fiber filters in the Speedisk for the passive sampling of polar 
compounds from surface waters was offset by the decreased hydrodynamics resulting from 
the design of the Speedisk housing. 

A proposed advantage of the Speedisk is its commercial availability in a robust housing, 
which simplifies its application as a passive sampler.93 The robustness makes the loss of samplers 
resulting from damage less likely than with POCIS, in which puncturing or rupturing of 
the PES membrane sometimes occurs, as was also observed in the present study. Additionally, 
the Speedisk design as an SPE column can simplify the extraction procedure after deployment. 
However, biofouling is likely to occur on the surface of passive samplers during extended field 
deployments. This is an issue if the intact Speedisk sampler is extracted after field exposure 
since the co-extraction of compounds accumulated in the biofilm will occur. To avoid this, 
the samplers should be partly disassembled to remove the biofouled parts of the sampler 
housing before extraction. The greater robustness of the Speedisk housing alone does not offer 
a convincing advantage over the use of the POCIS housing, since the Speedisk housing geometry 
limits the sampling rate, resulting in less frequent and less intense bioassay responses. Following 
these observations, it is concluded that the use of the POCIS housing results in much more 
frequent detections of potentially toxic polar organic compounds in surface waters compared to 
Speedisk when using a combination of passive sampling and bioassays.

The influence of sorbent type on bioassay responses 

The comparison of the bioassay responses between the HLB and H-DVB sorbents, independent 
of the applied housings, elucidated that the two sorbents caused equal bioassay responses in 
only 26% of cases (Table 3.1). However, there was not one sorbent that clearly outperformed 
the other, as extracts from samplers containing HLB caused higher responses in 39% of cases 
and extracts from samplers containing H-DVB caused higher responses in 35% of cases  
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(Table 3.1). Apparently, both sorbents effectively adsorb a partly different suite of compounds, 
leading to differences in bioassay responses. 

The efficacy of H-DVB in the sorption of organic CECs from water was recently elaborately 
investigated and compared to that of HLB.93 This revealed a higher degree of cross-linkage and 
functionalization for H-DVB compared to HLB. These findings are in line with the reported 
higher extraction efficiencies for a range of nonpolar organic CECs of H-DVB compared to 
HLB.100,101 Indeed, this higher degree of polymer functionalization for H-DVB is expected 
to provide an improved sorption capacity, especially for nonpolar compounds.93 However, 
the present results illustrate that the higher sorption capacity of H-DVB did not result in 
higher bioassay responses per se. Apparently, the HLB sorbent was able to adsorb other – or 
higher quantities of the same – toxic compounds from the same surrounding surface water 
than H-DVB in 39% of cases, as reflected in the higher bioassay responses caused by the HLB 
extracts. Given the stronger sorption of nonpolar compounds to H-DVB, the higher responses 
to the HLB extracts may be attributable to its superior sorption of polar compounds. However, 
this hypothesis should be tested in laboratory-based experiments that quantify the sorption 
capacity of H-DVB and HLB for (highly) polar compounds.

The present study illustrated that the choice of sorbent can strongly affect the observed 
toxicity detected in surface water quality assessment strategies that apply passive sampling. 
In such strategies, a passive sampler, or a combination of multiple types of samplers, ideally 
accumulates all potentially toxic substances from the water so that false-negative toxicity 
detections are avoided. In the present study, false-negatives may have occurred for location ‘ag 1’, 
where only the POCIS H-DVB sampler extract caused relatively high responses in the bacterial 
bioluminescence assay and the anti-PR CALUX assay. At this specific location, the other three 
sampler types appear to have underestimated the presence of toxic levels of (a) certain compound 
(groups) that caused a toxic response in these bioassays. An elegant solution to the potential 
occurrence of false-negatives is the application of multiphasic sampler configurations that apply 
multiple sorbents with specific characteristics, which have been developed in particular for 
POCIS.52 In some cases these configurations can indeed result in improved uptake and recovery 
for certain classes of compounds [e.g. Alvarez et al. (2004)92]. Given the anticipated shift in 
the characteristics of CECs to more highly mobile polar and ionizable compounds,85,102 future-
proof sampler configurations can be developed that house (mixtures of) novel adsorbents 
with ion exchanging or extremely polar properties.103 Nonetheless, both HLB and H-DVB can 
adsorb a wide range of highly polar to moderately nonpolar organic compounds from aquatic 
matrices,93 and their use as non-selective sorbents in polar passive samplers in surface waters 
is justified.

Pollution source-specific ecotoxicological profiling

Since the extracts from the samplers with POCIS housing caused more frequent and higher 
bioassay responses, the results from the POCIS samplers were used for the pollution source-
specific profiling of the ecotoxicological responses. To cover as wide a range of potentially toxic 
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compounds as possible, responses of both the HLB and the H-DVB POCIS configurations  
were considered. 

The identification of ecotoxicological risks to aquatic ecosystems can follow from 
the comparison of bioassay responses to so-called effect-based trigger values (EBTs).31 However, 
the currently available EBTs are expressed as BEQ concentrations per volume of surface water 
and thus require the estimation of sampled water volumes for passive sampler extracts. Yet, 
the uncertainty in sampling rate estimations can negatively affect the data quality for passive 
samplers.13 Especially considering the paucity of data on the sampling rates for Speedisk samplers, 
but also the uncertainties in the sampling rates for non-polar compounds arising from the use 
of PES membranes in the POCIS, this could affect the accuracy of the comparison between 
the samplers. This is undesirable since the aim of the present study was an impartial comparison 
of multiple sampler configurations. Hence, it was decided to refrain from the estimation of 
sampled water volumes and the subsequent comparison of bioassay responses to EBTs. However, 
it must be noted that differences in the flow velocities may have affected passive sampling 
rates during field exposure. This did not affect the comparison between the different sampler 
configurations, as they were simultaneously exposed to the same environmental conditions, 
but may have caused differences in the intensity of the observed bioassay responses between 
the investigated locations. Therefore, the differences in the ecotoxicological profiles that were 
observed in the present study are discussed only in terms of the occurrences of bioassay 
responses, without the subsequent interpretation of potential ecotoxicological risks.

For the bacterial bioluminescence assay, higher responses were observed for the two WWTP 
locations than for all other locations, except for the strikingly high response to the POCIS 
H-DVB extract from location ‘ag 1’ (Figure 3.2). The highest response in the CALUX cytotoxicity 
assay was also observed for location ‘ag 1’, for both POCIS configurations, while responses in 
this bioassay were otherwise rather uniformly caused by extracts from all the other locations. 
The ERα CALUX assay was particularly responsive to extracts from WWTP locations, while 
lower activities were caused by extracts from the agricultural locations. The anti-PR and anti-AR 
CALUX assays both showed the highest responses to extracts from agricultural locations, and 
lower activities for reference and WWTP locations, which were most notable in the anti-AR 
assay. A particularly high response in the anti-PR assay was caused by the POCIS H-DVB 
extract from location ‘ag 1’, in line with the bacterial bioluminescence assay results.

The results of the present study showed that extracts from reference locations typically 
caused relatively low bioassay responses, indicating limited, if any, toxicity compared to 
agricultural and WWTP locations. Agricultural locations were characterized by the highest 
responses in the anti-PR and anti-AR CALUX assays, and to a lesser extent by responses in 
the ERα CALUX assay. Responses in those assays can be caused by the endocrine-disrupting 
activity of pesticides and their metabolites,104–106 and the elevated responses observed here are 
likely attributable to the use of pesticides on the agricultural fields surrounding these locations. 
The WWTP locations, contrastingly, were characterized by elevated bacterial bioluminescence 
assay and ERα activities. The bacterial bioluminescence assay is indicative of baseline toxicity 
and is hence a good indicator for the general presence of toxic compounds as well as a selection 
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of antimicrobial compounds in surface waters.107 As a result, bacterial bioluminescence assay 
activity is commonly found in WWTP effluents, caused by a wide variety of micropollutants.108 
Estrogenic activity is often caused by a combination of natural and synthetic estrogens and 
industrial compounds,42,109 and is typical for WWTP effluent impacted surface waters.24,96 
The implementation of advanced treatment steps in WWTPs can lead to a reduction of 
estrogenic activity in the effluent and the receiving surface water, which is often concurrent 
with reductions in concentrations of nutrients, pathogens, and micropollutants.110,111 As 
such, ERα activity is a useful proxy for the pollutant burden that WWTP effluents exert on 
the receiving surface waters and can thus be used to evaluate WWTP performance, for example 
after the implementation of technological improvements.

In 2014, the Swiss government implemented a nationwide strategy to upgrade municipal 
WWTPs to effectively reduce the micropollutant load and toxicity in effluent over 20 years.110 This 
visionary amendment to water quality legislation is expected to substantially improve surface 
water quality on a countrywide scale. Monitoring to assess the effectiveness of the implemented 
measures should be an integral part of the implementation of technical measures for water quality 
improvement. Given the low infrastructural demands and high throughput capacity of in vitro 
bioassays like the ERα CALUX, and its representativeness of the pollutant burden of WWTP 
effluent, there is high applicability of bioassays in such monitoring efforts. The anticipated 
improvements can readily be monitored using bioassays for estrogenic activity, allowing 
the identification of locations or WWTPs that require additional measurements or technical 
improvements. This suggested application is exemplary for the potential of bioassay response-
driven mitigation measures for surface water quality improvement, highlighting the benefit of 
bioanalytical tools in the protection of water resources.

The future of passive samplers and bioassays in environmental monitoring

The present study demonstrated that passive sampling is a promising approach for 
the monitoring of polar organic micropollutants in surface waters. The sampler configuration 
determines the efficacy of the passive sampling device for the accumulation and sequestration 
of compounds, and hence the detection of potentially toxic elements in the environment. 
Improvements to sampler designs can be made to enable the integrative sampling of as wide 
a range of compounds as possible, which is necessary given the changing nature of anthropogenic 
chemical use. Furthermore, improved accuracy of sampled volume estimations for integrative 
passive samplers will strengthen ecotoxicological risk interpretations. Nonetheless, a substantial 
body of literature confirms the superiority of passive sampling approaches over conventional 
spot sampling and supports the application of passive samplers in chemical and effect-based 
environmental monitoring.13–15,19,52,88 The combination with bioassays allows for the detection of 
the toxicity of a wide range of polar pollutants, with specific ecotoxicological response profiles 
that are related to the origin of the pollution. This, in turn, highlights the applicability of passive 
sampling and bioassays in water quality monitoring and their use for targeted mitigation 
measures to protect aquatic ecosystems from the increasing use of chemicals by society.
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SUPPORTING INFORMATION 

Table S1. Technical details on construction, preparation and extraction of four passive sampler configurations 

resulting from the combinations of polar organic chemical integrative sampler (POCIS) and Speedisk housings 

and hydrophilic-lipophilic balance (HLB) and hydrophilic divinylbenzene (H-DVB) sorbents.

Sorbent type

POCIS Speedisk

HLB H-DVB HLB H-DVB

Sorbent mass per sampler 200 mg 600 mg 400 mg

Conditioning Before assembly in original column:

30 mL acetone

30 mL dichloromethane

30 mL methanol

After Speedisk assembly:

15 mL dichloromethane

10 mL acetone

20 mL ultrapure water

Freeze-drying At −53°C in a Scanvac CoolSafe 

freeze-dryer

At −55°C in a Heto Powerdry LL3000 

(Thermo Scientific) or IlShin Biobase 

(Scala Scientific) freeze-dryer

Glassware cleaning With acetone and LC grade 

acetonitrile and dried in an oven at 

50°C

In a laboratory dishwasher and fired 

out at 350°C in an oven to dry

Elution (LC grade 

acetonitrile)

3 x 3 mL 4 x 5 mL

(Sorbent divided 

over two glass SPE 

columns)

3 x 5 mL

Extract concentration n/a On a Rotavapor system at 45°C and 

117 mbar to approximately 3 mL

Final extract Topped up to exactly 10 mL with acetonitrile by weight
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Figure S1. Surface water sampling locations in The Netherlands. WWTP = wastewater treatment plant.

Table S2. GPS coordinates and general field parameters (taken once during the sampling period along 25 m 

stretches) for surface water locations in The Netherlands. Location ID acronyms: ref = reference, ag = agriculture, 

WWTP = wastewater treatment plant.

location ID latitude longitude depth (m) width (m) flow velocity (cm/s)

ref 1 52°49’22.7”N 5°54’26.5”E 1.0 6.0 0.9

ref 2 53°00’22.3”N 5°48’43.4”E 0.7 2.5 2.0

ref 3 51°25’40.9”N 4°46’46.8”E 1.0 3.0 1.3

ag 1 52°45’51.4”N 4°40’52.0”E 1.2 6.0 11.6

ag 2 52°17’23.2”N 4°30’37.7”E 0.6 4.0 1.3

ag 3 52°17’05.3”N 4°29’54.7”E 1.2 5.5 1.0

WWTP 1 51°36’08.3”N 5°04’32.9”E 0.4 5.0 25.5

WWTP 2 51°30’15.0”N 5°10’19.9”E 0.4 4.0 14.7





C H A P T E R 4NATIONWIDE SCREENING OF  
SURFACE WATER TOXICITY TO ALGAE

Published in: Science of the Total Environment (2018), 645: 780-787
ML de Baat, DA Bas, SAM van Beusekom,  

F van der Meer, M de Vries, PFM Verdonschot, MHS Kraak



56

N
A

T
IO

N
W

ID
E SC

R
EEN

IN
G

 O
F SU

R
FA

C
E W

A
T

ER
 TO

X
IC

IT
Y

 TO
 A

LG
A

E

4

ABSTRACT
According to the European Water Framework Directive (WFD), chemical water quality is 
assessed by monitoring 45 priority substances. However, observed toxic effects can often not be 
attributed to these priority substances, and therefore there is an urgent need for an effect-based 
monitoring strategy that employs bioassays to identify environmental risk. Algal photosynthesis 
is a sensitive process that can be applied to identify the presence of hazardous herbicides in 
surface water. Therefore, the aim of this study was to employ an algal photosynthesis bioassay 
to assess surface water toxicity to algae and to identify the compounds causing the observed 
effects. To this end,  Raphidocelis subcapitata  was exposed to surface water samples and after 
4.5 h photosynthetic efficiency was determined using PAM  fluorometry. In this rapid high 
throughput bioassay, algal photosynthesis was affected by surface water from only one of 39 
locations. Single compounds toxicity confirmation elucidated that the observed effect could be 
solely attributed to the herbicide linuron, which occurred at 110 times the EQS concentration 
and which is not included in the WFD priority substances list. In conclusion, applying the algal 
photosynthesis bioassay enables more efficient and effective assessment of toxicity to primary 
producers because it: (i) identifies the presence of herbicides that would be overlooked by 
routine chemical WFD monitoring, and (ii) avoids redundant chemical analyses by focusing 
only on (non-)target screening in samples with demonstrated effects.
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INTRODUCTION
According to the European Union (EU) Water Framework Directive (WFD),36 chemical 
water quality is determined by monitoring surface waters for the presence of 45 (groups of) 
priority substances. However, the use of many of these compounds is restricted or banned, 
and concentrations of priority substances in European waters are, therefore, decreasing.37,38 
Simultaneously, industries have switched to a plethora of thousands of alternative compounds, 
which potentially enter aquatic environments and can severely impact water quality.41 Hence, 
many substances on the priority list are not representative of present day contamination.39 
Consequently, a large portion of toxic effects observed in surface waters cannot be attributed to 
compounds measured by water authorities,37 and toxic risks to freshwater ecosystems are thus 
caused by myriads of (un)known, unregulated and unmonitored compounds that are present in 
the environment.43 Understanding of these risks requires a paradigm shift, that allows for new 
monitoring methods that do not depend on chemical target analysis of priority compounds, but 
contrastingly consider adverse biological effects first. Therefore, there is a need for an effect-
based monitoring strategy that employs bioassays to identify environmental risk.35 Bioassay 
responses to surface water samples are caused by mixtures of all bioavailable (un)known 
compounds and their metabolites, thereby overcoming the limitations posed by chemical 
analysis of a limited number of target compounds.45 The indication of surface water toxicity 
by bioassays in turn allows for identification of locations with environmental risks, although 
the compounds responsible for the observed toxicity are initially unknown. However, these can 
subsequently be elucidated with targeted or non-target chemical analysis, which will only be 
necessary for locations with indicated environmental risk.37

The success of this approach will rely largely on the ease of use, endpoint specificity and scale 
of the selected bioassays. In vitro or small scale in vivo assays with specific drivers of adverse 
effects allow for focused identification and subsequent confirmation of toxic compounds.23 
Adequate selection of bioassays employed in water quality monitoring can thus greatly aid in 
narrowing down the identification of compound(s) that cause environmental risks. Microalgal 
photosynthesis is an example of a sensitive and well-studied bioassay endpoint that can be 
applied to identify hazardous effects of herbicides in surface waters.71,112–115 In these bioassays 
photosynthesis is often quantified using pulse amplitude modulation (PAM) fluorometry, a rapid 
measurement technique suitable for quick screening purposes (Escher et al., 2008; Sjollema et 
al., 2014b).116,117 Algal photosynthesis is preferably quantified in light adapted cells as effective 
photosystem II (PSII) efficiency (ΦPSII). This end point responds most sensitively to herbicide 
activity,114,117 as the most commonly applied herbicides either directly target PSII, or indirectly 
affect ΦPSII.118,119

Herbicides are the most frequently detected pesticide group in North American and 
European surface waters, and are hence expected to have a significant effect on aquatic 
ecosystem functioning.70,120 Moreover, a wide variety of herbicides often exceed environmental 
quality standards (EQS) in European surface waters.70,120,121 Herbicides can be phytotoxic to 
non-target aquatic organisms such as algae, and effects on primary producers can cascade up 
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the food web altering community structure.114,118,119 Algae respond quickly to environmental 
changes,122 thus making identification of locations where algae are affected of great ecological 
importance, while simultaneously functioning as an early warning system for herbicide induced 
ecosystem changes.115,123 Triggered by the need to identify these herbicide induced risks to algae 
in surface waters, the aim of the present study was to employ an algal photosynthesis bioassay 
that allows for screening of surface water toxicity to algae and subsequent identification of 
the causing compound(s) on a nationwide scale. To this end, the microalga Raphidocelis 
subcapitata was exposed to surface water samples in 96-well plates. After 4.5 h, previously 
shown to be a sufficient exposure time for stable effect determination,117 effective ΦPSII was 
determined using PAM fluorometry connected to an autosampler, resulting in a rapid high-
throughput bioassay. Inhibitory effects on ΦPSII of surface water samples from 39 locations 
were assessed, and chemical analysis at the location with observed toxicity was performed to 
elucidate responsible compounds. For accreditation of compound contribution to the observed 
toxic effect, subsequent toxicity tests with individual suspected compounds were carried out.

MATERIALS AND METHODS
Sample collection

Water grab samples were collected at 39 locations within the Netherlands during May, June 
and July 2016 (Figure 4.1). Locations were provided by the Dutch water boards and only partly 
originated from their regulatory monitoring networks, resulting in a scattered availability of 
chemical and ecological quality scores for the sampling sites. The time of sampling was chosen 
because late spring and early summer are relevant periods for agricultural pesticide application in 
The Netherlands. Water was collected in 1 L polypropylene  (PP) bottles and filtered through 
pre-combusted (100 °C, to avoid  sorption  of contaminants to carbon residues on the filters) 
1.2 μm  glass fiber  filters (GF/C Whatman) in the laboratory to eliminate autochthonous 
microalgae and stored overnight in the dark at 4 °C until bioassay analysis.

Test species and culturing conditions

The freshwater green microalga Raphidocelis subcapitata CCAP 278/4 (form. Selenastrum 
capricornutum and Pseudokirchneriella subcapitata) was used as test species in all bioassays. This 
species was selected as it is recommended as a sensitive species in regular OECD test guidelines 
for algal toxicity testing,54 and it has been shown to respond sensitively to herbicides relative 
to several other green microalgal species.124 Batch cultures of R. subcapitata were maintained 
in 300 mL Erlenmeyer flasks in 200 mL algal growth medium (BG-11 medium, Sigma-
Aldrich) under constant aeration with compressed air at 20 °C with 16:8 h light-dark regime 
(~100 μmol m−2 s−1, Sylvania BriteGro F58W/2084-T8). Algae inoculum was prepared 2–4 days 
prior to bioassay analysis to ensure exponential growth at the start of the test.
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Figure 4.1. Surface water sampling locations in The Netherlands.

PAM bioassay and surface water toxicity

Water samples were tested for herbicide activity in a short-term algal bioassay using PAM 
fluorometry adapted from Sjollema et al. (2014).71 R. subcapitata were exposed to water samples 
in black PP 96-well plates (Greiner Bio-One) with a final volume of 280 μL and at a cell density 
of 1 × 107 cells/mL, and ΦPSII was determined after 4.5 h of incubation. Per location, algae were 
exposed to surface water in six separate wells, hence surface water effects were determined six 
replicate times. Cell densities were determined using a CASY Counter TT (Roche INNOVATIS) 
at the start of the experiment. To expose algae to undiluted surface water at the proposed cell 
density, algae were taken from the inoculum and centrifuged at 2500g. Subsequently, the cell 
pellet was washed twice with Dutch standard water (DSW, deionized water with 200 mg/L 
CaCl2·2H2O, 180 mg/L MgSO4·H2O, 100 mg/L NaHCO3 and 20 mg/L KHCO3; hardness is 
210 mg as CaCO3/L and pH 8.2 ± 0.2), centrifuged again and resuspended in surface water. 
To investigate the potential confounding effects of nutrient concentration differences between 
samples and to avoid nutrient deficiency during analyses, all samples and control treatments 
were tested with and without added nutrients. Nutrients were added as 50× concentrated 
BG-11 medium. Plates were incubated under continuous light (~50 μmol m−2 s−1, Sylvania 
BriteGro F58W/2084-T8) for 4 h and 20 min. The final 10 min of incubation, as well as PAM 
measurements, were performed under actinic LED light (659 nm, ~45 μmol m−2 s−1). ΦPSII of 
algal suspensions was determined using a WATER-PAM (Fiber version, Heinz Walz GmbH). 
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Minimum and maximum fluorescence (F and F’m respectively) were determined and ΦPSII was 
calculated as [F’m − F]/F’m.125 Test validity required the minimum ΦPSII of unexposed control 
algae to be at least 0.250 and ΦPSII at a fixed concentration of atrazine (207 μg/L) to be 50 ± 10% 
of the negative control.71 Water samples were considered toxic if they caused ΦPSII inhibition 
>10% relative to the negative control, which was previously set as trigger value for this test.112

F and F’m values were corrected for background fluorescence before calculating ΦPSII. 
Outliers (>1.5 interquartile range) were excluded from the dataset. All data were checked for 
normality using a Shapiro-Wilk test. Differences between treatments with and without nutrients 
were tested with t-test or Mann-Whitney U test. To compare ΦPSII of the water sample with 
the corresponding control, inhibition of ΦPSII by water samples was tested using ANOVA 
with TukeyHSD post-hoc test when normally distributed, and Kruskal-Wallis with Nemenyi 
post-hoc test when not normally distributed. Statistical analyses for the herbicide screening 
were performed using RStudio statistical software (RStudio Team) with α = 0.05.

Chemical analysis

Water samples that caused a response in the PAM bioassay were subjected to chemical screening 
for 151 commonly used pesticides (Table S1) at the laboratory of the water board of Fryslân 
using liquid chromatography coupled to tandem mass spectrometry (LC-MS/MS), as well as 
gas chromatography coupled to mass spectrometry (GC–MS). Liquid chromatography (LC) 
was performed with untreated water samples on an Accela 1250 HPLC system (Thermo Fisher 
Scientific) equipped with a CTC autosampler. Chromatographic separation was performed on 
a Hypersil GOLD™ HPLC column (50 × 2.1 mm, 3 μm particle size, Thermo Fisher Scientific) 
preceded by a Hypersil GOLD aQ™ SPE column (20 × 2.1 mm, 12 μm particle size, Thermo 
Fisher Scientific) using a methanol/water system (Tables S2–4). Detection of compounds was 
performed on a TSQ Vantage triple quadrupole mass spectrometer (MS) equipped with an 
electrospray ionization source (Thermo Fisher Scientific). Target compounds were analysed in 
positive and negative modes. Identification of target compounds was based on selected reaction 
monitoring (SRM), and compound concentrations in the original samples were calculated 
based on multiple external standard calibrations. For gas chromatography (GC), compounds 
were extracted from water samples by liquid-liquid extraction using dichloromethane. Extracts 
were evaporated to 1 mL using a Kuderna-Danish concentrator under a constant flow of N2 
gas. Extracts were then analysed in duplicate by GC on a Trace GC system (Thermo Fisher 
Scientific) fitted with a DB-5MS fused silica column (30 m × 0.25 mm, 0.25 μm film thickness, 
J&W Scientific). Detection of compounds was performed on a dual stage quadrupole (DSQ) 
MS (Thermo Fisher Scientific) set to selected ion recording (SIR) mode. Identification of target 
compounds was based on retention time and three compound specific masses, one quantification 
mass and two masses for peak ratios, for confirmation of a compound. Identified compound 
concentrations in water samples were quantified with a five-point calibration curve, applying 
a correction for internal standard recovery for each compound of interest.
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Single compound toxicity

Based on chemical analysis of the water samples, compounds suspected to have caused 
the observed toxicity were identified and subjected to toxicity testing. To this purpose, toxicity of 
the herbicides linuron and dimethenamid and the herbicide metabolite desethylterbuthylazine 
to algal photosynthetic efficiency was determined using the PAM bioassay. All tested compounds 
were obtained from Sigma-Aldrich and stock solutions were made in acetone, protected from 
light and stored at 4 °C (CAS numbers and stock concentrations in Table S5). Working stocks 
were prepared by evaporation of the appropriate volume of concentrated acetone stock solutions 
in a fume hood, followed by dissolution in DSW under continuous stirring to obtain solvent free 
working stocks. Toxicity experiments were performed in DSW according to the abovementioned 
method described for the surface water toxicity experiment. There were six test concentrations 
per compound, within the ranges listed in Table 4.1. A positive atrazine control and a negative 
control in DSW were included as well. There were eight replicate measurements per test 
concentration. It was decided to only measure the actual concentrations of those compounds 
contributing significantly to the observed toxicity of the field samples, which was the case  
for linuron.

To determine the actual linuron concentrations in the test medium, water samples were taken 
at the end of the 4.5 h exposure period. Per test concentration, the medium from all replicates 
was pooled into a single sample and centrifuged at 1.4 × 104 rpm to dispose of suspended algae. 
Subsequently 1 mL of supernatant was combined with 0.5 mL methanol and stored at −20 °C 
awaiting analysis. Linuron concentrations in the supernatant were measured at the laboratory of 
the University of Amsterdam using a HPLC system (Prominence UFLC-XR, Shimadzu) coupled 
to a tandem mass spectrometer (QTRAP 4000, Applied Biosystems). Chromatographic details 
of linuron analysis are provided in the Supporting Information. Of each sample 10 μL was 
injected. Blanks and controls showed no signal of linuron. Only the highest test concentration 
(1.5 mg/L) and spiking stock solution (5 mg/L) required 10-fold dilution with 50% methanol/
DSW. The concentration of the stock solution was 101% of the nominal value, and the actual test 
concentrations were 82–90% of the nominal values (Table 4.1).

The log-logistic dose-response model described by  Haanstra et al. (1985)126  was used to 
determine the 50% reduction (EC50) in ΦPSII by the single compounds, and was calculated 
as y = c / (1 + eb(log(x)−log(a))), where y is the ΦPSII, x is the concentration of the toxicant (μg/L), a is 
the EC50 value (μg/L), b is the slope of the curve and c is the ΦPSII of the control. EC50 values 
were calculated using SPSS statistical software (IBM SPSS Statistics 24).

RESULTS
Surface water toxicity

Water samples from 39 locations throughout The Netherlands were successfully screened for 
algal toxicity applying the short-term bioassay using PAM fluorometry. For these locations, 
the ΦPSII of unexposed control algae was always well above 0.25, and the ΦPSII of the positive 
control with atrazine was 50 ± 10% of the negative control, thereby meeting the validity criteria 
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set for this test.71 Addition of nutrients did not result in differences in ΦPSII of algae exposed 
to water samples (p = 0.31) nor controls (p = 0.57) (Figure S1). Therefore, only tests with added 
nutrients were selected for subsequent analyses to ensure minimum variation due to confounding 
factors present in the water samples. After 4.5 h of exposure to the field samples, the ΦPSII of 38 
locations remained within 10% deviation from the control, set as the trigger value for this test 
(Figure 4.2).112 The response of the algae to surface water from only one location, Sexbierum, 
strongly exceeded the bioassay trigger value, with a ΦPSII of 56% of the corresponding control 
(Figure 4.2). Subsequently, water samples from this location were subjected to chemical analyses 
and water samples were repeatedly collected from the same location during the three following 
weeks, to monitor the development of the observed effect over time.

Pesticide screening of surface water samples

The Sexbierum sample was chemically analysed for the presence of 151 commonly used 
pesticides. Two herbicides were present in concentrations exceeding the corresponding 
environmental quality standard (EQS) as stated by the Dutch National Institute for Public 
Health and the Environment (RIVM). The PSII inhibitor linuron exceeded the annual average 
EQS (AA-EQS) 188 times and the maximum acceptable concentration (MAC-EQS) 110 
times. The long-chain fatty acid inhibitor dimethenamid exceeded the AA-EQS 28 times and 
the MAC-EQS 2.3 times (Table 4.1). For herbicide metabolites, no EQS existed at the time of 
sampling, but desethylterbuthylazine exceeded by 50 times the indicated maximum acceptable 
risk (MAR) concentration as stated by the RIVM and was hence included in subsequent toxicity 
determination. However, it was present below the EQS concentrations that in the meantime 
became available (Table 4.1). Desethylterbuthylazine is a metabolite of the PSII inhibitor 

Figure 4.2. Average (n = 6) ΦPSII (% of control) of R. subcapitata after 4.5 h of exposure to surface water 

samples from 39 field sites. Error bars represent standard deviation. Dashed lines represent the 10% deviation 

from the control which was set as trigger value for this test.
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terbuthylazine (present at 0.03 μg/L in the initial sample), used extensively in The Netherlands 
as the replacement product for the EU-wide banned herbicide atrazine, which is used as 
a positive control in the present study.

Additional water samples were taken at the Sexbierum location three times in the three weeks 
following the toxicity identification (7, 10 and 23 days after initial sampling) and were subjected 
to the PAM bioassay as well as chemical analyses (Figure 4.3 and Table S6). The concentrations 
of the three compounds that exceeded the quality standards in the initial sample all decreased 
over time (Figure 4.3). Desethylterbuthylazine was present above the MAR concentration 
in all but the last sample, in which it was not detected. Dimethenamid exceeded the EQS in 
the first two samples and was present below the EQS in the last two samples. The linuron 
concentration exceeded the EQS in all samples, however the exceedance decreased notably 
over time. Corresponding to the decreasing compound concentrations and quality standard 
exceedances, the negative effect of the water samples in the PAM bioassay also decreased over 
time. Nonetheless, the bioassay response to the last water sample still exceeded the trigger value, 
hence still indicating surface water toxicity to algae at the Sexbierum location three weeks after 
the initial toxicity identification.

Figure 4.3. Average (n = 6) ΦPSII (% of control ± st. dev; black squares) of R. subcapitata after 4.5 h 

of exposure to water samples taken over a period of three weeks from the Sexbierum location with 

corresponding concentrations of the herbicides linuron (green dots) and dimethenamid (red inverted 

pyramids) and the herbicide metabolite desethylterbuthylazine (desethyl-TBA; blue pyramids) in μg/L.
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Single compound toxicity

To investigate the contribution of the three compounds present at concentrations above 
the quality standards to the toxicity observed in the surface water samples, they were subjected 
to single compound  toxicity tests. Dimethenamid caused no toxicity at the highest test 
concentration (1000 μg/L), far exceeding the concentration measured in the field (3.7 μg/L) 
(Table 4.1). Hence, contribution of dimethenamid to the observed toxicity was negligible. 
For desethylterbuthylazine a clear  dose-response relationship  was obtained (Figure 4.4a), 
from which the EC50  was calculated to be 445 μg/L (95% C.I. 305.0–585.6). However, as 
the desethylterbuthylazine concentration in the initial surface water sample was only 0.12 μg/L, 
the contribution of desethylterbuthylazine to the toxicity observed in surface water samples was 
negligible. Indeed, when the ECX  for this concentration was calculated using the log-logistic 
dose-response model this resulted in <0.1% inhibition of photosynthetic efficiency and thus in 
no exceedance of the trigger value of the test.

Also for linuron a clear dose-response relationship was obtained (Figure 4.4b), from which 
the EC50, based on actual concentrations in the medium, was calculated to be 32.3 μg/L (95% 
C.I. 21.6–43.0). Hence, as the linuron concentration in the initial surface water sample was 
32 μg/L and the corresponding ΦPSII 56%, the field concentration of linuron fully explained 
the toxicity observed in the surface water sample. Moreover, the toxicity observed in the samples 
taken in the weeks subsequent to the initial sample was also fully attributable to the linuron field 
concentrations. The contribution of linuron to ΦPSII inhibition in the samples is illustrated 
by plotting the bioassay response observed at the respective field concentrations in the dose-
response graph in Figure 4.4b.

DISCUSSION
The present study aimed to employ an algal photosynthesis bioassay to identify surface water 
toxicity to algae, and subsequently identify the causing compound(s), on a nationwide scale. 
Surface water from 39 field locations was tested, and toxicity was observed at only one location. 
Chemical screening for 151 commonly applied pesticides identified three suspect compounds 
with herbicide activity that were present in the water sample above their respective quality 
standards, hence identifying risk of herbicides at this location. The toxicity of these compounds 
was elucidated in single compound toxicity tests, and their respective contribution to the observed 
toxicity in the sample was determined. One of the tested herbicides, dimethenamid, did not 
cause toxicity in the tested concentration range. The lack of a response in the PAM bioassay 
to dimethenamid, despite its presence above the EQS concentration, may be attributable to its 
mode of action as a long-chain fatty acid inhibitor. As this herbicide does not directly target 
PSII, it is expected that a response on PSII efficiency is limited, especially within the short 
exposure time of 4.5 h applied in the present study. Dimethenamid is, however, expected to 
cause a long-term effect on microalgal health.127 Such an effect may be elucidated in a longer 
exposure growth test.116 The herbicide metabolite desethylterbuthylazine did cause toxicity in 
the PAM bioassay, however the effect of the field concentration was negligible, which implies 
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Figure 4.4. Acute (4.5 h) effect of desethylterbuthylazine (a) and linuron (b) on photosynthetic efficiency 

of R. subcapitata. Open circles represent average (n = 8) ΦPSII (% of control ± st. dev), the line represents 

the fitted log-logistic dose-response model, the red square the calculated EC50 value with 95% C.I., 

and the green diamonds represent ΦPSII (% of control ± st. dev) from field samples with corresponding  

compound concentrations.

that desethylterbuthylazine also did not contribute to the toxicity observed in the field sample. 
Contrastingly, the field concentration of the herbicide linuron, which was present at 110 times its 
MAC-EQS concentration, was shown to be solely and fully responsible for the toxicity observed 
in the field sample. Moreover, toxicity observed in samples at the same location taken in the weeks 
following the first identification of herbicide risk could also be fully explained by the linuron 
concentration. The success of attributing toxic effects to detected compounds in bioassays with 
field samples largely depends on the endpoint specificity of the applied bioassay.31,44,48 Adequate 
selection of bioassays employed in water quality monitoring can thus greatly aid in narrowing 
down the identification of compound(s) that cause environmental risks. Bioassays targeting 
PSII inhibition by herbicides are more often successful in explaining a majority of effects, most 
likely due to the specific mode of action of most herbicides and the sensitivity of PSII inhibition 
as an endpoint.10 Nonetheless, the full attribution of field sample toxicity to only one responsible 
compound as presented in the current study is very rare. Quite likely, a concentration that 
exceeds the EQS so dramatically as linuron did in the present study is caused by a spill or 
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incident. Although the sampled water lies alongside potato fields, regular application of linuron 
could not have resulted in such elevated concentrations in the surface water. The continued 
concordance of the decreasing PSII inhibition with decreasing linuron concentrations over 
the following 3-week period demonstrates the consistency of the PAM bioassay and chemical 
analysis. Considering the reported aerobic soil half-life of 22 days for linuron,128 the decreasing 
field concentrations may indicate a single contamination event that could have impacted PSII 
functioning in exposed biota for another several weeks in this case. Yet, occasional traditional 
grab sampling will only rarely capture such instances of elevated herbicide levels. Alternatively, 
passive sampling strategies can concentrate water samples over longer periods of continued 
field exposure and incorporate compound fluctuations over time, thereby lowering detection 
limits and leading to more frequent detection of ecotoxicological risks (Jones et al. 2015).49 
The combination of passive sampling and effect monitoring has recently been successfully 
applied,14,48 also specifically with PSII inhibition bioassays,112,129 and is hence recommended for 
future application of the present PAM bioassay.

The presence of a herbicide at 110 times the MAC-EQS concentration will evidently cause 
a trigger value exceedance of the PAM bioassay (>10% reduced ΦPSII), as was demonstrated 
in the present study. This raises the question at which herbicide concentration the trigger value 
of the here applied PAM bioassay is exceeded. To answer this question, the log-logistic dose-
response model by Haanstra et al. (1985)126 can be applied to calculate at which compound 
concentration the effect level will exceed the trigger value of the test. This way, the trigger value 
concentration (>10% reduced ΦPSII) for linuron was calculated to be 1.2 μg/L (EC10 in Table 
1), which is approximately 4 times the MAC-EQS and 7 times the AA-EQS concentration. 
The value of 1.2 μg/L lies very close to the previously defined chronic no observed effect 
concentration for linuron of 0.5 μg/L which was used for EQS determination,130,131 meaning 
that the present PAM bioassay would identify toxicity at similar levels of linuron as previously 
described to have no chronic effect on primary producers. For desethylterbuthylazine the EC10 
was calculated to be 14 μg/L, which lies between the MAC-EQS and AA-EQS for this compound 
(Table 4.1). These findings indicate that the here applied PAM bioassay is sensitive comparable 
to previously applied chronic primary producer bioassays used to study the harmful effects of 
PSII inhibiting herbicides like linuron, while it is notably easier to perform and requires a much 
shorter exposure time.

To support the wide application of PAM bioassays in surface water toxicity screening, 
investigations into the current limitations and future challenges of this approach are necessary. 
Presently, the detection limit of the PAM assay was 4 times the EQS. The applicability of this assay 
as a tool in routine monitoring of herbicide risk to primary producers would require an increase 
in sensitivity of the assay to a detection limit at or below the quality standards of herbicides. Only 
this way, the absence of toxicity would indeed ensure the absence of herbicide risk. Moreover, 
toxic effects of non PSII inhibiting herbicides may be overlooked, and the sensitivity of the test 
to a wider variety of herbicides should be investigated. Nonetheless, it is concluded that PSII 
inhibition bioassays applying PAM fluorometry are a rapid, high throughput and sensitive tool 
in screening surface water toxicity to algae.
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Previous research by Sjollema et al. (2014)71 did not identify hazardous field concentrations 
of herbicides at several coastal and estuarine locations in The Netherlands, and in their study 
only concentrated samples induced PSII inhibition. This lack of effect can likely be explained by 
the distance and dilution from the pollution source to the studied marine locations. The present 
study revealed that surface waters in closer proximity to agricultural lands can be at risk from 
herbicides, although this was only identified at one of 39 study sites, indicating no extensive 
toxicity to algae at the selected locations at the time of the screening. Contrastingly, studies in 
Southern European countries have recorded herbicide concentrations in surface waters often 
exceeding quality standards,132–135 even at levels that would result in a potential affected fraction 
of approximately half the algal species in sensitivity distributions.136,137 Hence, there seems 
to be an influence of country or area specific dilution and prevailing agricultural practice on 
the likeliness of herbicide risk in surface waters.

Our test setup enabled a countrywide screening of surface water toxicity to algae and resulted 
in identification of herbicide risk and confirmation of the responsible compound at a location 
with observed herbicide toxicity. This compound, linuron, is not present on the priority 
substances list of the EU-WFD. Thus, applying the algal photosynthesis bioassay may avoid 
redundant chemical analyses at locations without toxicity to algae, while simultaneously 
identifying the presence of hazardous compounds that would be overlooked by routine chemical 
WFD monitoring.

PERSPECTIVES
Following from the observations presented in this study, it is relevant to consider the future 
development of bioanalytical tools and their employment in environmental risk assessment. 
Compared to traditional chemical target analysis, the use of bioanalytical tools offers several 
advantages when applied as a screening tool in regular monitoring strategies. Chemical 
analyses allow for direct comparison of surface water concentrations to priority substance-
based legal guidelines, however, there are restraints to this approach that limit the reliability 
of the ensuing risk assessment. Priority substances lists are not representative of present day 
contamination, and chemical analyses overlook bioavailability and mixture toxicity.37–39,41,43 
Hence, low concentrations or absence of priority substances do not guarantee the absence of 
ecotoxicological risks. In contrast, bioanalytical tools incorporate bioavailability and mixture 
toxicity of all substances, including metabolites and unknown compounds.35,45 There is still 
a lack of a generally accepted classification for bioanalytical tools that can be applied in regular 
monitoring frameworks, however in recent years valuable research efforts have been made to 
develop classifications, in the form of effect-based trigger values, that allow for standardised 
environmental risk assessment.21,30,138 Hence, although effect monitoring is still limited by the low 
substance specificity, which complicates identification of compounds causing adverse effects, its 
advantages far outweigh its disadvantages. Effect monitoring can be achieved with a limited 
number of assays, allowing cost-effective risk assessment, where the absence of observed effects 
reliably guarantees the absence of ecotoxicological risks. This in turn permits water authorities 
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to invest money where it matters most: identification of compounds causing adverse effects at 
locations with indicated ecotoxicological risks, as was demonstrated in the present study. Hence, 
the surface water toxicity screening and subsequent herbicide risk assessment advocated here 
can offer significant advantages to water authorities. Such tools, that permit the analysis of tens 
to hundreds of samples on a single day, can readily be integrated in a bioassay battery employed 
in effect-based monitoring programs. The simplicity of this approach makes upscaling to region- 
or countrywide screening of herbicide risk in surface waters feasible. This not only applies to 
small countries like The Netherlands, but also makes it decidedly fit for application in large 
nations in which monitoring programs require an even higher throughput capacity. Hence, it is 
evident that there is an important place for fluorescence based algal bioassays specifically, and 
effect-based tools in general in future water quality monitoring.

SUPPORTING INFORMATION
The supporting information to this chapter is available online at:
https://doi.org/10.1016/j.scitotenv.2018.07.214
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ABSTRACT
Sediments play an essential role in the functioning of aquatic ecosystems but simultaneously 
retain harmful compounds. However, sediment quality assessment methods that consider 
the risks caused by the combined action of all sediment-associated contaminants to benthic biota 
are still underrepresented in water quality assessment strategies. Significant advancements have 
been made in the application of effect-based methods, but methodological improvements can 
still advance sediment risk assessment. The present study aimed to explore such improvements 
by integrating effect-monitoring and chemical profiling of sediment contamination. To this 
end, 28 day life cycle bioassays with Chironomus riparius using intact whole sediment cores 
from contaminated sites were performed in tandem with explorative chemical profiling of 
bioavailable concentrations of groups of legacy and emerging sediment contaminants to 
investigate ecotoxicological risks to benthic biota. All contaminated sediments caused effects 
on the resilient midge C. riparius, stressing that sediment contamination is ubiquitous and 
potentially harmful to aquatic ecosystems. However, bioassay responses were not in line with 
any of the calculated toxicity indices, suggesting that toxicity was caused by unmeasured 
compounds. Hence, this study underlines the relevance of effect-based sediment quality 
assessment and provides smarter ways to do so. 
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INTRODUCTION
Sediments play an indispensable role in the functioning of aquatic ecosystems because benthic 
organisms drive ecosystem processes supporting biogeochemical cycling and therewith 
the entire aquatic food web.139 Simultaneously, sediments are also the largest chemical 
repositories on earth, where harmful, often persistent hydrophobic compounds accumulate 
and are retained long after the pollution of the overlying water has decreased.26 The vast 
variety of these sediment-associated contaminants may exert harmful effects on the benthic 
community and can thereby impair ecosystem functioning.26,140 Despite this apparent threat to 
aquatic ecosystems, the European Union Water Framework Directive (EU-WFD)36 mentions 
water on 373 occasions, but sediment only seven times, and does not require the member states 
to monitor sediment quality.27 When performed at all, water authorities most often monitor 
sediment quality by means of chemical target analysis, focusing on only a limited set of specific 
compounds, potentially overlooking ecotoxicological risks caused by the myriad of (un)
known mixtures of sediment-associated compounds.141 Therefore, there is a need for integrated 
sediment quality assessment methods that consider the risks caused by the combined action of 
all sediment-associated contaminants to benthic biota.

In recent years, significant advancements have been made in the application of effect-
based methods and subsequent risk assessment in environmental quality monitoring.11,79,86,88 
For sediments, particular attention has been given to the integration of toxicity identification 
evaluation (TIE) and effect-directed analysis (EDA).28 The integration of TIE and EDA presents 
promising initial steps in toxicant identification in the quality assessment of contaminated 
sediments.29,142 Nonetheless, further developments of the methods that are currently used offer 
opportunities for improved understanding of sediment contamination and the accompanying 
risks to benthic biota.

The importance of bioavailability-based toxicity assessment was recently highlighted, 
as it allows a much more relevant representation of the exposure of benthic invertebrates to 
contaminants.142,143 Moreover, the concentrations obtained this way allow for subsequent 
comparison with environmental quality standards or effect concentrations for the water phase, 
which are much more readily available for water than for sediments.144 A variety of methods 
for the determination of bioavailable contaminant concentrations in sediment has been 
described;143,145–148 however, the manipulation of sediments (e.g., sieving and homogenization) 
that is required for application in toxicity tests and especially for bioavailability-based extractions 
leads to altered sediment characteristics, affecting layering and pore water concentrations of 
contaminants,149 which can lead to over- or underestimation of sediment toxicity.150–153 Hence, 
the use of undisturbed sediments in laboratory toxicity testing mimics the natural situation most 
closely, increasing the realism of the sediment quality assessment. Similarly, the use of chronic 
life cycle bioassays mimics the exposure of organisms on relevant time scales, representing 
ecologically relevant endpoints, and should allow for a more realistic interpretation of sediment 
toxicity to benthic biota.
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The present study aimed to advance sediment quality assessment by combining invertebrate 
life cycle effect-monitoring and chemical profiling of sediment contamination to gain insight into 
the drivers of sediment toxicity to benthic biota. To this end, bioassays with intact whole sediment 
cores from contaminated sites were performed in tandem with explorative bioavailability-
based chemical profiling of groups of legacy and emerging sediment contaminants, followed 
by the calculation of the potential toxicity of the detected contaminants. Based on the results, 
considerations and recommendations on the integration of effect-monitoring and chemical 
profiling in future sediment quality assessment are given. 

MATERIALS AND METHODS
Outline of the Study

Sampling locations were selected in collaboration with the Dutch Water Authorities and 
subdivided into four categories according to the predominant surrounding land use or pollution 
source as follows: urban, waste water treatment plant (WWTP) effluent, agriculture, and 
reference. Urban sites were located in the city of Amsterdam and were identified as “chemical 
hotspots” requiring mitigation measures by the local water authority, based on high levels of 
polycyclic aromatic hydrocarbons (PAHs) and metals in the sediment (Table S1). WWTP sites 
received effluent from treatment plants from the cities Eindhoven, Hilversum, and Utrecht with 
a capacity of 120.000–750.000 inhabitant equivalents per day. Agricultural sites were located in 
areas with predominantly agricultural land use where a wide array of herbicides, insecticides, 
and fungicides is applied (Table S2). A site on the University of Amsterdam Science Park campus 
served as the reference location.

To assess the toxicity of the sediments, 28 day life cycle whole sediment bioassays with 
the nonbiting midge  Chironomus riparius  were performed on the intact whole sediment 
cores. Survival, emergence after 28 d, and mean emergence time (EmT50) were monitored as 
endpoints.154,155  Standard 48 h  Daphnia magna  immobilization tests indicated no significant 
effects for simultaneous grab samples of the overlying water for all sampled locations (data  
not shown).

To elucidate the drivers of effects observed in the sediment bioassays, sediments were 
investigated for physical characteristics and chemical contamination [see Table S4 for compound 
properties and limits of quantification (LOQs)]. To this end, a selection of legacy and emerging 
sediment contaminants was made based on expected or indicative land use specific compounds.

Sediment pollution at the urban locations was expected to arise from metals and 
PAHs.156 Therefore, Al, As, Ag, Cd, Cr, Cu, Fe, Mn, Ni, Pb, Se, and Zn were selected representing 
the metals, while phenanthrene and pyrene were selected as model PAHs because they are 
representative of the presence and toxicity of complex PAH mixtures and because their pore 
water dissolved concentrations can be accurately quantified by passive samplers (see below).157

WWTP effluents typically contain large numbers of contaminants of emerging concern 
(CECs),158  including pharmaceuticals, illicit drugs, and personal care products and their 
metabolites.83  Five WWTP effluent marker compounds were selected, representing CECs 
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that accumulate in the sediment: the synthetic polycyclic musk fragrance HHCB (galaxolide, 
1,3,4,6,7,8-hexahydro-4,6,6,7,8,8-hexamethylcyclopenta-g-2-benzopyran), the nonionic 
surfactant precursor and metabolite nonylphenol, the antimicrobial agent triclosan and its 
metabolite methyl-triclosan, and the plastic precursor bisphenol A (BPA). These compounds 
were selected based on their common occurrence in WWTP effluents, high production volumes, 
persistence, and their tendencies to sorb to the sediment.159–162

Agricultural locations were expected to suffer most from pollution by pesticides used on 
the surrounding fields.70 Therefore, the sediments were subjected to chemical screening for 150 
commonly used pesticides (Table S4).

Metal concentrations were determined in total sediment extracts, after which freely dissolved 
pore water concentrations were calculated. Passive sampling with solid-phase microextraction 
(SPME) fibers was applied to determine pore water-equilibrated concentrations of the selected 
organic compounds. The obtained compound concentrations were thus representative of 
the bioavailable concentrations in the sediment143,146 and thereby directly relatable to the toxicity 
observed in the bioassays.163

To identify the compound-based ecotoxicological risks of the contaminated sediments, 
the potential toxicity of the detected sediment-pore water contaminant concentrations was 
calculated for each location using three well-established toxicity indices:

1.	 The exposure-activity ratio (EAR), based on bioactivity data for a wide variety of 
contaminants generated by the U.S. Environmental Protection Agency (USEPA)  
ToxCast program.164

2.	 The multisubstance potentially affected fraction (msPAF), based on species sensitivity 
distributions (SSDs) for multiple species and contaminant combinations.165

3.	 The toxic unit (TU),166  based on reported effect concentrations of the detected 
contaminants for a relevant species and endpoint.

Sampling Locations and Sample Collection

Sediment samples were collected at urban (n  = 5), WWTP (n  = 3), agriculture (n  = 3), and 
reference (n  = 1) locations in The Netherlands during March and April 2017 (Supporting 
Information 2). Each location was sampled on a single occasion, and intact whole sediment 
cores for the bioassays (n  = 5 for contaminated sites,  n  = 10 for the reference site) and for 
the physical and chemical analyses (n  = 5 for all sites) were collected using a sediment core 
sampler (UWITEC, Mondsee, Austria) loaded with acrylic tubes (l: 60 cm,  d: 6 cm). Cores 
were collected over a 20 m transect with at least 0.5 m distance between each core, which, given 
the sediment homogeneity of the heavily modified water bodies that were selected for this study, 
resulted in a representative sampling of each location. In the laboratory, the top 5.5 cm was 
transferred to small acrylic tubes (l: 15 cm, d: 6 cm) using a sediment core cutter (UWITEC). 
The top 5.5 cm was used to ensure sediment stability and a water-sediment ratio that allows 
sufficient volume for quality measurements in the overlying water. To eliminate indigenous 
fauna, cores were stored at −20 °C for at least 48 h before the start of the experiments. Sediment 
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cores were selected at random for subsequent analyses. For chemical profiling, the top 2 cm 
of the sediments was analyzed, as it is the zone that is inhabited by chironomids167  and thus 
representative of organism exposure to contaminants.

Physical Chemical Characterization of the Sediment

Particle size distribution, C/N ratio, and total organic carbon (TOC) content were determined 
for all sediments (see Supporting Information 4 for experimental details).

Whole Sediment Bioassays

Test Organism and Culturing Conditions

C. riparius  larvae originated from the University of Amsterdam in-house laboratory culture, 
which was kept at 20 ± 1 °C and a 16:8 h light/dark photoperiod. The culture was maintained 
in aquaria containing quartz sand overlaid with Dutch standard water (DSW).168 The culture 
was fed a mixture of Trouvit (Trouw, Fontaine-les-Vervins, France) and Tetraphyll (Tetrawerke, 
Melle, Germany) in a ratio 20:1. This mixture was also used as food for the whole  
sediment bioassays.

Sediment Preparation

Sediment cores were topped off with 125 mL of DSW and thawed for 24 h. In addition to testing 
a natural reference sediment (SP), a negative laboratory control was performed using artificial 
sediment according to OECD guideline 218169 with slight modifications168 containing 140 mg 
of food, representing 0.5 mg/larva/day food mixture for the entire duration of the experiment. 
The artificial sediment was sterilized by autoclaving and homogenized in glass bottles on a roller 
bank at 20 rpm for >24 h. Per acrylic tube, 260 g of artificial sediment was added, topped off 
with 125 mL of DSW, and left to settle for 24 h. All sediment cores were aerated throughout 
the experiment using glass Pasteur pipettes and compressed air. Aeration was turned on 24 h 
prior to the start of the experiment.

C. riparius 28 Day Life Cycle Whole Sediment Bioassays

The C. riparius 28 d life cycle whole sediment bioassays were performed with first instar larvae 
(<24 h) based on OECD guideline 218.169 There were five replicates for each contaminated site 
and 10 replicates for the reference site and the negative control to ensure sufficient quality 
control of the experiment. One core from the reference site was lost during the transfer from 
the tube to the small acrylic core. Ten larvae per replicate sediment core were added at the start 
of the experiment. On day 7 and 14, 17.5 mg of additional food was added, corresponding with 
0.25 mg food/larva/day for a period of 7 days. Demineralized water was added to compensate for 
water loss by evaporation. From day 14 onward, the sediment cores were covered with fine mesh 
gauze and checked daily for emerging midges, which were sexed and removed. At the end of 
the 28 d experiment, the sediments were sieved (350 μm) and the surviving larvae were counted. 
Dissolved oxygen concentration, conductivity, and pH were measured in the overlying water of 
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each core on day 1, 14, and 28 using a benchtop multimeter (HACH, Tiel, The Netherlands). 
The ammonium concentration was determined by analyzing 1 mL of filtered (0.2 μm pore size) 
overlying water of each core on an Autoanalyzer (San++, Skalar, Breda, The Netherlands). 
The number of surviving adults and larvae, the number of emerged adults, and the emergence 
time of the adults were monitored as endpoints.

Chemical Profiling

Metal Concentrations in Sediments and Pore Water

To determine the total metal concentrations in the sediments, ground and homogenized sediments 
were digested in a microwave with HNO3/HCl.170 From two replicate cores per location, 250 mg 
sample from the top 2 cm of the cores was used to extract metals (Supporting Information 3). 
Metal concentrations, as total concentration per sediment dry weight, were determined using an 
inductively coupled plasma mass spectrometer (Optima 8300; PerkinElmer). Freely dissolved 
metal concentrations were subsequently calculated using the SEDIAS tool,171 which considers 
the TOC content of the sediments to determine sediment-pore water partitioning coefficients 
for metals. This was possible for Cd, Cr, Cu, Ni, Pb, and Zn.

Passive Sampling with SPME Fibers

SPME fibers (Polymicro Technologies, Phoenix, AZ, USA) consisted of 200 m length glass 
fibers with an internal diameter of 108 μm and a 34.5 μm polyacrylate coating (coating volume 
15.4 μL/m). SPME fibers were wrapped in aluminum foil and cut in 4 cm pieces, sequentially 
cleaned in three solvents (acetonitrile, methanol, and a 1:1 ultrapure water/methanol mixture; 
J.T. Baker, Deventer, The Netherlands) for 30 min each and stored in ultrapure water until 
application. From one frozen sediment core per site, the top 2 cm of each core was removed 
after 24 h of thawing and homogenized. Three replicate 10 mL vials per core were filled with  
~5 g of wet sediment, three SPME fibers, and 5 mL of demineralized water. Three vials were 
filled with only ultrapure water and three SPME fibers as negative controls. The sediment 
slurries with SPME fibers were agitated for 28 d (pesticides and WWTP marker compounds) 
and 56 d (PAHs) on a roller mixer (20 rpm, Stuart SRT9; Cole-Parmer, Stone, UK) at 20 °C to 
ensure equilibrium partitioning with the sediment pore water.172 Next, fibers were cleaned using 
a wet tissue, cut into 1 cm pieces, and placed in 0.2 mL inserts in 1.5 mL high-performance 
liquid chromatography (HPLC) vials. Organic compounds were subsequently extracted from 
the fibers by the addition of solvents and agitation on a roller mixer for 1–3 h and stored at 
−20 °C until analysis. LC-grade acetonitrile (J.T. Baker) (200 μL) was used as the solvent for 
PAH, pesticide, and BPA analyses, and n-hexane (J.T. Baker) (150 μL) was used as the solvent 
for the other WWTP marker compounds. Chromatographic details for the analyses of organic 
contaminants are provided in Supporting Information 3 (Tables S5–S10).
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Polycyclic Aromatic Hydrocarbons

Phenanthrene and pyrene detection in acetonitrile SPME extracts was performed on a LC 
system with a fluorescence detector (Shimadzu, Kyoto, Japan).

WWTP Markers

For detection of HHCB, nonylphenol (mixture of isomers), triclosan, and methyl-triclosan, 
the hexane SPME extracts were analyzed by gas chromatography coupled to mass spectrometry 
(GC–MS) using a Finnigan Trace MS quadrupole MS (Thermo Fisher Scientific) set to selected 
ion monitoring mode.

For detection of BPA, acetonitrile SPME extracts were analyzed by LC coupled to tandem 
MS (LC–MS/MS) using electrospray ionization operating in negative mode coupled to a QTRAP 
4000 MS system (AB Sciex, MA, USA).

Pesticides

Acetonitrile SPME extracts were subjected to chemical screening for 150 commonly used 
pesticides at the laboratory of the water authority of Fryslân using LC–MS/MS and GC–MS, as 
previously described by de Baat et al. (2018).72

Deriving Concentrations of Organic Contaminants in the Sediment Pore Water

Quantified concentrations in the (diluted) SPME extracts were converted to concentrations 
in the SPME polymer phase (0.616 μL per 4 cm fiber). The fiber-water partition coefficient 
(Kfw) was used to calculate the sediment-pore water concentrations of the target compounds. 
The log Kfw values for phenanthrene and pyrene were 4.29 and 4.99, respectively.173 No Kfw values 
were available for the pesticides and the WWTP markers. Therefore,  Kfw  values for these 
compounds were estimated using their octanol–water partition coefficients (Kow) and  eq 
1,174 which describes the relationship between Kow and Kfw  for the polyacrylate fibers used in 
the present study.

Eq. 1: log Kfw = (log KOW - 0.33) / 0.90

Finally, the freely dissolved pore water concentrations were calculated assuming chemical 
equilibrium between the sediment solids, the slurry water, and the SPME polymer (eq 2).

Eq. 2: Caq,free = CSPME,equilibrium / Kfw

where Caq,free is the pore water concentration and CSPME,equilibrium is the concentration in the fiber.
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Data Analyses

A detailed description of the performed data analyses is provided in Supporting Information 5.  
In short, bioassay responses were compared between contaminated sites and the reference 
site (SP). Midge survival and emergence were tested for statistical differences using a Mann–
Whitney U test. The mean emergence time (EmT50), that is, the day at which 50% emergence 
occurred, was calculated separately for males and females according to a previously described 
protocol,175 and significant differences were checked using a one-way ANOVA with Dunnett’s 
multiple comparison post hoc test (p < 0.05).

Three previously described toxicity indices were calculated to determine the potential 
toxicity of the contaminant concentrations in the sediments. A cumulative EAR of the mixture 
of detected compounds (EARmixture) was calculated for each location by summing the EAR 
profiles of each of the compounds using the R package toxEval.11,176 For metals, no toxicity data 
were available within the USEPA ToxCast database177  at the time of writing, and these were 
hence excluded from EARmixture calculations. Toxic pressures of individual chemicals, expressed 
as PAFs, were derived using previously reported chronic NOEC SSDs.178  Subsequently, 
mixture toxic pressures, expressed as msPAF-NOEC, were derived assuming mixture toxicity 
according to the “mixed model” by De Zwart and Posthuma (2005).165 Cumulative TUs were 
calculated per location assuming response additivity, in which TU was defined as the ratio 
of the measured concentration of a given compound to its EC50  for  D. magna.166  Previously 
reported threshold values that indicate risks of chemical contamination in surface waters were 
applied to interpret the calculated compound-based toxicity indices (EARmixture = 1; msPAF = 5%;  
TU = 0.1).11,179,180 Bioassay responses were summarized in a toxicity index in which each location 
was attributed a point for the occurrence of lethal and sublethal effects, respectively.

RESULTS
Physical Chemical Sediment Characteristics

Sediment characteristics varied among the different sediments (Table S12), but no land use 
related pattern in particle size distribution, TOC content, and C/N ratio became apparent 
(Supporting Information 4).

Sediment Toxicity

Quality Criteria

All quality parameters were in accordance with OECD guideline 218, except for the oxygen 
concentrations in two cores which were excluded from subsequent analyses (Table S15). 
The results of the 28 d life cycle whole sediment bioassays with  C. riparius  are depicted 
in Figure 5.1. Survival and emergence in the negative control were 93 and 92%, respectively. 
There was no significant difference in survival and emergence between the negative control and 
the field reference site (SP).
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Survival

For all urban sites, survival was slightly but not significantly (p > 0.05) lower (70–86%) than 
that for the reference site (SP). Survival on the WWTP sediments (47.5–52.5%) was significantly 
(p < 0.05) lower than that on the reference sediment (SP). The agricultural sediment from BW 
did not significantly (p > 0.05) impact midge survival (76%). In contrast, the sediments from 
agricultural sites WL and SX impacted midge survival significantly (p < 0.05) and most strongly, 
with only 38 and 34% survival, respectively.

Emergence

In contrast to survival, adult emergence for urban sites (46–64%) was significantly (p < 0.05) lower 
than that for the reference site (SP), indicating a reduced larval development rate. Emergence 
for WWTP sites was significantly (p < 0.05) lower (48–53%) than that for the reference site (SP), 
yet this was attributable to the low survival. Emergence for the agricultural site BW (72%) was 
significantly (p < 0.05) lower than that for the reference site (SP) but higher than on all other 
contaminated sediments. Almost all surviving midges on the WL and SX agricultural sediments 
emerged (30 and 34%, respectively).

Emergence Time

As an example of cumulative emergence data, EmT50 curves for both genders on the reference 
sediment are shown in Figure S2. The EmT50 values on the artificial and the reference sediment 
(SP) were 17.2 and 19.1 days, respectively, for female midges and 16.4 and 17.9 days, respectively, 

Figure 5.1. Survival (dark bars) and emergence (light bars) (mean ± SE; % of initial individuals) of  C. 

riparius after 28 d exposure to whole sediment cores from reference (blue), urban (red), WWTP (orange), and 

agricultural (green) sites. Significant differences between mean values of the reference (SP) vs contaminated 

sites are shown, where α indicates a difference in survival and β indicates a difference in emergence, and 

significance levels for α and β are indicated as * = p < 0.05 and ** = p < 0.01.
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for male midges (Figure  5.2). For both genders, all EmT50  values differed significantly from 
the reference site (SP), except for males for WWTP location HI. The EmT50 values for the urban 
sites were higher than those for the reference site (SP), indicating delayed midge emergence on 
urban sediments. In contrast, EmT50 values on the WWTP sediments were lower than those on 
the reference sediment (SP), indicating accelerated emergence. The EmT50 values for the WWTP 
location HI were the lowest (17.2 days for females and 16.0 days for males) of all field sediments 
and were nearly identical to the EmT50 values of the artificial sediment. Agricultural sediments 
affected EmT50 values differentially. The sediment from BW and WL caused delayed emergence 
(22.0 and 20.0 days, respectively, for females and 19.0 and 19.8 days, respectively, for males), 
and the sediment from location SX caused accelerated emergence (18.3 days for females and 
16.7 days for males).

Chemical Profiling

Quality Criteria

The LOQs (analytical and corresponding dissolved field concentration) of the compounds 
targeted in the chemical profiling are reported in  Table S4. SPME measurement reliability 
and reproducibility were deemed sufficient for chemical profiling purposes (Supporting  
Information 3). Blank SPME signals of the target analytes were below LOQs, and the artificial 
sediment showed no signal except for low freely dissolved concentrations of the organic 
contaminants BPA and nonylphenol and the metals Cr, Cu, Pb, and Zn (Table S11).
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Figure 5.2. Mean (±SE) 50% emergence time in days (EmT
50

) of C. riparius females (solid icons) and males 

(open icons) after 28 d exposure to whole sediment cores from reference (blue squares), urban (red 

pyramids), WWTP (orange circles), and agricultural (green diamonds) sites. The horizontal line represents 

the EmT
50

 value of the reference sediment for females (solid) and males (dashed), to which all locations were 

compared. Significance is indicated as **p < 0.01 and ***p < 0.001.
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Detected Contaminants

An overview of the detected freely dissolved contaminant concentrations is depicted as 
a heat map in  Figure  5.3. As, Ag, and Se were not detected in any of the sediments. Freely 
dissolved sediment concentrations of Cd, Cr, Cu, Ni, Pb, and Zn differed between locations. 
Phenanthrene and pyrene, four of the WWTP markers, and 14 of the target pesticides were 
detected in the sediment from one or more locations. Metals were detected most frequently 
and at the highest concentrations for urban locations. PAHs were present in all land use types, 
but the highest pore water dissolved concentrations were detected for the urban locations WK 
(phenanthrene 22.2 μg/L, pyrene 2.4 μg/L) and BG (phenanthrene 42.4 μg/L, pyrene 6.3 μg/L). 
WWTP markers were detected for all sampling sites but more frequently and at higher freely 

Figure 5.3. Heat map depicting freely dissolved contaminant concentrations and toxicity indices for 

sediments from sites with different land uses.
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dissolved concentrations for WWTP sites. HHCB was detected for all WWTP locations (HI 40 
ng/L; EI 10 ng/L; UT 50 ng/L). Triclosan was detected for two of the three WWTP locations 
(HI 2.9 μg/L; UT 2.4 μg/L). HHCB and triclosan were not detected in sediments from other 
land uses. BPA and nonylphenol were present at most of the investigated locations but at higher 
concentrations in WWTP sediments (HI 0.7 and 0.3 μg/L; EI 0.9 and 0.2 μg/L; and UT 0.9 and 
0.4 μg/L, respectively), except for nonylphenol for the urban location OBV (1.1 μg/L). Traces 
of the herbicides prosulfocarb and triallate were detected in nearly all field sediments, but 
a higher diversity and higher freely dissolved concentrations of pesticides were detected for 
the agricultural sites. For WL, the fungicide boscalid (2.6 μg/L) and the pesticide esfenvalerate 
(2.9 ng/L) were detected. For SX, the fungicides azoxystrobin (4.8 μg/L), boscalid (1.1 μg/L), and 
fluopicolide (1.1 μg/L) and the insecticide λ-cyhalothrin (0.04 ng/L) were detected. For the third 
agricultural location BW, only the systemic fungicide flutolanil was found at a relatively high 
concentration of 0.3 μg/L.

Toxicity Indices

A wide range of values was calculated for the EAR (0.06–2.3), msPAF (0.7–74.5%), and TU 
(0.05–2.7) toxicity indices (Figure 5.3 and Table S11). The top contributing contaminants differed 
between the toxicity indices yet were very similar for the different locations within an index. 
The EAR was dominated by toxicity of BPA, msPAF by nonylphenol, and TU by Cu. A detailed 
overview per location and index is given in Table S14. The highest EARmixture value was found 
for the WWTP location UT (2.3) and the lowest was found for the urban location WK (0.06). 
The EARmixture threshold value (≥1) was met or exceeded by sediments from the urban location 
WD; WWTP locations HI, EI, and UT; and the agricultural location WL. The highest msPAF 
value was found for the urban location BG (74.5%) and the lowest was found for the agricultural 
location BW (0.7%). The msPAF threshold value (5%) was exceeded by all but the agricultural 
location BW. The highest TU value was found for the urban location BG (2.7) and the lowest was 
found for the reference location SP (0.05). For TU, the threshold value (0.1) was exceeded by all 
locations except the agricultural location BW and the reference location SP. The bioassay-based 
toxicity index, as it followed directly from the (sub)lethal bioassay responses, was the highest for 
all WWTP locations and the agricultural locations WL and SX and the lowest for the reference 
location SP. Thus, the toxicity indices produced a divergent outcome for potential toxicity based 
on the detected compound concentrations, which in turn was different from the outcome of 
the bioassays.

DISCUSSION
All contaminated sediments caused lethal and/or sublethal effects on the midge  C. riparius, 
a species that is relatively resilient to sediment contamination.181,182  Contrastingly, acute 
bioassays with the sensitive invertebrate  D. magna  elucidated no toxicity in the overlying 
water at the same locations. This illustrates the severity of sediment contamination, present at 
a variety of locations with different pollution sources, on benthic invertebrates. No relationship 
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between TOC, C/N ratio, or particle size distribution and bioassay responses was observed, 
and the addition of food ensured that differences in the nutritional quality of the sediments did 
not affect bioassay responses. Hence, the clear differences in toxic effects could be attributed to 
the chemical profiles of the investigated sediments.

Intact Sediment Cores Can Simulate Realistic Contaminant Exposure

The need to improve the accuracy of ecological risk assessment, especially with regard to 
sediment manipulation before use in toxicity testing, was recently highlighted.153 In the present 
study, the traditionally performed sediment manipulation was minimized because the use of 
intact whole sediment cores maintained natural layering and thereby contaminant availability 
in the sediments. As the upper centimeters of freshwater sediments are occupied by benthic 
organisms that live on top of and in the layered sediment,139,183 a realistic exposure of the test 
species to sediment contamination was achieved in the present study. The presently described 
methods thus introduce increased realism into toxicity assessment, while they do not present 
increased infrastructural demands compared to the use of manipulated sediments.

Life Cycle Bioassays Can Accommodate Sensitive Quality Assessment

The use of the life cycle bioassays allowed the measurement of lethal and sublethal endpoints in 
a chronic exposure scenario and differences in effects between the different land uses became 
more distinct with increasing endpoint sensitivity (survival < emergence < EmT50). This illustrates 
the benefit of the inclusion of sensitive sublethal endpoints in effect-based sediment quality 
assessment, especially when the endpoints are indicative of stress responses that directly relate 
to the population level.184 Responses to toxic compounds can, however, vary greatly between 
benthic species185,186  and the risk that contaminated sediments pose to benthic communities 
can be over- or underestimated if only one test organism is used. For example, chironomids are 
relatively resilient to chemical contamination,187  and sediment bioassays with more sensitive 
species may elucidate toxicity at lower compound concentrations or for other toxic modes of 
action. Therefore, in line with Tuikka et al. (2011),186  the use of additional test organisms is 
recommended. In an ideal situation, a suite of life cycle bioassays would be used as a powerful tool 
in the interpretation of a wide variety of ecologically relevant effects of sediment contamination. 
However, the high resolution of life cycle bioassays comes at a significant cost of time and 
labor intensity, making their regular implication in monitoring strategies less likely. Therefore, 
the development of simplified shorter bioassays could represent a valuable advancement in 
effect-based sediment quality assessment, provided that they will allow the determination of 
equally sensitive or more sensitive endpoints and maintain realistic exposure to the full pollution 
spectrum. Candidate endpoints include biomarkers for specific oxidative, neuronal, and energy 
metabolism stress that were shown to sensitively elucidate responses in C. riparius after 48 h 
at lower effect concentrations than responses in larval development and emergence after 28 
d.188  Additionally, molecular endpoints such as stress-related gene expression can be used to 
demonstrate responses of chironomids at the cellular level,189 which can be observed on time 
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scales from hours to days. These cellular or molecular responses may provide test setups 
that can more readily be implemented in sediment quality assessment because of their lower 
infrastructural demands, but they are more difficult to extrapolate to population-level effects 
and still come at possibly high operational costs. Hence, given the more realistic interpretation 
of sediment toxicity to benthic biota that life cycle bioassays offer, their value in regular sediment 
quality assessment, especially compared to the traditional approaches based only on compound 
concentrations, should not be underestimated despite their high infrastructural demands.

Bioavailable Contaminant Concentrations Support Realistic Risk Interpretation

The use of total sediment concentrations can lead to misinterpretation of the contaminant exposure 
that aquatic invertebrates actually experience, as the organic carbon content of the sediment 
can influence the bioavailability of sediment-associated contaminants.142,143,147 Therefore, freely 
dissolved concentrations for metals were estimated based on the TOC content of the sediments. 
Although this approach presented an estimation of the bioavailable metal concentrations, 
ideally these should be determined directly by bioaccessibility-based extraction methods.148 For 
metals, this can, for example, be achieved by means of diffusive gradient in thin films,190 which 
is hence recommended for future sediment quality assessment. For organic compounds, 
passive sampling with SPME fibers was applied to measure freely dissolved concentrations of 
organic contaminants in the investigated sediments. The use of SPME in sediment chemical 
profiling had several advantages: (i) SPME material availability and cost, (ii) ease of use in 
terms of method simplicity and scale, (iii) the measurement consistency and reliability, and (iv) 
the availability of a validated method to calculate freely dissolved concentrations for a broad 
diversity of chemicals from concentrations in the SPME polymer phase.174 The most prominent 
disadvantage of SPME in sediment passive sampling applications is the limited sorption capacity 
of the polymer phase. This limits the contaminant concentrations that can be obtained in SPME 
extracts, resulting in analytical detection limits that may exceed (sublethal) effect concentrations 
of highly toxic compounds (Table S4). Moreover, the small extract volumes that are obtained 
with SPME limit subsequent application in explorative analytical methods such as EDA,23 or 
the recently proposed integration of TIE and EDA, that can greatly aid in diagnosing drivers of 
toxicity in sediments.142 Alternatively, polymeric materials with a higher sorption capacity for 
organic compounds, such as XAD resin142 or sheets made of silicone rubber, polyoxymethylene 
or polyethylene,143 allow for large-volume bioaccessibility-based extraction of sediment-related 
contaminants. Additionally, because of the frequently acidic or basic nature of pharmaceuticals 
and pesticides, the application of ion-exchange polymers alongside polymers that target neutral 
organic compounds can improve the passive sampling of strongly sorbing but still predominantly 
charged compounds from sediments. An additional advantage of the use of polymers is their 
potential application in passive-dosing setups191 that can aid the integration of EDA and TIE for 
sediment quality assessment by allowing for high throughput determination of bioavailability-
based in vivo and in vitro endpoints.20
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The determination of the bioavailable toxicant concentrations in the present study 
allowed a more accurate representation of the exposure of benthic invertebrates to organic 
contaminants.143,163 Because toxic effect concentrations are much more readily available for water 
than for sediments,144 the concentrations obtained this way allowed for subsequent calculation 
of toxicity indices originally designed for the water phase.

Toxicity Indices Fail to Predict Sediment Toxicity

EAR, msPAF, and TU approaches were used to determine the potential toxicity of the detected 
contaminant concentrations in the sediments. Low toxicity index scores coincided with low 
bioassay responses for the reference location SP (except msPAF) and the agricultural location 
BW, but for all other locations, such convergent outcomes of the compound- and effect-based 
approaches were not observed. The relatively clean chemical profile and corresponding low 
bioassay response for the agriculture location BW can be explained by its position in front of 
a pumping station where the water from the entire agricultural area is collected, which leads 
to a more diluted pesticide loading to the sediment. The msPAF and TU indices responded 
most strongly for the urban locations, driven by the detected legacy contaminants, despite low 
bioassay responses. Contrastingly, the EAR responded most strongly for WWTP locations, 
strongly driven by WWTP markers, which is partly in line with the observed bioassay responses. 
It must be noted, however, that the lack of toxicity data for metals in the ToxCast database 
may have contributed to the relatively low EARmixture scores for the urban locations. Moreover, 
the TU calculations were based on toxicity data for D. magna, and species-specific sensitivities 
of C. riparius to the detected contaminants may have been over- or underestimated. This is also 
the case for the other toxicity indices, which are based on responses of a wide variety of either 
in vitro endpoints (EARmixture) or organisms (msPAF). As such, none of the used toxicity indices 
take species-specific sensitivity of  C. riparius  and the toxic mode of action of the detected 
contaminants into consideration, even though these very likely impacted bioassay responses.

Interestingly, all three contaminant concentration-based toxicity indices underestimated 
the toxicity for the agricultural locations WL and SX that showed the highest toxicity in 
the bioassays. Apparently, the bioassay responses were caused by contaminants that did 
not contribute strongly to the toxicity indices, or, more likely, were caused by unmeasured 
compounds. This illustrates that toxicity indices are strongly dependent on a priori selected 
compound lists, underlining the importance of careful selection of target compounds in 
chemical profiling.

Target Compound Lists Inevitably Lead to Misinterpretation of Ecotoxicological Risks

The present selection of target compounds was based on the expected pollutants at the sampling 
locations, originating from their main pollution sources. Land use-specific chemical profiles 
became apparent, with metals and PAHs predominantly present at urban locations, WWTP 
markers at WWTP locations, and pesticides at agricultural locations. In turn, land use-specific 
bioassay responses were observed, suggesting a correlation between the detected compounds 
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and the toxic effects. However, toxicity indices only partly explained the observed bioassay 
responses, suggesting that a broader selection of target compounds may have better explained 
the observed toxicity. This was previously shown to improve the explanatory power of toxicity 
indices,120 and the selection of target compounds for future chemical profiling can be customized 
to suit any type of sediment, pollution source, or compound (group) of interest. However, 
toxicity indices will always depend on target compound lists and will consequently overlook 
the risks of unmeasured or unknown contaminants. Hence, the use of only compound-based 
toxicity indices can result in misinterpretation of risks in sediment quality assessment.

Sediment: An Environmental Compartment of Concern

In spite of more strict water quality regulations coming into place and generally decreasing 
dissolved contaminant concentrations, this study underlines the continued and increasing 
relevance of sediment contamination to aquatic ecosystem health. Midge survival was less 
impacted for the urban sites, which contained the highest legacy contaminant concentrations, than 
for WWTP-impacted and agricultural sites, which contained relatively low legacy contaminant 
concentrations. This illustrates that sediment-associated pesticides and emerging contaminants 
related to sewage effluent pose an even more severe risk to benthic invertebrates than legacy 
contaminants. Sediment is not only a reservoir for poorly degradable legacy contaminants but 
also a sink for other strongly binding, poorly degradable pesticides and emerging contaminants. 
As long as the prioritization of hazardously contaminated sediments remains based only on 
legacy contaminants, many sediments that pose an even greater environmental risk will not be 
identified. As sediments can act as a source of contamination to the relatively clean overlying 
water,144 this underlines the importance of sediment as a vital environmental compartment in 
aquatic ecosystem health assessment.
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ABSTRACT
Legally-prescribed chemical monitoring is unfit for determining the pollution status of surface 
waters, and there is a need for improved assessment methods that consider the aggregated risk 
of all bioavailable micropollutants present in the aquatic environment. Therefore, the present 
study aimed to advance effect-based water quality assessment by implementing methodological 
improvements and to gain insight into contamination source-specific bioanalytical responses. 
Passive sampling of non-polar and polar organic compounds and metals was applied at 14 
surface water locations that were characterized by two major anthropogenic contamination 
sources, agriculture and WWTP effluent, as well as reference locations with a low expected 
impact from micropollutants. Departing from the experience gained in previous studies, 
a battery of 20 in vivo and in vitro bioassays was composed and subsequently exposed to 
the passive sampler extracts. Next, the bioanalytical responses were compared to effect-based 
trigger values to identify ecotoxicological risks. The bioanalytical assessment of the joint risks of 
metals and (non-)polar organic compounds resulted in the successful identification of pollution 
source-specific ecotoxicological risk profiles. Cumulative ecotoxicological risks were lowest for 
reference locations, followed by agriculture locations and the highest for WWTP locations, and 
were mainly driven by polar organic contaminants. It is concluded that the presently employed 
advanced effect-based methods can readily be applied in surface water quality assessment and 
that the integration of chemical- and effect-based monitoring approaches will foster future-
proof water quality assessment strategies on the road to a non-toxic environment.
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INTRODUCTION
Surface waters are contaminated with an increasing diversity of anthropogenic compounds, 
giving rise to the presence of complex contaminant mixtures that can cause serious harm to 
aquatic ecosystems.3,7,41 Legislations like the European Water Framework Directive (WFD)36 and 
the United States Clean Water Act (CWA)192 aim to protect surface waters from human impacts 
by the implementation of chemical and ecological water quality criteria. However, the separate 
interpretations of the chemical and ecological status of water bodies often yield divergent 
water quality management advice, which poses practical problems for the implementation of 
measures to protect surface waters from further degradation.6 As a result, there is a growing 
consensus among scientists and authorities that the methods currently used for chemical and 
ecological water quality assessment require a revision to obtain a more coherent and future-proof 
approach.79 Traditionally, chemical water quality is assessed by the monitoring of concentrations 
of a limited list of individual priority compounds. However, environmental concentrations 
of these compounds are decreasing, and consequently, currently identified risks to aquatic 
ecosystems are caused by complex mixtures of (un)known, unregulated and unmonitored 
compounds.25,87 Hence, the legally-prescribed strategies are unfit for the monitoring of 
chemical pollution of surface waters, and there is thus a need for improved assessment methods 
that consider the aggregated risk of all bioavailable micropollutants present in the aquatic 
environment. Consequently, there is an increasing interest in the use of bioanalytical tools 
in environmental quality assessment.30,46,87 Bioanalytical responses to environmental samples 
are caused by the combined action of all bioavailable mixtures of (un)known compounds and 
their metabolites present in the sample, thereby overcoming the limitations posed by chemical 
analysis of a limited number of target compounds.86

Effect-based strategies have been successful in the identification of ecotoxicological risks 
in surface waters and the ranking of locations based on these risks.11,14,15,48,88 Nonetheless, 
clear suggestions for further improvements of the applied methods were also made, including 
the addition of environmentally relevant compound groups and toxicity endpoints.88 Moreover, 
the complex and diluted pollution present at previously studied locations, often larger bodies 
of water like lakes and rivers, made it difficult to identify land use- and contamination source-
specific bioanalytical response profiles. A better understanding of contamination source-
specific response profiles can aid in the application of mitigation efforts following from effect-
based water quality assessment. Hence, refinement of the current methods and an improved 
interpretation of bioanalytical responses is recommended for the implementation of effect-based 
methods in regulatory frameworks like the CWA and the WFD.193 The present study aimed to 
advance effect-based water quality assessment by implementing methodological improvements 
and to gain insight into contamination source-specific bioanalytical responses. To this end, 
the presently applied monitoring strategy combined passive sampling, a battery of in vivo and 
in vitro bioassays and effect-based trigger values (EBTs) to screen for potential ecotoxicological 
risks in surface waters. 
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The methodological improvements explored here were the bioanalytical risk assessment of 
metals and the streamlining of previously used bioassay batteries to represent those endpoints 
most relevant to aquatic ecosystem health.88 Due to a strong focus on emerging organic 
contaminants, metals have only rarely been included in the combination of passive sampling 
and bioanalytical assessment of chemical surface water quality,82 despite their potential toxicity. 
Therefore, in the present study, bioanalytical risk assessment of metals was integrated with 
that of organic contaminants. Furthermore, to simultaneously investigate the increasing risk 
of polar compounds in aquatic ecosystems,85 the in vivo bioassays were performed not only on 
non-polar organic extracts, as in previous studies, but also on polar organic and metal extracts. 
The streamlining of the bioassay battery followed from the experience gained in previous 
studies88 and resulted in the exclusion of tests that were previously unresponsive in surface 
water quality assessment (GR CALUX, antibiotics waterSCAN and algal growth inhibition) 
and their replacement with relevant and responsive endpoints (anti-PR CALUX and algal  
photosynthetic inhibition).

Bioassay battery responses for the investigated locations were used to gain insight in 
contamination source-specific toxicity profiles and the potential risks they pose to aquatic 
ecosystems. Therefore, locations were selected that were characterized by two major 
anthropogenic contamination sources, agriculture and WWTP effluent, as well as reference 
locations with a low expected impact from micropollutants. 

MATERIAL & METHODS
Sampling locations

Sampling locations were selected in collaboration with nine Dutch regional water authorities. 
This resulted in a set of 14 lowland streams and drainage ditches in The Netherlands within 
three location types (Figure S1 and Table S1), either surrounded by ornamental flower bulb 
horticulture (horticulture; n=5), directly receiving WWTP effluent (WWTP; n=4), or reference 
locations with no known contamination sources (reference; n=5). The locations were comparable 
in width, depth and flow velocity (Table S2). Sampling was conducted between August 20th and 
October 5th, 2018.

Passive sampler deployment, extraction and sampled volume estimation

Passive sampling devices

Silicone rubber (SR) sheets, with a weight of 20 g per set of six sheets, spiked with performance 
reference compounds (PRCs), were obtained from Deltares (Utrecht, The Netherlands) and 
applied for the sampling of non-polar compounds.194 Polar organic chemical integrative samplers 
(POCIS) containing 0.2 g of Oasis hydrophilic-lipophilic balance sorbent (HLB; Waters, Etten-
Leur, The Netherlands) were constructed in the laboratory at the University of Amsterdam (SI 2)  
and applied for the sampling of compounds in the more polar range.92 Diffusive gradients in 
thin-films (DGT) containing a 0.15 mL mixed chelex and TiO2 (Metsorb) binding layer were 
obtained from DGT Research (Lancaster, UK) and applied for the sampling of metals from 
the surface water.195
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The samplers were transported to the study sites in airtight packaging at 4˚C. Unexposed 
blanks of all sampler types were included in all subsequent analyses. Additional information on 
passive sampler construction, extraction and sampled volume calculation is given in SI 2.

Field deployment of passive samplers

SR sheets and POCIS were deployed simultaneously at each sampling location in separate 
stainless steel cages. The mesh size of the cages allowed a largely unobstructed flow of water 
around the samplers. Cages with samplers were suspended in the middle of the water column 
to ensure permanent inundation of the samplers, while avoiding direct diffusion of compounds 
from the sediment to the samplers. Per location, six SR sheets and four POCIS were exposed 
for a period of six wk. After exposure, the samplers were cleaned in the field with local water 
and a scrubbing sponge to remove biofouling, transported to the laboratory on ice and stored at  
–20 °C until extraction.

Three DGTs per location were deployed for two wk, halfway through the POCIS and SR 
deployment period. DGTs were retained in polyacrylate holders in the middle of the water 
column. After exposure, DGTs were rinsed in the field with deionized water, transported to 
the laboratory on ice and stored at 4°C until extraction.

Extraction of SR

All equipment used in the SR extraction procedure was cleaned with acetone and LC grade 
acetonitrile (Biosolve, The Netherlands) before use. SR sheets were thawed and dried and the six 
sheets per location were folded and stacked in a harmonica shape to maximize the surface 
contact area with the extraction solvent and placed at the bottom of a 150 mL Erlenmeyer flask 
(Figure S2). After the addition of 75 mL LC grade acetonitrile, the flasks were closed and placed 
on a shaker for 2 d at 110 rpm. Extracts were stored at 4°C and the extraction procedure was 
repeated once more. Both extracts were combined in round bottom flasks and evaporated on 
a Büchi Rotavapor system (Flawil, Switzerland) at 45°C and 117 mbar to approximately 5 mL. 
The extracts were subsequently transferred to glass vials, filled up to exactly 10 mL with LC 
grade acetonitrile by weight and stored at -20°C until analyses.

Extraction of POCIS

Frozen POCIS were freeze-dried overnight at −53°C in a Scanvac CoolSafe freeze-dryer. All 
equipment used in the POCIS extraction procedure was cleaned with acetone and LC grade 
acetonitrile before use. Each POCIS was disassembled and the dry sorbent of the four POCIS 
that were exposed per location was pooled and transferred to a 6 mL glass Supelco SPE 
column with Teflon frit (Sigma-Aldrich, The Netherlands) using a glass funnel. The mass of 
the recovered sorbent per location was recorded with an analytical balance. The SPE columns 
were placed on an SPE manifold and eluted three times with 3 mL LC grade acetonitrile under 
vacuum. Finally, the extracts were topped up to exactly 10 mL with acetonitrile by weight and 
stored at -20°C until analyses.
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Extraction of DGT

All equipment used in the DGT extraction procedure was acid cleaned with 0.1 M HNO3 
and ultrapure water. The three DGTs per location were disassembled and their binding 
layers combined in 3 mL of 1.0 M HNO3, extracted for 24 h at room temperature, after which 
the extracts were stored at 4°C until analyses.

Estimation of sampled water volumes

SR 

Sampling rates for SR were calculated based on the rate of PRC dissipation from the sheets during 
the field exposure.50 PRC chemical analysis was performed at the laboratory of TNO (Utrecht, 
The Netherlands; analytical details provided in SI 2). Subsequently, 50% of the calculated 
sampling rate for each location was used as a provisional estimation of the average extracted 
water volume per day, based on the assumption that 50% of the organic contaminants present 
in the surface water reach equilibrium with the SR during field exposure, as described by Van 
der Oost et al. (2017).14

POCIS 

The reported average sampling rate for POCIS of 0.18 L/d,52 that was previously successfully 
applied in combination with effect-based water quality assessment,88 was used to determine 
the concentration factor of the field deployed POCIS to compare bioassay responses between 
sites. A correction for the HLB sorbent recovery was applied to incorporate sorbent loss during 
the extraction procedure. To this end, the remaining sorbent mass after extraction was divided 
by the initial sorbent mass (0.8 g for four POCIS) and the total estimated volume per location 
(30.24 L for four POCIS) was multiplied by this fraction to obtain a final sampled volume and 
to ensure an impartial comparison between locations.

DGT 

Since no general approach for the interpretation of bioassay results in combination with DGT 
extracts was available,82 a novel approach to determine sampled volumes of DGT samplers 
was presently developed. By using sampled water volumes for toxicity interpretation, this new 
approach is now in line with that for organic extracts. The sampling rate for the DGT samplers 
was determined using a theoretical approach, as well as an approach based on the detected 
masses of metals that had accumulated in the samplers (calculations provided in SI 2). Both 
approaches rely on DGT theory, as outlined in numerous publications that confirm the usability 
of DGTs to obtain time-weighted average field concentrations of metals [e.g. Allan et al. 
(2007)196; Davison and Zhang (2012)197] Both approaches resulted in very similar outcomes and 
a mean sampling rate for three DGT samplers of 44.9 mL/d was used in the interpretation of 
the bioassay responses. 
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Bioassay battery

A battery of 20 bioassays (i.e. 20 unique bioassay x passive sampler extract combinations) was 
applied for the detection of ecotoxicological effects at the investigated locations (Table S5). 
The whole organism Daphnia and PAM tests were performed at the laboratory of the University 
of Amsterdam, and the Aliivibrio fischeri bioluminescence inhibition assay was performed at 
the laboratory of the Vrije Universiteit Amsterdam. The in vitro CALUX assays were performed 
at the BioDetection Systems laboratory (Amsterdam, The Netherlands).

Sample pre-treatment 

Organic extracts were transferred to dimethyl sulfoxide (DMSO) before application in 
the bioassays. To this end, the extracts were evaporated to dryness under N2 flow at room 
temperature and redissolved in DMSO. Bioassays with organic extracts were performed at 
a 0.1-1% DMSO concentration to improve compound solubility in the exposure media and 
a control was always included to confirm the non-toxicity of the solvent. Inorganic extracts 
were freeze-dried overnight at −53°C in a Scanvac CoolSafe freeze-dryer and redissolved in 
exposure medium before exposure in the bioassays, to eliminate the HNO3 from the extracts. 
Full recovery of metal concentrations using this sample treatment method was confirmed in 
a separate experiment using internal standards (data not shown).

Whole organism bioassays 

The whole organism Aliivibrio fischeri bioluminescence inhibition, Daphnia and PAM bioassays 
were performed on dilution series of the extracts of all three passive samplers, resulting in nine 
in vivo responses. The Aliivibrio fischeri bioluminescence inhibition assay (further referred 
to as bacterial bioluminescence assay) was performed according to Hamers et al. (2001).95 
Luminescence inhibition was measured after 15 minutes of exposure to the passive sampler 
extracts. The Daphnia test was performed with D. magna (<24 h) originating from an in house 
culture, according to OECD guideline 202 with reduced test volumes, as previously described.14 
Daphnid immobilization was recorded after 48 h of exposure. The PAM test was performed 
using the freshwater microalga Raphidocelis subcapitata originating from an in house culture, 
according to de Baat et al. (2018).72 Photosynthetic inhibition was measured after 4.5 h  
of exposure.

CALUX assays 

The passive sampler extracts were analysed by a panel of in vitro CALUX® bioassays. Specific 
CALUX assays were performed on either non-polar (SR) or polar (POCIS) organic extracts. SR 
extracts were subjected to DR, PAH, PPARγ, Nrf2, PXR and p53 (without S9 metabolism) assays 
and POCIS extracts were subjected to ERα, anti-AR and anti-PR assays, according to previously 
described protocols.96 The DR CALUX assay was performed with a sulfuric acid clean-up 
step to eliminate degradable compounds (e.g. PAHs) and to isolate the persistent compounds 
(e.g. dioxins and dioxin-like polychlorinated biphenyls). Cytotoxicity of the CALUX cells was 
monitored in both POCIS and SR extracts to rule out confounding influences on test outcomes. 
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Data analysis

Bioanalytical effect expression 

Toxicity in the in vivo and genotoxicity assays was expressed as toxic units (TU), wherein one 
TU represented the dilution at which the extract caused 50% effect for the respective endpoints 
(EC50). EC50 values were determined by nonlinear regression analysis with the built-in log 
logistic model in GraphPad Prism® (GraphPad Software Inc., v. 5.00, San Diego, CA, USA). 
Responses in the in vitro assays were expressed as concentrations of bioanalytical equivalents 
(BEQ) of the reference compounds (Table S5). Next, the bioassay responses were expressed as 
TU (in vivo) or BEQ concentrations (in vitro) and corrected for the estimated sampled water 
volumes of the passive samplers to represent the TU and BEQ/L at the sampling locations.

Risk interpretation using EBTs 

Bioanalytical responses were compared to EBTs for ecotoxicological risk interpretation. EBTs 
reported by Van der Oost et al. (2017)21 were used, unless more recently derived EBTs were 
available, which was the case for the ERα32 and anti-AR30 CALUX assays. For the PAH and 
PXR CALUX assays, strongly divergent EBTs were reported by Van der Oost et al. (2017)21 
and Escher et al. (2018),30 hampering consolidated conclusions on ecotoxicological risks for 
these endpoints.96 Therefore, the influence of the EBTs on the risk interpretation for these tests 
was explored in the present study, and intermediate values were derived based on the methods 
outlined by Escher et al. (2018)30 as described in SI 4 (PAH 62.1 ng BEQ/L; and PXR 5.4 µg 
NEQ/L). Additionally, a preliminary EBT was derived for the anti-PR CALUX assay (13 ng 
Ru486 eq./L) based on the value previously reported by Escher et al. (2018),30 as the reported 
reference compound differed from the one used in the present study (SI 4). 

Since no EBTs were previously defined for the application of DGT extracts in bioassays, 
a preliminary EBT of 0.05 TU was presently derived for all three in vivo bioassays based on 
the approach outlined by Van der Oost et al. (2017)21 (SI 4). This allowed for the interpretation 
of the bioassay responses to the DGT extracts in line with the approach for the organic extracts.

The responses of all bioassays were divided by their respective EBTs to obtain an effect-
based risk quotient, where a quotient ≥1 represents a potential ecotoxicological risk indicated 
by that particular bioassay. These effect-based risk quotients were used for two purposes: 
i) The sum of these values yielded a cumulative ecotoxicological risk (Σ effect-based risk 
quotient) for each location, and ii) the quotients were subjected to multivariate analysis to gain 
insight into location type-specific ecotoxicological response profiles. To this end, non-metric 
multidimensional scaling (nMDS) was performed in R (R Core Team, v. 3.6.1, Vienna, Austria) 
using the ‘metaMDS’ function in the ‘vegan’ package, based on dissimilarities calculated with 
the Bray–Curtis index. Statistical differences between the location types were investigated using 
an analysis of similarity (ANOSIM) using the ‘anosim’ function. The ‘multipatt’ function (with 
r.g association function, 9999 permutations, and α=0.05) in the ‘indicspecies’ package was then 
used to perform a multilevel pattern analysis to identify the bioassays that were significantly 
associated with the different location types.
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RESULTS
Bioassay response frequencies

All 20 unique bioassay x passive sampler extract combinations were successfully performed 
and all assays met their respective validity criteria. Responses of all bioassays for all locations, 
converted to surface water concentrations, are given in SI 5. Next, it was determined how 
frequently the different extract x bioassay combinations resulted in the detection of potential 
ecotoxicological risks (Figure 6.1). Bioassay responses were categorized as no response, or 
a response below or above the EBT of that test. The response frequencies ranged from no response 
at all locations for the Daphnia assay exposed to metal extracts to EBT exceedance at >75% of 
locations for the ERα and anti-AR CALUX assay, which were exposed to polar extracts. Out of 
the battery of 20 bioassays, 11 showed responses above their EBTs. Hence, 55% of the applied 
bioassays indicated the presence of a potential ecotoxicological risk at one or multiple locations. 
The most responsive assays (EBT exceedance at >50% of locations) were the ERα, anti-AR, PXR 
and anti-PR CALUX assays. The least responsive assays (no response at >50% of locations) 
were the DR and PPARγ CALUX assays and the Daphnia assay exposed to non-polar and metal 
extracts, and the PAM algae bioassay in combination with all three extracts.

Bioassay battery response profiles

EBT exceedances were observed for all location types, including the reference locations 
(Figure 6.2). The cumulative effect-based risk quotients allowed the ranking of sites based on 

Figure 6.1. Frequency of responses of a panel of 20 bioassays to passive sampler extracts from 14 surface 

water locations. Colours indicate the bioassay responses and effect-based trigger value (EBT) exceedances at 

the percentage of study locations. The dashed line indicates the division between bioassays with and without 

EBT exceedance in the present study.
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the potential ecotoxicological risks, and the specific bioassay battery response profiles gave 
insight into the compound groups responsible for the risks at each location. Reference locations 
exhibited the lowest cumulative effect-based risk quotients (4.3 – 10.9), followed by horticulture 
locations (11.3 – 27.2) and WWTP locations (12.8 – 47.7). On average, EBTs were most 
frequently exceeded at horticulture locations (22% of bioassays), followed by WWTP locations 
(18%) and least frequently at reference locations (13%).

The nMDS ordination showed that the locations could be grouped based on the location 
type (Figure 6.3; stress = 0.086), and the ANOSIM test confirmed that the bioassay battery 
response profiles differed significantly between location types (ANOSIM statistic R = 0.6414, p 
= 0.0001). The multilevel pattern analysis revealed that none of the bioassays were significantly 
associated with reference locations, nor were any bioassays significantly associated with 
multiple location types. Contrastingly, horticulture locations were significantly characterized by 
responses in the anti-PR (stat = 0.962, p = 0.0001), cytotoxicity (polar: stat = 0.811, p = 0.0014), 
and anti-AR (stat = 0.651, p = 0.0052) CALUX assays. WWTP locations on the other hand 
were significantly characterized by responses in the bacterial bioluminescence assay (polar:  
stat = 0.899, p = 0.0006; metals: stat = 0.548, p = 0.0036), ERα CALUX (stat = 0.845, p = 0.0006), 
Daphnia (non-polar: stat = 0.713, p = 0.0087; polar: stat = 0.674, p = 0.0106), and PAM algae 
(polar: stat = 0.663, p = 0.021) assays.

1 2 3 4 5 6 7 8 9 10 11 12 13 14
bioassay R R R R R H H H H H W W W W
bact. bioluminescence
Daphnia
PAM
bact. bioluminescence
Daphnia
PAM
bact. bioluminescence
Daphnia
PAM
cytotox non-polar
DR
PAH
PPARγ
PXR
Nrf2
p53
cytotox polar
ERα
anti -AR
anti -PR

6.7 9.6 9.2 4.3 10.9 27.2 21.3 11.3 14.9 13.5 22.8 47.7 12.8 24.4

location ID and type

Σ effect-based risk quotient

in vivo

non-polar

polar

metals

in vitro

non-polar

polar

Figure 6.2. Heat map depicting the fold effect-based trigger value exceedance (effect-based risk quotient) 

for 20 bioassays and sum effect-based risk quotients at 14 surface water locations impacted by flower bulb 

horticulture (H) and wastewater treatment plant (W) effluent and for reference (R) locations. Effect-based 

risk quotients are depicted as follows: Green = 0, yellow =1, red = maximum value.
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Figure 6.3. Non-metric multidimensional scaling (nMDS) plot depicting the difference in bioassay battery 

responses for 14 surface water locations impacted by flower bulb horticulture and wastewater treatment 

plant (WWTP) effluent and for reference locations, where points closer together represent a more similar 

bioassay response profile than those further apart.

DISCUSSION
Methodological improvements for a better ecotoxicological risk identification

Bioanalytical risk assessment of metals

The identification of ecotoxicological risks in effect-based surface water quality assessment 
depends strongly on the applied sampling methodology. Only compounds that are captured by 
the applied sampling methods, present at concentrations above bioanalytical detection limits, 
will elicit effects in the bioassays, highlighting the importance of effective sampling strategies 
that ensure the sequestration of a wide range of compounds.89 Passive sampling is often used 
in combination with bioassays, as it allows for the sampling of a wide variety of bioavailable 
compounds and simultaneously concentrates the water, resulting in lower bioanalytical detection 
limits.79 However, effect-based strategies often have a strong focus on organic contamination and 
only rarely have metals been included in the combination of passive sampling and bioanalytical 
assessment of chemical surface water quality.82
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In the present study, passive sampling of metals was applied in combination with three in 
vivo bioassays, matching the approach used for the bioanalytical risk assessment of organic 
compounds. Toxic effects of the metal extracts were observed in the PAM algae and bacterial 
bioluminescence bioassays and comparison of the effects to the presently derived EBTs 
elucidated potential risks to bacteria by metals at WWTP locations, highlighting the relevance 
of effect-based risk assessment of metals in surface waters. As shown here, this novel approach 
can easily be merged with existing effect-based monitoring strategies to include the bioanalytical 
assessment of risks of bioavailable metal concentrations in aquatic systems.

Streamlining of previously used bioassay batteries to better represent endpoints 
relevant to aquatic ecosystem health

To encompass a wide range of responsive endpoints that are representative of micropollutant 
risks in surface waters, several adjustments to previously applied bioassay batteries were 
made. The revised battery allowed for the detection of potential ecotoxicological risks caused 
by the presence of metals and polar and non-polar organic compounds. The addition of 
the anti-PR CALUX assay resulted in the detection of potential ecotoxicological risks at 50% 
of the investigated locations and is thus a relevant addition to previously applied bioassay 
batteries.14,88 Furthermore, performing the three in vivo assays not only on non-polar organic 
extracts but also on polar organic and metal extracts elucidated potential ecotoxicological risks 
of polar compounds and metals that would have otherwise gone undetected. This is in line with 
the study of Hamers et al. (2018),15 who found generally higher in vivo responses to polar extracts 
than to non-polar extracts, and reflects the expected increased risk caused by the increasing 
presence of polar compounds in surface waters.85 However, to meet the monitoring requirements 
that are related to future shifts in the chemical properties of contaminants of emerging concern 
(CECs), effect-based monitoring strategies should be open to further modifications and 
improvements. Improved (passive) sampling techniques for highly polar as well as ionizable 
organic compounds,102,103 combined with bioassays responsive to such compounds, should 
result in future-proof solutions that allow for risk assessment of these CECs.

Considering assays that were not responsive in the currently applied bioassay battery, 
the presently observed lack of DR CALUX activity is in line with previous predictions that 
dioxins and dioxin-like compounds do not contribute substantially to the risks of organic 
micropollutants in surface waters.88 Therefore, the inclusion of the DR CALUX assay in bioassay 
batteries for surface water quality monitoring appears to present little relevance. However, as 
the sediment is the ultimate sink for dioxins and as such also represents a repository for legacy 
contamination with dioxins, the use of the DR CALUX assay in sediment quality assessment 
remains relevant. 

In the present study, the traditional algal growth inhibition test was substituted by the PAM 
algae bioassay, which was expected to better elucidate the frequent presence of herbicides in 
surface waters.70,72 However, the assay never showed an EBT exceedance and was, in fact, one 
of the least responsive assays in the battery. Nonetheless, the PAM algae assay gave a response 
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at ~29% of the locations, which is a substantial increase compared to the previously observed 
response frequency of only 4% in the standard 72 h algae growth inhibition test.88 The lack of 
responses that exceed the EBT may be attributable to an actual low risk caused by herbicides 
in surface waters in The Netherlands,198 at least at the sites presently sampled in late summer. 
In many other intensive agricultural areas, however, the presence of hazardous concentrations 
of herbicides has been reported198 and hence, an even more sensitive algal bioassay may better 
elucidate the risks of herbicides in surface waters in effect-based monitoring strategies.199 

The presently applied bioassay battery represents endpoints at all organizational levels that 
are relevant to aquatic ecosystem health, as was proposed for holistic effect-based water quality 
assessment by Neale et al. (2017).25 Yet although it spans a wide variety of relevant endpoints, 
some gaps remain in terms of the identification of groups of compounds that are contamination 
source-specific and are expected to potentially cause serious harm to aquatic ecosystems, most 
notably pesticides200,201 and antibiotics.77,202 Pesticides, in general, do elicit toxic responses in 
anti-AR and anti-PR assays, amongst others.16,104,105 However, other endocrine-disrupting 
compounds, like pharmaceuticals and flame retardants, can also elicit responses in such assays.16 
Hence, attributing the observed effects to specific compounds requires confirmation either by 
highly specific bioassays or by chemical analysis. For example, the PAM algae and Daphnia 
bioassays can help tease out the effects of herbicides and insecticides, respectively. However, 
specific effects of fungicides are as of yet not covered in the bioassay battery, and expansion of 
the battery with fungal bioassays should allow for the isolation of fungicide toxicity. Similarly, 
the bacterial bioluminescence assay responds to toxicity caused by certain antimicrobials, but 
will also respond to a multitude of other compounds with specific and narcotic modes of action, 
and is not able to isolate the effects of antibiotics. Highly specific bacterial reporter assays that 
can elucidate the activity of specific groups of antibiotics are currently being developed,203 yet 
the lack of available EBTs presently stands in the way of their application in bioassay batteries.

Bioassays that allow for the identification of compound group-specific effects will strongly 
aid in the identification of the responsible compounds in subsequent chemical analysis by 
narrowing down the list of suspects. Promising setups have been developed in recent years that 
combine ecologically relevant in vivo bioassays with liquid chromatography to obtain high-
throughput setups for effect-directed analysis of ecologically relevant contaminants. This is 
an approach with a high applicability in effect-based water quality monitoring strategies like 
the present. For all three in vivo bioassays that were applied in the present study, effect-directed 
analysis approaches were recently developed that can thus be readily implemented into effect-
based monitoring strategies to aid in the identification of causative compounds.199,204,205 In 
the future, bioassay battery compositions can be tailored to include relevant assays depending 
on research or monitoring aims and to anticipate the ever-changing nature of chemical pollution 
of surface waters.
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The influence of effect-based trigger values on the outcome of bioanalytical surface 
water quality assessment

EBTs are critical in the determination of the significance of effects observed in bioassay batteries. 
Similar to what environmental quality standards represent for single compounds, EBTs indicate 
predicted no-risk levels for mixtures of compounds that are present in environmental samples. 
This highlights the importance of the establishment of reliable EBTs, a field of research that 
is gaining traction in recent years.21,30–32 Although there is consensus on the EBTs for many 
bioassays, for several, strongly divergent EBTs are reported, hindering consolidated conclusions 
on ecotoxicological risks for those endpoints.96 This is most strikingly the case for the PAH and 
PXR CALUX assays, for which the EBTs derived by Van der Oost et al. (2017)14 and Escher 
et al. (2018)30 differ substantially (PAH 150 vs. 6.2 ng BEQ/L; and PXR 3 vs. 54 µg NEQ/L, 
respectively). Therefore, in the present study, the influence of the EBTs of these two assays 
on the ecotoxicological risk assessment was investigated by comparing the resulting number 
of EBT exceedances and effect-based risk quotients for all investigated locations (Table 6.1). 
Additionally, to merge the divergent EBTs, preliminary empirical intermediate EBTs for both 
assays are presently proposed and used in the final effect-based risk assessment (PAH 62.1 ng 
BEQ/L; and PXR 5.4 µg NEQ/L). For these two assays, it appears that the activity, except for 
two locations where the PAH CALUX assay exhibited very high responses, is uniformly present 
at all the investigated locations. The application of the different EBTs clearly illustrates their 
large and divergent impact on the resulting risk interpretation. The Van der Oost et al. (2017)14 
values would result in almost no EBT exceedance for the PAH CALUX and exceedance at 
almost all locations for the PXR CALUX. Contrastingly, the Escher et al. (2018)30 values would 
result in EBT exceedances at almost all locations for the PAH CALUX and no exceedance at 
all for the PXR CALUX. Whether the presently proposed intermediate EBTs are, in fact, more 
representative of the risks of non-specific chemical stress and PAHs in surface waters is to be 
determined in future research. 

The present exploration of the influence of EBTs on the outcome of effect-based 
risk assessments highlights the need for a consensus on EBTs for a unified application 
in environmental monitoring frameworks. The continuation of empirical research, that 
links bioassay responses with adverse effects on the ecological status of water bodies, is 
expected to further develop the scientific basis that is necessary for the reliable derivation of 
environmentally relevant EBTs. Nonetheless, bioanalytical responses are absolute and can be 
compared and ranked between locations and between studies, regardless of the availability 
of EBTs for risk interpretation. Moreover, for spatiotemporal monitoring of ecotoxicological 
risks, currently obtained bioanalytical responses can retroactively be compared to refined EBTs 
that may be developed in the future. Hence, the current lack of a consensus on EBTs for a few 
bioassays is no practical limitation to the wide application of effect-based tools in surface water  
quality assessment.
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Table 6.1. Side-by-side comparison of effect-based risk quotients for PAH and PXR CALUX assays at 14 surface 

water locations for effect-based trigger (EBT) values reported by Van der Oost et al. (2017)21 and Escher et al. 

(2018)30 and preliminary EBT values derived in the present study. EBT exceedances are indicated with a grey cell 

fill. WWTP = wastewater treatment plant.

location ID location type

PAH

effect-based risk quotient

PXR

effect-based risk quotient

a b c a b c

1 reference 0.0 0.5 0.1 1.3 0.1 0.7

2 reference 0.1 3.2 0.3 2.7 0.1 1.5

3 reference 0.1 3.1 0.3 8.0 0.4 4.5

4 reference 0.0 1.0 0.1 2.4 0.1 1.4

5 reference 0.4 8.6 0.9 3.1 0.2 1.7

6 horticulture 0.2 4.2 0.4 1.8 0.1 1.0

7 horticulture 2.0 47.7 4.8 2.7 0.1 1.5

8 horticulture 0.2 5.3 0.5 1.7 0.1 0.9

9 horticulture 0.1 2.2 0.2 2.0 0.1 1.1

10 horticulture 0.1 3.6 0.4 4.2 0.2 2.4

11 WWTP 0.4 9.6 1.0 6.7 0.4 3.7

12 WWTP 9.5 230.2 23.0 1.7 0.1 0.9

13 WWTP 0.2 4.1 0.4 0.8 0.0 0.4

14 WWTP 0.2 5.8 0.6 5.2 0.3 2.9

  EBT 150 6.21 62.1 3 54 5.4

  response < EBT 12 2 12 1 14 4

  response > EBT 2 12 2 13 0 10

  % > EBT 14 86 14 93 0 71

a	 Van der Oost et al. 2017        

EBT b	 Escher et al. 2018        

c	 Present study        

Location type-specific bioanalytical response profiles

The cumulative effect-based risk quotients obtained in the present study indicated that 
ecotoxicological risks are potentially present even at reference locations. This illustrates 
that micropollutants are ubiquitous and pervasive in densely populated river deltas like 
The Netherlands, which is corroborated by the general presence of non-specific chemical stress 
at all locations as indicated by the ‘promiscuous’ PXR CALUX assay. Nonetheless, horticulture 
and WWTP locations always exhibited higher cumulative effect-based risk quotients than 
the reference locations. 

Ecotoxicological profiles at horticulture locations were characterised by responses to 
polar extracts in the anti-AR, anti-PR, and cytotoxicity CALUX assays. Apart from toxicity 
to target organisms, pesticides and their metabolites can have endocrine-disrupting activities, 
and the presently observed characteristic response profile for horticulture locations is likely 
a result of agricultural activity and the resulting use of pesticides on the surrounding fields.105 
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The WWTP locations, contrastingly, were characterised by responses to polar extracts in 
the ERα CALUX assay and the three in vivo bioassays, and for the Daphnia bioassay to non-polar 
extracts and the bacterial bioluminescence assay to metal extracts. These responses were partly 
previously reported for WWTP effluent-impacted surface waters, in which they were related 
to the presence of complex mixtures of CECs, like pharmaceuticals, personal care products, 
pesticides and industrial chemicals.96,109 Hence, the two main anthropogenic contamination 
sources investigated in the present study give rise to unique ecotoxicological response profiles. 
This is important because characteristic bioassay responses that are related to specific sources 
of pollution can aid the identification of potential causative contamination sources at impacted 
surface water locations for which the origin of pollution is not known. Furthermore, this will 
allow the targeted implementation of mitigation measures that reduce the risks of chemical 
contamination in surface waters.

Interestingly, the majority of the potential ecotoxicological risks in the present study 
were caused by polar organic contaminants, in both in vivo and in vitro assays, underlining 
the urgency of the increasing risks caused by polar CECs in surface waters.85 These risks were 
especially pronounced in WWTP effluent impacted surface waters, which highlights the critical 
need for the use of safer compounds, input prevention, and the implementation of advanced 
wastewater treatment technologies.206

Conclusions

Passive sampling combined with effect-based methods allows the detection of ecotoxicological 
risks of mixtures of a much wider range of bioavailable compounds than traditional chemical-
based methods prescribed by the WFD and CWA. Thus, effect-based methods are highly effective 
and superior to traditional chemical analytical methods in the screening of surface waters for 
potential ecotoxicological risks. An elaborate bioanalytical toolbox is now available that allows 
the identification of contamination source-specific ecotoxicological response profiles, paving 
the way for the identification of causative (groups of) compounds. The advancement of effect-
based monitoring methods, and their implementation in regulatory frameworks like the WFD 
and CWA, will empower scientists and authorities to work together on the way forward to 
protect water resources. Nonetheless, chemical analyses, that transcend a priori selected 
target compound lists, are still fundamental to the identification of specific compounds that 
drive the observed risks and, as such, allow mitigation efforts for risk abatement. Ultimately, 
the integration of chemical- and effect-based monitoring approaches will foster future-proof 
water quality assessment strategies on the road to a non-toxic environment.
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SUPPORTING INFORMATION
SI 1 – Sampling locations

Figure S1. Surface water sampling locations in The Netherlands. WWTP = wastewater treatment plant.

SI 2 – Passive sampler construction, extraction and sampled volume calculation

POCIS construction

Polar organic chemical integrative samplers (POCIS) were applied for sampling of polar 
compounds from the surface water (Alvarez et al., 2004).92 POCIS were constructed using 
two stainless steel rings, with an inner diameter of 5.4 cm, to retain the sorbent between two 
polyether sulfone (PES) membranes, leaving approximately 46 cm2 of surface area exposed 
to the surrounding water. Stainless steel rings (Exposmeter, Sweden), nuts and bolts, as well 
as all tools were cleaned in acetone before assembly of the samplers. PES diffusion limiting 
membrane filters (Pall Corporation, NY, USA; 0.1 μm pore size, 90 mm diameter) were cleaned 
before POCIS assembly in LC grade methanol:ultra-pure water (50:50, v:v) followed by rinsing 
in ultra-pure water. As a receiving phase, 0.2 g of Oasis hydrophilic-lipophilic balance (HLB) 
sorbent (Waters, Etten-Leur, The Netherlands) was enclosed between the PES membranes. 
The HLB was conditioned in its original column by sequentially eluting with 40 mL acetone, 
40 mL dichloromethane and 40 mL methanol (Biosolve, The Netherlands; all chromatography 
grade) and dried under vacuum, followed by the final assembly of the POCIS. POCIS were 
stored at 4°C in food-grade Mylar zip lock bags until deployment.
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Table S2. General field parameters (mean ± SD) of drainage ditches and streams at reference (n = 5), horticulture 

(n = 5) and WWTP (n = 4) surface water locations. Measurements were taken once during the sampling period 

along 25 m stretches, except for mean temperature which was measured every 10 minutes for six weeks with 

the HOBO® Temperature/Light Logger UA-002-64 (Onset Computer Corporation, Bourne, MA, USA). Different 

letters in superscript indicate significant differences between sites (ANOVA, Post-hoc Tukey’s test, p < 0.05).

 

parameter

 

unit

location type

F preference horticulture WWTP

width m 4.5±2.4 5.6±1.6 3±1.8 1.9 n.s.

depth m 0.9±0.2 0.9±0.3 0.5±0.2 3.4 n.s.

flow velocity m/s 4.7±7.3 3.7±4.5 12.3±10.4 1.7 n.s.

temperature °C 15.7±1a 16.9±0.4ab 18.2±1.2b 8 0.007

Table S1. GPS coordinates for the surface water sampling locations in The Netherlands. WWTP = wastewater 

treatment plant.

location ID location type latitude longitude

1 reference 52°49’22.7”N 5°54’26.5”E

2 reference 53°00’22.3”N 5°48’43.4”E

3 reference 52°08’08.2”N 4°48’37.6”E

4 reference 51°25’40.9”N 4°46’46.8”E

5 reference 51°18’09.7”N 5°29’09.6”E

6 horticulture 52°53’29.0”N 4°49’34.8”E

7 horticulture 52°45’51.4”N 4°40’52.0”E

8 horticulture 52°17’07.2”N 4°32’34.6”E

9 horticulture 52°17’23.2”N 4°30’37.7”E

10 horticulture 52°17’05.3”N 4°29’54.7”E

11 WWTP 52°12’43.4”N 4°53’10.6”E

12 WWTP 51°30’46.1”N 4°50’57.2”E

13 WWTP 51°36’08.3”N 5°04’32.9”E

14 WWTP 51°30’15.0”N 5°10’19.9”E
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SR extraction

Figure S2. Schematic depiction of SR sheets stacked in harmonica shape at the bottom of an Erlenmeyer 

flask for the extraction of the organic compounds.

SR PRC chemical analysis

SR sheets were spiked with PRCs with a wide hydrophobicity range (biphenyl D10 and 
the polychlorinated biphenyl (PCB) congeners 1, 2, 3, 10, 14, 21, 30, 50, 55, 78, 104, 145 
and 204) that do not occur in Dutch surface waters. PRC chemical analysis was performed 
at the laboratory of TNO (Utrecht, The Netherlands). SR extracts were transferred to hexane 
by adding 0.5 mL extract to 100 mL hexane and concentrated with rotary film evaporator 
at 45˚C. After the solvent change the extract was cleaned up with 3% deactivated florisil 
column chromatography. The cleaned extract was evaporated to exactly 0.5 mL and analysed 
with an Agilent 7890 gas chromatograph connected to an Agilent 7000 Triple Quadrupole 
mass spectrometer (GC-MS/MS) equipped with Edwards pump. Quantification of PRCs was 
performed using the relative response factors to an external calibration standard.

DGT sampled volume calculation

The sampled volume for the DGT samplers was determined using a theoretical approach as well 
as an approach based on the detected masses of metals that had accumulated in the samplers. 
Both approaches rely on DGT theory as outlined in numerous publications that confirm 
the usability of DGTs to obtain time weighted average field concentrations of metals [e.g. Allan 
et al. (2007)196; Davison and Zhang (2012)197]. As no approach for the derivation of sampling 
rates for DGTs was previously reported, a formula was derived by combining two equations 
reported by Allan et al. (2007)196 (definitions of constants are given in Table S3):

Eq. 1: Cwater = M / Rst

Eq. 2: Cwater = MΔg / DAt

Combining the two equations resulted in equation 3:
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Eq. 3: Rs = DA / Δg

By using the values of the constants given in Table S3 and assuming a mean value for D of 
5.0*10-6 cm2/s, a daily (86400 s) sampling rate per 3 DGT samplers was derived: Rs = 44.2 mL/d.

This theoretically derived sampling rate was subsequently confirmed using Cwater values 
calculated from metal concentrations detected in the DGT extracts (Ce). To allow for these 
calculations, concentrations of Cd, Cu, Fe, Pb and Zn in the DGT extracts were determined 
using an inductively coupled plasma mass spectrometer (ICP-OES OPTIMA 8300; Perkin Elmer, 
Groningen, The Netherlands). Only Cu, Fe and Zn were detected (Table S2) and the calculations 
were therefore based on these concentrations. Cwater values were calculated as follows, using 
the variables and constants listed in Table S3. First, the mass of metal accumulated in the resin 
gel layer (M) was calculated for each metal using equation 4:

Eq. 4: M = Ce (VHNO3 + Vgel) / fe

Secondly, the labile metal concentration in the water (Cwater) was calculated using equation 2. 
Lastly, the sampling rates of the DGT samplers was calculated using equation 5:

Eq. 5: Rs = (M / CDGT) / 14

These calculations resulted in an experimentally derived mean sampling rate per 3 DGT 
samplers of 44.9 mL/d, which is very close to the theoretically derived sampling rate (44.2 mL/d). 
The small difference between the theoretical and experimental sampling rate is likely attributable 
to the variation of D with temperature, which was accounted for in the experimentally derived 
sampling rate calculation. Based on these calculations, a mean sampled volume of 44.9 mL/d for 
3 DGT samplers was used in the subsequent data interpretation.
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Table S4. Constants and variables used in the calculation of the DGT sampling rate.

variable definition unit

C
e

concentration in HNO
3
 extract µg/L

M metal mass in HNO
3
 extract µg

D diffusion coefficient of metal in gel cm2/s*10-6

C
water

labile metal concentration in water µg/L

R
s

exchange rate L/d

constant definition unit value

V
HNO3

HNO
3
 volume used in extraction mL 3

V
gel

volume of resin gel (3 samplers) mL 0.45

Δg diffusive layer thickness cm 0.092

t deployment time s 1209600

A exposure area (3 samplers) cm2 9.42

f
e

elution factor - 0.8
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SI 3 – Bioassay battery

Table S5. Bioassay battery applied to assess the toxicity of surface water from 14 locations in The Netherlands. 

Effect-based trigger (EBT) values were previously defined by Escher et al., 2018 (anti-AR), Brion et al., 2019 (ERα), 

and Van der Oost et al., 2017b. EBT values for anti-PR as well as for the in vivo bioassays performed with inorganic 

extracts were defined in the present study. Previously reported EBT values for the PAH and PXR assays by Van 

der Oost et al., 2017b and Escher et al., 2018 were strongly divergent and intermediate EBT values were presently 

proposed. TU = toxic unit, …EQ/L = equivalent concentration of the reference compound.

bioassay endpoint

reference 

compound EBT unit

in vivo 

all extracts

Daphnia Mortality n/a 0.05 TU

PAM algae Photosynthetic inhibition n/a 0.05 TU

Bacterial bioluminescence 

inhibition

Luminescence inhibition n/a 0.05 TU

in vitro 

CALUX 

organic 

non-polar

cytotox nonpolar Cytotoxicity n/a 0.05 TU

DR Dioxin(-like) activity 2,3,7,8-TCDD 50 pg TEQ/L

PAH PAH activity benzo(a)pyrene 62.1 ng BEQ/L

PPARγ Lipid metabolism inhibition rosiglitazone 10 ng REQ/L

Nrf2 Oxidative stress curcumin 10 µg CEQ/L

PXR Toxic compound metabolism nicardipine 5.4 µg NEQ/L

p53 Genotoxicity n/a 0.005 TU

in vitro 

CALUX 

organic 

polar

cytotox polar Cytotoxicity n/a 0.05 TU

ERα Estrogenic activity 17ß-estradiol 0.28 ng EEQ/L

anti-AR Antiandrogenic activity flutamide 14.4 µg FEQ/L

anti-PR Antiprogestagenic activity Ru486 13 ng REQ/L

SI 4 – Effect-based trigger value derivation

Anti-PR CALUX

A preliminary EBT for the anti-PR CALUX assay was derived by Escher et al. (2018),30 expressed 
as 1967 ng endosulfan equivalents/L. Since the reference compound for the anti-PR CALUX 
assay used in the present study, Ru486 (mifepristone), differed from the reference compound of 
the EBT, relative effect potencies were used to translate the EBT to Ru486 equivalents (REQ). 
The activity of 1 ng Ru486 matches that of 1500 ng endosulfan in the anti-PR CALUX assay 
[SI of Escher et al. (2018)30], resulting in an EBT of 1.3 ng REQ/L. However, the use of this 
EBT value resulted in substantial exceedance of the EBT at all locations, including relatively 
unpolluted reference sites, suggesting that this value is too low for the diagnosis of surface 
water quality. Interestingly, Escher et al. (2018)30 identified this EBT value as “too preliminary 
to derive a final effect threshold”, and advised that it should be treated “with caution”. Therefore, 
for use in the present study, the mixture factor of 100 used by Escher et al. (2018)30 was increased 
to 1000, resulting in a revised EBT value of 13 ng REQ/L. This value indeed allowed for a clearer 
distinction between sites and contamination sources. It must be noted, however, that this value 
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is still preliminary and requires further research before it can be adopted for wider use in surface 
water quality assessment. 

PAH and PXR CALUX

Since the EBT values for the PAH and PXR CALUX assays that were previously reported by 
Van der Oost et al. (2017)21 and Escher et al. (2018)30 were strongly divergent, preliminary 
intermediate EBT values assays were derived in the present study to explore their applicability 
in surface water quality assessment. To do so, the mixture factors for these tests as proposed by 
Escher et al. (2018)30 were adjusted in the same way as was done for the anti-PR CALUX assay 
EBT value in the present study. For the PAH CALUX assay, the mixture factor was increased 
from 100 to 1000, resulting in the preliminary EBT value of 62.1 ng BEQ/L. For the PXR CALUX 
assay EBT value, Escher et al. (2018)30 stated that “… it is necessary to invoke a mixture factor 
of at least 100 to account for mixture effects.”. However, empirical data of the present paper 
indicated that adjusting the mixture factor from 100 to 10 allows for more diagnostic power to 
differentiate between locations. This exploration resulted in the preliminary EBT value of 5.4 µg 
NEQ/L for the PXR CALUX assay.

In vivo assays with DGT extracts

An EBT for the in vivo assays, when used in combination with DGT extracts, was derived based 
on the method outlined by Van der Oost et al. (2017).21 In this method, the acute-to-chronic 
ratio (ACR) of compound groups and the extraction efficiency of passive samplers for surface 
water are used to derive an indication of chronic effects in surface water from acute effects 
in a concentrated water sample. An ACR for the toxicity of metals of 15.31 was previously 
reported.207 The average elution factor (fe) of metals from surface water using DGT samplers is 
0.8 (~80% extraction efficiency).208 Using these values, the derivation of the EBT for the in vivo 
assays was performed as follows:

EBT = fe / ACR = 0.8 / 15.31 = 0.05 TU

Therefore, the preliminary EBT value of 0.05 TU was used for the interpretation of ecotoxicological 
risk of metals in the in vivo bioassays in the present study. Interestingly, this value is identical to 
the EBT value used for the interpretation of ecotoxicological risk of organic compounds.
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THE FULL POTENTIAL OF EFFECT-BASED WATER QUALITY ASSESSMENT
The present research aimed to fuel the paradigm shift towards new chemical water quality 
monitoring methods by providing a scientific basis for the advancement of effect-based 
water quality assessment. The exploration of the state-of-science of effect-based methods 
in a nationwide field-based study (chapter 2) identified the potential for improvements in 
the sampling methodology, the effect-based tools that are applied, and the interpretation of 
the obtained results. Here, it is postulated that the full potential of effect-based water quality 
assessment is achieved when: 

I.	 The sampling methods capture all relevant contaminants from the water
II.	 The environmental samples are transferred as representative mixtures at environmentally 

relevant concentrations to the bioassays
III.	The bioassay battery represents all toxicity endpoints relevant to aquatic  

ecosystem health
IV.	The defined thresholds for the interpretation of bioassay responses are indicative of 

ecotoxicological risks in the environment

The present synthesis examines to what extent these requirements for successful effect-based 
water quality assessment have been met by the present work and offers perspectives on how 
the unattained requirements may be met in the future.

I – SAMPLING OF RELEVANT CONTAMINANTS
Bioassays respond to all bioactive chemicals present in an environmental sample, regardless 
of a priori selection or identification of compounds.17 This offers the potential for the toxicity 
detection of all compounds present in the environment but simultaneously highlights the need 
for effective sampling methodologies that ensure the efficient recovery of the potentially toxic 
substances from aquatic media.20 In the present research, multiple passive sampling methods 
were applied, often simultaneously, to enable the sequestration of an as wide as possible variety 
of contaminants at the investigated locations. The combination of integrative and equilibrium 
passive samplers, which was also applied in previous effect-based water quality assessments,14,15 
allowed the sampling of organic compounds ranging from the polar to the non-polar 
spectrum (chapters 2 and 6). However, the design of integrative samplers was shown to 
strongly affect the amount and diversity of polar organic compounds that are sequestered from 
the surrounding water (chapter 3), underlining that scientifically supported choices in passive 
sampler configurations are required to ensure the detection of an as wide as possible range  
of contaminants.

Currently applied passive sampling strategies can and should be further expanded to include 
environmental compartments and compound groups that are relevant to aquatic ecosystem 
health but currently underrepresented in effect-based water quality assessment efforts. In 
this thesis, passive sampling was applied for the bioavailability-based chemical profiling of 
sediments in tandem with whole sediment bioassays (chapter 5). The observed ubiquity of 
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sediment toxicity underlined the relevance of sediment as a sink and source of contaminants in 
aquatic ecosystems and simultaneously emphasized the value of effect-based tools in sediment 
quality assessment. The applied approach can be further advanced by performing the passive 
sampling of sediments with polymeric materials with a high sorption capacity that allows for 
the subsequent solvent spiking or passive dosing to in vivo and in vitro bioassays. This would 
provide a high-throughput sediment quality assessment approach that can readily be integrated 
with effect-based chemical water quality monitoring strategies. Furthermore, the passive sampler 
array applied in the water column was amended with diffusive gradients in thin films (DGT) to 
include inorganic contaminants, i.e. metals, in the bioanalytical assessment of chemical water 
quality (chapter 6). Metal pollution is ubiquitous in aquatic ecosystems, yet metals have only 
rarely been included in effect-based water quality assessment strategies.82 The application of 
the inorganic DGT extracts in in vivo bioassays indeed identified potential ecotoxicological 
risks caused by metals and was efficiently integrated with the effect-based assessment of  
organic contaminants. 

The simultaneous application of the presently explored sampling methods at field locations 
represents a promising approach to the integrated assessment of a very wide range of contaminants, 
present in all abiotic aquatic environmental compartments. In the future, the sampling strategy 
can be even further expanded to include highly polar and/or ionizable compounds, which 
represent an important class of contaminants of emerging concern (CECs),85,102 in the water 
column, the sediment, but also in biota. This can be achieved by the application of passive 
samplers that house mixtures of polymeric sorbents that target contaminants with particular 
chemical characteristics, allowing the sequestration of a broad spectrum of potentially toxic 
substances from the aquatic environment.

II – REPRESENTATIVE TRANSFER OF ENVIRONMENTAL SAMPLES INTO 
BIOASSAYS
The dosing of realistic environmental mixtures of contaminants to bioassays is important for 
an accurate representation of contaminant exposure levels that organisms would experience 
in the field.20 The most direct way of representative dosing is conducting bioassays directly 
in an unmanipulated environmental sample (chapters 4 and 5). However, this is only possible 
for contaminated locations or very sensitive test endpoints and can introduce confounding 
factors that can either mask or enhance bioassay responses.20 Passive sampling offers an elegant 
alternative to the use of direct exposure to or total extraction of samples as it provides enriched 
and relatively clean environmental extracts.19 The extraction of chemicals accumulated in 
field-exposed passive samplers and subsequent solvent spiking into bioassays is simple and 
efficient. However, the back-calculation of bioassay responses to environmental concentrations 
in surface waters requires the estimation of sampled water volumes. The approaches to this are 
fundamentally different for equilibrium and integrative passive samplers.

For equilibrium passive samplers, sampled volumes can be estimated based on the dissipation 
of performance reference compounds from the samplers during the exposure period (chapters 2 
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and 6).50 This offers a close approximation of sampled water volumes that takes the environmental 
factors determining uptake rates at the field locations into account. Nonetheless, the extraction of 
passive samplers and subsequent solvent spiking manipulates the original mixture composition 
in the bioassay setup. Moreover, after any single spiking event the freely dissolved concentrations 
of contaminants in the bioassay decrease over time, especially for non-polar compounds, due to 
the sorption of compounds to biomass and test vessels.20 These drawbacks of solvent spiking of 
equilibrium passive sampler extracts to bioassays can be overcome by passive dosing, in which 
an absorptive polymer is used as a partitioning source of the extracts to bioassays.20 This keeps 
the freely dissolved contaminant concentrations in the test setup constant, while simultaneously 
recreating the composition of the original mixture of compounds in the environment.20 Such 
passive dosing setups have been developed even for miniaturized in vitro test systems, and 
are hence suited for application in high-throughput screening.209 Passive dosing approaches 
for equilibrium passive samplers are currently only limited by the long equilibration times 
and the low water solubility of very hydrophobic compounds, but recent methodological 
advancements allow the accelerated passive dosing to bioassays, even of complex mixtures 
of hydrophobic compounds.210 The combination of equilibrium passive sampling and passive 
dosing thus offers a promising approach to recreate environmentally relevant exposure to 
contaminant mixtures in future effect-based chemical water quality assessment strategies.

For integrative passive samplers, which operate in the kinetic uptake regime, passive dosing 
does not reproduce the actual environmental contaminant mixtures since the samplers have 
not reached equilibrium with the surrounding matrix.20 Moreover, field-correction methods 
that apply performance reference compounds to estimate sampled water volumes are not 
reliable for integrative passive samplers because the uptake and release of compounds are 
often non-isotropic.51 Thus, the closest estimation of compound concentrations obtained 
using integrative passive samplers is based on compound-specific sampling rates, which are 
derived from laboratory or field-based calibration studies.52 This approach can readily be 
applied for chemical analysis of passive sampler extracts, but this is not possible for bioassays 
as the mixtures of compounds jointly causing the bioassay responses are not known. Therefore, 
bioassay responses can be corrected for reported average sampling rates of the used samplers to 
represent the exposure level that organisms would experience in the field (chapters 2 and 6).14,52 
However, the use of average sampling rates does not take the variability in sampling rates for 
individual compounds into account, nor the environmental factors that influence the uptake 
rates at the field locations. This may result in a lack of precision in sampling rate estimations for 
integrative samplers, leading to uncertainties in the back-calculation of bioassay responses to 
compound concentrations in the environment.

The use of active-advection samplers can substantially decrease the uncertainties related 
to sampling rate estimations for integrative samplers.13 A multitude of devices for the active 
sampling of surface water has been developed in recent years.211–214 However, these active 
sampling devices all depend on an electric power supply for their successful deployment, and 
their acquisition and use entail considerable costs compared with passive sampling devices. This 
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makes them markedly less appealing for use in regular monitoring efforts, especially in remote 
and/or developing regions. 

The limitations discussed above highlight the urgent need for approaches to accurately 
estimate sampling rates for integrative passive samplers and the subsequent representative 
dosing of the extracts to bioassays. Alternatively, or additionally, the polymeric sorbents used in 
integrative passive samplers can be applied for the equilibrium sorption of organic compounds 
from environmental matrices.93,215,216 The application of polymeric sorbents for the equilibrium 
sorption and subsequent passive dosing of polar compounds to bioassays was, at the time of 
writing, not yet reported in the scientific literature. However, the sorption of compounds to 
polymeric sorbents was shown to be reversible,216 especially for polar compounds,93 offering 
promising applicability of such sorbents for passive dosing of polar compounds to bioassays. As 
such, passive samplers targeting organic compounds in the more polar range (log KOW < 3) could 
be combined with passive dosing approaches to reliably assess the potential ecotoxicological 
risks of the increasingly relevant polar organic compounds in aquatic ecosystems.215

III – BIOASSAY BATTERIES REPRESENTATIVE OF AQUATIC ECOSYSTEM HEALTH
The composition of bioassay batteries determines which effects can potentially be detected in 
effect-based chemical water quality assessment.25 To meet the goal of safeguarding the ecological 
integrity of aquatic ecosystems against environmental pollution, bioassay batteries should 
function as early-warning systems for adverse effects of chemicals on natural populations. 
Therefore, the batteries should be curated to comprise indicator bioassays that represent 
relevant endpoints. With this aim in mind, the relevance of bioassays for application in effect-
based chemical water quality assessment can be determined based on several criteria which are 
outlined below.

First, the responsiveness of the bioassays to real-world pollutant mixtures should be verified 
by exposing candidate assays to field-obtained samples.24,217 Knowledge of the (groups of) 
compounds that elicit effects in these bioassays will strongly aid the subsequent identification 
of the causative compounds when responses to environmental samples are observed. Second, 
the battery should cover a wide range of endpoints to allow the toxicity assessment for as many 
of the sampled chemicals as possible, while simultaneously ensuring the relevance for ecological 
health. This can be achieved by aligning the selected bioassays to relevant steps at different levels 
in adverse outcome pathways (chapter 1).22,25 Finally, to ensure their function as early-warning 
tools, bioassays should respond to lower toxic pressures than natural populations of organisms 
in the investigated environment (see also section IV). This optimal situation is conceptually 
depicted in Figure 7.1A, where highly sensitive in vitro endpoints respond first to increasing 
toxic pressures, followed by responses of in vivo endpoints, and eventually by adverse effects 
on natural populations. An example of a set of bioassays with which this situation is achieved 
is offered by the combination of receptor-mediated estrogen receptor and zebrafish embryo 
bioassays. Several studies have shown that highly specific assays for estrogenic activity respond 
most sensitively to environmental samples, followed by zebrafish embryo toxicity test.32,218 In 
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Figure 7.1. Conceptual depiction of the relationship between toxic pressure in the environment and 

the performance of natural populations of organisms and in vivo and in vitro bioassay endpoints. Ideally, 

responses in bioassays are observed at lower toxic pressures than adverse effects on natural populations (panel 

A). Non-representative bioassays will respond at higher toxic pressures than natural populations, making 

them unfit for effect-based chemical water quality assessment (panel B). Current strategies for effect-based 

trigger value (EBT) derivation are based on environmental quality standards (EQS) or effect concentrations 

(EC) of compounds in bioassays (panel C). Future EBT derivation can take ecological protection goals of natural 

populations as point of departure by defining when bioassay responses are indicative of adverse effects on 

natural populations (panel D).
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another study, the in vitro yeast estrogen screen test was shown to be a sensitive indicator of 
intersex in wild fish populations exposed to wastewater treatment plant effluent.111 Hence, 
highly sensitive in vitro estrogen receptor assays, but also sensitive in vivo zebrafish embryo 
assays, are promising indicator bioassays for endocrine disruption in wild populations of fish. 
Whether other bioassays indeed also provide such early warnings for adverse population effects 
can be determined by the collation of simultaneous measurements of bioanalytical responses 
and the status of natural populations of interest at field locations.

Examples of bioassays that would not be fit-for-purpose are i) those that respond to 
environmental contamination at higher toxic pressures than the relevant natural populations 
do, ii) assays representing endpoints that are not indicative of adverse effects in natural 
populations, or iii) assays that are unresponsive to toxic environmental samples for other 
reasons than the former two, including a lack of standardization and methodological constraints 
(Figure 7.1B). As such, they cannot be used as early-warning tools for adverse effects on natural 
populations and they should, therefore, not be applied in effect-based water quality assessment. 
Other reasons to exclude bioassays from batteries include high costs and/or infrastructural 
demands and the inability to reliably interpret their responses in relation to aquatic  
ecosystem health.

Based on the criteria outlined above, the present research identified several currently 
employed bioassays that appeared unfit for application in batteries for effect-based water quality 
assessment, and which were, therefore, excluded from revised batteries or replaced with more 
responsive and relevant alternative assays in subsequent research efforts. Three exemplary cases 
of these advancements are discussed here:

1.	 The in situ Daphnia magna bioassay that was employed in chapter 2, although responsive, 
was excluded from further bioassay batteries due to the inability to reliably interpret 
the observed responses. Generally, the extended field exposure of organisms represents 
a highly-realistic environmental exposure scenario, yet it also introduces many 
confounding factors that may affect the performance of the organisms and which makes 
it difficult to isolate the effects of micropollutants in these bioassays from the effects of 
other stressors.

2.	 The algal growth inhibition assay performed in chapter 2 appeared unresponsive 
at the majority of the investigated locations, triggering its replacement with a short-
term (4.5 h) algal photosynthesis bioassay (chapter 4) in the bioassay battery applied 
in chapter 6. Although the algal photosynthesis bioassay did not elucidate any 
potential ecotoxicological risks in this final measuring campaign, responses were 
observed at a substantially higher percentage of the locations than for the algal growth 
inhibition assay in the first measuring campaign. Hence, this replacement appears to 
have introduced a more sensitive endpoint representative of herbicide activity, while 
simultaneously presenting a high-throughput test setup that can readily be applied in 
large-scale measurement campaigns. 

3.	 The inclusion of the anti-PR CALUX assay in bioassay batteries (chapters 3 and 6) 
resulted in the detection of responses for all the investigated locations. Furthermore, in 
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the final field campaign this assay allowed the detection of potential ecotoxicological risks 
at half of the locations. This confirmed the responsiveness of this assay to environmental 
samples and highlights the relevance of this test for application in effect-based water 
quality assessment. 

Considering infrastructural demands, costs, and the potential for high-throughput capacity, 
in vitro bioassays offer convincing advantages over in vivo bioassays. Moreover, the use of cell-
based bioassays is also preferable to the use of whole organisms from an ethical perspective. For 
these reasons, a shift from the application of primarily in vivo to in vitro bioassays in environmental 
quality assessment has been proposed.219 However, the reliable translation of responses of in 
vitro bioassays to ecotoxicological risks in the field remains challenging as receptor binding or 
cellular responses will not always lead to whole organism and population responses.24 This is 
because repair and defense mechanisms that are activated between molecular initiating events 
detected by an in vitro assay and adverse effects in whole organisms may prevent such adverse 
effects. Therefore, responses in in vivo tests are more directly relatable to the ecological status 
of a water body, and may therefore as of yet be irreplaceable for the translation of bioassay 
responses to effects on natural populations of aquatic biota.73 Nonetheless, the molecular 
initiating events covered by in vitro assays provide crucial information on potential adverse 
effects and especially on the groups of compounds responsible for the effects observed at higher 
levels. Hence, bioassay batteries that can comprehensively assess water quality will constitute 
a combination of representative in vitro and in vivo assays (chapters 2 and 6).

Vice versa, the application of bioassay batteries that cover a wide range of endpoints can 
be used to gain insight into contamination source-specific bioanalytical response profiles. 
However, such characteristic response profiles could not be revealed in a very heterogeneous 
set of locations receiving a very diffuse and mixed loading of micropollutants (chapter 2). 
The application of a revised bioassay battery at a selection of locations with much more well-
defined contamination sources did, on the other hand, allow the identification of contamination 
source-specific ecotoxicological profiles (chapter 6). This represents valuable information since 
bioassay responses that are characteristic of particular sources of surface water contamination 
can serve as diagnostic indicators of specific types of pollution. As such, they can aid targeted 
mitigation efforts for risk abatement, also at locations at risk from the presence of more complex 
mixtures of micropollutants.

IV – EFFECT-BASED TRIGGER VALUES THAT ACCURATELY INDICATE 
ECOTOXICOLOGICAL RISKS
Effect-based trigger values (EBT) are valuable tools in the interpretation of potential 
ecotoxicological risks as indicated by bioanalytical responses.21,30,31 In this way, they act similar 
to environmental quality standards (EQS) in traditional chemical water quality monitoring. 
The currently available and most commonly used EBTs for effect-based chemical water 
quality assessment are based on either EQS for regulated chemicals or on all reported effect 
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concentrations (EC) for compounds in the used bioassays (Figure 7.1C; chapter 1).21,30 Hence, 
similar to EQSs, EBTs can be reinterpreted over time as more toxicity data becomes available or 
when alternative methods for their derivation are developed.32 Nonetheless, the present EBTs are 
selected based on anthropogenic criteria like EQSs, that lack environmental realism, and that, 
consequently, biological organisms do not necessarily abide by. Therefore, these EBTs are very 
useful in legislation for the implementation of effect-based chemical water quality assessment, 
but due to their lack of environmental realism, the normalization of bioassay-derived data to 
EBTs renders the data less suitable to gain insight into the relationship between toxicity and 
aquatic ecosystem health.

An alternative approach to the interpretation of bioassay responses that would allow for 
unbiased investigations into the relation with adverse effects in natural populations is yet to 
be developed, and a promising approach is, therefore, proposed here. The first step would be 
to define a response range, derived from big data on responses for each bioassay in a battery 
to environmental samples. The minimum reported value can be defined as 0, representing 
a background level of toxicity, and the highest reported value, defined as 1, represents 
the maximum naturally occurring activity for that bioassay. Hereafter, each bioassay response 
can be expressed as a value between 0 and 1, where a higher value represents a higher response, 
and responses are calibrated to an environmentally relevant range of toxic pressures. This 
approach allows for summation of the responses of all bioassays in a battery, however without 
the interpretation of risk based on a priori defined thresholds, and thus allows for unbiased 
correlation analyses with ecological data.

Next, the environmentally calibrated bioassay responses can be applied in an as of yet 
underexplored approach to EBT derivation. The here postulated approach builds upon 
the foundation of the derivation of the “background BEQ” as laid by Van der Oost et al.,21 
and is outlined below. Keeping in mind the function of effect-based methods as early-warning 
systems for adverse effects of chemicals on natural populations, there has been remarkably 
little attention to the health of wildlife populations in the assessment of chemical impacts on 
the environment.220,221 However, since EBTs should ultimately safeguard the health of natural 
populations, rather than using proxies for adverse effects like EQSs or ECs, sufficiently 
strong adverse effects on natural populations of aquatic biota can be defined as thresholds 
for environmental quality. As such, these thresholds represent the ecological protection goals 
that EBTs strive to achieve much more directly. Once these ecological protection goals have 
been defined in a quantifiable way, field studies that combine simultaneous measurements of 
bioanalytical responses and the status of natural populations of interest can provide the bioassay 
response levels that correlate with exceedances of the defined threshold for environmental 
quality, resulting in ecologically derived EBTs for all bioassays in a battery (Figure 7.1D). 
This can be done for all possible combinations of bioassays and ecological protection goals. 
The (combination of) bioassay(s) that is/are the most sensitive and accurate predictor of 
the exceedance of the ecological threshold is then appropriate as an early-warning tool for 
a specific ecological protection goal. This way, the point-of-departure of EBT derivation is 
switched from EQSs or ECs to ecological protection goals (Figure 7.1D).
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This newly proposed approach to EBT derivation is currently limited by the availability of 
data on both bioassay responses and ecological quality parameters measured simultaneously 
at the same locations. However, given the increasing application of effect-based methods for 
chemical water quality assessment in large-scale research efforts like the SOLUTIONS project,222 
but also in the research presented in this thesis, a growing amount of work is available that 
can help to meet these data requirements. Another foreseeable challenge to the here outlined 
approach is the formulation of ecological protection goals. Intrinsically, the goals will differ 
between environmental compartments, ecosystems, and geographic regions. This requires 
decisions and consensus on defining variables between aquatic ecologists and ecotoxicologists, 
water managers, and authorities, which may represent the biggest challenge in the regular 
application of effect-based water quality assessment yet. Finally, it must be noted that 
a deteriorated ecological status of aquatic ecosystems is often not solely attributable to chemical 
pollution.220 However, the required simultaneous measurements of bioanalytical responses and 
the status of wildlife populations also offer the opportunity for improved insight into the multi-
stress acting on aquatic ecosystems. When combined with measurements of other co-occurring 
important stressors like eutrophication and habitat degradation, such research provides 
datasets that can help isolate the contribution of toxicity to the overall ecosystem degradation 
from the multiple other stressors that are ubiquitously present in human-impacted waters. 
Despite existing challenges, the here postulated novel, more ecologically relevant, approach to 
EBT derivation would strongly aid in achieving the ultimate goal of EBTs: to protect natural 
populations of organisms in the aquatic environment.

FUTURE CHEMICAL WATER QUALITY ASSESSMENT
The present thesis provided deliberations on sampling and dosing methodologies of aquatic 
environmental samples to bioassays, the appropriate composition of bioassay batteries, 
and the interpretation of bioassay battery responses for effect-based chemical water quality 
assessment. The attained advancements, but also the identified knowledge gaps and the here 
proposed ecologically relevant EBT derivation approach, will hopefully serve as a roadmap for 
the future application of effect-based tools in regular chemical water quality assessment. 

In an ideal future, chemical water quality monitoring will result in a comprehensive 
assessment of the ‘exposome of the natural aquatic environment’, where (semi)continuous 
simultaneous biological and chemical analyses reveal the chemicals that (jointly) pose a threat 
to the biotic environment.9,223,224 The widespread application of such chemo-biological sentinels 
of aquatic environmental health will provide high-resolution information that will make 
targeted and effective chemical risk abatement possible. Finally, this will also allow the complete 
and effective integration of effect-based methods with the “One Health” principle, that aims to 
ensure non-toxicity to the living environment.
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SUMMARY - ADVANCEMENTS IN EFFECT-BASED WATER QUALITY ASSESSMENT
Background and aim

An increasingly wide variety of chemicals is emitted to the aquatic environment, where 
thousands of substances may be simultaneously present. The resultant complex and varying 
mixtures of chemicals exert a potential threat to human health and aquatic biodiversity. Current 
legally-prescribed chemical water quality assessment strategies focus on the chemical analysis of 
an only limited selection of legacy contaminants and overlook the risks of the complex mixtures 
of emerging contaminants that nowadays govern chemical water quality. As such, they are unfit 
for the risk assessment of present-day chemical contamination, and there is a need for future-
proof monitoring methods that allow for the impact assessment of the ever-changing complex 
chemical burden on aquatic ecosystems.

The combination of time integrative sampling methods, known as passive sampling, and 
methods that employ living cells or organisms (bioanalyses or bioassays), known as effect-based 
methods, can overcome many of the limitations of traditional chemical water quality assessment 
methods. Over the past two decades, fundamental steps have been taken in the scientific 
underpinning of technological innovations for effect-based water quality assessment approaches 
and the interpretation of the obtained results. Nonetheless, their regular implementation is still 
in its infancy, and scientific knowledge gaps exist that need to be addressed to unleash the full 
potential of effect-based methods in chemical water quality assessment. Therefore, the present 
research aimed to fuel the paradigm shift towards new chemical aquatic environmental quality 
monitoring methods by providing a scientific basis for the advancement of effect-based water 
quality assessment. To meet this aim, the state-of-the-art of effect-based tools was explored and 
applied in five field- and laboratory-based studies.

Field and experimental work

To gain insight into the state-of-science of effect-based surface water quality assessment and its 
potential for implementation into regular water quality monitoring, the aim of chapter 2 was to 
perform an effect-based nationwide water quality assessment to identify ecotoxicological risks 
in a wide variety of surface waters. To this end, passive sampling of polar and non-polar organic 
compounds was combined with a battery of in situ, in vivo and in vitro bioassays for 45 surface 
water locations. The bioassay battery was selected such that it could identify the risks posed by 
a wide range of chemical pollutants and their transformation products, while simultaneously 
allowing for targeted identification of groups of compounds that cause specific effects. Bioassay 
responses were compared to effect-based trigger values to identify potential ecotoxicological 
risks at the investigated locations. Responses were observed in all bioassays, and trigger values 
were exceeded in 9 out of the 21 applied assays, allowing for ranking of the investigated locations 
based on ecotoxicological risks. No relationship between land use and the identification of 
ecotoxicological risks was observed. Based on the results, considerations regarding future 
improvements of effect-based monitoring were given, which were addressed in the chapters 3-6. 
It was concluded that effect-based water quality assessment allowed the prioritization of sites 
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based on ecotoxicological risks, identified the presence of hazardous compounds regardless of 
being listed as priority substances and meanwhile could prevent costly chemical analysis at sites 
with low ecotoxicological risks.

The design of integrative passive samplers can affect the accumulation of compounds and 
therewith the detected bioassay responses. Chapter 3 aimed to determine the effects of sampler 
housing and sorbent type on bioassay responses to polar passive sampler extracts. To this end, 
four integrative passive sampler configurations, resulting from the combination of polar organic 
chemical integrative sampler (POCIS) and Speedisk housings with hydrophilic-lipophilic 
balance and hydrophilic divinylbenzene sorbents, were simultaneously exposed at reference and 
contaminated surface water locations. To measure the toxicity of the accumulated polar organic 
compounds, a battery of five bioassays was exposed to the extracts. Extracts from POCIS caused 
higher bioassay responses in 91% of cases, while extracts from the two sorbents caused equally 
frequent but different bioassay responses. Hence, the passive sampler design critically affected 
the toxicity detection of polar organic contaminants, highlighting the importance of active 
choices in passive sampling for effect-based water quality assessment.

Since algal photosynthesis is a sensitive process that can be applied to identify the presence 
of hazardous herbicides in surface water, the aim of chapter 4 was to employ an algal 
photosynthesis bioassay to assess surface water toxicity to algae and to identify the compounds 
causing the observed effects. To this end, Raphidocelis subcapitata was exposed to surface water 
samples and after 4.5 h photosynthetic efficiency was determined using PAM fluorometry. In 
this rapid high throughput bioassay, algal photosynthesis was affected by surface water from 
only one of 39 locations. Single compounds toxicity confirmation elucidated that the observed 
effect could be solely attributed to the herbicide linuron, which occurred at 110 times the EQS 
concentration and which is not included in the WFD priority substances list. In conclusion, 
applying the algal photosynthesis bioassay enables more efficient and effective assessment of 
toxicity to primary producers because it: (i) identifies the presence of herbicides that would be 
overlooked by routine chemical WFD monitoring, and (ii) avoids redundant chemical analyses 
by focusing only on (non-)target screening in samples with demonstrated effects.

Sediment quality assessment methods that consider the risks caused by the combined action 
of all sediment-associated contaminants to benthic biota are still underrepresented in water 
quality assessment strategies. Chapter 5 aimed to integrate effect-monitoring and chemical 
profiling of sediment contamination. To this end, 28-day life cycle bioassays with Chironomus 
riparius using intact whole sediment cores from contaminated sites were performed in tandem 
with explorative chemical profiling of bioavailable concentrations of groups of legacy and 
emerging sediment contaminants to investigate ecotoxicological risks to benthic biota. All 
contaminated sediments caused effects on the resilient midge C. riparius, stressing that sediment 
contamination is ubiquitous and potentially harmful to aquatic ecosystems. However, bioassay 
responses were not in line with any of the calculated toxicity indices, suggesting that toxicity was 
caused by unmeasured compounds. Hence, this study underlines the relevance of effect-based 
sediment quality assessment and provides smarter ways to do so. 



148

A
PPEN

D
IX

&

It was hypothesized that the refined insights and methodological improvements obtained 
in the previous chapters would contribute to an improved strategy for the assessment of 
the aggregated risk of all bioavailable micropollutants present in the aquatic environment. 
Chapter 6 aimed to advance effect-based water quality assessment by implementing 
the developed methodological improvements and to gain insight into contamination source-
specific bioanalytical responses. To this end, passive sampling of non-polar and polar organic 
compounds and metals was applied at 14 surface water locations that were characterized by 
two major anthropogenic contamination sources, agriculture and WWTP effluent, as well as 
reference sites with an expected low impact from micropollutants. A revised battery of 20 in 
vivo and in vitro bioassays was exposed to the passive sampler extracts, and the bioanalytical 
responses were compared to effect-based trigger values to identify potential ecotoxicological 
risks. The bioanalytical assessment of the joint risks of metals and (non-)polar organic 
compounds resulted in the successful identification of pollution source-specific ecotoxicological 
risk profiles. Cumulative ecotoxicological risks were lowest for reference locations, followed by 
agriculture locations and the highest for WWTP locations, and were mainly driven by polar 
organic contaminants. It was concluded that the employed advanced effect-based methods can 
readily be applied in surface water quality assessment and that the integration of chemical- and 
effect-based monitoring approaches will foster future-proof water quality assessment strategies 
on the road to a non-toxic environment.

Recommendations and outlook

This thesis advanced the scientific basis of effect-based chemical water quality assessment by 
providing methodological and theoretical improvements to this emerging field of research. In 
the synthesis (chapter 7), it was postulated that four specific requirements need to be met to 
achieve the full potential of effect-based water quality assessment.

First, the sampling methods should capture all relevant contaminants from the water. 
In the present research, this was pursued by i) developing an improved understanding of 
the characteristics that determine the uptake of contaminants in polar passive samplers, 
ii) applying a suite of passive samplers to capture organic contaminants from a very wide 
polarity range, iii) the expansion of the suite of passive samplers to include ecotoxicological 
risk assessment of metals, and iv) the expansion of the passive sampling strategy to allow 
the bioavailability-based extraction of sediment-associated contaminants.

Second, the environmental samples should be transferred as representative mixtures at 
environmentally relevant concentrations to the bioassays. Here, several methods were applied 
for the approximation of field-relevant passive sampler extract concentrations. This highlighted 
the limitations of the currently available approaches, and resulted in the recommendation to 
apply passive dosing to obtain environmentally relevant mixtures and concentrations of both 
non-polar and polar organic contaminants in bioassays.

Third, the bioassay battery should represent all toxicity endpoints relevant to aquatic 
ecosystem health. Criteria that determine the relevance of bioassays for application in effect-
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based water quality assessment were defined that consider the responsiveness of bioassays, 
the range of endpoints in a bioassay battery, and the early-warning function of bioassays. 
The application of these criteria to the bioassays applied in the present work resulted in 
the exclusion of several bioassays that appeared not fit-for-purpose and their replacement with 
more relevant and sensitive alternatives.

Last, the defined thresholds for the interpretation of bioassay responses should be 
indicative of ecotoxicological risks in the environment. Therefore, a novel approach was 
proposed that switches the point-of-departure of effect-based trigger value derivation from 
compound concentration-based thresholds to ecological protection goals. Despite existing 
challenges, the here postulated novel, more ecologically relevant, approach would strongly aid 
the achievement of the ultimate goal of effect-based trigger values: to protect natural populations 
of organisms in the aquatic environment.

It is concluded that in an ideal future, chemical water quality monitoring will result in 
a comprehensive assessment of the ‘exposome of the natural aquatic environment’, where (semi)
continuous simultaneous biological and chemical analyses reveal the chemicals that (jointly) 
pose a threat to the biotic environment.
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SAMENVATTING - PROGRESSIE IN EFFECTGEBASEERDE 
WATERKWALITEITSBEOORDELING
Achtergrond en doel van het promotieonderzoek

Er wordt een steeds grotere verscheidenheid aan chemicaliën uitgestoten in het aquatisch milieu, 
waar dientengevolge duizenden stoffen tegelijkertijd aanwezig kunnen zijn. Deze complexe en 
variërende mengsels van chemische stoffen vormen een potentiële bedreiging voor de menselijke 
gezondheid en de aquatische biodiversiteit. De huidige wettelijk voorgeschreven chemische 
waterkwaliteitsbeoordelingsstrategieën richten zich echter alleen op de chemische analyse 
van een beperkte selectie van bestaande verontreinigingen en zien hiermee de risico’s over het 
hoofd van de complexe mengsels van nieuwe onbekende verontreinigingen die tegenwoordig 
de chemische waterkwaliteit bepalen. Daardoor zijn traditionele meetmethoden ongeschikt 
voor de risicobeoordeling van de hedendaagse chemische verontreiniging en is er behoefte 
aan toekomstbestendige monitoringsmethoden die het mogelijk maken om de effecten van  
de steeds veranderende complexe chemische belasting op aquatische ecosystemen te bepalen.

De combinatie van tijd-geïntegreerde bemonsteringsmethoden, bekend als passieve 
bemonstering (passive sampling), en methoden waarbij levende cellen of hele organismen 
worden gebruikt (bioanalyses en bioassays), bekend als effectgebaseerde methoden, 
kunnen veel van de beperkingen van de traditionele methoden voor de beoordeling  
van de chemische waterkwaliteit verhelpen. In de afgelopen twee decennia zijn grote stappen 
gezet in de fundamentele wetenschappelijke onderbouwing en de technologische innovatie 
van effectgerichte benaderingen van waterkwaliteitsbeoordeling en in de interpretatie van 
de verkregen resultaten. Desalniettemin staat de reguliere implementatie hiervan nog in  
de kinderschoenen en bestaan er lacunes in de wetenschappelijke kennis die moeten worden 
gevuld om het volledige potentieel van effectgebaseerde methoden bij de beoordeling 
van chemische waterkwaliteit tot haar recht te laten komen. Daarom was het doel van het 
huidige onderzoek de paradigma verschuiving naar nieuwe meetmethoden voor chemische 
waterkwaliteit te stimuleren door een wetenschappelijke basis te bieden voor de vooruitgang 
van effectgebaseerde waterkwaliteitsbeoordeling. Om dit doel te bereiken werden de meest 
recente ontwikkelingen in effectgebaseerde methoden onderzocht en toegepast in vijf  
veld- en laboratoriumstudies.

Experimentele benadering

Om inzicht te krijgen in de stand van de wetenschap betreffende de effectgebaseerde 
beoordeling van oppervlaktewaterkwaliteit en het potentieel ervan voor implementatie in 
reguliere waterkwaliteitscontrole, was het doel van hoofdstuk 2 om een effectgebaseerde 
landelijke waterkwaliteitsbeoordeling uit te voeren om ecotoxicologische risico’s te identificeren 
in een grote verscheidenheid aan oppervlaktewateren. Daartoe werd passieve bemonstering 
van hydrofiele en hydrofobe organische stoffen op 45 oppervlaktewaterlocaties gecombineerd 
met een batterij van veld- en laboratorium-bioassays. De bioassay-batterij werd zo gekozen dat 
deze de risico’s van een breed scala aan verontreinigende stoffen en hun transformatieproducten 
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kon identificeren, terwijl het tegelijkertijd de identificatie mogelijk maakte van groepen van 
verbindingen die specifieke effecten veroorzaken. Bioassay-responsen werden vergeleken met 
effect signaalwaarden om potentiële ecotoxicologische risico’s op de onderzochte locaties 
te identificeren. Alle bioassays vertoonden responsen en de effect signaalwaarden werden 
overschreden in 9 van de 21 toegepaste assays. Hierdoor konden de onderzochte locaties 
worden gerangschikt op basis van ecotoxicologische risico’s. Er werd echter geen verband 
tussen landgebruik en specifieke ecotoxicologische risico’s waargenomen. Op basis van  
de resultaten werden suggesties voor toekomstige verbeteringen van effectgebaseerde  
monitoring gegeven, welke vervolgens behandeld werden in de hoofdstukken 3-6. Er werd 
geconcludeerd dat effectgebaseerde waterkwaliteitsbeoordeling de prioritering van locaties 
op basis van ecotoxicologische risico’s mogelijk maakte, de aanwezigheid van gevaarlijke 
verbindingen identificeerde, ongeacht hun status als prioritaire stoffen, en tegelijkertijd kostbare 
chemische analyse kon voorkomen op locaties met lage ecotoxicologische risico’s.

Het ontwerp van methoden voor passieve bemonstering (het passive sampler ontwerp) kan 
de ophoping van stoffen en daarmee de responsen in bioassays beïnvloeden. In hoofdstuk 3 
werden daarom de effecten van de passive sampler behuizing en het sorptiemiddel op bioassay 
responsen op hydrofiele passive sampler extracten bepaald. Hiertoe werden vier passive 
sampler configuraties, die het resultaat waren van de combinatie van polaire organische 
chemische integratieve sampler (POCIS) en Speedisk- behuizingen met hydrofiel-lipofiele 
balans en hydrofiele divinylbenzeen-sorptiemiddelen, tegelijkertijd blootgesteld op referentie- 
en verontreinigde oppervlaktewaterlocaties. Om de toxiciteit van de opgehoopte hydrofiele 
organische stoffen te bepalen, werd een batterij van vijf bioassays aan de extracten blootgesteld. 
Extracten van POCIS veroorzaakten in 91% van de gevallen hogere bioassay-responsen, terwijl 
extracten van de twee sorptiemiddelen even frequente, maar verschillende bioassay-responsen 
veroorzaakten. Het ontwerp van de passive sampler beïnvloedde dus de detectie van toxiciteit 
van hydrofiele organische verontreinigingen, wat het belang van het maken van actieve keuzes 
in passieve bemonstering voor een effectgebaseerde waterkwaliteitsbeoordeling benadrukte.

Aangezien fotosynthese een gevoelig proces is dat kan worden toegepast om de aanwezigheid 
van gevaarlijke herbiciden in oppervlaktewater te identificeren, was het doel van hoofdstuk 4 
om een bioassay voor algenfotosynthese in te zetten om de oppervlaktewatertoxiciteit voor algen 
te beoordelen en de stoffen te identificeren die de waargenomen effecten veroorzaakten. Hiertoe 
werd de microalg Raphidocelis subcapitata blootgesteld aan oppervlaktewater monsters en werd 
na 4.5 uur de fotosynthetische efficiëntie bepaald met behulp PAM fluorometrie. In dit snelle 
bioassay met een hoge monster doorvoercapaciteit werd de fotosynthese van algen beïnvloed 
door oppervlaktewater van slechts één van de 39 locaties. Toxiciteitstesten met individuele 
stoffen lieten zien dat het waargenomen effect uitsluitend kon worden toegeschreven aan het 
herbicide linuron, dat aanwezig was bij een 110 keer hogere concentratie dan de maximaal 
aanvaardbare concentratie, en dat bovendien niet is opgenomen in de KRW-lijst van prioritaire 
stoffen. Het toepassen van het algenfotosynthese-bioassay maakte dus een efficiëntere en 
effectievere beoordeling van de toxiciteit van oppervlaktewater voor primaire producenten 
mogelijk omdat het: (i) de aanwezigheid van herbiciden identificeert die over het hoofd zouden 
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worden gezien door routinematige chemische KRW monitoring, en (ii) overbodige chemische 
analyses vermijdt door alleen chemische screening uit te voeren in monsters die daadwerkelijk 
effecten veroorzaakten.

Kwaliteitsbeoordelingsmethoden voor sedimenten die rekening houden met de risico’s 
die worden veroorzaakt door de gecombineerde werking van alle in het sediment aanwezige 
verontreinigingen voor organismen die in de waterbodem voorkomen (benthische biota), zijn 
nog steeds ondervertegenwoordigd in strategieën voor waterkwaliteitsbeoordeling. Het doel 
van hoofdstuk 5 was daarom het integreren van effectmetingen en chemische karakteriseringen 
van sedimentverontreiniging. Daartoe werden 28 dagen durende levenscyclus bioassays met 
de dansmug Chironomus riparius met intacte sedimentkernen van verontreinigde locaties 
uitgevoerd, in combinatie met exploratieve chemische karakterisering van de biologisch 
beschikbare concentraties van groepen bekende en nieuwe onbekende sedimentverontreinigingen 
om zo de ecotoxicologische risico’s voor bentische biota te onderzoeken. Alle verontreinigde 
sedimenten veroorzaakten effecten op de relatief ongevoelige dansmuggen, wat benadrukte 
dat sedimentverontreiniging alomtegenwoordig is en mogelijk schadelijk is voor aquatische 
ecosystemen. De bioassay-responsen waren echter niet in overeenstemming met de berekende 
toxiciteitsindices gebaseerd op aanwezigheid van gemeten stoffen, wat erop wijst dat de toxiciteit 
werd veroorzaakt door niet-gemeten stoffen. Daarom onderstreepte deze studie de relevantie 
van effectgebaseerde beoordeling van sedimentkwaliteit en bood deze slimmere manieren om 
dit te doen.

Er werd verondersteld dat de verfijnde inzichten en methodologische verbeteringen die 
in de vorige hoofdstukken waren verkregen zouden kunnen bijdragen aan een verbeterde 
strategie voor de beoordeling van het geaggregeerde risico van alle biologisch beschikbare 
microverontreinigingen in het aquatisch milieu. Hoofdstuk 6 beoogde daarom de ontwikkelde 
methodologische verbeteringen te implementeren in effectgebaseerde waterkwaliteitsbeoordeling 
en inzicht te krijgen in de bioanalytische reacties op bronspecifieke verontreinigingen. Daartoe 
werd passieve bemonstering van hydrofobe en hydrofiele organische verbindingen en metalen 
toegepast op 14 oppervlaktewaterlocaties die werden gekenmerkt door twee belangrijke 
antropogene verontreinigingsbronnen, landbouw en rioolwaterzuivering (RWZI) effluent, 
evenals referentielocaties met een verwachte lage impact van microverontreinigingen. Een 
herziene batterij van 20 bioassays met levende cellen en organismen werd blootgesteld aan 
de passive sampler-extracten en de bioanalytische responsen werden vergeleken met effect 
signaalwaarden om potentiële ecotoxicologische risico’s te identificeren. De bioanalytische 
beoordeling van de gezamenlijke risico’s van metalen en organische stoffen resulteerde in  
de succesvolle identificatie van bronspecifieke ecotoxicologische risicoprofielen. De 
cumulatieve ecotoxicologische risico’s waren het laagst voor de referentielocaties, gevolgd door 
de landbouwlocaties en het hoogst voor de RWZI locaties. Deze risico’s werden voornamelijk 
veroorzaakt door hydrofiele organische verontreinigingen. Er werd geconcludeerd dat  
de gebruikte geavanceerde effectgebaseerde methoden makkelijk kunnen worden toegepast 
in de beoordeling van oppervlaktewaterkwaliteit en dat de integratie van chemische en 
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effectgebaseerde monitoring toekomstbestendige waterkwaliteitsbeoordelingsstrategieën 
mogelijk maakt op de weg naar een niet-giftig milieu.

Discussie en toekomstperspectief

Dit proefschrift heeft de wetenschappelijke basis van effectgebaseerde chemische 
waterkwaliteitsbeoordeling versterkt door methodologische en theoretische verbeteringen  
te bieden aan het bestaande onderzoeksgebied. In de synthese (hoofdstuk 7) werd gepostuleerd 
dat aan vier specifieke eisen moet worden voldaan om het volledige potentieel van  
effectgebaseerde waterkwaliteitsbeoordeling te kunnen benutten.

Ten eerste moeten de bemonsteringsmethoden alle relevante verontreinigende stoffen uit 
het water kunnen opnemen. In het huidige onderzoek werd dit nagestreefd door i) een beter 
begrip te ontwikkelen van de kenmerken die de opname van verontreinigingen in passive 
samplers voor hydrofiele stoffen bepalen, ii) verschillende passive samplers tegelijkertijd toe  
te passen om organische contaminanten met sterk uiteenlopende waterminnendheid op  
te nemen, iii) de toevoeging van passive samplers om de ecotoxicologische risicobeoordeling 
van metalen mogelijk te maken, en iv) de uitbreiding van de passieve monsternamestrategie 
om de extractie van biologisch beschikbare sediment geassocieerde verontreinigingen mogelijk  
te maken.

Ten tweede moeten de milieumonsters naar de bioassays worden overgebracht als 
representatieve mengsels bij milieurelevante concentraties. In dit proefschrift werden 
verschillende methoden toegepast om milieurelevante concentraties te benaderen bij het 
gebruik van passive sampler extracten in bioassays. Dit benadrukte de beperkingen van  
de momenteel beschikbare benaderingen, en resulteerde in de aanbeveling om passieve  
dosering toe te passen om voor het milieu relevante mengsels en concentraties van zowel 
hydrofobe als hydrofiele organische verontreinigingen in bioassays te verkrijgen.

Ten derde moet een bioassay batterij voorzien in de detectie van alle mogelijke vormen 
van toxiciteit die relevant zijn voor de gezondheid van aquatische ecosystemen. Daartoe 
werden criteria gedefinieerd die de relevantie van bioassays voor toepassing in effectgebaseerde 
waterkwaliteitsbeoordeling bepalen. Deze criteria omvatten de responsiviteit van de bioassays, 
selectie van eindpunten in een bioassaybatterij en de vroegtijdige diagnosefunctie van bioassays. 
De toepassing van deze criteria op de bioassays die in het huidige proefschrift zijn toegepast 
resulteerde in de uitsluiting van verschillende bioassays die niet geschikt bleken voor hun doel 
en in hun vervanging door relevantere en gevoeliger alternatieven.

Tot slot moeten de gedefinieerde normen voor de interpretatie van bioassay responsen een 
betrouwbare indicatie van ecotoxicologische risico’s in het milieu geven. Daarom werd een 
nieuwe benadering voorgesteld die de afleiding van effect signaalwaarden verschuift van op 
stofconcentraties gebaseerde drempels naar ecologische beschermdoelen. Ondanks de bestaande 
uitdagingen zal de hier gepostuleerde vernieuwde en meer ecologisch relevante aanpak sterk 
helpen bij het bereiken van het uiteindelijke doel van effect signaalwaarden: het beschermen van 
natuurlijke populaties van organismen in het aquatisch milieu.
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In een ideale toekomst zal de monitoring van de chemische waterkwaliteit leiden tot een 
alomvattende beoordeling van de ‘blootstelling van het natuurlijk aquatisch milieu’, waar (semi)
continue gelijktijdige biologische en chemische analyses de chemicaliën aan het licht brengen 
die (gezamenlijk) een bedreiging vormen voor de levende omgeving.
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