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General introduction

General introduction

Background
Polycyclic aromatic hydrocarbons (PAHs) are generated continuously by incomplete
combustion of organic matter in forest fires, fossil fuels and in waste incineration. Diffuse
pollution of combustion derived PAHs has resulted in the ubiquitous distribution of these
compounds in remote and urban areas. On a local scale in urban regions, extensive coal
gasification in most of the twentieth century has caused massive soil contamination with PAHs
[1, 2]. Soil and sediment contamination by PAHs can pose a serious threat to ecosystems due to
their toxic, mutagenic and carcinogenic properties. A proper assessment of the environmental
risk of PAHs therefore depends on a thorough knowledge of the processes acting between the
environmental compartments of soil, sediment, biota, water and air. In the past, risk assessment
of PAH-polluted environments was performed by taking the total concentration of PAHs present
in soils or sediments as a starting point for evaluating the need of site remediation. Sorption of
PAHs to amorphous and condensed organic phases in soil or sediments emphasized the
importance of distinguishing between bioavailable and total concentrations of PAHs. The
bioavailable concentration of PAHs encountered in soils and sediments refers here to the
fraction of total PAH concentration present in a soil or sediment that can be directly taken up by
terrestrial and aquatic organisms [3]. The bioavailability of PAHs is known to be organism and
species dependent [4] and is generally linked to fractions of these compounds that are readily
bioavailable at one point in time. An increasing contact time between PAHs and soils or
sediments will result in a decreased chemical and biological availability of PAHs, a process
called ageing [5] that over time leads to a decrease in bioaccessibility. Bioaccessibility refers
here to the amount that is potentially available to organisms, i.e. the integration of availability
over time [6].
The bioavailability and bioaccessibility of PAHs in soils and sediments is determined by
linear absorption or dissolution into amorphous organic carbon (AOC) and nonlinear,
competitive adsorption to condensed organic matter such as black carbon (BC). The concept of
dual domain sorption, i.e. absorption and adsorption, has been employed to explain elevated
total organic carbon to water distribution coefficients (KTOC), variable biota to sediment
accumulation factors and limited bioremediation potential of PAHs in soils and sediments. It has
been shown that BC is often responsible for over 90% of total soil and sediment sorption of
PAHs at environmentally relevant concentrations (i.e. in the ng/L range) [7]. Rapid and slow
desorption from these AOC and BC domains, respectively, results into 1. partitioning to
dissolved organic matter (DOM) in the pore water, 2. degradation by microbial communities
able to degrade PAHs or 3. uptake by terrestrial and aquatic organisms (Figure 1). A lower
bioavailability of PAHs due to stronger sorption of PAHs to soil or sediment organic matter and
BC will decrease the biodegradability of PAHs by microorganisms as well as the uptake by
aquatic and terrestrial organisms. All processes depicted in Figure 1 centre around the freely
dissolved concentration of PAHs. These freely dissolved concentrations form a better basis for
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risk assessment than total soil and sediment contents and can be directly compared to water
quality criteria [7].
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Figure 1. Sketch of the distribution of PAHs between pore water, dissolved organic matter, soft amorphous
organic matter and condensed organic matter (BC, black carbon) in soils and sediments along with the processes
of biodegradation and uptake by terrestrial and aquatic organisms. The dots represent PAH molecules (taken from
[7]).

The research presented in this thesis is focused on the processes that affect the environmental
fate of PAHs: vaporization, dissolution, biodegradation, partitioning to DOM and adsorption to
BC. This introduction will therefore provide a general background on physicochemical
properties of PAHs, biodegradation of PAHs, partitioning of PAHs to DOM, molecular
modelling to simulate thermodynamic properties of aromatic hydrocarbons and simulation of
sorption of PAHs to environmental sorbents. The research questions and outline of this thesis
will be presented at the end of this Introduction.
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Physicochemical properties
PAHs are rigid aromatic compounds that behave in a consistent manner with regards to their
physicochemical properties, depending on the size or molecular weight of the compound. The
molecular structures of a number of representative PAHs are shown in Figure 2.

Figure 2. Representative members of polycyclic aromatic hydrocarbons (from upper left to bottom right:
naphthalene, fluorene, phenanthrene, anthracene, fluoranthene, pyrene, benzo[a]pyrene and benzo[e]pyrene).

The hydrophobicity of PAHs, expressed in the n-octanol to water partition coefficient (Kow),
increases as the molecular size of PAHs increases (Table 1). Concomitantly, the liquid vapour
pressures, Henry’s Law constants and aqueous solubilities decrease with molecular size. These
physicochemical properties therefore govern the environmental behaviour of PAHs. For
example, the supercooled liquid vapour pressure is important in the calculation of the aqueous
solubility of PAHs. After conversion of the supercooled liquid vapour pressure from the liquid
to the solid phase using the entropy of fusion and the melting point temperature, the aqueous
solubility of solid PAHs can be calculated from the molecular weight (MW), solid vapour
pressure (PS) and Henry’s law constant (KH) via the following relationship: cS = MW.PS/KH.
Accurate values of these physicochemical properties are therefore required for the prediction of
the environmental behaviour of PAHs. This behaviour is mostly determined by molecular
interactions of PAHs in their pure or supercooled liquid state, but these interactions can not be
determined directly from experiments because the compounds are solids at ambient
temperatures. The supercooled liquid vapour pressures of PAHs can however be easily
determined from gas chromatographic retention times [8].
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Table 1. Physicochemical properties of polycyclic aromatic hydrocarbons at 298.15 Ka.

Naphthalene

C10H8

128.17

353.4

1.57

K He
(Pa
m3/mol)
43

Fluorene

C13H10

166.22

387.9c

4.18f

-0.30

7.87

1.90

Phenanthrene

C14H10

178.23

372.4c

4.57e

-1.13

3.24

1.10

Anthracene

C14H10

178.23

488.9c

4.68e

-1.00

3.96

0.045

c

e

Compound

Formula

MW

Tmp

(g/mol)

(K)
b

log Kow

log PLi

(Lwater/Loctanol)

(Pa)

3.33

e

cSj
(mg/L)
31.5

Fluoranthene

C16H10

202.25

383.3

-2.26

0.96

0.260

Pyrene

C16H10

202.25

423.8c

5.18g

-2.25

0.92

0.132

Benzo[a]pyrene

C20H12

252.31

454.2d

6.13e

-5.08

0.0465

0.003

5.23

252.31
454.4d
6.44h
-5.13
0.0467
0.005
Benzo[e]pyrene
C20H12
a
MW = molecular weight; Tmp = melting point temperature; Kow = octanol to water partition coefficient; PL =
vapour pressure of liquid compounds, KH = Henry’s law constant and cS = aqueous solubility of solid compounds;
b
Ref. [9]; c Ref. [10]; d Ref. [11]; e Ref. [12]; f Ref. [13]; g Ref. [14]; h Ref. [15]; i Calculated from ClausiusClapeyron equations from [16]. Original literature references of liquid vapour pressures are cited in Table 2 of
Chapter 2 from this thesis; j Recommended values reported in ref. [17].

Biodegradation
Biodegradation of PAHs is believed to be limited by the amounts dissolved in the aqueous
phase. The sorbed and crystalline state as well as non-aqueous phase liquid (NAPL)-dissolved
PAHs are generally unavailable for biodegradation [1]. In polluted soils and sediments, mass
transfer limitations are mostly inhibiting bioremediation because of strong sorption of PAHs to
solid organic phases [18]. The degradation of PAHs can further be complicated by a deficiency
in molecular oxygen that is required for the initiation of enzymatic attack on the aromatic rings
[19]. For water saturated soils and sediments, there is evidence from the literature for the
occurrence of anaerobic degradation of PAHs with nitrate and sulphate as terminal electron
acceptors [1].
Tenax extraction of soil and sediment suspensions can function as a quasi-infinite sink for
organic compounds in the aqueous phase and can therefore be applied to estimate the rapidly
desorbing fraction of PAHs [20] (see also Figure 1). The bioremediation potential of PAHcontaminated sediments can be successfully estimated with Tenax extraction, which provides a
good estimate of the biodegradation potential for intrinsically biodegradable compounds such as
most PAHs. The amount of PAHs extracted from soils or sediments by Tenax is directly related
to the amount that is biodegradable within a reasonable time span of some years [21]. Rapidly
desorbing fractions of PAHs from sediments, measured by Tenax assisted desorption, have been
linked to the extent of biodegradation in a number of studies [22-24]. The rate of biodegradation
of the rapidly desorbing fraction has been suggested to be controlled by intra-aggregate mass
transport limitations [23]. Recently, it was shown from modelling calculations and desorption
experiments that biodegradation rates were higher than desorption rates for rapidly desorbing
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PAHs (determined with Tenax), suggesting that microorganisms were able to promote
desorption from the rapidly desorbing fraction [21].
An alternative method to measure bioavailability of PAHs is formed by bioreporters which
are genetically modified whole-cell bacterial biosensors. These bioreporters have a relatively
rapid response, are easy to cultivate and maintain, and engineered response is direct rather than
inferred (such as with Tenax extraction) [25]. A recent application of this method to model
sorbents and sediments spiked with naphthalene showed a 1:1 correlation between bioreporter
response and Tenax extracted amounts [26].
Additional features of bacteria to degrade PAHs include the excretion of biosurfactants that
function as carriers of PAHs, high specific affinities for the substrate to deplete PAHs at the cell
surface and formation of biofilms with possible concomitant surface cell modifications to
regulate attachment of bacteria to substrates [1]. Furthermore, artificial surfactants (and also
DOM) can enhance biodegradation of PAHs in the aqueous phase. Surfactants are able to
decrease the interfacial tension between solid and aqueous phases and can form stable
aggregates or micelles that can increase the solubility of PAHs. This increased solubility
facilitates transport from the solid phase and can enhance the rate of mass transfer to bacteria.
The mechanism is poorly understood, however, because both enhancing and inhibiting effects
have been shown to occur below as well above the critical micelle concentration [27]. In
addition, surfactants can be toxic at high concentrations. Natural DOM could therefore be a
better candidate for stimulating bioremediation of polluted sites. A number of studies have
addressed the potential of DOM in enhancing the degradation of aqueous phase dissolved PAHs
[28-31], but the possible mechanism of the effect of DOM on biodegradation of PAHs remains
however unclear.
Partitioning to dissolved organic matter
DOM present in pore water of soils and sediments is a complex mixture composed of organic
(macro)molecules with aliphatic and aromatic structures with varying attached polar functional
groups. DOM is involved in biogeochemical cycles in which it serves as a carbon and energy
source for biota and controls levels of dissolved oxygen, nitrogen, phosphorus, sulphur, trace
metals and acidity [32]. The classical definitions of DOM are operational, i.e. divided in fulvic
acids (FA), humic acids (HA) and humin, and are based on solubility properties in acidic or
basic aqueous extraction media [33]. In recent reviews of DOM properties, it is proposed that
HA (and also natural organic matter) behave as supramolecular associations of low molecular
weight organic compounds held together by hydrophobic bonds, hydrogen bonds and/ or metalcation bridges [34, 35].
The partitioning of apolar compounds such as PAHs between DOM and water is determined
by the relative proportion of hydrophilic and hydrophobic domains of DOM, the molecular
weight distribution of DOM, and the hydrophobicity of PAHs [36]. This process directly affects
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the freely dissolved concentration of PAHs resulting in a decreased bioavailability for aquatic
organisms [37]. More specifically, characteristics of DOM that affect the partitioning behaviour
of PAHs include aromaticity (UV absorptivity at 254 or 280 nm) [38, 37, 39, 40], aliphaticity
(H/C atomic ratio) [37, 39], polarity (O/H atomic ratio) [40] and molecular size [38, 37].
Measurements of freely dissolved PAH concentrations for the determination of KDOC are
usually accomplished by a physical separation of DOM from pore water in soils or sediments by
filtration with an operationally defined cut-off of 0.45 μm [41]. This definition for DOM is
flawed, however, when filtration artefacts give rise to variable amounts of DOM [42]. Moreover,
the way of DOM separation can result in different DOM characteristics that are dependent on
factors like: pH, extractant to solid matrix ratio, sampling of different pore spaces and spatial
and temporal variation of DOM [41]. The size distribution of colloids and DOM in the
sedimentary environment can therefore have a significant effect on the bioavailability of PAHs
[43].
Various methods have been presented in the literature to determine KDOC values of PAHs,
such as fluorescence quenching, reversed phase separation, apparent solubility, complexation–
flocculation and equilibrium dialysis. The advantages and disadvantages of these methods have
been discussed by Krop et al. [44]. Methods based on the use of passive samplers indirectly
provide the KDOC value without separation of freely dissolved PAHs from the bulk solution and
disturbance of equilibria between DOM and PAHs. In the Solid Phase MicroExtraction (SPME)
method developed by Arthur and Pawliszyn [45], the extracting phase is an optical silica fiber
with a polymer coating such as polydimethylsiloxane (PDMS) that absorbs the freely dissolved
PAHs from the aqueous phase. Depending on the thickness of the coating and extracting
conditions (stirring, temperature, water volume, etc.), the fiber extracts a negligible amount that
is proportional to the freely dissolved concentration. In the method of negligible-depletion
SPME, it is required that 1. the extracted amount has to be minimized to prevent disturbance of
equilibria between DOM and PAHs and 2. the absorption kinetics towards the SPME fiber
should not be influenced by the presence of DOM [46]. This SPME technique has been used to
estimate bioconcentration by mimicking uptake by aquatic [47], soil [48], and sediment [49]
organisms (biomimetic extraction). In the case of significant depletion of the analytes from
solution, the SPME technique can be applied when equilibrium between fiber and water is
reached. In this case, equilibria of analytes between DOM and water are re-established and
enhanced diffusion of analytes by the presence of DOM through an unstirred boundary layer
(UBL) surrounding the fiber is prevented [50, 51]. The SPME method is considered a fast
technique and equilibria are disturbed to a minimum compared to other existing techniques, like
e.g. reversed phase separation or complexation-flocculation [44].
The effect of temperature on the partition equilibrium involving PAHs and DOM is directly
connected to the Gibbs free energy of transfer (ΔG0) of PAHs from water to DOM, ΔG0 = -RT ln
KxDOC, where R is the ideal gas constant, T is the absolute temperature and KxDOC is expressed on
a mole fraction basis. The molar enthalpy and entropy of phase transfer can be obtained from the
variation of KxDOC with temperature, ln KxDOC = -ΔH0/RT + ΔS0/R [52]. For partition processes,
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the molar enthalpy of PAH sorption is constant, independent of the sorbed PAH concentration
[53] and the molar entropy of the phase transfer is relatively small and positive [54]. For most
hydrophobic organic contaminants (HOCs), partition coefficients decrease with increasing
temperature [52]. The KDOC values for PAHs are only weakly dependent on temperature and
vary less than a factor of 2 with every 10 degrees change in temperature [36]. The temperature
dependence of partitioning of PAHs to DOM (and passive samplers) has however not been
studied to a large extent in the environmental literature. The experimental determination of
sorption coefficients and their temperature dependence is required to validate sorption
coefficients derived theoretically by computer simulation, which will be treated further below.
Simulation of thermodynamic properties of aromatic hydrocarbons
Environmental macroscopic properties of PAHs such as vaporization, dissolution and hydration
are directly connected to thermodynamic variables such as enthalpies of phase transfer. Reliable
calculation methods based on molecular properties of sorbate (and sorbent) are therefore
required to predict the partitioning behaviour of PAHs. Molecular mechanics employing well
parameterized force fields provide a means to obtain structural and energetic data on the
molecular interactions involved. The interactions are evaluated with a force field equation that
calculates the potential energy of a molecular system as a function of the nuclear positions or
Cartesian coordinates in three-dimensional space (ignoring electronic motions). The potential
energy is calculated from summed contributions of intra- and intermolecular (non-bonded)
interactions within and between molecules. The variation of the potential energy as a function of
the 3N Cartesian coordinates is called the potential energy surface [55]. The application of a
computational method to explore this potential energy surface offers a way to connect molecular
properties of PAHs to their macroscopic properties. Further details on using force field methods
to calculate molecular and macroscopic properties can be found elsewhere in excellent textbooks
[55-57].
The calculations performed with the Amber force field on molecular structures of PAHs and
environmental sorbents are a combination of Geometrical Optimization (GO), Molecular
Dynamics (MD) and Monte Carlo (MC) simulations. The Amber force field used in this thesis
has been developed by Cornell et al. [58] to simulate proteins, nucleic acids and related organic
molecules in condensed phases. In the MD and MC simulations, the NVT or canonical ensemble
is used with a constant number of particles, volume and temperature [56]. The methods applied
will be shortly explained here.
In GO calculations, the energy of a molecular structure with 3N Cartesian coordinates is
minimised at zero Kelvin to find a local or global minimum on the potential energy surface. In
this way, a geometrically optimised structure is generated for subsequent MD or MC simulations
[59].
In MD simulations, a trajectory is generated that describes the evolution of positions and
velocities of the particles in a system with time by integrating Newton’s equations of motion
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[59]. MD was used in this thesis to optimise gas and hydrated systems with simulated annealing
(gradual cooling of a molecular system) combined with relatively long MD runs prior to MC
simulations of these systems. The temperature in an MD simulation is maintained by coupling
the system to a (hypothetical) external heat bath that is fixed at the desired temperature [60].
In MC simulations, the potential energy surface is sampled by generating random
configurations in 3N Cartesian coordinates from a Boltzmann distribution at a given temperature
[59]. New configurations with a lower energy compared to its predecessor are directly accepted
and are used as the starting point for the next iteration [55]. After equilibration of potential
energies, the calculated average corresponds to a thermodynamic ensemble average [59]. This
force field method can be used to predict environmental partitioning properties such as the
energies of vaporization, solution and hydration of aromatic hydrocarbons.
Simulation of sorption to environmental sorbents
Models for environmental sorbents like DOC and BC should mimic the distribution or
macroscopic behaviour of PAHs towards these sorbents and can therefore be used as a
molecular probe to study their interactions. Different molecular structures of HA extracted from
soil and lake water have been derived from pyrolysis-mass spectrometric analysis of HA in
combination with elemental analysis of freeze-dried extracts [61, 62]. Apart from models
proposed for DOM (structures not shown here), a possible molecular structure has been reported
for BC or soot by Akhter et al. [63] based on a variety of spectroscopic studies and gas
chromatography coupled to mass spectrometry. This molecular structure of hexane soot (Figure
3, left) consists of linked polyaromatic sheets with polar functional groups at its edges [63]. The
hypothetical character as well as the relatively large molecular size of this type of structures
limits the application in computer simulations in terms of representativeness and computer
capacity. In Chapter 6 of this thesis, a simplified model structure of BC (C54H18; Figure 3, right)
was used to simulate interactions of phenanthrene, fluoranthene and benzo[a]pyrene (Figure 2)
with BC. This model structure is a truncated polyaromatic sheet of carbon and was chosen to
enable rapid force field calculations because of its smaller size.
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Figure 3. Model structures for hexane soot (left, oxygen atoms are shown as black spheres; taken from [63]) and a
simplified soot molecule (right).

The calculation of macroscopic thermodynamic properties such as the Gibbs or Helmholtz free
energy of sorption using force field methods based on statistical mechanics provides a way to
directly calculate sorption coefficients for PAHs and BC. The main advantages of this
computational approach are the increased insight into molecular mechanisms relevant for
sorption and the time gained by not performing sorption experiments with long equilibration
times of several weeks to months in the laboratory for every single sorbate. It will however still
be necessary to experimentally determine the sorption coefficients of a small number of
compounds in order to validate these computer simulations.
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Research questions and outline of this thesis
The research presented in this thesis is part of an inter-laboratory European Commission
supported effort to understand the bioavailability of PAHs in soils and sediments. The aim of
this European project called ABACUS (evaluation of Availability to BiotA for organic
Compounds Ubiquitous in Soils and sediments) is to provide methods to determine actual
bioavailable concentrations of HOCs in soils and sediments to improve risk assessment of
polluted sites in Europe. The aim of the research presented in this thesis is to gain knowledge on
the environmental behaviour of PAHs and this thesis is therefore focused on the environmental
fate processes that PAHs undergo in the environment: vaporization, dissolution, biodegradation,
partitioning to DOM and adsorption to BC. The following specific research questions were
formulated:
1. What is the effect of DOM on the biodegradation of aqueous phase dissolved PAHs by
bacteria?
2. Develop a method to measure DOM to water partition coefficients of PAHs in
sedimentary pore water.
3. Develop a force field method to study interactions of PAHs with model structures for
dissolved and particulate organic matter.
Accurate physicochemical (and thermodynamic) data are required to validate empirically and
theoretically derived estimation models that are used for the prediction of the environmental fate
and behaviour of PAHs. Supercooled liquid vapour pressures of PAHs and their temperature
dependence were therefore determined experimentally from gas chromatographic retention times
in Chapter 2. The effect of DOM on the biodegradation of PAHs by bacteria (Research question
1) was studied in Chapter 3 where the kinetics of the biodegradation process were compared to
the kinetics of partitioning of PAHs to SPME fibers in the presence of DOM. The development
of the method to determine freely dissolved PAH concentrations in the presence of DOM
(Research question 2) is described in Chapters 3 and 4. SPME fibers were used to determine
DOM to water partition coefficients for freshwater sediments of different origin. In addition, the
effect of temperature was studied in Chapter 4 to gain an understanding of the magnitude of
temperature change on partitioning of PAHs to SPME fibers or DOM and the thermodynamics
involved in partitioning processes. Thermodynamic properties of aromatic hydrocarbons were
calculated in Chapter 5 by computer simulation with a force field method based on MC
simulations (Research question 3). The enthalpy difference between the gas and liquid phase of
fluoranthene determined from the temperature dependence of the vapour pressure in Chapter 2
was used to validate this force field method. The method depended on atomic charge scaling
factors derived from MC simulations of calibration compounds. In Chapter 6, this force field

17

General introduction

method was extended to simulate interactions between PAHs and environmental sorbents such
as BC. A thermodynamic integration procedure was developed for this purpose in order to
derive a sorption coefficient based on MC simulated potential energies of PAHs and a model
structure for BC. Finally in Chapter 7, the main findings from this thesis are discussed and
conclusions are presented.
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Physicochemical properties

Abstract
A gas chromatographic method using Kováts retention indices has been applied to determine the
liquid vapour pressure (Pi), enthalpy of vaporization (ΔHi) and difference in heat capacity
between gas and liquid phase (ΔCi) for a group of polycyclic aromatic hydrocarbons (PAHs).
This group consists of 19 unsubstituted, methylated and sulphur containing PAHs. Differences
in log Pi of –0.04 to +0.99 log units at 298.15 K were observed between experimental values and
data from effusion and gas saturation studies. These differences in log Pi have been fitted with
multilinear regression resulting in a compound and temperature dependent correction. Over a
temperature range from 273.15 to 423.15 K, differences in corrected log Pi of a training set (–
0.07 to +0.03 log units) and a validation set (–0.17 to 0.19 log units) were within calculated
error ranges. The corrected vapour pressures also showed a good agreement with other GC
determined vapour pressures (average –0.09 log units).
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Introduction
Many hydrophobic organic chemicals of environmental interest are solid compounds at ambient
temperatures. The vapour pressure that a solid compound would have if it were liquid at
environmental temperatures, i.e. the supercooled liquid vapour pressure, is often estimated. It is
necessary to estimate this vapour pressure when predicting or relating properties in solution such
as solubility in water, Henry’s law constants, sorption to organic matter and aerosols [1].
Therefore, it is frequently used as an input parameter in fate models. Vapour pressure, Pi,
enthalpy of vaporization, ΔHi, and the difference between the heat capacity of the gas and that of
the liquid (ΔCi = CP,G – CP,L) are linked by exact thermodynamic relationships [2].
Among the direct experimental methods available to determine low vapour pressures (~1
Pa) of organic chemicals, effusion and gas saturation are generally considered the most accurate.
Effusion methods allow accurate measurements in the range between 10-1 and 10-5 Pa with a
reproducibility of ±1 to ±10% at 2 to 2.10-3 Pa. Gas saturation methods normally show relative
standard deviations between ±0.5% and ±18% in the range between 10-8 and 104 Pa [3]. Indirect
experimental methods that require the use of one or several reference compounds whose vapour
pressures are accurately known are based on measuring either evaporation rates or gas
chromatographic (GC) retention times [4]. Methods using relative evaporation rates showed
very good agreement with direct methods in the range between 10-5 and 10-1 Pa [3]. GC methods
relying on retention times are based on the partitioning behaviour of test compounds between
the gas (or mobile) phase and an organic (or stationary) phase at different, isothermal or
programmed, temperatures [5]. Methods using GC retention times have several advantages over
other methods in that they are fast, easy to perform and relatively insensitive to impurities.
The retention time of a solute is directly related to both its volatility or vapour pressure in
the pure liquid phase and its activity in the column stationary phase [6]. The method depends on
the selection of appropriate reference compounds for which accurate vapour pressure data are
available as well as on the choice of an appropriate stationary phase in which both test and
reference compounds exhibit similar activity coefficients. Note that for solid compounds, the
solutes are dissolved in the liquid stationary phase and as a consequence, GC methods yield
directly the vapour pressure of the supercooled liquid [5]. Vapour pressures are generally
reported at room temperature while the GC measurements are made at much higher temperatures
resulting in possible extrapolation errors.
Earlier GC methods, based on the Hamilton method [7] make use of linear relationships of
GC derived and supercooled liquid vapour pressures by calibrating against structurally similar
reference compounds. It is assumed in this method that the enthalpy of vaporization is constant
and the activity coefficients of test and reference compounds are similar in the range of
temperature taken into consideration [8, 9]. According to a recently published review, errors as
high as threefold could arise if the differences in the activity coefficient at infinite dilution are
neglected [10].
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In a method using isothermal Kováts retention indices (GCVAP), a constant and
temperature independent ratio of activity coefficients at 393.15 K of the test compound and the
nearest eluting n-alkane was incorporated by an expression based on McReynolds constants of
model compounds [6, 11, 12]. However, the limited group of model compounds available and
the constant temperature reported for these activity coefficient ratios restricts the use of this
method. This called for a compound and temperature dependent correction in a study concerning
structurally diverse, polar compounds [13]. The method of GCVAP has been applied before to
determine the supercooled liquid vapour pressures of chlorobenzenes [11],
tetrachlorobenzyltoluenes [12], N-PAHs [14], fatty acid esters [6] and terpenoids [13]. An
additional advantage of the GCVAP method over other GC methods is the temperature
dependent determination of the enthalpy of vaporization and the difference in heat capacity.
In this study, the vapour pressure of polycyclic aromatic hydrocarbons (PAHs) has been
measured with the GCVAP method including a compound and temperature dependent correction
based on literature data of liquid vapour pressures of a number of PAHs determined by effusion
and gas saturation measurements. In this way, a next step is made to improve the GCVAP
method specifically for the temperature dependence of compounds with very low vapour
pressures. The method is tested for 19 PAHs with a large range in hydrophobicity. Among the
test compounds are 14 PAHs, 3 methylated PAHs and 2 sulphur containing PAHs.
Diphenylmethane, p,p’-DDT and methylbehenate were included to make a comparison with
previous GCVAP studies.
Method
The procedure of determining the liquid vapour pressure of a test compound (denoted as i) by
using linear n-alkanes as reference standards through the determination of Kováts retention
indices has been published before [6, 11, 13]. The relationship between the ratio of the mole
fractions in the carrier gas (yi) and stationary phase (xi), respectively, vapour pressure of the
compound (Pi) and activity coefficient at infinite dilution (γi) can be derived from the fugacity
model of equilibrium partitioning between carrier gas and liquid phase:

yi
P
= γi i
xi
Pt

(1)

in which Pt is the mean carrier gas pressure and γi = 1 for pure liquids and ideal solutions. It is
assumed that the pure vapour and the vapour-carrier gas mixture both exhibit ideal behaviour (or
similar non-ideal behaviour). The determination of vapour pressure is based on the assumption
that the capacity factor at infinite dilution is inversely proportional to the ratio yi/xi (or
volatility). The same reasoning applies for the n-alkanes with z and z+1 carbon atoms just
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eluting before and after i [11]. Substitution of these relations into the definition of the Kováts
index yields the following expression:

I i = 100.z +

'
'
100[log(t R,
i ) − log(t R, z )]
'
'
[log(tR,
z +1 ) − log(t R, z )]

= 100.z +

100[log(γ i Pi ) − log(γ z Pz )]
[log(γ z +1Pz +1 ) − log(γ z Pz )]

(2)

The retention times of the compounds studied are adjusted here with the hold-up time of the
unretarded component (t’R,i = ti – t0). This equation thus incorporates the differences in vapour
pressure and activity in the stationary phase between the unknown compound and those of the
nearest eluting n-alkanes. In order to calculate the vapour pressure of compound i, Eq. (2) is
rearranged to:

log Pi = log Pz +

(100.z − I i )(log Pz − log Pz +1 )
γ
+ log z
100
γi

(3)

The ratio of the activity coefficients of n-alkanes (γz/γz+1) is equated to 1 as this has been shown
not to influence the results to a large extent (maximum correction of -0.05 log units) [13]. The
correction factor of log (γz/γi) has been tabulated at 393.15 K and varies for an SE-30 column
(equivalent to DB-1) from -0.245 to +0.236 for nine selected model compounds based on the
McReynolds number [11]. This correction factor is considered to be temperature independent. It
will be shown later that the value of log (γz/γi) depends on both temperature and type of
compound.
The enthalpy of vaporization and difference in heat capacity can be derived by taking the
first and second order derivatives of the vapour pressure according to the thermodynamic
functions: ΔHi = RT2 dlnPi/dT and ΔCi = dΔHi/dT:
ΔH i (T ) = ΔH z +
+ 2.303RT 2

(100.z − I i )(ΔH z − ΔH z +1 ) 2.303RT 2 (log Pz − log Pz +1 )(dI i / dT )
−
100
100
d log(γ z / γ i )
dT

(4)

and,
ΔCi (T ) = ΔC z +

−

(100.z − I i )(ΔC z − ΔC z +1 ) RT (log Pz − log Pz +1 )(dI i / dT )
−
100
50

(ΔH z − ΔH z +1 )(dI i / dT ) RT 2 (log Pz − log Pz +1 )(d 2 I i / dT 2 )
−
100
100

(5)

A quadratic relationship was used to calculate the first and second order derivatives of the
Kováts index of a compound i as a function of temperature with the following expression:
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I i (T ) = I 0 + I1.T 2

(6)

where I0 and I1 are empirical regression constants and are determined by linear regression. Next,
the value for log Pz in Eq. (3) is calculated by fitting T and z to experimental values of vapour
pressure, heat of vaporization and heat capacity differences of n-alkanes:
log Pz = Az +

Bz C z
+
T T2

(7)

with Az = 4.877735 (± 0.014939) + 0.303157 (± 0.00222).z – 0.007281 (± 0.00007).z2,
Bz = 485.6891 (± 5.613) – 261.5436 (± 0.47628).z + 5.8678 (± 0.005539).z2 and
Cz = -86487.5 (± 55.09) + 344.999 (± 14.2985).z – 874.879 (± 0.8257).z2.
The corresponding equations for the heat of vaporization and heat capacity difference are found
by using the thermodynamic functions mentioned above. The empirical regression parameters of
Az have been derived from 297 experimental Pz values of n-alkanes (range of z = 3–35),
determined at 150–763 K (log Pz values between –4.56 and +3.31). The parameters of Bz have
been derived from calorimetric determination of the heats of vaporization of n-alkanes at 298.15
K (range of z = 6–17) and heat capacity differences of n-alkanes at 298.15 K (range of z = 3–14)
have been used to calculate the Cz parameters (no experimental values were omitted in the
regression) [6].
In order to make a comparison with effusion and gas saturation literature data selected from
a review [3], solid vapour pressures (PS,lit) were converted to supercooled liquid vapour
pressures (PL,lit), using melting point temperatures (Tmp) and entropy of fusion data (ΔSfus),
through the equation:

ln

PL,lit
PS, lit

=−

ΔSfus ⎛ Tmp ⎞
⎟
⎜1 −
R ⎜⎝
T ⎟⎠

(8)

where R is the gas constant and T is the temperature of measurement. Using the converted liquid
vapour pressures, Clausius-Clapeyron equations (log Pi = Ai/T + Bi) for a number of PAHs were
derived from the separate equations for the temperature ranges reported in the selected literature
studies.
Subsequently, average differences were calculated between experimentally determined
vapour pressures and liquid vapour pressures from the individual literature studies in order to
determine a temperature and compound dependent correction factor. These differences were
plotted as a function of temperature and number of carbon atoms (ni) and fitted with multilinear
regression (see Eq. 9). In this way, an average correction factor dependent on the number of
carbon atoms and temperature will be used to correct the vapour pressures of all other PAHs.
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This temperature and compound dependent correction factor is in this way similar to the
logarithm of the activity coefficient ratio from Eq. (3):
Δ log Pn ,i = log

(100.z − I i )(log Pz − log Pz +1 )
γz
= log Pn , lit − log Pz −
=
γi
100

( E0 + E1 .ni ) +

( F0 + F1 .ni )
T

(9)

The first derivative of this factor also gives a (constant) correction for the enthalpy of
vaporization according to Eq. (4) with the last term calculated as follows:
ΔΔH i = RT 2

d ( Ei + Fi / T )
F
= −2.303RT 2 2i = −2.303R ( F0 + F1.ni )
dT
T

(10)

All linear and nonlinear regression calculations were performed with the statistical program SPlus 6.0 (Insightful Corporation, Seattle, Washington, USA) and graphic outputs were prepared
with Prism 3.02 (Graphpad Software Inc., San Diego, CA, USA).

29

Physicochemical properties

Experimental

Chemicals and standards
The unsubstituted PAHs were obtained in a purity higher than 98% from Dr. Ehrenstorfer
(Augsburg, Germany), except for benzo[e]pyrene (purity 99.4%) which was obtained from
Accustandard (New Haven, CT, USA). The methylated PAHs, 1-methylnaphthalene, 2methylanthracene and 1-methylpyrene were obtained from Accustandard (purity higher than
97.9%) and the sulphur-containing compounds, dibenzothiophene and benzo[b]naphto(2,3D)thiophene (both in a purity of 99.2%) were purchased from Chem Service (West Chester, PA,
USA) and Chiron A.S. (Trondheim, Norway), respectively. The compounds used for
comparison with previous studies, diphenylmethane, p,p’-DDT and methylbehenate (C23H46O2)
originated from Merck-Schuchardt (Hohenbrunn, Germany), Analabs (North Haven, CT, USA)
and Sigma-Aldrich (Steinheim, Germany). The C10-C19 n-alkane reference standards (purity
>99%) were purchased from Polyscience (Niles, IL, USA) and the even, C20-C32, n-alkane
standards were from Sigma-Aldrich (purity >97%). The compounds were split into three
standard mixtures depending on their volatility. This ensured that the total retention time of the
last eluting compound at the lowest temperature used did not exceed 90 minutes.
Instrumentation
The retention times of the studied compounds were determined with a HP5890 series II gas
chromatograph equipped with a flame ionisation detector (FID) and a split/splitless injection
port. The analyses were performed using a 30 m DB-1 column from J&W (Folsom, CA, USA)
with an internal diameter of 0.32 mm and a film thickness of 0.25 μm operating in the split
mode with a split ratio of 1:20 (split flow 27.5 ml/min., septum flow 1 ml/min. and column flow
of 1.45 ml/min.). Injector and detector temperatures were 250 and 275 °C, respectively. Helium
was used as a carrier gas at a constant pressure of 61.5 kPa. The gas chromatograph was run
isothermally in a temperature range of 60-260 °C with 5 to 8 intervals of 10 °C. The Kováts
indices of the component mixtures were determined by injecting 1 μl manually in quadruplicate.
The retention time of the unretarded compound was measured by injecting methane in between
samples.
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Results and discussion

Kováts index
The calculated quadratic relationship of the retention index with temperature (see Eq. 6)
provides good results with squared correlation coefficients generally higher than 0.9997 (see
Table 1). Methylbehenate is an exception (r2 = 0.9940) as the temperature effect of the Kováts
index (I1) is small indicating that the alkane chain of this compound is very similar to the nalkanes used as reference compounds. Results earlier reported for methylbehenate [6] also show
a similar weak relationship with temperature. The regression parameters for diphenylmethane
obtained in this study agree very well with results from a previous GCVAP study [13]. In
another GCVAP study [12], lower slopes of the temperature dependence were found for
diphenylmethane and p,p’-DDT. For some compounds, not every temperature interval of 10 K
was used in the regression, because of co-elution with the nearest eluting n-alkane or a large
scatter in the retention time at high oven temperatures due to short residence times in the
column.
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32
85-01-8

Phenanthrene

56-55-3
218-01-9
205-99-2
207-08-9
192-97-2
50-32-8
101-81-5

Benzo[b]naphto(2,3-D)thiophene

Benzo[a]anthracene

Chrysene

Benzo[b]fluoranthene

Benzo[k]fluoranthene

Benzo[e]pyrene

Benzo[a]pyrene

Diphenylmethane

0.777±0.017
1.809±0.005

p,p'-DDT

a

Ref. [13]; Ref. [12]; Ref. [6].

b

Methylbehenate

0.032

0.108±0.002

Methylbehenate

c

1.316±0.006

p,p'-DDTb
929-77-1

0.905±0.003

Diphenylmethane

Diphenylmethaneb

0.935±0.002

3.591±0.013

3.558±0.013

3.289±0.010

3.305±0.013

2.911±0.008

2.891±0.009

2.937±0.010

2.610±0.006

2.489±0.005

2.305±0.006

1.915±0.005

1.890±0.005

1.896±0.006

1.864±0.005

1.474±0.002

1.413±0.002

1.408±0.003

1.152±0.002

1.038±0.002

a

c

243-46-9

1-Methylpyrene

50-29-3

129-00-0
2381-21-7

Pyrene

206-44-0

132-65-0

Dibenzothiophene

Fluoranthene

86-73-7

Fluorene

120-12-7

83-32-9

Acenaphthene

613-12-7

208-96-8

Acenaphthylene

2-Methylanthracene

90-12-0

1-Methylnaphthalene

Anthracene

91-20-3

Naphthalene

2504.4

2502.0±0.4

1994.6±1.2

1949.8±1.0

1276.9±3.6

1293.1±0.4

1281.1±0.4

1971.4±3.2

1969.9±3.3

1978.2±2.5

1968.5±3.0

1802.3±2.0

1798.3±2.1

1766.1±2.4

1707.1±1.3

1601.0±1.2

1594.8±1.2

1540.6±1.0

1440.0±0.9

1431.2±1.1

1412.2±1.0

1332.2±0.4

1253.0±0.3

1224.1±0.5

1138.6±0.3

1039.4±0.2

0.93

0.9940

0.9999

0.9998

0.998

0.9997

0.9998

0.9997

0.9997

0.9998

0.9997

0.9998

0.9998

0.9998

0.9998

0.9999

0.9998

0.9998

0.9998

0.9998

0.9998

0.9999

0.9999

0.9999

0.9999

0.9999

463.15 – 523.15

463.15 – 513.15

433.15 – 493.15

433.15 – 493.15

433.15 – 493.15

343.15 – 393.15

363.15 – 423.15

463.15 – 523.15

463.15 – 523.15

463.15 – 513.15

463.15 – 513.15

463.15 – 513.15

463.15 – 523.15

473.15 – 523.15

423.15 – 493.15

423.15 – 493.15

423.15 – 493.15

413.15 – 473.15

413.15 – 473.15

413.15 – 483.15

413.15 – 473.15

373.15 – 423.15

363.15 – 423.15

363.15 – 423.15

343.15 – 423.15

333.15 – 403.15

0.190

0.1459

0.2816

0.4509

0.7363

0.19

0.2022

1.3697

1.3729

0.8388

0.9431

0.6902

0.8972

0.7552

0.7235

0.6484

0.6766

0.4758

0.4484

0.6447

0.4815

0.1552

0.1653

0.2599

0.2114

0.1445

Table 1. CAS numbers, regression parameters (±SE), squared correlation coefficients of the regression, temperature range (in K) and standard error of
the regression for the test compounds.
I0
r2
T range
SER
Compound
CAS no.
I1*1000
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Comparison with literature data from effusion and gas saturation studies
The regression parameters and statistics of the Clausius-Clapeyron equations mentioned in the
method section are shown in Table 2 along with their entropies of fusion and melting point
temperatures.
Comparison of the experimentally determined vapour pressures (calculated with Eq. 3 and
log(γz/γi)=0) and literature data at 298.15 K shows that there is a discrepancy in the vapour
pressure between this value and literature (see Table 3). The deviation from literature data
amounts to –0.04 and +0.99 log units for naphthalene and benzo[a]pyrene, respectively. This
deviation from literature data is not only dependent on the type of compound considered but also
on temperature in a nonlinear way. A correction with a selected value of log(γz/γi) = +0.236 for
benzene from [11] in Eq. (3) did not improve the experimental values as the data became even
more positive compared to literature values.
Differences between literature data and experimental vapour pressures were determined for
a selection of PAHs, acenaphthene, phenanthrene, pyrene and benzo[a]anthracene, that served as
a training set and covered a range in ni of 12 to 18 carbon atoms. The other PAHs in Table 2
were used as validation set from which the endmembers (naphthalene and benzo[a]pyrene) were
not included in the training set due to a high variability in log(γz/γi) values close to zero for
naphthalene and a low amount of data available for benzo[a]pyrene. The differences in vapour
pressure for the selected PAHs were fitted with Eq. (9) resulting in the following parameters (n
= 293; SER = 0.0223):
E0 = 2.685 ± 0.1389; E1 = -0.1227 ± 0.0085;
F0 = -464.94 ± 46.184; F1 = 5.789 ± 2.885

(11)

Applying these parameters to both naphthalene (n = 10) and benzo[a]pyrene (n = 20) resulted
into a correction of +0.09 and –0.94 at 298.15 K. At a higher temperature (498.15 K), these
corrections are +0.64 and –0.47 for the same compounds showing the temperature dependence
of the deviation.

33

34

b

b

434.4

423.81

383.33

488.9

372.4

387.9

366.6

353.4

-2797 ± 6.889

-4624 ± 31.98

-4100 ± 9.957

-3863 ± 44.63

-3639 ± 20.34

-4037 ± 17.56

-3566 ± 9.612

-3442 ± 31.66

11.88 ± 0.0858

11.50 ± 0.02694

10.70 ± 0.1412

11.21 ± 0.05917

12.41 ± 0.05608

11.66 ± 0.03143

11.73 ± 0.1042

10.95 ± 0.02264

271-354 (9)

330-426 (4)

320-423 (4)

298-358 (2)

301-393 (6)

273-363 (5)

283-323 (2)

283-323 (2)

0.9986

0.9908

0.9988

0.9988

0.9927

0.9965

0.9996

0.9939

0.0216

0.0767

0.0278

0.0278

0.0540

0.0501

0.0093

0.0330

Benzo[a]pyrenea
38.14e
454.15
-5273 ± 2.213
12.61 ± 0.0056
358-431 (1)
1.0000
0.0026
a
PAHs selected as validation set;
b
PAHs selected as training set for multilinear regression of compound and temperature dependent correction;
c
Ref. [15];
d
Ref. [16];
e
Ref. [17];
f
Melting point temperatures originate from same references as ΔSfus data;
g
Calculated regression parameters of Clausius-Clapeyron equations from [3]. Original references for Naphthalene: Ref.[18], [19], [20], [21],
[22], [23], [24], [25], [26]; Acenaphthene: Ref. [27], [26]; Fluorene: Ref. [18], [26]; Phenanthrene: Ref. [18], [19], [28], [24], [26];
Anthracene: Ref. [29], [30], [28], [23], [24], [31]; Fluoranthene: Ref. [27,32], Pyrene: Ref. [18], [33], [34], [28]; Benzo[a]anthracene: Ref.
[35], [32], [29], [36] and Benzo[a]pyrene: Ref. [34].

49.23e

40.97d

Pyreneb

Benzo[a]anthracene

48.85d

Fluoranthenea
b

60.08d

44.83d

50.48d

58.55d

53.94c

Anthracenea

Phenanthrene

Fluorenea

Acenaphthene

Naphthalenea

Table 2. Selected values of entropies of fusion (in J/K.mol) and melting point temperature (in K), parameters of Clausius-Clapeyron equation
(±SE), temperature range of measurements reported in literature (number of selected studies are shown in parentheses), squared correlation
coefficients and standard error of regression.
Tmpf
Compound
Aig
Big
T range
r2
SER
ΔSfus
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Table 3. Comparison of experimentally determined vapour pressures with calculated literature data (references
shown in Table 2) at 298.15 K (log Pi in Pa; ±SE).
Compound

log γz/γi

log Pi
Lit.

This study

Naphthalene

1.57 ± 0.03

1.53 ± 0.04

-0.04

Acenaphthene

0.19 ± 0.15

0.28 ± 0.05

+0.10

Fluorene

-0.30 ± 0.05

-0.14 ± 0.05

+0.16

Phenanthrene

-1.13 ± 0.08

-0.81 ± 0.05

+0.32

Anthracene

-1.00 ± 0.09

-0.86 ± 0.05

+0.14

Fluoranthene

-2.26 ± 0.21

-1.79 ± 0.06

+0.47

Pyrene

-2.25 ± 0.04

-1.89 ± 0.06

+0.36

Benzo[a]anthracene

-3.63 ± 0.14

-3.00 ± 0.07

+0.63

Benzo[a]pyrene

-5.08 ± 0.01

-4.09 ± 0.07

+0.99

Liquid vapour pressures in the reported temperature range from literature and this study
including the corrections at different temperatures (273.15 – 423.15 K) are shown in Table 4. In
this temperature range, the corrected vapour pressures show a good agreement within the
calculated error ranges with the literature values of PAHs included in the training set (–0.07 to
+0.03 log units difference) as well as with the literature values that were not used in the
derivation of the parameters of Eq. (9) (–0.17 to +0.19 log units difference). The correction
factor has not been applied to the compounds that were used to compare with previous GCVAP
studies as these compounds are structurally different from the PAHs studied. A very close
agreement is found for the determined vapour pressure of p,p’-DDT (log Pi = -3.24 ± 0.06)
compared to averaged data from a number of effusion and gas saturation studies (log PL,lit = 3.24 ± 0.03) [37-40]. Conversion of solid to liquid vapour pressures of p,p’-DDT was performed
by applying Eq. (8) with ΔSfus = 68.78 J/mol.K and Tmp = 382.1 K [17].
At 298.15 K, linear regression of liquid vapour pressures from literature (N = 9; SER =
0.0884) and this study with and without log(γz/γi) correction (both N = 17; SER = 0.0695) as a
function of the number of carbon atoms, ni, resulted in the following Eqs:
log PL,lit = -0.6556 (± 0.0102).ni + 8.145 (± 0.153)
r2 = 0.9983
log PL,exp. = -0.5533 (± 0.0051).ni + 7.000 (± 0.082)
r2 = 0.9987
log PL,corr. = -0.6566 (± 0.0052).ni + 8.126 (± 0.082)
r2 = 0.9991

(12)
(13)
(14)

35

36
T=273.15

1.11 ± 0.25

-1.53 ± 0.30

-0.50 ± 0.29

-1.39 ± 0.30

0.51 ± 0.27
-0.51 ± 0.12

-0.30 ± 0.28

-1.26 ± 0.29

0.51 ± 0.04

1.50 ± 0.25

1.46 ± 0.08

-1.40 ± 0.13

-0.28 ± 0.04

-0.20 ± 0.28

-0.40 ± 0.19

0.76 ± 0.26

0.76 ± 0.08

0.80 ± 0.26

0.81 ± 0.08

-1.19 ± 0.04

-1.16 ± 0.29

-1.25 ± 0.20

-0.12 ± 0.27

-0.05 ± 0.09

-0.08 ± 0.27

-0.08 ± 0.08

0.64 ± 0.26

0.63 ± 0.04

3.10 ± 0.23

T=373.15

This study, corr.
a
PAHs selected as validation set;
b
PAHs selected as training set.

-2.32 ± 0.30

-2.26 ± 0.21

-1.13 ± 0.28

-1.13 ± 0.08

2.43 ± 0.24
1.08 ± 0.14

T=348.15
2.92 ± 0.03

-1.52 ± 0.01

-2.42 ± 0.30

-0.36 ± 0.27

T=323.15
2.30 ± 0.03

Benzo[a]pyrenea, lit.

This study, corr.

Benzo[a]anthraceneb,lit.

This study, corr.

Pyreneb, lit.

This study, corr.

Fluoranthenea, lit.

This study, corr.

Anthracenea, lit.

This study, corr.

Phenanthrene , lit.

b

This study, corr.

-0.30 ± 0.05

0.17 ± 0.26

1.63 ± 0.25

This study, corr.

Fluorenea, lit.
-2.37 ± 0.09

T=298.15
1.57 ± 0.03
0.19 ± 0.15

0.64 ± 0.26

0.71 ± 0.03

Acenaphtheneb, lit.

This study, corr.

Naphthalenea, lit.

-0.72 ± 0.30

-0.63 ± 0.01

0.25 ± 0.28

0.27 ± 0.12

1.20 ± 0.26

1.20 ± 0.04

T=398.15

-0.02 ± 0.29

0.15 ± 0.01

0.90 ± 0.27

0.95 ± 0.11

1.79 ± 0.26

1.81 ± 0.04

T=423.15

Table 4. Calculated vapour pressures from literature (references shown in table 2) and corrected vapour pressures at different temperatures
(log Pi in Pa; ±SE).
Compound
log Pi
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The slope and intercept of the obtained log Pcorr.,liq vs ni relationship (Eq. 14) have become very
similar to the regression parameters of literature data (Eq. 12).
As can also be seen from Fig. 1, the slope of the (corrected) log Pi vs ni relationship is very
different from the slope of the vapour pressures of n-alkanes (calculated with Eq. 7). This is
caused by activity coefficient differences of PAHs and n-alkanes in the stationary phase of the
column. The compound and temperature dependent correction has also been applied to the
sulphur containing PAHs, dibenzothiophene and benzo[b]naphto(2,3-D)thiophene, which fall
below the linear relationship of the PAHs. The other compounds shown in Fig. 1 are
diphenylmethane, p,p’-DDT and methylbehenate.

Figure 1. Calculated liquid vapour pressures with and without correction (with Eqs 3 and 9) for PAHs including
alkylated PAHs, S-PAHs as well as obtained values for diphenylmethane, p,p’-DDT and methylbehenate (other
compounds) compared to calculated liquid vapour pressures of n-alkanes (with Eq. 7) at 298.15 K as a function of
the number of carbon atoms (ni).

Comparison with GC determined literature values
The vapour pressures with and without correction at 298.15 K are shown in Table 5 and a
comparison is made with literature data from other GC studies. In the first GC study from Lei et
al. [9], the liquid vapour pressure of 35 unsubstituted and alkylated PAHs was determined using
GC retention times. In this method, the Hamilton approach was followed by calculating GC
vapour pressures (PGC) using pyrene and benzo[a]anthracene as standard reference compounds.
The enthalpies of vaporization were assumed to be constant over the temperature range from the
measurement temperatures to 298.15 K. The GC determined vapour pressures were
subsequently calibrated with nine PAHs resulting in liquid vapour pressures of all studied PAHs
[9]. The data agree reasonably well with the data obtained in this study (within -0.15 and +0.15

37

38
14
14

Phenanthrene

Anthracene

13
14

Diphenylmethane

-0.97e

a

-3.24 ± 0.06

0.30 ± 0.04f

-4.34e

Methylbehenate
23
-5.05 ± 0.07
-5.05 ± 0.08d
a
Ref. [9], GC study using pyrene and benzo(a)anthracene as reference compounds; b Ref. [2] recommended value of PS,lit converted to PL,lit
with ΔSfus 58.17 J/mol.K and Tmp 371.0 K from ref. [17]; c Ref. [12], GCVAP study of tetrachlorobenzyltoluenes; d Ref. [6], GCVAP study of
fatty acid esters; e Ref. [8], GC study using eicosane and p,p’-DDT as reference compounds; f Ref. [13], GCVAP study of terpenoids.

0.56

-3.21c

c

-5.23a

-5.05a

-5.12a

-3.77

a

-3.45a

-3.42e

-2.06e

a

-2.27

-1.92e

-2.22a

-1.68

a

-1.14

-1.00e

-1.10a

-0.94b

-0.28a

0.18a

0.82a

1.57a

Lit. values

0.35 ± 0.04

-5.03 ± 0.34

p,p'-DDT

-5.01 ± 0.34

-4.09 ± 0.07

20

Benzo[a]pyrene

-4.07 ± 0.07

20

Benzo[e]pyrene

-4.93 ± 0.34

-3.99 ± 0.07

20

Benzo[k]fluoranthene

-3.75 ± 0.32
-4.89 ± 0.34

20

-3.02 ± 0.06

18

Chrysene

Benzo[b]fluoranthene

-3.95 ± 0.07

-3.73 ± 0.32

-3.00 ±± 0.07

-3.39 ± 0.30

18

Benzo[a]anthracene

-3.07 ± 0.31

17
16

Benzo[b]naphto(2,3-D)thiophene

-2.87 ± 0.07

-1.18 ± 0.28

-0.86 ± 0.05

-2.44 ± 0.06

-1.13 ± 0.28

-0.81 ± 0.05

-2.42 ± 0.30

-0.82 ± 0.26

-0.70 ± 0.05

-1.89 ± 0.06

-0.36 ± 0.27

-0.14 ± 0.05

-1.78 ± 0.29

0.17 ± 0.26

0.28 ± 0.05

-2.32 ± 0.30

0.32 ± 0.26

0.43 ± 0.04

-1.35 ± 0.05

0.97 ± 0.26

0.98 ± 0.04

-1.79 ± 0.06

1.63 ± 0.25

1.53 ± 0.04

1-Methylpyrene

16

12

Dibenzothiophene

Pyrene

13

Fluorene

15

12

Acenaphthene

16

12

Acenaphtylene

2-Methylanthracene

11

1-Methylnaphthalene

Fluoranthene

10

Naphthalene

This study corr.

This study

Table 5. Number of carbon atoms (ni) and liquid vapour pressures with and without correction compared to GC determined literature values
at 298.15 K (log Pi in Pa; ±SE).
Compound
ni
log Pi

Physicochemical properties

log units), except for benzo[a]anthracene, benzo[b]fluoranthene and benzo[a]pyrene that deviate
-0.28 to +0.23 log units.
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In a second GC study from Hinckley et al. [8], a similar procedure was followed by using
eicosane (n-C20) and p,p’-DDT as standard reference compounds and calibrating the PGC data
with a large range in semivolatile compounds. As is explained in [8], the discrepancy between
PGC and PL is caused by activity coefficient differences between the standard reference and
calibration compounds. In both GC studies, the infinite dilution activity coefficients in the
stationary phase were assumed to be equal for both the analyte and the standard reference
compound making calibration with closely related compounds necessary [9]. A number of
calibration equations were presented in [8] using different reference compounds (n-C20 or p,p’DDT) and measured or constant values of ΔSfus were used to convert solid to liquid vapour
pressures (with Eq. 8). A comparison is made with the calculated average of the vapour
pressures obtained by using both reference compounds and measured entropies of fusion. The
values determined in this study are -0.13 to -0.69 log units lower than the values reported in
Hinckley et al. [8]. The average difference between the corrected and the GC determined vapour
pressures from [8] is –0.09 log units.
For one of the sulphur containing PAHs, dibenzothiophene, a recommended value for the
vapour pressure is only 0.12 log units lower [2]. Finally, the vapour pressures obtained for
diphenylmethane, p,p’-DDT and methylbehenate compare favourably with data previously
reported in other GCVAP studies [13], except for the published value for diphenylmethane in
[12]. By comparing the experimentally determined vapour pressures with literature data of liquid
vapour pressures, uncertainties in the values of the used entropies of fusion and melting point
temperatures are also introduced.
Related thermodynamic properties
The first and second order derivatives of the vapour pressure (see Eqs 4 and 5 and Table 6 and
7) yield the enthalpy of vaporization (ΔHi) and difference in heat capacity (ΔCi), respectively.
The ΔHi values were corrected with a constant factor (see Eq. 10) that resulted from the
compound dependence of the vapour pressure correction.
Again, a comparison with literature data from the GC studies from [8, 9] was performed
(see Table 6). Both studies assumed a constant enthalpy of vaporization for the standard
reference compounds that were used to estimate the vaporization enthalpy for the studied PAHs.
In an extensive review by Chickos and Acree [44], vaporization enthalpies were derived from
the slopes of the Clausius-Clapeyron equations (ΔHi = -2.303RAi) and reported at the mean
temperature (Tm) at which the GC measurements were carried out.
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Table 6. Experimental and literature values for the enthalpy of vaporization (ΔΗi, in kJ/mol) at 298.15 K (standard
errors shown).
Compound
ΔΗi
Estimatedh

This study corr.

Lit. values

60.32 ± 1.05

62.00a

1-Methylnaphthalene

65.10 ± 1.09

a

69.01

58.81

Acenaphtylene

69.11 ± 1.11

Acenaphthene

70.54 ± 1.12

71.42a

66.05

65.35 ± 1.12

61.09b

74.39 ± 1.16

75.05a

Naphthalene

T = 366.535 K
Fluorene

78.31 ± 1.13

T = 371.796 K

71.82 ± 1.13

69.91b

79.01 ± 1.20

81.38a

72.36 ± 1.20

71.10

b

79.50 ± 1.19

81.70a
a

T = 372.360 K
Anthracene

54.24
66.81

Dibenzothiophene
Phenanthrene

55.65 ± 2.8f

72.82
78.61
80.38g

74.26

79.06g

74.26
79.75

2-Methylanthracene

84.42 ± 1.23

86.40

Fluoranthene

86.78 ± 1.28

90.23a

88.29g

88.83

Pyrene

87.15 ± 1.28

90.97a

89.82g

86.91

75.56 ± 1.29

76.77b

T = 423.775 K
1-Methylpyrene

92.33 ± 1.32

90.74

Benzo[b]naphto(2,3-D)thiophene

95.22 ± 1.29

98.02

Benzo[a]anthracene

96.62 ± 1.37

95.25a

Chrysene

96.96 ± 1.37

103.32

Benzo[b]fluoranthene

104.00 ± 1.47

105.57a

Benzo[k]fluoranthene

105.48 ± 1.46

104.54a

Benzo[e]pyrene

104.97 ± 1.48

Benzo[a]pyrene

104.30g

a

a

105.03 ± 1.48

107.22

T = 449.600 K

86.03 ± 1.54

97.10b

Diphenylmethane

64.71 ± 0.17

65.72c

p,p'-DDT

97.92 ± 0.26

105.10d

94.28
108.23
108.23
108.11g

106.32

g

106.32

111.69

66.20
107.78g

Methylbehenate
125.98 ± 0.28
126.09e
a
Ref. [9], extrapolated value calculated with integrated heat capacity difference;
b
Ref. [2], recommended values at the triple point temperature;
c
Ref. [13], GCVAP study of terpenoids;
d
Ref. [12], GCVAP study of tetrachlorobenzyltoluenes;
e
Ref. [6], GCVAP study of fatty acid esters;
f
Ref. [15], recommended value;
g
Ref. [8], extrapolated value calculated with integrated heat capacity difference;
h
Ref. [41], estimated with a group contribution method of Kolská et al.
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94.28

97.23
124.98
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Table 7. Experimental and estimated heat capacity differences (ΔCi, in J/mol.K) at 298.15 K (standard errors
shown).
Compound
ΔCi
This study

Estimateda

Naphthalene

-76.72 ± 0.04

-68.69

1-Methylnaphthalene

-85.26 ± 0.04

-73.57

Acenaphtylene

-93.51 ± 0.05

-67.43

Acenaphthene

-96.20 ± 0.05

-64.09

Fluorene

-104.50 ± 0.05

-87.19

Dibenzothiophene

-114.03 ± 0.06

-112.58

Phenanthrene

-116.14 ± 0.06

-87.91

Anthracene

-117.19 ± 0.06

-87.91

2-Methylanthracene

-129.14 ± 0.07

-92.79

Fluoranthene

-136.33 ± 0.07

-91.34

Pyrene

-138.72 ± 0.07

-92.04

1-Methylpyrene

-153.19 ± 0.08

-96.93

Benzo[b]naphto(2,3-D)thiophene

-161.97 ± 0.08

-131.81

Benzo[a]anthracene

-166.01 ± 0.09

-107.13

Chrysene

-167.91 ± 0.09

-107.13

Benzo[b]fluoranthene

-194.29 ± 0.10

-110.56

Benzo[k]fluoranthene

-195.63 ± 0.10

-110.56

Benzo[e]pyrene

-195.56 ± 0.10

-111.26

Benzo[a]pyrene

-195.91 ± 0.10

-111.26

Diphenylmethane

-98.27 ± 0.05

-106.95

p,p'-DDT

-185.30 ± 0.09

-149.59

Methylbehenate

-270.20 ± 0.12

-237.83

ΔCi values calculated from estimated values of CP,G by the method of Benson, Cruickshank et al. from ref. [42,
43] and CP,L by the method reported in ref. [44, 45].
a

The method suggested by Chickos and Acree assumed a linear temperature dependence by using
constant and thus temperature independent heat capacity differences to extrapolate the values
reported in [8, 9] from Tm = 398 K to 298.15 K (ΔHi(298.15K) = ΔHi(Tm) + ΔCi[298.15-Tm]).
Experimental heat capacities for liquids are available only for some compounds and gas phase
heat capacities generally need to be estimated. A constant heat capacity (at 298.15 K) was
estimated with group contribution methods from [42, 43] and [44, 45] for the gas and liquid
phase, respectively. Shown in Table 7 are the experimental and estimated heat capacity
differences for all compounds studied. Experimental heat capacity differences obtained in this
study are however much lower than the estimated values (by –1.45 to –84.65 J/mol.K). The
estimated heat capacity differences are probably more positive because gas phase heat capacities
estimated for PAHs by the method of Benson et al. [43] are based on group contributions
obtained from more volatile compounds (alkylated benzenes and biphenyl) compared to the
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studied PAHs. Also, the group values used in the estimation of heat capacities for the liquid
phase of PAHs for tertiary and (internal) quaternary aromatic sp2 carbon atoms by the method of
Chickos et al. [45] are based on mostly (alkylated) aromatic compounds with 6 to 14 carbon
atoms or are based on tentative assignments only.
Therefore, the ΔHi values determined in [8, 9] were extrapolated from 398 to 298.15 K with
a temperature dependent heat capacity difference by adding the integral of the experimental ΔCi
values over this temperature range (ΔHi(298.15K) = ΔHi(398K) + ∫ΔCidT). Compared to values
reported in [9], the ΔHi values determined in this study are lower for nearly all compounds (by –
0.66 to –6.36 kJ/mol), except for benzo[a]anthracene and benzo[k]fluoranthene which are +1.37
and +0.94 kJ/mol higher. Comparison with ΔHi values from Hinckley et al. [8] shows deviations
of –3.14 to 0.44 kJ/mol, except for benzo[a]anthracene and benzo[a]pyrene which are 7.68 and
6.66 kJ/mol lower. A larger deviation exists for p,p’-DDT, which is 9.86 kJ/mol lower. Using a
similar procedure for vaporization enthalpies obtained in this study by extrapolating from T =
398 K to 298.15 K resulted in increasingly higher ΔHi values from naphthalene (+0.47 kJ/mol)
to benzo[a]pyrene (+2.06 kJ/mol) compared to experimental ΔHi values calculated at 298.15 K
with Eqs (4) and (10) (data not shown). The ΔHi values for two compounds, benzo[a]anthracene
and p,p’-DDT, that showed the largest differences compared to values reported in [8] were
additionally calculated by subtracting enthalpies of fusion (ΔHfus) from enthalpies of sublimation
(ΔHsub). Literature values of ΔHsub and ΔHfus for benzo[a]anthracene (ΔHsub, n = 9; ΔHfus, n = 1)
and p,p’-DDT (ΔHsub, n = 7; ΔHfus, n = 1) were taken from [16] and [46], respectively, and were
adjusted to 298.15 K with equations (5) and (6) from [44] employing (constant) heat capacity
corrections for the solid and liquid phase (estimated at 298.15 K). This resulted in ΔHi values of
104.1 ± 7.9 and 97.4 ± 4.3 kJ/mol at 298.15 K for benzo[a]anthracene and p,p’-DDT,
respectively, which showed a good agreement with the value determined in this study for p,p’DDT. However, the uncertainties associated with these corrections by extrapolating from high
temperatures to 298.15 K are still dependent on the use of constant heat capacities and the way
they are derived as mentioned above.
A comparison with recommended values from literature was also performed (see Table 6).
Naphthalene has been proposed as (secondary) reference material for thermochemical
measurements based on various criteria in [15] and the recommended value for this compound is
4.67 kJ/mol lower than the experimentally determined value. Recommended values of ΔHi for
acenaphthene, dibenzothiophene, phenanthrene and pyrene from [2] at the triple point
temperature deviate -1.21 to +4.26 kJ/mol from the experimental values at these temperatures.
Only benzo[a]pyrene is 11.07 kJ/mol lower than the recommended value. Relatively small
deviations in ΔHi values of –1.01 and –0.11 kJ/mol were observed for diphenylmethane and
methylbehenate compared to other GCVAP studies [6, 13]. The ΔHi value of p,p’-DDT was 7.18
kJ/mol lower than the value reported in the GCVAP study of [12]. Also, ΔHi values at 298.15 K
for all compounds were estimated with a three-level calculation procedure from [41] that was
based on a large database of 831 organic compounds (molecular mass range of 41 to 462 g/mol).
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These values showed minimum and maximum deviations of –4.23 and +6.29 kJ/mol for
benzo[k]fluoranthene and 1-methylnaphthalene, respectively (see Table 6). A reasonable good
agreement was found with ΔHi values determined for diphenylmethane (-1.49 kJ/mol), p,p’DDT (+0.69 kJ/mol) and methylbehenate (+1.00 kJ/mol) compared to estimated values.
Conclusions

In this method, liquid vapour pressures have been determined for a large group of PAHs
covering a wide range in hydrophobicity. A temperature and compound dependent correction
was applied by calibrating the method to accurate literature values of effusion and gas saturation
measurements. In previous GCVAP studies, differences in activity coefficients of test and
reference compounds in the stationary phase were accounted for by including activity coefficient
ratios of model compounds based on McReynold numbers [11]. These proposed activity
coefficient ratios of a limited group of compounds introduces some uncertainties regarding the
selection of the appropriate model compound and the temperature independence of the
correction. The method used in this study has been improved compared to earlier studies by
incorporating the logarithm of the activity coefficient ratio that is dependent on both temperature
and number of carbon atoms. The obtained vapour pressures deviate –0.69 to 0.23 log units from
other GC determined vapour pressures from literature [8, 9].
The first and second derivatives of the relationship of vapour pressure and temperature also
results in temperature dependent values for the enthalpy of vaporization and the heat capacity
difference between gas and liquid phase, that are not found in other methods employing GC
retention times. Enthalpies of vaporization determined in this study deviate –7.68 to +1.37
kJ/mol from published values determined with GC [8, 9] that were extrapolated to 298.15 K by
integrated experimental heat capacity differences. The heat capacity differences from this study
are however much lower than estimated values as explained before.
Previously, improvements in GC measurements of vapour pressures of 32 plant volatiles
including both terpenoids and more polar compounds were based on temperature dependent
differences in ideal gas solubility of test and reference compounds that approximated the
differences in the logarithm of activity coefficients at infinite dilution. These were calculated
from normal boiling point data and values of the entropy of vaporization deduced from
structural information such as the torsional bond number and number of polar groups capable of
hydrogen bonding [47]. In a different approach, a temperature dependence of the logarithm of
the activity coefficient ratio was derived from the Wilson mixing model in which temperature
dependent molar volumes and vaporization enthalpies were included [48]. The determination of
vapour pressure with GC based methods could be improved in this way by using temperature
dependent structural information for other more structurally diverse compounds.
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Abstract

The uptake kinetics of fluorene, phenanthrene, fluoranthene, pyrene, and benzo[e]pyrene by
solid-phase microextraction fibers was studied in the presence of dissolved organic matter
(DOM) obtained from sediment pore water and resulted in increased fiber absorption and
desorption rate coefficients. Compared to the control without DOM, these rate coefficients were
increased at a DOM concentration of 36.62 mg C/L by a factor of 1.27 to 2.21 and 1.31 to 2.10
for fluorene and benzo[e]pyrene, respectively. The calculated values for the fiber absorption and
desorption rate coefficients show that diffusion through an unstirred boundary layer (UBL)
surrounding the fiber probably forms the rate-limiting step of the process. The mineralization of
aqueous-phase phenanthrene and pyrene by a representative polycyclic aromatic hydrocarbon
(PAH)–degrading bacterium (Mycobacterium gilvum VM552) also was found to be enhanced by
DOM. The initial degradation rates of phenanthrene (9.03 μg/L) and pyrene (1.96 μg/L) were
significantly higher compared to the control values and were enhanced by a factor of 1.32 and
1.26 at a DOM concentration of 43.14 and 42.15 mg C/L, respectively. We suggest that such an
enhancement results from the combination of faster uptake kinetics of the water-dissolved
compounds in the UBL surrounding microbial cells and direct access of the bacteria to DOMassociated PAHs. These enhanced kinetic effects of DOM may have strong implications in
sediment processes like desorption, nonequilibrium exposure, and biodegradation.
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Introduction

Dissolved organic matter (DOM) in the aqueous phase (or pore water) of sediments polluted by
hydrophobic organic contaminants (HOCs) can significantly affect the fate of these pollutants in
the sediment bed. For example, DOM is able to enhance the apparent water solubility [1] and to
promote the transport and desorption of HOCs in sediment pore waters by acting as a carrier [2,
3]. In addition, DOM generally is considered to decrease the bioavailability of HOCs, because
their binding to DOM often results in a decrease of freely dissolved concentrations [4].
An effect of natural and synthetic DOM in enhancing the absorption kinetics (or diffusive
conductivity) of HOCs toward passive samplers has been observed in a number of studies
focused on HOC sorption to DOM and the determination of freely dissolved concentrations
through solid-phase microextraction (SPME) [5–9]. This effect occurs when diffusion of HOCs
through an unstirred boundary layer (UBL) is the rate-limiting step in the absorption by passive
samplers [7]. In this case, absorption rate coefficients will be constant, and desorption rate
coefficients will decrease, with an increase in hydrophobicity of HOCs [10, 11]. This effect has
preferentially been called the diffusion layer effect to prevent confusion with other types of
matrix effects (e.g., fouling of passive samplers or salinity effects) [12]. Diffusion layer effects
have been observed in SPME fiber absorption experiments that showed an increase in uptake of
lindane and polychlorinated biphenyls (PCBs) as a function of protein concentration [7].
Furthermore, an enhancement of the kinetics of SPME was observed in humic acid (HA)
solutions for fluoranthene [5] and for 2,5-dichlorophenol [6]. Other organic matrices also caused
an enhanced SPME of 2,4,6-trichlorophenol with and without liposomes in a dialysis experiment
[8], and bovine serum albumin caused the enhancement of octylphenol extraction [9]. The
occurrence of a diffusion layer effect for 4-chloro-3-methylphenol, estradiol, PCB-77, and 4quinolones in the presence of defined organic matrices (bovine serum albumin and HA from
Sigma-Aldrich [referred to hereafter as Aldrich HA], Zwijndrecht, The Netherlands), however,
was not observed in a number of SPME studies [12–15]. The absence of any effect can occur
when the rate-limiting step is diffusion into the fiber rather than through the UBL [13, 15–17] or
when DOM concentrations are relatively low [14]. The occurrence of this effect in the presence
of DOM from sediment pore water remains relatively unexplored, possibly as a result of the
complexities caused by the extraction procedure for DOM [18].
The enhanced diffusive flux of HOCs through UBLs caused by DOM was investigated by
Mayer et al. [19, 20]. One of their studies [19] described the effect of Aldrich HA, sodium
dodecyl sulphate, and hydroxypropyl-β-cyclodextrin on the diffusive mass transfer of
fluoranthene between two silicone disks through a UBL of 100 μm. Relative conductivities for
diffusive mass transfer were calculated from fitted rate constants, resulting in maximum relative
conductivities (as compared to that of water) of 8, 39, and 34 for HA (4 g/L), sodium dodecyl
sulphate (∼10 g/L), and cyclodextrin (∼140 g/L), respectively. In another study [20], the work
was extended to 12 polycyclic aromatic hydrocarbons (PAHs), to different artificial and natural
aqueous solutions, and to lower concentrations of the medium constituent. These authors
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suggested that enhanced diffusive mass transfer through a UBL may increase uptake by
sediment organisms in dynamic systems, such as those performing biodegradation. It may not,
however, affect equilibrium partitioning phenomena.
A number of studies that focused mainly on humic fractions dissolved in the aqueous phase
[21, 22], added to soils [23–27], and present in clay suspensions [28, 29] have found contrasting
results for the effect of DOM on biodegradation of HOCs. Depending on the type of compound
under study, these results show either suppressed degradation in the case of chlorinated phenolic
compounds [21, 22] or enhanced degradation for PCBs [23] and PAHs [24–26, 28–31]. The
addition of DOM to model or contaminated soils caused enhanced degradation of PCBs and
PAHs, probably as a result of the enhanced desorption of these compounds from soils [23–26].
Other studies have shown no change in the degradation rate of PAHs in the presence of DOM
[30, 32].
A few of these studies have addressed cell surface–related phenomena in explaining the
effects of DOM on biodegradation of HOCs. A combination of HA (10–100 mg/L) extracted
from soils and montmorillonite clay (1–10 g/L) stimulated the degradation of low concentrations
(1 μg/ml) of water-dissolved phenanthrene by Pseudomonas fluorescens. Rates and extents of
phenanthrene mineralization were significantly higher in the presence of HA sorbed to clay
compared to suspensions that contained fulvic acid sorbed to clay. The addition of separate HA
or clay did not, however, produce a significant stimulation under comparable conditions. The
increased biodegradation was thought to be occurring by physical association of bacteria with
HA and montmorillonite particles, therefore providing direct access to the sorbed carbon source
[28]. Recently, the capability to degrade phenanthrene sorbed to Aldrich HA was used to select
for phenanthrene-degrading strains from soil of coal-gasification plants [32]. No differences
were observed in these strains between the extent and rate of mineralization of nonsorbed
phenanthrene and HA-sorbed phenanthrene at levels above its aqueous solubility, indicating that
sorption by HA did not significantly slow the mineralization process. Isolates obtained via the
conventional enrichment with solid phenanthrene were not able to degrade HA-sorbed
phenanthrene. Vacca et al. [32] hypothesized that uptake by competent strains occurred from a
layer of surfactant micelles that formed on the cell surface.
The present research is an integrated study regarding the effect of DOM on the kinetics of
SPME and mineralization of PAHs initially equilibrated in DOM solutions. We employed
natural DOM preparations obtained from sediment pore water through a procedure that
minimized the disturbance of their components. The uptake kinetics by SPME fibers and
mineralization by a representative PAH-degrading bacterium (Mycobacterium gilvum VM552)
were followed in the presence of DOM under controlled conditions. Our main objectives were to
determine whether DOM affects the kinetics of fiber uptake and mineralization and, if so, to
determine the possible mechanisms involved.
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Materials and methods

Chemicals
Fluorene, phenanthrene, fluoranthene, pyrene, benzo[e]pyrene, and sodium azide (NaN3) were
purchased from Sigma-Aldrich. The radiolabeled PAHs [9-14C]phenanthrene and [4,5,9,1014
C]pyrene (radiochemical purity, >98%; specific activity, 13.3 and 58.7 mCi/mmol,
respectively) also were obtained from Sigma-Aldrich. Salts used for medium preparation were
obtained from Merck (Darmstadt, Germany) or Panreac (Barcelona, Spain), and solvents
(analysis quality) were obtained from Rathburn (Walkerburn, Scotland) or Biosolve
(Valkenswaard, The Netherlands).
Extraction of DOM from sediment
Sediments were sampled at three different locations: Two freshwater lakes in eastern Finland
(Lake Kontiolampi [KON] and Lake Mekrijärvi [MEK]), and the Rhine River sedimentation
area in The Netherlands (Lake Ketelmeer [KET]). The sediments from KON (62º43’46”N,
29º51’18”E), MEK (62º45’60”N, 30º57’42”E), and KET (52º36’N, 5º45’E) have organic carbon
contents of 55.3, 21.03, and 5.51% dry weight, respectively. The small, brown-water KON was
chosen because DOM from this lake efficiently reduces the bioavailability of HOCs [4].
Characteristics of MEK and KET sediments have been published elsewhere [33]. The sediments
were stored in the dark at 4ºC before use.
Extraction of DOM from sediments was performed by shaking wet sediment and medium at
a sediment to water ratio of 1:2 (w/w) for KON and 4:1 (w/w) for MEK and KET for 1 h on a
rotary shaker operating at 200 rpm. For the extraction of DOM from KON, medium of low ionic
strength (pH 7) was used that contained the following salts: CaCl2·2H2O (58.8 mg/L),
MgSO4·7H2O (24.7 mg/L), NaHCO3 (13.0 mg/L), and KCl (1.2 mg/L) dissolved in Nanopure
water (18.3 MΩ; Barnstead International, Dubuque, Iowa, USA). Sodium azide was added in a
concentration of 65.0 mg/L to prevent microbial growth in sterile treatments [34]. The sediments
of MEK and KET were extracted with medium that also was used in mineralization experiments
(pH 5.8; composition described below). The suspension was centrifuged for 1 h at 7,400 g to
separate the aqueous and solid phases. Subsequently, the supernatant was centrifuged for 3 h at
31,000 g to obtain a solution that includes the organic matter that potentially is present in
sediment pore water. The bulk DOM solutions were diluted to obtain duplicate series with a
total volume of 50 ml. Medium without DOM was used as a control in all measurements. The
procedure of centrifugation is preferred here to the conventional procedure of filtration over 0.45
μm, because filtration artefacts occurred as a result of selective removal of aromatic components
of DOM by membrane fouling. The pH of the DOM solutions was adjusted to pH 7 for
experiments employing SPME fibers (KON) and to pH 5.8 for mineralization experiments
(MEK and KET). The pH remained constant for the duration of the experiments. Concentrations
of DOM were estimated as dissolved organic carbon determined by high-temperature
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combustion with either a TOC-V Combustion Standalone High Sensitivity or a TOC-5000
(Shimadzu Benelux, ’s-Hertogenbosch, The Netherlands).
Effect of DOM on the kinetics of SPME
Coated silicon fibers with a core diameter of 110 μm and a coating of 28.5 μm of
polydimethylsiloxane (PDMS; 12.4 μl/m) were cut into pieces of 2 cm and thermally cleaned
under a He flow (±10 ml/min) for 2 h at 250ºC. Duplicate fibers were exposed to 50 ml of
control or DOM solutions in 50-ml flasks provided with Teflon®-lined stoppers. The solutions
were spiked with 20 μl of an acetonitrile solution that contained a mixture of fluorene (final
concentration, 12.70 μg/L), phenanthrene (25.69 μg/L), fluoranthene (9.56 μg/L), pyrene (5.15
μg/L), and benzo[e]pyrene (1.66 μg/L). Samples were shaken in the dark on a rotary shaker (80
rpm) kept at 20ºC, and after specific time intervals, the fibers were sampled and gently blotted
dry with a tissue. The PAHs were desorbed from the fibers in 150 μl of an acetonitrile solution
containing 500 μg/L of benzo[a]anthracene as injection standard. The PAHs were analyzed with
reversed-phase, high-performance liquid chromatography by injecting 1 μl on a Lichrospher
column (length, 125 mm; inner diameter, 2.0 mm; RP18; Phenomenex, Torrance, CA, USA)
with 3-μm pore size maintained at a temperature of 36ºC. The flow composition was held
constant at 45% water and 55% acetonitrile (0.40 ml/min), and the PAHs were detected by
fluorescence. The excitation/emission wavelengths were 280/330, 250/385, 288/462, 335/383,
284/399, and 283/394 nm for fluorene, phenanthrene, fluoranthene, pyrene, benzo[a]anthracene,
and benzo[e]pyrene, respectively. Chromatograms were analyzed using ChromStar (Ver 5.03;
SCPA, Weyhe-Leeste, Germany). Solutions containing known concentrations of PAHs served
as calibration standards.
In the system of water and fiber, a two-compartment model with first-order kinetics was
assumed [13]:
cPDMS,t =

k1
ctotal,0 (1 − e−[ k1 (VPDMS/Vwater ) + k 2 ]t )
VPDMS
k1
+ k2
Vwater

where cPDMS,t is the PDMS fiber concentration at time t; ctotal,0 is the total aqueous PAH
concentration at t = 0; VPDMS and Vwater are the PDMS fiber and water volumes, respectively; and
k1 and k2 are the absorption and desorption rate coefficients, respectively, of PAHs from water to
fiber and vice versa. At different DOM concentrations, the initial total concentration available
for absorption by the fiber at t = 0 (ctotal,0) was assumed to be the sum of fiber and freely
dissolved concentrations determined at the last sampling time (t = 503.1 h). Fiber concentrations
were calculated from calibration solutions, and freely dissolved concentrations were calculated
by dividing fiber concentrations by the PDMS to water partition coefficient fitted (KPDMS = k1/k2)
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when no DOM was present. The parameters (k1 and k2) were fitted with nonlinear regression
performed using GraphPad Prism (Ver 3.02; GraphPad Software, San Diego, CA, USA).
Bacteria, media, and cultivation
Cultures of a PAH-degrading bacterium (M. gilvum VM552 [35]) were incubated on a rotary
shaker (300 rpm at 30ºC) with crystalline pyrene (2.5 g/L) as a sole source of carbon and energy.
The growth medium with pH 7 contained the salts K2HPO4 (3.244 g/L), NaH2PO4·H2O (1.0
g/L), and NH4Cl (2.0 g/L) as well as the micronutrients MgSO4·7H2O (0.2 g/L), FeSO4·7H2O
(0.012 g/L), MnSO4·H2O (0.003 g/L), ZnSO4·7H2O (0.003 g/L), CoSO4·7H2O (0.001 g/L), and
nitrilotriacetic acid (0.1 g/L). After approximately 10 d, crystalline pyrene was filtered out of the
incubated solution, and the culture was shaken overnight to degrade the residual pyrene.
Subsequently, bacteria were concentrated by centrifugation (20 min at 8,000 rpm) and washed
twice with fresh medium. After centrifugation, the pellet was resuspended in 10 to 15 ml of
medium before inoculation of 0.5 ml into the experimental system (final density, 2.2–2.5 × 106
bacteria/ml).
Mineralization experiments
To measure mineralization of PAHs, experiments were performed with sterile CO2-evading
medium buffered to pH 5.8 and prepared as the above-described growth medium, with the
exception that the concentrations of K2HPO4 and NaH2PO4·H2O were 0.495 and 3.7 g/L,
respectively. Flasks of 100 ml were filled with 50 ml of medium or DOM from MEK or KET
and spiked with 20 μl of an acetone solution containing 14C-labeled phenanthrene (final
concentration 9.03 μg/L) or pyrene (1.96 μg/L). The solutions were allowed to equilibrate in the
dark on a rotary shaker (80 rpm) at room temperature (±17ºC) for 1 d. Before mineralization
experiments with DOM from MEK, fibers also were added to the DOM and control solutions.
The 14C-labeled PAHs were desorbed from the fibers in a vial containing 200 μl of toluene.
Subsequently, the content of the vial was shaken with 5 ml of scintillation cocktail (Ready
Organic™; Beckman Instruments, Fullerton, CA, USA) and measured by liquid scintillation
counting (model LS6500; Beckman Instruments). Freely dissolved concentrations were
calculated as described above. Because of the reduced volume of the fibers, this procedure leads
to the removal of a minimal amount (5.0–10.3% for pyrene) of PAHs before addition of the
bacteria.
After inoculation, the flasks were sealed with a Teflon-lined stopper and incubated on a
rotary shaker at 80 rpm. Mineralization of PAHs was monitored by 14CO2 production appearing
in an alkali trap suspended from the stopper containing 0.5 M NaOH. At specific time intervals,
the NaOH solution was sampled and shaken with 5 ml of scintillation cocktail (Ready Safe™;
Beckman Instruments), and fresh NaOH solution was directly added into the alkali trap. The
samples were placed in the dark for approximately 8 h to dissipate chemiluminescence, and
radioactivity was measured by liquid scintillation counting. Total concentrations of parallel
treatments containing nonlabeled PAHs were measured by liquid–liquid extraction with pentane

53

Biodegradation

and high-performance liquid chromatography at the beginning and end of the biodegradation
experiments to calculate the residual amount after degradation (only for MEK).
Mass balances were calculated at the end of the experimental period by adding the
percentage of 14C mineralized to the percentages of 14C recovered directly from the suspensions.
It is not expected that photochemical oxidation of DOM or PAHs occurred, because the
experiments were performed in the dark. Also, the cultures were not deprived of nutrients during
the relatively fast degradation experiments. The continuous-shaking conditions guaranteed the
homogenization of the suspensions and prevented the aggregation of DOM and bacterial cells,
as evidenced by macroscopic observations.
Results and discussion

Effect of DOM on absorption of PAHs into PDMS fibers
The absorption of pyrene into fibers during the first 100 h became faster in the presence of
increasing DOM concentrations, resulting in lower fiber as well as freely dissolved
concentrations and earlier establishment of equilibrium between fiber and water (Fig. 1).
Absorption and desorption rate coefficients were calculated with the above equation for
fluorene, phenanthrene, fluoranthene, pyrene, and benzo[e]pyrene (Table 1), in which the total
initial concentration was assumed to be the sum of the fiber and freely dissolved concentrations
as determined at the last sampling time. The ratios of these rate coefficients show constant
PDMS to water partition coefficients (KPDMS) (Table 1). At a DOM concentration of 36.62 mg/L,
k1 and k2 are enhanced by a factor of 1.27 to 2.21 and 1.31 to 2.10 for fluorene and
benzo[e]pyrene, respectively, compared to the control. This effect is more pronounced for higher
DOM concentrations and increasing hydrophobicity of the PAHs. No significant correlation,
however, could be found for k1 and k2 as a function of either the freely dissolved or DOM-sorbed
fractions.
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Figure 1. Percentages of pyrene (Pyr) absorbed to solid-phase microextraction fibers at increasing dissolved
organic matter concentrations ({ control; U 9.15 mg C/L; 18.31 mg C/L;  36.62 mg C/L) fitted with a twocompartment model. Dissolved organic matter was extracted from Lake Kontiolampi (Finland) sediment.

Table 1 shows that in the absence of DOM, fiber absorption rate coefficients (k1) are nearly
constant, and fiber desorption (k2) rate coefficients are decreasing, when the PDMS partition
coefficient (KPDMS) becomes higher. This suggests that sorption of PAHs to the fiber is
controlled by diffusion through the UBL [10, 11, 36] and could be affected by the presence of
DOM, as evidenced by higher k1 and k2 at similar log KPDMS. The effect of a matrix in solution
(e.g., HA, proteins, etc.) on the absorption kinetics of a polymeric phase has been shown
previously [7, 12]. Our results extend those findings by indicating that faster kinetics of SPME
can occur with natural DOM samples also containing DOM fractions other than the humic and
protein fractions.
The matrix affects the extraction process by increasing the diffusive conductivity of the
UBL around the SPME fiber, thus increasing k1 and k2 and decreasing the equilibration time.
The effect occurs when the rate-limiting step is diffusion into the UBL surrounding the fiber and
desorption from the matrix is fast compared to diffusion through the UBL. Because compounds
are depleted in the UBL by absorption into the SPME fiber, desorption of compounds from the
matrix will follow the imposed concentration gradient of the compound between fiber and UBL.
Subsequently, desorption is driven by the relative amount of sorbing phase or matrix in the UBL
and the hydrophobicity or complexing ability of the compounds to the matrix [7, 9].
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3.598±0.039

36.62
0.01
1415±130.4
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a
Values for k1, k2, and log KPDMS are presented as the mean ± standard error; b cfree = cPDMS/KPDMS, where KPDMS is calculated using a twocompartment model without DOM. PDMS = polydimethylsiloxane; c KPDMS = k1/k2.

Benzo[e]pyrene

Pyrene

Fluoranthene

Phenanthrene

Fluorene

Table 1. Concentrations of dissolved organic matter ([DOM]) and polycyclic aromatic hydrocarbons of fiber-exposed solutions (cfree) and
calculated values of absorption and desorption rate coefficients (k1 and k2, respectively) and logarithmic values of the fiber to water partition
coefficient (log KPDMS) for fluorene, phenanthrene, fluoranthene, pyrene, and benzo[e]pyrene in the presence and absence of DOM extracted from
Lake Kontiolampi (Finland) sedimenta
k1 (1/h)
Compound
[DOM]a (mg C/L)
k2 (1/h)
log KPDMSc
cfree (μg/L)b
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Diffusive exchange of organic compounds occurs mostly at boundaries in many environmental
processes under nonequilibrium conditions. In the present study, DOM has been shown to be
important in absorption by SPME fibers of PAHs. Transport of PAHs through the pore water of
sediments can be facilitated by DOM [2]. Also, it has been suggested that the presence of DOM
in pore water might be responsible for enhancing desorption of PAHs from sediment. In
sediment column experiments, an enhanced desorption occurred for anthracene and
benzo[a]anthracene when passing river and soil HA through columns with low organic carbon
sediments [2]. The more hydrophobic benzo[a]anthracene and soil HA showed the largest effect,
implying that both hydrophobicity of sorbate and complexing ability of sorbent play a key role
in desorption over boundary layers. Therefore, processes like desorption can be enhanced when
diffusion occurs at an aqueous boundary layer and the relative proportion of DOM-bound PAHs
is high.
Effect of DOM on mineralization of PAHs
The mineralization curves for 1.96 μg/L of pyrene at 0, 10.8, and 43.1 mg C/L of DOM from
MEK sediment are shown in Fig. 2. Before inoculation with pyrene-degrading bacteria, SPME
fibers were added to the solutions and sampled after an equilibration time of 10 d. The
measurement of freely dissolved pyrene concentrations yielded values of 1.71, 1.20, and 0.63
μg/L at 0, 10.8, and 43.1 mg C/L of DOM, respectively. Mineralization of pyrene occurred
rapidly after inoculation (in <12 h) and at a higher rate when DOM was present (Fig. 2). In
particular, DOM induced statistically significant differences in the initial rates of mineralization
(0.209 and 0.187 ng/ml/h) in the first 2 h at 10.8 and 43.1 mg C/L, respectively (Table 2),
compared to the control (0.148 ng/ml/h), but not in the final extents of degradation. The lower
DOM concentration of 10.8 mg C/L even resulted in a higher mineralization rate than the higher
DOM concentration of 43.1 mg C/L. These results suggest that pyrene mineralization in the
presence of DOM was not controlled by the freely dissolved concentration initially measured.
Another mineralization experiment was performed in flasks containing 3.17 μg/L of
[12C]pyrene, and the same concentrations of DOM from MEK as described above were
incubated under similar conditions to determine possible differences in the residual pyrene
concentrations when the mineralization plateau (50 h) was reached. Final concentrations
measured in these nonlabeled treatments were not statistically different, independent of the
presence of DOM. The low average concentration measured (0.13 μg/L) confirmed that the
fraction of pyrene biodegraded in the presence of DOM included the amount initially present in
the aqueous phase as a result of the sorption equilibrium, but also a major part of the compound
sorbed initially to DOM.
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Figure 2. Mineralization of pyrene over time, expressed as cumulative percentage of 14C mineralized, at increasing
dissolved organic matter concentrations ({ Control; U 10.8 mg C/L;
43.1 mg C/L). Results are given as the
average ± standard deviation as calculated from duplicate samples. Dissolved organic matter was extracted from
Lake Mekrijärvi (Finland) sediment.

Experiments performed with DOM from KET also showed a significant enhancement of
maximum mineralization rates for 9.03 μg/L of phenanthrene at 10.54, 21.08, and 42.15 mg C/L
of DOM compared to the control (Table 2). Differences in extents were only evident with the
highest DOM concentration used (42.15 mg C/L). Initial mineralization rates and extents of
pyrene (1.96 μg/L) often were higher than the control at the same DOM concentrations, but the
differences were not statistically significant (Table 2). No significant compound losses occurred
during the course of the mineralization experiments, as determined by mass balances calculated
at the end of the experimental period (Table 2). The losses in treatments containing DOM were
not statistically different compared to the control. No residual concentrations of nonlabeled
compounds were determined in these experiments with DOM from KET.
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Table 2. Rates and extents of mineralization of phenanthrene and pyrene in the presence and absence of dissolved
organic matter (DOM) extracted from Lake Mekrijärvi (MEK; Finland) and Lake Ketelmeer (KET; The
Netherlands) sediments
Treatmenta
[DOM]
Extent
Max rate
nc
Mass balance
(%)d
(mg C/L)
(ng/ml/h)b
(%)e
MEK – Pyr
0.00
0.148 ± 0.005
4
41.3
72.2
10.79
0.209 ± 0.009
4
46.9
80.7
43.14
0.187 ± 0.004
4
42.9
79.2
KET – Phe
0.00
0.208 ± 0.009
6
> 20.0
91.2
10.54
0.275 ± 0.020
6
> 24.6
100.5
21.08
0.257 ± 0.017
6
> 19.6
91.1
42.15
0.275 ± 0.016
6
> 29.6
95.0
KET – Pyr
0.00
0.164 ± 0.020
6
42.1
64.7
10.54
0.179 ± 0.015
6
38.9
63.1
21.08
0.210 ± 0.009
6
49.9
74.2
42.15
0.194 ± 0.011
6
48.1
74.2
a
Pyr and Phe denote treatments with pyrene (1.96 μg/L) and phenanthrene (9.03 μg/L), respectively;
b
Max. rate = Maximum rate of mineralization. Values are presented as the mean ± standard error as determined by
linear regression, and values in italics are significantly different from the control value (p < 0.05);
c
n = number of data points (time points in duplicate) used in determining the maximum rate of mineralization;
d
Extent = extent of mineralization, presented as a percentage of 14C mineralized at the end of the experiment;
e
Calculated as the cumulative amount recovered divided by the total amount added initially, expressed as a
percentage.

The observed enhancement of PAH biodegradation by DOM could not be explained through an
enhancement of PAH solubility [27], because under the conditions used, all PAHs were present
at concentrations lower than their maximum water solubility. Obviously, direct access to sorbed
PAHs by bacteria attached to surfaces, which has explained previous observations regarding
enhancement of biodegradation by mineral-associated HAs [28, 29], also can be excluded,
because the procedure for DOM isolation eliminated the colloidal-associated surfaces. It is
possible that the kinetics of uptake by bacterial cells of the freely dissolved compound was
enhanced in the presence of DOM in a way analogous to that observed during the present study
at similar DOM concentrations for the absorption of PAHs into PDMS fibers. Studies
concerning the influence of diffusion on substrate uptake by phytoplankton [37] and bacteria
[38, 39] have determined that microbial cells often experience reduced substrate concentrations
at their immediate surfaces as a result of the differences in the rate of uptake and metabolism
and the rate of mass transfer or diffusion through the UBL surrounding the cells. The thickness
of this UBL, in which the substrate concentration is 90% of the ambient concentration or less, is
approximately 10 μm for bacterial cells of 1 μm in diameter, assuming that their shape is
spherical [38–40]. It is difficult to attribute the observed enhancement of net mineralization rates
solely to increased uptake kinetics in the UBL, however, given the significant reduction in freely
dissolved pyrene concentrations caused by DOM (as evidenced by SPME). The mechanism of
the enhancing effects of DOM on the transformation can be better understood by postulating a
direct access to DOM-sorbed pyrene by bacterial cells. The precise mechanism is unknown, but
it may involve a direct contact of cell surfaces with DOM components, thus causing an
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increased concentration of PAHs in the vicinity of bacterial cells, in a way analogous to what
has been observed for the biodegradation of phenanthrene sorbed to humic fractions [28, 32].
Conclusion

We observed enhanced absorption kinetics of PAHs into SPME fibers and mineralization of
these HOCs by bacteria in the presence of environmentally relevant concentrations of DOM
obtained from sediment pore water. These two effects may be explained by different
mechanisms: Whereas the faster uptake during SPME can be attributed to an increased diffusive
conductivity in the UBL surrounding the fibers, the enhancement in net biodegradation rates can
be explained by the combination of faster uptake kinetics of the freely dissolved PAHs in the
UBL surrounding the cells and direct microbial access to DOM-associated PAHs. These
processes may have strong environmental implications, such as in processes involving
desorption, nonequilibrium exposure, and biodegradation.
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Partitioning to dissolved organic matter

Abstract

The behaviour of polycyclic aromatic hydrocarbons (PAHs) is affected by dissolved organic
matter (DOM) present in pore water of soils and sediments. Since partitioning to DOM reduces
the bioavailable or freely dissolved PAH concentration in pore water, it is important to assess
the effect of environmental variables on the magnitude of dissolved organic matter to water
partition coefficients (KDOC). The objective of this study was to apply passive samplers to
measure freely dissolved PAHs allowing depletion from the aqueous phase. The method was
applied to determine KDOC at different temperatures for a selection of PAHs with natural DOM
of very different origin. Freely dissolved concentrations of (spiked) phenanthrene, anthracene,
fluoranthene, pyrene and benzo[e]pyrene were determined by exposing polydimethylsiloxane
(PDMS) fibers to aqueous solutions containing DOM extracted from freshwater sediments from
Finland and The Netherlands. The KDOC values were subsequently calculated at different
temperatures (3.2, 20 and 36°C) by including temperature dependent PDMS to water partition
coefficients (KPDMS) in a mass balance. Furthermore, the effect of temperature on partitioning of
PAHs to PDMS fibers or DOM was assessed by comparing the enthalpy of sorption to the
excess enthalpy of dissolution of liquid PAHs. Partitioning to DOM resulted in a decrease of
freely dissolved concentrations with increasing DOM concentrations and a large range in log
KDOC values at 20°C for benzo[e]pyrene was observed (log KDOC = 4.93 - 6.60 L/kg organic
carbon). An increase of 10°C in temperature resulted in a decrease of KPDMS by 0.09 to 0.13 log
units for phenanthrene to pyrene and a decrease of KDOC by 0.13 log units for pyrene. The
calculated enthalpies of sorption were less exothermic than the (negative) excess enthalpies of
dissolution as expected for non-specific interactions between PAHs and PDMS or DOM. The
bioavailability of PAHs in sedimentary pore waters can be accurately determined by application
of PDMS fibers (without requiring negligible depletion) in the presence of natural DOM with
different sorption affinity for PAHs. The observed natural variability in log KDOC values for
different sediments shows that large differences can occur in freely dissolved PAH
concentrations in pore water and properties of DOM should be taken into account in predicting
the bioavailability of PAHs. Furthermore, the effect of temperature on the partitioning behaviour
of PAHs shows that interactions between PAHs and environmental sorbents are comparable to
interactions between PAHs in their pure condensed liquid phase and calculated excess enthalpies
can be safely used to directly correct partition coefficients for temperature. The application of
PDMS fibers in measuring freely dissolved PAH concentrations can be used to study structural
and thermodynamic aspects of PAH sorption to natural DOM as well as other environmental
processes such as enhanced diffusion phenomena in pore water that are dependent on the
amount (or concentration) of DOM, sorption affinity of DOM and hydrophobicity of PAHs.
These environmental factors will therefore give further insight into the site-specific exposure to
freely dissolved PAH concentrations in soil and sedimentary pore water.
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Introduction

The presence of dissolved organic matter (DOM) in pore water of soils and sediments
significantly affects the partitioning behaviour of PAHs [1-3]. This results in decreased
bioavailability and bioconcentration of dissolved PAHs due to the presence of DOM in
freshwater ecosystems [4], whereas enhanced bioconcentration has also been observed at low
DOM concentrations [5]. Reported DOM to water partition coefficients (KDOC; expressed in
L/kg dissolved organic carbon) generally show a variability up to several orders of magnitude
either due to the different origins of DOM (terrestrial or aquatic sources) [6] or caused by the
uncertainties in the methods used [7, 3] and the way in which DOM is separated from sediments
[8]. Furthermore, the variation in KDOC values is dependent on pH and ionic strength [9].
The technique of Solid Phase MicroExtraction (SPME), developed by Arthur and Pawliszyn
[10], provides a reliable way to determine freely dissolved concentrations of PAHs in the
presence of DOM, provided that DOM is not altered by the way of separation [8] or influenced
by time–dependent effects [11]. SPME fibers coated with polydimethylsiloxane (PDMS) have
been applied successfully in the past as passive samplers to determine freely dissolved PAH
concentrations in the presence of humic acids (HA) and fulvic acids (FA) isolated from water
and sediments or from commercial sources [12-14]. The method is called negligible-depletion
SPME if the amount of depletion by the SPME fibers is kept below 5 or 10% to prevent
disturbance of equilibria between solutes and DOM [15, 13]. In case of significant depletion of
the solutes from the aqueous phase, the separate determination of the PDMS to water partition
coefficient (KPDMS) for each solute is required [16].
One of the main factors that affect the KDOC value is the source from which DOM, HA or
FA are extracted. Depending on the origin of DOM, a large variability in KDOC of PAHs using
different methods has been observed [17-19, 6]. For example, log KDOC values for the binding of
pyrene with DOM originating from 13 European rivers differed by more than 1 order of
magnitude (log KDOC = 3.48-4.64 L/kg) [18]. A large variability in KDOC has recently been
observed by Niederer et al. [6] for the sorption of pyrene (log KDOC ranged from 3.07 to 5.02
L/kg at 25°C) to 10 different aquatic and terrestrial HA and FA with an inverse gas
chromatography method using coatings of HA and FA on silanized glass beads (stationary
phase).
Another factor that affects the partitioning behaviour of PAHs towards PDMS fibers or
DOM is the effect of temperature on the aqueous activity coefficients or solubilities of PAHs.
The free energy driving the (linear) partitioning process for large apolar compounds like PAHs
is largely determined by the excess free energy of dissolution (GEw = HEw – TSEw) with a larger
contribution of enthalpy (HEw) than of entropy (TSEw), in contrast to the dominance of entropy
governing the hydrophobicity of small organic compounds like benzene [20]. In general it is
concluded that the effect of temperature on the enthalpy of sorption (ΔHsorp) can be directly
compared to the (negative) excess free enthalpy of dissolution (HEw), which is a measure for the
deviation from ideal behaviour in the aqueous phase. This is based on the assumption that for
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PAHs (as opposed to more polar compounds) the contribution of HEDOM or HEPDMS to the
enthalpy of sorption (ΔHsorp = HEDOM,PDMS – HEw) is much smaller than that of HEw. The
interactions between PAHs and PDMS fibers or DOM are therefore more nearly ideal than the
interactions between PAHs and water [21].
The objective of this study is the application of disposable PDMS fibers to determine KDOC
for PAHs in the presence of natural DOM extracted from freshwater sediments of very different
origin. We preferred to extract DOM from sediments since water soluble DOM is more
representative for sedimentary pore water than commercial HA [22] or base-extraction of HA or
FA [23]. As a significant depletion of PAHs by the PDMS fibers occurred, values of KPDMS for
fluorene (Flu), phenanthrene (Phe), anthracene (Ant), fluoranthene (Fla), pyrene (Pyr) and
benzo[e]pyrene (BeP) were taken into account in the calculation of KDOC. The procedure applied
in the present study is therefore different from most other SPME studies because the negligible
depletion condition is not fulfilled [16]. The advantage of the applied method compared to other
existing SPME methods is that depletion of freely dissolved PAHs from solutions containing
DOM is allowed by including the KPDMS values in a mass balance. The effect of temperature on
the partitioning of PAHs between PDMS fibers or DOM and water was measured in the range of
3.2 to 36°C and ΔHsorp values were calculated in order to quantify the influence of HEw on ΔHsorp.
Materials and methods

Chemicals
The inorganic salts used for the preparation of artificial freshwater were all of analytical grade
and were obtained from Merck (Darmstadt, Germany). Sodium azide (NaN3, 99%) was obtained
from Acros Organics (Geel, Belgium). The PAHs Flu (98%), Ant (>98%), Fla (99%), Pyr (98%)
and BeP (99%) were obtained from Sigma–Aldrich (Steinheim, Germany) and Phe (>98%) and
benzo[a]anthracene (BaA, 99%) were obtained from Acros Organics (Geel, Belgium).
Acetonitrile and pentane were of glass distilled grade and purchased from Rathburn
(Walkerburn, UK).
Sampling locations
Sediments were sampled from a River Rhine sedimentation area, Lake Ketelmeer (KET) in The
Netherlands and five freshwater lakes in eastern Finland, Varparanta (VAR), Kuorinka (KUO),
Höytiäinen (HOY), Kontiolampi (KON) and Mekrijärvi (MEK). The exact locations of the lakes
as well as the total organic carbon (TOC) content of the studied sediments are shown in Table 1.
Further characteristics of KET and four Finnish lakes (except KON) as well as the procedure of
TOC determination have been published elsewhere [24]. Generally, VAR and KUO sediments
were predominantly composed of sand, HOY sediment contained a large amount of clay and
KON and MEK sediments contained relatively high amounts of organic carbon (Table 1). The
sediment from KET was intermediate in textural composition. Samples from the upper part (0 –
30 cm) of the sediments were taken, except for KET sediment (10 – 50 cm). The Finnish
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sediments had relatively low levels of contamination by PAHs compared to the sediment from
The Netherlands (Table 1). Desorption of natively bound PAHs from KET sediment to extracted
DOM was found to be negligible (<5%) compared to the spiked amount of PAHs (see below).
The sediments were stored in polyethylene containers at 4°C in the dark prior to use.
Table 1. Characteristics of the sampled sediments
Lake
Notation
Coordinates

TOCa
(% dw)

PAH
contentb
(mg/kg dw)
25
0.007
0.2
0.9
n.d.
2

SUVA
(L/g)

Ketelmeer (NL)
KET
52°41’ N, 5°45’ E
5.51±0.01
15.96
Varparantac (FIN)
VAR
62°51’59” N, 29°46’15” E
0.120±0.003
19.45
Kuorinka (FIN)
KUO
62°37’48” N, 29°23’49” E
1.39±0.07
6.48
Höytiäinen (FIN)
HOY
62°41’22” N, 29°40’34” E
3.30±0.02
17.09
Kontiolampi (FIN)
KON
62°43’46” N, 29°51’18” E
55.3±0.42
10.49
Mekrijärvi (FIN)
MEK
62°46’00” N, 30°57’42” E
21.03±0.12
14.89
a
Standard deviations are calculated for OC contents (n = 3; data taken from [24]).
b
Sum of the contents of phenanthrene, anthracene, fluoranthene, pyrene, benzo[a]anthracene, chrysene,
benzo[b]fluoranthene, benzo[k]fluoranthene, benzo[e]pyrene, benzo[a]pyrene, and perylene (data taken from
[24]).
c
Varparanta was taken from a shallow shore area in the eastern part of Lake Höytiäinen.
n.d. = not determined

DOM separation from sediment
Artificial freshwater with a relatively low salt content was used to extract organic matter from
(wet) sediments. This medium contained the following salts: 58.8 mg/L CaCl2·2H2O, 24.7 mg/L
MgSO4·7H2O, 13.0 mg/L NaHCO3 and 1.2 mg/L KCl dissolved in Nanopure water (18.3 MΩ;
Barnstead International, Dubuque, Iowa, USA). The medium was used in order to simulate
freshwater and did not function as an ionic strength buffer. Microbial growth was prevented by
adding NaN3 at a concentration of 65.0 mg/L. A sediment to water ratio of 4:1 (w/v) was shaken
for 1 h at room temperature with an orbital shaker (200 rpm) to release DOM from sediment
(0.08-1.58:1 w/v dw). Due to the high OC content of KON sediment, a sediment to water ratio of
1:2 (w/v) was used for this sediment (0.02:1 w/v dw). The sediment suspension was
subsequently centrifuged for 1 h at 7,400 g. After separation of water and sediment, the
supernatant was centrifuged for 3 h at 31,000 g to obtain a solution that includes the organic
matter that is ‘potentially’ present in sediment pore water. The centrifugation procedure is
preferred here over the conventional procedure of filtration over 0.45 μm as preliminary
experiments have shown that filtration artefacts occurred because of membrane fouling.
Furthermore, extracts centrifuged for 0.5, 1, 2, 3 and 4 h at 31,000 g resulted in constant DOM
partition coefficients for Phe, Fla and Pyr after normalization to TOC indicating that the organic
matter had similar partitioning characteristics irrespective of size distribution (data not shown).
The pH was adjusted to 7.0 ± 0.1 with small amounts of dilute HCl or NaOH to enable a pHindependent comparison of KDOC values. Concentrations of DOM were measured by high
temperature catalytic combustion with a TOC–5000 Shimadzu analyzer (‘s-Hertogenbosch, The
Netherlands). The decrease in UV absorbance at 270 nm was measured in quartz cuvettes and
was subsequently expressed in specific UV absorbance (SUVA = A270×1000/[DOC]; Table 1).
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Measurement of free and total PAH concentrations
Freely dissolved PAH concentrations were measured by using disposable PDMS fibers obtained
from Poly Micro Industries (Phoenix, AZ, USA). The fibers with a core diameter of 110 μm and
a coating of 28.5 μm PDMS were cut into 2 cm pieces (VPDMS = 0.248 μl PDMS) and thermally
cleaned in a glass conditioning unit under a He flow (± 10 ml/min) for 2 h at 250°C. The fibers
were exposed to aqueous solutions with a volume of 50 ml in Teflon® lined Erlenmeyer flasks
spiked with 20 μl (0.04% v/v) of a mixture of Flu, Phe, Ant, Fla, Pyr and BeP dissolved in
acetonitrile. Total aqueous concentrations were 13.32 (Flu), 25.69 (Phe), 3.75 (Ant), 9.54 (Fla),
5.16 (Pyr) and 1.87 μg/L (BeP) and were stable in time (verified with liquid-liquid extraction
mentioned below). Blank solutions (containing fibers) were spiked with four individual PAH
mixtures in equimolar amounts and served as calibration standards by calculating the freely
dissolved concentration from the total concentration. Any nonlinear effects due to the presence
of PAHs in mixtures were not observed in the partitioning of PAHs to PDMS fibers. The
samples were shaken on a rotary shaker (80 rpm) in thermostatted rooms or chambers at 3.2 ±
0.7, 20.1 ± 0.2 and 36.0 ± 0.1 °C in the dark. Equilibrium times to determine KDOC were 21 days
at 3.2°C and 10 days at 20.1°C and 36.0°C. After equilibrium between fiber and water was
reached, the fibers were sampled with tweezers and gently blotted dry with a tissue. The fibers
were subsequently desorbed in a vial insert with 150 μl of acetonitrile containing 500 μg/L BaA
as injection standard. Sample vials were weighed before and after addition of fiber and
desorption solvent to correct for small differences in added volumes. Effects of fouling on the
PDMS fiber have not been observed in this study, but could be important when commercial
PDMS fibers are used due to repeated exposure of the fiber to matrix components (e.g. HA,
proteins).
Total PAH concentrations were determined with liquid–liquid extraction and HPLC by
shaking 2 ml of sample three times with 3 ml of pentane. The pentane layer was separated from
the aqueous layer and evaporated on a water bath held at 60 °C. Before evaporation, a recovery
standard of 200 μl of a BaA solution (c = 500 μg/L) and 100 μl of 1–octanol were added to the
extract. 1–Octanol is added to prevent complete evaporation of the extract and to enhance
recovery of three ring PAHs.
The PAHs were analysed with HPLC as described elsewhere [25]. The detection limits in
acetonitrile and water (calculated back from fiber desorbed PAHs) of the analysed PAHs ranged
from 0.19 (BeP) to 2.29 μg/L (Phe) and 10.19 (BeP) to 177.22 ng/L (Phe) in acetonitrile and
water, respectively.
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Calculation of partition coefficients
In order to take the amount of PAHs absorbed by the fibers into account, KPDMS values were
determined by following equilibration in time. At specific time intervals, fibers were sampled
(in triplicate) and fiber concentrations were determined using external calibration standards. The
calculation of KPDMS values with a two-compartment model assuming first-order kinetics is
described elsewhere [25].
Partitioning of constant PAH concentrations to DOM was studied by exposing PDMS fibers
(in duplicate) to decreasing concentrations of DOM obtained using the procedure described
above. In this method, it is assumed that KPDMS values are known and that the system of fiber
and water has reached equilibrium. The KDOC values were determined indirectly by measuring
the amount sorbed to the fiber in the presence of DOM. As the fiber-sorbed amount is directly
proportional to the freely aqueous PAH concentration (calculated by division of cPDMS with
KPDMS), the remainder is assumed to be sorbed to DOM. The KDOC values were subsequently
calculated by fitting the freely dissolved fractions (cfree/ctotal) to the rearranged mass balance
equation given below:
cfree
1
=
ctotal 1 + VPDMS K
PDMS + [ DOC].K DOC
Vwater

(1)

where cfree and ctotal are the free and total (spiked) PAH concentrations (in mg PAH/L),
respectively, VPDMS is the volume (in L) of the PDMS fiber coating and Vwater is the sample
volume (in L). The partition coefficients, KDOC and KPDMS, are expressed in L water/kg OC and L
water/L PDMS, respectively, and [DOC] is expressed in kg OC/L. Eq. (1) was fitted with the
non–linear regression option in Graphpad Prism, version 3.02 (San Diego, CA, USA).
Additionally, partitioning of increasing PAH concentrations to DOM extracted from KON
sediment was measured with a linear sorption isotherm for Phe (cwater = 0.74 – 256.48 μg/L), Fla
(cwater = 0.13 – 10.10 μg/L), Pyr (cwater = 0.11 – 6.97 μg/L) and BeP (cwater = 0.29 – 0.87 μg/L).
Temperature dependence of partition coefficients
Values of KPDMS determined at different temperatures (3.2, 20 and 36°C) were applied in Eq. (1)
to calculate the temperature dependent KDOC values for DOM extracted from MEK sediment.
Under the assumption that the enthalpy of sorption (ΔHsorp) for the partitioning of PAHs between
PDMS fibers or DOM and water is constant over a small temperature range, the ΔHsorp values
can be calculated with a linear equation (van ‘t Hoff plot), that is independent of the units of
KDOC or KPDMS:
ΔH sorp
d ln K
=−
d (1 / T )
R

(2)
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where T is the absolute temperature (in K) and R is the gas constant (8.31441 J/mol.K). Thus,
the slope, A, of the linear relationship between ln KPDMS or ln KDOC and 1/T results in the
enthalpy of sorption, ΔHsorp = –R×A. The contribution of entropy to the free energy of sorption
was calculated by: -TΔSsorp = ΔGsorp - ΔHsorp = -RT ln KxDOC - ΔHsorp, provided that the sorbent
has a known or hypothesized molecular structure and the partition coefficients (KxDOC) are
expressed on a mole fraction basis.
Enthalpy and entropy contributions to the free energy of dissolution for solid PAHs at 25°C
were converted to the supercooled liquid state by correction with enthalpies and entropies of
fusion from Chickos and Acree [26]. The enthalpies and entropies of fusion (ΔHfus and ΔSfus)
were corrected from their melting point temperatures, Tmp, to 25°C (denoted by superscript ‘0’)
with a procedure described by Allen et al. [27]. Excess enthalpies, HEw = ΔH0sol - ΔH0fus, and
entropy contributions, -TSEw = -T(ΔS0sol - ΔS0fus), to the excess free energy of dissolution for
supercooled liquid PAHs were subsequently derived by subtracting the temperature corrected
enthalpies and entropies of fusion from the enthalpies, ΔH0sol, and entropies, ΔS0sol, of
dissolution for solid PAHs. Literature values for ΔH0sol, and ΔS0sol were taken from a study of
temperature dependent solubility data using a generator-column HPLC method [28].
Results and discussion

Determination of partition coefficients
The fiber equilibration method determined for pyrene at three different temperatures is shown in
Fig. 1 and the calculated log KPDMS values values (Table 2) are in accordance with literature
values determined with a fiber depletion method using the same coating thickness of PDMS
[29]. For Flu, no value for log KPDMS could be calculated at 20.1ºC because equilibrium was
rapidly achieved and insufficient data points were taken in the initial phase of absorption.
Therefore, log KPDMS for Flu at this temperature was calculated by dividing fiber and total
concentrations determined for all sampling steps.
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Figure 1. Pyrene concentrations of the polydimethylsiloxane fiber (triplicate samples; standard errors shown; n =
30) during equilibration at three different temperatures.
Table 2. PDMS to water partition coefficients (log KPDMS) for fluorene (Flu), phenanthrene (Phe), anthracene
(Ant), fluoranthene (Fla), pyrene (Pyr) and benzo[e]pyrene (BeP) at three different temperatures
Compound
log KPDMSa
log KPDMS lit.b
3.2°C

20.1°C

36.0°C

Flu

3.79±0.03 (32)

3.65±0.03c (30)

3.50±0.09 (30)

n.d.

Phe

4.07±0.03 (32)

3.89±0.10 (33)

3.75±0.09 (30)

3.86±0.03 (52)

Ant

4.19±0.03 (32)

4.00±0.08 (33)

3.89±0.09 (27)

n.d.

Fla

4.55±0.03 (32)

4.37±0.04 (33)

4.17±0.06 (30)

4.40±0.02 (53)

Pyr

4.70±0.03 (32)

4.45±0.05 (33)

4.25±0.05 (30)

4.41±0.04 (55)

BeP
5.69±0.25d (32)
5.42±0.09 (33)
5.08±0.03 (29)
a
log KPDMS values ± standard errors (number of measurements in parentheses).
b
Data taken from Ter Laak et al. [29], log KPDMS determined with fiber depletion method.
c
Value determined by dividing fiber and total concentrations.
d
Equilibrium between fiber and water was not reached for this compound.
n.d. = not determined.

20°C

n.d.

The values of KPDMS obtained with the equilibration method were used to determine KDOC with
Eq. (1) for Phe, Ant, Fla, Pyr and BeP in the presence of DOM extracted from the sampled
sediments (Table 3). Little or no interaction with DOM was observed for the least hydrophobic
compound Flu (data not shown), whereas BeP showed the strongest interaction with DOM. In
Fig. 2, ratios of free to total concentrations (cfree/ctotal) of pyrene are plotted at different
temperatures showing a non-linear decrease with increasing DOM concentrations from MEK
sediment. Freely dissolved fractions in the absence of DOM were invariably below 1 as the
residual amount is sorbed to the PDMS fiber (98% for Flu to 44% for BeP at 20.1°C). For most
sediment extracts, log KDOC values for Flu to Pyr could not be calculated (Table 3) because the
freely dissolved fraction did not decrease significantly below the values calculated from the 95%
confidence interval of KPDMS values. Significant decreases in freely dissolved concentrations of
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Phe, Ant, Fla and Pyr were only observed with DOM from MEK and KON that are both
relatively high in sorption affinity compared to DOM from VAR, KUO, HOY and KET. It is
therefore suggested that the bioavailability of these PAHs is not affected by DOM present in
these latter sediments.

Figure 2. Ratio of free to total pyrene concentrations (duplicate samples; n = 10) after partitioning of pyrene to
dissolved organic matter from Mekrijärvi sediment at three different temperatures.
Table 3. DOM to water partition coefficients (log KDOC) for phenanthrene (Phe), anthracene (Ant), fluoranthene
(Fla), pyrene (Pyr) and benzo[e]pyrene (BeP) at three different temperatures
Sediment
Temp.a
[DOC]b
log KDOCc
(ºC)
(mg/L)
(L/kg)
Phe
Ant
Fla
Pyr
BeP
KET
20 (8)
45.49
5.47±0.07
VAR
20 (12)
21.80
4.93±0.11
KUO
20 (10)
35.54
5.14±0.03
HOY
20 (11)
10.00
5.74±0.07
KON
20 (10)
51.01
4.74±0.01
4.92±0.01
5.41±0.02
5.53±0.01
6.60±0.01d
MEK
3.2 (10)
14.13
4.29±0.11
4.50±0.10
4.91±0.05
5.03±0.04
MEK
20.1 (10)
13.77
4.17±0.08
4.36±0.05
4.75±0.03
4.76±0.04
6.23±0.05
MEK
36.0 (10)
8.46
4.59±0.08
5.67±0.03
a
Number of measurements in parentheses.
b
Maximum DOM concentration.
c
log KDOC values ± standard errors. Blank entries denote instances where freely dissolved fractions did not
decrease significantly below the 95% confidence interval of the PDMS to water partition coefficient
d
Determined with sorption isotherm.

The log KDOC value of BeP for DOM from KON sediment could not be determined due to a fast
decrease in the freely dissolved fraction with increasing DOM concentrations and was therefore
determined with a (linear) sorption isotherm at constant DOM concentrations, see Table 3 (log
KDOC = 6.60; n = 8; r2 = 0.9956). The sorption isotherms for other PAHs were also linear over
the range of measured PAH concentrations. The log KDOC values determined with this method
deviated by maximally +0.09 log units (all n = 10) from the values reported in Table 3 for Phe,
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Fla and Pyr. The calculation of an average KDOC value from single point determinations for the
partitioning of Pyr to DOM from MEK sediment and propagation of errors in KPDMS and [DOC]
resulted into a log KDOC value of 4.75 ± 0.06 L/kg (n = 8), equal to the log KDOC value reported
in Table 3.
For DOM extracted from KON sediment, the log KDOC values of Phe, Pyr and Fla
determined with PDMS fibers were compared to log KDOC values determined with equilibrium
dialysis using a sediment to water ratio of 1:1 (w/v) and an identical pretreatment procedure of
DOM (Personal Communication J. Akkanen, Joensuu University, Finland). The log KDOC values
determined with equilibrium dialysis showed slightly higher values for Phe (log KDOC = 4.91 ±
0.02 L/kg) and Pyr (log KDOC = 5.68 ± 0.05 L/kg) and a similar value for Fla (log KDOC = 5.41 ±
0.03 L/kg). This direct comparison shows that the depletion of PAHs from the aqueous phase by
PDMS fibers is correctly described with first order kinetics. Furthermore, the determination of
equal KDOC values both with a mass balance and a sorption isotherm for DOM extracted from
KON sediment validates the use of the mass balance procedure that incorporates the sorption of
PAHs by PDMS fibers.
Structure-activity relationships
The log KDOC values determined for the sediments of MEK and KON (both n = 5) gave the
following relationships with the logarithmic value of the n-octanol to water partition coefficient
(Kow):
log KDOC (MEK) = 1.306 (± 0.128) log Kow – 1.858 (±0.658)
r2 = 0.972; SER = 0.156

(3)

log KDOC (KON) = 1.176 (± 0.090) log Kow – 0.608 (± 0.465)
r2 = 0.983; SER = 0.110

(4)

where SER is the standard error of regression. The log Kow values were taken from Burkhard [7].
The slopes of these relationships are similar to the slope of the log KDOC-log Kow relation derived
from literature values by Burkhard [7] for the partitioning of PAHs to naturally occurring DOM
(n = 33):
log KDOC = 1.18 (± 0.13) log Kow – 1.56 (±0.72)
r2 = 0.58; SER = 0.73

(5)

The different intercepts in Eqs (3) and (4) indicate a higher sorption affinity of DOM extracted
from KON sediment. For DOM extracted from the different sediments, the log KDOC values of
BeP span a large range with minimum and maximum values differing by 1.67 log units. The
lowest KDOC values are observed for the sandy sediments of KUO and VAR, whereas the more
organic-rich sediments of MEK and KON show the highest KDOC values. Intermediate KDOC
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values are shown for the sediments of HOY and KET. No significant correlations could be
found, however, for log KDOC values determined for BeP at 20°C with corresponding properties
like UV absorbance at 270 nm or specific UV absorbance (SUVA) as a measure of the
aromaticity of the DOM extracts (Table 1 and Fig. 3). It has however been shown in literature
that aliphaticity also contributes to the sorption affinity of DOM [30]. Elaborate structural
characterization of the DOM extracts used here was however outside of the scope of this study.

Figure 3. Specific UV absorbance (SUVA) versus dissolved organic matter to water partition coefficients (log
KDOC ± standard errors) at 20°C for benzo[e]pyrene of all sediments.

Temperature dependence of partition coefficients
The effect of increasing temperature on the partitioning between fiber and water for Pyr results
in decreasing fiber concentrations and shorter equilibrium times (Fig. 1). Consequently, log
KPDMS values decrease (Table 2) with increasing temperature. With every 10°C increase in
temperature, log KPDMS values of Flu to Pyr (excluding BeP) decreased by 0.09 to 0.13 log units.
The result of increasing temperature for Pyr in the presence of DOM from MEK sediment
shows decreasing interactions with DOM (Table 3 and Fig. 2). At the highest temperature, the
freely dissolved fractions of Phe, Ant and Fla did not show a significant decrease in the presence
of DOM and log KDOC could not be calculated accordingly. At the lowest temperature, the log
KPDMS value for BeP was subject to error due to insufficient equilibration and sorption of BeP to
the glass wall (Table 2). The effect of temperature could therefore only be calculated for Pyr.
The log KDOC value for Pyr decreased by 0.13 log units with every 10°C increase in temperature.
The enthalpies of sorption (ΔHsorp) to PDMS fibers or DOM from MEK were calculated
with Eq. (2) (r2 = 0.9925 – 0.9999). The calculated ΔHsorp values (in kJ/mol) to PDMS are
shown in Table 4 and range from -14.70 for Flu to -22.06 kJ/mol for Pyr. These ΔHsorp values
show increasing negative (exothermic) values with increasing hydrophobicity of the PAHs
studied. Note that the ΔHsorp value for the sorption of Pyr to DOM from MEK sediment is
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similar to the ΔHsorp value of Pyr sorption to PDMS. The enthalpies of sorption determined in
this study are in a similar range as values determined for the effect of temperature on the
partitioning of Phe to polyethylene [31], Fla to (filtered) DOM from KET sediment [1] and Phe,
Ant, Fla and Pyr to iron and aluminium oxides [32] where only hydrophobic interactions are
involved. The ΔHsorp value of the partitioning of Pyr to polyethylene is however more negative
than the value reported for Pyr in this study.
Values for HEw and -TSEw at 25°C were calculated for the 5 PAHs in Table 4 by subtracting
the temperature corrected enthalpies of fusion (ΔH0fus) from the enthalpies of dissolution
(ΔH0sol). The excess entropy contribution (-TSEw) to the free energy of dissolution becomes
smaller than the enthalpic contribution for larger aromatic compounds as mentioned in the
Introduction. The values of HEw and -TSEw in Table 4 are different from the values reported in
Schwarzenbach et al. [20] where no correction for temperature was applied. These HEw values
are higher than the ΔHsorp values (opposite in sign) for the partitioning of PAHs to PDMS or
DOM from MEK. The ΔHsorp values are therefore less exothermic than the (negative) -HEw
values in case of the occurrence of non-specific interactions between PAHs and PDMS or DOM
[21]. The excess enthalpy in the DOM or PDMS fiber phase, HEDOM,PDMS, partially cancels the
HEw values in the experimental enthalpy of sorption (ΔHsorp = HEDOM,PDMS – HEw) amounting to
+3.17 (Flu) to +10.72 (Fla) kJ/mol for the sorption of PAHs to PDMS and to +4.88 kJ/mol in the
case of Pyr sorption to DOM from MEK sediment. As a result of the errors involved in the
regression of ln K versus 1/T with Eq. (2) based on only three data points and in the estimation
of excess enthalpies after temperature correction of fusion enthalpies, the interaction between
PAHs and PDMS or DOM can be considered comparable to the interaction between PAH
molecules in their pure condensed liquid phase (-ΔHsorp ≈ HEw) [32]. The HEw values can
therefore be safely used to correct partition coefficients for temperature as has been done in
Cornelissen et al. [33].
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Table 4. Thermodynamic parameters at 25°C for the process of sorption, ΔHsorp, of fluorene (Flu), phenanthrene
(Phe), anthracene (Ant), fluoranthene (Fla) and pyrene (Pyr) to polydimethylsiloxane (PDMS), polyethylene (PE)
or dissolved organic matter (DOM) from Ketelmeer (KET) or Mekrijärvi sediment (MEK), the process of fusion,
ΔH0fus and -TΔS0fus and excess molar properties of supercooled liquid PAHs, HEw and –TSEw
Compound

ΔHsorp

ΔH0fus

–TΔS0fus

HEw

–TSEw

(kJ/mol)
Flu, PDMS

–14.70±0.84

17.23

–12.92

17.87

16.29

Phe, PDMS

–16.21±0.48

15.26

–12.24

21.44

15.52

–15.27±1.17
–16±2.8/
–17.2±1.9b

22.91

–12.56

24.29

13.05

–18.91±1.65

15.37

–11.58

29.63

10.74

14.42

–9.60

27.18

13.29

Phe, PE
Phe, α-Fe2O3
Ant, PDMS
Ant, α-Al2O3/ α-Fe2O3
Fla, PDMS
Fla, KET DOM
Fla, α-Al2O3/ α-Fe2O3
Pyr, PDMS
Pyr, PE

–18±1a
-18.2±1.0b

–18.28 ± 2.81c
–19.5±0.4/
–16.7±3.0b
–22.06±0.25
–29±2a

Pyr, MEK
Pyr, α-Al2O3/ α-Fe2O3

–22.30±1.46
-20.8±0.4/
–20±0.9b
a
Data taken from Adams et al. [31].
b
Data taken from Mader et al. [32].
c
Data taken from Lüers and Ten Hulscher [1].

The KDOC values for the sorption of Pyr to DOM from MEK sediment were also converted to
mole fraction based partition coefficients (KxDOC = MWC.NC/vw×KDOC) by taking into account the
number of carbon atoms (NC with MWC = 12.011 g/mol) of a model structure for DOM from
MEK sediment and the molar volume of water (vw = 18.0713 cm3/mol from [34]). It was
hypothesized here that DOM from MEK sediment is either represented by the model structure
for Suwannee FA from Shin and Moon [35] (DOM1, C37H43NO20; MW = 821.74 g/mol) or the
model structure for HA from Schulten and Leinweber [36] (DOM2, C349H401N26O173S; MW =
7760.16 g/mol). The energetic gain from entropy (-TΔSsorp), calculated by subtraction of ΔHsorp
from ΔGsorp, is -12.26 ± 1.48 (DOM1) to -17.74 ± 1.48 kJ/mol (DOM2) and contributes less than
the enthalpy loss to the spontaneous free energy of sorption. The positive entropy values (~41.1
– 59.5 J/mol.K) are due to the loss of structured water molecules surrounding the PAH
molecules (hydrophobic effect) and are inconsistent with an adsorption mechanism that is
accompanied with a decrease in the entropy of a solute [21].
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Conclusions

The bioavailability of PAHs in sedimentary pore waters can be accurately determined by
application of PDMS fibers (without requiring negligible depletion) in the presence of natural
DOM with different sorption affinity for PAHs. The observed natural variability in log KDOC
values for different sediments shows that large differences can occur in freely dissolved PAH
concentrations in pore water and properties of DOM should be taken into account in predicting
the bioavailability of PAHs. Furthermore, the effect of temperature on the partitioning behaviour
of PAHs shows that interactions between PAHs and environmental sorbents are comparable to
interactions between PAHs in their pure condensed liquid phase and calculated excess enthalpies
can be safely used to directly correct partition coefficients for temperature. The application of
PDMS fibers in measuring freely dissolved PAH concentrations can be used to study structural
and thermodynamic aspects of PAH sorption to natural DOM as well as other environmental
processes such as enhanced diffusion phenomena in pore water [37, 25] that are dependent on
the amount (or concentration) of DOM, sorption affinity of DOM and hydrophobicity of PAHs.
These environmental factors will therefore give further insight into the site-specific exposure to
freely dissolved PAH concentrations in soil and sedimentary pore water.
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Simulation of thermodynamic properties

Abstract

Electronic atomic charges for aromatic compounds and hydroxyl hydrogen bonded groups
compatible with the Amber99a force field were derived by scaling PM3 charges to the
experimental values of the energies of vaporization of benzene and water at 298.15 K. A
switched summation cut off (9/5 Å outer/inner summation limits) was used. Energies of gas and
liquid phases were calculated by Monte Carlo simulations in a canonical ensemble and were
compared with Geometrical Optimization results. PM3 charges had to be scaled down or up by
the factors of 0.9502 ± 0.0099 and 1.8737 ± 0.0093 for benzene and water, respectively.
Geometrical Optimization results were different and could not describe differences between the
gas and liquid with respect to contributions of degrees of freedom to vibrational energy.
Scaling factors led to a supercooled energy of vaporization of fluoranthene of 93.18 ± 0.17
kJ/mol, energies of hydration (-37.61 ± 23.22 and -57.99 ± 23.85 kJ/mol) and aqueous solution
(-6.49 ± 23.22 and 35.19 ± 24.94 kJ/mol) of benzene and fluoranthene, respectively, all equal to
their experimental values within error ranges. The energy of the solute in its aquatic environment
could be calculated with substantial lower inaccuracy than the total energy of the solution.
The gas plus liquid benzene and fluoranthene phases and the water gas phase showed no or
only minor deviations from harmonic behaviour of the atomic vibrations. The latter did not hold
for the liquid water phase. Intermolecular energy of water molecules in the benzene- and
fluoranthene-water system and in the pure liquid differed substantially as expressed into positive
energies of cavity formation of 27.49 ± 24.27 and 82.68 ± 23.85 kJ/mol, respectively. It turned
out that insignificant differences are present between the intramolecular vibrational energies in
the liquid phases and only minor differences between liquid and gas.
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Introduction

Molecular mechanics calculations of energies and free energies for equilibrium partitioning of
organic compounds between gas and liquid phases require parameters for the intramolecular
stretch-, bending- and torsional potential energy and for the nonbonded van der Waals and
electrostatic interaction within and between molecules. The latter may include hydrogen bond
energy and require separate derivation. Out of the many (nonelectrostatic) force fields available
in the literature [1], the Amber99a force field [2] is a well established one. Several methods are
available for finding electronic atomic charges, the main parameters for electrostatic interactions
[2]. Quantum mechanical calculation may provide, easily as in the PM3 method [3], Mulliken
atomic charges in isolated molecules. In any case, charges have to be scaled in order to obtain
charges in condensed systems, which are compatible with the force field used and highly
accurate in view of the calculation of energies and free energies of partitioning as we aim at.
Moreover, a consistent method of summation cut off should be used for this purpose such as a
switched summation cut off with sufficiently large range between the inner outer summation
limits [4]. Accurately determined experimental values of the energy of vaporization are often
used for the scaling required [5].
The calculation of free energies, and the partitioning constants directly connected to it,
requires the statistical thermodynamics of Monte Carlo (MC), Molecular Dynamics (MD) or
other methods [6]. In addition, energies may be calculated using Geometrical Optimization
(GO). Calculation of energy may take place using a variety of ensembles, of which the canonical
ensemble (at a constant number of particles N, volume V, and temperature T) is especially useful
in combination with MC. The latter easily warrants constant T, although it requires the
knowledge of V and a special treatment of the constancy of N in the method we will employ. GO
does not give insight into temperature effects, but is carried out relatively easily.
Aromatic hydrocarbons are theoretically simple in view of their rigid structure, which
suggest harmonic atomic vibrations to be of special interest and the presence of minor variation
of intramolecular energy over different phases. In addition, they possess a low number of
different atom types in the force field. The same holds for water having no torsional movement
of atoms and no intramolecular nonbonded van der Waals and electrostatic interaction in the
TIP3P model used. These compounds are of special relevance in environmental chemistry, thus
requiring the knowledge of partitioning constants such as vapour pressure, aqueous solubility,
Henry’s law constants and sorption to dissolved organic matter [7]. The pertinent energies
(enthalpies) are of importance in view of the temperature dependence of these properties.
Here electronic atomic charges for aromatic compounds and hydroxy (hydrogen bonded)
groups compatible to the Amber99a force field and using a consistent summation cut off will be
derived by scaling PM3 charges to the experimental values of the energies of vaporization of
benzene and water at 298.15 K, which are accurately known. Energies of gas and liquid phases
will be calculated by MC simulations in a canonical ensemble and will be compared with GO
results. Results will be validated by the calculation of the supercooled energy of vaporization of
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fluoranthene and of the energies of hydration, solution and cavity formation of benzene and
fluoranthene, all at 298.15 K. Molecular and phase structural data such as radial distribution
functions will not be employed here in view of the intended future use of the force field and
charges for (free) energy calculations only.
Theory and method

Force field parameters
The potential energy E of a certain gaseous or liquid configuration [2, 8], see Eq. (1), includes
contributions of intramolecular stretching of bonds r, bending of angles θ, torsion of (proper or
improper) dihedral angles ϕ and intra- and intermolecular nonbonded interactions between
atoms of the van der Waals and electrostatic type. ro, θo, and ϕo are reference geometrical
parameters for the unstrained structure. kr, kθ, and Vn/2 are vibrational force constants and n-fold
torsional potential barriers, respectively. R refers to nonbonded distances and D to the dielectric
constant. A and B are van der Waals repulsive and attractive parameters, respectively, and q are
atomic point charges. The latter are also used for hydrogen-bonding in water. We applied a
constant dielectric of D = 1 and scaling of close (1,4) intramolecular van der Waals and
electrostatic nonbonded contributions by a factor of 0.5. Moreover, a switched summation cut
off was employed with sufficiently large range between the inner (5 Å) and outer (9 Å)
summation limits [4] in order to prevent artificial motion as found for smaller switch ranges in
proteins.
E = Σbonds,i kr,i (ri – ro,i)2 +Σangles,j kθ,j (θj – θo,j)2 +Σ(improper)dihedrals,k (Vn,k/2) [1+cos(nk.ϕ - ϕo,k)]
+ Σnonbonded atom types,m,m’ [Am,m’/Rm,m’12 - Bm,m’/Rm,m’6]
+ Σnonbonded atoms,n,n’ [qn.qn’/(D.Rn,n’)]

(1)

Note that in this energy model no molecular or group rotations are included explicitly and that
R* and ε (the position and depth of the minimum in the potential curve between two similar
atoms), are directly related to A and B via A = ε R*12 and B = 2 ε R*6. R* and ε for pairs of
different atoms i, j were calculated from single atom types according to R*ij = R*i + R*j and εij
= (εi εj)1/2. Kinetic energy difference between condensed phases is supposed to be zero. The
Amber99a force field parameters used are included in Table 1.
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Table 1. Amber99a parameters [2, 9, 10].
Van der Waals nonbonded
R* (Å)
C = Aromatic carbon
1.9080
HA =Aromatic hydrogen
1.4590
HW = Water hydrogen
0.0000
OW = Water oxygen
1.7683
Bond stretch
kr (kJ/mol.Å2)
C-C
1962
C-HA
1536
OW-HW
2314
HW-HW
2314
Angle bending
kθ (kJ/mol.rad2)
C-C-C
264
C-C-HA
146
HW-OW-HW
418
Angle torsion
Vn/2 (kJ/mol)
**-C-C-**; ** = C or HA
60.70

ε (kJ/mol)
0.3598
0.0628
0.0000
0.6360
ro (Å)
1.400
1.080
0.9572
1.5136
θo (degree)
120.00
120.00
104.52
ϕo (degree)
180.0

Model

TIP3P model
TIP3P model

TIP3P model
n
2

PM3 electronic atomic charges and molecular geometries
After sketching of 2D models of water, benzene and fluoranthene 3D model building was
applied. The geometries obtained were optimized in PM3 (restricted Hartree Fock, convergence
limit = 0.00001, iteration limit = 50, accelerated convergence, Polak-Ribière optimization with a
gradient criteria of 0.04 kJ/mol). The charges obtained are included in Table 2. Atomic numbers
are depicted in Fig. 1.

f

b

w

Figure 1. Atomic numbering in fluoranthene (f), benzene (b) and water (w).
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Table 2. PM3 atomic charges of water, benzene and fluoranthene.
Atom no* Water
Benzene Fluoranthene Atom no*
1
-0.3586 -0.1021
-0.1020
14
2
0.1793 -0.1021
-0.0751
15
3
0.1793 -0.1021
-0.0317
16
4
-0.1021
-0.0317
17
5
-0.1021
-0.0751
18
6
-0.1021
-0.1020
19
7
0.1021
-0.0295
20
8
0.1021
-0.0743
21
9
0.1021
-0.0295
22
10
0.1021
-0.0512
23
11
0.1021
-0.1108
24
12
0.1021
-0.0671
25
13
-0.0311
26
*See Fig. 1.

Fluoranthene
-0.0671
-0.1108
-0.0512
0.1020
0.1072
0.1072
0.1020
0.1061
0.1011
0.1037
0.1038
0.1011
0.1061

Experimental values of box volume and box contents
A canonical ensemble approach requires the constancy of volume V with a known value, in our
method, leading to a known value of the edge a of the cubic box employed. This box will
include a number of molecules N which corresponds to the density d of the liquid at 298.15 K. It
was chosen such that a box edge of at least 18 Å was obtained in order to fulfil the requirement
of two times the outer/inner 9/5 Å switched summation cut offs. In Table 3, the required data
have been included.
Table 3. Experimental data of water, benzene and fluoranthene at 298.15 K.
Property
Water
Benzene
Fluoranthene
Molecular formula
H2O
C6H6
C16H10
Molecular weight MW (g/mol)
18.01528
78.1134
202.26
Molar volume v (cm3/mol)
18.0713 ± 0.0018a
89.487 ± 0.010b
172.43 ± 5.1c
N
216
64
27
a (Å)d
18.6451 ± 0.0006
21.1867 ± 0.0008
19.7732 ± 0.19
Ze
5
10
a
Calculated from d(25ºC, l) = 0.9969 ± 0.0001 g/cm3 [11] via v = MW/d;
b
Calculated from d(25ºC, l) = 0.8729 ± 0.0001 g/cm3 [11] via v = MW/d;
c
Calculated from d(2ºC, s) = 1.252 ± 0.0005 g/cm3 [11] via v(T,s/l) = MW/d(T, s/l); v(TºC, s) = v(25ºC, s) [1 +
0.00025(T-25)] with 0.00025= thermal expansion coefficient solid (degree-1); v(25ºC, l) = (13.051±2.654) +
(0.98093±0.02697) v(25ºC, s) [12];
d
Calculated via a = (N.v/0.60221)1/3;
e
Via Z = integer closest to v/v (water).

Building of phase structures and Molecular Mechanics procedures
I. Initial phase structures and GO
Where required, GO (Polak-Ribière optimization, convergence limit = 0.004 kJ/mol) using
Amber99a force field parameters was carried out. After introduction of (scaled) PM3 charges,
pure compound gas phases were built by GO applied to the (PM3) molecular geometries
obtained before and by introduction of N = 1 molecule into a cubic box with the pure liquid
edges a of Table 3. Pure liquid water was constructed by introduction of proper charges and N =
216 disordered molecules into the default box of the software [9] with an edge a of Table 3. For
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benzene and fluoranthene liquids, gas phase molecules were placed into the box at equal
distances and with orientations of their principal moments of inertia axes parallel to the box
diagonals. N and a values were those of Table 3. This was followed by GO. The solution of
benzene and fluoranthene in water was constructed via introduction of N-Z default water
molecules around a gas phase solute molecule into a box with liquid water dimension, all
molecules with charges obtained after scaling as described below. GO was applied to the
structure obtained (first the water molecules only and then all molecules). Thus it was assumed
that no substantial molar volume change of water and fluoranthene took place after mixing (the
molar volume of the solute is around Z times that of water, see Table 3). Gas, pure liquid and
solution phase GO structures obtained in this way were the initial structures used for further
preoptimizing or final MD or MC runs.
II. MD
Short MD runs in threefold cyclic annealing were carried out with heating h, run r and cooling c
times of 8/20/8 ps, respectively, a time step dt of 0.0008 ps, T = 298.15 K, ∆T = 30 K and a
Berendsen [13] temperature bath coupling constant τ of 3.2. The latter in order to restrict
average temperature to T = 298.15 ± 1 K. This was done starting with the GO structures
described above. Each of the three short runs was treated with a final GO and the GO structure
having the lowest potential energy was used as the input for a subsequent long MD or MC. In
some liquid phase cases, cyclic annealing resulted into highly ordered structures with energies
several hundreds of kJ/mol lower than expected. Then, the next higher result was adopted. A
long single MD run employed the same conditions but with h/r/c = 8/600/0 ps or longer run
times.
III. MC
Gas phase Monte Carlo (MC) simulation employed r = 5×106 steps, a step size of 0.05 Å leading
to an acceptance ratio of around 0.5 and T = 298.15 K. Data were collected after periods of 100
steps leading to 50.000 data separated in 10 groups of 5.000 data. When mean group values of
potential energies became constant within around 0.2 kJ/mol, which took place already in the
first group, equilibrium was considered to be established. From this group on all potential
energy data were separated into two large groups of which the mean values were calculated. The
average of these two mean values and its standard deviation was considered as the final result of
the MC run. Also after the long MC run a GO run took place.
A short (r = 5.000) MC run with the same settings was applied to some liquid phases as a
preoptimization. Long MC runs for the liquid phase employed the same settings and r ≥ 120.000
steps. At least 60.000 potential energy data were collected and grouped into at least 12 groups of
5.000 data. When mean group values of potential energies became constant within around 0.2 Z
kJ/mol, which took place at the fifth group or earlier, equilibrium was considered to be
established. Thereafter the final result was obtained in a way similar to that of the gas phase
runs.

87

Simulation of thermodynamic properties

Scaling of charges
In order to find the scaling factor, s = q/qPM3, of PM3 charges for water and benzene it was
assumed that in the region of interest the energy of vaporization ∆Evap is linearly dependent on
s2, see Eqs (2), (3) and (4). Thus it was assumed that all variation is caused by the electrostatic
interactions of Eq. (1), both in the gas (gas) and the liquid (liq) phase.
Egas (s) = B0,gas + Bl,gas.s2
Eliq (s) = B0,liq + Bl,liq.s2
∆Evap (s) = ∆B0 + ∆Bl.s2

(2)
(3)
(4)

We also applied a GO approach. Considering the B–parameters as independent of s, for several
s-values the molar energies Egas (s), Eliq (s) and ∆Evap (s) were calculated and the B-parameters
fitted. Once they were known the substitution of the experimental value of ∆Evap in Eq. (4) led to
the s-value wanted.
Validation of scaled charges and the energy of cavity formation
Using the s value for the q’s in Eq. (1) derived from benzene, the molar energies of the gas and
liquid phases and their differences ∆Evap = Egas – Eliq of fluoranthene were calculated in the MC
and GO approach. They were compared with experimental values as a validation of the
usefulness of s for other aromatic hydrocarbons than benzene. Together with the s value derived
from water, the energies of the solute (i = benzene or fluoranthene) gas phase Ei,gas, and of the
solution in water (w) Ei,w , were calculated in the MC approach. From these and the energies of
vaporization, the energies of hydration ∆Ehyd and of solution ∆Esol were calculated according to
Eqs (5), (6) and (7) and compared with experimental values of Table 7.
∆Evap = Ei,gas – Ei,liq
∆Ehyd = Ei,w – Ei,gas - (216-Z).Ew,liq
∆Esol = Ei,w – Ei,liq - (216-Z).Ew,liq = ∆Evap + ∆Ehyd

(5)
(6)
(7)

Note that Eqs (6) and (7) include a contribution of (216-Z).Ew,liq and not of 216.Ew,liq required
because of the loss of Z = 5 or 10 water molecules in the box on substitution of the solute
molecule. The thermodynamic background of these equations makes use of the phase
equilibrium condition of equality of the thermodynamical potential, μi = (δF/δni)V,T,N =
(δE/δni)V,T,N – T(δS/δni)V,T,N , of a compound i, in both phases. It is a function of the derivative of
free energy F, total energy E, and entropy S to the number of moles of compound i ni, at
constant volume V, temperature T, and total number of particles or moles N [14]. The
partitioning properties of Eqs (5), (6), and (7) refer to differences between the energy part of
reference thermodynamic potentials; for a solute in solution given in the Henry law convention
[15]. Thus (δE/δni)V,T,N of a solution is approximated by the difference of the energy of a box
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filled with one solute molecule plus 216-Z water molecules and (216-Z)/216 times the energy of
the box filled with 216 water molecules only plus the energy of an isolated solute molecule.
When we know the molar energy of pure liquid water Ew,liq we can also find the energy loss
upon creation of a cavity for this substitution. Therefore we have to calculate the contributions
to the total potential energy Ei,w given in Eqs (8), (9), (10), (11) and (12).
+ Ei,w,inter
Ei,w = Ei,intra + (216-Z).Ew,intra + Ew,w,inter
+ Ei,w,inter
Ei,w = Ei,intra
Ei,w =
(216-Z).Ew,intra + Ew,w,inter
+ Ei,w,inter
(216-Z).Ew,intra + Ew,w,inter
Ew,w =
∆Ecav = Ew,w - Ew,w,o = Ei,w – Ei,w – (216-Z).Ew,liq

= Ei,w – Ei,w

(8)
(9)
(10)
(11)
(12)

The contributions are: Ei,w = intramolecular solute energy Ei,intra plus the interaction of the solute
with the surrounding solvent molecules Ei,w,inter; Ei,w = intramolecular energy of all solvent
molecules (216-Z).Ew,intra plus the interaction between the solvent molecules themselves Ew,w,inter
and again the interaction between all solvent molecules and the solute. Ew,w = net intra plus
intermolecular energy of the 216-Z solvent molecules in the solution. In the pure solvent 216-Z
solvent molecules will have an energy of Ew,w,o = (216-Z).Ew,liq. The cavity formation energy
∆Ecav equals the difference between Ew,w and Ew,w,o in Eq. (12). It will be positive (a loss)
because solvent molecules will be separated and will reorganize upon substitution of a solute
molecule.
Hardware and software
All calculations were carried out on a PC with Pentium IV 3.2 GHz processor using Hyperchem
7 software [9]. This software also includes the complete Amber99a force field parameter lists,
PM3 quantum mechanical options and references to the methods applied. In order to calculate
energies connected to cavity formation a script was written to be used during snapshot play back
runs of 6000 snapshots. Regression and other statistical parameters were calculated by S-Plus
software [16].
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Calculation and results

Scaling of PM3 atomic charges
I. Aromatic hydrocarbon atoms in benzene
Starting with the initial structure, found as described above, directly gas phase long MC runs
were carried out at four values of the scaling factor s. The same was done for the liquid phase.
Here, however, the s = 1.0000 long MC run was preceded by cyclic annealed short MD runs and
a long MD run. The lowest energy GO structure obtained from this MD run was also used for
the other s value MC runs. Results are included in Table 4 together with lowest GO energies and
EMC-GO/½RT, a measure of the deviation from harmonic vibration.
Table 4. MC and GO molar potential energies of gas (gas) phase and liquid (liq) phase benzene at 298.15 K and at
several values of the scaling factor, s. At s =1.0000, qH,PM3 = 0.102113 e = - qC,PM3. Energies in kJ/mol.
s2
qH
EGO,gas
EMC,gas
EMC-GO,gas/
EGO,liq
EMC,liq
EMC-GO,liq/
½RT
½RT
1.0000
0.1021
19.795
57.053 ± 0.017
30.06
-20.159
24.292 ± 0.063
35.87
0.8955
0.0966
19.133
56.384 ± 0.017
30.06
-19.326
25.246 ± 0.008
35.97
0.3999
0.0646
15.991
53.300 ± 0.008
30.10
-15.397
28.652 ± 0.013
35.54
0.3448
0.0600
15.644
52.936 ± 0.021
30.09
-15.071
29.167 ± 0.033
35.70

Using Eqs (2), (3) and (4) in the MC approach and the experimental value of ∆Evap,exp = 31.355 ±
0.071 kJ/mol (see Table 7) the following results were derived from these energies (R =
correlation coefficient and SER = standard error of regression).
Egas,MC (s) = (50.785 ± 0.017) + (6.2601 ± 0.0222).s2
R = 1.0000; SER = 0.013
Eliq,MC (s) = (31.6156 ± 0.1431) - (7.2366 ± 0.1983).s2
R = -0.9992; SER = 0.117
∆Evap,MC (s) = (19.1698 ± 0.1439) + (13.4967 ± 0.1996).s2
SER = 0.13
sMC = 0.9502 ± 0.0099; qH,MC = 0.0967 ± 0.0007

(13)
(14)
(15)

With s2 = 0.8955 a ∆Evap,MC of 56.384 – 25.246 = 31.137 kJ/mol was calculated according to the
italics line of Table 4. This is only 0.218 kJ/mol lower than the experimental value of 31.355
kJ/mol, and close to the latter in view of the calculation error of method (0.13 kJ/mol). Thus the
results of the italics line include an internal validation of the method.
The benzene molecule contains 12 atoms, leading to 36 degrees of freedom. In a harmonic
approach of the vibrations each degree of freedom would contribute ½RT (1.2393 kJ/mol at
298.15 K) in the MC approach in addition to the vibrationless GO energy. From Table 4 it can
be seen that in the liquid phase almost all 36 (35.54 – 35.97) degrees are used for the vibrations,
whereas in the gas phase 30 (30.06 – 30.10) are used. In the latter phase six degrees are used for
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the translation and rotation of the molecule as a whole, leading to a contribution to the kinetic
energy.
Employing the GO values of Table 4 would have given a quite different scaling factor of s2
≈ 0.3999 leading to ∆Evap,GO of 15.991 – (-15.397) = 31.388 kJ/mol. However, the GO approach
does not include the atomic vibration in the gas nor in the liquid phase and, as a consequence,
cannot describe the difference in degrees of freedom between gas and liquid phase. Using the
MC derived scaling factor for the GO values of the italics line results into a quite erroneous
value of ∆Evap,GO of 19.133 – (-19.326) = 38.459 kJ/mol.
II. Hydrogen bonded hydroxy atoms in water
The water molecule contains three atoms. In the TIP3P model only bond stretch and bending is
included and no torsions and nonbonded van der Waals and electrostatic energies. Six out of the
nine degrees of freedom will be used for the rotation and translation of the molecule as a whole
in the gas phase. Thus an exact value of 3×½RT = 3.7179 kJ/mol should be the value of MC
approach. This was confirmed by a subsequent long run MC calculation, leading to 3.7062 ±
0.0218 kJ/mol. We used the theoretical value of 3.7179 kJ/mol, independent of charge, for
further calculations. The GO value, having no strain energy, was 0.000 kJ/mol. Starting with the
initial structure, found as described before, for the liquid phase short MC runs at values of qO = 2qH = -0.834 e and lower lead to a trial value of qO = -2qH = -0.706 e. This GO structure became
the starting point of four subsequent long MC runs with varying s2 = (qO/qO,PM3)2 and two
additional runs at s2 = 3.5145. Results are included in Table 5. Also lowest GO energies are
included again with EMC-GO/½RT, a measure of the deviation from harmonic vibration.
Table 5. MC and GO molar potential energies of gas (gas) phase and liquid (liq) phase water at 298.15 K and at
several values of qO and s2. At s =1.0000, qO,PM3 = 0.358573 e = - 2qH.PM3. Energies in kJ/mol.
s2
qO
EGO,gas EMC,gas EMC-GO,gas/
EGO,liq
EMC,liq
EMC-GO,liq/
½RT
±
½RT
3.2860 -0.6500 0.000
3.7179
3.00
-47.409 -34.095 ± 0.042
10.74
3.5145 -0.6722 0.000
3.7179
3.00
-51.388 -37.756 ± 0.000
11.00
3.5145 -0.6722 0.000
3.7179
3.00
-51.388 -37.961 ± 0.192
10.83
3.5145 -0.6722 0.000
3.7179
3.00
-51.388 -37.706 ± 0.142
11.04
3.5379 -0.6744 0.000
3.7179
3.00
-51.476 -38.233 ± 0.004
10.69
3.8760 -0.7060 0.000
3.7179
3.00
-56.877 -43.965 ± 0.025
10.42
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Using Eqs (2), (3) and (4) in the MC approach and the experimental value of ∆Evap,exp = 41.514 ±
0.071 kJ/mol of Table 7 the following results were derived from Table 5. Of the s2 = 3.5145 runs
only the italics value run was employed.
Egas,MC (s2) = 3.7179
Eliq,MC (s2) = (21.0857 ± 0.7895) - (16.7711 ± 0.2218).s2
R = 0.9998; SER = 0.092
∆Evap,MC (s2) = (-17.3678 ± 0.7895) + (16.7711 ± 0.2218).s2
SER = 0.092
sMC = 1.8737 ± 0.0093; qO,MC = -0.6719 ± 0.0033

(16)
(17)
(18)

From Table 5 at s2 = 3.5145 and qO = -0.6722 (italics values) a ∆Evap,MC = 3.7179 – (-37.756) =
41.476 kJ/mol was calculated, which is - within calculation and experimental errors - equal to
∆Evap,exp = 41.514 kJ/mol. Using the average of the three s2 = 3.5145 runs leads to a ∆Evap,MC =
3.7179 – (-37.807) = 41.526 kJ/mol even closer to the experimental value. The three s2 = 3.5145
runs together demonstrate that intra and inter liquid phase run variation results in errors of up to
0.192 kJ/mol and of 0.109 kJ/mol on the average. This corresponds with the SER = 0.092 kJ/mol
of s2 derivation (i.e. for runs at varying s).
Using the pertinent MC scaling factor a ∆Evap,GO = 0.000 – (-51.388) = 51.388 kJ/mol, an
erroneous value, results for the GO procedure. Vice versa, using the GO data of Table 5 a quite
lower scaling factor would have been the result. From Table 5 it can be seen that in the liquid
phase more than nine degrees of freedom (10.42 – 11.04) are used for the vibrations. Nine
degrees would have meant complete harmonic behaviour without rotations and translation of the
molecule as a whole in the liquid phase. Again the GO approach will not reflect the difference in
degrees of freedom between the gas and the liquid.
External validation of scaled charges
I. Energy of vaporization of fluoranthene
Starting with the initial structures of fluoranthene, found as described above, directly a gas phase
long MC run was carried out applying the scaling factor of benzene, s = 0.9463 (within the error
equal to 0.9502 derived according to Eqs (13), (14) and (15)), to the PM3 charges of Table 2.
The same was done for the liquid phase. Here, however, the long MC run was preceded by
cyclic annealed short MD runs and a long MD run. Also lowest GO energies were calculated.
Results are included in Table 6 together with EMC-GO/½RT, a measure of the deviation from
harmonic vibration in the MC approach.
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Table 6. MC and GO molar potential energies of gas and liquid phase fluoranthene at 298.15 K and at a scaling
factor of s = 0.9463. Energies in kJ/mol.
Compound
Phase
EGO
EMC
EMC-GO/½RT
Fluoranthene
Gas
126.223
215.844 ± 0.033
72.32
Liquid
25.941
122.662 ± 0.176
78.05
∆Evap
100.29
93.18 ± 0.18
-5.73

From Table 6 it can be seen that the energy of vaporization of fluoranthene in the MC approach
(93.18 ± 0.18 kJ/mol) is identical only to the higher one of the experimental values given in
Table 7. The GO result is even more than 7 kJ/mol higher than the MC result.
With respect to the liquid phase, the MC results for fluoranthene are close to a harmonic
vibration behaviour without rotations and translations of the molecules as a whole. Exact
harmonic behaviour would imply contributions of 78 degrees of freedom not far from the
calculated result of 78.05. With respect to the gas phase the MC result show the same lack of
around six (5.73) degrees of freedom as in the benzene case, which cannot be treated in the GO
approach.
II. Energies of hydration and solution of benzene and fluoranthene in water
Starting with the initial structures of benzene and fluoranthene in water, found as described
before and using the MC scaling factors of benzene (s = 0.9463) and water (s = 1.8747) for the
solute and the solvent, respectively, threefold cyclic annealing with short MD runs took place.
The lowest GO structure was used for a long MC run. In this way Ei,w of Eqs (5), (6) and (7) was
found. Ew,liq was already obtained during the scaling of pure water. We used the average value at
s2 = 3.5145 from Table 5 of -37.807 ± 0.109 kJ/mol. Note that we need the energies of the
complete box Ei,w and (216-Z).Ew,liq - including their relatively large errors - and not the molar
energies per molecule, in order to calculate the energies of hydration ∆Ehyd and solution ∆Esol.
The results of Egas and Eliq (already found, see Table 4, 5 and 6) lead to ∆Evap also summarized in
Table 7.
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Table 7. Energies of vaporization, hydration and solution of benzene and fluoranthene and of benzene and
fluoranthene in water at 298.15 K using MC scaling factors derived from benzene and water. Energies in kJ/mol.
Energy
Water (Z=0)
Benzene (Z=5)
Fluoranthene (Z=10)
Ei,w
-7958.43 ± 3.51
-7630.32 ± 8.08
(216-Z) Ew,liq
-8166.25 ± 23.51
-7977.21 ± 22.97
-7788.18 ± 22.43
∆Evap (calc)
41.526 ± 0.109
31.137 ± 0.021
93.18 ± 0.18
(exp)
41.514 ± 0.071a
31.355 ± 0.071a
85.73 ± 1.84b
or 93.39 ± 5.56b
∆Ehyd (calc)
-37.61 ± 23.22
-57.99 ± 23.85
(exp)
-29.25 ± 0.21c
-54.73 ± 6.44
or -62.76 ± 8.33d
(QM)e
-15.98
-31.00
∆Esol (calc)
-6.49 ± 23.22
35.19 ± 24.89
(exp)
2.09 ± 0.25f
31.00 ± 6.19g
a
From ∆Hvap(25ºC) = 43.99 ± 0.07 kJ/mol (water) and ∆Hvap(25ºC) = 33.83 ± 0.07 kJ/mol (benzene) [17] and
∆Evap(25ºC) = ∆Hvap(25ºC) – RT;
b
Calculated from ∆Hvap = 67.513 kJ/mol (T = 563.5 K; [18]), 77.358 kJ/mol (T = 398.15 K; [19]) and 79.291
kJ/mol (T = 398.15 K; [20]) using ∆CP,vap = -87.03 J/mol.K (Estimated according to CP,G and CP,L methods given
by [21] and [17]), averaging and subtraction of RT. Using ∆CP,vap = -136.31 J/mol.K (T = 298.15 K; [22]) leads to
93.39 ± 5.56 kJ/mol;
c
Calculated from ∆Hhyd(25ºC,l) = -31.7 ± 0.2 kJ/mol [23] = ∆Ehyd(25ºC,l) – RT;
d
Calculated from ∆Ehyd(25ºC,l) = - ∆Evap(25ºC)b + ∆Esol(25ºC,l)g;
e
Ref. [24];
f
Calculated from ∆Esol(25ºC,l) = ∆Ehyd(25ºC,l)c + ∆Evap(25ºC)a;
g
Calculated from ∆Hsol(25ºC,s) = 45.0 ± 6.0 kJ/mol [25] and ∆Hfus(25ºC) = 14.0 ± 1.6 kJ/mol [17] via
∆Esol(25ºC,l) = ∆Hsol(25ºC,l) = ∆Hsol(25ºC,s) - ∆Hfus(25ºC).

From Table 7 it follows that calculated energies of solution are identical to their experimental
values within the (large) error ranges. The same holds for the energies of hydration. The
hydration (solvation) energies of benzene and fluoranthene in water (-15.98 and -31.00 kJ/mol,
respectively) have also been determined by Kubicki [24] employing a quantum mechanical
MP2/6-31G(d) method and the Dielectric Continuum Solvation Model IEFPCM. These results
are in reasonable accordance with our values, taking into consideration the large differences in
methods used and calculational errors. Note that solvation energies calculated by us are closer to
experimental values than those calculated by this author.
Energy of cavity formation and intramolecular energies
During the long MC runs of Ei,w and Ew,liq snapshot files containing 6000 structures were created.
After play-back of the files, data were obtained concerning the energies defined in Eqs (8), (9),
(10), (11) and (12). From these were calculated the energy of cavity formation ∆Ecav [Eq. (12)],
the energy of a solute molecule in its aqueous environment [Ei,w, Eq. (9)] and the intramolecular
energies of the solutes and water Eintra in various phases. Results are given in Table 8.
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Table 8. Energies of cavity formation and intramolecular energies. Energies in kJ/mol.
Energy
Water
Benzene
Fluoranthene
∆Ecav (calc)
27.49 ± 24.27
82.68 ± 23.85
(QM)a
59.0
112.1
Ei,w
-8.95 ± 5.19
75.19 ± 0.75
b
56.384 ± 0.017
215.844 ± 0.033
3.7179
Eintra (gas)
214.97 ± 0.54
4.393 ± 0.004
(liq)
56.27 ± 0.13
4.406 ± 0.000
(sol,b)
215.35 ± 0.29
4.414 ± 0.000
(sol,f)
a
Ref. [24];
b
gas = gas phase; liq = pure liquid; sol,b = benzene in water; sol,f = fluoranthene in water

From Table 8 it follows that positive energies of cavity formation were calculated amounting to
27.49 ± 24.27 and 82.68 ± 23.85 kJ per mol substituted benzene and fluoranthene, respectively.
The cavity formation energies of benzene and fluoranthene in water (59.0 and 112.1 kJ/mol,
respectively) have also been determined [24] employing a quantum mechanical model
mentioned above. These results are again in reasonable accordance with our values, taking into
consideration the large differences in methods used and calculational errors.
The energy of a benzene or fluoranthene molecule in an aqueous environment amounts to 8.95 or 75.19 kJ/mol and can be calculated with an inaccuracy of 5.19 or 0.75 kJ being much
lower than the inaccuracies of the energy of a complete liquid box (around ± 25 kJ, see Table 7).
This is important when the solute partitions over two aqueous phases, e.g. pure water and water
plus dissolved organic carbon and when it can be assumed that the energies of cavity formation
are equal. It follows from Eqs (8), (9), (10), (11) and (12) that the difference between the Ei,w
values will be equal to the difference in Ei,w values of the two phases in those cases.
In addition it is shown that there is a statistically not significant difference of around 0.38
kJ/mol in intramolecular energy of a fluoranthene molecule in solution and pure liquid. Both are
around 0.67 kJ/mol lower than the energy of gaseous fluoranthene. The same holds for a water
molecule in the solutions and pure water. Here, these energies are, however, around 0.67 kJ/mol
higher than in gaseous water. Also the intramolecular energies of benzene in solution and gas
phase differ by less than 0.13 kJ/mol. It can be concluded that the energy of cavity formation is
dominated completely by intermolecular van der Waals and electrostatic interactions.
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Discussion and conclusions

Atomic charges
Atomic charges have been derived with inaccuracies of around 0.6% as given by Eqs (15) and
(18), leading to the reproduction of the energies of vaporization of both benzene and water
within the experimental errors. In an external validation the energy of vaporization of
fluoranthene was calculated by MC using the PM3 charge scaled values of benzene. Again
calculated and experimental values were reasonably close in view of the range of experimental
values of around 8 kJ/mol. It is concluded that the benzene scaling factor can be used safely for
other aromatic hydrocarbons as well. In an external validation using both the scaling factor of
benzene and that of water the values of the energies of hydration and solution of benzene and
fluoranthene in water were calculated by MC. The results were identical to experimental values
within the relatively large calculational (up to 23.85 kJ/mol) and experimental (up to 8 kJ/mol,
see Table 7) error ranges. It is concluded that the scaled PM3 charges of water can be used for
the calculation of the hydration and solution properties of other aromatic solutes in water as
well.
The Amber99a force field parameters of Table 1 were also used for the calculation of the
properties of water and benzene by others. However, they employed different methods and
found charges different from ours. The TIP3P water force field parameters [10] employed a qO =
-0.834 e = -2qH value originally based on a fit to the structural and energetic properties of gas
phase complexes of water and alcohols and for liquid water after which further refinement took
place. Applied to liquid water this model reproduced the experimental value of the heat of
vaporization within 0.25 kJ/mol. This was done in an NPT ensemble classical MC calculation at
298.15 K and 1 atm using 125 rigid water monomers, neglecting the gas phase energy, and
spherical cut offs of 7.5 Å. Both the neglect of the gas phase energy (not done by us) and the cut
off being lower than 9 Å (our value) can explain the lower value of qO = -0.6719 ± 0.0033 e we
found. The van der Waals parameters of the Amber99a force field were derived employing an
MC fit (not specified further) to the experimental liquid density and enthalpy of vaporization of
benzene [2] and 6-31G* standard (R)ESP charges (qC = -qH = -0.145 e). Similar high charge
values were found for carbon and hydrogen in the nonburied aromatic parts of peptide
fragments. The details of the calculation of the heat of vaporization of benzene were not given.
One could infer that an unspecified gas phase energy was included, but summation cut offs
could have been lower than 9 Å. The latter would contribute to the higher charge value than
found by us (qC = -qH = 0.0967 ± 0.0007 e).
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Harmonic behaviour and whole molecule kinetics
Kinetic energy is the sum of the mean kinetic energies of the atoms, ½Σi=1-Nat mi (vix2 + viy2 +
viz2), where mi are the masses of the Nat atoms i and vix,iy,iz are the vectorial components of their
velocities. This sum is often equalled to 3NatRT/2 in order to calculate temperature [9,26]. When
the atoms have velocity components that are equal or otherwise related this will lead to
translations or rotations of the molecules as a whole. In that case 6RT/2 (= 7.4358 kJ/mol at
298.15 K) of kinetic energy is spent to these movements and cannot contribute to the vibrational
potential energy of the atoms. It is reasonable to assume that these movements occur in the gas
phase for our type of molecules at 298.15 K. The (vibrational) potential energy of the atoms
includes a constant part (the minimum GO energy) and a temperature dependent part. The latter
should reflect the loss of energy because of whole molecule movement in the gas phase. In a
liquid phase there should be no or much smaller loss because of restricted whole molecule
movement.
In the case of an (almost) harmonic force field Eq. (1) with only square terms, each atomic
degree of freedom will contribute RT/2 to the temperature dependent part of the vibrational
potential energy [27]. Deviations from harmonic behaviour should be expected when the
contributions of energy terms in Eq. (1) are not harmonic and are large. This is especially
pertaining to the nonbonded van der Waals energy in an atomic distance Rm,m’ region far from
the potential minimum and for the electrostatic potentials, having no minimum at all. In the gas
phase these contributions are small (aromatics) or zero (water) and small or zero deviation will
result. In liquid phases still the net result of all summed contributions could be more less
harmonic as a consequence of compensation of positive and negative deviations.
The gas phase MC results (EMC-GO/½RT) for benzene (Table 4), water (Table 5) and
fluoranthene (Table 6) clearly show that the vibrational potential energy is close to 6RT/2 kJ/mol
lower than a value connected to a vibrational energy based on all 3Nat degrees of freedom of the
atoms. This is in accordance with the expected loss to whole molecule movement and with a
literature value of gaseous water of 3.85 ± 0.17 kJ/mol [28] obtained by an MD method. The
MC results of liquid fluoranthene (Table 6) and liquid benzene (Table 4) correctly point at the
absence of whole molecule movement and a complete use of atomic degrees of freedom for
harmonic atomic vibrational potential energy. Apparently, deviation causing contributions of
nonbonded van der Waals and electrostatic interactions are low and/or compensating compared
to the harmonic bond stretch-, bending- and torsional interactions. The strong electrostatic
interaction compared to stretch and bending contributions in liquid water, however, clearly leads
to a moderately high deviation from harmonicity of around [(10.42-11.04) -9] RT/2 ≈ 2.13
kJ/mol (see Table 5).
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NVT ensemble
Total, potential plus kinetic, energy is the state property to be considered in the calculation of
the energy difference between the gas and the liquid phase or between liquid phases. In our
approach and that of others [29], only potential energy is taken into consideration. This is
allowed when the kinetic energies of the two pertinent phases are equal. This condition is in
accordance with Eqs (5), (6) and (7). The hydration Eq. (6) can be viewed as a difference
between the system of the solution and of the unmixed components. In our case, in both systems
one solute and 216-Z water molecules are present and kinetic energy, expressed as ½Σi=1-Nat mi
(vix2 + viy2 + viz2), will cancel. Simultaneously, the NVT ensemble condition of constant N is
fulfilled.
With respect to the condition of constant V our method is not suited to calculate V but
requires the a priori knowledge of it. For pure liquids at 298.15 K several simple estimation
methods are available [30, 12] when experimental data are missing. For solutions we assume
that the partial molar volumes are equal to the specific volumes of the pure components. For
benzene in water an experimental value of 82.6 cm3/mol is available [23] leading to Z = 5, the
same value we found and included in Table 3. Another possibility would have been to cram the
solute and 216 water molecules into a box with volume identical to that of pure liquid water. In
this way the condition of constant N and V would have been fulfilled without the Z/216
correction of Eqs (5), (6) and (7). However, in preliminary calculations (not shown here) we met
difficulties to obtain a sufficiently fast establishment of equilibrium, which will be an even
larger problem for solutes larger than fluoranthene. In addition, also in this method unrealistic
partial molar volumes would have been used. Finally, we did not use the Particle Insertion
(Widow) method, because we expected our system to be too dense and too less simple to fulfil
the requirements of this method [6].
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Simulation of sorption to environmental sorbents

Abstract

Strong sorption of hydrophobic organic contaminants to soot or black carbon (BC) is an important
environmental process limiting the bioremediation potential and toxicity of contaminated soils
and sediments. Reliable methods to predict BC sorption coefficients for organic contaminants are
therefore required. Computer simulation based on molecular mechanics using force field methods
has been applied in this study to calculate BC sorption coefficients of polycyclic aromatic
hydrocarbons (PAHs). The free energy difference between PAHs dissolved in water and in water
containing a model structure of BC was calculated by thermodynamic integration of Monte Carlo
simulated energies of transfer. The free energies were calculated with a hypothetical reference
state that has equal free energies in both phases and is therefore cancelled in the calculated free
energy difference. The calculated sorption coefficient of phenanthrene (log KBC = 5.17 ± 0.54
L/kg C), fluoranthene (6.33 ± 0.64 L/kg C) and benzo[a]pyrene (7.38 ± 0.36 L/kg C)
corresponded very well to experimental values available in literature. Furthermore, an average
spacing distance of 3.73 Å between PAHs and BC was determined that is only slightly lower than
an experimentally determined value of 4.1 Å. The method applied in this study enables the
calculation of the extent of PAH sorption to a soot surface for which no experimental values are
available nor data for related compounds as required in quantitative structure-activity
relationships.
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Introduction

The application of force field methods in molecular simulation can provide detailed insights into
interactions between hydrophobic organic contaminants and environmental sorbents. The use of
force fields to calculate molecular interactions allows the direct calculation of molecular
properties without using quantitative structure-activity relationships (QSAR) or artificial neural
networks. Previously, force fields based on molecular mechanics have been applied in our group
to calculate enthalpies of transfer of organic contaminants to dissolved organic carbon [1, 2] and
to membrane lipids [3]. Also, force field methods were applied to predict product profiles for the
hydroxylation of monoterpenes by the enzyme cytochrome P450cam [4]. The force field method
is applied in this study to the calculation of the extent of sorption of polycyclic aromatic
hydrocarbons (PAHs) to a model structure of black carbon (BC). These compounds are chosen
because they are considered representative members of planar hydrophobic organic
contaminants.
In the concept of dual-mode sorption of hydrophobic organic contaminants in the natural
environment, organic matter is composed of one domain representing linear and noncompetitive absorption in amorphous organic matter at high sorbate concentrations and a second
domain showing nonlinear and competitive adsorption to BC at low sorbate concentrations. Soot
and charcoal are commonly termed BC and originate from incomplete combustion of fossil fuels
or biomass. These sorbents are part of a group called carbonaceous geosorbents (also including
unburned coal, kerogen and coke) and are ubiquitously present in soils and sediments [5-7]. It
has been recognized in the past decades that the bioavailability of (planar) hydrophobic organic
contaminants is decreased due to strong sorption to these sorbents. This process results into
nonlinear sorption isotherms at relatively high contaminant concentrations, multiphasic
desorption kinetics, elevated total organic carbon-water distribution coefficients and limited
bioremediation potential [6].
Several molecular simulation studies used model structures of natural organic
macromolecules such as humic and fulvic acids [8-14] or representations of soot [8, 15, 16] to
calculate interactions with environmental contaminants. Most of these studies interpreted these
interactions with respect to formation of the most stable structure with the lowest energy.
Moreover, the type of bonding between sorbate and sorbent, orientations of the sorbate and
conformations of the sorbent involved in the interactions were evaluated in these studies [8, 9,
15, 11, 12, 14]. Only a few studies directly calculated equilibrium sorption coefficients for the
partitioning of polar and nonpolar organic contaminants between humic acids and water,
KHA,water [10] or between humic acids and air, KHA,air [13].
In molecular simulations performed by Kubicki [16], quantum mechanical calculations
were used to simulate the sorption of benzene and PAHs to a model structure of soot (coronene;
C24H12). In these simulations, differences in partitioning energies were successfully correlated
with experimental sorption data obtained from literature for the adsorption of PAHs to diesel
soot, KBC,water [5, 17]. The calculated energy changes were approximated to changes in enthalpy
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(ΔH) and changes in entropy (ΔS) were neglected [16]. Both these thermodynamic properties
have to be estimated, however, to calculate a change in Gibbs free energy (ΔG). The sorption
coefficient can subsequently be calculated via ΔG = -RT ln KBC,water. Gibbs free energy can
however not be calculated directly from a molecular simulation because a statistically significant
sampling of conformation space has to be performed [16]. For a liquid phase containing a
sorbate and a sorbent, Gibbs free energy can be assumed equal to the Helmholtz free energy
(ΔF) which is related to the canonical partition function as defined in statistical mechanics [18].
Force field calculations using statistical mechanics can therefore be used to predict the
sorption behaviour of PAHs to BC which is determined by differences in Helmholtz free energy
between PAHs dissolved in water and in water containing BC. In this study, a method is
presented for the calculation of BC sorption coefficients for phenanthrene, fluoranthene and
benzo[a]pyrene using statistical mechanics and can in principle be applied to other PAHs or
(a)polar compounds as well. Thermodynamic integration of Monte Carlo ensemble averages
over a coupling parameter is applied to calculate free energy differences for the sorption of
PAHs to BC. In previous free energy calculations [19], closely related molecules were slowly
interconverted as a function of a coupling parameter with procedures such as free energy
perturbation, thermodynamic integration or slow growth. The procedures and applications of
free energy calculations have been reviewed by Kollman [19]. The experimental value of the
free energy of a structurally related compound functions as a reference state relative to which the
free energy difference of a partition coefficient of a compound under study can be calculated. In
this study, a hypothetical reference state was used that has equal free energies in both
partitioning phases and will therefore cancel out in the calculated free energy difference. The
reference state of the organic compound and partitioning phase that was chosen has no nonbonded van der Waals and electrostatic interactions and is assumed to be equal to the ideal gas
phase. In this way, no experimental value of a strongly related compound or phase is required.
In this study, the force field of Amber [20] was calibrated in order to properly simulate
hydrated systems of polyaromatic condensed phases. Scaling factors for atomic charges of water
and carbon-containing compounds were therefore derived by fitting results from Monte Carlo
simulations obtained at different atomic charges to the experimental enthalpy of vaporization of
water and benzene, respectively. The BC or soot model structure (C54H18) used is a truncated
symmetrical polyaromatic sheet of carbon mimicking the structure of soot and only takes surface
adsorption of PAHs into account. This model structure is relatively small compared to for
example the soot structure proposed by Akhter et al. [21] but was used to enable rapid force
field calculations of relatively small molecular systems.
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Theory

Thermodynamic integration
In this study, the statistical thermodynamical concept of the canonical ensemble is used for the
calculation of sorption coefficients with molecular simulations [22]. This represents a
hypothetical collection of systems simulating the many states a real system can possess in time,
which all have a constant number of particles (N, number of molecules or moles), volume (V)
and temperature (T). In a canonical ensemble, the difference in Helmholtz free energy, ΔF = F1
– F0, between a studied system 1 and a reference state 0, follows from a thermodynamic
integration procedure of the derivative of the mean potential energy to a coupling or variational
parameter, λ [23],
ΔF = ∫λ=0 to 1 (δE/δλ)λ dλ

(1)

where δE is the potential energy difference between system 1 and its reference state 0. In this
approach, the coupling parameter changes the intermolecular and intramolecular non-bonded
interactions from their original values to zero, which is hypothesized to represent the reference
state. A linear dependence of E over the whole range of λ is not expected because molecular
positions and orientations may gradually change during variation of the coupling parameter. It is
therefore assumed that the dependence includes higher order contributions:
E(λ) = B0 + B1.λ + B2.λ2 + B3.λ3 + B4.λ4

(2)

The values of B0 to B4 can be determined by nonlinear regression of E as a function of λ.
Integration of the Helmholtz free energy difference in Eq. (2) gives:
ΔF = B0 +

1
1
1
1
.B1 + .B2 + .B3 + .B4
2
3
4
5

(3)

The resulting free energy difference and the free energy of the reference state 0 can be used to
calculate the unknown value of the system in its macroscopic state 1: F1 = ΔF + F0. If a second
system 2 is found with an identical reference state 0, the free energy difference between system
1 and 2 can be calculated without knowledge of the free energy of the reference state: F2 - F1 =
ΔF2 – ΔF1.
Sorption coefficients
In order to calculate the mole fraction sorption coefficient (KxBA = xeq,B/xeq,A) for the partitioning
of a sorbate C between water (A) and water containing a sorbent (B), the thermodynamic
potential at infinite dilution (μ∞C) of a sorbate C dissolved in phase A (system 1: NA+1C) or B
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(system 2: NB+1C) is required. The sorption coefficient is explicitly termed a partitioning process
here because the sorbate distributes over two distinct phases considering only surface adsorption
takes place. In the case of the pure liquid phase A, the molar Gibbs free energy (G) can be
assumed to be equal to the Helmholtz free energy:
G(NA) = F(NA) = ΔF(NA) + F(NA)λ=0

(4)

The liquid phase is simulated by inserting NA molecules in the same V at the same T and ΔF(NA)
is subsequently calculated according to Eqs (1-3). The molar free energy of A with only bonded
intramolecular interactions is represented by: F(NA)λ=0. The molar free energy of a sorbate C
immersed in a large amount of water molecules (NA+1C) will be:
F(NA+1C) = ΔF(NA+1C) + F(NA+1C)λ=0

(5)

and the thermodynamic potential at infinite dilution of C dissolved in A will become:

μ∞C,A = F(NA+1C) – F(NA) = ΔF(NA+1C) + F(NA+1C)λ=0 – [ΔF(NA) + F(NA)λ=0]

(6)

In the reference state at λ = 0, the solvent (NA) and the sorbate dissolved in solvent (NA+1C) have
no intermolecular and intramolecular non-bonded interactions. The free energies of NA and
NA+1C will therefore only differ in the bonded (free) energy of the sorbate:
F(NA+1C)λ=0 – F(NA)λ=0 = F(C)A,λ=0

(7)

The thermodynamic potential of C dissolved in water containing a sorbent (NB+1C) is similar to
Eq. (6) assuming that the bonded intramolecular energies of C in A and B are equal, F(C)A,λ=0 =
F(C)B,λ=0. At λ = 0, the reference free energy is equal to the free energy of an ideal gas due to the
absence of intermolecular interactions between the molecules. No corrections have to be
applied, however, when the differences in reference free energies are calculated and the
reference free energies are expressed in the molecular partition functions making use of
Stirling’s approximation [24].
Therefore, the difference in the thermodynamic potentials of C dissolved in water
containing a sorbent, μ∞C,B, and dissolved in water only, μ∞C,A, is related to the mole fraction
sorption coefficient, KxBA. This difference is directly obtained from the thermodynamic
integration of C in an aqueous environment with and without a sorbent in which the sorbent
should have a known molecular weight (with R = 8.31441 J/mol.K and T = 298.15 K):

μ∞C,B – μ∞C,A = [ΔF(NB+1C) – ΔF(NB)] – [ΔF(NA+1C) – ΔF(NA)] =
ΔF(C)B – ΔF(C)A = –RT ln KxBA
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Method

The procedure followed in the calculation of BC sorption coefficients that is described in more
detail below consists of: (1) optimisation in the gas and hydrated phase of molecular structures
for PAHs and/ or BC, (2) scaling of atomic charges to obtain accurate charges in condensed
systems for the calculation of free energies, (3) molecular simulation of hydrated structures with
a gradual change of the structure to its reference state using a coupling parameter, and (4)
calculation of the free energy difference by thermodynamic integration of simulated energies of
transfer.
Optimisation of gas and hydrated phase structures
Molecular models of benzene (Bz), phenanthrene (Phe), fluoranthene (Fla), benzo[a]pyrene
(BaP) and black carbon (BC) were geometrically optimised with a convergence limit (conv.) of
0.0004 kJ/mol in vacuo with the Amber force field from [20] with Hyperchem, version 7.51
[25]. The atomic charges for water, Phe, Fla, BaP and BC were calculated semi-empirically with
PM3 in Hyperchem (conv. 0.0004 kJ/mol) and were subsequently changed with different scaling
factors as described below. Geometrical optimisation (GO; Polak-Ribière optimisation; conv.
0.004 kJ/mol) was performed to obtain the starting structure for further optimisation.
The gas-phase optimised molecular structures were hydrated in periodic boxes of water (x,
y, z = 18.6451 Å). For a system with constant volume, the total amount of water molecules (N =
216 for a periodic box containing only water) was decreased with the amount of water
molecules, ZY and ZX, corresponding to the molar volume of an added sorbate and/ or sorbent (N
– ZY – ZX = N – vsorbate/vwater – vsorbent/vwater; Table 1). The molar volume of water, Bz and sorbates
was calculated via v = MW/d with density data taken from [26-28]. The calculated molar
volumes were corrected to 25°C via v(T,s) = v(25°C,s)×[1+0.00025(T-25)] where 0.00025 is a
thermal expansion coefficient (in degree-1) of the solid compound (s) and T is the measurement
temperature. The molar volume of the liquid compound (l) is subsequently calculated with the
following equation, v(25°C,l) = (0.98093±0.02697)×v(25°C,s) + 13.051±2.654, taken from [29].
The molar volume of BC was calculated from a QSAR equation, vm =
0.3024±0.007148×V(Hyperchem) – 11.95±3.383 (r2 = 0.9819; SER = 4.451; N = 35), where
V(Hyperchem) is calculated with the QSAR option in Hyperchem for 7 alkylated benzenes, 6
PAHs, 4 alkylated phenols, 5 ketones, 4 carboxylic acids, 5 alkylacetates, 2 alkylbenzoates,
hexachloroethane and atrazine ranging in molar volume from v = 74.03 to 189.48 cm3/mol.
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Table 1. Experimental properties of water, benzene (Bz), phenanthrene (Phe), fluoranthene (Fla), benzo[a]pyrene
(BaP) and black carbon (BC).
Property
Water
Bz
Phe
Fla
BaP
BC
Formula
H2 O
C6H6
C14H10
C16H10
C20H12
C54H18
MW (g/mol)
18.02
78.11
178.23
202.26
252.31
666.74
dtemp (g/cm3)
0.996925 (l)
0.872925 (l)
1.17420 (s)
1.2522 (s)
1.35125 (s)
v (cm3/mol)
18.07
89.49
162.16
172.43
196.25
436.21
(N-ZY-ZX)*H2O
216
207
206
205
192
ZY
9
10
11
ZX
24

All molecular mechanics calculations with GO, molecular dynamics (MD) and Monte Carlo
simulations (MC) were performed with outer/ inner switched summation cut-offs of 9/5 Å. A
constant dielectric of D = 1 and scaling of close (1,4) intramolecular van der Waals and
electrostatic non-bonded contributions by 0.5 was applied. The hydrated sorbate and/ or sorbent
was subjected to GO in two steps. First, the water molecules were selected only and GO was
performed (conv. 0.04 kJ/mol). Second, GO was performed for the complete box including
water and sorbate and/ or sorbent (conv. 0.004 kJ/mol) and this structure was used for all
subsequent optimisations.
The hydrated structures were optimised with threefold cyclic annealing (MD: heat/run/cool
= 8/20/8 ps; Δt = 0.0008 ps, ΔT = 30 K and a bath relaxation time, τ = 3.2 ps). A long MD run
(heat/run/cool = 8/600/0 ps; same settings as above) was subsequently performed for the cyclic
annealing run that had the lowest energy after GO. The structure with the lowest GO energy was
selected as the starting structure for the MC simulations. Optimisation of liquid benzene (N =
27; x, y, z = [N.v/0.60221]1/3 = 21.1867 Å; v from Table 1) and water (N = 216) with cyclic
annealing and MD was only performed for the structure at s = 1.0000. The selected structure
was subsequently used at other scaling factors after GO.
Determination of atomic charge scaling factors
The atomic charges of gaseous and liquid benzene (N = 27) or water (N = 216) were scaled to fit
the experimental energy of vaporization, ΔEvap. At four different (squared) scaling factors for
benzene (s2 = 0.3448 – 1.0000) or water (s2 = 3.2860 – 5.4097), MC energies were calculated for
the gas and the liquid phase and the desired scaling factor was calculated. It was assumed that
the energy of vaporization has a linear relationship with s2 as follows:
Egas = B0,gas + B1,gas.s2
Eliq = B0,liq + B1,liq.s2
ΔEvap = Egas – Eliq = ΔB0 + ΔB1.s2
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The PM3 atomic charges of sorbates and sorbent or water were subsequently changed according
to the scaling factor (s = q/qPM3) derived from gas- and liquid phase MC simulations of benzene
or water, respectively.
Monte Carlo simulation
The Monte Carlo method as described elsewhere [30] is used to simulate the canonical
ensemble. In this method, an exactly constant temperature is maintained and the kinetic
(translational) energy will therefore be constant. In the simulations, only the potential energy is
allowed to vary. The potential energy E of a certain configuration [20, 30] includes contributions
of intramolecular stretching of bonds, bending of angles, torsion of (proper or improper)
dihedral angles and intra- and intermolecular non-bonded interactions between atoms of the van
der Waals and electrostatic type. The volume is held constant as the volume of a cubic periodic
box in which the constant number of molecules is placed. Atomic coordinates (and bond lengths,
bond angles, torsion angles and non-bonded distances) are varied randomly. Energies connected
to these configurations are accepted only if they meet certain criteria. After averaging accepted
energies, the macroscopic (mean) potential energy is found.
In the MC simulations, a coupling parameter was varied to decrease the electrostatic and
non-bonded interactions to zero (reference state with λ = 0). The MC simulations were carried
out at λ = 1.0, 0.8, 0.6, 0.4, 0.2 and 0.1 with the same starting structure. For each respective MC
run, the atomic charges for the electrostatic interactions were decreased by multiplying with the
squared root value of λ and the van der Waals minimum energy parameters for the non-bonded
interactions (εvdW in parameter files of the force field) were decreased by multiplying with the
corresponding λ values. After GO of the hydrated structures at each λ value, MC simulations
were performed in 120,000 run steps (with max. delta = 0.05 Å and at T = 298.15 K). During an
MC run, the potential energy for the complete structure (EABC) was collected every two time
steps (total of 60,000 data). Snapshots were taken in intervals of 10 data steps in order to sample
the total energy (EABC) and the individual energies of water molecules A (EABC), sorbent B
(EABC) and sorbate C (EABC) as well as combinations of these molecules (EABC, EABC and EABC)
with a script.
The sampled EABC data of the complete system (including water with sorbate and/or
sorbent) were treated as follows. The EABC values were divided into twelve subgroups (sg) of
5,000 data. The averages of these subgroups were calculated and an exponential equation was
fitted to the data:
EABC = B0 + B1.exp(B2.sg)

(12)

The equilibrium level was calculated as B0 ± SD and equilibrium was also determined visually.
After equilibrium was visually achieved, the averages of two large groups of EABC data were
calculated. The average and standard deviation (SD) were subsequently calculated from the two
averages.
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The average EABC and EABC values determined for the individual MC runs and the GO
energies of the starting system were plotted versus the coupling parameter and fitted using Eq.
(2) with the non-linear regression option in Prism, version 3.02 [31]. With six EABC averages
(from λ = 0.1 to 1.0), a maximum of four parameters were fitted for EABC and three parameters
for EABC. The parameters, B0-B4, were selected depending on the statistical significance of the
individual parameters (SD) and the standard error of regression (SER) of the fit. The inaccuracy
of ΔF was set equal to the SER.
Sorption coefficients
The contributions of all bonds in the system of water with sorbate and sorbent were dissected
into intramolecular energies of the water (EA), sorbent (EB) and sorbate (EC) molecules and the
intermolecular energies between these molecules (EAA, EAB, EAC and EBC), see Appendix 1. The
energies EAXY, EAXC, EABY and EABC are the energies of the systems of bulk liquid water, water
containing sorbate, sorbent, and sorbate in combination with sorbent, respectively. When a
sorbate C is introduced in the canonical ensembles of phases A and B, the number of molecules
N changes with –Z+1, and a correction has to be applied to account for the loss of water
molecules from the system. The following assumptions are made for the calculation of the
sorption coefficient, KBC: (1) The infinitely diluted solution can be approximated by a relatively
small box with a limited number of molecules; (2) Kinetic energy effects can be neglected or
will cancel in the comparison of systems when the systems are at a constant temperature of
298.15 K (constant T); (3) The molar volumes of the solution are assumed to be ideal, showing
no contraction or expansion with respect to the unmixed phases. Therefore, the cavity created
has a molar volume equal to the molar volume of sorbent B and/or sorbate C (vB = ZX.vA; vC =
ZY.vA) (constant V); (4) The potential energy of ZX, ZY or ZX+ZY solvent molecules considered as
molecules in the pure solvent system are added to the potential energies of the systems of
dissolved sorbate and/ or sorbent (constant N); (5) All intramolecular structures and energies
will be similar in each system and (6) The intermolecular interactions between molecules of the
same type are considered to be equal in each system.
Under assumption (4), the energy contributions to the thermodynamic potentials of the
sorbate in pure solvent, eC,A, and in solvent containing a sorbent, eC,B are corrected with
ZY/N.EAXY and (ZX+ZY)/N.EAXY as follows:
eC,A = EAXC + ZY/N.EAXY – EAXY
eC,B = EABC + (ZX+ZY)/N.EAXY – [EABY + ZX/N.EAXY]

(13)
(14)

When assumptions (5) and (6) are taken into account, the thermodynamic potentials of sorbates
in water and in water containing a sorbent are equal at equilibrium leading to the following
expression:
eC,B – eC,A = EABC – EAXC – EBY + EXY
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Eq. (15) contains a contribution of the difference in the interaction between the sorbent with the
ZY water molecules replaced by the sorbate (EBY) and the interaction between ZY water
molecules with the ZX water molecules replaced by the sorbent (EXY). The thermodynamic
integration of these energy terms over the coupling parameter, λ = 0-1, leads to the free energy
difference from which the mole fraction sorption coefficient can be calculated using Eq. (8).
Results and discussion

Scaling of atomic charges
At different scaling factors, charges of benzene and water were changed as described in the
Method section and MC simulations were performed after GO (see Appendix 2). Results for the
difference between gas- and liquid phase energies (in kJ/mol) of Bz are given in Eq. (16) and the
desired scaling factor was calculated from the experimental ΔEvap value. In this way, a scaling
factor of sBz = 0.9502 ± 0.0099 was calculated for benzene from ΔEvap,exp = 31.35 ± 0.07 kJ/mol
(ΔHvap,exp = 33.83 ± 0.07 kJ/mol from Chickos and Acree [32]; ΔEvap,exp = ΔHvap,exp – RT). This
scaling factor was subsequently used to downscale the PM3 atomic charges (by q = sBz.qPM3) of
PAHs and BC for further calculations. A ΔEvap,Bz value of EMC,gas – EMC,liq = 31.14 kJ/mol was
subsequently calculated (row in italics in Appendix 2) corresponding to the experimental value.
ΔEvap,Bz = (19.1698 ± 0.1439) + (13.4967 ± 0.1996).s2

SER = 0.126

(16)

For water, a scaling factor of sH2O = 1.8363 ± 0.019 was calculated with a similar procedure
using Eq. (17) and ΔEvap,exp = 41.51 ± 0.07 kJ/mol (ΔHvap,exp = 43.99 ± 0.07 kJ/mol from Chickos
and Acree [32]). This scaling factor was used to upscale the atomic charges of water (qO = 0.6584 and qH = 0.3292). This results into a ΔEvap,H2O value of 41.22 kJ/mol (row in italics in
Appendix 2) and is only 0.29 kJ/mol lower than the experimental value.
ΔEvap,H2O = (-18.4322 ± 0.4711) + (17.7778 ± 0.1146).s2

SER = 0.188

(17)

The resulting mean atomic charges for the aromatic carbon atoms in Phe (qC = -0.071 e), Fla (qC
= -0.073 e) and BaP (qC = -0.060 e) and the exterior aromatic carbon atoms in BC (qC = -0.076
e) are less negative than the aromatic carbon atoms present in benzene (qC = -qH = -0.097 e).
Free energy contribution
Averages of the MC potential energies for the hydrated structures have been calculated with Eq.
(12) and values at λ = 1.0 are shown in Table 2. The averages of selected PAHs have been
calculated by taking the average of two large groups where equilibrium was visually achieved.
The standard deviations at λ = 1.0 of selected Phe, Fla and BaP are much lower than the energy
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of the complete structure (Table 2 and Appendix 3 for all λ values). The MC potential energies
of selected Phe and Fla as a function of λ are shown in Fig. 1 (BaP is not shown for clarity) and
they show a maximum at low λ values. The calculated free energy for Fla obtained from fitting
Eq. (2) results into high inaccuracies of SER = 16.44 to 29.46 kJ/mol in ΔF for the hydrated
structure (data not shown), whereas ΔF of the selected sorbate has much lower inaccuracies of
SER = 4.35 to 4.39 kJ/mol (Appendix 4).
Table 2. Monte Carlo potential energies of selected molecules (in kJ/mol; energy ± standard deviation).
System
EABC
EABC
EABC
EBa
ECb
Water
-8101.48±12.97
BC
-6723.60±15.52
156.57±8.58
496.06±21.13
Phe
-7774.08±13.76
12.20±2.20
134.59±13.98
BCPhe
-6248.59±8.32
117.16±13.91
-49.40±1.56
497.92±19.95
129.00±22.88
Fla
-7523.00±9.54
86.32±2.72
223.26±21.21
BCFla
-6239.81±9.87
109.70±9.20
25.56±0.46
492.29±12.93
213.09±13.47
BaP
-7645.67±7.45
28.27±11.91
183.54±21.89
BCBaP
-6193.78±12.74
113.24±1.26
-45.50±3.88
509.00±20.63
191.49±20.43
a
EB = EABC – EABC;
b
EC = EABC – EABC.

Figure 1. Equilibrium MC potential energies for phenanthrene and fluoranthene as a function of the coupling
parameter, λ (z EPhe,pot water; S EBCPhe water with BC; { EFla water; U EBCFla water with BC; plotted standard
deviations are smaller than symbols).
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Sorption coefficients
The free energy differences between (selected) PAHs in water containing BC and in water were
calculated by combining Eqs (8) and (15) and are shown in Table 3 and Appendix 4. The
calculated free energy differences (ΔFC = ΔG) were subsequently converted into mole fraction
based sorption coefficients, Kx = exp(-ΔG/ RT). The sorption coefficients (log KBC; expressed in
L/kg C) were calculated from the Kx values via:
⎛ vw
⎞
log K BC = log⎜⎜
K x ⎟⎟
MW
N
C C
⎝
⎠

(18)

where vw is the molar volume of water (Table 1), MWC is the molecular weight of carbon
(12.011 g/mol) and NC is the number of carbon atoms (NC = 54) in BC. The standard error (SE)
in log KBC reported in Table 3 was calculated from the (error propagated) SER of individual free
energy contributions via SE = SER/ ln (10). The resulting log KBC values are a factor of 3 to 39
times lower than literature values for diesel soot reported by Bucheli and Gustafsson [5] for
added Phe determined by equilibration through headspace (cw = 1 μg/L; 134 days) and by Jonker
and Koelmans [17] for native PAHs determined with a polyoxomethylene partitioning method
(cw = 0.03 – 200 ng/L [33]; 28 days). The diesel soot was obtained in these studies as a standard
reference material (SRM-1650) from the National Institute of Standards and Technology (NIST,
Gaithersburg, MD). The calculated log KBC values of Fla and BaP are however in agreement
with values reported by Lohmann et al. [34] for native PAHs in two harbour sediments
determined with a polyethylene partitioning method (cw = 0.01 - 1.10 μg/L; 182 and 14 days). In
addition, Hawthorne et al. [35] reported mean log KBC values of native PAHs by determining
sediment and porewater concentrations (median cw = <0.01 – 0.48 μg/L) of 47 to 103 sediments
impacted by manufactured gas plant activities and aluminium smelters that also correspond
closely to calculated log KBC values of Fla and BaP. The log KBC value calculated for Phe in this
study is within a factor of 3 to 9 of literature values reported for natural sediments. Furthermore,
BC sorption coefficients of PAHs for aquatic sediments gave a linear relationship to the octanol
to water partition coefficient (log Kow) of PAHs: log KBC = 0.6997×log Kow + 2.8219 [7] that
resulted into log KBC values for Fla and BaP similar to values calculated in this study (Table 3).
The log Kow values used in this equation were taken from [36]. Finally, the calculated log KBC
values for Fla and BaP are in close agreement with log KBC values estimated from a linear
relationship to both log Kow and the specific surface area (SSA) of soot derived for PAHs,
chlorobenzenes, non and mono-ortho PCBs, log KBC = 1.14×log Kow + 1.72 – log 998/SSA [37].
The specific surface area used in this equation was taken from [6] and represents a median
literature value (SSA = 63 m2/g; n = 12). This relationship was derived from estimation of
sorption affinities (b) and maximum adsorption capacities (Qmax) in the initial linear part of a
Langmuir isotherm (where KBC = b×Qmax) [37] assuming that monolayer adsorption is
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dominating at low concentrations. It is assumed in this estimation method that interactions
between PAHs and soot are equal to interactions between PAHs in the solid phase [37].
Table 3. Free energy differences of selected molecules (in kJ/mol; ± standard error of regression) and BC sorption
coefficients calculated in this study and from literature (in L/kg C; ± standard error).
Compound
Phe
Fla
BaP
33.92±5.08
117.65±4.35
49.43±3.03
ΔFABC
62.69±1.09
151.96±4.39
88.68±1.60
ΔFAXC
-6.64±0.29
-7.36±0.33
-8.11±0.36
ΔFBY
-16.25±0.27
-18.07±0.29
-19.86±0.33
ΔFXY
log KBC
This study
5.17±0.54
6.33±0.64
7.38±0.36
Diesel soot
5.68 [5], 6.12 [17]
6.93 [17]
8.97 [17]
Sediments
6.1, 5.6 [34], 5.65 [35]
6.4, 6.5 [34], 6.28 [35]
7.1, <7.4 [34], 7.22 [35]
QSAR
6.02 [7], 5.73 [37]
6.48 [7], 6.48 [37]
7.11 [7], 7.51 [37]

Interactions between PAHs and black carbon
The energies of separate molecules (water, sorbate and sorbent) and combinations of these
molecules were selected in Hyperchem (see Appendix 5) and the energy values for EABC, EABC
and EABC are shown in Table 2. The contributions of the intra- and intermolecular energies to the
total energy were subsequently calculated from these selected energies (Appendix 1 and 6). The
intramolecular energy of the sorbate does not change in the aqueous phase with and without BC
(EC in Table 2). The same applies for the sorbent molecule (EB in Table 2). This would imply
that sorption of PAHs to BC only involves intermolecular interactions. In molecular simulations
performed by Kubicki [16], the main mechanism of interaction between PAHs and soot was
attributed to van der Waals forces between the π electrons within the aromatic rings of both
PAHs and soot.
The total potential energies of (selected) Fla and BC were additionally dissected into
contributions of non-bonded and electrostatic energy. The total potential energy decreases from
86.32 ± 2.72 to 25.56 ± 0.46 kJ/mol for Fla and from 156.57 ± 8.58 to 109.70 ± 9.20 kJ/mol for
BC. The energetic gain is due to a decrease in non-bonded van der Waals energy by -69.45 ±
2.26 and -57.61 ± 6.28 kJ/mol for Fla and BC, respectively. The electrostatic energy increases
by 9.62 ± 3.64 and 13.51 ± 10.33 kJ/mol for Fla and BC, respectively, and represents the energy
loss due to fewer interactions between sorbate or sorbent and nearest water molecules. The
remaining energy difference of +0.92 for Fla and -3.35 for BC is due to small changes in
intramolecular stretching of bonds, bending of angles and torsion of dihedral angles.
The distance between PAHs and BC during the MC simulations (calculated at λ = 1.0 with
gOpenMol [38], version 3.00) averaged around 3.85 Å (Phe), 3.66 Å (Fla) and 3.68 Å (BaP) and
is in agreement with previous modelling calculations by Kubicki [15, 16] where a spacing
distance of 3.5 Å between PAHs and soot models was observed. The calculated distances
between PAHs and BC are remarkably similar to the interlayer spacing distance (4.1 Å) between
polyaromatic planes of diesel soot from the NIST determined with high-resolution transmission
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electron microscopy [39]. The larger distance between Phe and BC could explain its lower
sorption coefficient calculated in this study, because the strength of dispersive interactions
between hydrophobic sorbates and BC depends on the separation distance between sorbate and
sorbent [40].
Final remarks

In the natural environment, elevated total organic matter sorption coefficients are observed at
low sorbate concentrations in the ng/L level and they are decreased at higher sorbate
concentrations in the μg/L level due to saturation of BC sorption sites [5, 41]. The
thermodynamic potentials calculated in this study are assumed to be valid at infinite dilution and
the calculated log KBC values therefore should approximate the literature values that are
measured or estimated at low sorbate concentrations in the absence of competition between
sorbates. The literature values from [17] measured at concentrations at and above ng/L levels for
diesel soot are however higher than the log KBC values calculated in this study indicating
underestimation of PAH sorption located both on surfaces and in micropores of diesel soot. This
suggests that the used BC structure only functions as a suitable probe model structure that
mimics the mainly non-bonded nature of surface adsorption of petrogenic PAHs (sorbed after
deposition of BC) to soot. Larger models of soot (e.g. the soot model from Akhter et al. [21])
would be required to obtain mechanistic information on the location of adsorption of pyrogenic
PAHs (coproduced with soot) in micropores.
The proposed free energy procedure applied in this study using Monte Carlo simulations
has the advantage that long equilibration times necessary for measurement of log KBC values in
the laboratory are circumvented. In addition, this method provides structural information on the
interactions involved in the sorption process which is not given by other existing estimation
methods. In case of surface adsorption, the method can be extended to other PAHs for which
experimental values are missing. With an appropriate charge model, the method can further be
applied to compounds with varying polarity and planarity for which experimental log KBC values
are available [42]. Additionally, the method can be tested to simulate interactions of polar or
apolar sorbates with organic macromolecules such as humic or fulvic acids.
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Appendix 1. Contributions of energies in the molecular systems of pure solvent (A) and solutions of sorbate (C)
and/ or sorbent (B) in solvent.
N = number of water molecules
ZX = number of water molecules equal to molar volume of sorbent B
ZY = number of water molecules equal to molar volume of sorbate C
EA, EB and EC = intramolecular energy of A, B and C
Selected molecules are underlined and calculated energies are in bold.

A
A
A
A
A
A

System 0
A A A
Y X X
Y X X
Y X X
A A A
A A A

A
X
X
X
A
A

A
A
A
A
A
A

A
A
A
A
A
A

System 1
A A A
X X
C X X
X X
A A A
A A A

A
X
X
X
A
A

A
A
A
A
A
A

A
A
A
A
A
A

System 2
A A A A A
Y
A
Y
B
A
Y
A
A A A A A
A A A A A

A
A
A
A
A
A

System 3
A A A A A
A
C
B
A
A
A A A A A
A A A A A
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System 0: Pure solvent A at N, V, T;
+ZXEA
EAXY = (N-ZX-ZY).EA +EAA
EAXY = (N-ZX-ZY).EA +EAA
EAXY =
+ZX.EA
EAXY =
EAXY = (N-ZX-ZY).EA +EAA
+ZX.EA
EAXY =
+ZX.EA
EAXY = (N-ZX-ZY).EA +EAA

+ZYEA

+EAX
+EAX
+EXA

+ZY.EA
+ZY.EA
+ZY.EA

+EAX
+EAX
+EAX

+EAY
+EAY
+EYA
+EAY
+EAY
+EAY

+EXX

+EXY

+EXX

+EXY
+EYX
+EXY
+EXY
+EXY

+EXX
+EXX

EAA = ½ Σi=1 - N-Zx-Zy Σi’≠i=1 - N-Zx-Zy AiAi’
EAX = Σi=1 - N-Zx-Zy Σj=1 - Zx AiXj = EXA = Σi=1 - Zx Σj=1 - N-Zx-Zy XiAj
EAY = Σi=1 - N-Zx-Zy Σj=1 - Zy AiYj = EYA = Σi=1 - Zy Σj=1 - N-Zx-Zy YiAj
EXX = ½ Σi=1 - Zx Σi’≠i=1 - Zx XiXi’
EXY = Σi=1 - Zx Σj=1 - Zy XiYj = EYX = Σi=1 - Zy Σj=1 - Zx YiXj
EYY = ½ Σi=1 - Zy Σi’≠i=1 - Zy YiYi’
AA0 = ½ Σi=1 - N Σi’≠i=1 - N AiAi’ = EAA +EAX +EAY +EXX +EXY +EYY
EAXY = (N-ZY)/N.EAXY
EAXY = (N-ZX-ZY)/N.EAXY
AA0 = EAXY – N.EA
EXY = [(ZX.ZY)/(N.N)].AA0
System 1: Solution of C in solvent A at N-ZY+1, V, T;
+ZXEA
+EC
+EAX
EAXC = (N-ZX-ZY).EA +EAA
EAXC = (N-ZX-ZY).EA +EAA
+EAX
EAXC =
+ZX.EA
+EXA
EAXC =
+EC
EAXC = (N-ZX-ZY).EA +EAA
+ZX.EA
+EAX
EAXC =
+ZX.EA
+EC
+EAX
EAXC = (N-ZX-ZY).EA +EAA
+EC
+EAX
EAA = ½ Σi=1 - N-Zx-Zy Σi’≠i=1 - N-Zx-Zy AiAi’
EAX = Σi=1 - N-Zx-Zy Σj=1 - Zx AiXj = EXA = Σi=1 - Zx Σj=1 - N-Zx-Zy XiAj
EAC = Σi=1 - N-Zx-Zy AiC = ECA = Σj=1 - N-Zx-Zy CAj
EXX = ½ Σi=1 - Zx Σi’≠i=1 - Zx XiXi’
EXC = Σi=1 - Zx XiC = ECX = Σj=1 - Zx CXj
EC = EAXC – EAXC
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+EAC
+EAC
+ECA
+EAC
+EAC
+EAC

+EXX

+EXC

+EXX

+EXC
+ECX
+EXC
+EXC
+EXC

+EXX
+EXX

+EYY

+EYY
+EYY
+EYY
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System 2: Solution of B in solvent A at N-ZX+1, V, T;
+EB
+ZYEA
+EAB
EABY = (N-ZX-ZY).EA +EAA
EABY = (N-ZX-ZY).EA +EAA
+EAB
EABY =
+EB
+EAB
EABY =
+ZY.EA
EABY = (N-ZX-ZY).EA +EAA
+EB
+EAB
EABY =
+EB
+ZY.EA
+EAB
EABY = (N-ZX-ZY).EA +EAA
+ZY.EA
+EAB

+EAY
+EAY
+EAY
+EAY
+EAY
+EAY

+EBY
+EBY
+EBY
+EBY
+EBY
+EBY

+EYY

+EYY
+EYY
+EYY

EAA = ½ Σi=1 - N-Zx-Zy Σi’≠i=1 - N-Zx-Zy AiAi’
EAY = Σi=1 - N-Zx-Zy Σj=1 - Zy AiYj = EYA = Σi=1 - Zy Σj=1 - N-Zx-Zy YiAj
EAB = Σi=1 - N-Zx-Zy AiB = EBA = Σj=1 - N-Zx-Zy BAj
EYY = ½ Σi=1 - Zy Σi’≠i=1 - Zy YiYi’
EYB = Σi=1 - Zy YiB = EBY = Σj=1 - Zy BYj
EB = EABY – EABY
EBY = ZY/(N–ZX).(EABY – EABY + EABY)
System 3: Solution of C in solvent A+B at N-ZX-ZY+2, V, T;
+EB
+EC
+EAB
EABC = (N-ZX-ZY).EA +EAA
EABC = (N-ZX-ZY).EA +EAA
+EAB
EABC =
+EB
+EAB
+EC
EABC =
EABC = (N-ZX-ZY).EA +EAA
+EB
+EAB
EABC =
+EB
+EC
+EAB
EABC = (N-ZX-ZY).EA +EAA
+EC
+EAB

+EAC
+EAC
+EAC
+EAC
+EAC
+EAC

+EBC
+EBC
+EBC
+EBC
+EBC
+EBC

EAA = ½ Σi=1 - N-Zx-Zy Σi’≠i=1 - N-Zx-Zy AiAi’
EAB = Σi=1 - N-Zx-Zy AiB = EBA = Σj=1 - N-Zx-Zy BAj
EAC = Σi=1 - N-Zx-Zy AiC = ECA = Σj=1 - N-Zx-Zy CAj
(N-ZX-ZY).EA + EAA = EABC – EABC
EB = EABC – EABC
EC = EABC – EABC
EAB = EABC – EABC – [(N-ZX-ZY).EA + EAA] – EB =
(EABC – EABC) – (EABC – EABC) – (EABC – EABC) = – EABC –EABC+EABC+EABC
EAC = EABC – EABC – [(N-ZX-ZY).EA + EAA] – EC =
(EABC – EABC) – (EABC – EABC) – (EABC – EABC) = – EABC –EABC+EABC+EABC
EBC = EABC – EABC – EB – EC =
(EABC – EABC) – (EABC – EABC) – (EABC – EABC) = – EABC –EABC+EABC+EABC
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Appendix 2. MC potential energies (in kJ/mol) of benzene and water at different values of s2.
qH
EMC,gas
EMC,liq
s2
Benzene
1.0000
0.1021
57.053 ± 0.017
24.292 ± 0.063
0.8955
0.0966
56.384 ± 0.017
25.246 ± 0.008
0.3999
0.0646
53.300 ± 0.008
28.652 ± 0.013
0.3448
0.0600
52.936 ± 0.021
29.167 ± 0.033
s2
qO
EMC,gasa
EMC,liq
Water
5.4097
-0.834
3.7179
-73.981 ± 0.000
3.8766
-0.706
3.7179
-46.852 ± 0.059
3.5374
-0.6744
3.7179
-40.861 ± 0.075
3.3719
-0.6584
3.7179
-37.505 ± 0.059
3.2860
-0.650
3.7179
-36.070 ± 0.042
a
A theoretical value of 3.7179 kJ/mol (3×½.RT) was used for the MC potential energy for gaseous water as six out
of the possible nine degrees of freedom are used for the rotation and translation of the molecule in the gas phase.
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Appendix 3. Equilibrium MC potential energies (in kJ/mol; standard deviation given) of hydrated phenanthrene
(Phe), fluoranthene (Fla) and benzo[a]pyrene (BaP), hydrated black carbon with Phe, Fla and BaP and energetic
contributionsa from hydrated black carbon (EBY) and water (EXY).
H2OBCPhe
H2OBC (Phe)
H2O (BCPhe)
H2OPhe
λ
0.0b
0.1
0.2
0.4
0.6
0.8
1.0

0.0b
0.1
0.2
0.4
0.6
0.8
1.0

0.0b
0.1
0.2
0.4
0.6
0.8
1.0

EAXC

EABC

EBY

EXY

82.26 ± 0.09
96.62 ± 1.16
91.59 ± 0.36
76.71 ± 1.05
57.19 ± 1.01
31.20 ± 0.46
12.20 ± 2.20

82.26 ± 0.09
91.66 ± 0.91
80.47 ± 1.73
55.09 ± 0.61
17.23 ± 1.51
-8.36 ± 3.13
-49.40 ± 1.56

0.47 ± 0.14
-0.95 ± 0.71
-4.37 ± 0.99
-8.11 ± 2.34
-12.55 ± 2.49
-15.91 ± 1.07

-0.24 ± 0.05
-2.83 ± 0.08
-10.00 ± 0.02
-19.19 ± 0.15
-30.07 ± 0.02
-42.01 ± 0.06

H2OFla
EAXC

H2OBCFla
EABC

H2OBC (Fla)
EBY

H2O (BCFla)
EXY

189.49 ± 0.00
198.32 ± 2.09
193.18 ± 0.59
166.65 ± 0.71
137.95 ± 3.26
117.53 ± 0.25
86.32 ± 2.72

189.49 ± 0.00
192.25 ± 2.13
177.90 ± 1.09
139.12 ± 1.46
103.60 ± 1.42
53.72 ± 1.00
25.56 ± 0.46

0.50 ± 0.17
-1.05 ± 0.79
-4.85 ± 1.09
-9.00 ± 2.59
-13.93 ± 2.76
-17.70 ± 1.17

-0.25 ± 0.04
-3.14 ± 0.08
-11.13 ± 0.04
-21.34 ± 0.17
-33.39 ± 0.00
-46.69 ± 0.08

H2OBaP
EAXC

H2OBCBaP
EABC

H2OBC (BaP)
EBY

H2O (BCBaP)
EXY

112.00 ± 0.03
129.73 ± 1.39
123.57 ± 0.17
104.71 ± 1.01
82.21 ± 1.74
51.05 ± 1.92
28.27 ± 11.91

112.00 ± 0.03
120.25 ± 0.43
104.79 ± 0.88
74.22 ± 2.18
35.89 ± 2.36
-10.77 ± 3.34
-45.50 ± 3.88

0.57 ± 0.17
-1.16 ± 0.86
-5.35 ± 1.21
-9.91 ± 2.85
-15.33 ± 3.05
-19.45 ± 1.31

-0.30 ± 0.06
-3.46 ± 0.10
-12.22 ± 0.03
-23.46 ± 0.18
-36.75 ± 0.02
-51.34 ± 0.08

EXY = Σi=1-ZxΣj=1-ZyXi.Yj = (ZX.ZY)/(N.N).AA0.
EBC = EBY = ZY/(N–ZX).(EABY – EABY + EABY).
b
Calculated from the individual MC potential energies of water molecules, sorbate and sorbent at λ = 0. Gas phase
molecules with zero charges were inserted into periodic boxes of water dimensions and MC simulation of
5,000,000 run steps was carried out. The data were collected every 100 time steps (total of 50,000 data) and all
εvdW values were set to 0.00001.
a
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Appendix 4. Parameters of free energy fitting (standard deviations given) of MC results for hydrated
phenanthrene (Phe), fluoranthene (Fla), benzo[a]pyrene (BaP) , black carbon with Phe, Fla and BaP and calculated
free energy contributions (ΔF ± standard error of regression).
H2OBCPhe
H2OBC (Phe)
H2O (BCPhe)
Parameter
H2OPhe
EAXC
EABC
EBY
EXY
97.34 ± 0.78
91.44 ± 3.89
0.52 ± 0.22
2.48 ± 0.34
B0
B1
-23.08 ± 1.53
B2
-131.86 ± 4.64
-274.12 ± 36.83
-36.76 ± 2.12
-21.56 ± 1.37
B3
135.40 ± 36.35
20.36 ± 2.09
B4
46.54 ± 4.57
62.69 ± 1.09
33.92 ± 5.08
-6.64 ± 0.29
-16.25 ± 0.27
ΔF
H2OFla
H2OBCFla
H2OBC (Fla)
H2O (BCFla)
EAXC
EABC
EBY
EXY
199.74 ± 3.39
193.43 ± 3.31
0.59 ± 0.25
2.76 ± 0.38
B0
B1
-25.65 ± 1.72
B2
-238.86 ± 31.97
-405.18 ± 31.46
-40.84 ± 2.34
-23.97 ± 1.51
B3
127.32 ± 31.55
237.15 ± 31.09
22.64 ± 2.34
B4
151.96 ± 4.39
117.65 ± 4.35
-7.36 ± 0.33
-18.07 ± 0.29
ΔF
H2OBaP
H2OBCBaP
H2OBC (BaP)
H2O (BCBaP)
EAXC
EABC
EBY
EXY
130.32 ± 1.15
120.49 ± 2.32
0.64 ± 0.27
3.03 ± 0.41
B0
B1
-28.21 ± 1.86
B2
-159.02 ± 6.82
-354.47 ± 21.96
-44.93 ± 2.59
-26.36 ± 1.68
B3
188.42 ± 21.68
24.88 ± 2.56
B4
56.83 ± 6.72
88.68 ± 1.60
49.43 ± 3.03
-8.11 ± 0.36
-19.86 ± 0.33
ΔF
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Appendix 5. MC potential energies (in kJ/mol) of selected water, solute and/ or sorbent molecules.
H2OPhe
H2OFla
H2OBaP
Selected energies
H2 O
EAXY
EAXC
EAXC
EAXC
-8101.48 ± 12.97
-7774.08 ± 13.76
-7523.00 ± 9.54
-7645.67 ± 7.45
EAXC
EAXC
12.20 ± 2.20
86.32 ± 2.72
28.27 ± 11.91
EAXC
-7908.68 ± 2.44
-7746.26 ± 18.95
-7829.21 ± 20.58
H2OBCPhe
H2OBCFla
H2OBCBaP
H2OBC
EABY
EABC
EABC
EABC
-6723.60 ± 15.52
-6248.59 ± 8.32
-6239.81 ± 9.87
-6193.78 ± 12.74
EABC
EABC
-6816.56 ± 18.41
-6885.32 ± 9.04
-6807.34 ± 15.95
EABC
156.57 ± 8.58
117.16 ± 13.91
109.70 ± 9.20
113.24 ± 1.26
EABC
-49.40 ± 1.56
25.56 ± 0.46
-45.50 ± 3.88
EABC
-6377.60 ± 21.32
-6452.90 ± 9.20
-6385.27 ± 15.97
EABC
127.55 ± 12.42
197.69 ± 9.41
149.82 ± 3.19
EABC
-7219.66 ± 14.35
-6746.52 ± 18.13
-6732.10 ± 8.37
-6702.79 ± 16.22
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Appendix 6. Energy contributions (in kJ/mol) of selected water, solute and/ or sorbent molecules.
H2O
H2OPhe
H2OFla
H2OBaP
Contributionsa
EAXY
EAXC
EAXC
EAXC
134.59 ± 13.98
223.26 ± 21.21
183.54 ± 21.89
EC
Ewater (N=1)
-37.49 ± 0.04
-38.21 ± 0.01
-37.61 ± 0.08
-38.19 ± 0.10
AA0
-9072.50 ± 13.26
H2OBC
H2OBCPhe
H2OBCFla
H2OBCBaP
EABY
EABC
EABC
EABC
-6376.98 ± 60.07
-6440.01 ± 37.32
-6338.75 ± 53.11
(N–ZX–ZY).EA+EAA
EB
496.06 ± 21.13
497.92 ± 19.95
492.29 ± 12.93
509.00 ± 20.63
EC
129.00 ± 22.88
213.09 ± 13.47
191.49 ± 20.43
EAB
-320.97 ± 23.55
-320.16 ± 16.02
-313.68 ± 21.23
EAC
-118.61 ± 29.52
-125.14 ± 18.87
-154.91 ± 20.72
EBC
-58.96 ± 34.51
-59.87 ± 18.28
-86.93 ± 30.58
Ewater (N=1)
-37.61 ± 0.08
-37.25 ± 0.10
-37.82 ± 0.04
-37.61 ± 0.09
a
N, ZX and ZY denote amount of water molecules in the presence of only water (A), sorbent (B) or sorbate (C),
respectively;
AA0 = Etotal – N.EA;
(N–ZX–ZY).EA+EAA = Etotal – EB – EC – EAB – EAC – EBC;
EB = EABY – EABY; EB = EABC – EABC;
EC = EAXC – EAXC; EC = EABC – EABC;
EAB = –EABC – EABC + EABC + EABC;
EAC = –EABC – EABC + EABC + EABC;
EBC = –EABC – EABC + EABC + EABC;
Ewater (N=1) = EAXY/N; EAXC/(N–ZY); EABY/(N–ZX); EABC/(N–ZX–ZY).
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General discussion and conclusions

Aim and research questions

This thesis focuses on the environmental behaviour of polycyclic aromatic hydrocarbons
(PAHs) in natural sediments. The following processes that determine the environmental fate of
PAHs were therefore studied: vaporization, solubility, biodegradation, partitioning to dissolved
organic matter (DOM) and adsorption to black carbon (BC). The chapters presented in this
thesis originated from three main research questions:
1. What is the effect of DOM on the biodegradation of aqueous phase dissolved PAHs by
bacteria? (Chapter 3)
2. Develop a method to measure DOM to water partition coefficients of PAHs in
sedimentary pore water. (Chapters 3 and 4)
3. Develop a force field method to study interactions of PAHs with model structures for
dissolved and particulate organic matter. (Chapters 5 and 6)
The last research question relied on accurate physicochemical data of the PAHs investigated.
Supercooled liquid vapour pressures along with their temperature dependence were therefore
determined in Chapter 2 of this thesis. The results obtained for the separate Chapters presented
in this thesis are discussed below with regards to their environmental relevance. General
conclusions are drawn on the effects of DOM on biodegradation and freely dissolved
concentrations of PAHs and on the thermodynamic properties of PAHs relevant for this thesis.
Finally, the consequences of the findings reported in this thesis for the risk assessment of
contaminated sediments are discussed.
Physicochemical properties

In Chapter 2, the determination of supercooled liquid vapour pressures of a wide range of
compounds (unsubstituted, methylated and sulphur containing PAHs) by gas chromatography
using Kováts retention indices has been described. The temperature dependent vapour pressures
subsequently could be used to derive the enthalpy of vaporization and the heat capacity
difference between the gas and liquid phase for these compounds. Differences in activity
coefficients of test and reference compounds (n-alkanes) in the stationary phase were accounted
for by including a correction factor that was dependent on both temperature and number of
carbon atoms. The liquid vapour pressures of most compounds agreed well with literature values
determined by gas chromatography within -0.15 to +0.15 log units.
The partitioning behaviour of PAHs between air and other compartments is largely
determined by their liquid vapour pressures and several procedures have therefore been
developed to estimate this parameter to predict the environmental distribution of PAHs. For
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example, quantitative structure-property relationships (QSPR) with molecular polarizability as
descriptor have been used by Staikova et al. [1] to predict liquid vapour pressures of unknown
compounds. Furthermore, liquid vapour pressures have been used by Goss and Schwarzenbach
[2] to predict and evaluate the partitioning behaviour of organic compounds between air and
particulate (condensed) phases.
The calculation of liquid vapour pressures with gas chromatographic methods has been
shown to be dependent on the similarity in physicochemical behaviour of test and reference
compounds in the stationary phase. The liquid vapour pressures of unknown compounds
belonging to structurally different organic compound groups can be determined by gas
chromatography if the temperature dependence of the activity coefficients can be calculated
directly from physicochemical or thermodynamic properties. The difference in activity
coefficients can in theory be approximated to the difference in ideal gas solubility that is
dependent on the entropy of vaporization and the boiling point temperature of the compound [3].
The activity coefficients in the stationary phase can in this way be estimated with structural
descriptors such as the entropy of vaporization.
Biodegradation

The effect of DOM on the absorption of PAHs by polydimethylsiloxane (PDMS) fibers and on
the biodegradation of PAHs was studied in Chapter 3 of this thesis. In the presence of DOM,
absorption and desorption rates of PAHs to and from PDMS fibers increased and the equilibrium
between the fiber and the aqueous solution was reached more rapidly. This effect occurs when
diffusion of PAHs through an unstirred boundary layer (UBL) surrounding the PDMS fibers
forms the rate-limiting step in the absorption of PAHs and when desorption of PAHs from DOM
is fast compared to the diffusion process. The presence of DOM also enhanced the
mineralization of aqueous phase dissolved phenanthrene and pyrene by a PAH degrading
bacterium. The presence of DOM induced significant differences in the initial rates of
mineralization compared to the control. The mineralization of PAHs was shown to be
independent of freely dissolved concentrations. Furthermore, residual PAH concentrations after
biodegradation were similar for treatments containing DOM and control samples. This suggests
that the biodegradation process was indiscriminate towards freely dissolved or DOM-bound
PAHs. However, the results from biodegradation experiments cannot be directly compared to
the PDMS fiber absorption experiments, because biodegradation is essentially a non-equilibrium
process. The observed enhancement in PAH mineralization was explained by a combination of
faster uptake kinetics in the UBL surrounding the microbial cells and direct microbial access to
DOM-bound PAHs.
Biodegradation and absorption processes of PAHs rarely occur at equilibrium in the natural
environment. The presence of DOM can therefore play an important role in enhancing
biodegradation and absorption (or desorption) processes under non-equilibrium conditions as
has been shown in Chapter 3 of this thesis. A small number of studies have already addressed
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the phenomenon of DOM facilitated uptake of PAHs over the UBL in passive samplers [4, 5].
Facilitated transport of DOM-associated PAHs occurs when the rate-limiting step is diffusion
through the UBL, when DOM-PAH complexes are labile and when a substantial amount of
PAHs is associated to DOM. The latter process underlines the importance of both DOM
concentration and hydrophobicity of PAHs on the extent of facilitated transport [5]. Apart from
more rapid uptake kinetics in the presence of DOM, enhanced partitioning of PAHs between two
disks of PDMS (excluding the UBL) by direct contact has been studied by Mayer et al. [4]. This
mechanism has been shown to be even more important than facilitated transport of PAHs by
DOM. Furthermore, the presence of humic acids sorbed on clay surfaces has been shown to
stronger enhance biodegradation of phenanthrene than humic acids alone [6] further confirming
the mechanism of direct contact in biodegradation of PAHs.
Although the presence of DOM can enhance transport in the kinetic phase of PAH
absorption in passive samplers, the equilibrium level is not affected. The way in which passive
samplers are exposed under non-equilibrium conditions in the kinetic regime is therefore
important to obtain a realistic assessment of the bioavailability of PAHs considering that the
equilibrium time of passive samplers is much longer (in the order of days to weeks) than
biological processes of uptake and biodegradation. Additionally, enhanced biodegradation by
PAH-degrading bacteria through addition of natural DOM (as opposed to the use of surfactants)
can prove to be useful in the bioremediation of contaminated soils and sediments. The
bioaccessibility (time integrated bioavailability, see Introduction) of PAHs sorbed to
diagenetically matured organic matter and BC in soils and sediments could be affected by DOM
via this pathway. The slow and very slowly desorbing fractions of PAHs sorbed to these
condensed domains in soils and sediments can be mobilised through the addition of DOM which
enhances the desorption kinetics over the UBL surrounding soil and sediment particles.
Partitioning to dissolved organic matter

Chapter 4 describes the measurement of freely dissolved PAH concentrations with PDMS fibers
in the presence of DOM extracted from different sediments. The DOM solutions used in these
experiments were prepared by shaking sediment and water and subsequently centrifuging the
supernatant of the sediment suspension at high speed to obtain a DOM solution devoid of
colloids. The macromolecular structure of sedimentary DOM appears to be less affected by high
speed centrifugation compared to filtration and is therefore considered to give a more
representative and realistic view of pore water. The resulting DOM to water partition
coefficients showed a large variability for the PAHs studied but no explanation could be found
for this variability in terms of DOM properties such as specific ultraviolet absorbance. From the
variation of the partition coefficients with temperature, enthalpies of sorption could be derived
that were nearly equal (but opposite in sign) to the excess enthalpies of dissolution for
supercooled liquid PAHs suggesting that only non-specific interactions are involved in the
partition process.
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Passive samplers can also be applied in field measurements of freely dissolved
concentrations of PAHs and other hydrophobic organic compounds. Recent experiments have
shown that passive samplers composed of polyoxymethylene and PDMS can be deployed
directly in sediments to assess the bioavailability of PAHs, polychlorinated dibenzo-p-dioxins
(PCDD) and polychlorinated dibenzofurans (PCDF) in pore water. The introduction of
sediment-water activity ratios can subsequently be used to derive diffusive fluxes between the
environmental compartments of sediment and water [7, 8]. The concept of chemical activity has
been used in these studies to quantify the potential of PAHs to undergo processes such as
diffusion and partitioning [9]. This concept however still relies on actual freely dissolved
concentrations in both sedimentary pore water and overlying water.
Future studies that elucidate the thermodynamic aspects of the interactions between (a)polar
compounds other than PAHs and DOM with variable composition can further improve the
understanding of bioavailability issues due to different sorption affinities of DOM. Furthermore,
the relationships between freely dissolved concentrations, internal concentrations of organisms
and associated toxicological effects can be studied in more detail with passive samplers to
strengthen the link between bioavailability and species specific effects [10] assuming that uptake
of freely dissolved PAHs only occurs via passive membrane diffusion. Ingestion of soil or
sediment particles by earthworms can however also lead to direct uptake of very hydrophobic
compounds (log Kow > 5) [11].
Simulation of thermodynamic properties of aromatic hydrocarbons

The energies of vaporization, hydration and solution of aromatic hydrocarbons were calculated
in Chapter 5 with a force field method based on molecular mechanics. Atomic charge scaling
factors derived from Monte Carlo simulations of gaseous and liquid phases of benzene and
water resulted into energies of vaporization, hydration and solution for fluoranthene that were
equal to experimental values available from literature. It was concluded that the scaling factors
derived can be applied to simulate gaseous, hydrated and liquid phases of other aromatic
hydrocarbons as well.
The prediction of partitioning properties via the calculation of energies of phase transfer
with force field methods seems applicable to provide input parameters for the prediction of the
environmental fate of newly produced chemicals. The application of computational tools,
however, to calculate physicochemical properties from molecular structure in order to predict
the environmental behaviour of new chemicals should directly follow from chemical intuition of
relevant environmental processes. For example, the calculation of log Kow as a descriptor of
bioaccumulation of perfluorinated surfactants with the model of COSMOtherm [12] is not
considered theoretically correct because of the dual molecular partitioning behaviour of these
surfactants.
Accurate prediction of environmental partitioning properties may require relatively more
computation time compared to the time required to experimentally determine partitioning
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properties assuming the experimental method does not involve long equilibration times in the
laboratory. Although computer speed has increased over the last decade for the simulation of
large molecular systems, computing capacity in simulations is currently still limited by the
amount of evaluated non-bonded interactions that are dependent on the size of the system, i.e.
the type of model structure and number of water molecules included, the cut-off value applied
(to modulate non-bonded interactions to zero) and the length of the simulations.
Simulation of sorption to environmental sorbents

The application of force field methods to molecular systems of PAHs and BC with a free energy
procedure based on Monte Carlo simulated potential energies of transfer described in Chapter 6
resulted in BC sorption coefficients for PAHs that are in agreement with literature values.
Simulated structural and energetic properties of hydrated phases of sorbate and/ or sorbent were
used to calculate these sorption coefficients without requiring experimental values of related
compounds or phases. The calculation of free energy in PAH sorption to BC can be considered
an improvement compared to earlier simulations performed by Kubicki [13] where calculated
energy differences between free and BC-bound PAHs were only approximated to enthalpy
differences.
The presence of BC in the environment plays an important role in the fate of PAHs:
adsorption to BC results into a reduced bioavailability and bioaccessibility of PAHs for benthic
and terrestrial organisms. This environmental role of BC can be employed for the purpose of
PAH immobilisation in contaminated soils or sediments. For instance, the biota to sediment
accumulation factor for a polychaete in a study by Cornelissen et al. [14] was significantly
reduced by amendment of activated carbon to harbour sediments. The in situ amendment of BC
to contaminated soils or sediments thwarts however the possibility to employ bioremediation or
natural attenuation involving PAH degrading microorganisms.
The application of the model presented in Chapter 6 of this thesis to calculate partition
coefficients of PAHs for macromolecular structures such as DOM seems tempting provided that
the polar interactions involved are well simulated. The method presented has been applied by us
before to estimate the partitioning of fluoranthene to a model structure of DOM (Suwannee
fulvic acid) adapted from Shin and Moon [15]. The partition coefficient obtained for
fluoranthene and DOM was much lower than the experimental values from the literature. This
was probably due to an incorrect description of polar interactions of DOM with water molecules
via H-bonding. The differences in composition of fulvic acids and humic acids inherent to nature
and their interactions with (a)polar organic compounds would therefore require further study in
order to better estimate partition coefficients for these types of macromolecular structures.
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Effect of DOM on biodegradation
The effect of DOM on the biodegradation of aqueous phase dissolved PAHs can play an
important role in the bioremediation of contaminated soils and sediments. Potential
bioremediation is dependent on the amount of freely available and accessible PAHs in the
aqueous and solid phase. The assessment of bioavailability and bioaccessibility of PAHs sorbed
to soils and sediments is strongly dependent on the time scale considered. Furthermore, the
environmental risk is determined by the exposure of PAHs to specific terrestrial or benthic
organisms that are most sensitive at the site of interest. Non-linear sorption to carbonaceous
geosorbents such as BC decreases the bioavailability and bioaccessibility of PAHs by (partial)
immobilisation in the solid phase assuming that these sorbents themselves remain stable in the
terrestrial and aquatic environment. In case of bioremediation however, the bioavailability must
be increased to reach the final clean-up goal. The bioremediation potential of contaminated soils
and sediments can be enhanced by addition of synthetic or natural DOM to the soil or sediment,
which will facilitate desorption of PAHs from the solid phase and subsequently enhance the
biodegradation of aqueous phase dissolved PAHs. The results of Chapter 3 of this thesis have
demonstrated that this enhancing effect of DOM on the bioavailability of PAHs to bacteria does
occur in the aqueous phase. The use of passive samplers has provided the possibility to measure
freely dissolved PAH concentrations in the presence of DOM under non-equilibrium conditions.
In conclusion, the effect of DOM on absorption and desorption processes as well as bacterial
uptake over aqueous boundary layers is important in the non-equilibrium exposure of passive
samplers or bacteria to aqueous phase dissolved PAHs.
Effect of DOM on freely dissolved concentrations
Freely dissolved PAH concentrations in pore water are affected by the composition of the solid
and aqueous phases (soil or sediment type, organic matter content and presence of DOM) as
well as by the physical conditions (e.g. temperature, water saturation, etc.) prevailing in the
environment under study. In Chapter 4 of this thesis, passive samplers were applied in aqueous
solutions containing DOM from different origins and the resulting DOM to water partition
coefficients were highly diverging. The observed variability in partitioning of PAHs to DOM is
not affected by normalization to organic carbon. Other factors related to the composition of
DOM are obviously responsible for the variation in partitioning behaviour of PAHs. In order to
standardise experiments that are performed to assess the effect of DOM on the bioavailability of
PAHs, commercial humic acids have already been used to a large extent in environmental
chemistry research. The composition and behaviour of these humic acids is however
fundamentally different (due to weak polarity and high aromaticity) to that of natural DOM. The
variability in composition and behaviour of natural DOM should therefore be explored further to
be able to predict the freely dissolved PAH concentration in pore waters more accurately. The
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freely dissolved concentration is also important in the thermodynamic description of the
environmental fate and behaviour of PAHs, as will be discussed below.
Thermodynamic properties
The research presented in this thesis is mainly focused on the freely dissolved concentration of
PAHs. In Figure 1, a model with the freely dissolved concentration as central viewpoint is
presented that summarizes the environmental processes of PAHs relevant for this thesis. The
equilibrium processes that affect the freely dissolved concentration are hydration, solution,
partitioning and sorption whereas a non-equilibrium process such as biodegradation depletes the
freely dissolved concentration in pore water. Partitioning properties of PAHs such as Henry’s
Law constants, solubilities, DOM partition coefficients and AOC or BC sorption coefficients are
related to the Gibbs free energies of phase transfer that can be dissected into enthalpies and
entropies of phase transfer (ΔG = ΔH – TΔS). The enthalpies of phase transfer directly follow
from the measurement of the temperature dependence of any partitioning property or from the
calculation of the difference in phase interactions in 3D force field models. These enthalpies of
phase transfer have been measured and/ or calculated in this thesis (except for ΔHAOC and ΔHBC).
ΔHvap

Gas

ΔHhyd
DOC

ΔHDOC

ΔHsol

Freely
dissolved

ΔHPDMS

Liquid

ΔHAOC

AOC

ΔHBC

PDMS

BC
degradation
Bacteria

Figure 1. Overview of environmental behaviour of PAHs relevant for this thesis.

The enthalpy of vaporization (ΔHvap) has been determined experimentally from the temperature
dependence of liquid vapour pressures in Chapter 2, and was also calculated from Monte Carlo
simulations in Chapter 5 (ΔHvap = ΔEvap + RT) along with the enthalpies of hydration (ΔHhyd =
ΔEhyd – RT) and solution (ΔHsol = ΔEsol = ΔEvap + ΔEhyd). In Chapter 4, the sorption enthalpies
(ΔHDOC and ΔHPDMS) were determined experimentally from the temperature dependence of the
partitioning behaviour of PAHs towards DOM and PDMS. In Chapter 6, the Helmholtz or Gibbs
free energy of PAH sorption to BC (instead of ΔHBC) was calculated directly from Monte Carlo
simulations. The enthalpy and free energy differences of all processes depicted in Figure 1 and
their associated partitioning properties can in principle be derived just from molecular
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simulation using force field methods. Experimental data of partitioning properties will however
still be required to obtain sensible and realistic results from theory.
Implications for environmental risk assessment

Current risk assessment approaches performed in Europe and The Netherlands for the freshwater
environment are (partly) based on the Water Framework Directive (WFD). The goal of the
implementation of the WFD is to restore affected aquatic ecosystems to good ecological and
chemical status by 2015. The ecological status refers to the quality of the structure and
functioning of aquatic ecosystems. A good chemical status is reached when the water
concentrations of priority substances are below the Environmental Quality Standards (EQS) laid
down in Article 16 of the WFD (2000/60/EC). The EQS for freshwater have been established for
33 priority substances (including PAHs) and are expressed as total concentrations in the whole
water sample to protect aquatic or pelagic organisms [16].
The long-term “annual average” EQS for organic contaminants in freshwater ecosystems
(water and sediment) are preferably derived either from field studies or simulated ecosystems
(mesocosms), or ecotoxicological data such as species sensitivity distributions (SSD) if data are
available from at least eight taxonomic groups. In the SSD approach, hazardous concentrations
at which 5% of the species are potentially affected (HC5), are calculated via statistical
extrapolation and are subsequently converted to an Environmental Risk Limit (ERL) using an
appropriate assessment factor [17]. The HC5 value for single compounds derived from
laboratory experiments is however considered a rather conservative estimate for effects observed
in field studies and mesocosms [18]. A more elaborate approach is the calculation of a
potentially affected fraction of species in an ecosystem due to the presence of a mixture of
compounds. This multisubstance potentially affected fraction (msPAF) expresses the total toxic
pressure exerted by a compound mixture and is calculated by grouping compounds according to
mode of action [19]. A field validation of the msPAF approach showed a correlation between an
increase in toxic pressure and effects occurring on an ecosystem level [20]. In the derivation of
ERLs for freshwater sediments in The Netherlands, a recently developed criterion is that
dredged sediments cannot be disposed on land unless the msPAF for organic compounds is
<20% (affected fraction of organisms) [21].
Apart from using statistical extrapolation, ERLs are also derived from acute and chronic
effect data with assessment factors that are dependent on the type and amount of available
ecotoxicological data. These assessment factors (already proposed by the OECD in 1992 [22])
are used to predict concentrations below which no unacceptable effects will likely occur. For
example, No Observed Effect Concentrations (NOEC) for chronic effects determined for
relevant taxonomic groups in freshwater (Daphnia magna or fish) are converted to a ERL using
an assessment factor of 100. The lowest ERL (also based on ERLs derived from secondary
poisoning of predators, human consumption of fishery products and drinking water abstraction)
is subsequently selected as the EQS that represents an environmental concentration in freshwater
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ecosystems that protects both humans and ecosystems from adverse effects [23].
Ecotoxicological data from acute effects are used to check the long-term EQS or to derive
Maximum Acceptable Concentrations (MAC) to protect against effects from transient exposure
peaks [17]. For sediments, the EQS are derived from ecotoxicological effects determined with
benthic or sediment dwelling organisms. Because ecotoxicological data for benthic organisms
are scarce, sediment EQS are often directly derived from water EQS by the equilibrium
partitioning method [17]. To that end, generic KTOC values are being used and the resulting EQS
are expressed as total sediment concentrations. In these calculations, only absorption of organic
compounds into amorphous organic carbon is taken into account while elevated distribution
coefficients due to strong adsorption of organic compounds to BC have been observed in
sediments [24].
Total PAH concentrations in sediments are generally not considered representative for the
in situ exposure of pelagic and benthic organisms, because only freely dissolved PAH
concentrations are bioavailable in aquatic systems (excluding direct uptake by ingestion of food)
[10, 24]. For the characterization of risks due to PAH-contaminated sediments, total PAH
concentrations cannot be used. Hence, existing EQS for sediments should be reconsidered, and
freely dissolved PAH concentrations should be compared directly to EQS for water [24]. These
freely dissolved concentrations can be easily determined in a site-specific risk assessment by
using solid phase extractions of the aqueous phase with polymer coatings such as
polydimethylsiloxane as demonstrated in Chapters 3 and 4 (see also [7]), polyoxomethylene [7]
or polyethylene [25]. Passive samplers based on PDMS have already been proposed as a
promising method in an international standard (ISO 17402:2008) to predict the bioavailable
fraction of organic contaminants in soils and sediments [26]. On an European level, the use of
passive samplers has been recently proposed in a technical guidance document [27] as a
(possible) complimentary method for the monitoring of surface water to improve the quality of
the risk assessment under the WFD. The application of passive samplers such as SemiPermeable Membrane Devices (SPMD) and Polar Organic Chemical Integrative Samplers
(POCIS) have been mentioned in this report for the measurement of a time integrated exposure
(days to weeks) of (a)polar organic contaminants in the aquatic environment [27]. Finally,
several methods to measure bioavailable or bioaccessible concentrations of organic
contaminants have been suggested in The Netherlands to improve the risk assessment of
contaminated soils and sediments within the Dutch regulatory framework. The methods selected
involve the application of passive samplers (SPME, polyoxomethylene and silicone rubber) to
measure actual or bioavailable concentrations and solid phase extractions (Tenax and
cyclodextrin) to measure potential or bioaccessible concentrations of organic contaminants. No
clear preference was made for any of the methods evaluated, because the most appropriate
method has to be selected on a site-specific basis [28].
Following from the research presented in this thesis, a suggested refinement in the current
risk assessment approach could be to express the water EQS as a freely dissolved concentration,
because this is considered more environmentally relevant in terms of exposure of organic
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contaminants to pelagic and benthic organisms. The water EQS values of the priority substances
anthracene, fluoranthene and benzo[a]pyrene for freshwater [29-31] have all been derived from
NOEC values determined for Daphnia species using an assessment factor of 10. This assessment
factor is applied when ecotoxicological data are available for a base set of three trophic levels
comprised of primary producers (algae), primary consumers (Dapnia species) and secondary
consumers (fish) [32]. The water EQS for anthracene, fluoranthene and benzo[a]pyrene have
been set at 0.11, 0.12, and 0.05 μg/L, respectively [29-31]. The EQS have been recalculated here
in the presence of suspended particulate matter (15 mg/L SPM, fOC = 0.10 [33]) as well as DOM
(5 mg C/L, average value for river and lakes from [34]) with a mass balance approach
(analogous to Eq. 1 in Chapter 4) assuming equilibrium partitioning between SPM, DOM and
water. The log KTOC values for SPM were taken from the Substance Data Sheets [29-31] and the
log KDOC values were taken from Chapter 4 for DOM extracted from Mekrijärvi sediment. The
log KDOC value of benzo[a]pyrene is assumed to be comparable to the log KDOC value determined
for benzo[e]pyrene due to the close similarity in molecular size and physicochemical properties
(see Figure 2 and Table 1 in the Introduction). The freely dissolved concentrations of
anthracene, fluoranthene and benzo[a]pyrene decreased in the presence of only SPM to
concentrations of 0.10, 0.08, and 0.003 μg/L, respectively, and decreased further to 0.05, 0.03,
and 0.001 μg/L, respectively, when both DOM and SPM are taken into account. These
recalculated EQS show a small influence of DOM on the freely dissolved concentration (1.1 to
2.0 times lower) compared to partitioning to SPM due to the presence of a relatively low but
environmentally relevant DOM concentration. An increase in DOM concentration to 50 mg C/L
would have a larger influence of DOM with freely dissolved concentrations decreasing by a
much higher factor (2.1 to 11.0 times lower) compared to the decrease in freely dissolved
concentrations by SPM. In addition, the origin of DOM as well as temperature will further
influence these calculations of freely dissolved PAH concentrations in pore water (as was
demonstrated in Chapter 4).
The comparison of freely dissolved PAH concentrations (measured with passive samplers)
with EQS expressed as bioavailable concentrations occurring in sedimentary pore water would
result into protection levels (protecting 50% or 95% of the species present) that are less
overprotective compared to the currently used sediment EQS based on total concentrations. An
expert group from The Netherlands [28] recommended recently to keep the first tier of risk
assessment essentially unchanged, i.e. by comparing measured total solid phase concentrations
of organic contaminants with sediment EQS based on total concentrations. It was further
proposed to only implement bioavailability measurements in a second tier of risk assessment in
which a combination of methods can be applied to measure actual and potential concentrations
of organic contaminants (e.g. with SPME and Tenax). The bioavailable or bioaccessible
concentrations can subsequently be converted to total solid phase concentrations with the
equilibrium partitioning method. These total concentrations can be compared with sediment
EQS that are derived from water toxicity data obtained with the same approach maintaining the
current protection levels for ecosystems [28]. In this way, the current risk assessment of
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contaminated sediments would be improved by taking both bioavailability and bioaccessibility
into account, although sediment EQS based on bioavailable concentrations should be derived
directly from ecotoxicological data determined with benthic organisms.
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Summary
Environmental contamination with polycyclic aromatic hydrocarbons (PAHs) during most of the
twentieth century has been mainly caused by incomplete combustion of organic matter as well
as by other industrial processes such as coal gasification. Contaminated soils and sediments have
therefore received increasing attention in the past decades for the possibility of site remediation.
The presence of PAHs in soils and sediments can pose a serious environmental risk for
terrestrial and aquatic organisms depending on the bioavailable rather than the total
concentration of PAHs. The bioavailable concentration of PAHs refers here to the freely
dissolved amount that can be taken up by organisms or that can be biodegraded by bacteria. The
bioavailability of PAHs in the aqueous phase is dependent on the amount of PAHs sorbed to
different organic carbon fractions in soils and sediments. Rapid and slow desorption of PAHs
from amorphous organic carbon and black carbon (BC), respectively, results in either
partitioning to dissolved organic matter (DOM), biodegradation by bacteria or uptake by
organisms. The freely dissolved concentration of PAHs in the pore water of soils and sediments
therefore directly determines the risk of contaminated environments. In this thesis, the
environmental behaviour of PAHs in processes such as vaporization, solubility, biodegradation,
partitioning to DOM and adsorption to BC has been studied. The research described in this
thesis is focused on: the effect of DOM on the biodegradation of PAHs in the aqueous phase
(Research question 1), the measurement of freely dissolved PAH concentrations in the presence
of DOM using passive samplers (Research question 2) and the development of a method based
on computer simulations to study interactions of PAHs with model structures of BC (Research
question 3).
The last research question relies on accurate vapour pressure data of the PAHs investigated.
Supercooled liquid vapour pressures along with their temperature dependence are therefore
determined in Chapter 2 of this thesis with a gas chromatographic method. Differences in vapour
pressure (amounting to a factor of 10) have been observed between experimental values and
literature values due to differences in chromatographic behaviour of reference compounds and
PAHs in the stationary phase of the gas chromatograph. A compound and temperature
dependent correction has therefore been applied to the experimental values which results in
vapour pressures that are consistent with literature values determined by gas chromatography
(within -0.15 and +0.15 log units).
The effect of DOM on the biodegradation of PAHs by bacteria has been studied in Chapter
3 where biodegradation kinetics of bacteria are compared to absorption kinetics of
polydimethylsiloxane (PDMS) fibers. In the presence of DOM, the absorption and desorption
rates to and from PDMS fibers are increased and the equilibrium between fiber and water is
more rapidly established. The presence of DOM has also increased the mineralization rates of
PAHs by bacteria. The enhanced effect of DOM on biodegradation of PAHs is proposed to be
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caused by faster uptake kinetics (analogous to the PDMS fiber experiment) combined with the
possibility of direct access of bacteria to DOM-sorbed PAHs.
Partitioning of PAHs to DOM of different origin has been studied in Chapter 4 by using
PDMS fibers. The DOM partition coefficients determined in these experiments show a large
variability depending on the origin of extracted DOM. The effect of temperature on the
partitioning behaviour of PAHs towards DOM or PDMS fibers has also been studied. These
results show a relatively weak influence of temperature on the (non-specific) partitioning
behaviour and interactions between PAHs and PDMS fibers or DOM are similar to interactions
between PAHs in their pure liquid.
Computer simulations have been applied in Chapter 5 to calculate thermodynamic
properties of gaseous, hydrated and liquid phases of aromatic hydrocarbons. The difference in
energy between gaseous and liquid phases of benzene and water results in energies of
vaporization that have been used to fit the electrostatic interactions to literature values. The
energies required to vaporize a gas phase molecule from its pure liquid as well as to dissolve a
gas phase molecule into water are subsequently calculated for fluoranthene. The resulting
energies of vaporization, hydration and solution for fluoranthene are consistent with literature
values.
The simulation method employed in Chapter 5 has been extended in Chapter 6 to simulate
the sorption behaviour of PAHs to BC. The model structure used for BC is a truncated aromatic
sheet of carbon that mimics the structure of BC. The sorption of PAHs to BC mainly involves
van der Waals interactions and the calculated sorption coefficients for phenanthrene,
fluoranthene and benzo[a]pyrene are in close agreement with literature values. In addition,
geometrical distances between PAHs and BC during the simulations agree well with an
experimental value from literature.
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From the main research questions, a number of conclusions can be drawn. Bioremediation of
contaminated soils and sediments can be limited by the amount of freely available PAHs in the
aqueous and solid phase. Non-linear sorption to carbonaceous geosorbents such as BC decreases
the bioavailability of PAHs by (partial) immobilisation in the solid phase. The bioavailability
has to be increased, however, to reach the final clean-up goal in case of bioremediation. The
bioremediation potential of contaminated soils and sediments could be enhanced by addition of
synthetic or natural DOM to facilitate desorption of PAHs from the solid phase and to
subsequently enhance the biodegradation of aqueous phase dissolved PAHs (Research question
1).
Freely dissolved PAH concentrations are more relevant in the risk assessment of
contaminated soils and sediments than total PAH contents. Soil and sediment quality criteria
should therefore be reconsidered in environmental risk assessment by comparing freely
dissolved concentrations directly to aqueous quality criteria, because total concentrations are not
useful to characterize the risk of contaminated sites. Passive samplers form a suitable tool in
environmental risk assessment to accurately analyse freely dissolved concentrations of PAHs.
The application in this thesis of passive samplers to aqueous solutions containing DOM of
different origin has resulted in variable partition coefficients and the bioavailability of PAHs is
therefore strongly dependent on the type and amount of DOM (Research question 2).
The central viewpoint in this thesis is the freely dissolved concentration that determines the
risk and exposure of PAHs to benthic and terrestrial organisms in soils and sediments. The
freely dissolved PAH concentration is affected by environmental processes such as partitioning
to DOM and adsorption to BC that decrease the bioavailability of PAHs. These equilibrium
processes can in principle be calculated from molecular simulation only (Research question 3),
because the thermodynamic quantities (free energies) are directly connected to the partitioning
properties (BC sorption coefficients). Experimental data of partitioning properties will however
still be required to obtain sensible and realistic results from theory.
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Samenvatting
Milieuvervuiling met polycyclische aromatische koolwaterstoffen (PAK’s) gedurende het
grootste deel van de twintigste eeuw is hoofdzakelijk veroorzaakt door onvolledige verbranding
van organisch materiaal en door industriële processen zoals vergassing van kolen. Voor
vervuilde bodems en sedimenten is in de afgelopen decennia daarom steeds meer aandacht
gekomen voor de mogelijkheid van herstel van vervuilde locaties. De aanwezigheid van PAK’s
in bodems en sedimenten kan een ernstig milieurisico vormen voor terrestrische en aquatische
organismen afhankelijk van de biobeschikbare concentratie in tegenstelling tot de totale
concentratie van PAK’s. De biobeschikbare concentratie van PAK’s refereert hier naar de vrij
opgeloste concentratie van PAK’s die kan worden opgenomen door organismen of die kan
worden afgebroken door bacteriën. De biobeschikbaarheid van PAK’s in de waterfase is
afhankelijk van de hoeveelheid PAK’s die aan verschillende fracties van organisch materiaal in
bodems en sedimenten is gesorbeerd. Snelle en langzame desorptie van PAK’s vanaf amorf
organische koolstof en roet leiden tot partitie1 naar opgelost organisch materiaal, biodegradatie
door bacteriën of opname door organismen. De vrij opgeloste concentratie van PAK’s in
poriewater van bodems en sedimenten bepaalt daarom direct het risico van vervuilde milieus. In
dit proefschrift is het milieugedrag van PAK’s bestudeerd in processen zoals verdamping,
oplossing, biodegradatie, partitie naar opgelost organisch materiaal en adsorptie aan roet. Het
onderzoek beschreven in dit proefschrift is gericht op: het effect van opgelost organisch
materiaal op de biodegradatie van PAK’s in de waterfase (Onderzoeksvraag 1), de meting van
vrij opgeloste PAK concentraties in de aanwezigheid van opgelost organisch materiaal met
passieve monstername2 (Onderzoeksvraag 2) en de ontwikkeling van een methode gebaseerd op
computersimulaties om interacties tussen PAK’s en modelstructuren van roet te bestuderen
(Onderzoeksvraag 3).
De laatste onderzoeksvraag is afhankelijk van betrouwbare dampdrukgegevens van de
onderzochte PAK’s. Dampdrukken voor de vloeistoffase van PAK’s en hun
temperatuursafhankelijkheid zijn daarom in Hoofdstuk 2 van dit proefschrift bepaald met een
gas-chromatografische3 methode. Verschillen in dampdruk (tot een factor 10) tussen
experimentele waarden en literatuurwaarden die hierbij zijn waargenomen, worden veroorzaakt
door verschillen in chromatografisch gedrag van referentiestoffen en PAK’s in de stationaire
fase van de gas-chromatograaf. Een stof- en temperatuurafhankelijke correctie is daarom
toegepast op de experimentele waarden, die resulteert in dampdrukken die consistent zijn met

1
Partitie = verdeling van een stof over twee fasen; de partitiecoëfficiënt voor de verdeling van een stof tussen
opgelost organisch materiaal en water wordt bijvoorbeeld uitgedrukt in de ratio tussen concentratie stof in opgelost
organisch materiaal en de concentratie stof in water.
2
Passieve monstername = vrije stroming van stof naar het monstername medium totdat evenwicht in het systeem
is bereikt.
3
Gas-chromatografie = scheidingsmethode die een mengsel van gasvormige stoffen van elkaar scheidt met behulp
van een stationaire fase waarop de stoffen afhankelijk van hun dampdruk en de omgevingstemperatuur retentie
ondervinden.
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literatuurwaarden die eveneens met gas-chromatografie zijn bepaald (binnen -0.15 en +0.15 logeenheden).
Het effect van opgelost organisch materiaal op de biodegradatie van PAK’s door bacteriën
is in Hoofdstuk 3 bestudeerd waarin de kinetiek van biodegradatie door bacteriën wordt
vergeleken met de kinetiek van absorptie door polydimethylsiloxaan4 (PDMS) fibers. In de
aanwezigheid van opgelost organisch materiaal worden de absorptie- en desorptiesnelheden naar
en van PDMS fibers verhoogd met een snellere evenwichtsinstelling tussen fiber en water. De
aanwezigheid van opgelost organisch materiaal zorgt daarnaast voor een toename van de
mineralisatiesnelheid door bacteriën. Het wordt hierbij aangenomen dat het toegenomen effect
van de biodegradatie van PAK’s door de aanwezigheid van opgelost organisch materiaal wordt
veroorzaakt door snellere opnamekinetiek (analoog aan het PDMS fiber experiment),
gecombineerd met de mogelijkheid van directe toegankelijkheid van bacteriën tot PAK’s die aan
opgelost organisch materiaal zijn gesorbeerd.
Partitie van PAK’s naar opgelost organisch materiaal van verschillende herkomst is in
Hoofdstuk 4 met behulp van PDMS fibers bestudeerd. De bepaalde partitiecoëfficiënten voor
opgelost organisch materiaal in deze experimenten laten een hoge variabiliteit zien die afhangt
van de herkomst van geëxtraheerd opgelost organisch materiaal. Het effect van temperatuur op
het partitiegedrag van PAK’s naar PDMS fibers of opgelost organisch materiaal is hierbij ook
bestudeerd. De invloed van temperatuur op het (non-specifieke) partitiegedrag is echter relatief
zwak en de interacties tussen PAK’s en PDMS fibers of opgelost organisch materiaal zijn
vergelijkbaar met PAK’s in hun pure vloeistof.
Computersimulaties zijn in Hoofdstuk 5 toegepast om thermodynamische eigenschappen
van gas, vloeistof en gehydrateerde fasen van aromatische koolwaterstoffen te berekenen. De
elektrostatische interacties zijn aangepast zodat het verschil in energie tussen gas- en
vloeistoffasen van benzeen en water overeenkomt met literatuurwaarden van
verdampingsenergieën. De energieën die nodig zijn voor verdamping van een gasvormig
molecuul uit de pure vloeistof en voor oplossing van een gasvormig molecuul in water zijn
vervolgens berekend voor fluorantheen. De resulterende verdampings-, hydratatie- en
oplossingsenergieën voor fluorantheen zijn consistent met literatuurwaarden.
De simulatiemethode toegepast in Hoofdstuk 5 is in Hoofdstuk 6 uitgebreid om het
sorptiegedrag van PAK’s aan roet te simuleren. De gebruikte modelstructuur voor roet is een
vlakke aromatische structuur van koolstof die de structuur van roet nabootst. Bij de sorptie van
PAK’s aan roet zijn voornamelijk van der Waals interacties5 betrokken en de berekende
sorptiecoëfficiënten voor phenanthreen, fluorantheen en benzo[a]pyreen komen nauw overeen
met literatuurwaarden. Daarnaast komen de geometrische afstanden tussen PAK’s en roet tijdens
de simulaties goed overeen met een experimentele waarde uit de literatuur.

4
Polydimethylsiloxaan = polymeer gebruikt in coating van fibers (in passieve monstername) en als component in
stationaire fasen in gas chromatografie.
5
van der Waals interacties = zwakke tot zeer zwakke interacties tussen atomen of moleculen; deze interacties
omvatten in principe alle krachten die niet het gevolg zijn van covalente bindingen of elektrostatische krachten
tussen ionen.

146

Uit de belangrijkste onderzoeksvragen kunnen een aantal conclusies worden getrokken.
Bioremediatie van vervuilde bodems en sedimenten kan worden belemmerd door de kleine
hoeveelheid van vrij beschikbare PAK’s in de water- en vaste fase. Niet-lineaire sorptie aan
koolstofhoudende geosorbentia zoals roet verlaagt de biobeschikbaarheid van PAK’s door
(gedeeltelijke) immobilisatie in de vaste fase. De biobeschikbaarheid moet echter worden
verhoogd om het uiteindelijke clean-up doel te bereiken in het geval van bioremediatie. Het
bioremediatie-potentieel van vervuilde bodems en sedimenten zou verhoogd kunnen worden
door de toevoeging van synthetisch of natuurlijk opgelost organisch materiaal om desorptie van
PAK’s vanaf de vaste fase mogelijk te maken en om vervolgens de biodegradatie van opgeloste
PAK’s te verhogen (Onderzoeksvraag 1).
In de risicobeoordeling van vervuilde bodems en sedimenten zijn vrij opgeloste PAKconcentraties meer relevant dan totale PAK-concentraties. Kwaliteitscriteria voor bodem en
water zouden daarom moeten worden bijgesteld in milieu-risicobeoordeling door vrije opgeloste
concentraties direct te vergelijken met kwaliteitscriteria voor water, omdat totale concentraties
niet bruikbaar zijn om het risico van vervuilde locaties te karakteriseren. Passieve monstername
vormt hierbij een geschikt middel in milieu-risicobeoordeling om vrij opgeloste concentraties
van PAK’s nauwkeurig te kunnen analyseren. De toepassing in dit proefschrift van passieve
monstername in waterige oplossingen met opgelost organisch materiaal van verschillende
herkomst heeft geresulteerd in variabele partitiecoëfficiënten en de biobeschikbaarheid van
PAK’s is daarom sterk afhankelijk van het type en de hoeveelheid van opgelost organisch
materiaal (Onderzoeksvraag 2).
De grootste nadruk wordt in dit proefschrift gelegd op de vrij opgeloste concentratie die het
risico en de blootstelling van PAK’s bepaalt voor benthische en terrestrische organismen in
bodems en sedimenten. De vrij opgeloste PAK concentratie wordt beïnvloed door
milieuprocessen zoals partitie naar opgelost organisch materiaal en adsorptie aan roet die de
biobeschikbaarheid van PAK’s verlagen. Deze evenwichtsprocessen kunnen door moleculaire
simulatie worden berekend (Onderzoeksvraag 3), omdat de thermodynamische hoeveelheden
(vrije energieën) direct zijn gekoppeld aan de partitie-eigenschappen (roet sorptiecoëfficiënten).
Experimentele gegevens van partitie-eigenschappen zijn echter nog steeds nodig om zinnige en
realistische resultaten uit theorie te krijgen.
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Abbreviations and symbols
Abbreviations

ABACUS
Amber
Ant
AOC
BaA
BaP
BC
BeP
Bz
CAS
DOC
DOM
dw
EQS
ERL
FA
Fla
Flu
GC
GCVAP
GO
H/C
HA
HC5
HOC
HOY
HPLC
IEFPCM
ISO
KET
KON
KUO
MC

evaluation of Availability to BiotA for organic Compounds Ubiquitous in
Soils and sediments
Assisted Model Building and Energy Refinement (force field)
Anthracene
Amorphous Organic Carbon
Benzo[a]anthracene
Benzo[a]pyrene
Black Carbon
Benzo[e]pyrene
Benzene
Chemical Abstract Service
Dissolved Organic Carbon
Dissolved Organic Matter
Dry weight
Environmental Quality Standard
Environmental Risk Limit
Fulvic Acid
Fluoranthene
Fluorene
Gas Chromatography
Gas chromatographic method for determination of vapour pressures
Geometrical Optimization
Hydrogen to Carbon atomic ratio
Humic Acid
Hazardous concentration at which 5% of the species are affected
Hydrophobic Organic Contaminant
Lake Höytiäinen, Finland
High Performance Liquid Chromatography
Integral-Equation-Formalism Polarizable Continuum Model (solvation
model)
International Organisation for Standardisation
Lake Ketelmeer, The Netherlands
Lake Kontiolampi, Finland
Lake Kuorinka, Finland
Monte Carlo
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MD
MEK
MP2/6-31G(d)

msPAF
n.d.
N-PAH
NAPL
NIST
NOEC
O/H
OC
OECD
p,p’-DDT
PAH
PCB
PCDD
PCDF
PDMS
Phe
PM3
Pyr
QM
rpm
(R)ESP
SD
SE
SER
S-PAH
SPM
SPME
SRM-1650
SSA
SSD
SUVA
TIP3P
TOC
UBL
UV
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Molecular Dynamics
Lake Mekrijärvi, Finland
Calculation of electron correlation with second-order Møller-Plesset
perturbation theory and description of electron density with Gaussian
functions (quantum mechanical computational method)
Multisubstance Potentially Affected Fraction
Not determined
Nitrogen containing Polycyclic Aromatic Hydrocarbon
Non-Aqueous Phase Liquid
National Institute of Standards and Technology
No Observed Effect Concentration
Oxygen to Hydrogen atomic ratio
Organic Carbon
Organisation for Economic Cooperation and Development
p,p'-DichloroDiphenylTrichloroethane
Polycyclic Aromatic Hydrocarbon
PolyChlorinated Biphenyl
PolyChlorinated Dibenzo-p-Dioxin
PolyChlorinated DibenzoFuran
PolyDiMethylSiloxane
Phenanthrene
Parameterized Model number 3 (semi-empirical computational method)
Pyrene
Quantum Mechanical calculation
Rounds per minute
(Restrained) Electrostatic Potential Fit
Standard Deviation
Standard Error
Standard Error of Regression
Sulphur containing Polycyclic Aromatic Hydrocarbon
Suspended Particulate Matter
Solid Phase MicroExtraction
Standard Reference Material of diesel soot
Specific Surface Area (m2/g)
Species Sensitivity Distribution
Specific UltraViolet Absorbance (L/g)
Water model with three interaction sites (atoms) used in force fields
Total Organic Carbon (mg C/L)
Unstirred Boundary Layer
UltraViolet radiation

VAR
VM552
WFD

Lake Varparanta, Finland
Strain of polycyclic aromatic hydrocarbon-degrading bacterium
Water Framework Directive

Symbols

a
as, al
A270
A
A
A
bs, bl
b
B
B
B
c
c
cfree
cPDMS
cS
ctotal
cw, cwater
C
C
CP,G
CP,L
CP,S
ΔC
ΔCP,vap
d
D
ε, εvdW
e
E
E, Epot
EABC

Edge of periodic periodic box (Å)
Empirical regression parameters
Absorbance at 270 nm
Aqueous phase
Empirical regression parameter
Van der Waals repulsive parameter (Å12 J/mol)
Empirical regression parameters
Sorption affinity (m3/g)
Empirical regression parameter
Sorbent phase
Van der Waals attractive parameter (Å6 J/mol)
Concentration (µg/L)
Cooling time used in force field method (ps)
Freely dissolved concentration (µg/L)
Concentration in polydimethylsiloxane fiber (mg/L)
Aqueous solubility for solid compounds (mg/L)
Total concentration (µg/L)
Aqueous concentration (µg/L)
Empirical regression parameter
Sorbate phase
Constant pressure heat capacity of gas phase (J/mol.K)
Constant pressure heat capacity of liquid phase (J/mol.K)
Constant pressure heat capacity of solid phase (J/mol.K)
Difference between gas and liquid heat capacities (J/mol.K)
Constant pressure heat capacity difference between gas and liquid phase
(J/K.mol)
Density (g/cm3)
Dielectric constant (C2/J.m)
Van der Waals well depth for two similar atoms (kJ/mol)
Energy contribution to thermodynamic potential
Empirical regression parameter
Potential energy in force field equation (J/mol)
Intra- and intermolecular energy of a molecular system of water molecules
(A), sorbent (B) and solute (C) (kJ/mol)
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Egas
Einter
Eintra
Eliq
Ew
ΔEcav
ΔEhyd
ΔEsol
ΔEvap
F
F
ΔF
γ∞
g
GEw
ΔG
ΔGsorp
h
HEDOM
HEPDMS
HEw
ΔH
ΔH, ΔHvap
ΔHfus
ΔHhyd
ΔHsol
ΔHsorp
ΔHsub
i
I
φ
k1
k2
kb
kθ
kr
KBC, KBC,water
KDOC
KH
KHA,water
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Energy of gas phase (kJ/mol)
Energy of intermolecular interactions (kJ/mol)
Energy of intramolecular interactions (kJ/mol)
Energy of liquid phase (kJ/mol)
Energy of aqueous phase (kJ/mol)
Energy of cavity formation (kJ/mol)
Energy of hydration (kJ/mol)
Energy of solution (kJ/mol)
Energy of vaporization (kJ/mol)
Empirical regression parameter
Helmholtz free energy (kJ/mol)
Free energy difference (kJ/mol)
Activity coefficient at infinite dilution
Gravitational constant (9.80665 m/s2)
Excess Gibbs free energy of dissolution into water (kJ/mol)
Gibbs free energy of phase transfer (kJ/mol)
Gibbs free energy of sorption (kJ/mol)
Heating time used in force field method (ps)
Excess enthalpy of dissolution into dissolved organic matter (kJ/mol)
Excess enthalpy of dissolution into polydimethylsiloxane fiber (kJ/mol)
Excess enthalpy of dissolution into water (kJ/mol)
Enthalpy of phase transfer (kJ/mol)
Enthalpy of vaporization (kJ/mol)
Enthalpy of fusion (kJ/mol)
Enthalpy of hydration (kJ/mol)
Enthalpy of solid phase dissolution (kJ/mol)
Enthalpy of sorption (kJ/mol)
Enthalpy of sublimation (kJ/mol)
Test compound
Kováts retention index
Proper or improper dihedral angle (rad)
Absorption rate coefficient (1/h)
Desorption rate coefficient (1/h)
Boltzmann constant (1.3806504×10-23 J/K)
Angle bending force constant (kJ/mol.rad2)
Bond stretching force constant (kJ/mol.Å)
Black carbon to water sorption coefficient (L/kg)
Dissolved organic carbon to water partition coefficient (L/kg)
Henry’s law constant (Pa.m3/mol)
Humic acid to water partition coefficient (L/kg)

KHA,air
Kow
KPDMS
KTOC
Kx
λ
μ∞
m
MW
n, N
n
n, NC
N
N, Nat
P, PL
PGC
PS
Pt
θ
q
Qmax
r
r
r
r2
R
R
R
R*
s
sg
SEw
ΔS
ΔSfus
ΔSsol
ΔSsorp

τ
t
t'R
T

Humic acid to air partition coefficient (L/kg)
Octanol to water partition coefficient (L/L)
Polydimethylsiloxane to water partition coefficient (L/L)
Total organic carbon to water partition coefficient (L/kg)
Mole fraction based partition coefficient (mol/mol)
Coupling parameter
Thermodynamic potential at infinite dilution (kJ/mol)
Atomic mass (g)
Molecular weight (g/mol)
Number of measurements
Number of moles (mol)
Number of carbon atoms
Cartesian coordinates
Number of atoms
Liquid vapour pressure (Pa)
Vapour pressure determined with gas chromatography (Pa)
Solid vapour pressure (Pa)
Mean carrier gas pressure (Pa)
Bending angle (rad)
Partial atomic charge (e = 1.6021773×10-19 C)
Maximum adsorption capacity (mol/g)
Bond length (Å)
Number of Monte Carlo simulation steps
Run time used in force field method (ps)
Squared correlation coefficient
Correlation coefficient
Ideal gas constant (8.31441 J/K.mol)
Non-bonded atomic distance (Å)
Minimum energy separation between two similar atoms (Å)
Electrostatic scaling factor
Subgroup
Excess entropy of dissolution into water (J/mol.K)
Entropy of phase transfer (J/mol.K)
Entropy of fusion (J/mol.K)
Entropy of solid phase dissolution (kJ/mol)
Entropy of sorption (J/mol.K)
Coupling constant to a simulated heat bath (ps)
Time (h)
Retention time adjusted with hold-up time of unretarded component (min.)
Absolute temperature (K)
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Tmp
Tm
v
v
v/v
V
Vn
VPDMS
Vwater
w/v
x
xeq
y
z
Z

Melting point temperature (K)
Mean temperature of measurement (K)
Atomic velocity (Å/ps)
Molar volume (cm3/mol)
Volume to volume ratio (L/L)
Volume (Å3)
n-Fold torsional potential barriers (J)
Volume of polydimethylsiloxane fiber (µl)
Volume of water (L)
Weight to volume ratio (kg/L)
Mole fraction in stationary phase
Equilibrium mole fraction (mol/mol)
Mole fraction in carrier gas
Number of carbon atoms in n-alkanes
Number of water molecules

Note: The superscript ‘0’ in free energy (G), enthalpy (H) and entropy (S) denotes standard
temperature (T = 298.15 K) and pressure (P = 1 bar) conditions.

“I have a very, very strange feeling (in the stomach and elsewhere...)
when reading line 304.”
Anonymous reviewer
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